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Abstract 

Small-scale farmlands are dynamic systems crucial to the food-security and livelihoods of more 

than two billion people and there is political pressure in many developing nations to 

consolidate and expand small farms into larger units of management. This could have 

consequences for agro-ecosystem processes and the ecosystem services and disservices that 

regulate crop production. This thesis aims to highlight and address these issues in smallholder 

farming landscapes, which are poorly studied and represent significant knowledge gaps. 

Research on pollination and biological control is biased towards large-scale systems, 

and biological control research shows a strong geographic bias to temperate developed 

nations, whilst pollination research is geographically more balanced. To have more impact on 

global issues of poverty and food-security, agricultural ecosystem service research needs to 

have a greater focus on small-scale farmed landscapes. 

In a low-input, small-scale farmed area of Kenya, the response to land-use 

intensification of insect groups important to ecosystem services and disservices for crop 

production was examined. Small ecotone pollinators responded negatively to intensification, 

but larger bees did not. Natural enemies did not show a strong negative response to land-use 

intensification, which suggested that low pesticide application rates allowed cultural species to 

persist in croplands. The functional richness of Hymenoptera and Coleoptera was highest in 

the most intensified land-use context, which provides support for the intermediate landscape 

complexity hypothesis. Functional evenness and trait-environment associations showed that 

phytophagous traits increased with land-use intensification and could be linked to increased 

ecosystem disservice if crops are consumed. 

Smallholder interviews showed that ecosystem disservices due to crop-raiding animals 

were a major problem and that attitudes to wildlife, elephants and protected areas became 

more negative with increasing proximity to large areas of wilderness. However, increasing the 

proportion of natural habitat in the vicinity of smallholdings moderated the negative effect of 

proximity to wilderness on attitudes towards protected areas. Thus, perceived ecosystem 

disservices may vary with land-sparing at different spatial scales (i.e., conserved habitat). 

Whilst this thesis demonstrates that land-use intensification of early stage small-scale 

farming landscapes affects human perceptions and attitudes towards nature and the 

taxonomic and functional composition of cropland insect communities, direct quantification of 

the crop yield and economic consequences of this is sorely needed. Assessment of actual vs. 

perceived ecosystem disservices would also aid the conservation measures needed to make 

land-sparing work.  
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Chapter 1. General introduction 

1.1. Setting the scene: Consequences of increasing global land demand 

Increases in global human population and per capita commodity consumption (Tilman et al. 

2011; Alexandratos and Bruinsma 2012) are leading to increased demand for land (Lambin and 

Meyfroidt 2011; Fischer et al. 2014). In conjunction with global climate change (Schmidhuber 

and Tubiello 2007; .ŀƧȌŜƭƧ Ŝǘ ŀƭΦ н014) this poses a serious threat to what remains of global 

biodiversity (Pereira et al. 2010; Newbold et al. 2014) and to the stability of future commodity 

production and food-security (Godfray et al. 2010; Foresight 2011)Φ {ƛǊ WƻƘƴ .ŜŘŘƛƴƎǘƻƴΩǎ 

ΨǇŜǊŦŜŎǘ ǎǘƻǊƳΩ ŘŜǎŎǊƛōŜǎ ŀ ŦǳǘǳǊŜ ǎŎŜƴŀǊƛƻ ƛƴ нлол ǘƘŀǘ ǊŜǎults in simultaneous global 

shortages of food, water and energy unless their availability can be substantially increased (30-

50%) (Beddington 2009). Global agricultural productivity is also heavily reliant on phosphorous 

and as this is also predicted to reach peak production in 2030, new approaches of conserving 

or provisioning phosphorous in farmlands will be required (Cordell et al. 2009). In the last 

century global biodiversity has drastically diminished and continuing habitat loss and 

degradation, over-exploitation, disease, pollution, climate change, ocean acidification and 

spread of invasive species suggest the situation will only become worse (Butchart et al. 2010). 

Projections consistently indicate that biodiversity declines will continue throughout the 21st 

century (Pereira et al. 2010) and some studies postulate we are already in the midst of the 

9ŀǊǘƘΩǎ ǎƛȄǘƘ Ƴŀǎǎ ŜȄǘƛƴŎǘƛƻƴ ŜǾŜƴǘ (Barnosky et al. 2011). In response contemporary science 

has provided many ideas and tools for mitigating increasing demands on global land resources 

and future scenarios of food insecurity that minimise biodiversity losses and/or erosion of 

agro-ecosystem functioning. These include the sustainable intensification of agriculture (Pretty 

2008; Davies et al. 2009; Bommarco et al. 2013), trade-off analysis for the optimal spatial 

design of landscapes for biodiversity and commodity production (e.g., Licker et al. 2010; 

Fischer et al. 2014; Phalan et al. 2014), changing demand and diets (.ŀƧȌŜƭƧ Ŝǘ ŀƭΦ нлмп), 

increasing commodity utilisation efficiency (Gustavsson et al. 2011; .ŀƧȌŜƭƧ Ŝǘ ŀƭΦ нлмп), climate 

smart agriculture (Scherr et al. 2012; Campbell et al. 2014) and improving access to 

commodities (Brinkman et al. 2010; Foresight 2011). Using all these tools and theories, the 

mitigation of global land, food and biodiversity issues requires ambitious inter-disciplinary 

approaches at multiple socio-political, spatial and temporal levels. Ecology has a particularly 

strong role to play in the sustainable intensification of farmland via the ecosystem services 

framework (Daily 1997; Carpenter et al. 2009; Poppy et al. 2014) and spatial optimisation of 

the farmland landscape for commodity production, livelihoods, biodiversity and sustainability 

at multiple scales (Green et al. 2005).  
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1.2. Sustainable intensification and ecosystem services to increase commodity 

production with reduced environmental costs 

Ecosystem services are benefits that humans derive from ecosystems or processes (Costanza 

et al. 1997) or conditions that lead to benefits for humans (Daily 1997) and, as such, the 

concept links ecology and society. Ecosystem services are broadly divided into four categories 

in the Millennium Ecosystem Assessment: 1) supporting services, such as nutrient cycling and 

soil formation; 2) provisioning services, such as food, fibre, fuel and water; 3) regulating 

services, such as crop pollination, pest control and water purification; and 4) cultural services, 

such as education, recreation and aesthetic value (MEA 2005; Bommarco et al. 2013). 

Biodiversity is crucial for many of the supporting and regulating ecosystem services from which 

provisioning ecosystem services are derived and therefore loss of biodiversity is a threat to the 

global production of commodities (Rands et al. 2010; Thompson et al. 2011; Macfadyen et al. 

2012). In modern agro-ecosystems reductions in biodiversity and associated ecosystem 

services are compensated for through the use of external inputs of energy and agrochemicals. 

For example, inorganic fertilisers replace nutrient cycling and pesticides and herbicides are 

used to manage pests and weeds. However, concerns regarding the long-term sustainability of 

modern farming practises in terms of environmental degradation (e.g., soil exhaustion and 

eutrophication), the rising costs of inputs derived from finite resources (fossil fuels and 

phosphorous) and agro-biodiversity loss have led to the development of the sustainable 

intensification paradigm (Pretty 2008) which has received much publicity (Royal Society 2009; 

Foresight 2011; The Montpellier Panel 2013).  

The key principals of sustainability, as presented in Pretty (2008), are to: 

1) άƛƴǘŜƎǊŀǘŜ ōƛƻƭƻƎƛŎŀƭ ŀƴŘ ŜŎƻƭƻƎƛŎŀƭ ǇǊƻŎŜǎǎŜǎ ǎǳŎƘ ŀǎ ƴǳǘǊƛŜƴǘ ŎȅŎƭƛƴƎΣ ƴƛǘǊƻƎŜƴ 

fixation, soil regeneration, allelopathy, competition, predation and parasitism into 

commodity production processes; 

2) minimize the use of those non-renewable inputs that cause harm to the environment 

or to the health of farmers and consumers; 

3) make productive use of the knowledge and skills of farmers, thus improving their self-

reliance and substituting human capital for costly external inputs; and 

4) ƳŀƪŜ ǇǊƻŘǳŎǘƛǾŜ ǳǎŜ ƻŦ ǇŜƻǇƭŜΩǎ ŎƻƭƭŜŎǘƛǾŜ ŎŀǇŀŎƛǘƛŜǎ ǘƻ ǿƻǊƪ ǘƻƎŜǘƘŜǊ ǘƻ ǎƻƭǾŜ 

common agricultural and natural resource problems, such as for pest, watershed, 

ƛǊǊƛƎŀǘƛƻƴΣ ŦƻǊŜǎǘ ŀƴŘ ŎǊŜŘƛǘ ƳŀƴŀƎŜƳŜƴǘΦέ 

Of these principals 1) and 2) draw heavily on the discipline of ecology and are the basis of 

ecological intensification (Bommarco et al. 2013)Φ .ȅ ŘŜŦƛƴƛǘƛƻƴΣ άŜŎƻƭƻƎƛŎŀƭ ƛƴǘŜƴǎƛŦƛŎŀǘƛƻƴ 
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entails the environmentally friendly replacement of anthropogenic inputs and/or 

enhancement of crop productivity, by including regulating and supporting ecosystem services 

ƳŀƴŀƎŜƳŜƴǘ ƛƴ ŀƎǊƛŎǳƭǘǳǊŀƭ ǇǊŀŎǘƛŎŜǎέ (Bommarco et al. 2013). For ecological intensification to 

be effective the linkages between land-use at multiple spatial-scales and communities of 

ecosystem service-providing organisms needs to be understood, as does the flow, stability, 

yield contributions and management costs of the various services provided by these 

communities (Bommarco et al. 2013). Spatial scale is important as different components of 

biodiversity and the ecosystem processes they are linked to will respond to land-use or 

management change at different spatial scales, for example crop pollination may be managed 

by farmers at the scale of fields using floral manipulations or maintaining areas of natural 

habitat (Dicks et al. 2010), but the effectiveness of field-scale actions will depend on the wider 

landscape context (the landscape-moderated biodiversity versus ecosystem service 

management hypothesis, Tscharntke et al. 2012b). Further, some ecosystem services such as 

interception of rainfall by cloud forests will have a potential benefit to all people living along 

the watercourses that are fed by such forests, scaling up the size and number of forests 

feeding a catchment will increase the reliability of water supply (Postel and Thompson 2005) 

and water quality (Martínez et al. 2009) and therefore the spatial extent of downstream 

benefits (drinking water and water for irrigation). Scaling-up forest area will, in turn, benefit 

biodiveristy for species that are forest specialists with large minimum territory sizes or that are 

intolerant of edge effects and disturbance (Gibson et al. 2013; Rueda et al. 2013; Rybicki and 

Hanski 2013).  

The concept of ecological intensification is somewhat focussed on modern 

conventional farmlands where there are already substantial anthropogenic inputs that can be 

substituted with ecosystem services (ecological replacement) or sub-optimal ecosystem 

services that can improved (ecological enhancement). In small-scale farming landscapes inputs 

and land-use intensity can be low (Steward et al. 2014) meaning that many ecosystem services 

may already be adequate (e.g., Kasina 2007; Hagen and Kraemer 2010) with little need for 

ecological replacement or enhancement. However, crop yield-gaps may still be high in such 

farming systems and there can be political drivers to not only increase yields per unit area of 

farmland using anthropogenic inputs (Tittonell et al. 2008; Dorward and Chirwa 2011), but to 

expand farmland area and consolidate management into larger units (Xinshe 2002; Min 2006; 

Huang et al. 2011). The conservation of existing ecosystem services as small-scale farming 

landǎŎŀǇŜǎ ŎƘŀƴƎŜ όάŜŎƻƭƻƎƛŎŀƭ ŎƻƴǎŜǊǾŀǘƛƻƴέύ ǿƛƭƭ ōŜ ƛƳǇƻǊǘŀƴǘ ƛŦ ǎǳǎǘŀƛƴŀōƭŜ ƛƴǘŜƴǎƛŦƛŎŀǘƛƻƴ 
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objectives are to be realised, and should be considered along with ecological replacement or 

enhancement.  

1.3. Small-scale farming 

Small-scale farming (also referred to as smallholder farming in this document) is the backbone 

of global food security (Chappell and LaValle 2011; Horlings and Marsden 2011; Tscharntke et 

al. 2012a) and accounts for a substantial proportion of food production and GDP in many 

countries (Singh et al. 2002; Thapa 2009; Salami et al. 2010a; IFAD & UNEP 2013). Worldwide 

huge numbers of people are smallholders; estimates suggest there are 2.1-2.5 billion 

smallholders on 500 million farms and that these are mostly in developing nations (FAO 2010; 

IFAD & UNEP 2013) (Appendix B, Table B.2). Whereas small-scale farming is important in low 

or middle income nations where 37.7% of employed people work in agriculture, agricultural 

and small-scale farming is less prominent in high income nations where only 3.5% of 

employment is contributed by agriculture (World Bank 2014). Small-scale farming is also 

important in areas where the majority of projected human population growth by 2050 will 

occur and where food insecurity is currently rife (FAO 2013a; World Bank 2013, Appendix A 

Figure A.1, Appendix B Table B.2). Undernourishment is linked to poverty rather than global 

food production (Adams et al. 2004; Sachs et al. 2009) and as many poor live in rural areas, 

often with little access to productive farmlands, undernourishment and small farm sizes are 

associated (Tscharntke et al. 2012a). Not only are smallholders in lower income nations (as per 

World Bank categorisation) critical to addressing issues of global poverty and food security, 

they are also linked with biodiversity conservation. High rural population growth rates and 

marginalisation to low productivity lands means that smallholders are often at the frontline of 

human-wildlife conflict e.g., (Distefano 2005; Webber 2006; Linkie et al. 2007) and agricultural 

expansion into biodiversity rich natural habitats e.g., (Aldrich et al. 2006; Maeda et al. 2010b). 

To make matters worse, human population growth rates in the vicinity of protected areas can 

be double the rural average (probably due to international and national investment in 

protected areas) (Wittemyer et al. 2008) and this is associated with higher wildlife extinction 

rates within protected areas (Brashares et al. 2001). However, engaging communities to create 

effective local management of natural resources can, for example, reduce habitat loss in 

community forests compared to protected forests (Porter-Bolland et al. 2012). 

Increasing commodity production in large-scale high-input agriculture typically relies 

on conventional methods. However such approaches are less relevant to lower-input small-

scale farms of the poor where biodiversity and related ecological processes are more relied 

upon (Tscharntke et al. 2012a). Small farms are not necessarily less productive than large-scale 
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farms growing monocultures and can be more productive in total output per area than larger 

farms, although with a much higher labour intensity (Cornia 1985; Rosset 2000; Singh et al. 

2002; De Schutter 2008; Barrett et al. 2010; Horlings and Marsden 2011). When small farms 

are more productive than large farms the phenomenon ƛǎ ŎŀƭƭŜŘ ǘƘŜ ΨǇŀǊŀŘƻȄ ƻŦ ǘƘŜ ǎŎŀƭŜΩ ƻǊ 

ǘƘŜ ΨƛƴǾŜǊǎŜ ŦŀǊƳ ǎƛȊŜ-ǇǊƻŘǳŎǘƛǾƛǘȅ ǊŜƭŀǘƛƻƴǎƘƛǇΩ ŀƴŘ ƛǘ ƛǎ ŀǘǘǊƛōǳǘŜŘ, in part, to the complexity 

of smaller farms and their resource intensive use of land (Kremen and Miles 2012). Complexity 

in farming systems has also been demonstrated to enhance resilience to environmental 

disturbance across multiple ecosystem services, an especially valuable trait in the face of 

global climate change (Lin 2011; Kremen and Miles 2012) 

Promoting and developing sustainable intensification for ǘƘŜ ǿƻǊƭŘΩǎ ǳƴŘŜǊƴƻǳǊƛǎƘŜŘ 

that live in developing countries, and in particular for those who live in smallholder households 

in the vicinity of natural habitats, will contribute to global food security, poverty reduction and 

biodiversity conservation (The Montpellier Panel 2013). Integrated policies are needed to 

enhance productivity and resilience in small-scale farmed landscapes via sustainable 

intensification and should include ecological intensification principals (Bommarco et al. 2013) 

or as Tscharntke et al. (2012ύ Ǉǳǘ ƛǘΣ άŜŎƻ-efficient, environmentally friendly and sustainable 

techniques to typically manage highly diversified cropland, avoiding pesticide use as much as 

possible, integrating soil fertility strategies (combining organic and inorganic fertilisers) and 

ƛƴǘŜƴǎƛŦȅƛƴƎ ǇǊƻŘǳŎǘƛƻƴ ƛƴ ŎƻƳōƛƴŀǘƛƻƴ ǿƛǘƘ ǇǊŜǎŜǊǾŀǘƛƻƴ ƻŦ ŦǳƴŎǘƛƻƴŀƭ ōƛƻŘƛǾŜǊǎƛǘȅέΦ ¢ƻ ōŜ 

optimal sustainable intensification must consider trade-offs between biodiversity and 

production at multiple spatial scales, the complex linkages between production and demand 

and how to mitigate human-wildlife conflicts (linking mechanisms) (Fischer et al. 2014). 

1.4. Land-sparing and the buffer zones of large natural habitats 

Assuming increasing commodity production is part of a holistic strategy to address land-

scarcity, food-insecurity and poverty for small-scale farmers, current agriculture could produce 

more food by increasing yields on existing farmland (intensification) and by expanding the area 

of land (extensification) under agricultural use (Tachibana et al. 2001; Green et al. 2005). 

Extensification will typically result in the conversion of natural habitats into farmlands with 

clear negative consequences for biodiversity (Green et al. 2005; Barnosky et al. 2011; Gibson 

et al. 2013; Newbold et al. 2014), unless abandoned and/or degraded agricultural areas can be 

rehabilitated (Pretty et al. 2011; Sawadogo 2011). As such, trade-off analyses for increased 

commodity production vs. biodiversity conservation consistently favour the intensification of 

current farmlands (usually with a penalty to the biodiversity found there) in the hope that this 

will reduce the pressure to convert natural areas elsewhere to agriculture (land-sparing) (land-
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sparing, e.g., Davey et al. 2010; Edwards et al. 2010; Waltert et al. 2011; Hulme et al. 2013). 

However, the reality of the situation is more complex due to social, political and economic 

factors, and trade-off frameworks such as land-sparing vs. lands-sharing have been considered 

to be largely intellectual because there are few reliable mechanisms that can guarantee 

producing food intensively in one-place can actually spare land elsewhere (DeFries and 

Rosenzweig 2010; but see Chandler et al. 2013; Phalan et al. 2014), demand is elastic, and 

landscapes are multifunctional producing more goods and services than just food (Fischer et al. 

2014). For land-sparing to be effective stronger mechanisms linking increased commodity 

production in one area to biodiversity conservation in another are required. A recent trade-off 

analysis by Phalan et al. (2014) sought to identify global areas where closing crop yield-gaps as 

part of land-sparing strategies would have the highest and lowest impacts on biodiversity, but 

they strongly emphasise the need for robust mechanisms linking improvements in agricultural 

productivity to biodiversity conservation. Further practical and pragmatic improvements to the 

land-sparing trade-off framework are provided by Fischer et al. (2014). 

Agricultural landscapes neighbouring natural habitats of conservation interest are 

obvious places where mechanisms linking land-sparing to biodiversity conservation are 

required. Such locations, called άbuffer zonesέ from henceforth, can be hotspots of habitat loss 

and human wildlife conflict. Even if a natural habitat is protected by law, it is still affected by 

ƛǘǎΩ ǎǳǊǊƻǳƴŘƛƴƎǎ, for example, the condition of protected areas correlates with environmental 

degredation and land-use trends in ƛǘǎΩ buffer zone(Laurance et al. 2012). Large tracts of 

natural habitat are becoming threatened due to habitat conversion (Finlayson et al. 1999; 

Hoekstra et al. 2005; FAO 2011; Miettinen et al. 2011; Potapov et al. 2012; Coca-Castro et al. 

2013) and they are the refuge for a large proportion of global biodiversity that cannot persist 

in agro-ecosystems, for example, natural habitat in biodiversity hotspots contains more than 

half of threatened terrestrial plants and mammals (Brooks et al. 2002), especially large 

charismatic animal species of high conservation and cultural values (Gaston and Blackburn 

1995; Cardillo et al. 2005; Sergio et al. 2006; Thornton et al. 2012). Conversely, from a global 

perspective, species able to exist in human-modified landscapes because they can tolerate or 

adapt to a degree of disturbance are likely to be of lower conservation concern than those that 

cannot. 

Discussion of conservation in large areas of natural habitat is often framed in the 

context of protected areas and the importance of non-protected natural habitats and human 

activities within their buffer zones (e.g., Naughton-Treves et al. 2005; Laurance et al. 2012). 

Negative environmental changes observed in protected areas mirror those observed in their 
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buffer zones (Laurance et al. 2012) and the unplanned loss and fragmentation of natural 

habitat in buffer areas will reduce connectivity between protected areas (Sánchez-Azofeifa et 

al. 2003; Curran et al. 2004; DeFries et al. 2005; Naughton-Treves et al. 2005). To realise the 

full potential of the global protected area network, conservation and restoration of natural 

habitats in their buffer zones will be crucial and as such they are an ideal focus for mechanisms 

linking land-sparing to biodiversity conservation. A land-sparing strategy does not necessarily 

have to take place entirely within a buffer-zone and recently there has been considerable 

ƛƴǘŜǊŜǎǘ ƛƴ ǘƘŜ ƛƴŎƭǳǎƛƻƴ ƻŦ άland-use ǘŜƭŜŎƻƴƴŜŎǘƛƻƴǎέ ƛƴǘƻ ǘƘŜ ƭŀƴŘ-sparing vs. land-sharing 

framework (Polasky et al. 2004; Fischer et al. 2014). This integrates trade and displacement 

dynamics (where trade and teleconnections allow for land-use in one area to affect and be 

affected by land-uses in other areas), making the framework more applicable to a connected 

world (Grau et al. 2013; Fischer et al. 2014). However, the agriculture-dependent livelihoods of 

those in the vicinity of protected areas should not be marginalised in favour of those where 

there is less biodiversity as this could be ultimately counter-productive for conservation in 

buffer-zones and land-sparing in general. 

In brief summary of sections 1.1-1.3, the application of sustainable intensification and 

trade-off analyses to small-scale farming landscapes in the buffer zones of large natural areas 

could provide opportunities for enhanced biodiversity conservation, food security and 

livelihoods. However, as will be discussed in Section 1.6 there are land-use conflicts between 

wildlife and humans that may not easily or predictably be resolved. 

1.5. Ecosystem services and spillover 

As well being relevant to biodiversity conservation, the composition of land-uses within a 

landscape will, in part, determine the total landscape abundance of a species that are 

beneficial or detrimental to agricultural productivity (Gardiner et al. 2009b; Gardiner et al. 

2010). How the configuration of landscape then moderates the spillover of these species 

between land-uses and the ecological processes they provide is a major research theme in 

ecosystem service science and landscape ecology (Tscharntke et al. 2012b), and is highly 

relevant to sustainable intensification of food production and the design of farming 

landscapes. Cross-habitat movements of species can occur between agricultural and non-

agricultural land-uses and the configuration and composition of land-use classes within a 

landscape may therefore influence the agricultural ecosystem services and disservices 

provided by such organisms (Chaplin-Kramer et al. 2011; Fahrig et al. 2011; Kennedy et al. 

2013). Species spilling into agriculture from other land-uses can pollinate crops, enhance or 

interfere with pest predation or parasitism, increase pest abundance, raid crops and change 
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food-web structure (Webber et al. 2011; Tscharntke et al. 2012b). The spillover of species is 

moderated by the difference in resource availability and hostility (e.g., risk of mortaility due to 

pesticide application or mechanical disturbance such as ploughing) between the agricultural 

matrix and other habitats (Ricketts 2001; Cronin 2003; Perfecto and Vandermeer 2010; Hadley 

and Betts 2012). The spatiotemporal stability of resources in natural habitats is high compared 

to arable croplands (Landis et al. 2000; Bianchi et al. 2006) and this has implications for the 

directionality of resource differences between land-uses. For example, for most of a growing 

season a mass flowering crop will provide little floral resource and nearby natural habitats are 

likely to hold more floral resources than croplands, but for a short period of the year, when the 

crop is in flower distributions can be strongly reversed. Mass-flowering crops can have 

substantial pollination requirements (Klein et al. 2007) and if stable floral resources in non-

crop habitats are not available to support pollinator populations outside of mass-flowering 

periods pollinator abundance may decline impacting crop pollination (Ricketts et al. 2008; 

Garibaldi et al. 2011). The nature of spillover will differ between species and some may persist 

entirely in the agricultural matrix, especially when disturbance is not intense and for soil fauna, 

and the spatial distribution of different functional groups of species can have important 

implications for ecosystem services (Tscharntke et al. 2005b). 

Five patterns of spillover in agricultural landscapes (Figure 1.1) have been proposed by 

Duelli and Obrist (2003). Species that have a strong preference for non-crop habitats that 

ǊŀǊŜƭȅ ǎǇƛƭƭƻǾŜǊ ƛƴǘƻ ŎǊƻǇƭŀƴŘǎ ŀǊŜ άǎǘŜƴƻǘƻǇƛŎ ǎǇŜŎƛŜǎέ ǿƘŜǊŜŀǎ ǎǇŜŎƛŜǎ ǎƘƻǿing the opposite 

pattern, common in croplands and rare in non-crop land-ǳǎŜǎΣ ŀǊŜ άŎǳƭǘǳǊŀƭ ǎǇŜŎƛŜǎέΦ 

ά5ƛǎǇŜǊǎŜǊέ ŀƴŘ άŜŎƻǘƻƴŜ ǎǇŜŎƛŜǎέ ǎƘƻǿ ƘƛƎƘŜǎǘ ŘŜƴǎƛǘƛŜǎ ƛƴ ƴƻƴ-crop habitats or at the crop-

non-crop interface then decline with distance into fields. Disperser or ecotone distributions are 

often shown by species that use different resources between crop and non-crop habitats such 

as pollinators foraging on within field floral resources to provision nests in non-crop habitats 

(Ricketts et al. 2008). Species that are evenly distributed across agro-ecological landscapes are 

άǳōƛǉǳƛǎǘǎέΣ ǿƘƛŎƘ Ŏŀƴ ǊŜǎǳƭǘ ŦǊƻƳ ŀ ǎǇŜŎies having a long-distance passive dispersal strategy 

as observed for ballooning species (Halley et al. 1996). 

Knowledge of the distributional responses of species to land-use change and the 

consequence of this for the ecosystem services they provide is relatively well studied for 

biological control and pollination (see Table 2.3 and Appendix A Table A.1). For pollination, 

tools have been created to model how crop-pollination varies between landscapes (e.g., the 

InVEST approach, Tallis et al. 2008; or ecological landscape modelling of pollination, Lonsdorf 

et al. 2009). However, the relevance of this knowledge to tropical small-scale farmed 
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landscapes may be limited given their contrast to the intensive large-scale (mostly temperate) 

agricultural landscapes of developed nations. The distributional responses of ecosystem 

disservice providing species to land-use change is less well represented in research and 

synthesis. As such this thesis discusses small-scale farmed landscapes in terms of their global 

importance, contrasts to large-scale systems and regulating ecosystem service research biases 

(Chapter 2), empirically examines spill-over (Chapter 3) and community change (Chapter 4) for 

insect insect groups that relate to ecosystem services and disservices with land-use 

intensification in a small-scale farming landscape. 

 
Figure 1.1 The five types of insect distribution pattern across the crop-non-crop interface. Stenotopic 
species are only found in non-crop habitats, cultural species prefer crops, dispersers colonise crops from 
non-crop habitats, ecotone species are typically found at the interface of crop and non-crop habitats 
and ubiquist species have no preference for either habitat (reproduced from Duelli & Obrist, 2003).  

 Land-use change and ecosystem services in sub-Saharan Africa 

Intensification of global agriculture is likely to occur in areas such as sub-Saharan Africa where 

there are considerable crop yield-gaps and dietary undernourishment (25% of people) 

compared to the rest of the world (FAO/IIASA 2012; FAO 2014). Whilst current trends show 

improvements in diet and food production, sub-Saharan Africa will account for much of human 

population growth by 2050 (UN 2013) and this will lead to increasing demand for commodities 

and land. Africa is an important reservoir of global biodiversity (King 2011; McGinley 2011), but 
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this is steep declining across the continent (Brashares et al. 2001; Brashares et al. 2004; Biggs 

et al. 2008; Craigie et al. 2010; Virani et al. 2011). Increasing demand for land and a growing 

human population will exacerbate matters. As such, improving food-security (and reducing 

poverty) and conserving biodiversity in sub-Saharan Africa is a global priority and sustainable 

intensification and trade-off analyses are pathways by which this can be realised with reduced 

costs to the environment and biodiversity (Green et al. 2005; Royal Society 2009; Pretty et al. 

2011; Fischer et al. 2014). As discussed previously, sustainable intensification requires 

knowledge of ecosystem services and biodiversity so as to enhance or conserve them with 

land-use intensification for commodity production. 

Data from East Africa suggest there can be considerable differences between tropical 

small-scale compared to temperate large-scale farming landscapes. Studies of landscape 

effects on pollination from Kakamega in Western Kenyan describe smallholder landscapes as 

consisting of numerous small farms (typically < 1 ha) growing a variety crops with a high 

proportion of hedgerows, field margins, gardens, homesteads, fallow lands, trees and bushes 

(Kasina, et al. 2009a, Kasina et al 2009b, Hagen and Kraemer 2010, Mailafiya et al. 2010, 

Mwangi et al. 2012). Studies from other Kenyan locations such as the Taita Hills (Clark and 

Pellika, 2007), Suam, Mtito Andei and Muhaka (Mailafiya et al. 2010) describe similar systems. 

The high complexity of East African small-scale farming landscapes indicates that the 

spatiotemporal stability of resources could be relatively high due to multi-cropping, non-crop 

land-uses and the fine grain of the landscape, and this may benefit ecosystem processes 

(Tilman 1996; Tilman et al. 2006). The diversity of landscape features and /  or habitats within a 

landscape generates complexity and, in turn, this should increase species richness (for small 

animals such as insects) within agricultural areas relative to landscapes with more monotonic 

land-uses (e.g., large-scale agriculture or continuous forest, Tscharntke et al. 2012b). According 

to the intermediate landscape-complexity hypothesis (Tscharntke et al. 2012b) high local 

landscape complexity (see Appendix A Figure A.2) may mitigate the negative effects of 

landscape change at larger spatial scales (such as loss of large areas of natural habitat) on 

ecosystem services and service providing species. Therefore, the response of functionally 

important ecosystem service or disservice providing species in small-scale systems to 

commonly studied land-use scenarios, such as the conversion of natural habitat to agriculture 

may be different to that observed in large-scale systems. With the development of African 

nations, small-scale systems are likely to change (Collier and Dercon 2013). If these changes 

result in the consolidation of farms into larger areas of management then local landscape 

complexity could fall (see Appendix A Figure A.2) which may have negative consequences for 



11 

resource stability and ecosystem processes (Tilman 1996; Tilman et al. 2006). Given the 

importance of understanding the interaction of land-use change at local and landscape scales 

(or indeed at any relevant spatial scales to a particular context or ecosystem service) more 

research needs to be conducted to allow estimation of thresholds beyond which negative 

effects of land-use change on beneficial ecosystem properties may occur and to understand 

how these may vary between biogeographical contexts.  

Evidence for mitigation of the potential negative effects of large-scale land-use change 

on ecosystem service providing species due to local complexity in East Africa comes from 

studies of pollinators and pollination, but their findings are mixed. In farmlands surrounding 

Kakamega Forest, Kenya, one study found no effect of distance from forest habitat on bee 

species richness and suggested that farmland bee diversity might not depend on forest (Kasina 

2007). A subsequent study in the same area found bee diversity, bee abundance and flower-

visitor network size were greatest in farmland compared to forest or forest-edge, and 

suggested that resource rich structurally diverse farmland may subsidise plant-pollinator 

networks in natural habitats (Hagen and Kraemer 2010). However, despite bees being likely to 

use resources in the forest canopy (Roubik 1993; Nagamitsu and Inoue 1997; Ramalho 2004) 

the study did not sample bees or investigate floral networks above the forest understory and 

hence suffers from sampling bias. Pollinator abundance in pigeon pea (Cajanus cajan) fields in 

Kibwezi, Kenya, declined with increasing proximity to and abundance of semi-natural habitats 

(Otieno 2010). The same study also found that cropland bee abundance and species richness 

were predicted by habitat complexity, but not plant cover and species richness in semi-natural 

habitat. This suggests that land-use heterogeneity within croplands was more important for 

pollinators than the presence of non-crop habitats. 

Other studies found a negative effect of land-use intensification on pollinators and/or 

pollination. In a coastal Kenyan forest (Arabuko-Sokoke) yields from cropland honey bee hives 

increased with proximity to forest, suggesting that the forests were supplementing agricultural 

resource availability (Sande et al. 2009). Aubergine (Solanum melongena) flower visitation rate 

significantly declined with distance from natural habitat in Nguruman, Kenya (Gemmill-Herren 

and Ochieng 2008). However, the study also found that pollinators foraged more in farmland 

than any other habitat and that bee abundance in farmland was highest in terms of abundance 

and richness. This was attributed to high spatio-temporal floral resource availability in the 

agricultural matrix. Hawkmoth abundance and visitation rates to papaya (Carica papaya) in 

Machakos District and Kerio Valley, Kenya, declined sharply with distance from natural habitat 

in small subsistence farms and sites with high levels of disturbance and poor farming practices 
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showed reduced fruit set (although whether this was due to decreased matrix quality, soil 

quality or water availability is uncertain) (Martins and Johnson 2009). In Uganda, lowland 

coffee (Coffea canephora) yields from small-scale farms were positively correlated with the 

amount of natural habitat in the surrounding landscape, whereas distance to forest or wetland 

and cultivation intensity were negatively related to coffee yields and positively related to 

pollen limitation (Munyuli 2012). Finally, another study of Ugandan coffee production found 

that increasing the landscape proportion of cultivated land resulted in increased crop value but 

the biodiversity and carbon storage value of farmland both fell, especially when smallholder 

mixed-cropping systems were compared to large-scale plantation style agriculture (Renwick et 

al. 2014). 

The contrasting findings of these studies highlight the need for more data from small-

scales farmlands in tropical Africa that investigate land-use at multiple spatial-scales and 

incorporate resource availability. 

1.6. Ecosystem disservices to agriculture 

Whilst the ecosystem services framework and ecological intensification concept consider the 

substantial benefits that agriculture derives from biodiversity (e.g., Losey and Vaughan 2006; 

Gallai et al. 2009) biodiversity can also provide substantial costs to agriculture and livelihoods 

in the form of ecosystem disservices. Regulating ecosystem disservices that spillover into 

agricultural lands from natural habitats can include crop damaging animals (e.g., Naughton-

Treves 1998; Avery et al. 2001; Madhusudan 2003; Webber 2006), predators of livestock (e.g., 

Kissui 2008; Gusset et al. 2009; Inskip and Zimmermann 2009; Suryawanshi et al. 2013) or the 

dispersal and colonisation of weeds that compete for crop resources (Oerke 2006). Animal 

ecosystem disservices to agriculture can be substantial. Estimated agricultural losses in the 

U.S. due to mammals and birds alone were valued at $944 million in 2002 (National 

Agricultural Statistics Service 2002). Between 2001-2003 animal pests were responsible for the 

loss of 375 million tons of production in six major global crops, reducing actual yields 7.9% for 

wheat, 15.1% for rice, 9.6% for maize, 10.9% for potatoes, 8.8% for soybeans and 12.3% for 

cotton (Oerke 2006). Economically significant bird damage has been well documented for 

cereals (reviewed by De Grazio 1978) and soft fruit crops (Tillman et al. 2000; Tracey and 

Saunders 2003)(De Grazio 1978; Boyce et al. 1999), and is estimated to cost Australian 

horticultural production $300 million annually (Tracey and Mary 2007). 

Compared to those that focus on ecosystem service providing species relatively few 

studies have linked land-use change with ecosystem disservice providing species. Increasing 

proportions of natural habitat within a landscape or proximity to a natural feature have been 
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positively associated with livestock predation rates (Michalski et al. 2006), crop damage by 

wild boar (Herrero et al. 2006)(Thurfjell et al. 2009), rodents (White et al. 1997; White et al. 

1998; Eilers and Klein 2009a) and beetles (Zaller et al. 2008b), and pest (Thies et al. 2005) or 

weed (A.Kruess & T.Tscharntke unpubl. data in Tscharntke et al. 2005) colonisation rates. 

Regarding crop pest arthropods, abundances tend to have a negative rather than positive 

response to increasing semi-natural habitat (Veres et al. 2013) but no consistent response to 

landscape complexity (Chaplin-Kramer et al. 2011). Land-use simplification has been 

associated with increased crop raiding by deer and monkeys (Agetsuma 2007) and 

fragmentation of natural habitat has been shown to increase densities of deer in agricultural 

areas (Hewison et al. 2001). Agricultural expansion and loss of natural habitat increases 

human-baboon conflict (Hoffman and O'Riain 2012). Landscape resource availability has 

predicted crop damage by elephants (Chiyo et al. 2005), beetles and flies (Zaller et al. 2008a). 

Wilby and Thomas (2002) simulated patterns of pest emergence with agricultural 

intensification and suggested that endopterygote herbivores will become relatively more 

damaging pests with lower levels of land-use intensification than exopterygote herbivores 

because control of the latter is more resistant to loss of natural enemy species. They also 

suggested that exopterygote herbivores will become pests only after extreme reductions in 

natural enemy species richness (due to redundancy in natural enemy communities) and that 

concealed herbivores are more likely to emerge as pests at lower levels of land-use 

intensification than non-concelaed pests. 

The importance of explicitly considering land-use change effects on ecosystem 

disservices becomes particularly apparent when considering large-spatial scales, such as those 

relevant to large mammals and protected areas for nature conservation. Proximity of 

agriculture to natural habitats can to lead human-wildlife conflict in buffer zones (Distefano 

2005; Woodroffe et al. 2005b) which is both detrimental to both agriculture and biodiversity 

conservation. For example, large mammals of high conservation priority can spill out of 

protected areas into nearby agricultural areas, raiding crops (Naughton-Treves 1998; Osborn 

and Parker 2003; e.g., elephants, Chiyo et al. 2005; Wallace and Hill 2012; or primates, Hsiao et 

al. 2013) or predating livestock (e.g., lions, leopards and snow leopards, Holmern et al. 2007; 

Kissui 2008; Suryawanshi et al. 2013). The spillover of ecosystem disservices is a particularly 

important issue for the practical application of theory relating to the future design of farming 

landscapes. This is because the stakeholders of buffer zones may be particularly sensitive to 

ecosystem disservices that threaten livelihoods and safety perceiving greater threats than 

actually exist (Basili and Temple 1999; Webber 2006; Suryawanshi et al. 2013). However, there 
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is evidence to suggest in some human communities that people can co-exist with large 

carnivores at a small spatial-scale and fine grain (Carter et al. 2012). 

Generally, studies relating to land-use change and ecosystem services consider the 

top-down control of pests by predators or parasites as the regulating ecosystem service 

biological control. However, the pests themselves are rarely explicitly considered as ecosystem 

disservice providing species that negatively affect provisioning services. Pest damage is 

considered as limitation on crop production in the ecological intensification concept, thus 

ecosystem disservices are indirectly considered, but, ecosystem disservice providing species 

can also directly respond to land-use change and management interventions (and not just 

through top-down regulation via predation and parasitism). Therefore it seems conceptually 

inconsistent to consider crop damaging species as providing an ecosystem function that is 

somehow different to all other ecosystem functions and typically only considered in their 

interactions with other ecosystem service providing species. Therefore, where appropriate, 

ecosystem disservices are directly considered in this thesis. 

1.7. Functional ecology 

The functional diversity of a community is an important aspect of biodiversity in explaining the 

functioning and stability of an ecosystem (5ƤȳŀȊ ŀƴŘ /ŀōƛŘƻ нллм; Petchey et al. 2004; Mouchet 

et al. 2008; Villéger et al. 2008).The productivity (Hooper and Dukes 2004; Fargione et al. 2007; 

Griffin et al. 2009; Marquard et al. 2009) and resilience (Dukes 2001; but see Bellwood et al. 

2003; Bellwood et al. 2004; Girvan et al. 2005; the recovery of an ecosystem process after 

perturbation, Tilman et al. 2006) of ecosystems is enhanced by functional diversity. There is 

also evidence that shows the functional identity of dominant species within a community, 

those species with the greatest proportional abundance within a community (as per the mass 

ratio hypothesis, Grime 1998), best predicts the processes relating to that community 

(Hillebrand et al. 2008; Mokany et al. 2008; Orwin et al. 2014). Therefore loss of functional 

diversity or shifts in functional identity in agroecosystems may negatively impact the 

provisioning of ecosystem services essential to commodity production and the associated 

replacement of lost ecosystem function with synthetic inputs incurs additional (potentially 

volatile) production expenses and may be unsustainable. Assessment of functional diversity 

can reveal when land-use change disproportionately affect particular functional traits or trait 

combinations, a phenomenon known as trait filtering, for example where habitat degradation 

or loss alters the balance of feeding behaviours within a community (Gray et al. 2007; 

Tscharntke et al. 2008). 
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A commonly used approach to assessment of functional diversity is to take a matrix 

containing values of representative functional traits for the species composing the community 

of interest to create a multidimensional functional space based on raw functional traits or 

synthetic traits constructed through ordination summarising multiple raw traits (Petchey and 

Gaston 2006; Villéger et al. 2008; Pakeman 2011; Naeem et al. 2012; Mouillot et al. 2013). A 

functional trait is a feature of an organism that links to its function (Lavorel et al. 1997) and 

thus functional traits will determine response to pressures and/or its influence on ecosystem 

processes and services (Harrington et al. 2010). Functional traits should suggest an organismΩs 

adaptations to the physical and biotic environment and the trade-offs between different 

functions within an organism, in animals these may include morphological, life history and 

behavioural traits that relate to habitat and resource use (Harrington et al. 2010). The 

multidimensional functional space created from specieΩs traits can be then used to quantify 

community changes with regards to environmental changes such as land-use change (Flynn et 

al. 2009; Edwards et al. 2014a), biotic pressure such as invasive species and direct human 

impacts such as pesticide use or harvesting of wild species (Mouillot et al. 2013). Determining 

the functional structure of a community then requires descriptions of the distribution of points 

(i.e., species or other taxonomic divisions) and their weights (i.e., biomass or abundances) in 

the multidimensional space using several indices that provide complementary information on 

different components of functional diversity (Mouillot et al. 2013). Using ordination to define 

the functional trait spaces has its drawbacks, such as risking the loss of information, since 

ordination axes will only capture a proportion of the variance in the data (Villéger et al. 2008). 

However constraints in data, such as categorical data or high numbers of traits compared to 

species number, commonly mean that ordination is often the only way forward. 

Complementary components of functional space or metrics used to describe functional 

diversity include functional richness, evenness, divergence and identity.  

Functional richness (Figure 1.2) indicates the number of trait combinations present 

within a community and is calculated as the area or volume of functional space occupied by a 

community. Simply put, the convex hull volume method determines the most extreme points 

in multidimensional trait space, links them to build the convex hull and the calculates the 

volume inside (Villéger et al. 2008) (Cornwell et al. 2006). Reductions in functional richness 

mean that traits have been lost from a community. Functional richness does not consider the 

abundance of species and is therefore sensitive to the presence of rare but functionally 

distinctive species that may have relatively little effect on ecosystem processes (as per the 

biomass ratio hypothesis). 
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Figure 1.2 Illustration of how functional richness may change in multidimensional functional trait space 
before and after disturbance, e.g. land-use change leading to habitat loss and fragmentation. Species 
(triangles) are plotted in multidimensional functional space according to their trait values. To estimate 
functional richness convex hulls are drawn around the species representing the two different 
communities, the overall shift can be estimated using the percentage overlap between the two hulls. 
Here the functional space filled by only pre- or post- disturbance communities represents 28% of their 
combined volume and functional richness has increased with change. The large effect that a single 
species can have on the volume of functional space occupied (regardless of abundance) is demonstrated 
by the point with the lowest value for Trait 2. This figure and the accompanying text are adapted from 
Mouillot et al. (2013) and Villéger et al. (2008). 

Functional evenness (Figure 1.3) reflects the change in the regularity of abundance 

distribution in functional trait space (Mason et al. 2005) ƻǊ άǘƘŜ ǊŜƎǳƭŀǊƛǘȅ ǿƛǘƘ ǿƘƛŎƘ ǘƘŜ 

ŦǳƴŎǘƛƻƴŀƭ ǎǇŀŎŜǎ ƛǎ ŦƛƭƭŜŘ ōȅ ǎǇŜŎƛŜǎΣ ǿŜƛƎƘǘŜŘ ōȅ ǘƘŜƛǊ ŀōǳƴŘŀƴŎŜέ (Villéger et al. 2008). 

Functional evenness falls if abundance becomes less evenly shared between species or if the 

variability of functional distance between species increases. Changes in dominant traits are 

reflected by species evenness (Hillebrand et al. 2008; Mokany et al. 2008) and the effects of 

these on ecosystem function have been shown by manipulations of model grassland 

communities where functional evenness consistently enhanced ecosystem system functioning 

(Orwin et al. 2014). Evenness is considered to be complementary to dominance in that it 

reflects the distribution of traits within a community and the two negatively correlate, if a 

community is dominated by a species with particular traits then dominance is high but 

evenness low (Hillebrand et al. 2008). Functional evenness is derived using the minimum 

spanning tree (MST) that links all points contained with multidimensional trait space using the 
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minimum distance (i.e., summed branch lengths) and the regularity of branch lengths and 

evenness in species abundances. These are calculated by 1) dividing each branch ὰ of the MST 

by the sum of the relative abundances linked by the branch to give weighted evenness Ὁὡ, 2) 

dividing Ὁὡ by the sum of Ὁὡ values for the entire MST to obtain partial weighted evenness 

ὖὉὡ) subtracting ρȾὛ ρ, where S is the number of species, from the numerator and 

denominator of the final functional eveness index equation: 

ὊὉὺὩ 
В ȟ   

 (Villéger et al. 2008). 

This gives a measure of functional evenness that is not biased by species richness, accounts for 

abundance and is constrained between 0 and 1.  

 
Figure 1.3 Illustration of how functional evenness may change in multidimensional functional trait space 
before and after disturbance, e.g. land-use change leading to habitat loss and fragmentation. Species 
(circles) are plotted in multidimensional functional spaces according to their trait values, the diameter of 
circles is proportional to species abundance. A minimum spanning tree (MST) links points in each 
community, and functional evenness measures the regularity of points along this tree and the regularity 
in their abundances, in this example functional evenness decreases after disturbance. This figure and 
the accompanying text are adapted from Mouillot et al. (2013) and Villéger et al. (2008). 

Functional divergence (Figure 1.4) reflects how abundance is spread within the volume of 

functional traits space occupied by a community independent of the volume of functional 

space occupied and the evenness of abundance distribution within that volume (Villéger et al. 

2008). Alternatively it is defined as άǘƘŜ ǇǊƻǇƻǊǘƛƻƴ ƻŦ ǘƘŜ ǘƻǘŀƭ ŀōǳƴŘŀƴŎŜ ǘƘŀǘ ƛǎ ǎǳǇǇƻǊǘŜŘ ōȅ 
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ǘƘŜ ǎǇŜŎƛŜǎ ǿƛǘƘ ǘƘŜ Ƴƻǎǘ ŜȄǘǊŜƳŜ ŦǳƴŎǘƛƻƴŀƭ ǘǊŀƛǘǎέ(Mouillot et al. 2013) or as the probability 

that two random individuals with the community will have different trait values (Leps et al. 

2006; Pavoine et al. 2009).  

 
Figure 1.4 Illustration of how functional divergence may change in multidimensional functional trait 
space before and after disturbance, e.g. land-use change leading to habitat loss and fragmentation. 
Species (circles) are plotted in multidimensional functional spaces according to their trait values, the 
diameter of circles is proportional to species abundance. Functional divergence shows changes in the 
proportion of the total abundance supported by the species with most extreme functional traits. Crosses 
indicate the center of gravity for each community, the large unfilled circles are the mean distance to the 
centre of gravity for each community and deviation of the distance from the mean for each species are 
ǎƘƻǿƴ ōȅ ŎƻƭƻǳǊŜŘ ƭƛƴŜǎΣ ǿƘƻǎŜ ǿƛŘǘƘ ŎƻǊǊŜǎǇƻƴŘǎ ǘƻ ǘƘŜ ǎǇŜŎƛŜǎΩ ŀōǳƴŘŀƴŎŜΣ ōŜǘǿŜŜƴ ǎǇŜŎƛŜǎ ƭƻŎŀǘƛƻƴ 
in functional space and the mean distance to the centre of gravity for the community. The more species 
with high abundances diverge from the mean then the higher the functional divergence, in this case 
functional divergence falls after disturbance. This figure and the accompanying text are adapted from 
Mouillot et al. (2013) and Villéger et al. (2008). 

The method proposed by Villéger et al. (2008) 1) calculates the coordinates of the centre of 

gravity of the ὠ species that form the vertices of the convex hull boundary, 2) calculates for 

each of the Ὓ species within the community the Euclidean distance to the centre of gravity ὨὋ, 

3) takes the mean distance of the Ὓ species to centre of gravity ὨὋ (which is calculated from 

species coordinates in trait space and is not weighted by abundance), 4) calculates the sum of 

abundance-weighted deviances ЎὨ and the absolute abundance-weighted deviances ЎȿὨȿ for 

distances from the centre of gravity across species, 5) brings these calculations together to 

give the functional divergence index in the form: 
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ὊὈὭὺ 
ЎὨ  ὨὋ

ЎȿὨȿ ὨὋ
 

Functional divergence nears 0 when highly abundant species are much closer to the centre of 

gravity compared to rare species and increases as highly abundant species move further from 

the center of gravity compared to rare species.  

 
Figure 1.5 Illustration of how functional identitiy may change in multidimensional functional trait space 
before and after disturbance, e.g. land-use change leading to habitat loss and fragmentation. Species 
(circle) are plotted in multidimensional functional spaces according to their trait values, the diameter of 
circles is proportional to species abundance. Changes in species abundances can alter the functional 
identity (mean values of traits as crosses) of species communities (i.e., abundance-weighted average 
value for each trait) shown on each trait axis by the separation of the two coloured bars. This figure and 
the accompanying text are adapted from Mouillot et al. (2013) and Villéger et al. (2008). 

Functional identity (Figure 1.5) is the mean trait scores of a community weighted by 

abundance (Garnier et al. 2004). If land-use change, for example, changes species abundances 

then this can change the functional identity of community. Changes in functional identity, 

where traits are linked to divergent ecosystem functions (e.g., a trait that separates species 

providing a potential ecosystem service, e.g., pollination or biological control, from those 

providing a potential disservice, e.g. herbivory of crops), could, suggest changes in the balance 

between various ecosystem services or disservices with an agro-ecosystem. Changes in the 

identity of dominant species can change the functional identity of a community and this can 

affect ecosystem function (Hillebrand et al. 2008; Mokany et al. 2008). Again, manipulations of 

model grassland communities have shown that the identity of dominant species can be crucial 

for ecosystem system functioning (Orwin et al. 2014). 
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For additional technical details of the functional diversity components summarised 

here see Mouillot et al. (2013) and Villéger et al. (2008), also a short summary of some 

additional functional components is included in Chapter 4.2.6. 

Comparing functional diversity between communities with different species richness 

and regional species pools can be achieved by contrasting observed values relative to those 

expected from random communities derived using matrix swap randomisation that maintains 

the species richness of communities and the frequency of occurrence within randomised 

matrices (Manly 1995; Villéger et al. 2008). This is necessary because species functional traits 

within different communities will determine the range of functional-diversity values possible. 

The use of the functional diversity, rather than just taxonomic diversity, for 

investigating land-use change in agro-ecosystem is relatively new. However, several studies 

have already found evidence for trait filtering with increasing land-use intensity (Tscharntke et 

al. 2008; Flynn et al. 2009; Edwards et al. 2013; Edwards et al. 2014a) suggesting that land-use 

intensification can lower the functional diversity of communities beyond changes in species 

richness alone, potentially affecting provisioning of ecosystem services or disservices. This 

confirms that understanding the implications of land-use change in small-scale farmlands 

requires consideration of functional diversity.  

1.8. Thesis outline 

There is a considerable amount of information regarding the effects of land-use change on 

agricultural ecosystem processes and the species that provide them, particularly in temperate, 

intensively farmed landscapes. However, despite the importance of small-scale farming to 

global food security and issues of poverty and biodiversity, there are surprisingly few studies 

whose narrative focusses on the description and conservation of such processes in small-scale 

contexts and accordingly this thesis attempts to address this knowledge gap.  

Additionally, even though small-scale farmers in the buffer zones of large tropical 

protected areas are decision makers at the front-line of conservation and food-security issues, 

few, if any, attempts have been made in this context to conduct empirical research that links 

ecosystem disservices, such as human-wildlife conflict, to the land-sparing land-sharing 

framework, this study is one of the first to do. By exploring the attitudes and perceptions of a 

major group of buffer zone stakeholders in relation to natural habitat and wildlife at different 

spatial scales, this study approaches the land-sparing framework from a direction that is 

rooted in its practical application that will complement theoretical predictions regarding how 

best to optimise landscapes for ecosystem services and biodiversity conservation.  
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The study area, in rural Kenya, falls entirely within the buffer zone of a large national 

park for biodiversity conservation, Tsavo, and has potential for agricultural intensification due 

to large crop yield-gaps. Crop yield-gaps, habitat connectivity with an important protected 

area, populations of free-ranging large mammals (e.g., elephants and baboons) and rapid loss 

of natural habitat coupled with poverty, human-wildlife conflict and food-insecurity mean that 

the area is a prime candidate for sustainable intensification, including landscape management 

for ecosystem services. The area can be considered a hotspot of conservation conflict where 

the conservation of natural habitat is important for biodiversity conservation but there is also 

a strong need to improve commodity production and utilisation to improve livelihoods and 

meet the demands of a growing population.  

The key questions addressed in this thesis are: 

Is there evidence for geographical and farming system bias in ecosystem service research?  

Small-scale farming is central to issues of global food-security, poverty and demographic 

change but does contemporary ecosystem service research reflect this? Chapter 2 discusses 

the importance of small-scale farming, estimates global coverage of small-scale farming based 

upon FAO global census data and then assesses synthetic literature regarding pollination and 

biological control for geographical and farming-system biases. 

How does the numerical abundance and spillover of important groups of ecosystem service or 

disservice providing species with cropland change along a land-use intensification gradient in 

low-input small-scale farmed landscapes? Small-scale farming landscapes are more 

heterogenous and complex at smaller spatials scales than large-scale farming landscapes, this 

may stabilise resource availability for species important to ecosystem processes providing 

enhanced ecosystem function.Many countries have land-use consolidation policies to intensify 

agricultural production in small-scale systems, but the ecological consequences of this are little 

known and answering this question helps to fill that knowledge gap. Therefore, Chapter 3 

investigates the effect of land-use change on hymenopteran and coleopteran groups in a low-

input tropical small-scale farming landscape using regression modelling and with particular 

reference to spillover. 

How does the functional diversity of important agricultural insect groups change with land-use 

intensification in low-input small-scale landscapes? Functional diversity can reveal trends in 

the species traits that are linked to ecosystem processes which can differ substantially from 

taxonomic trends in species richness or diversity, this can have important implications for 

ecosystem functioning in farmlands and suggest what problems or benefits land-use 
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intensification may create. Especially little is known from small-scale farming landscapes 

therefore Chapter 4, using recently developed analytical methods, examines the functional 

diversity of Coleoptera and Hymenoptera along the same land-use gradient as per Chapter 3. 

How does landscape structure at different spatial scales influence stakeholder perceptions of 

ecosystem services, ecosystem disservices and attitudes towards nature, what are the 

implications for sustainable intensification? Ecosystem disservices (especially human-wildlife 

conflict) are poorly intergrated into studies of land-use intensification effects on agro-

ecosystem processes, yet these may be greatest in the buffer zones of protected areas where 

trade-off analyses of commodity production vs. biodiversity conservation are likely to suggest 

that natural habitats should be conserved. As such, Chapter 5 assesses how small-scale 

ŦŀǊƳŜǊǎΩ ǇŜǊŎŜǇǘƛƻƴǎ ƻŦ ŜŎƻǎȅǎǘŜƳ ǎŜǊǾices, ecosystem disservices and attitudes towards 

different facets of nature are affected by land-use intensification at two spatial scales with 

relevance to local wildlife habitat and a large protected area.  
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Chapter 2. Pollination and biological control research: are we neglecting two 
billion smallholders? 

2.1. Introduction 

Global food insecurity is receiving increasing attention from researchers and policy makers (De 

Schutter 2008; Bruinsma 2009; Royal Society 2009; Godfray et al. 2010; Foresight 2011). An 

increasing human population and rising demand for more varied, high-quality diets is placing 

pressure on agro-ecosystems and biodiversity across the globe (Royal Society 2009; Godfray et 

al. 2010; Foresight 2011). To prevent widespread food insecurity arising from the expected 

increase in human population size, predictions suggest that agricultural land will need to 

increase crop production by 60% or more by 2050 (Alexandratos and Bruinsma 2012). There 

are around 870 million hungry people today, nearly all of whom (98%) live in developing 

countries and half of them are from smallholder households (Dobie and Yuksel 2005; FAO 

2013a). As we currently produce enough calories to feed the world (FAO 2013a; FAO 2013b) 

yet still have hunger, producing additional food in food secure areas will not solve global food 

insecurity alone (De Schutter 2008). Furthermore, the long-term sustainability of the industrial 

intensification of agriculture (high inputs, low crop and landscape diversity) has been 

questioned (Millennium Ecosystem Assessment 2005; Pretty 2008). Where industrial 

agriculture exists it is often associated with soil degradation and even desertification in arid 

regions (Royal Society 2009), thus in future we may suffer declining production in some 

currently productive areas. On-going industrial intensification of agriculture, typically in 

developing nations, is linked to negative social and economic impacts, including poverty and 

loss of local food security (Bacon et al. 2012; Kremen and Miles 2012). Sustainable 

intensification, the pursuit of higher or more sustainable yields with fewer negative 

consequences for the environment (Foresight 2011), is the conceptual solution to reducing 

global food insecurity and meeting future food demands, and it includes the management of 

ecosystem services (ecological intensification) (De Schutter 2008; Royal Society 2009; Foresight 

2011). In this review, we examine how much ecosystem service research is derived from 

developing nations, tropical climates and smallholder farming landscapes, where local food 

security is at stake. 

 Smallholder-farmed landscapes 

Agriculture, in general (Table 2.1), and smallholder farming is a major source of food 

production and income in many countries (Singh et al. 2002; Salami et al. 2010a) and for the 

global rural population in general. Global estimates suggest there are 2.1-2.5 billion people 

involved in farming smallholdings and 500 million smallholdings, mostly in developing nations 
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(FAO 2010; IFAD & UNEP 2013) (Appendix B, Table B.2). The majority of the population growth 

forecast for 2050 will occur in sub-Saharan Africa and South Asia (World Bank 2013) (Appendix 

A, Figure A.1), where food insecurity is currently rife and more than a third of agricultural land 

is composed of smallholdings (FAO 2013a) (Appendix B, Table B.2). Thus, ensuring that 

sustainable intensification can benefit ǘƘŜ ǿƻǊƭŘΩǎ ǳƴŘŜǊƴƻǳǊƛǎƘŜŘ ǘƘŀǘ ƭƛǾŜ ƛƴ ŘŜǾŜƭƻǇƛƴƎ 

countries, and in particular for those who live in smallholder households would contribute to 

both global food security and poverty reduction (The Montpellier Panel 2013). 

Table 2.1 Significance of developing nations (as classified by the World Bank as low to upper-middle 
income) to global population and agriculture statistics (for regional information see Appendix A Figure 
A.1). 

Measure World 
Developing 

Nations 

All Other 

Nations 

Agricultural land (million km2)* 48 74% 26% 

Cereal production (million metric tons)* 2587 71% 29% 

Land under cereal production (million km2)* 7.0 80% 20% 

Population (million)* 6974 84% 16% 

Agricultural population (million)* 2598 98% 2% 

Yield-gap (percentage difference between actual and potential crop yields in 

high input systems)** 
57% 63% 38% 

Agricultural population using holdings <2 ha (million)*** 2,147 99% 1% 

Smallholdings<2ha as percentage of global agricultural area*** 16% 15% 1% 

* 2011 (FAO 2013b; World Bank 2013). **2000 (FAO/IIASA 2012). *** Values estimated using data from World 

Census of Agriculture 2000 (FAO 2010; FAO 2013b) (Appendix B Table B.2) 

There is no single definition of a smallholding, but the common understanding is that the unit 

of land management is small. Several reports arbitrarily use a definition of two hectares or less 

(Singh et al. 2002; Salami et al. 2010a; IFAD 2011) but larger holdings (e.g. three to five 

hectares) will still create very complex landscapes compared to large-scale farming. 

Smallholder-farmed landscapes are therefore greatly sub-divided and potentially have high 

diversity of crops at relatively small spatial scales (Figure 2.1A). The higher potential for small-

scale intermixing of crop and non-crop habitats (due to landscape configuration not 

composition) means that in a smallholder-farmed landscape the average distance of a crop-

Ǉƭŀƴǘ ǘƻ ŀ άƴŀǘǳǊŀƭέ ŀǊŜŀ ǘƘŀǘ ŎƻǳƭŘ ŜƴƘŀƴŎŜ ŜŎƻǎȅǎǘŜƳ ǎŜǊǾƛŎŜ ŘŜƭƛǾŜǊȅ Ŏŀƴ ōŜ ƳǳŎƘ ǎƘƻǊǘŜǊ 

than in a large-scale farming landscape. As smallholder-farmed landscapes can be highly 

heterogeneous within and between landscapes (Figure 2.1) there is a variety of such 

landscapes that could be described as smallholder. For example, they can be commercial or 

subsistence, polycultural or monocultural, and with high or low input (Appendix A, Figure A.2). 

Smallholdings can merge together to form an extensive area of contiguous agriculture or they 

can be isolated patches surrounded by other land-uses or natural habitats. 
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Figure 2.1 Examples of farming landscapes. A) Locally complex upland smallholdings, Taita, Kenya; B) 
Large-scale commercial farming, Norfolk, UK; C) Locally simple lowland smallholdings, Punjab, India; D) 
Dualistic farming with smallholdings and large-scale commercial farming, Nakuru, Kenya. 

 Ecological intensification and the regulating ecosystem services of pollination 

and biological control 

The landscape provides a range of natural resources that are valuable to people. In analogy 

ǿƛǘƘ ŜŎƻƴƻƳƛŎǎΣ ƴŀǘǳǊŀƭ άŎŀǇƛǘŀƭέ όǎǳŎƘ ŀǎ ǎƻƛƭǎ ŀƴŘ ŦƻǊŜǎǘǎύ ǇǊƻǾƛŘŜǎ ŜŎƻǎȅǎǘŜƳ ǎŜǊǾƛŎŜǎ ό9{ύ 

as flows (or interest) of value. These include food, forage, fibre and fuel in the case of forests, 

and nutrients, water and carbon storage in the case of soils. ES are broadly separable into four 

categories: provisioning services (food, fuel, water), regulating services (carbon storage 

regulates climate, plant cover regulates flood risk), supporting services (soil microbes support 

nutrient cycles and aid food production) and cultural services (e.g., recreational, spiritual and 

educational values of a landscape). Pollination of crops and pest control, by natural enemies of 

crop pests, are regulating ecosystem services that contribute to food production. The notion of 

enhancing ES to increase crop yield (rather than using pesticides, fertilisers or other intensive 
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agricultural practicŜǎύ ƛǎ ƪƴƻǿƴ ŀǎ άŜŎƻƭƻƎƛŎŀƭ ƛƴǘŜƴǎƛŦƛŎŀǘƛƻƴέ (Bommarco et al. 2013). It is 

well-established that insufficient pollination and biological control services can limit crop 

production when other factors such as soil nutrients and water are sufficient (Bommarco et al. 

2013). Evidence is now emerging to support the theory that pollination and biological control 

respond to similar drivers such as floral resources and landscape structure (Pontin et al. 2006; 

Krewenka et al. 2011; Shackelford et al. 2013) and it is therefore logical to consider them 

together. 

Recent quantitative reviews (e.g, Ricketts et al. 2008; Williams et al. 2010; Chaplin-

Kramer et al. 2011; Veres et al. 2013) have investigated factors that affect pollination and 

biological control services or providing species, such as the influence of landscape complexity 

and management practices, and have shown that variability in ES provision is likely to be 

context dependent (Winfree and Kremen 2009; Diekotter et al. 2010; Tscharntke et al. 2011; 

Veres et al. 2013). For example, the diversity of both pollinators and natural enemies seems to 

be higher in complex agro-ecosystems, and that pollination services are generally stronger and 

more stable on farms near natural habitats (Diekotter et al. 2010; Garibaldi et al. 2011). The 

results of quantitative reviews have a key role to play in synthesising the evidence and 

parameterising models that can predict ES provisioning (such as InVEST, see Kareiva et al. 

2011), and therefore they contribute to the design of sustainable farming landscapes and the 

policy interventions that bring them about. The extent to which the body of the work 

synthesised in such reviews can suggest management interventions across a range of 

agricultural systems clearly depends on the range and representativeness of the studies 

included. Geographical biases have recently been demonstrated in reviews relevant to 

pollination ecology suggesting our understanding of pollination is poor in developing regions 

such as sub-Saharan Africa (Archer et al. 2014). We build on these findings, with regards to 

food security, by focussing on regulating ES research relevant to crop productivity and by 

evaluation of the farming landscape where data were collected, particularly with regard to 

smallholdings. This study specifically asks if the constituent studies of recent reviews relevant 

to agricultural pollination and biological control adequately represent farming landscapes 

(smallholder-farmed vs. large-scale farming), global biomes, regions (as defined by the World 

Bank), and national income statuses. 

2.2. Methods 

In May 2013, a Web of Science topic search for άώƭŀƴŘǎŎŀǇŜ hw ŘƛǎǘǳǊōŀƴŎŜ hw ŘƛǾŜǊǎƛǘȅ OR 

crop yield OR fruit set OR food production] AND [pollinat* OR natural enem* OR biological 

control OR CBC OR pest control] AND [meta-ŀƴŀƭȅǎƛǎ hw ǊŜǾƛŜǿϐέ ό¸ŜŀǊ Ҕ нллрύ was used to 
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find recent quantitative reviews relevant to crop pollination and biological control (note CBC 

means conservation biological control). Reviews were excluded (Appendix A, Table A.1) if they 

had were relevant only to specific crops, did not use meta-analysis or quantify/model a trend 

or pattern, or used few agricultural studies (less than 50%) . Any additional reviews relevant to 

pollination and biological control referenced in selected reviews were also included in the 

screening process. The agricultural studies used in each review (Appendix A, Table A.2) were 

selected for further analysis (n = 190). We excluded studies with no focus on crops (n=63) (for 

example, those conducted in natural habitats), no field component (those conducted in labs or 

greenhouses), or those conducted in plantation forests. The selected reviews and the studies 

therein did not necessarily consider ES impacts on crop yields directly. Often it was the 

response of ES providers that was the focus of a study, with no or limited quantification of 

impacts on food production. However, some reviews did link ES providers to yield, such as 

Garibaldi et al. (2013) which linked wild pollinators to fruit-set. ¢ƘǳǎΣ ǿƘŜƴ άǇƻƭƭƛƴŀǘƛƻƴέ 

reviews or studies are referred to, these are relevant to pollination, but they did not 

necessarily directly quantify it, and might instead have focused on the abundance and diversity 

of pollinators. ¢ƘŜ ǎŀƳŜ ƛǎ ǘǊǳŜ ŦƻǊ άōƛƻƭƻƎƛŎŀƭ ŎƻƴǘǊƻƭέ ǊŜǾƛŜǿǎ or studies, which did not 

necessarily directly estimate pest suppression, but might instead have used proxies such as 

natural enemy abundance and diversity. 

Table 2.2 Criteria used to classify farming landscape. Farming landscapes were classified by the % of a 
ǎǘǳŘƛŜǎΩ ƭŀƴŘǎŎŀǇŜ ŎƻƳǇƻǎŜŘ ƻŦ ŘƛŦŦŜǊŜƴǘ ǎƛȊŜŘ ŦƛŜƭŘǎ όŀǊŀōƭŜ ŀƴŘ ǇŜǊƳŀƴŜƴǘ ŎǊƻǇƭŀƴŘύΦ These criteria 
were suitable for all the studies used in our selected reviews, but they do not encompass all 
combinations of field size. 

 Field Size 

Farming Landscape Җ о Ƙŀ җ р Ƙŀ җ мл Ƙŀ 

Smallholder җ оо҈ Җ оо҈ - 
Dualistic җ оо҈ - җ оо҈ 
Large-scale - Җ оо҈ җ оо҈ 

Studies were manually assigned to a farming landscape (smallholder or large-scale; Table 2.2) 

based on descriptions in the publication, satellite imagery from BingMaps and GoogleMaps 

and, in some cases, direct correspondence from authors. It is possible that some landscapes 

may have changed since the date of fieldwork in a study, but no discordance between author 

descriptions and satellite imagery was found. It should be noted that the relative (%) 

composition detailed in Table 2.2 classifies landscapes from land that is under temporary 

arable agriculture and (or) permanent cropland. These comprise crops that are sown or 

planted once and crops that are not replanted after each harvest, such as cocoa, coffee and 

rubber (but not timber). 
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From an ES perspective it was considered that a 2 ha maximum field size (as often 

used in UNEP or FAO reports) was too small to define smallholder-farmed landscapes because 

areas with many fields of 3 ha still have high local and landscape complexity. Therefore a 3 ha 

maximum field size was used to give conservative results (given the apriori assumption that 

smallholdings will be underrepresented) that slightly over-estimated the number of studies 

from smallholder-farmed landscapes (considering our expected values are derived from (FAO 

2010) using a maximum field size of 2 ha). [ŀƴŘǎŎŀǇŜǎ ǿƛǘƘ җоо% of (arable and permanent) 

cropland areas composed of fields <3 ha and <33% of cropland areas composed of fields >5 ha 

were considered to be smallholder-farmed landscapes. [ŀƴŘǎŎŀǇŜǎ ǿƛǘƘ җоо% of cropland 

areas composed of fields <3 ha ŀƴŘ җоо% of cropland areas composed of fields >10 ha were 

considered to be dualistic landscapes. To provide a sufficient contrast to smallholder or 

dualistic landscapes, large-scale landscapes were defined as having Җоо% of cropland areas 

composed of fields <5 ha ŀƴŘ җоо% of cropland areas composed of fields >10 ha. If a landscape 

had large areas under a single management, but small field sizes, such as a large-scale 

commercial orchard subdivided into small sub-units, these were classified as large-scale. 

Author descriptions of the farming system were particularly important in the characterisation 

of orchard and plantation systems which were more difficult to define from satellite imagery. If 

it was unclear whether a field was pasture or cropland then it was considered cropland. 

Many studies defined their location as a single spatial point and in these cases the 

landscape was considered to be an area within a 1 km radius of the point. If the location of a 

study was defined as a general area (e.g.Σ άWest of Göttingen, Germanyέ), the study landscape 

was estimated from the dominant farming system for that area. Where study sites gave high 

resolution spatial references for multiple sites, the landscape was defined from all the sites. If 

multiple landscapes types were present, the study was included in multiple landscape 

categories.  

To assess economic and biogeographic biases studies were classified according to 

national income and global region as per World Bank Databank 2011 data (World Bank 2013), 

and climate using ArcMap v10.0 (ESRI 2011) ŀƴŘ ¢ƘŜ bŀǘǳǊŜ /ƻƴǎŜǊǾŀƴŎȅΩǎ terrestrial global 

ecoregions map (The Nature Conservancy 2009). To generate expected values for studies by 

World Bank income group, World Bank region (including all national incomes and not just 

developing nations), and biome, it was assumed that the number of studies in a category 

would be proportional to the area of cropland contained in that category. FAOSTAT (FAO 

2013b) was used to calculate 2011 cropland area (combined area of arable and permanent 

croplands) for World Bank income groups and regions. Cropland area per biome was extracted 
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from the GlobCover2009 landcover map (ESA & UCLouvain 2009) using ¢b/Ωǎ ǘŜǊǊŜǎǘǊƛŀƭ 

ecoregions map (The Nature Conservancy 2009) in ArcMap V10.0 (ESRI 2011). Where crop 

cover for a pixel was defined by a range, the central value of that range was used. As figures 

were unavailable to describe the proportion of smallholding area that was cropland, expected 

values for global and regional areas of smallholder farming (large-scale vs. smallholder only) 

were generated by assuming that the number of studies in a category would be proportional 

to the area of agriculture contained in a category. Expected values for the number of studies 

from different farming landscapes were estimated using the World Census of Agriculture 2000 

(FAO 2010) in conjunction with 2011 FAO national estimates of agricultural area and 

agricultural population (Appendix B, Table B.2). It should be noted that FAO census data were 

collected over the period 1995-2005 and for many countries data were deficient or the 

structural nature of agriculture was poorly assessed (Appendix B, Table B.1). This is an issue 

that will hopefully be addressed in future censuses and research. Chi-square or exact 

multinomial goodness-of-fit tests were used to compare observed against expected 

proportions. Exact multinomial tests used MonteCarlo simulations with one billion trials to 

generate significance values. Statistical analyses were performed in R 3.0.1 (R Development 

Core Team 2014). 
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2.3. Results 

We analysed seven quantitative reviews (Table 2.3) relevant to crop pollination and four 

relevant to biological control containing a total of 190 studies (Appendix A, Table A.2). 

Table 2.3 Quantitative reviews and meta-analyses of pollination and biological control selected for this 
review 

 
Author Theme 

Total 
Studies * 

Agricultural 
Studies 

P
o

lli
n

a
tio

n 

Ricketts et al. (2008) Distance to natural habitat 22 22 

Winfree et al. (2009) Disturbance 50 27 

Williams et al. (2010) Disturbance 21 11 

Garibaldi et al. (2011) Isolation from natural habitat 29 29 

Garibaldi et al. (2013) Crop pollination by insects 43 43 

Kennedy et al. (2013) Local and landscape effects 34 34 

Shackelford et al. (2013) Local and landscape complexity 19 19 

Unique studies (n)   115 88 

B
io

lo
g
ic

a
l C

o
n

tr
o

l Letourneau et al. (2009) Natural enemy diversity 63 30 

Chaplin-Kramer et al. (2011) **  Landscape complexity 45 44 

Veres et al. (2011) Landscape complexity 25 24 

Shackelford et al. (2013) Local and landscape complexity 28 28 

Unique studies (n)   138 102 

 

* The number of studies presented may differ with those presented by a review as some 
combined studies from different years at the same location into single entries. These were spilt 
for the purposes of this review. Other QRs spilt single studies into multiple entries when more 
than one crop was investigated. Here they are considered as a single study 

 
**  46 studies were used in this review but one PhD thesis (O'Rourke, 2010) was omitted due to 
lack of access. 

 Farming landscape 

Overall, smallholder studies accounted for 12% (n = 22) of the pooled studies (7%, n = 7, of 

biological-control studies and 17%, n = 15, of pollination studies; Figure 2.2D). Both globally 

and in developing nations the expected proportion of smallholder studies was much higher 

than observed when considering agricultural population, but not for agricultural area (Figure 

2.2D & Figure 2.3). For both services, there were far fewer smallholder studies than expected, 

given the size of the agricultural population in each farming landscape. Given the size of the 

agricultural area, in contrast to the agricultural population, biological control in smallholdings 

was insufficiently studied but there were approximately as many studies as expected for 

pollination.  
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Considering individual reviews (Appendix A Figure A.3, studies within a review, not the 

overall study pool), the mean ratio of large-scale to smallholder studies to for pollination was 

5.4 (SD 4.5) and 18.3 (SD 8.4) for biological control. Most (10/11) reviews also differed 

significantly from expected values for farming landscape when considering agricultural 

population, but when considering global cropland area no significant differences were 

apparent.  

When considering only smallholder studies, the regional distribution was uneven 

(based on agricultural area; Figure 2.3AύΦ aƻǎǘ ǊŜƎƛƻƴǎ ŀǇŀǊǘ ŦǊƻƳ Ψ[ŀǘƛƴ !ƳŜǊƛŎŀ ŀƴŘ ǘƘŜ 

/ŀǊƛōōŜŀƴΩ ƘŀŘ ŦŜǿŜǊ ǘƘŀƴ ŜȄǇŜŎǘŜŘ ǎƳŀƭƭƘƻƭŘŜǊ ōƛƻƭƻƎƛŎŀƭ-control studies based on 

smallholder area or population. Smallholder pollination studies exceeded expectations based 

ƻƴ ŀǊŜŀ ŦƻǊ Ψ9ŀǎǘ !ǎƛŀ ŀƴŘ ǘƘŜ tŀŎƛŦƛŎΩ ŀƴŘ Ψ[ŀǘƛƴ !ƳŜǊƛŎŀ ŀƴŘ ǘƘŜ /ŀǊƛōōŜŀƴΩ ōǳǘ ǿŜǊŜ ƭŀŎƪƛƴƎ 

ŦƻǊ Ψǎǳō-{ŀƘŀǊŀƴ !ŦǊƛŎŀΩΦ bŜŀǊƭȅ ŀƭƭ ǊŜƎƛƻƴǎ ǿŜǊŜ ŘŜŦƛŎƛŜƴǘ ŦƻǊ ǎƳŀƭƭƘƻƭŘŜǊ pollination studies 

ǿƘŜƴ ŎƻƴǎƛŘŜǊƛƴƎ ŀƎǊƛŎǳƭǘǳǊŀƭ ǇƻǇǳƭŀǘƛƻƴΣ ŀƎŀƛƴ ǿƛǘƘ ǘƘŜ ŜȄŎŜǇǘƛƻƴ ƻŦ Ψ[ŀǘƛƴ !ƳŜǊƛŎŀ ŀƴŘ ǘƘŜ 

/ŀǊƛōōŜŀƴΩΦ 

 Regions 

Pooling the constituent studies of the quantitative reviews showed that 86% (n = 88) of the 

biological-control studies and 55% (n = 45) of the pollination studies came from Western 

Europe and North America (Figure 2.4& Figure 2.2A). Both percentages were significantly 

higher than expected compared to the 34% of global cropland contained within the World 

Bank Regions that encompassed these areas (Figure 2.2A). There were no biological-control 

studies in Africa or continental Asia and fewer pollination studies than expected given that 

these regions contain approximately half of global cropland with an agricultural population of 

approximately 2 billion (World Bank 2013). For information on the importance of a region to 

various global statistics (e.g., crop production, population, biodiversity, etc.) see Appendix A 

Figure A.1. 
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Figure 2.2 Analyses of pooled studies for biases in region, income group, biome and farming landscape. 
Unique pollination and biological control studies (relevant to agriculture) pooled from all quantitative 
reviews, are compared by percentage for World Bank regions (A), World Bank income groups (B), 
biomes (C) and farming landscapes (D). In C) Trop = tropical and sub-tropical; Temp = temperate; Med = 
Mediterranean. Expected values for each factor level were derived from the percentage of the total area 
of global cropland (A & B) (FAO 2013b); the percentage of the total area of global cropland (C) (ESA & 
UCLouvain 2009; The Nature Conservancy 2009); and the percentage of global agricultural area (D) (FAO 
2010; World Bank 2013) or the % of global agricultural population in each farming landscape. A) Region 
Pollination (Poll):̝2 = 37.9, P<0.001; Biocontrol (BioC): P<0.001 (Exact Multinomial Test). B) Income Poll: 
˔2 = 95.8; P<0.001; BioC: ˔2 = 253.0, P<0.001. C) Biome Poll: ̝ 2 = 18.3, P<0.001; BioC: ˔2 = 78.1, P<0.001. 
D) Farming System % Global Agriculture: Poll: P=0.541, ˔2 = 0.4; BioC: P=0.014, ˔2 = 6.09; % Global 
Agricultural Population: Poll: P<0.001, ˔2 = 237.5; BioC: P<0.001, ˔2 Ґ пмнΦп όbƻǘŜ ʰ ŦƻǊ ǘŜǎǘǎ ƛƴ 5 ƛǎ лΦлнр 
due to a Bonferonni correction for multiple testing). 
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Figure 2.3 Pollination and biological control studies from smallholder farming landscapes as a % of all 
unique pooled studies for each service are compared by A) World Bank regions and B) development 
class. Expected values for A and B were derived from (FAO 2010; FAO 2013b) and were generated by 
multiplying the global % of agricultural land/agricultural population for a region/development class by 
the within factor % that was estimated to be smallholder. 

 
Figure 2.4 Distribution of pollination and biological control studies relevant to food production used in 
quantitative reviews. Smallholding Environment (coloured areas) is a broad classification of smallholding 
type (see Dixon et al. 2001 for definitions) for countries that are not defined as OECD-high income 
nations (greyed areas) by the World Bank. These colours state the likely type of smallholding to be 
found if present and do not reflect the presence/absence or importance of smallholding in an area. High 
potential environments (in terms of crop yield) are a combination of irrigated farming systems, wetland 
rice based farming systems, and rainfed farming systems in humid areas of high resource potential. Low 
potential environments are those of low current productivity or potential because of extreme aridity or 
cold. Highland environments are steep and highland areas. 
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 Biome (climate) 

With respect to the area of global cropland, the temperate region contributed double the 

expected number of pooled studies (77%, n = 78, for biological control and 58%, n =45, for 

pollination; Figure 2.2C). The number of biological control studies was a quarter of that 

expected (11%, n = 11) and, whilst higher, the number of pollination studies was also less than 

expected (27%, n = 22). Mediterranean studies were more numerous than expected from 

cropland area for both pollination and biological control. Individual reviews on pollination 

contained studies with the expected proportions (given cropland area) for temperate and 

tropical biomes, whereas the coverage within three biological-control reviews was significantly 

and strongly biased towards temperate biomes (Appendix A Figure A.3). The remaining 

biological control review by Letourneau et al. (2009) was also significantly skewed to 

temperate studies, but much less so, and it did explicitly compare tropical and temperate 

studies. Overall, nine studies were from biomes that were of low productivity (cold or dry) or 

small in extent: seven were from deserts and xeric bushlands and two were from boreal and 

taiga, a further study was from the montane grasslands and shrublands biome. 

 Income (development) 

Studies from developed regions accounted for 82% (n = 155) of pooled studies (92%, n = 94, of 

biological control and 69%, n = 61, of pollination studies; Figure 2.2B). The number of pooled 

pollination studies from developing countries was approximately equal to expectations based 

on cropland area (Figure 2.3B) although with varied geographic distribution (Figure 2.3A). 

However, biological control (pooled) was insufficiently studied in developing countries (Figure 

2.3B). On an individual basis most reviews (10 out of 11) also had significantly fewer studies 

than expected from developing regions (Appendix A Figure A.3). 

2.4. Discussion 

 Food security and sustainable intensification 

Agricultural growth is particularly effective in improving food security, especially in low income 

areas (McGuire 2013), and sustainable intensification is a pathway for realising this (Pretty 

2008; Royal Society 2009; The Montpellier Panel 2013). Sustainable intensification includes 

enhancing or conserving ecosystem services for the role they can play in maintaining and 

increasing crop production. ¢Ƙƛǎ ŀǎǇŜŎǘ ƻŦ ǎǳǎǘŀƛƴŀōƭŜ ƛƴǘŜƴǎƛŦƛŎŀǘƛƻƴ ƛǎ ƪƴƻǿƴ ŀǎ άŜŎƻƭƻƎƛŎŀƭ 

ƛƴǘŜƴǎƛŦƛŎŀǘƛƻƴέ (Bommarco et al. 2013). Ecological intensification is as important in the 

developing world as it is in the developed world. Whilst most of our understanding of some 

ecosystem services τ exemplified here by pollination and biological control τ comes from the 
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temperate and developed world, the bulk of the world's agricultural land, production and 

human population can be found in the developing world. In addition, the diversity of farming 

systems in the developing world is greater than the more uniform large-scale and typically 

intensive agriculture in the developed world. Sustainable intensification of developing world 

agriculture must include the billions of farmers that are smallholders (McGuire 2013; The 

Montpellier Panel 2013) for whom management guidance for ecological intensification must 

also work (Dobie and Yuksel 2005). However, it is shown here that there are significant 

farming-landscape, regional, climatic and economic biases in the evidence base underpinning 

the likely contribution of regulating ecosystem services to sustainable intensification via 

quantitative review. 

 Farming landscape 

Only 12% of pooled studies came from smallholder-farmed landscapes as most quantitative 

reviews were based on data from large-scale farming and typically used three or fewer studies 

from smallholder-farmed landscapes. The extent to which management interventions derived 

from research conducted in large-scale farms in developed regions such as the US and western 

Europe can be generalised to benefit food security in other regions is likely to be limited when 

there are significant contextual differences in farming system, climate (e.g., differences in 

extremes and modality of temperature and rainfall between temperate and tropical regions) 

and biogeography (e.g., differences in regional species pools). 

Compared to large-scale farming landscapes smallholder-farmed landscapes are much 

more diverse in terms of local and landscape complexity, management intensity and the 

interactions between them (Appendix A Figure A.4). Smallholder landscapes, particularly in 

areas of subsistence farming, are likely to have a high richness and diversity of crop types, both 

spatially and temporally (IFAD & UNEP 2013). In smallholding areas typical of sub-Saharan 

Africa (Figure 2.1A & D), dwellings and associated livestock, trees, gardens, paths and 

boundary features generate local complexity, but this is much reduced in large-scale systems. 

Also, smallholder landscapes typically will not reach the levels of management intensity that 

occur in large-scale farms, simply because of the use of manual rather than mechanised 

labour. If research efforts are concentrated in large-scale systems then it is unlikely the 

gradients of farmland landscape, complexity and management intensity and their relationship 

with ecosystem service providers and function are being fully explored.  

As well as differences between smallholder and large-scale farmed landscapes, there 

are clearly cultural and contextual differences within the smallholder system (e.g., coffee 

agroforestry in humid South-East Asia vs. maize farming in semi-arid sub-Saharan Africa). 
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However, of the 22 smallholder studies in the quantitative reviews, 16 came from a single 

context - coffee systems. Coffee is a cash crop, a perennial crop, and a stimulant that has no 

calorific value. Thus, research in these coffee landscapes is of low relevance to landscapes of 

annual crops that are grown for local consumption and contribute to local food security. 

Therefore, both an increase in the proportion of smallholder research and also an increase in 

the diversity of research is needed. All two billion smallholders τtwo billion decision makers 

τ are unlikely to be served by the same research findings. Moreover, since our expectations of 

how much research should come from smallholder farmed landscapes were based on the 

number of smallholder farmers, the results were more significantly biased against smallholder 

farmed landscapes than they were when our expectations were based on the area of 

smallholder farmland. Although the area of smallholder farmland is more relevant to total 

global food production, it should be emphasized that the number of smallholders, who 

constitute a large proportion of the undernourished, would seem to be more relevant to local 

food security. Thus, the combination of diversity and food insecurity in smallholder systems 

means that research biases against these systems are all the more acute. 

 Region 

We found that 55% of pollination and 86% of biological control studies came from North 

America and Western Europe. Regional biases such as these might pose a problem for 

generalising to other under-represented regions. The responses of different bee species to 

disturbance (Winfree et al. 2009; Cariveau et al. 2013) and the applicability of a generalised ES 

relationship (e.g., the relationship between flower visitation and distance from natural habitat) 

may depend upon the species present in a region. In some cases, functional groups of service-

providing species may be absent or substantially different between regions (Archer et al. 

2014). For example, bumblebees (Bombus spp.) are a well-studied genus of wild pollinator, for 

which management options have been developed in Europe and North America (Dicks et al. 

2010), but they are absent from sub-Saharan Africa (Michener 2007). Furthermore, the 

balance between ecosystem services and disservices (services that reduce productivity or 

increase production costs, such as herbivory) flowing from a natural habitat to a nearby 

farmland may differ between regions. Quantitative reviews have often found that natural 

habitats benefit ecosystem services such as pollination in nearby farmland (for example, 

Garibaldi et al. 2011). However, the species that can move from natural habitats into croplands 

can fundamentally differ between regions. Proximity to a natural area in sub-Saharan African 

and South Asia can expose a farmer to crop-raiding elephants and primates that can reduce 

crop yields and create human-wildlife conflict. In contrast, in Europe and North America, 
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regions to which research is biased, crop-raiding is a minor problem. When studying the net 

benefits of natural habitat in certain sub-Saharan African contexts, it could be that crop raiding 

(an ecosystem disservice) tends to outweigh the benefits of enhanced pollination and 

biological control services on farms near natural habitats. The consequences of crop raiding 

are likely to impact large landholders less than smallholders, as an individual smallholder can 

easily lose the majority of their harvest to an elephant or troupe of baboons. Although 

ecosystem disservices could strongly affect the design of sustainable farming landscapes (for 

example, crops that are unpalatable to primates might be used to buffer a habitat with many 

baboons and monkeys), they are poorly considered in the published literature (but see Zhang 

et al. 2007). 

 Biome (climate) 

Two-thirds of pooled studies came from the temperate region despite tropical croplands 

occupying a larger area than temperate croplands. Obviously there are profound climatic 

differences between biomes that shape the assemblages of pollinators and invertebrate pests 

and their natural enemies. In general, the effects of climate and climate change on pollinators 

are much better understood than are effects on other groups of ecosystem service providers 

(Cock et al. 2013), and our analyses reflect this. We show individual quantitative reviews 

relevant to pollination tend to balance data from tropical and temperate regions whereas 

biological-control reviews were all significantly and often strongly biased to the temperate 

zone.  

There can be major differences between tropical and temperate biomes in the spatial 

and temporal availability of resources important for ecosystem service providers in natural 

habitats (habitats that may enhance ES in nearby crops). For example, the plant community in 

aseasonal tropical lowland forests has a continuous pollination period throughout the year 

compared to just late spring and summer in northern temperate forests (Bawa 1990). 

Temperate forests also have higher mean flower longevity and a larger proportion of wind-

pollinated plants than aseasonal tropical forests (Bawa 1990). As the functional significance 

(flowers providing nectar and pollen) of a forest to pollinators differs between and within 

biomes, this is likely to be the case for other habitats (including agricultural land), functions 

(e.g., nesting sites) and ecosystem service providers too. As such, interventions for ecological 

intensification that require manipulating or conserving natural areas in a farming landscape 

should carefully consider what climate the intervention was derived from and the implications 

of any functional differences in habitats between derived and target climates (see Cock et al. 

2013). 
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 Income (development) 

It is not surprising that more than 80 % of studies were conducted in developed regions since 

funding for science is higher there. This may also reflect a publication bias in that researchers 

from developed nations may be more likely to publish their work in English-language peer-

reviewed journals and a reviewer bias where studies are more likely to be cited when studies 

are in publications from high-income nations. The consequences of the overabundance of 

studies from temperate regions and large-scale landscapes (particularly the U.S. and Germany) 

were discussed above. 

 Insights from large-scale studies 

Studies of ecosystem services from large-scale farming landscapes (typically temperate) 

provide insight into the aspects of an agro-ecosystem that should be conserved when a 

complex and/or low-intensity system is faced with intensification. For example, local 

management options are likely to have more positive effects on service providing insects in 

agricultural landscapes of intermediate complexity (Tscharntke et al. 2005a; Tscharntke et al. 

2012b; Scheper et al. 2013), but less so in small-scale landscapes comprising many other 

habitats in addition to agricultural fields (Bengtsson et al. 2005; Winfree et al. 2009; Batáry et 

al. 2011; Kennedy et al. 2013). The interaction of local and landscape factors can be important 

for ES delivery as was the case for flower visitation and production in commercial South 

African sunflower fields where the enhancement of floral diversity within fields ameliorated 

the negative effects of isolation from natural habitat (Carvalheiro et al. 2011). Cultural species 

(dependent on crop habitats) of pollinators and natural enemies might be negatively affected 

by landscape complexity, whilst ecotone species and dispersers (dependent on non-crop 

habitats) might be positively affected (Shackelford et al. 2013).  

The most recent reviews relevant to pollination should be commended for considering 

complexity at multiple spatial-scales. For example, Garibaldi et al. 2013 and Kennedy et al. 

2013 stratify their study selections to incorporate a range of farming-landscapes for meta-

analysis making it much easier to generalise their findings to multiple contexts. However, even 

in recent reviews, smallholding landscapes are not considered explicitly. As such, determining 

when generalisations can and cannot be applied to a type of smallholder landscapes across 

multiple regions (and thus climates) should be a priority for ES science. 

2.5. Conclusions 

Quantitative reviews are essential for modelling and predicting ES provisioning in the design of 

sustainable farming landscapes, for directing the policies required to adapt our current farming 
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practices and advancing ecosystem service theory. However, the constituent studies of recent 

reviews relevant to agricultural biological control and, to a lesser extent, pollination were 

biased towards large-scale landscapes and/or global biomes (temperate), regions (North 

America and Western Europe) and national economic statuses (high-income, developed 

nations). Differences (spatial and temporal) in management intensity and local complexity 

between smallholder-farmed and large-scale farming landscapes may cause ecosystem 

service-providing insects to respond differently to disturbance and management interventions. 

The high local complexity of smallholder-farmed landscapes could promote beneficial species 

and consequently the ES they provide. In this scenario the conservation of ES whilst increasing 

crop production will be ǊŜǉǳƛǊŜŘ όǿŜ ƳƛƎƘǘ ǘŜǊƳ ǘƘƛǎ άŜŎƻƭƻƎƛŎŀƭ ŎƻƴǎŜǊǾŀǘƛƻƴέύ compared to 

large-scale landscapes where ES are diminished and their restoration or replacement is 

required (ecological intensification). Biogeographic differences between regions in terms of 

climate and service- and disservice-providing species pools may also present problems for the 

generalisation of findings and application of ecological intensification. Thus, generalisations 

from the quantitative reviews included here to smallholder-farmed landscapes and, for 

biological-control reviews, to tropical landscapes, should be made with caution, especially in 

regions where little research has been conducted. 

More specifically, research bias in reviews affects their general application to 

informing about sustainable intensification. The large number of pollination and biological 

control studies from temperate large-scale farming landscapes suggests we are well placed to 

improve ES and trial ecological intensification there. However, lower data availability from 

other farming landscapes and/or climates, notably tropical (for biological control reviews) and 

smallholder, means it may be difficult to use current reviews to inform ecological 

intensification in such data-deficient regions. This problem is greatest in tropical regions with 

diverse farming landscapes and high agricultural populations such as South Asia and sub-

Saharan African where smallholdings contribute more than a third of the agricultural area. 

Data deficiency for regions that contribǳǘŜ ƳǳŎƘ ƻŦ ǘƘŜ ǿƻǊƭŘΩǎ ǇƻǇǳƭŀǘƛƻƴΣ ŎǊƻǇ ǇǊƻŘǳŎǘƛƻƴ 

and hunger (e.g., South Asia, China, Russia and Africa) poses further problems to improving 

food security with ecological intensification (and ecological conservation). 

Investing globally in smallholder research for multiple crops and finding more projects 

and publications from regions where there is little information (such as China, Russia, South 

Asia and Africa) is essential. This is especially the case for research relevant to biological 

control, which appears more biased than pollination-relevant research. To increase their global 

relevance, quantitative reviews investigating landscape or local effects on ES should consider 
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the coverage of their datasets with regards to region, climate and farming landscape. 

Following on from this future empirical studies should target smallholder systems, with 

quantification of climate and complexity in time and at multiple spatial-scales. Classification of 

existing studies that do not present landscape information could also provide new data and 

this is becoming easier. Open-access satellite imagery (e.g., Landsat8 or GoogleEarth) and 

software (R, QGIS, GRASS) now enable post-hoc classification of farming landscapes, and 

detailed global datasets for biodiversity, food production and development are available from 

the IUCN, World Bank and FAO. International collaboration is needed to search for, translate (if 

necessary) and disseminate the ES datasets that no doubt exist in the developing world. We 

suggest that non-English language publications and agricultural institutions that may often be 

overlooked will be productive. Data regarding the cost of ecosystem disservices in agricultural 

areas near protected areas in South Asia or sub-Saharan Africa may already be available from 

social and developmental disciplines. If so, this should be integrated into current assessments 

of the net ES value of natural habitats. 

Global datasets regarding the structure of farmland are incomplete and inconsistent. 

Therefore our estimates of smallholder area in some regions, such as sub-Saharan Africa, were 

based on limited data and it is hoped that the pending World Census of Agriculture 2010 will 

improve the situation. Furthermore, our classification of landscapes into broad structural 

categories was necessarily simplistic. From an ES perspective smallholding landscapes could 

better be defined using statistical measures of configuration (see Kennedy et al. 2013) and 

information regarding composition and management. An appropriate classification scheme for 

small-scale farming (perhaps building on Dixon et al. 2001) could be used as a guide to 

ecological intensification/conservation.  

In the face of global climate change and food security, it is important to understand 

these issues for diverse environmental conditions and landscapes that fully represent the 

global farming constituency. Further investigation of the conditions that characterize 

smallholder-farmed landscapes would provide crucial information regarding the resilience of 

such landscapes to environmental disturbance across multiple ecosystem services. 
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Chapter 3. Land-use intensification effects on ecosystem service and disservice 
providing insects in a tropical smallholder landscape 

3.1. Introduction 

When harnessing ecosystem services for agricultural production, a process called ecological 

intensification, ecosystem services can be defined as the intermediate services that support a 

final service of crop yield (Bommarco et al. 2013). Ecological intensification manages 

(intermediate) ecosystem service providing species that contribute directly or indirectly to 

agricultural production (Bommarco et al. 2013), such as crop-pollinating bees, the natural 

enemies that consume crop pests or soil species that enhance nutrient cycling. Using 

ecological intensification to reduce crop yield-gaps, the difference between realised and 

potential yields, is a means of improving food security and production. This is highly relevant 

to small-scaled farmed landscapes in low-income nations where yield-gaps and food-insecurity 

are often high (FAO/IIASA 2012). Yields-gaps in small-scale farming landscapes have typically 

been reduced with conventional intensification (Briones and Felipe 2013) and/or the 

consolidation of landholdings into simplified landscapes of contiguous cropland (Huang et al. 

2011). However, optimal levels of cost-effective production may not have been realised in 

these situations as conventional intensification can degrade ecosystem functioning (Singh 

2000; Wood et al. 2000; Bennett et al. 2001; Zhengfeng 2008) leading to declining or stagnant 

crop yields despite technological advances or increased inputs (Foley et al. 2011). Loss of 

landscape resources, such as natural habitats that offer species that provide ecosystem service 

refugia from disturbance (Swinton et al. 2007; Coll 2009) or resources such as flowers 

providing nectar and pollen, can lead to sub-optimal yields (Halaj et al. 2000; Carvalheiro et al. 

2011) and/or increased expenditure on substituting reduced services (e.g. , pesticides 

substituted for natural enemies, Pimentel 2005; Losey and Vaughan 2006). Additionally, 

conventional intensification leading to increased pesticide use can negatively impact beneficial 

ecosystem service providing insects (Desneux et al. 2007; Brittain et al. 2010; Potts et al. 2010; 

Brittain and Potts 2011). Landscapes in pre-intensification small-scale farmlands with large 

yield-gaps are often spatially and temporally complex (especially at local scales ,Steward et al. 

2014) and research, derived mostly from large-scale farmlands, has shown that complexity can 

promote pollinators and natural enemies (Chaplin-Kramer et al. 2011; Shackelford et al. 2013). 

Given the high complexity of small-scale farming landscapes regulating ecosystem services for 

crop production may well be adequate (Tscharntke et al. 2012b). Increasing food-production 

efficiently in small-scale landscapes with yield-gaps will require conserving features that 

promote regulating ecosystems services whilst enhancing soil-nutrients and water availability 
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(either conventionally or sustainably), further, given the strong policy drivers for consolidation 

and expansion of farmland in large countries such as China (Xinshe 2002; Niroula and Thapa 

2005; Min 2006; Bledsoe et al. 2007; Huang et al. 2011; Ntirenganya 2012) it is important to 

understand how such features can be conserved as field size and landscape cropland area 

increase. This requires understanding of cross-habitat spillover of species between non-crop 

and crop habitats (reviewed by Blitzer et al. 2012; Tscharntke et al. 2012b), however, as 

discussed in Chapter 2, there is a need for more research into small-scale farming landscapes 

where we have a poor knowledge base for the costs and benefits of regulating ecosystem 

services and disservices and their interactions compared to large-scale farming systems 

(Steward et al. 2014, see also Chapter 2).This could hinder cost-effective (ecological) 

intensification of small-scale farming landscapes.  

Spillover occurs when species move from one habitat type to another (this can be 

dispersal or foraging behaviour) and is implicit to many management options relevant to 

ecological intensification, such as providing or conserving non-crop floral resources in or 

adjacent to crops for pollinators and natural enemies (Pywell et al. 2006), and predicting 

where and when they will be most effective (e.g., the intermediate landscape-complexity 

hypothesis,Tscharntke et al. 2012b). In the context of small-scale farming landscapes it is 

important to understand how spillover will be affected by policies promoting landscape 

transformation as a means to produce more food, in particular how the spillover of 

agriculturally important taxa responds to the conversion of non-crop habitats to cropland and 

the consolidation of small fields into fewer larger fields growing a reduced number of crops. 

Reductions in community diversity, the overall abundance of beneficial insects and the 

ecosystem services they provideoccurs as distances to (or isolation from) natural habitats 

increases. For example, pollinator species richness, flower visitation, crop yield, and service 

stability all decline with increasing isolation from natural areas (a consequence of the 

expansion and consolidation of cropland) with effects occurring at spatial scales of kilometres 

to hundreds of meters depending on the species or group in question (Ricketts et al. 2008; 

Garibaldi et al. 2011). Crop-pest parasitism by parasitic natural enemies generally decreases 

with distance from field boundaries (Landis and Haas 1992; Baggen and Gurr 1998; Long et al. 

1998; Thies and Tscharntke 1999; Jason et al. 2004; Bianchi et al. 2008) with effects seen at 

distances as small as tens of meters. Crop-pest predators in temperate regions, such as ground 

dwelling carabid beetles and some spiders, have been shown to hibernate in non-crop habitats 

going on to invade croplands in spring and penetrating up to several hundred meters from 

field margins (Coombes and Sothertons 1986; Booij et al. 1995). Reducing the length of the 
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interface between crops and non-crop areas may reduce pest-control (Bianchi and Van der 

Werf 2003; but see Vollhardt et al. 2008; Perovic et al. 2010) and reducing the proportion of 

natural habitat within a landscape can reduce the overall landscape abundance of beneficial 

species that benefit from non-crop habitats which, in turn, results in reduced spillover into 

croplands (Schmidt and Tscharntke 2005). Reducing semi-natural habitat in the landscape can 

promote crop-pest populations (Veres et al. 2013), and decreasing landscape complexity can 

be detrimental to both pollinators (Shackelford et al. 2013) and natural enemies (Chaplin-

Kramer et al. 2011; Shackelford et al. 2013) but does not necessarily affect pest abundances 

(Chaplin-Kramer et al. 2011). Kennedy et al. (2013) found that bee abundance and diversity 

were highest in diversified, organic agriculture in landscapes with resource rich surrounding 

land-cover. Non-crop habitats, however, may also be the source of ecosystem disservice 

providing species especially for small-scale farmers in the buffer zones of protected areas for 

nature conservation (Burgess 1981; Naughton-Treves 1998; White et al. 1998; Madhusudan 

2003; Sitati et al. 2005). 

Knowledge of how common ecosystem service or disservice providing species spillover 

from other habitats and into cropland (Figure 1.1, Duelli and Obrist 2003; Tscharntke et al. 

2005b) will determine which management interventions are appropriate. Across the interface 

of cropland and non-crop habitats different species providing the same ecosystem service may 

have contrasting distribution patterns (Duelli and Obrist 2003; Tscharntke et al. 2005b) or have 

the same response pattern but at different spatial scales. Distribution patterns across the crop 

non-crop boundary include those of stenotopic species that are only found in non-crop 

habitats, cultural species that prefer crops, disperser species that colonise crops from non-crop 

habitats, ecotone species that are typically found at the interface of crop and non-crop 

habitats and ubiquist species that have no preference for either habitat (Duelli and Obrist 

2003, see Chapter 1 Figure 1.1). For example Shackelford et al. (2013) found the compositional 

complexity of landscape had positive effects on spiders but results for predatory beetles and 

parasitoids were inconclusive, and Chaplin-Kramer et al. (2011) found specialist natural 

enemies tended to respond to landscape complexity at smaller scales than generalist natural 

enemies. As the response of different ecosystem service providing functional groups or taxa to 

landscape change is variable (e.g., Williams et al. 2010), in the context of ecological 

intensification it is important to consider the response of multiple agriculturally relevant taxa 

or functional groups when observing and predicting the effects landscape change. If a 

management intervention for one group of ecosystem service providing species benefits 

ŀƴƻǘƘŜǊΣ ǘƘŜƴ ƛǘǎ ǇǊŀŎǘƛŎŀƭ ǳǘƛƭƛǘȅ ƛǎ ƛƳǇǊƻǾŜŘ ŎǊŜŀǘƛƴƎ ŀ Ψǿƛƴ-ǿƛƴΩ ǎŎŜƴŀǊƛƻ (Power 2010). 
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Conversely if a management intervention for one beneficial species group or ecosystem 

service supresses another then a tradeoff may occur (Power 2010). Compatible responses to 

landscape and local complexity have been demonstrated for mobile arthropods providing 

biological control of crop pests and crop pollination (Shackelford et al. 2013), services that 

both provide substantial benefits to agriculture (Losey and Vaughan 2006; Fernandez-Cornejo 

et al. 2009; Gallai et al. 2009).  

 When planning for ecological intensification it is also important to remember that 

spillover is not always beneficial and can act as a source of ecosystem disservices such as pest-

populations (Lavandero et al. 2006; Zhang et al. 2007; Eilers and Klein 2009b), disease 

(Despommier et al. 2006; Nugent 2011) or dangerous and/or crop-raiding mammals 

(Woodroffe et al. 2005a; Inskip and Zimmermann 2009). Economic losses in the United States 

due to wildlife damage were valued at $944 million in 2002 (National Agricultural Statistics 

Service 2002) and 2001-2003 global crop losses due to animal pests were estimated to be 5-

19% for major cereals, 7-13% for potatoes, 3-16% for soybeans and 5-22% for cotton (Oerke 

2006). In subsistence smallholder or commercial large-scale organic contexts where pesticide 

use may be relatively low, spillover of ecotone and disperser crop pests and their natural 

enemies might be of particular importance to crop productivity. This is also of particular 

relevance to fields of transgenic crops designed to reduce the need for pesticide use, such as 

Bt cotton, for which there is there is conflicting evidence regarding the build up vs. biological 

control of secondary crop pests (Wang et al. 2008; Lu et al. 2010; Lu et al. 2012). It is also 

relevant to interventions that promote natural enemies (e.g. floral resources or overwintering 

sites in different kinds of field margins) that could also benefit pests (Robertson 1993; White et 

al. 1997). 

This study investigates the response of multiple groups of mobile insect pests, 

pollinators and natural enemies in a low-input small-scale landscape that is undergoing rapid 

transformation due to agricultural extensification (the conversion of non-crops habitats in to 

agricultural land) and consolidation (increasing area of contiguous cropland under the same 

management). For these groups similar and contrasting spillover responses and landscape 

distribution patterns are identified and discussed with relevance to land-use change in small-

scale landscapes. The objectives of this study were three: 

1. To determine how the spillover of different groups of agriculturally important insects into 

small-scale croplands is affected by local farmland extensification (the conversion of natural 

habitat to croplands) through observation of the abundance response of focal taxa to 

increasing distance from natural habitat at the field edge. For species groups with feeding and 
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nesting traits suggesting that they could derive all essential resources from cropland cultural or 

disperser distribution patterns were expected. For groups with traits that suggested they 

required resources within both crop and non-crop habitats ecotone distributions were 

expected. 

2. To determine the effect of large-scale farmland extensification (conversion of natural 

habitats to farmland) on the abundance of focal taxa whilst considering interactions with local 

farmland extensification. The abundance of cultural species was predicted to respond 

positively (or at least neutrally) to increasing farmland area and consolidation whereas 

abundances of ecotone and disperser species were predicted to decline.  

3. To determine how cropland resource availability directly affects the abundance of focal taxa, 

their spillover and their abundance response to farmland extensification at local and landscape 

scales. It was expected that greater resource availability (e.g., floral resources for pollinators) 

in croplands would enhance spillover from non-crop habitats into fields for ecotone species. 

3.2. Materials and methods 

In summary, woody natural habitat in the study area (Figure 3.1) was mapped from satellite 

imagery and small and large fields (representing consolidation of fields) were selected from 

landscapes of high and low natural habitat (representing the conversion of natural habitat into 

cropland). To investigate spillover the abundance of blister beetles, ground beetles and 

darkling beetles (Coleoptera: Meloidae, Carabidae and Tenebrionidae) and hymenopteran 

pollinators, predators and parasitoids were assessed with increasing distance from field edge 

using pitfall and pan traps. To estimate field resource availability for flower visitors floral area 

was assessed using transects stratified between differing land-uses within fields and for 

epigeal beetles habitat structure at the trap was measure using quadrats. 

 Study system 

The study landscape was located in lowland (<1100 m a.s.l.) areas of Taita-Taveta County of 

south-east Kenya approximately centered on the town of Mwatate (lat -оΦрлоɕΣ ƭƻƴƎ оуΦоспɕύ. 

The landscape was a mosaic of open dry woodland (Acacia spp. and Commiphora spp.) and 

rainfed, low-input, non-mechanised small-scale farming dominated by maize intercropped 

with dry beans or cowpeas. As agrochemical inputs (pesticides, herbicides and inorganic 

fertilisers) were very low to non-existent and tillage was manual (farmers used mattocks or a 

shallow ox plough) cropland hostility (to insects) from mechanical or chemical disturbance was 

low. 
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Agriculture is the dominant source of income for Kenyans employing 80% of the 

national labour force (World Bank 2013) and a rising population is increasing demand for 

agricultural land. Taita-Taveta County had an annual population growth rate of 1.6% between 

1999-2009, the total population of the county in 2009 was c. 284,000 in c.17,000 km2, 48% of 

whom were under 20 years old (National Council for Population and Development 2013). High 

population growth rates coupled with saturation of the farmland resource in the wetter 

highlands of the Taita Hills has resulted in rapid, unplanned, conversion of dry forest to 

croplands in lowland areas. Dry forest area in the Taita Hills and the surrounding lowlands is 

estimated to have shrunk 22% between 1987 and 2003 at an annual rate of approximately 

1.5% and this recent deforestation has largely occurred in lowland areas (Maeda et al. 2010a). 

Simulations based on current rates of change predict lowland areas will be almost completely 

denuded of dry forest by 2030 (Maeda et al. 2010a), although there was still a substantial area 

remaining at the time of this study.  

The dominant soil types within the study zone were rhodic ferralsols and chromic 

luvisols (Batjes and Gicheru 2004), these are clays or sandy loams with moderate fertility, low 

organic matter content and poor water retention capacity (Mbora 2002). Rainfall patterns in 

Taita are bimodal; with a long rainy season occurring from March to June, with a shorter rainy 

season in October to December (Pellikka et al. 2009). Rainfall increases with altitude with 

average annual totals for the lowlands 587 mm at 560 m (Voi) increasing to 1132 mm in the 

uplands at 1768 m (Mgange) (Pellikka et al. 2009). Rainfall is highly variable between years, 

from 1986 to 2003 the minimum annual rainfall was 200 mm in the lowlands and the 

maximum 2000 mm in the highlands (Pellikka et al. 2009). 

 Natural habitat mapping 

The study zone was limited to lowland areas where dry forest and wooded grasslands 

(considered here to be non-agricultural areas with >20% cover of shrubs or trees) were the 

dominant natural habitats in the landscape. Landsat imagery was too coarse to provide spatial 

habitat information at a spatial-scale appropriate for agricultural insects, so woody habitat was 

mapped manually using QGIS 2.0 (QGIS Development Team 2013) and freely available high-

resolution (c. 2 m pixel width) satellite images from the openlayers plugin. Imagery recorded 

during the dry seasons of 2010-2012 was used for mapping as this provided the greatest 

contrast between woody vegetation and agricultural areas. The minimum mapping unit was 25 

m2 and the final map was smoothed in ArcGIS 10.0 (ESRI 2011) using a PAEK algorithm with 10 

m tolerance as this gave a good visual fit to satellite imagery. A total of 525 km2 was mapped 

(Figure 3.1). The primary landuses of non-wooded areas were cropland, settlement, roads and 
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pasture, of these cropland was dominant (>80% of non-wooded areas). From henceforth forest 

or woody natural habitat is referred to ŀǎ άƴŀǘǳǊŀƭ Ƙŀōƛǘŀǘέ ŀƴŘ ŀƭƭ ƻǘƘŜǊ ŀǊŜŀǎ ŀǎ άŀƎǊƛŎǳƭǘǳǊŜέ. 

 

Figure 3.1 Study zone and sample site locations. The underlying basemap is a true colour landsat image. 

Access to water is considered important for ecosystem service providing insects in arid 

environments (Zachariassen et al. 1987; Lovei and Sunderland 1996; Holland 2002; Martins 

2004), so perennial or semi-perennial water features (streams and dams) were also mapped 

from satellite imagery in conjunction with the local knowledge of residents and ground 

truthing. 

 Analysis of landscape structure, study design and site selection 

To determine the degree of agricultural extensification and loss of natural habitat across the 

entire study area, Patch Analyst 5.1 (Rempel et al. 2012) in ArcGIS 10.0 (ESRI 2011) was used to 

determine landscape fragmentation metrics within a radius of 1 km from points set in a 50 x 50 

m fishnet grid clipped to agricultural areas. The 20% of points with the lowest proportion of 

natural habitat within 1 km and the 20% of points with the highest were selected and buffered 

to 100 m creating an area representing the extremes of landscape change. To improve 

standardisation between potential field sites, points within 1 km of large commercial sisal 

plantations and ranchlands, large settlements or protected areas were excluded, as were 
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points above 1100 m a.s.l. ƻǊ ƻƴ ǎƭƻǇŜǎ ƎǊŜŀǘŜǊ ǘƘŀƴ рɕΦ²ƛǘƘƛƴ ǘƘŜ ǎǳōǎŜǘ ŀǊŜŀ ƭŀƴŘǎŎŀǇŜ 

metrics were recalculated using the same procedure as before but for higher resolution 20 x 

20 m fishnet point grid. Potential study landscapes were identified from this grid by selecting 

points within the upper 20% and lower 20% ranges for proportion of natural habitat and 

buffering them to a distance of 20 m. To investigate the effects of increasing distance from 

field edge (spillover) arable fields were mapped and the largest and smallest fields, defined as 

those differing in area by approximately an order of magnitude or more, were selected as 

potential study sites (Figure 3.2). To minimise correlations between boundary habitat and 

landscape potential study sites were limited to fields with boundaries comprising at 75% or 

more dry-forest or bushland that extended at least 5 m from the field edge (Figure 3.3).  

 

Figure 3.2 Study design with summary statistics for landscape and field size, see Table 3.2 for errors. 

 

Figure 3.3 Examples the natural habitat cropland boundary in study fields. 

Study fields were randomly selected from potential sites to give five large and five small fields 

in high and low natural habitat landscapes (Figure 3.2). Fields of the same size category were 

separated by a distance of approximately 2 km, this was assumed to give adequate spatial 

independence between study landscapes for the majority of ecosystem service providing 

insects (Steffan-Dewenter 2003; Kremen et al. 2004; Winfree et al. 2008; Chaplin-Kramer et al. 

2011). Paired large and small sites were allowed within landscapes and at the 1 km scale the 

study contained 16 independent landscapes with four paired sites.  

Low natural habitat  

(ὼ = 23% within 1 km) 

Small field n=5  

(ὼ = 3280 m
2
) 

Large field n=5  

(ὼ = 39909 m
2
) 

Small field n=5  

(ὼ = 4543 m
2
) 

Large field n=5  

(ὼ = 36224 m
2
) 

High natural habitat  

(ὼ = 60% within 1 km) 

Study zone 
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 Sampling methods 

Trapping was conducted between August 2012 to June 2013. Pan and pitfall traps shared fixed 

sampling points at the edge and centre of each field, the midpoint between these and at any 

15m intervals from the edge that were not represented by midpoint or centre. The placement 

of the edge trap was random then the average distance between the remaining traps was 

maximised. Traps were only placed in cultivated areas where the nearest field boundary was 

dense woody habitat.  

Triplicate pan-traps (12 cm diameter and 6 cm deep aluminium bowls with sloping 

sides) sampled mobile insects attracted to floral resources, the focal taxa for this study were 

bees, parasitoid Hymenoptera, predatory Hymenoptera and blister beetles (Coleoptera: 

Meloidae). Pan-trapping is the most efficient method of sampling bees in agricultural habitats 

(Westphal et al. 2008) and has also been used to study parasitic and predatory Hymenoptera 

(Bowie 1999; Christie and Hochuli 2009; Saunders and Luck 2013). Blister beetles were 

includedas they are potential pests of leguminous crops and were abundant in pan-traps 

(Durairaj and Ganapathy 2000; Otieno et al. 2011). To account for different colour preferences 

of hymenopteran species (Kirk 1984; Aguiar and Sharkov 1997; Toler et al. 2005; Campbell et 

al. 2007) pans were painted either fluorescent yellow (1005), sky blue (15) or white gloss 

enamel, blue and yellow pans were protected with clear varnish. Pans were repainted each 

sampling round. Pan-trap height was adjusted to ensure visibly was not obscured by local 

vegetation. Pans were filled with water mixed with a small amount of detergent to a depth of 

2cm from the rim. Traps were set in the morning, mean (SD) 0905 hours ± 31 min and 

retrieved in the afternoon of the same day, mean (SD) 1557 hours ± 40 min, mean (SD) trap 

exposure was 6.88 ± 0.48 hours. Six rounds of pan-trapping were conducted during August, 

September and November in 2012, and in January / February, April and May / Jun in 2013. 

Pan-trapping was not carried out in strong winds or on rainy days and was repeated if the 

weather changed from favourable to unfavourable conditions during in the day. There were a 

total of 104 pan-traps, 66 in large fields (5-9 traps/field) and 38 in small fields (3-4 traps/field), 

spilt evenly between landscapes. 

Pitfall traps (500 ml plastic cups, 94 mm in diameter and 135 mm deep) sampled 

epigeal beetles (Ekroos et al. 2010; Ikeda et al. 2010; Gilroy et al. 2014). The focal taxa in this 

study were ground beetles (Coleoptera: Carabidae) and darkling beetles (Coleoptera: 

Tenebrionidae); and these were chosen because they were abundant in traps and had 

relevance to crop production. Ground beetles are generally considered to be natural predators 

of crop pests (Holland 2002) and darkling beetles consume fresh or decaying vegetation with 



50 

many species noted as significant crop pests (Allsopp 1980; Arnett and Michael 2002). Scarab 

beetles (Scarabidae) and blister beetles (Meloidae) were also evaluated but had strongly over-

dispersed distributions (suggesting aggregative behaviour) that could not be dealt with by 

generalised models. Pitfalls were filled with water mixed with a small amount of detergent to a 

volume of 300 ml. To prevent birds scavenging trap contents and overflow from rain storms, 

and to reduce evaporation, pitfalls were covered with a 150 mm diameter white plastic plate 

raised 2.5 cm from the soil surface. Pitfalls were initially left in-situ for five days, however this 

was reduced to three days in subsequent trapping rounds. Pitfall trapping conducted in August 

and November in 2012, and in March and May / June in 2013. After discounting damaged 

traps, there were a total of 91 pitfall traps; in high natural habitat landscapes 28 in large and 

19 in small fields, and in low natural habitat landscapes 16 in large and 18 in small fields. 

For both trapping methods sites were stratified into groups that could be practically 

visited in a single day then the sampling order of sites was randomised each round. Sampling 

order was also randomised for the traps within sites. Collected specimens were temporarily 

stored in 70-99% ethanol until pinned for identification. If specimens were very small they 

were stored in sealed microtubes with 99% ethanol.  

Taxonomic determinations for beetles > 04 mm in length were made to species by 

M.Mutua, and to genera and species/morpho-species for bees by M.Gikungu, J.Macharia and 

P.Steward, all using the reference collection at the National Museums of Kenya, Nairobi, 

Kenya, where bee and beetle specimens were deposited. Beetle specimens <0.4mm in length 

(365 / 3254 specimens, 11.2%) were not identified and are excluded from analyses. The 

identity of specimens of non-apiforme Hymenoptera was determined to family for parasitoid 

wasps and to genera for vespid or spheciforme wasps by R.Copeland at ICIPE, Nairobi, Kenya, 

and non-apiforme hymenopteran specimens were deposited at ICIPE. 

Traits were attributed to taxa using the literature summarised in Appendix G and 

Appendix H. 

 Assessment of resource availability 

Floral resources are considered an important indicator of cropland (and matrix quality) for the 

flower visiting insects attracted to pan-traps (e.g., Carvalheiro et al. 2011), and were estimated 

within study fields using transects.  

To inform the location of floral transects within fields the following land-uses were 

mapped: fallow (cropland not cultivated for at least two season), very weedy areas (cropland 

not cultivated for the current season or if cultivated abandoned and non-crop vegetation 

dominant compared to crops), trees and shrubs (as defined in Di Gregorio 2005; scattered 
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trees and shrubs within another landuse were considered part of that landuse) and croplands 

(areas growing crops or recently tilled bare ground). Small-scale variation in land-use within 

fields varied between seasons and was mapped twice after farmers had tilled and planted for 

the growing season. Mapping was conducted using a combination of field sketches cross-

checked against GPS generated tracks and waypoints. The minimum mapping unit was 3 x 3 m, 

distinct areas smaller than this were marked as points.  

Floral transects were conducted at the same time as insect sampling. Transects were 

randomly located with the constraints that they were separated by at least 15 m and did not 

cover more than one land-use. Transects were stratified between crop and non-crop habitats 

(within fields). Cropland received a 30 x 2 m transect plus one additional transect for every 

10,000 m2 of cropland area, up to a maximum of five transects. Non-crop transects were 20 x 2 

m and were located in areas of fallow, recently abandoned crops/cultivation and trees or 

shrubs, if an area could not accommodate a 20 m transect then the longest dimension of that 

area was used. Impenetrable habitats were surveyed with perimeter transects extending 1m 

into the habitat. When a field contained one to five non-crop habitats each of these were 

allocated floral transects. If five to ten non-crop areas were present the two largest areas were 

allocated transects and then a further three transects were randomly allocated to the 

remaining areas. If 10 to 20 non-crops areas were present the four largest areas were 

allocated transects and then a further four transects were allocated to the remaining areas. A 

total of 530 transect surveys were completed, 242 in non-crop areas with the remainder in 

cropped areas. 

All flowers within transects were counted (including grasses and sedges). Clusters of 

flowers in compound flowerheads or inflorescences were counted together unless individual 

flowers within a cluster were large (>10mm) in which case they were counted singly. Plants 

were photographed, described, sampled and pressed for later identification at the National 

Museums of Kenya, 97.8% of flowers recorded were identified to genera and 53.2% to species. 

Floral area of flowers was estimated using a combination of field measurements and reference 

to regional floras (Kew Royal Botanic Gardens 1952-2012; Kew Royal Botanic Gardens 1960-

2013; Kew Royal Botanic Gardens 1993-2009). Floral area of compound flowers or 

inflorescences was the floral area of the floret multiplied by the mean number of open florets 

per inflorescence. 

For each land-use class within a field floral diversity, calculated using {ƘŀƴƴƻƴΩǎ 5, and 

floral area (cm2 of flower per m2) were  estimated. Floral estimates at the field level were 

generated by combining scores for each land-use class within a field weighted according to the 
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area of each class within the field. The floral area of Datura stramonium (which contributed 

0.16% of all flowers recorded) was down-weighted (reduced) by 90% as its flowers are closed 

during in the day reducing their visible area and preventing access to nectar and pollen 

resources by day-flying species of Hymenoptera, it was not completely excluded as flowers 

may have still provided resources to flower-robbing species. Floral areas for species with wind-

pollinated flowers (including species in the family Poaceae and some Amaranthus spp.) were 

down-weighted 50% as these plants only provided a single resource, pollen but not nectar. 

Wind pollinated species accounted for approximately 15% of the weighted floral area summed 

across all sites. Casual observations of large numbers of honey bees foraging on maize anthers 

indicated that grass pollen could provide an important resource to bees in this context. 

Each sampling round, floral area was also assessed (as per transects) within a 1 m2 

quadrat centred on each trap. Within the same quadrat indicators of resource availability for 

epigeal beetles were also recorded, these were the percentage cover of vegetation, bare 

ground and leaf litter. Leaf litter is a potential source of cover for epigeal beetles and a 

potential source of food for detritivorous beetles (Robertson 1993) and living vegetation 

provides food for phytophagous beetles. 

For coleoptera, predatory Hymenoptera and parasitoid Hymenoptera the measures of 

resource availability are proxies for resource availability prey and host densities, for example, 

would better predict resource availability (although to assess this would require resources 

beyond the means available to this thesis). 

 Weather 

Hourly temperature records were estimated using data from naturally aspirated (open to the 

the air) DS1921G Thermochron iButtons (Maxim Integrated, San Jose, California). Temperature 

was separately averaged for the four eastern sites (Figure 3.1) and all others sites as the 

former were approximately 200 Ƴ ƭƻǿŜǊ ƛƴ ŜƭŜǾŀǘƛƻƴ ŀƴŘ нɕ/ ǿŀǊƳŜǊ. Thermochrons were 

shaded by a 12 x 12 cm plyboard and positioned 15 cm from the ground in the centre of each 

field. Day time temperatures were derived from the period 0701-1700, corresponding to the 

hours of pan-trapping. 

Rainfall was estimated using simple rain-gauges, consisting of a 23.2 cm diameter 

funnel and an 8 l collecting bucket dug into the centre of each field. Records from the 

¦ƴƛǾŜǊǎƛǘȅ ƻŦ IŜƭǎƛƴƪƛΩǎ ǿŜŀǘƘŜǊ ǎǘŀǘƛƻƴ ŀǘ aǿŀǘŀǘŜ ǿŜǊŜ ǳǎŜŘ ǘƻ ŎƻǊǊƻōƻǊŀǘŜ ǊŜŀŘƛƴƎǎ when 

available. Recent rainfall was considered to have a larger effect on trap catch than the annual 

estimate for a site hence rainfall as a predictor in models was the summed rainfall for a site for 

the 3 week windows prior to and including sampling dates. 
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Site coverage for both temperature and rainfall was variable due to repeated theft or 

damage, where data was missing it was substituted from the nearest spatial neighbour. 

Temperature and rainfall values were scaled (values divided by the mean) and centred 

(mean subtracted from values) before use in analysis. 

 Statistical analyses 

GLMMs in glmmadmb version 0.8.0 (Skaug et al. 2014) and R version 3.1.0 (R Development 

Core Team 2014) were used to assess the abundance response of species groups (as measured 

by summed trap-catch for all sampling rounds) to spillover (distance from edge of field), loss 

and fragmentation of natural habitat, and cropland resource availability. Table 3.1 details all 

predictors used in analyses and the subset of GLMM models they were included in. Some 

predictors were correlated (discussed subsequently) and, as such, were subset in models 

according to those for which there was an a priori reason to expect the greatest influence on 

the abundance response of focal taxa. To assess the importance of predictors that were not 

included in the global model, and to validate the choice of those that were chosen, ordination 

was used. Predictors were transformed using Principal Components Analysis (PCA) (rotation = 

varimax) into four ordination axes όŀƭǿŀȅǎ ŜȄǇƭŀƛƴƛƴƎ җ тр҈ ƻŦ ǾŀǊƛŀƴŎŜ ōŜǘǿŜŜƴ ǇǊŜŘƛŎǘƻǊǎύ. 

Henceforth, ǘƘŜǎŜ ƳƻŘŜƭǎ ŀǊŜ ǊŜŦŜǊǊŜŘ ǘƻ ŀǎ άt/!έ ƳƻŘŜƭǎΦ ¢ƻ ŀŎŎƻǳƴǘ ŦƻǊ ǎǇŀǘƛŀƭ ŀǳǘƻ-

correlation between landscapes and for traps within sites all models contained a fixed-slope 

random term for sites nested within landscape. 

All combinations of landscape metric (edge density or proportion of natural habitat, 

for definitions see Table 3.1) and the spatial-scales at which they were calculated (buffers of 

field boundary scaled at 50 m, 100 m, 200 m and then at 200 m intervals until 2000 m) were 

tested in the global models. The nesting of sites within landscapes was adjusted for the spatial 

scale of landscape analysis. The metric and scale that gave the most predictive global model 

(lowest AIC) was selected for backwards stepwise model simplification. Model selection was 

ōŀǎŜŘ ƻƴ !ƪŀƛƪŜΩǎ LƴŦƻǊƳŀǘƛƻƴ /ǊƛǘŜǊƛƻƴ ό!L/ύ ŀŘƧǳǎǘŜŘ ŦƻǊ ǎƳŀƭƭ ǎŀƳǇƭŜ ǎƛȊŜǎ ǊŜƭŀǘƛǾŜ ǘƻ ǘƘŜ 

number of parameters (Burnham and Anderson 2002). Model predictions were evaluated 

using the functions glmer  or glmer.nb  from the lme4  library (Bates et al. 2014). 

Predictions were compared to observed data and if the match was poor, in particular for 

interactions, alternative model structures and further model simplification were investigated. 

Models were further evaluated by plotting residuals vs. fitted values, residuals vs. predictor 

variables, square-root-transformed fitted values vs. square-root-transformed observed values, 

Pearson residuals vs. square-root-transformed fitted values, raw residuals (observed vs. fitted 

values) vs. square-root-transformed fitted values, and by normal QQ-plots of residuals. 
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R2 values are not directly provided for mixed models, and, the methods developed by 

Nakagawa and Schielzeth (2013) for obtaining marginal and conditional R2 from mixed-models 

have not been implemented for negative binomial error distributions. Therefore the predictive 

power of the mixed models was assessed using a pseudo-R2 value (in the following simply 

referred to as R2) and calculated as the R2 from a regression between predicted and observed 

values (Gabriel et al. 2010). The sensitivity of R2 for each model variable was then estimated by 

ɲw2 lost from the regressions between model predictions and observed values when the 

coefficients of each model variable (main effect and interaction) were set to zero whereas the 

other coefficients remained constant (Gabriel et al. 2010). Where the predictions of interacting 

terms in regression models are presented, one term was varied across the range of 

corresponding observed values whilst the other terms were fixed at high, moderate and low 

values derived from observed values (upper third, middle third and bottom third of values). 

Where observed values are plotted against predictions data was binned according to the same 

predictor quantiles as per the predictive plot. These datapoints can take any value within a 

ǉǳŀƴǘƛƭŜΩǎ ǊŀƴƎŜΦ tƭƻǘǎ ƻŦ ƻōǎŜǊǾŜŘ ǾŀƭǳŜǎ Řƻ ƴƻǘ ǎƘƻǿ ǘƘŜ ƛƴŦƭǳŜƴŎŜ ƻŦ ǊŀƴŘƻƳ ŜŦŦŜŎǘǎ ŀƴŘ ŀǊŜ 

intended to demonstrate general patterns in the data. 

Table 3.1 Predictors used in GLMM analyses. 

Predictor Unit / description 

Pan traps Pitfall Traps 

Main 
models 

PCA 
models 

Main 
models 

PCA 
models 

Day temperatureϞ,ϟ aŜŀƴ ǘŜƳǇŜǊŀǘǳǊŜ όɕ/ύ ŦƻǊ ǇŜǊƛƻŘ лтлл-1700 hours  Y  Y 

Distance to edge Distance from trap to edge of field (m) Y Y Y Y 

Distance to water Distance from trap to water source (km) Y Y Y Y 

Edge density* 
Edge density of natural habitat within a specified 
distance of field-edge (m / 100 m2) 

Y Y Y Y 

Fallow§ % of field fallow   Y Y Y 

Field floral areaϟ cm2 flower area / m2 field area Y Y  Y 

Field floral diversityϟ Shannon's D  Y   

Leaf litterϟ % cover of leaf litter in 1 m2 quadrat centred on trap   Y Y 

Natural habitat 
% of natural habitat within a specified distance of 
field-edge 

Y Y Y Y 

Rainfall Ϟ,ϟ 
Summed rainfall for 3 week windows prior to and 
including sample date (cm) 

 Y  Y 

Trap floral areaϟ cm2 flower area / m2 field area  Y   

Vegetation coverϟ 
% cover of vegetation in 1 m2 quadrat centred on 
trap 

      Y 

* Included when edge density gave a global model with lower AIC than the global model using natural habitat, no global 
models included both these terms. 
Ϟ Centered before including in analyses. ϟ Averaged across sampling rounds. § Averaged across two growing seasons. 
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To give a descriptive summary of the data bootstrapping was used to estimate dependent and 

predictor means and 95% CIs (resampling with 10000 replicates) between factorial 

combinations of small and large fields in low and high natural habitat landscapes. To give equal 

effort between factors only edge, midpoint and central traps were used to generate 

dependent estimates. Bootstrapping estimates do not take into account random effects or 

covariates (such as within-field resource availability) and cannot directly be compared to 

regression results. 

Modelling potential flower visitor1 response to local and landscape change 

Models assessed the dependent variables of abundance of Hymenoptera, bees excluding 

stingless bees, stingless bees (species in the Tribe Meliponini), predatory Hymenoptera, 

parasitoid Hymenoptera and blister beetle abundance. Error distributions for models were 

negative binomial with variance equal to ‘ρ  ‘ȾὯ. Global models contained fixed terms for 

ὨὭίὸὥὲὧὩ ὸέ ὩὨὫὩ ὰὥὲὨίὧὥὴὩ  ὨὭίὸὥὲὧὩ ὸέ ύὥὸὩὶ and ὨὭίὸὥὲὧὩ ὸέ ὩὨὫὩ 

 ὰὥὲὨίὧὥὴὩ  άὩὥὲ ὪὭὩὰὨ Ὢὰέὶὥὰ ὥὶὩὥ, and a fixed-slope random term for sites nested 

within landscape (if landscape was considered at a scale where there was significant overlap). 

Field floral area, field floral diversity and trap floral area were significantly correlated (range of 

r values = 0.23 to 0.51, largest p-value = 0.021) and of these field floral area was retained in 

the starting model as it was considered the most biologically relevant to cropland resource 

availability for flower visitors. Field floral area was also significantly correlated with fallow land 

within fields (r=0.51, p < 0.01) and so the latter was excluded from the starting model. 

The ordination axes used in global PCA models were derived from the predictors 

distance to water, landscape, fallow, rainfall, trap floral area, field floral area, field floral 

diversity and mean day temperature. Distance from edge was not strongly correlated with any 

other predictor hence was excluded from the PCA transformation. Global PCA models included 

three-way interactions between the PCA axis onto which landscape loaded most strongly, 

distance to edge and the remaining three PCA axes representing correlated aspects of 

resource availability (fallow land and floral resources), distance to water and climate (rainfall 

and day-time temperature).  

                                                           

1 Here, potential flower visitors are considered to be Hymenoptera and blister beetles caught in pan-
traps. 
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Modelling epigeal beetle response to local and landscape change 

Individual models assessed the dependent variables of ground beetle (Carabidae) and darkling 

beetle (Tenebrionidae) abundance, models had a negative binomial error distributions with 

variance equal to ‘ρ  ‘ȾὯ.  

Due to livestock damage missing data was an issue for 12 of 104 traps, eleven of which 

were in large fields and eight of which were from low natural habitat landscapes. Sensitivity of 

analyses to the missing data was investigated by comparing models where traps with missing 

data were coded with a random effect against models run with missing traps excluded and the 

results compared. In all cases there was good correspondence between models, and the 

results of the models excluding traps with missing data are presented. 

Pitfall trap predictors differ to those used in pan trap models as ground level resource 

availability was considered to be of biological significance to cropland resource availability for 

beetles. Fallow was strongly correlated with field floral area (r=0.52, p < 0.01) therefore the 

latter was dropped from starting global models. Leaf litter and vegetation cover were also 

correlated (r = 0.33, p < 0.01) and the latter was dropped from starting global models. 

Global models contained fixed terms for landscape x distance to water, distance to 

edge x landscape x fallow and landscape x leaf litter x fallow. Global PCA model ordinations 

contained the predictors distance to water, landscape, fallow, rainfall, leaf litter, vegetation 

cover, day temperature and floral area. Again, distance from edge was not strongly correlated 

with any other predictor hence was excluded from the PCA transformation. Models were 

structured as per the flower-visitor models. 

3.3. Results 

 Descriptives 

A total of 1657 Hymenoptera were caught in pan-traps, of these 25.8% were stingless bees, 

29.8% were other bees, 16.2% were predatory and 28.2% were parasitoids. Stingless bees 

were dominated by the genus Hypotrigona (89.0%), and, of the other bees, Macrogalea 

candida was the most abundant taxon (46.9%) followed by species in the genus Lasioglossum 

(17.4%). Sand wasps or digger wasps (fossorial Crabronidae) accounted for 61.7% of predatory 

species, of these 48.8% were in the genus Tachysphex. Species in the superfamily Vespoidea 

contributed a further 38.3% of predators, these were typically spider wasps (Pompilidae, 

49.5%) or potter wasps (Vespidae: Eumeninae, 39.8%). Parasitoids were represented by 28 

families in 12 superfamilies. Chalcid wasps were most frequently caught (Chalcidoidea, 30.8%), 

followed by scelionid wasps (Scelionidae: Platygastroidea, 19.3%) then bethylid wasps 

(Bethylidae: Chrysidoidea, 14.6%). Blister beetles in the tribe Mylabrini were strongly attracted 
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to pan traps as demonstrated by a total catch of 2033 individuals. Coryna arussina was the 

most frequently trapped species (52.7%) followed by a Ceroctis sp. (18.8%) then Mylabris 

praestans (16.0%). 

Pit-fall traps caught a total of 1142 darkling beetles and 174 ground beetles. Darkling 

beetle catch was dominated by Pimeliinae (77.9%), in particular Rhytinota gravidula (41.2%) 

and Zophosis anquisticostis/collaris (22.8%), with Gonocephalum simplex (Tenebrioninae) also 

common (20.8%). Detailed summaries of trap catches are provided in Appendix C. 

Bootstrapped means of summed catch per trap (referred to abundance from hereon) 

for factors of landscape vs. field size showed high variance. Bootstrapped values are intended 

to describe the data and highlight differences between sites, with subsequent regression 

models quantifying trends and relationships. Flower visitor 95% confidence intervals 

overlapped between all factors and species groups (Figure 3.4).  

 

Figure 3.4 Flower visitor abundance bootstrapped means (10,000 replicates) with error bars for 95% 
confidence intervals from pan trapping. Abundance per trap was derived from the summed catch of six 
trapping rounds, using only edge, midpoint and centre traps. 

Small fields in high natural habitat landscapes had significantly lower abundances (95% 

confidence intervals from bootstrapping did not overlap, Figure 3.5) for darkling and scarab 

beetles compared to all other factors, and for ground beetles compared to large. Blister 

beetles were significantly and substantially (approximately 4.5 times) more common in large 

fields in high natural habitat landscape. 
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Potential sources of variance for the bootstrapped abundances of focal taxa between 

study factors (Table 3.2) were distance to water (mean 1.3 km for large fields in low natural 

habitat landscapes and approximately 2.9 km for other sites), proportion of field fallow 

(approximately 20% in large fields and 40% in small fields, averaged over two growing 

seasons), field floral area (mean for small fields was approximately 5 cm2 /  m2 compared to 

2.5-4 5 cm2 /  m2 in other sites) and, for pan-trapping only, recent rainfall (on average 2.6-2.7 

cm in small fields in low natural habitat landscapes and large fields in high natural habitat 

landscapes, and 3.7-4.6 cm in other sites). These variables were considered as predictors in 

regression models. 

The correlation within landscape metrics between the smallest and largest spatial 

scales of calculation (50 m, 2000 m) were r = 0.25 (p = 0.012) for edge density and r = 0.511 (p 

< 0.0001) for percentage of natural habitat. Correlations between edge density and natural 

habitat at the spatial scales of 50 m, 1000m and 2000 m were tŜŀǊǎƻƴΩǎ Ǌ Ґ -0.65, -0.97 and -

0.94 respectively (all p < 0.0001). Therefore in regression models although the most predictive 

metric at the most predictive spatial scale was used to define the landscape independent 

variable for the abundance response of a particular taxa there was still likely to be an 

abundance response to other landscape metrics and spatial-scale. 

 

Figure 3.5 Epigeal beetle abundance bootstrapped means (10,000 replicates) with error bars for 95% 
confidence intervals. Abundance per trap was derived from the summed catch of four trapping rounds, 
using only edge, midpoint and centre traps. 



 
 

 

5
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Table 3.2 Summary statistics for local, landscape and climatic predictors of 20 sites surveyed during the period August 2012 ς June 2013. 

* Mean and standard error estimated by bootstrapping (replicates = 10,000). Ϟ Calculated from traps within sites rather than at site level (total n = 104, see Methods for n per context). ϟ Also 
ǊŜŦŜǊǊŜŘ ǘƻ ŀǎ ǎƛƳǇƭȅ ΨŦƭƻǊŀƭ ŀǊŜŀΩΦ 

Predictor Sampling method 

Agricultural context 

All sites (n=20) 
Low natural 

habitat, large 
fields (n=5) 

Low natural 
habitat, small 
fields (n=5) 

High natural 
habitat, large 
fields (n=5) 

High natural 
habitat, small 
fields (n=5) 

Mean SE Mean SE Mean SE Mean SE  Mean SE 

5ŀȅ ǘŜƳǇŜǊŀǘǳǊŜ όɕ/ύ* Pit 28.9 0.16 28.5 0.26 28.6 0.18 29.2 0.38 29.4 0.15 

5ŀȅ ǘŜƳǇŜǊŀǘǳǊŜ όɕ/ύ* Pan 29.3 0.29 28.5 0.11 29.0 0.56 30.8 0.55 28.7 0.15 

Distance to water (km)Ϟ Pan & Pit 2.5 0.41 1.3 0.78 3.0 0.91 2.9 0.75 2.9 0.87 

Edge density within 1000 m (m /  100 m2) Pan & Pit 4.0 0.43 2.4 0.24 2.2 0.37 5.2 0.37 6.20 0.37 

Fallow (%)* ,Ϟ Pit 29.1 4.56 22.2 5.46 43.8 8.61 17.3 2.27 33.5 11.19 

Fallow (%)* ,Ϟ Pan 29.6 4.63 17.3 2.30 44.3 8.77 22.2 5.53 33.3 11.24 

Field area (m2) Pan & Pit 20890 1233 39909 6308 3281 180 36224 4108 4545 324 

Field floral area (cm2 /  m2)* ,ϟ Pit 3.6 0.45 2.4 0.40 5.5 1.30 3.1 0.48 3.7 0.36 

Field floral area (cm2 /  m2)* ,ϟ Pan 3.7 0.41 2.8 0.32 5.0 0.94 3.0 0.75 4.2 0.54 

Floral diversity ό{ƘŀƴƴƻƴΩǎ 5ύϝ Pan 0.9 0.06 0.8 0.09 1.0 0.15 0.8 0.11 0.9 0.10 

Leaf litter (%)* ,Ϟ Pit 13.6 0.53 14.1 0.97 13.7 0.48 13.2 1.28 13.6 1.11 

Natural habitat within 1000 m (%) Pan & Pit 41.3 4.50 21.3 1.00 24.1 4.20 62.3 2.00 57.2 5.10 

bƛƎƘǘ ǘŜƳǇŜǊŀǘǳǊŜ όɕ/ύ* Pit 19.8 0.11 19.6 0.13 19.6 0.13 19.8 0.19 20.2 0.28 

Rainfall (cm)*  Pit 4.0 0.21 4.6 0.48 4.2 0.31 3.7 0.39 3.7 0.28 

Rainfall (cm)*  Pan 3.4 0.24 3.7 0.28 2.6 0.40 2.7 0.31 4.6 0.20 

Vegetation cover (%)* ,Ϟ Pit 43.1 1.63 42.8 2.86 41.9 2.95 42.2 3.26 45.4 3.32 

Vegetation cover (%)* ,Ϟ Pan 40.7 1.42 42.6 2.05 37.6 2.66 39.4 2.83 43.1 2.60 
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 Regression models: distance from field edge x landscape x resource 

availability 

Unless stated otherwise discussion of models refers to untransformed minimum adequate 

models (MAMs, Table 3.3). Where estimates of abundance are given at high or low values of 

predictors these correspond to the predictor quantiles used to make predictive graphs and not 

the minimum or maximum of observed values. Where confidence intervals (CIs) are presented 

these include error from fixed and random terms. 

Table 3.3 Summaries of GLMM minimum adequate models with untransformed predictor variables. ɲw2 
= Share in ɲw2 relative to R2 of fixed effects. R2

FE = model R2 fixed effect. R2
FE+RE: model R2 fixed effect + 

random effect. Floral Area = field floral area. NH= proportion of natural habitat, ED = edge density, 
numbers following NH or ED refer to the spatial scale for calculation. If predictors were included in a 
significant interaction then only the interaction is presented. See Table 3.1 for descriptions of predictors. 
Note, as error distributions were negative binomial or Poisson, a log link was used in models. 

Flower visitors (pan trapping) 

Model Terms Coefficient Std. Error p Predictor ɲw2 

All Hymenoptera 

Distance -0.0066 0.0022 0.0026 Distance 53.7 

(Floral Area)2 0.0974 0.0275 0.0004 Floral Area 38.4 

(Floral Area)3 -0.0130 0.0037 0.0005 NH1000 10.7 

NH1000 -0.1023 0.0186 <0.0001   

(NH1000)2 0.0011 0.0002 0.0026   

R2
FE: 0.39; R2

FE+RE: 0.49; AIC = 613.12         

Predatory Hymenoptera 
Distance -0.0107 0.0050 0.034 Distance NA 

R2
FE: 0.00 ; R2

FE+RE: 0.20; AIC = 327.8         

Blister beetles 

ED1200 * Dist Water -0.1134 0.0227 <0.0001 ED1200 19.6 

ED1200 * Distance * Floral Area 0.0034 0.0009 0.0002 Dist Water 37.7 

(Dist Water)2 -0.6822 0.1918 0.0004 Distance 15.9 

(Dist Water)3 0.0797 0.0259 0.0021 Floral Area 28.8 

R2
FE: 0.60; R2

FE+RE: 0.69; AIC = 638.3         

Stingless bees 

NH50 * Distance * Dist Water -0.0007 3E-04 0.0122 NH50 30.2 

Distance * Floral Area -0.0122 0.0044 0.0061 Distance 8.90 

(Dist Water)2 -2.4922 0.4986 <0.0001 Dist Water 30.6 

(Dist Water)3 0.3186 0.0680 <0.0001 Floral Area 30.3 

R2
FE: 0.40; R2

FE+RE: 0.60; AIC = 393.0         

Bees (less stingless bees) 

ED50 * Floral Area -0.1251 0.0548 0.022 ED50 51.0 

(Floral Area)2 -0.0761 0.0450 0.091 Floral Area 49.0 

R2
FE: 0.11; R2

FE+RE: 0.55; AIC = 446.7         

Parasitoid HymenopteraϞ 
NH100 -0.0195 0.0041 <0.0001 NH100 NA 

R2
FE: 0.20; R2

FE+RE: 0.20; AIC = 409.4         

Epigeal Coleoptera (pitfall trapping) 

Model Predictors: Coefficient Std. Error p Predictor ɲw2 

Darkling beetles 

NH200 * Dist Water 0.019 0.005 0.0001 NH200 47.5 

        Dist Water 52.5 

R2
FE: 0.49; R2

FE+RE: 0.68; AIC = 565.9         

Ground beetlesϞ NH2000 -0.2101 0.4997 0.031 Dist Water 49.4 

 Dist Water 0.1901 0.0777 0.018 NH2000 50.6 

  R2
FE: 0.10; R2

FE+RE: 0.10; AIC = 266.1         
ϞRandom effects had a negligible influence on model fit and had very low variance components. 
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Table 3.4 GLMM summaries for minimum adequate models with PCA transformed predictor variables. 
t/! ŀȄŜǎ ŀǊŜ ǎƘƻǿƴ ǿƛǘƘƛƴ ǇŀǊŜƴǘƘŜǎŜǎΣ ŎƻŘŜǎ ǊŜŦŜǊ ǘƻ ǇǊŜŘƛŎǘƻǊǎ ǘƘŀǘ ƭƻŀŘ җ лΦо ƻǊ Җ-0.3 onto an axis. 
DW = distance to water, T = temperature, F = % of field fallow, FA = field floral area, R = rainfall, FV = 
field floral area, field floral diversity and trap floral area, L = leaf litter and V = vegetation cover. PCA 
predictors are presented in order of loading strength and bold text indicates ƭƻŀŘƛƴƎ ƻŦ җ 0.6 ƻǊ Җ 0.6. 
Distance was not transformed, but was scaled to units of 100 m. If predictors were included in a 
significant interaction then only the interaction is presented. For details of other table codes see Table 
3.3. Note as error distributions were negative binomial or Poisson, a log link was used in models. 

Flower visitors (pan trapping) 

Model Terms Coefficient Std. Error p Predictor ɲw2 

All 
Hymenoptera 

Distance -0.7009 0.223 0.0017 Distance 13.5 

(NH1000/R/T)2 0.1315 0.0639 0.0397  (F/FA) 9.5 

(DW/ -T) 0.2521 0.0709 0.0004 (NH1000/R/T) 31.7 

(F/FA)2 -0.0823 0.0386 0.033  (DW/ -T) 45.3 

R2
FE: 0.31; R2

FE+RE: 0.47; AIC = 620.7         

Predatory 
Hymenoptera 

Distance -1.0650 0.5030 0.034 Distance NA 

R2
FE: 0.00 ; R2

FE+RE: 0.20; AIC = 327.8         

Blister beetles 

(ED1200) * Distance * (F/FA) 0.7936 0.36749 0.0308 (ED1200) 14.9 

(DW/ -T) -0.2224 0.0839 0.008 (DW/ -T) 45.1 

(FV/R) 0.7157 0.0984 <0.0001 (FV/R) 10.9 

        ( F/FA) 16.9 

R2
FE: 0.50; R2

FE+RE: 0.68; AIC = 643.3     Distance 12.1 

Stingless bees 

(NH50/ -TF) * Distance * (R/FV) -1.834 6E-01 0.0032 (NH50/ -TF) 10.9 

Distance * (-T/DW) 2.274 0.9100 0.0125 Distance 31.6 

    (T/ -DW) 40.5 

        (R/FV) 17.0 

R2
FE: 0.25; R2

FE+RE: 0.71; AIC = 392.7         

Bees (less 
stingless bees) 

(-ED50/FV/R) * Distance * (F/FA) -2.0948 0.7981 0.0087 ( -ED50/FV/R) 16.2 

(DW/-T)2 1.0732 0.7405 0.1472 Distance 7.4 

(DW/ -T) 0.0331 0.1052 0.0016 (F/FA) 14.3 

R2
FE: 0.34; R2

FE+RE: 0.56; AIC = 442.1     (DW/ -T) 62.1 

Parasitoid 
HymenopteraϞ 

(NH100) * Distance -0.9665 0.3141 0.0021 (NH100) 45.0 

(FV/R) * Distance 0.8587 0.3265 0.0085 Distance 21.4 

(F/FA) -0.2378 0.0866 0.006 (F/FA) 14.4 

(FV/R)2 -0.2744 0.0813 0.0007 (FV/R) 19.2 

(NH100)2 0.2302 0.0673 0.0006   
R2

FE: 0.33; R2
FE+RE: 0.33; AIC = 399.6           

Epigeal Coleoptera (pitfall trapping) 

Model Predictors: Coefficient Std. Error p Predictor ɲw2 

Darkling 
beetles 

(NH200/R/T) * (DW/-T) 0.561 0.189 0.003 (NH200/R/R)  38.2 

R2
FE: 0.69; R2

FE+RE: 0.22; AIC = 570.9     (DW/ -T) 61.8 

Ground 
beetlesϞ 

(-DW/T/NH2000) -0.4428 0.1513 0.0034 (-DW/T/NH2000) 32.8 

(FA/F) -0.5334 0.1751 0.0023 (FA/F) 67.2 

(FA/F)2 0.2521 0.0904 0.0053   

R2
FE: 0.21; R2

FE+RE: 0.21; AIC = 263.9         
ϞRandom effects had a negligible influence on model fit and had very low variance components. 

 Flower visitor (pan trapping) models 

All Hymenoptera 

Hymenoptera abundance showed a non-linear response to landscape change (Figure 3.6), 

which was best predicted as the percentage of natural habitat within 1000 m (Table 3.3). 

Predicted abundances were lowest when natural habitat was at intermediate values, declining 

by 50% or more at intermediate values. Conversely for resource availability, intermediate 

levels of floral resource were predicted to approximately double Hymenoptera abundance 
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compared to very low or high levels, again in a non-linear relationship. Regarding spillover, 

Hymenoptera abundance significantly declined (p=0.003) with increasing distance from field-

edge and ɲw2 suggested distance was the most important predictor in the MAM (Table 3.3). 
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Figure 3.6 GLMM predicted and observed values of Hymemnoptera abundance (individuals trap-1) when 
varying landscape, distance from field edge and resource availability (field floral area). When only fixed-
terms were included in the model R2 was 0.39 compared to 0.49 for the full model and there was good 
correspondence in model structure between untransformed and PCA models (Table 3.4), the former 

being most predictive. For further model details see Table 3.3. With natural habitat and floral area at 

intermediate values, predictions suggested a decline in Hymenoptera abundance from 8.22 

individuals trap-1 (95% CIs 5.36 to 11.08) at the field edge to individuals 4.84 trap-1 (95% CIs 

1.40 to 7.15) 100 m into a field, however there was substantial uncertainty for this estimate. 

Although the data suggest that there was a strong local effect of edge in this system it is likely 

that decay in abundance will attenuate beyond the range of distances available in the study 

zone (e.g., Ricketts et al. 2008). Extrapolation of distance beyond the range of observed values 

would give zero Hymenoptera at a distance of 1km from field-edge which is obviously 

unrealistic for cultural species (but is realistic for small ecotone species such as Hypotrigona 

stingless bees).  

Stingless bees (Family: Apidae, Tribe: Meliponini) 

Mean (SE) stingless bee abundance was 2.60 ± 0.383 individuals trap-1 and was best predicted 

using the percentage of natural habitat within 50 m of a field as the landscape metric within 

models. The MAM retained an interaction between landscape, distance to field-edge and 

distance to water (p = 0.012), and a two-way and interaction between distance to field-edge 

and floral area, it also included non-linear terms for distance to water (Table 3.3).  
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Figure 3.7 GLMM predicted and observed values of stingless bee abundance (individuals trap-1) when 
varying distance to field-edge for high and low values of distance to water and landscape (percentage of 
natural habitat within 50m). Fixed terms only gave a R2 of 0.40 which increased to 0.60 when random-
effects were included and there was fair correspondence in model structure between untransformed 
and PCA models (Table 3.4). For further model details see Table 3.3 

Regarding spillover, predicted stingless bee abundance was higher at the edge of fields closer 

to water (Figure 3.7), 7.05-8.01 individuals trap-1 (95% CIs 3.97 to 11.21), compared to those 

far from water with 0.89-0.94 individuals trap-1 (95% CIs -2.19 to 3.99). Distance only had a 

strong effect on stingless bee abundance when the landscape contained relatively little natural 

habitat and the field was near water, predicted abundance falling from 7.05 individuals trap-1 

(95% CIS 3.97 to 10.14) at the field edge to 0.45 individuals trap-1 (95% CIs -3.08 to 3.97).  

 

Figure 3.8 GLMM predicted and observed values of stingless bee abundance (individuals trap-1) when 
varying distance to field-edge for high, moderate and low values of resource availability (field floral 
area). For further model details see Table 3.3 and Figure 3.7. 

Regarding landscape, predictions suggested that stingless bee abundances were 

similar when local natural habitat was low and that increasing the percentage of natural 

habitat only had positive effect on abundance when distance to water was low (Figure 3.9). 

When near to water and to the field boundary, increasing local natural habitat within 50 m 

from 40% to 80% increased predicted stingless bee abundance from 4.46 individuals trap-1 

(95% CIs 1.36 to 7.56) to 8.30 individuals trap-1 (95% CIs 5.11 to 11.49). This changed to 0.41 
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individuals trap-1 (95% CIs -2.85 to 3.67) and 9.15 individuals trap-1 (95% CIs 5.53 to 12.76) 

further from the field boundary. 

The interaction of  resource availability (floral area) and spillover (distance to field 

edge) (Figure 3.8) suggested that when floral area in the field was low stingless bees were 

more abundant further from the field edge and the opposite of this was true when floral area 

was high but with a faster rate of change. 

ɲw2 values suggested that landscape (30.2), distance to water (30.6) and floral area 

(30.3) had a similar strength of effect on model predictions with distance to edge (8.9) being of 

less importance (Table 3.2). 

 

 

Figure 3.9 GLMM predicted and observed values of stingless bee abundance (individuals trap-1) when 
varying landscape (proportion of natural habitat within 50m) for high and low values of distance to 
water and distance to field-edge. For model details see Table 3.3. For further model details see Table 3.3 
and Figure 3.7. 

Bees (excluding stingless bees) 

Mean (SE) non-stingless bee abundance was 2.98 ± 0.233 individuals trap-1 and was best 

explained by landscape measured as the edge density (fragmentation) of natural habitat within 

50m (Table 3.3). Resource availability and landscape had a significant interaction (p = 0.022), 

the predicted effect of edge density on abundance was weakly positive or neutral when floral 

area was low or moderate, and negative when floral area was high (Figure 3.8). Abundance fell 
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from 5.74 individuals trap-1 (95% CIs 2.55 to 8.39), when floral area was low, to 1.78 individuals 

trap-1 (95% CIs 0.53 to 4.57) (Figure 3.10). Increasing floral area had a positive effect on 

abundance which weakened with increasing local fragmentation (Figure 3.11), when 

fragmentation was low the predicted effect of increasing floral area from low to high on 

abundance was an increase from 2.40 individuals trap-1 (95% CIs -0.47 to 5.29) to 3.91 

individuals trap-1 (95% CIs 1.03 to 6.80). 

 
Figure 3.10 GLMM predicted and observed values of non-stingless bee abundance (individuals trap-1) 
when varying landscape for high, moderate or low values of field floral area. Uncertainty around 
parameter estimates was relatively high and the untransformed model had a modest fixed effects R2 of 
0.11, R2 increased to 0.55 when including random-effects suggesting site and landscape explained a 
significant amount variance within the data. For further model details see Table 3.3. 

There was reasonable correspondence between the untransformed and PCA MAMs, however 

the latter was more predictive (fixed effects R2 = 0.34) and complex suggesting a non-linear 

effect of distance to water and a three-way interaction of distance, landscape and resource 

availability. ɲw2 values suggested that the PCA axis for proximity to water and temperature 

(ɲw2 = 62.1%) was largely responsible for improving PCA model performance. 
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Figure 3.11 GLMM predicted and observed values of bee abundance (less stingless bees) when varying 
resource availability (field floral area) for high, moderate or low values of landscape fragmentation 
(edge density within 50m). For further model details see Table 3.3 and Figure 3.10. 

Predatory Hymenoptera 

Mean (SE) predatory Hymenoptera abundance was 1.31 ± 0.14 individuals trap-1 and best 

model predictions were from landscape measured as edge density of natural habitat 

(fragmentation) at a spatial scale of 1000m (Table 3.3). Only distance to edge was retained in 

the untransformed and PCA MAMs. Increasing distance had a negative effect on abundance 

(Figure 3.12) falling from 1.45 individuals trap-1 (CIs -1.57 to 4.48) at the field edge to 0.51 

individuals trap-1 (95% CIs -2.62 to 3.64) at a distance of 100m. Although the direction of the 

effect of distance on abundance was statistically significant (p=0.034) there is considerable 

uncertainty for the strength of the effect as demonstrated by predictions (Figure 3.12 right 

panel). As with the effect of distance on overall Hymenoptera abundance the predicted decay 

of predatory Hymenoptera abundance is likely to give biologically unrealistic outcomes if 

extrapolated far beyond observed values.  
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Figure 3.12 GLMM predicted and observed values of predatory Hymenoptera abundance (individuals 
trap-1) with distance from field edge. The large uncertainty for predictions was likely due to variance in 
the response of abundance to distance between sites. Without a random-effect for site nested within 
landscape model R2 dropped from 20.0 to 0.0. The effect of distance on abundance varied between sites 
with 15/20 sites showing a decline and 5/20 sites showing an increase, this variability in response 
between sites helps explain the importance of random terms in the predatory Hymenoptera model. For 
model details see Table 3.3. 

Parasitoid Hymenoptera 

Mean (SE) parasitoid Hymenoptera abundance was 2.79 ± 0.224 individuals trap-1 and best 

model predictions were from landscape measured as the proportion of natural habitat within 

100 m of a field (Table 3.3). Only landscape was retained in the MAM which predicted a drop 

in abundance from 5.10 individuals trap-1 (95% CIS 2.26 to 7.94) at 20% to 1.58 individuals  

trap-1 (95% CIS -1.26 to 4.43) at 80% natural habitat within 100m (Figure 3.13). Fixed terms in 

the model gave a R2 of 0.20 and there was poor correspondence in model structure between 

untransformed and PCA MAMs (Table 3.4), the latter being more complex and predictive. The 

PCA MAM had an R2 of 0.33 and parasitoid abundance still had a strong negative response to 

landscape and landscape had more than double the ɲw2 value (45.3) of any other predictor. In 

addition to landscape two PCA axes relating to resource availability and untransformed 

distance to field edge were retained in the PCA MAM and there were also two 2-way 

interactions between resource availabilityor landscape and distance to field edge (Appendix E). 

Predicted parasitoid abundance response was neutral or modestly positive to initial increases 

in resource availability (the PCA axis onto which loaded field and trap floral area, floral 

diversity, rainfall and fallow, with fallow loading negatively), but became negative at higher 

values. The predicted spillover response was an increase in abundance with greater distance 

from field edge when local natural habitat (within 100m) was low and a decrease when high, 
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and was and abundance highest overall when natural habitat was low. 

 

Figure 3.13 GLMM predicted and observed values of parasitoid Hymenoptera abundance with landscape 
change (percentage of natural habitat within 100m). Random effect variance was negligible in this 
model. Fixed terms in the model gave a R2 of 0.20 and there was poor correspondence in model 
structure between untransformed and PCA models (Table 3.4). For further model details see Table 3.3. 

Blister beetles (Order: Coleoptera, Family: Meloidae) 

Mean (SE) blister beetle abundance was 12.40 ± 0.928 individuals trap-1 and best model 

predictions were given from landscape measured as edge density (fragmentation) of natural 

habitat (Table 3.1) within 1200 m of fields (Table 3.3).  

Model selection retained the three-way interaction between landscape, distance to 

field edge and floral area and a two-way interaction between landscape and distance to water. 

The response of abundance to distance to water was non-linear.  

Regarding spillover and landscape, predictions suggested a negative response of blister 

beetle abundance with increasing distance from field edge when fragmentation of natural 

habitat was low which became neutral when fragmentation was high and floral area low, and 

positive when both fragmentation and floral area were low (Figure 3.14). Predictions also 

suggested that increasing fragmentation, when floral area was low, had a strong negative 

effect on blister beetle abundance when distance to edge was low. At an edge density of 1 m 

100 m-2 predicted abundance was 19.07 indiviuduals trap-1 (95% CIs 16.19 to 21.96) falling to 

11.12 individuals trap-1 (95% CIs 8.20 to 14.04) when edge density was increased to 7 m 100 m-

2, but the effect was much weaker when distance to edge was higher (Figure 3.15). When floral 

area was high the predicted response to increasing fragmentation was strongly positive further 

from the field edge (but unrealistically so) and only weakly positive closer to the field edge. 
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Figure 3.14 GLMM Predicted and observed values of blister beetle abundance (individuals trap-1) when 
varying distance to field-edge for high and low values of floral area and landscape (edge density within 
1200 m). For model details see Table 3.3. Model R2 was high at 0.69 and without random-terms the 
fixed terms still strongly predicted observed values with an R2 of 0.60. There was good correspondence 
in model structure and ɲw2 values between untransformed and PCA models (Table 3.4). 

Regarding resource availability, predictions suggested that increasing floral area had a positive 

effect on abundance when fragmentation of natural habitat was high (edge density) and a 

negative effect when low. The strongest effect of floral area was predicted when distance to 

field edge was high and fragmentation low (Figure 3.16), but the strength of abundance 

response of blister beetles appears exaggerated (compared to observed values) when the 

values of floral area and distance are both high (Figure 3.15). The predicted effect of increasing 

floral area from 1 to 7 cm2 m-2 on blister abundance when distance to edge and fragmentation 

were low was a decline from 18.55 individuals trap-1 (95% CIs 15.11 to 22.99) to 9.99 

individuals trap-1 (95% CIs 6.51 to 13.48), if fragmentation was high this changed to an increase 

with 8.43 individuals trap-1 (95% CIs 4.97 to 11.87) rising to 22.72 individuals trap-1 (95% CIs 

19.07 to 26.38). 

ɲw2 values suggested that distance to water had the largest effect size (37.7) followed 

by floral area (28.8), landscape (19.6) then distance (15.9) (Table 3.2). 
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Figure 3.15 Observed and GLMM predicted values of blister beetle abundance (individuals trap-1) when 
varying landscape (edge density within 1200m) for high and low values of distance to field edge and 
floral area. The predicted effect of landscape on abundance appears exaggerated when the values of 
floral area and distance were both high (predicted values were double the maximum abundance of 
blister beetles observed). However, the three-way interaction was retained as model predictions from 
the rest of parameter space appeared biologically realistic and the interaction was highly significant (p = 
0.00016). For further model details see Table 3.3 and Figure 3.14. 
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Figure 3.16 GLMM predicted and observed values of blister beetle abundance (individuals trap-1) when 
varying floral area for high and low values of distance to field edge and landscape (edge density within 
1200 m). For further model details see Table 3.3 and Figure 3.14. 

 Epigeal beetle (pitfall trapping) models 

Darkling beetles (Family: Tenebrionidae) 

Mean (SE) darkling beetle abundance was 10.86 ± 1.271 individuals trap-1 and best model 

predictions were given from landscape measured as the percentage of natural habitat within 

200 m (Table 3.3). 

Regarding landscape, at low distances to water darkling beetle abundance responded 

positively to loss of natural habitat (Figure 3.17), predicted abundance at 75% natural habitat 

was 0.91 individuals trap-1 (95% CIs -2.38 to 4.21) rising to 17.23 individuals trap-1 (95% CIs 

14.04 to 20.42) at 15%. This relationship weakened at moderate distances and became 

negative at high distances where predicted abundance at 75% natural habitat was individuals 

16.67 trap-1 (95% CIs 13.49 to 1.83) falling to 5.19 individuals trap-1 (95% CIs 1.99 to 8.39) at 

15%. Changes in darkling beetle species composition associated with increasing distance from 

water may account for the different abundance responses to landscape. Across all sites less 

than 4 km from water total darkling beetle catch was dominated by three species, 

Gonocephalum simplex (33.6ς39.4%), Rhytinota gravidula (22.6-30.6%) and Zophosis 

anquisticostis/collaris (21.8-25.3%). However in sites greater than 4 km from water 

Gonocephalum simplex was absent and Rhytinota gravidula contributed a much greater catch 
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percentage (61.8%) This suggests G.simplex and R.gravidula had opposite responses to local 

landscape change (Appendix F Figure F.1). 

 

Figure 3.17 Observed and GLMM predicted values of darkling beetle abundance (individuals trap-1) 
when varying landscape (proportion of natural habitat within 200m) for high, moderate and low values 
of distance to water. For model details see Table 3.3. Model R2 was high at 0.68 dropping to 0.49 
without random-terms, and ɲw2 values suggested predictors were equally important. Correspondence of 
the untransformed and PCA models was good with the former being more predictive. 

Ground beetles (Family: Carabidae) 

Mean (SE) ground beetle abundance was 1.18 ± 0.161 individuals trap-1 and best model 

predictions were given from landscape measured as natural habitat within a 2000 m radius. 

Landscape and distance to water were the only predictor variables retained in MAMs (Table 

3.3) and ɲw2 values suggested they were equally important. Regarding landscape, ground 

beetle abundance responded negatively to increasing natural habitat (1.72 individuals trap-1 

(95% CIs -2.04 to 5.47) at 25% natural habitat falling to 0.55 individuals trap-1 (95% CIs -3.49 to 

4.60) at 70%. However error surrounding coefficient estimates was high therefore the strength 

of the effect was uncertain (Figure 3.18).  
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Figure 3.18 GLMM predicted and observed values of ground beetle abundance (individuals trap-1) with 
landscape change (percentage of natural habitat within 2000m). The model had modest predictive 
power, R2 = 0.10, and the removal of random-terms had a negligible effect. For further model details see 
Table 3.3. Values <0 in the predicted graph are biologically meaningless and are simply present to 
illustrate uncertainty in predictions. 

The PCA MAM (Table 3.4) also contained a landscape term, but was more complex and 

predictive (R2 = 0.21) than the untransformed model and included a non-linear term onto 

which floral area and fallow loaded. However the PCA MAM was difficult to interpret due to 

split loadings of predictors between PCA axes and poor correspondence to observed values, 

hence the model with untransformed predictors is preferred. 

3.4. Discussion 

This study provides one of the first multi-taxa assessments for how change in land-use at local 

and landscape scales affects the distribution of agriculturally important insect groups in a 

complex low-input small-scale system (see also Klein et al. 2002b; Otieno et al. 2011). 

Landscape scale agricultural extensification (from henceforth refered to as simply άagricultural 

extensificationέ), field enlargement and resource availability had significant effects on the 

abundance response of focal taxa (pollinator, predator and parasitoid Hymenoptera, and 

blister, darkling and ground beetles) within croplands, but, as expected, abundance responses 

to these predictors varied between groups for their direction, strength and interactions. 

Stingless bees, which are small pollinators, showed a strong negative response to the 

enlargement of field size and to agricultural extensification. Whereas, for natural enemies, 

hymenopteran predators showed a weak negative response to field enlargement but no 

response to agricultural extensification, ground beetles showed a positive response to 

agricultural extensification but no response to field enlargement, and hymenopteran 
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parasitoid response to agricultural extensification varied with field enlargement. Pest species, 

darkling beetles and adult blister beetles, showed complex responses to agricultural 

extensification and field enlargement, discussed in detail below.  

 Spillover of agriculturally important taxa into croplands and the effect of field 

enlargement 

An overall decline in Hymenoptera abundance with increasing distance from field edge, 

suggested ecotone or disperser species were spilling over from natural habitats into cropland 

and responding to land-use change at a relatively small spatial scale. However, the large 

variation in the effect of distance from field edge suggests variable responses between species 

and it was likely Hymenopteran species had diverse distribution patterns (Figure 1.1) and/or 

responded to land-use change at different spatial scales.  

The decline in cropland stingless bee abundance observed within 100 m from field 

edge, when distance to water was low, is in-keeping with what is currently known regarding 

their ecology. Stingless bees are commonly ecotone species (Blanche et al. 2006; Chacoff and 

Aizen 2006; Munyuli et al. 2011; Munyuli 2012) that decline in croplands with increasing 

distance from natural habitat (Chacoff and Aizen 2006; Greenleaf et al. 2007; Munyuli 2012). 

Hypotrigona were the dominant stingless bee genera caught and given their small size they are 

only likely to forage at distances of 300-600 m from their colony (estimated using Greenleaf et 

al. 2007) hence effects of farmland extensification are seen at relatively small spatial-scales. As 

Hypotrigona accounted for 41.3% of all bee individuals trapped they are likely to be an 

important flower visitor and pollinator in croplands, especially close to water, and the 

extensification of croplands increasing the mean distance of crop plants to natural habitat 

could have substantial impacts on crop pollination by stingless bees (Heard 1999; Chacoff and 

Aizen 2006; Munyuli 2012; Garibaldi et al. 2013; Kiatoko et al. 2014). Provision of artificial 

nesting resources for Hypotrigona could be a feasible management option for ecological 

intensification of small-scale farmlands as these bees can be managed to produce honey and 

store pollen that can be harvestedthus providing additional benefits to small-scale farmers 

(Munyuli et al. 2011). Clearly, further study is required to establish the mechanism by which 

distance to water affects Hypotrigona stingless bee abundance and to determine if the 

provision of supplemental nesting resources can enhance cropland stingless bee abundance 

and crop pollination, especially in disturbed landscapes where local woody resources are used 

for cooking fuel and construction (Appendix L Figure L.8). 

Non-stingless bees (primarily Macrogalea spp.) did not show a decline of abundance 

with increasing distance from field edge and it is probable that any effect of distance at the 
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scales observed was too weak to detect (Ricketts et al. 2008) due to their larger size and 

foraging ranges relative to Hypotrigona stingless bees (Greenleaf et al. 2007; Pasquet et al. 

2008), and/or many species were cultural and could persist in croplands. Given that 

Macrogalea construct their nests by tunnelling into soft, dead plant stems (Michener 1971; 

Michener 2007; Munyuli et al. 2011) it is likely that they were ecotone species. The second 

most commonly caught genus was Lasioglossum (Appendix C Table C.1) and these are soil 

nesting species (Munyuli et al. 2011) potentially making them cultural as they can nest within 

croplands. The constrasting responses of cultural and ecotone species could cancel one-

another out  suggesting another reason for a lack of an overall response of non-stingless bee 

abundance to increasing distance from field edge. Honey bees and carpenter bees were 

conspicuous in the study area but were poorly represented in pan-trap catches, these are 

ecotone taxa (Michener 2007) that can forage across large distances (Pasquet et al. 2008; 

Zurbuchen et al. 2010) and, as such, are also unlikely to show an abundance response to 

distance from edge at the scales observed in the study area. Isolation from natural habitat in 

this small-scale farming landscape did not reach levels at which change in the overall 

abundance of larger bees could be detected; this is in-keeping with other studies from East 

Africa (see Chapter 1.5.1) and suggests pollination by larger bees is unlikely to be impacted by 

moderate levels of landscape transformation. 

Predatory Hymenoptera showed a decline in abundance with distance from field edge 

but perhaps for different reasons than stingless bees. The majority of predatory Hymenoptera 

caught had traits indicative of cultural and/or disperser species and nesting resources for these 

species can be found within croplands or human habitations; the sand wasps (Crabronidae) 

typically excavate nests in bare, sandy soil (Bohart and Menke 1976; Krombein and Pulawski 

1986), spider wasps (Pompilidae) paralyse spiders which are concealed either in their own 

burrows or are dragged to a crack, crevice, excavated burrow or mud-nest made by the wasp 

(Goulet and Huber 1993; van Noort 2004-2014; Capinera 2008) and potter wasps (Vespidae: 

Eumeninae) either burrow in soil or wood, or construct exposed mud or paper nests (Goulet 

and Huber 1993; Tindo et al. 2002). Cultivation can destroy burrows so soil nesting species may 

require field margins and other no or low till areas to reproduce. Food resources for adult 

predatory wasps should have also been available in cropland habitats, these are typically 

nectar and pollen from flowers, honeydew from sap feeding insects, or larval prey items, 

where wasps puncture prey and drink fluids, a behaviour known as maxalation (Chilcutt and 

Cowan 1992). Although it appears most predatory Hymenopteran species caught could exist 

within croplands, the decline with distance from field edge suggests either some were using 
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nesting sites outside of the field (in woody natural habitat or perhaps the untilled edges of 

fields, paths, yards or the mud brick walls of houses) or perhaps that cultural species were 

using natural habitat as a microclimatic refuge during the hottest parts of the day. The mean 

ƳŀȄƛƳǳƳ ǎƘŀŘŜ ǘŜƳǇŜǊŀǘǳǊŜ ƻŦ ǎǘǳŘȅ ŦƛŜƭŘǎ ǿŀǎ ооΦп ɕ/Σ ŀƴŘ ƛǘ ǿŀǎ ƴƻǘ ǳƴŎƻƳƳƻƴ ŦƻǊ ǘƘŜ 

ƳŀȄƛƳǳƳ ǘŜƳǇŜǊŀǘǳǊŜ ǘƻ ŜȄŎŜŜŘ плɕ/ ŀǘ some times of year. There is little information on the 

role of thermal refugia and beneficial insects, but Herrara the thermal biology of different 

hymenopteran and dipteran species does predict their irradiance-biased microhabitat 

selection. The decline with distance from edge could also have reflected a pattern in prey 

density. Regardless of the underlying mechanism proximity to field edge increased predatory 

Hymenoptera abundance and this could translate into enhanced predation of crop-pests, but it 

should be noted that wasp predation of spiders (Goulet and Huber 1993; van Noort 2004-

2014) increases intraguild predation (Lang 2003; Prasad and Snyder 2004). Therefore the 

consequences of agricultural extensification for biological control will depend on the ratio of 

crop pests directly predated by wasps to crop pests that would have been controlled by the 

spiders predated by wasps (and the crop yield consequences of each).  

Regarding parasitoid Hymenoptera, before discussing the effects of field enlargement, 

it should be noted that field floral area may not have been the best (and certainly not the only) 

predictor of cropland resource availability. The PCA MAM was more complex and predictive 

than the untransformed MAM retaining terms relating to spillover and  resource availability 

whereas the untranformed MAM retained no term for the area of natural habitat in the 

surrounding landscape. As such the parasitoid PCA MAM is considered throughout the 

discussion and not the untransformed MAM. In Europe parasitoids are generally thought to be 

ecotone or disperser species dependent on natural habitats for floral nectar sources and 

favourable microclimate, and on crops for hosts (Dyer and Landis 1996; Siekmann et al. 2001; 

Scheid et al. 2011). In the complex landscapes of the small-scale farmed study area natural 

habitats may have provided important floral resources during dry seasons (Gemmill-Herren 

and Ochieng 2008) and thermal refugia. However, the relative importance of floral resources 

in natural habitats as compared to croplands within the study area may have been less than in 

Europe due to a lack of chemical and mechanical weed control resulting in relatively high 

cropland floral resource availability. As food sources for parasitoid larvae (host species) and 

adults (e.g., nectar) were both likely to have been present in study area croplands parasitoid 

species could have had distributions that reflected cultural species or well established 

dispersers. The very low levels of pesticide use in the study area also would favour cultural and 
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disperser distributions of parasitoid species. Once a parasitoid colonises a field it can 

potentially persist across crop rotations without it or itΩǎ Ƙƻǎǘ being chemically eliminated.  

The abundance of pan trapped parasitoid Hymenoptera was best modelled by a 

complex interaction between distance to edge (field enlargement), agricultural extensification 

and floral area. This interaction is not easily interpreted perhaps due to the high diversity of 

the group (28 families; Appendix C Table C.1) which had a wide range of different body sizes 

and host species. As most parasitoid species trapped were tiny, their foraging ranges were 

likely to be low (Corbett and Rosenheim 1996; Roland and Taylor 1997; Tscharntke et al. 

2005b), however larger vespoid parasitoids such tiphiid and scoliid wasps were also trapped 

and these were likely to forage over larger distances. Tiny parasitoids, however, may passively 

get spread great distances by wind. With regard to field enlargement and agricultural 

extensification parasitoid abundance increased with distance from field edge when natural 

habitat was low but decreased when it was highest, and abundance was highest for all 

distances when natural habitat was low (PCA model, Appendix E). This could be interpreted as 

when natural habitat was high spillover of ecotone or disperser species into croplands was also 

high but overall parasitoid abundance in croplands was lower, perhaps indicating a lower 

abundance of cultural or established disperser species, therefore a decay in parasitoid 

abundance with increasing distance from field edge was detectable. Conversely in low natural 

habitat landscape ecotone and disperser spillover may have been lower and cultural or 

established disperser species were more abundant therefore the effect of any spillover could 

not be detected. The reasons for greater abundance of parasitoids further from the field edge 

in low natural habitat landscapes are unclear, it might suggest edge avoidance behaviour by 

parasitoids or hosts (Cronin 2009) due to increased predation risk (Puckett et al. 2009) or 

reduced host abundance (perhaps due to predation or lower crop plant density nearer to 

edges). Inferring the biological control consequences of changing cropland parasitoid 

distributions with agricultural extensification in small-scale farmed landscapes requires 

detailed knowledge of host-parasitoid and host-cropinteractions. Similar to the intra-guild 

competition caused by spider hunting predatory hymenoptera, parasitoids can parasitise 

beneficial as well as pest insects, including other parasitoids (hyper parasitism), predators and 

pollinators. Therefore generalisations relating to ecosystem services are perhaps inappropriate 

at this higher taxonomic level. Unfortunately, the ecology of sub-Saharan African parasitoid 

Hymenoptera is unknown for most species. 

Blister beetle abundance had a complex response to field enlargement that was 

neutral to positive in landscapes of fragmented low natural habitat landscapes and negative in 
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landscapes with more, less fragmented natural habitat (Figure 3.14). Depending on the 

location of larval food blister beetles could have been cultural, disperser or even ubiquist 

species (see Figure 1.1). A decline in abundance with distance from field edge in landscapes 

with abundant natural habitat suggests an ecotone or disperser distribution that became a 

more cultural distribution at higher levels of agricultural extensification. A possible 

explanations for this pattern could be that if cropland and natural habitats share a similar 

resource, such as nectar and pollen in flowers, represented by different species between 

habitats then blister beetles optimise their search strategy for food resources by preferentially 

foraging on the flower species present in the larger habitat (as they are more likely to 

encounter these). The potential for such a scenario would be enhanced if the floral resource 

value of natural habitat declines with increasing fragmentation and/or if floral species are 

substantially different between habitats. Studies of bumble bees in Europe suggest that 

transient dilution effects, reduced pollination or pollinator abundance in one habitat 

compared to another habitat rich in floral resources during a mass-flowering period, can occur 

in grasslands sharing landscapes with oilseed rape (Brassica napus) (Diekötter et al. 2010; 

Holzschuh et al. 2011). Although dilution influences the spatial distribution of bees within a 

landscape at a particular time, overall, the cover of mass flowering crops has been shown to 

increase bee densities in natural habitats (Westphal et al. 2003; Herrmann et al. 2007). 

Another explanation for blister beetle distributions could be that host distributions were also 

affected by landscape change, so as cropland increased in area grasshopper eggs would have 

had to become relatively more common in fields compared to natural habitat. Within the 

study area temporary grassy fallows within croplands were more common than grassy semi-

natural areas, and sown grass strips in European agri-environment schemes have been shown 

to enhance grasshopper abundance (Marshall et al. 2006). Additionally grasshoppers have 

been shown to be more common in croplands compared to semi-natural grasslands (Wiegert 

1965). 

Regardless of the underlying mechanism, the model suggests the abundance and 

distribution of blister beetles within croplands depends on resource availability and the level of 

agricultural extensification within the vicinity of the field. This could have implications for the 

ecosystem disservice of crop damage, however this will depend on the ratio of crop damage 

prevented by larval blister beetle predation of grasshopper eggs to crop damage caused by 

adult blister beetles.  

As expected for likely cultural species, darkling beetles and ground beetles showed no 

significant decline in abundance with increasing distance from field edge suggesting little 
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spillover was occurring or that detectable declines in spillover were not occurring at the 

distances observed. The former of the preceding explanations is most likely as agricultural 

darkling beetles are typically cultural species (Watt 1974; Allsopp 1980; Robertson 1993) and 

their soil-dwelling larvae can do considerable damage to roots and seedlings of crops in semi-

arid areas, whilst the surface dwelling adults may gnaw the stems of plants and eat leaves and 

buds (Butler 1949; Watt 1974; Allsopp 1980; Gu et al. 2007). Ground beetles are also often 

cultural or disperser species (Duelli et al. 1990; Booij et al. 1995), both adults and larvae are 

predatory, the former actively seeking prey or scavenging above the soil and the latter typically 

ambush prey from concealed burrows (Arnett et al. 2000; Holland 2002).  

 Effects of farmland extensification on agriculturally important insects 

All but one focal taxa showed a significant abundance response to the loss and fragmentation 

of natural habitat due to agricultural extensification, and the spillover of blister beetles, 

stingless bees and parasitoid Hymenoptera differed depending on the level of agricultural 

extensification in the surrounding landscape.  

Variation existed between focal taxa for the distance at which agricultural 

extensification in the surrounding landscape was most predictive of ǘƘŀǘ ƎǊƻǳǇΩǎ abundance. 

Distances were relatively small (local) for non-stingless bees (50 m), stingless bees (50 m), 

parasitoid Hymenoptera (100 m) and darkling beetles (200 m), and were greater for all 

Hymenoptera combined (1000 m), blister beetles (1200 m) and ground beetles (2000 m). 

Generalist predators are predicted to respond to landscape at larger spatial scales than more 

specialised natural enemies (Chaplin-Kramer et al. 2011) and this was reflected by ground 

beetles responding to landscape at a larger scale than parasitoid Hymenoptera. Landscape was 

not predictive of predatory Hymenoptera abundance. As non-stingless bee and blister beetle 

abundances were best predicted by fragmentation of natural habitat (edge density) this may 

suggest the length of the crop non-crop interface was more important to their abundance in 

croplands than the amount of natural habitat (which predicted the other focal taxa better). 

However as edge density (fragmentation) and proportion of natural habitat were inversely 

correlated  a response to increasing fragmentation also reflects a response to loss of landscape 

natural habitat.  

 The abundance response of all Hymenoptera to agricultural extensification was non-

linear, being lowest at intermediate values of natural habitat. This pattern is likely due to a 

combination of differing abundance responses from multiple species, for example there were 

groups of ecotone Hymenoptera species abundant when natural habitat was high ( that 

declined quickly with habitat loss (stingless bees for instance) and other groups of cultural 
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Hymenoptera species that benefited from increased cropland area. This does not support an 

intermediate disturbance view of the impact of landscape structure on ecosystem services, at 

which intermediate levels of landscape complexity give the highest level of ecosystem service 

(Tscharntke et al. 2012b). However, the interaction of multiple taxa providing several 

ecosystem services could be obscuring the response of functional groups of species. The 

general response of Hymenoptera suggests that there will be winners and losers in small-scale 

farming landscapes when it comes the expansion of croplands, and that intermediate levels of 

disturbance (in this context) may not particularly benefit either ecotone or cultural species. 

Stingless bee abundance was best modelled measuring landscape at a local scale (50 

m) which reflects the low foraging range of the group (Greenleaf et al. 2007). Abundance 

responded negatively to agricultural extensification, but only when distance to water was low, 

and the effect was strongest when distance to edge was high suggesting spillover was reduced 

by agricultural extensification. It was likely that woody natural habitat close to water provided 

nesting sites for the Hypotrigona species that dominated stingless bee catch. Hypotrigona bees 

typically nest in small cavities in tree bark or tree cavities (Eardley 2004; Michener 2007; 

Munyuli et al. 2011) and larger trees (such as Ficus spp.) could be found near semi-perennial 

water sources compared to trees in dry forest far from water, and these larger trees were 

likely to offer enhanced nesting opportunities. Access to water could have also been an 

important driver of stingless bee distribution and it could be that suitable nesting resources 

were present in natural habitats at any distance from water but population density was only 

high enough near water to allow detection of a response to habitat loss. These scenarios are 

not mutually exclusive and it could be that both access to large riparian trees and water itself 

were important predictors of stingless bee abundance. As stingless bees were relatively 

abundant the local clearance of natural habitat due to agricultural extensification near water 

sources is likely to have implications for crop pollination. 

As with stingless bees the response of non-stingless bee abundance to agricultural 

extensification was best predicted at a local scale (50 m), this time with a significant 

interaction with floral area but not distance to water (Table 3.3, Figure 3.10). This was 

surprising as non-stingless bees had a larger predicted average foraging range than stingless 

bees (based on inter-tegular distance, Greenleaf et al. 2007) and were expected to respond at 

larger spatial scales to landscape, however previous studies have shown that body size does 

not consistently affect bee species response to environmental disturbance (Williams et al. 

2010). Non-stingless bee abundance responded negatively to edge-density when floral area 

was high and neutrally or (weakly) positively when low. This interaction cannot be fully 
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explained with the data available but may relate to floral resource density in natural habitats 

(for discussion of pollinators and floral density see Dauber et al. 2010; Essenberg 2012). If 

floral resource density was lower in fragmented natural habitat compared to consolidated 

natural habitat then, with increasing habitat loss, assuming a field had an intermediate floral 

resource density between the two types of natural habitat, it could be that bees switched from 

foraging in natural habitats to foraging in fields because the floral resource density of fields 

increased relative to natural habitat. If the floral resource density of fields was always higher 

than that of natural habitat then bees may have preferentially foraged in fields in all 

landscapes. As natural habitat dwindles and fragments with agricultural extensification overall 

bee numbers drop (natural habitat in this scenario has a complementary effect and provides 

some resource that the field does not, e.g a climatic refuge or nesting site). The transient 

dilution effects seen in bumble bees abundances due to differential resource availability 

between habitats in European landscapes (Diekötter et al. 2010; Holzschuh et al. 2011) may 

suggest that this scenario is possible. However, given that studies from European landscapes 

are conducted in a very different context to smallholder areas, where fields are very large 

monocultures of crops such as oil seed rape with resources being very transitory, such 

generalisation should be treated cautiously. 

Hymenopteran predator abundance showed no significant response to agricultural 

extensification suggesting species were primarily cultural which is in keeping with the ecology 

of the species observed and previous studies (e.g., Klein et al. 2002a). Whilst observed levels of 

agricultural extensification in the study area posed no obvious threat to the abundance of 

predatory Hymenoptera in croplands, it likely that, as cultural species, increasing management 

intensity, e.g., use of agrochemicals and mechanical deep tillage, would have a negative 

impact. 

Parasitoid Hymenoptera responded to natural habitat negatively (or agricultural 

extensification positively) at a small scale (100 m) reflecting the small size and low foraging 

ranges of most parasitoids caught (in agreement with previous studies e.g., Thomson and 

Hoffmann 2010), and suggesting that cropland was supplementing host and/or floral resources 

in the landscape. At the edge of fields agricultural extensification was predicted to decrease 

parasitoid abundance, however the effect was reversed as distance form edge increased. This 

perhaps suggests that ecotone and disperser parasitoids spilling into croplands benefit from 

nearby natural habitat and, as parasitoids (typically) have poor dispersal capabilities, declines 

in ecotone and disperser abundance with loss of natural habitat due to agricultural 

extensification were more pronounced nearer the edge of fields. As such, loss of natural 
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habitat would have increased the relative abundance of cultural parasitoids, which were 

modelled as responding positively to increasing cropland area and being less abundant at field 

edges (as discussed for spillover and field enlargement). From an ecosystem services 

perspective it appears good news that cropland parasitoid abundance responds positively to 

agricultural extensification. However, the general consensus for semi-natural habitats in large-

scale conventionally farmed landscapes is that their loss reduces ecotone and disperser natural 

enemy populations and this reduces pest suppression (Veres et al. 2013). If agricultural 

extensification continues until just a few percent of natural habitat remains declines in 

cropland parasitoids may eventually be observed in the study system. Yet, little is known 

regarding cultural parasitoid species in low-input small-scale systems, it could be possible that, 

with little pesticide use, the fine-scale landscape heterogeneity in space and time in these 

systems (discussed in Chapter 2.1.1) could support adequate biological control from 

parasitoids regardless of semi-natural habitat in the landscape. As with predatory 

hymenoptera increases in the management intensity of small-holder landscapes is likely to 

impact cultural species of parasitoid. 

 Blister beetle abundance was best predicted by agricultural extensifcation at a 

relatively large scale (1200 m), agreeing with studies of other flower visiting beetles (e.g., 

Zaller et al. 2008b), and responded negatively to the fragmentation of natural habitat when 

resource availability was low and positively (predicted) or neutrally (observed) when floral area 

was high. This suggests blister beetles distribution was ecotone or disperser because 

abundance fell within cropland as natural habitat was replaced by cropland, and that resource 

availability reduced the impact of habitat loss. The ecosystem service implications of this will 

depend on the on the ratio of crop damage prevented by larval predation of grasshopper eggs 

to crop damage caused by adults.  

 Darkling beetle abundance responded to agricultural extensification at a local scale 

(200 m) with an interaction with distance to water, this was due to the contrasting responses 

of three abundant species. Darkling beetle abundance strongly declined with loss of 

agricultural extensification at low or intermediate distances to water but increased when far 

from water. Far from water Rhytinota gravidula was abundant and Gonocephalum simplex was 

absent, but closer to water G.simplex became the most frequently caught species (Appendix 

F). A third species, Zophosis anquisticotis/collaris was abundant and present at all distances. As 

G.simplex responded positively to agricultural extensification it was probably a cultural species 

(or, if an ecotone or disperser, cropland supplemented landscape resources and any resource 

that natural habitat provided that was essential was not limiting). R.gravidulaΩǎ ŀōǳƴŘŀƴŎŜ 
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response was the opposite, decreasing with agricultural extensification, suggesting an ecotone 

or disperser species. As Z.anquisticotis/collaris was common at all distances from water its 

response to agricultural extensification is unclear. Whether different responses between 

species were due to bottom-up effects such as resource availability or top-down effects such 

as predation or parasitism is unknown. As the individual responses of species to agricultural 

extensificatio within this major crop pest group (Allsopp 1980) was context dependent, future 

attempts to model darkling beetle abundance and ecosystem disservice with landscape change 

should consider the abundant taxa at a fine taxonomic resolution such as genus or family. 

Regarding ecosystem disservices, darkling beetle crop damage close to water may reduce with 

agricultural extensification, however, further from water the opposite may occur. 

Ground beetle abundance responded positively to agricultural extensification and was 

best predicted when landscape was considered at a large spatial-scale (2000m), however 

model predictions had substantial error therefore the strength of the response was uncertain. 

The overall positive response to agricultural extensification was consistent with the 

distribution pattern of a cultural group. Being a relatively species rich group (see Appendix C) it 

is unsurprising that there was uncertainty surrounding the effect of landscape change as it is 

likely that some species responded more strongly than others and/or some species had an 

opposing response. Linking the effect of agricultural extensification to the biological control 

provided by ground beetles is difficult. A greater abundance of ground beetles in croplands 

could result in enhanced pest-control (see Kromp 1999) but could also reflect a bottom-up 

effect of greater resource availability of prey items, potential crop pests. Additionally, whilst 

most ground beetles are thought to be generalist predators (Lovei and Sunderland 1996; 

Kromp 1999; Holland 2002) some species of Harpaline ground beetles are omnivorous being 

primarily herbivorous at certain times of year (Ikeda et al. 2010), further as ground beetles will 

consume both beneficial and pest prey there is potential for intraguild interference (Lang 

2003; Prasad and Snyder 2004) reducing the ecosystem services provided by other insect 

species.  

 Resource availability and interactions with spillover and landscape change 

The effects of resource availability have already been discussed in interactions with spillover 

and landscape change, here they are discussed with the emphasis on resource availability. The 

abundances of most pan-trapped taxa showed significant responses to floral area often 

interacting with landscape or distance from field edge suggesting floral area was predictive of 

resource availability. However, as predatory Hymenoptera, darkling beetle and ground beetle 
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abundance did not respond to the measures of resource availability used in this study it is 

likely that the resource requirements of these groups were poorly represented by them. 

Overall Hymenoptera abundance had a non-linear response to floral area peaking at 

intermediate values. As with agricultural extensification this could suggest differing responses 

between functional groups or species. As floral area was correlated with fallow land the 

decline in abundance associated with high floral area may have been caused by cultural 

species responding negatively to a reduction in local cropland area. At low floral availability 

fields might have been less attractive to ecotone and disperser species and cultural species 

may have declined due to resource scarcity. At intermediate values floral area may have 

attracted ecotone or dispersers species into fields with minimal impacts from fallow on 

cultural species giving relatively high abundances for both groups and an overall peak in 

hymenopteran abundance. Floral availability may have also influenced host or prey density. In 

general this perhaps suggests that intermediate levels of cropland floral area will maximise 

Hymenoptera abundance in low-input small-scale farmed systems, however, as discussed 

below, the responses between groups providing contrasting services or disservices may differ. 

 Stingless bees responded to resource availabilityand there was an interaction with 

spillover predicting that increasing floral area increased abundance at the field edge and 

reduced abundance further into fields (Figure 3.8). This may suggest, that when high, floral 

resources were saturating the pollen and nectar requirements of stingless bee within a short 

distance from the edge of fields. At low floral abundances stingless bees would forage far into 

a field to meet their resource requirements giving a relatively dispersed distribution across the 

field. However, at high floral abundances resource requirements would be satisfied without 

travelling far into a field so stingless bee distributions are aggregated at the field edge. 

Although pollinator aggregations due to floral resources are often implied there appears to be 

no study that directly examines or supports this, although there are studies on isolation effects 

from floral resources (Ricketts et al. 2008; Garibaldi et al. 2011) and some on dilution 

(Diekötter et al. 2010; Holzschuh et al. 2011; Riedinger et al. 2014). With regards to crop 

pollination and ecological intensification this may suggest that stingless bees will be effective 

pollinators of mass flowering crops at relatively short distances from natural habitat, 

therefore, in a mixed cropping system, where stingless bees are important, pollinator 

dependent crops should be planted at the edge of fields with non-pollinator dependent crops 

such as cereals planted futher into fields.  

Non-stingless bee abundance had a positive non-linear response to floral area (Figure 

3.11). When agricultural extensification was low abundance initially increased with floral area 
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then plateaued at intermediate values . This relationship weakened with agricultural 

extensification, possible explanations for this interaction were discussed the previous section 

(3.4.2).  

Parasitoid abundance showed no response to floral area in the untransformed MAM, 

however in the PCA MAM two ordination axes relating to resource availability were retained. 

Parasitoid abundance intially had a neutral or modest positive response becoming negative 

with increasing values of the ordination axis loading field and trap floral area, floral diversity, 

rainfall and fallow (fallow loading negatively, Appendix E Figure E.2). As with the overall 

response of Hymenoptera to resource availability this perhaps suggested abundance initially 

increased due to ecotone and disperser species attracted by increased floral resources (Gurr et 

al. 2005; Géneau et al. 2012) then declined as cultural species responded negatively to an 

increasing proportion of fallow land. The interaction of floral area and distance was discussed 

previously. The response of individual parasitoid species will also have also depended on the 

density of potential hosts within fields (e.g., Martijn et al. 2010) which will also respond to 

floral variables and fallow. Relatively low levels of floral area appeared adequate for 

maintaining overall parasitoid abundance in study area with no benefit predicted from 

increasing floral resources within cropland. However, given the diversity of parasitoids 

trapped, the distribution pattern of individual parasitoid species or functional groups across 

the crop-non-crop interface will be important in predicting their response to resource 

availability. 

Predatory Hymenoptera abundance had no significant response to floral area (Table 

3.3). Adults of the species for the major families trapped can maxalate prey (reviewed by 

Chilcutt and Cowan 1992) or use honeydew produced by sap feeding insects (as shown for 

parasitoid Hymenoptera, Wäckers et al. 2008; Vollhardt et al. 2010) and may therefore be less 

reliant on floral resources than bees or parasitoid Hymenoptera. 

Blister beetle abundance only responded positively to floral area when agricultural 

extensification was high with a negative responses predicted when low (however this appears 

exaggerated in the model predictions compared to observed values). This is an opposing 

response to that seen for non-stingless bees and may reflect the larval host requirements of 

blister beetles rather than adult resource requirements, but, without information regarding 

larval host availability (grasshopper eggs) in crop and natural habitats it is difficult to explain 

the observed patterns. Regardless of the explanation with agricultural extensification blister 

beetles positively responded to increasing floral area suggesting the pest potential of blister 

beetles to large areas of flowering crops will be higher in larger, consolidated areas of 
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cropland. Although, for pollinators at least, a positive numerical response to increased flower 

density does not necessarily translate into a positive functional response (in this case of blister 

beetles this would be flower damage) (Klinkhamer et al. 1989; Jennersten and Nilsson 1993; 

Goulson et al. 1998; Feldman 2006). 

 Conclusions 

In small-scale tropical agro-ecosystems the effects of field enlargement and agricultural 

extensification, resulting in the loss and fragmentation of natural habitat, on mobile ecosystem 

service and disservice providing species are unclear (Chapter 2, Steward et al. 2014) even 

though such systems support billions of people (IFAD & UNEP 2013) and are under pressure to 

intensify (Min 2006; Huang et al. 2011).  

Bearing in mind that individual species may show a contrasting response to the 

aggregate response of their functional group, the general effect of continuing agricultural 

extensification within the study context on pollinators is likely to be negative. This is because 

of reduced spillover and landscape abundance of stingless bees. To maintain and enhance 

stingless bee pollination ecological intensification should aim to conserve natural habitat to 

minimise distances to natural habitat especially near water courses, the local response of 

stingless bees to landscape suggests that farm or community scale interventions could be well 

suited to this purpose.  

The natural enemies associated with the biological control of crop pests (predatory 

and parasitoid Hymenoptera, and ground beetles) showed a mixed response to field 

enlargement and agricultural extensification and, whilst strong negative effects on natural 

enemy abundance were not observed in the complex small-scale farms of the study area, if 

continuing agricultural extensification and increasing field sizeleads to an extremely simplified 

farming landscape then declines may occur (Tscharntke et al. 2012b). However, relatively little 

is known regarding the potential pest control benefits of natural enemies in sub-Saharan Africa 

and more research is required. Given the diversity of natural enemies observed in this study 

the trophic webs of low-input small-scale landscapes may be large and complex and there is 

considerable potential for intra- and inter-guild interference between natural enemy species. 

The crop non-crop distributions and responses to landscape change in conjunction with the 

probable larval and adult feeding traits of natural enemies suggested that the majority of 

trapped specimens had cultural rather than ecotone or disperser distributions (although in 

more consolidated landscapes than observed here with larger distances from natural habitats 

distributions could become more ecotone). This is not suprising as pesticide use was minimal 

and therefore croplands were relatively benign to cultural insects. It can then be inferred that 



88 
 

 

the natural enemies of undeveloped small-scaled farmlands may be particularly vulnerable to 

increased pesticide use if conventional agricultural intensification (rather than extensification) 

occurs. The detrimental effects of pesticide use on cultural species and the extent to which the 

local-complexity of small-scale landscapes can buffer this (particularly when non-crop habitats 

are rare), with particular relevance to the consequences of farmland consolidation, is an 

important topic for futher study. 

Potential crop pests had complex responses to agricultural extensification. If darkling 

beetle abundance is considered a proxy for crop damage, ecosystem disservices from darkling 

beetles responded positively to agricultural extensification when close to water but negatively 

further away. It appeared that different species were responsible for the change, one with an 

ecotone/disperser distribution and one with a cultural distribution. As crop pests and 

pollinators both negatively responded agricultural extensificationclose to water there may well 

exist a trade-off between ecosystem services and disservices. The abundance of response of 

blister beetles was difficult to interpret in the absence of data regarding larval prey density but 

model predictions suggested that floral resources in landscapes dominated by cropland may 

have been more attractive to adult beetles, which can damage flowering crops. Therefore, 

depending on cropland floral resources, agricultural extensification could reduce pollination 

(fewer stingless bees) and increase crop damage. In this context management options for 

ecological intensification that manipulate cropland floral resouces could potentially attract 

crop pests as well as pollinators and natural enemies. 

To accurately predict the consequences of change in small-scale farmed landscapes for 

all the groups considered here data are required for the ultimate provisioning ecosystem 

service of crop yield (Chaplin-Kramer et al. 2011). Also, for a more holistic appraisal of 

agriculturally important taxa, groups such as weevils, scarab beetles, lepidoptera, orthoptera, 

spiders, camel spiders, milipedes, centipedes, ants and flies should be considered.  

The fieldwork for this chapter invested considerably more resources than required for 

just the insect sampling presented here attempting to assess crop pollination, pest damage 

and yield through manipulations of standardised crop plots. Attempts made in three different 

growing seasons failed to establish experimental plots with enough inter-site consistency due 

to 1) the unpredictability of rainfall, 2) untended domestic stock destroying plots, 3) elephants, 

baboons, vervet monkeys, antelope, gazelle and ground squirrels destroying plots, and 4) 

vandalism and theft of materials and crops.  

The significant and sometimes contrasting abundance responses to agricultural 

extensification and field enlargementfor the different functional groups of mobile ecosystem 
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service providing insects observed here demonstrates that predicting the ecosystem service 

consequences of landscape change in small-scale farming systems will be complicated. 

However, when taking into account the spatial-scale at which ecosystem services providers 

experienced their environment and how their resource requirements may have influenced 

their distribution between crop and natural habitats many of the patterns in abundance 

observed in this study could be related to current theory and synthesis. Whilst the theoretical 

tools and frameworks exist to predict and understand the agricultural distributions of 

ecosystem service providing species, the large diversity of beneficial and pest species and their 

interactions in these tropical small-scale farming landscapes highlights the need for 

information regarding ǎǇŜŎƛŜǎΩ basic ecology and biology to predict responses to agricultural 

extensification. 
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Chapter 4. Agricultural extensification and functional diversity in tropical 
smallholder agriculture  

4.1. Introduction  

To meet the demands of growing populations, changing diets and changing patterns of 

commodity consumption (Royal Society 2009; Godfray et al. 2010; Foresight 2011) there is a 

pressure for small-scale farming throughout the developing world to both expand and 

consolidate (Aldrich et al. 2006; Huang et al. 2011; Collier and Dercon 2013) which will result in 

land-use changes at multiple spatial scales. Small-scale farming (often referred to as 

smallholder farming) is the backbone of global food security (Chappell and LaValle 2011; 

Horlings and Marsden 2011; Tscharntke et al. 2012a) and accounts for a substantial proportion 

of food production and GDP in many countries (Singh et al. 2002; Thapa 2009; Salami et al. 

2010a; IFAD & UNEP 2013). Land-use changes are likely to affect the ecosystem functioning of 

farming systems (Tscharntke et al. 2008) and understanding how communities of animals 

respond both functionally and numerically as small-scale farming evolves will be necessary if 

an optimal balance of ecosystem services and disservices is to be achieved. This is of particular 

relevance to the concept of ecological intensification where ecosystem services are optimised 

for sustainable food production (Bommarco et al. 2013). Whilst the supporting and regulating 

ecosystem services that are important for agricultural productivity have received a great deal 

of attention (e.g., pollination, Garibaldi et al. 2011; Garibaldi et al. 2013; Kennedy et al. 2013) 

(ƻǊ Ψǎƻƛƭ-ōŀǎŜŘΩ ŜŎƻǎȅǎǘŜƳ ǎŜǊǾƛŎŜǎΣ [ŀǾŜƭƭŜ Ŝǘ ŀƭΦ нллс; Barrios 2007; Letourneau et al. 2009; 

Chaplin-Kramer et al. 2011; natural enemies and biological control , Veres et al. 2013), the 

same cannot be said of ecosystem disservices (but see, Zhang et al. 2007). This may reflect the 

fact that ecosystem disservices, such as damage to crops or disease transmission, are only a 

facet of regulating services that affect the provisioning of commodities and are indirectly 

considered in the biological control of crop-pests (i.e., crop damaging ecosystem disservice - 

biological control = ecosystem service). However it appears inconsistent, given that regulating 

ecosystem services and disservices can both respond to spatiotemporal land-use change (e.g., 

White et al. 1997; Michalski et al. 2006; Zaller et al. 2008b; Graham et al. 2010; Webber et al. 

2011), that so much of regulating ecosystem service research focusses on land-use responses 

of beneficial rather than detrimental species. 

Species with different feeding behaviours and diets can have different responses to 

land-use changes (Wilby et al. 2006) and the diversity of such traits can affect ecosystem 

services such as predation of crop pests (Snyder et al. 2006), crop pollination (Kremen et al. 

2002; Albrecht et al. 2007) or disservices such as crop raiding by primates (Brashares et al. 
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2010). Land-use related changes in the diversity of feeding traits represented by a species 

community can have complex effects on ecosystem functioning by affecting parasitism of 

functionally important species (Tylianakis et al. 2006) or interference between feeding guilds 

(Snyder and Wise 1999; Lang 2003; Prasad and Snyder 2004). The process by which land-use 

changes disproportionally affect particular functional traits or trait combinations is known as 

trait filtering and examples of this include where habitat degradation or loss alters the balance 

of feeding behaviours within a community (Gray et al. 2007; Tscharntke et al. 2008) or causes 

the extinction of large bodied species (Larsen et al. 2005). Studies have traditionally used 

measures of taxonomic diversity (e.g., species richness) to assess the impact of land-use on 

biodiversity, however there is now a growing realisation of the importance of functional 

diversity. This is because taxonomic measures do not take into account how environmental 

filtering can alter the composition of life-histories or traits within community and therefore 

may be inappropriate indicators of structural change underestimating the true effects on 

biodiversity of land-use change (Cardinale et al. 2012; Mouillot et al. 2013; Edwards et al. 

2014a). Functional diversity methods quantify the range of functional differences (traits) 

between the taxa that form a community thus linking species diversity to ecosystem processes 

through resource-use patterns (Tilman et al. 2001; Petchey and Gaston 2006). This can give 

insight in to the vulnerability or resilience of (agriculturally important) taxa and the ecosystem 

processes they regulate to land-use change or how well they may recover in response to 

environmental disturbance (Sekercioglu 2012). 

Considering the relevance of a functional diversity approach to the inference of 

ecosystem services in agriculture (Tscharntke et al. 2008; de Bello et al. 2010; Sekercioglu 

2012) relatively little is known regarding the impacts of land-use change on functional diversity 

in tropical agricultural landscapes (Edwards et al. 2014a), however some groups have received 

more attention than others such as dung beetles (Edwards et al. 2014a), trap-nesting 

Hymenoptera (Tscharntke et al. 2008; Williams et al. 2010) and birds (Tscharntke et al. 2008; 

Flynn et al. 2009; Sekercioglu 2012; Edwards et al. 2013). Most studies of functional diversity 

with relevance to agriculture discuss the topic by contrasts between different habitats or land-

uses, such as forest vs. cropland. Discussion of change with specific relevance to gradients of 

agro-ecological intensification within cropland, that would illustrate the shape of functional 

relationships with land-use change and highlight thresholds, is uncommon (but see Flynn et al. 

2009). Factorial comparisons of natural habitats to semi-natural then agricultural habitats 

indicate that functional diversity declines more strongly for birds than taxonomic measures 

suggest (Flynn et al. 2009), bee and dung beetle functional diversity declines (Tscharntke et al. 
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2008; Edwards et al. 2014a), and avian functional diversity and specialisation declines 

(Tscharntke et al. 2008; Sekercioglu 2012) or shows no trend (Edwards et al. 2013). In support 

of the intermediate landscape-complexity hypothesis, where intermediate levels of landscapes 

complexity promote diversity (Tscharntke et al. 2012b), the relative abundance of avian 

pollinators and seed dispersers is greatest in semi-natural habitats and community similarity 

for avians and Hymenoptera is highest in agriculture and highest in simplified compared to 

complex landscapes (Tscharntke et al. 2008). 

Hymenoptera and Coleoptera are globally widespread insect orders that can strongly 

affect agricultural commodity production positively, such as pollination by bees (Garibaldi et 

al. 2013) or pest control by carabid beetles (Kromp 1999), or negatively, such as crop damage 

by eurytomid wasps (Nadel and Pena 1991; Hernández-Fuentes et al. 2010) or tenebrionoid 

beetles (Robertson 1993; Durairaj and Ganapathy 2000). Whilst a few studies have 

investigated land-use changes on functional diversity for specific families of Coleoptera 

(Vandewalle et al. 2010; Edwards et al. 2014a) or Hymenoptera (Tscharntke et al. 2008; Jha 

and Vandermeer 2010; Williams et al. 2010) no studies have looked at how overall 

hymenopteran or coleopteran functional diversity changes as small-scale agricultural 

landscapes expand, intensify or consolidate. 

This study addresses a knowledge gap regarding how functional agro-biodiversity 

changes with land-use change in small-scale farming landscapes by investigating the effects of 

agricultural extensification at two spatial scales (field enlargement and proportion of 

agriculture/natural habitats in the landscape surrounding the field) on the functional and 

taxonomic diversity of Coleoptera and Hymenoptera. The study area falls within the buffer 

zone of !ŦǊƛŎŀΩǎ ƭŀǊƎŜǎǘ ƴŀǘƛƻƴŀƭ ǇŀǊƪΣ ¢ǎŀǾƻΣ where current rates of agricultural expansion are 

high (Maeda et al. 2010a). In this novel context, the aims of this study are two-fold, first to test 

the hypothesis that agricultural intensification will lead to environmental trait filtering by 

selecting species more similar than expected by chance, leading to reduced functional diversity 

in extensified contexts. Second, it aims to investigate how particular functional traits are 

related to field size and landscape composition.  

4.2. Materials and methods 

This study analyses a subset of the data collected for Chapter 3, data were subset so as to 

standardise sampling effort between sites as required for the functional diversity metrics 

discussed subsequently. 
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 Study system 

The study landscape was located in lowland (<1100 m a.s.l.) areas of Taita-Taveta County of 

south-east Kenya approximately centered on the town of Mwatate (lat -оΦрлоɕΣ ƭƻƴƎ оуΦоспɕύΦ 

Agriculture is the dominant source of income for Kenyans employing 80% of the national 

labour force (World Bank 2013) and a rising population is increasing demand for agricultural 

land. Taita-Taveta County had an annual population growth rate of 1.6% between 1999-2009, 

the total population of the county in 2009 was c. 284,000 in c.17,000 km2, 48% of whom were 

under 20 years old (National Council for Population and Development 2013). High population 

growth rates coupled with saturation of the farmland resource in the wetter highlands of the 

Taita Hills has resulted in rapid, unplanned, conversion of dry forest to croplands in lowland 

areas. Overall loss of dry forest in the Taita Hills and surrounding lowlands between 1987 and 

2003 was estimated at 22% giving an annual loss rate of 1.5% and losses were concentrated in 

lowland areas with little change in upland areas or hill slopes (Maeda et al. 2010a). Simulations 

based on current rates of change predict lowland areas will be almost completely denuded of 

dry forest by 2030 (Maeda et al. 2010a), although there was still a substantial area remaining 

at the time of this study.  

The lowland landscape was a mosaic of open dry woodland (Acacia spp. and 

Commiphora spp.) and rainfed, low-input, largely unmechanised small-scale farming 

dominated by maize intercropped with dry beans or cowpeas. As agrochemical inputs 

(pesticides, herbicides and inorganic fertilisers) were very low to non-existent and tillage was 

manual (farmers used mattocks or a shallow ox plough) cropland hostility (to insects) from 

mechanical or chemical disturbance was low. As agrochemical inputs (pesticides, herbicides 

and inorganic fertilisers) were low and tillage was manual (farmers using mattocks or used a 

shallow plough driven by ox) negative impacts (matrix hostility) to insects from mechanical or 

chemical disturbance were minimal. The dominant soil types within the study zone were 

rhodic ferralsols and chromic luvisols (Batjes and Gicheru 2004), clays or sandy loams with 

moderate fertility, low organic matter content and poor water retention capacity (Mbora 

2002). Rainfall patterns in Taita are bimodal; with a long rainy season occurring from March to 

June and a shorter rainy season in October to December (Pellikka et al. 2009). Rainfall 

increases with altitude with average annual totals for the lowlands 587 mm at 560 m (Voi) 

increasing to 1132 mm in the uplands at 1768 m (Mgange) (Pellikka et al. 2009). Rainfall is 

highly variable between years, from 1986 to 2003 the minimum annual rainfall was 200 mm in 

the lowlands and the maximum 2000 mm in the highlands (Pellikka et al. 2009). In line with 
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annual averages a coarse estimate of rainfall from simple raingages for the study period 

(August 2012 to June 2013) gave approximately 610 ± 90 (SD) mm of rain at Mwatate. 

 Natural habitat mapping 

The study zone was limited to lowland areas where dry forest and wooded grasslands 

(considered here to be non-agricultural areas with >20% cover of shrubs or trees) were the 

dominant natural habitats in the landscape. Landsat imagery was too coarse to provide spatial 

habitat information at a spatial-scale appropriate for agricultural insects, so woody habitat was 

mapped manually using QGIS 2.0 (QGIS Development Team 2013) and freely available high-

resolution (c. 2 m pixel width) satellite images from the openlayers plugin. Imagery recorded 

during the dry seasons of 2010-2012 was used for mapping as this provided the greatest 

contrast between woody vegetation and agricultural areas. The minimum mapping unit was 25 

m2 and the final map was smoothed in ArcGIS 10.0 (ESRI 2011) using a PAEK algorithm with 10 

m tolerance as this gave a good visual fit to satellite imagery. A total of 525 km2 was mapped 

(Figure 3.1). The primary landuses of non-wooded areas were cropland, settlement, roads and 

pasture, of these cropland was dominant (>80% of non-wooded areas). From henceforth forest 

ƻǊ ǿƻƻŘȅ ƴŀǘǳǊŀƭ Ƙŀōƛǘŀǘ ƛǎ ǊŜŦŜǊǊŜŘ ǘƻ ŀǎ άƴŀǘǳǊŀƭ Ƙŀōƛǘŀǘέ ŀƴŘ ŀƭƭ ƻǘƘŜǊ ŀǊŜŀǎ ŀǎ άŀƎǊƛŎǳƭǘǳǊŜέΦ 

 

Figure 4.1 Study zone and sample site locations. 
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 Analysis of landscape structure, study design and site selection 

To determine the amount of agricultural extensification across the study area Patch Analyst 

5.1 (Rempel et al. 2012) in ArcGIS 10.0 (ESRI 2011) was used to calculate landscape 

fragmentation metrics at a radius of 1 km for a point-grid spaced at 50 m and clipped to 

mapped agricultural areas. The 20% of points with the lowest proportion of natural habitat 

within 1 km and the 20% of points with the highest were selected and buffered to 100 m 

defining areas where agricultural extensification was high and low. To improve standardisation 

between potential field sites points within 1 km of a large commercial sisal plantation, 

ranchlands, large settlements or protected areas were excluded, as were points above 1100 

m.a.ǎΦƭΦ ƻǊ ƻƴ ǎƭƻǇŜǎ ƎǊŜŀǘŜǊ ǘƘŀƴ рɕΦ Landscape metrics were then recalculated for a higher 

resolution 20 m point grid clipped to the buffer. Potential study landscapes with high and low 

levels of agricultural extensification were identified from the new grid by buffering points with 

the 20% highest and lowest proportions of natural habitat to 20 m. Within this buffer, to 

investigate the effects of field enlargement arable fields were mapped and the largest and 

smallest fields (defined as those differing in area by approximately an order of magnitude or 

more) were shortlisted as potential study sites. To minimise correlations between boundary 

habitat and landscape, potential study fields were limited to those with boundaries comprising 

at least 75% or more dry-forest or bushland extending at least 5m from the field edge.  

 

Figure 4.2 Study design with means for landscape and field size (agricultural context), see Chapter 3 
Table 3.2 for errors. 

Potential fields were randomly subset to give five large and five small fields in high and low 

natural habitat landscapes (Figure 4.2). Fields of the same size category were separated by a 

distance of approximately 2 km, this was assumed to give adequate spatial independence 

between study landscapes for the majority of ecosystem service providing insects (Steffan-

Dewenter 2003; Kremen et al. 2004; Winfree et al. 2008; Chaplin-Kramer et al. 2011). Paired 

large and small sites were allowed within landscapes and at a separation distance of 2 km the 

study contained 16 independent landscapes and four paired sites.  
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 Sampling methods 

Trapping was conducted between August 2012 to June 2013. Pan and pitfall traps were placed 

at the same three fixed sampling points at the edge and centre of each field, the midpoint 

between these. The placement of the edge trap was random then average distance between 

the remaining traps was maximised with reference to the edge trap. Traps were only placed in 

cultivated areas where the nearest field boundary was dense woody habitat. There were a 

total of 60 traps, 15 in each agricultural context, in six sampling rounds for pan-traps and four 

sampling rounds for pitfall-traps. Species or family abundances are the summed catch of all 

traps across all sampling rounds (n = 20). 

Triplicate pan-traps (12 cm diameter and 6 cm deep aluminium bowls with sloping 

sides) sampled mobile aerial insects attracted to floral resources, the focal taxa for this study 

were Hymenoptera. Pan-trapping is the most efficient method of sampling bees in agricultural 

habitats (Westphal et al. 2008) and has also been used to study parasitic and predatory 

Hymenoptera (Bowie 1999; Christie and Hochuli 2009; Saunders and Luck 2013). To account 

for different colour preferences of hymenopteran species (Kirk 1984; Aguiar and Sharkov 1997; 

Toler et al. 2005; Campbell et al. 2007) pans were (re)painted each sampling round either 

fluorescent yellow (1005), sky blue (15) or white gloss enamel. Blue and yellow pans were 

protected with clear varnish. Pan-trap height was adjusted to ensure visibly was not obscured 

by local vegetation. Pans were filled with water mixed with a small amount of detergent to a 

depth of 2 cm from the rim. Traps were set in the morning, mean (SD) 0905 hours ± 31 min 

and retrieved in the afternoon of the same day, mean (SD) 1557 hours ± 40 min, mean (SD) 

trap exposure was 6.88 ± 0.48 hours. Pan-trapping in 2012 was conducted during August, 

September and November, and in 2013 in January / February, April and May / Jun. Pan-

trapping was not carried out in strong winds or on rainy days and was repeated if the weather 

changed from favourable to unfavourable conditions during in the day.  

Pitfall traps (500 ml plastic cups, 94 mm in diameter and 135 mm deep) sampled 

epigeal Coeloptera (Ekroos et al. 2010; Ikeda et al. 2010; Gilroy et al. 2014). Pitfalls were filled 

with water mixed with a small amount of detergent to a volume of 300 ml. To prevent birds 

scavenging trap contents and overflow from rain storms, and to reduce evaporation, pitfalls 

were covered with a 150 mm diameter white plastic plate raised 2.5 cm from the soil surface. 

Pitfalls were initially left in-situ for five days, however this was reduced to three days in 

subsequent trapping rounds. Pitfall trapping conducted in 2012 was in August and November, 

and in 2013 in March and May/June. 
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For both trapping methods sites were stratified into groups that could be practically 

visited in a single day then the sampling order of sites was randomised each round. Sampling 

order was also randomised for the traps within sites. Collected specimens were temporarily 

stored in 70-99% ethanol until pinned for identification. If specimens were very small they 

were stored in sealed microtubes with 99% ethanol.  

Taxonomic determinations for beetles > 04 mm in length were made to species by 

M.Mutua, and to genera and species/morpho-species for bees by M.Gikungu, J.Macharia and 

P.Steward, all using the reference collection at the National Museums of Kenya, Nairobi, 

Kenya, where bee and beetle specimens were deposited. Beetle specimens <0.4mm in length 

(365 / 3254 specimens, 11.2%) were not identified and are excluded from analyses. The 

identifity of specimens of non-apiforme Hymenoptera was determined to family for parasitoid 

wasps and to genera for vespid or spheciforme wasps by R.Copeland at ICIPE, Nairobi, Kenya, 

and non-apiforme hymenopteran specimens were deposited at ICIPE. Vernier calipers (± 0.05 

mm accuracy) were used to measure total length (L, anterior median of head to posterior 

median of abdomen), thoracic width (T, widest span) and abdominal width (A, widest span) of 

beetles. Their ventral surface area was estimated using the formula  which weightsthe 

abdominal contribution to area higher than the thoracic contribution (adapted from Larsen et 

al. 2008), this was because the ventral area is nearly always larger than the thoracic area and 

the two can differ substantially in width.  

 Functional trait matrix 

As data availability regarding the ecology and morphology of specimens was limited the 

functional trait matrices used here are relatively simple focussing on 1) the adult size, adult 

and larval feeding behaviour and larval location for Coleoptera species, and 2) larval feeding 

behaviour and larval diet for hymenopteran families. Traits were selected to be relevante to 

agricultural ecosystem services and, as such, indicate functional groups that share similar food 

resources which in turn relates to whether species are potentially beneficial (e.g. pollinators or 

natural enemies) or detrimental (e.g. crop pests). Whilst including additional morphological, 

behavioural and life-history traits would enhance the analysis by more accurately locating 

species in functional trait space, there was sufficient variability in the traits selected to clearly 

separate groups (Figure 4.5B and Figure 4.17B). 

Pan-trapped Hymenoptera were analysed by families rather than species, reflecting 

the high diversity of specimens (37 families) and the impracticality and expense of identifying 

these to genera or species; it is likely that many species were unknown to science (R.Copeland, 
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pers. comm.). Further, to analyse functional groups of Hymenoptera at a species or generic 

level more detailed knowledge of species ecology is required than is currently available or 

accessible, and at high taxonomic resolutions especially little is known regarding the functional 

ecology of most predatory and parasitoid Hymenoptera in sub-Saharan Africa. At the family 

level reasonably detailed descriptions of typical larval feeding behaviour and diet are available 

for Hymenoptera and traits were derived from the literature listed in Appendix H. As the 

ecology of species varies between species within families, in that not all species will share the 

same traits, traits were weighted according to their  frequency of occurence within a family 

according to the information resources available (Appendix D Table D.2). A score of 1 indicated 

a strong association with a trait with the majority of species in a family demonstrating it, a 

score of 0.5 indicated a moderate association, but less than a majority of species 

demonstrating the trait, a score of 0.1 indicated the trait was demonstrated by just a few 

species within in the family (often considered to be atypical), and a score of zero indicated no 

association between family and trait.  

The pit-fall trapped epigeal Coleoptera community (>0.4 mm in length) was 

considerably less diverse than the hymenopterans comprising 11 families and a greater 

taxonomic capacity existed for their identification. As such beetles were analysed at the 

species / morpho-species level. Detailed ecological information regarding many genera, and 

most species, was unavailable for most sub-Saharan African Coleoptera, therefore trait data 

was typically derived from ŀ ǎǇŜŎƛŜǎΩ ǘǊƛōŜ ƻǊ ƎŜƴŜǊŀ. When descriptions suggested that the 

species that form higher taxonomic groupings could possess divergent traits and no species-

level data was available then a species was scored positive for all the possible traits it could 

possess (unless stated to be rare or unusual). Traits scores are listed in Appendix D Table D.1 

and information sources are detailed in Appendix G. 

The relatively simple trait matrices used and the low resolution of taxonomic detail 

available is likely to increase the degree of clustering between taxa than is perhaps biological 

accurate; this should be borne in mind when interpreting the results of this study. However, as 

it is the relative differences between agricultural contexts that is of interest, the trait matrices 

constructed in this study can still provide valid insights into functional change in this novel and 

challenging context, further simple feeding guild approaches have been used in studies that 

compare at functional diversity at higher taxonomic levels (such as order or class, see 

Tscharntke et al. 2008).  
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 Statistical analyses 

All analyses were conducted in R 3.1.0 (R Development Core Team 2014) unless stated 

otherwise. Note that while species or family abundance was used to calculate taxonomic and 

functional diversity metrics the values obtained from trapping methods are only indicators of 

the actual abundance or activity density of the groups in question and whilst the relationship 

between trap data and actual population densities is variable among taxa (e.g. for epigeal 

predatory beetles see Lang 2000) the standardised trapping methods used still allow direct 

comparisons between contexts indicating real patterns and trends.  

Taxonomic metrics (richness, diversity, evenness and composition) 

True individual-based rarefaction curves were used to compare species richness between 

agricultural contexts (Gotelli and Colwell 2001; Buddle et al. 2005) and confidence intervals 

were derived from multinomial models with 1000 randomisations using the EstimateS 

software v. 9.1.0 (Colwell 2013). Species diversity was calculated with the Shannon-Weiner 

index (note that this tends to be correlated with abundance) and species evenness with 

tƛŜƭƻǳΩǎ ŜǾŜƴƴŜǎǎ ƛƴŘŜȄ ǳǎƛƴƎ ǘƘŜ vegan  package (Oksanen et al. 2013). Change in species 

composition was assessed using a non-metric multidimensional scaling (NMDS) ordination in 

the isoMDS  function within the MASS package (Venables and Ripley 2002) (Clarke and 

Warwick 2001) with a Bray-Curtis dissimilarity measure (Magurran 2009). Communities were 

standardised to the proportion of the total abundance of individuals at each site and a 

permutation multivariate analysis of variance using the ADONIS function in the Vegan  

package (Oksanen et al. 2013) with 10,000 permutations was used to test for significant 

differences (Edwards et al. 2014a) using a false discovery rate (FDR) correction for multi-

testing in pairwise comparisons between agricultural contexts. Taxonomic metrics were 

calculated including singletons. 

Measuring functional diversity 

The FDind  function (Villéger et al. 2008) was used to calculate four complementary measures 

of functional diversity: (1) functional richness (FRic), which calculates the volume of functional 

space that a group of taxa inhabit; (2) functional eveness (FEve), which quantifies how the 

abundances of taxa are spread across the inhabited functional space; (3) functional divergence 

(FDiv), which assesses the variations in taxa abundance with respect to the centre of functional 

space (known as the centre of gravity); and (4) functional specialisation (FSpe), which describes 

how functionally unique a community is relative to the regional pool. Pair-wise comparisons 

between agricultural contexts were conducted using linear models and least-squares means, 
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with a FDR correction for multiple-testing, using the lsmeans  function from the lsmeans  

package (Lenth 2014). 

The FSECchange function (Mouillot et al. 2013) was used to assess change between 

paired contexts and figures illustrating functional change were constructed according to 

Mouillot et al. (2013). Functional change figures included the additional measures of functional 

diversity: (5) functional dispersion(FDis); which assesses the deviation of taxa trait values from 

the centre of functional space filled by the community; (6) functional identity (FIde), which 

shows how change in taxa abundance changes the mean trait value of species communities; 

(7) functional entropy (FEnt); which reflect the sum of pairwise functional distances between 

species (using Rao index); and (8) functional originality (FOri), which quantify how change in 

taxa abundance modify the functional redundancy between species. Traits were given equal 

weighting and transformed into synthetic coordinate axes using principal coordinate analysis 

(PcOA) (Villéger et al. 2008; Laliberté and Legendre 2010) and taxa were weighted by relative 

abundance in calculations of functional diversity measures. As traits were a mixture of binary, 

ordinal and continuous variables and to deal with correlations between them, traits were 

transformed into a distance matrix using a Gower distance measure then ordinated using 

PcOA. Two PCoA axes were used to calculate functional measures and the goodness-of-fit 

(GOF) statistic, an approximation of the proportion of variance explained by PcOA axes 

(Krzanowski 2000).The GOF of the regional trait space (excluding negative eigenvalues) was 

51.6% for Coleoptera and 53.6% for Hymenoptera, and including additional axes did not 

substantially increase GOF. FSECchange metrics are limited to the context level and as such 

statistical significance is not available (this is generated at the site level) for the additional 

metrics. 

As functional diversity measures can be skewed by, for example, rare taxa that have 

little functional relationship with agricultural habitats, but, by chance occasionally stray into 

them, singletons can artificially elevate functional diversity assessments, obscuring patterns 

between habitats (Barlow et al. 2006; Edwards et al. 2013). The effect of rare species on 

functional diversity metrics was explored by excluding any singletons (taxa with a single 

individual) for each agricultural contexts (Appendix J) and comparing results to the full dataset. 

Removing singletons only had a notable effect on FRic as the inclusion of rare species can 

greatly alter the volume of trait space occupied by a group of taxa and, unlike the other 

functional diversity metrics, it is not weighted by taxa abundance. 
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Observed and expected functional diversity within agricultural contexts 

To determine whether agricultural contexts exhibited a more or less functionally 

complementary set of taxa, the observed level of functional diversity was compared to that of 

the regional pool for the four functional diversity components of FRic, FEve, FDiv and FSpe 

(Flynn et al. 2009). To do this the standardised effect size (SES) was calculated per site as 

    

    
 for 1000 iterations of expected values from random 

communities generated using an independent-swap algorithm (which maintains species 

frequency occurrence and richness) (Edwards et al. 2013) from the randomizeMatrix  

function in the package picante (Kembel et al. 2010). One-sample t-tests with ‘ π were 

used to determine whether the SES of each functional diversity metric was significantly 

different from zero. 

Species composition and variation in functional traits 

RLQ analysis (ade4 package, Chessel et al. 2004) was used to investigate how landscape 

characters (proportion of local natural habitat within 1 km and field area) may filter particular 

species (or family) traits. RLQ analysis uses three data matrices: Ὑ is ίὭὸὩὩὲὺὭὶέὲάὩὲὸ; ὒ is 

ίὭὸὩίὴὩὧὭὩί; and ὗ is ίὴὩὧὭὩίὸὶὥὭὸ (Dolédec et al. 1996). Species abundances in ὒ were 

converted to relative abundances and a centered chi-distance matrix (correspondence 

analysis) was created from it. Then an Ὑᴂὒὗ matrix was constructed by centering and 

standardising the columns of Ὑ and ὗ, taking the centre weighted average, where weights 

were row weights and species weights respectively, and the weighted standard deviation was 

calculated. Next, ὠ was calculated as the product of Ὑȭὒὗ, the correlation matrix between the 

environmental traits and the species traits mediated by species abundances, and the cross-

product matrix of ὠ was calculated to give ὤ. Eigen decomposition of ὤ using the eigen()  

function gave species trait loadings as eigenvectors (plotted as arrows) and environmental trait 

scores as eigen values as per PCA (plotted as points) (Dolédec et al. 1996). The environmental 

variables used in RLQ analyses were derived from Chapter 3 where methods are detailed. 

4.3. Results 

Across all agricultural contexts 1401 individual epigeal Coleoptera (>0.4 mm length, from 

ƘŜƴŎŜŦƻǊǘƘ ǊŜŦŜǊǊŜŘ ǘƻ ŀǎ ά/ƻƭŜƻǇǘŜǊŀέ ƻǊ άōŜŜǘƭŜǎέ) of 84 species and 575 individual flower-

visiting Hymenoptera όƘŜƴŎŜŦƻǊǘƘ ǊŜŦŜǊǊŜŘ ǘƻ ŀǎ άIȅƳŜƴƻǇǘŜǊŀέύ of 36 families were recorded, 

excluding singletons this fell to 1333 individuals of 55 species for Coleoptera and 496 

individuals of 20 families for Hymenoptera.  
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 Coleoptera 

Taxonomic metrics (richness, diversity, evenness and composition) 

Beetle catches were numerically dominated by tenebrionid (26.4 - 52.6%, Figure 4.3) and 

meloidid beetles (10.3 ς 42.1%), both in the superfamily Tenebrionoidea. Scarabids (3.3 ς 

18.6%), curculionids (3.3 ς 11.6%) and chrysomelids (1.7 ς 10.3%) were commonly caught 

(Figure 4.3), but typically in lower numbers than tenebrionids and meloidids, beetles of other 

families were comparatively rare. Small fields in high natural habitat landscapes had lower 

Coleoptera abundance at both site (P < 0.05, Table 4.1) and context levels compared to all 

other contexts whereas large fields in high natural habitat landscapes accumulated the 

greatest number of individuals, but with considerable variability between sites (Figure 4.4, 

Table 4.1). Small fields in high natural habitat landscapes also had lower species richness at the 

context level compared to all other contexts, and, at the site level species richness and 

diversity were lower compared to large fields in high natural habitat landscapes and small 

fields in low natural habitat contexts (P < 0.05, Table 4.1). However, individual-based 

rarefaction curves (Figure 4.4) showed that the accumulation of individuals for small fields in 

high natural habitat landscapes and large fields in low natural habitat landscapes was 

insufficient to reach a relatively asymptotic level of species richness suggesting comparisons of 

species richness between contexts should be treated with caution. In the absence of singletons 

(Appendix J Figure J.2) all contexts reach relatively asymptotic levels of species richness (Table 

4.1). Large fields in high natural habitat landscapes had significantly lower species evenness 

compared to small fields in low natural habitat landscapes (Table 4.1). Mean evenness was 

lowest in large fields in low natural habitat landscapes, but with relatively high variability 

between sites (Table 4.1). 

Species composition did not significantly differ between contexts (Figure 4.5, Appendix 

I Table I.2). 
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Figure 4.3 Proportional contribution of coleopteran families to the total catch from each agricultural 
context. Bar width is scaled to the total abundance of individuals caught in each context (see Table 4.1). 

Table 4.1 Summary of taxonomic level coleopteran species metrics between agricultural contexts. At the 
context level richness confidence intervals are calculated using a multinomial model with 1000 
randomisations. Diversity is measured using the Shannon index and ŜǾŜƴƴŜǎǎ ǳǎƛƴƎ tƛŜƭƻǳΩǎ ƛƴŘŜȄΦ bI Ґ 
natural habitat with 1000m, large and small refer to field area. Species richness metrics are presented 
with and without (NS) singletons. 

Metric 
Agricultural context 

Large HighNH Large LowNH Small HighNH Small LowNH 

Context Level:     

Abundance 638 369 121 273 

Species richness (SD) 52 ± 3.32 54 ± 4.64 30 ± 4.51 49 ± 2.57 

Species richness 95% CIs 45.48 - 58.52 44.9 - 63.1 21.15 - 38.85 43.96 - 54.04 

NS species richness (SD) 36 ± 0.50 30 ± 0.46 12 ± 0.30 32 ± 0.44 

NS species richness 95% CIs 35.01 - 36.99 29.09 - 30.91 11.41 - 12.59 31.13 - 32.87 

Species diversity 2.84 2.73 2.85 3.24 

Species evenness 0.72 0.69 0.84 0.83 

Site Level:     

Abundance (SD) 127.6 ± 57.16a 73.80 ± 31.57a 24.20 ± 17.09b 54.60 ± 15.29a 

Species richness (SD) 22.00 ± 3.22a 16.80 ± 7.62 8.60 ± 2.8b 18.60 ± 3.72a 

NS species richness (SD) 19.00 ± 4.20a 12.0 ± 4.43 5.40 ± 1.36b 16.00 ± 2.76a 

Species diversity (SD) 2.31 ± 0.16a 1.92 ± 0.93 1.71 ± 0.32b 2.52 ± 0.29a 

Species evenness (SD) 0.75 ± 0.02a 0.68 ± 0.26 0.82 ± 0.10 0.87 ± 0.05b 

Superscripts (a,b) represent FDR corrected pairwise differences at P Җ лΦлрΦ 
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Figure 4.4 Observed Coleoptera species richness, calculated from sample-based rarefaction curves, 
shown between agricultural contexts. NH = natural habitat with 1000m, large and small refer to field 
area. Bars represent the standard error of iterations. Rarefaction with singleton species removed is 
presented in Appendix J Figure J.2. 

 

Figure 4.5 A) Non-metric multidimensional scaling (NMDS) ordination of Coleoptera community 
assemblages and B) Principal co-ordinates analysis (PcOA) on a Gower dissimilarity matrix of Coleoptera 
species functional traits. A) shows no significant differences between agricultural contexts (L = large 
field, S = small field, High & Low refer to local natural habitat within 1000 m of the fields). See Appendix 
I Table I.2 for statistical analysis. B) shows how species are distributed in functional traits space. Red 
points show the location of species sharing similar trait values, species codes are linked to their location 
with a grey line. Where a species code has no grey line it is accurately placed in functional trait spaced. 
Abbreviations refer to the first two letters of family, subfamily and tribe for the species listed in 
Appendix C Table C.1. Major families are Ca = Carabidae, Cu = Curculionidae, Me = Meloidae, Sc = 
Scarabidae and Te = Tenebrionidae. In both A) and B) the regional species pool is used. 

¢Ǌŀƛǘ м 

!ύ .ύ 
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Functional diversity metrics 

Functional and divergence (FDiv) and specialisation (FSpe) did not differ between agricultural 

contexts (Figure 4.6., Figure 4.10dg, Figure 4.12-13dg, Table 4.2). Functional richness (FRic) 

was significantly lower in small fields in high natural habitat landscapes compared to all other 

contexts (Table 4.2, Figure 4.6, Figure 4.10b, Figure 4.12-13b) and removing singletons from 

the analysis increased the size of this effect (see Appendix J1 Figure J.9b, Figure J.11-12b). 

Before correcting for multiple testing functional evenness (FEve) was significantly lower for 

large fields in high compared to low natural landscapes (Figure 4.10c), however this became 

non-significant after a FDR correction was applied (Table 4.2). The frequencies of traits per 

context are illustrated in Appendix I Figure I.1. 

Among all contexts FDiv and FSpe were not significantly different than expected from 

random community assemblages (Figure 4.7, Table 4.3). When singleton species were 

excluded from standardised effect-size calculations for FRic (this metric is not abundance 

weighted therefore singletons exert a disproportionately strong effect) small fields in high 

natural habitat landscapes had significantly lower functional richness than expected, whereas 

for small fields in low natural habitat landscapes it was significantly higher than expected 

(Table 4.3). FEve was significantly lower than expected for large fields in high natural habitat 

landscapes but other contexts showed no significant difference to a random community 

assemblage (Figure 4.7, Table 4.3).  

Lower values of FRic demonstrated that small low natural habitat fields showed a 

reduced range of traits or trait combinations compared to other contexts. Lower values of FEve 

suggest abundances are less evenly shared between species (some species or traits are 

becoming more dominant) or variability of the distance between species in functional trait 

space is higher for large fields in high natural habitat contexts. No difference between contexts 

for FSpe and FDiv suggests that there was little change between the balance of specialists vs. 

generalists (FSpe) and that species abundances were distributed across functional space in a 

similar manner (FDiv). 
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Figure 4.6 Boxplots for observed scores for Coleoptera functional richness (FRic), evenness (FEve), 
divergence (FDiv) and specialisation (FSpe) between agricultural contexts (LH = large field, high natural 
habitat; LL = large field, low natural habitat; SH = small field, high natural habitat; and SL = small field, 
low natural habitat). Top panels are raw scores and the lower panels are standardised (centred and 
scaled). 

Table 4.2 Pairwise comparisons of observed functional metric scores for coleopteran species between 
agricultural contexts using two-tailed t-tests. A false discovery rate correction (FDR p) is applied for 
multiple testing with untransformed p-values also presented (p). Degrees of freedom in all cases was 9. 
High/Low = refers to local natural habitat and Large/Small = refers to field area. Functional metrics are 
FDiv = diversity, FEve = eveness, FRic = richness, FRic_NS = richness with the exclusion of singleton 
species, and FSpe = specialisation. 

Contrasts Metric Estimate t p FDR p 

LargeHigh vs. LargeLow FDiv 0.081 1.610 0.127 0.363 

LargeHigh vs. SmallHigh FDiv 0.089 1.772 0.095 0.363 

LargeHigh vs. SmallLow FDiv 0.070 1.397 0.182 0.363 

LargeLow vs. SmallHigh FDiv 0.008 0.161 0.874 0.874 

LargeLow vs. SmallLow FDiv -0.011 -0.214 0.833 0.874 

SmallHigh vs. SmallLow FDiv -0.019 -0.375 0.712 0.874 

LargeHigh vs. LargeLow FEve -0.117 -2.336 0.033 0.197 

LargeHigh vs. SmallHigh FEve -0.084 -1.683 0.112 0.299 

LargeHigh vs. SmallLow FEve -0.076 -1.514 0.150 0.299 

LargeLow vs. SmallHigh FEve 0.033 0.653 0.523 0.628 

LargeLow vs. SmallLow FEve 0.041 0.822 0.423 0.628 

SmallHigh vs. SmallLow FEve 0.008 0.169 0.868 0.868 

LargeHigh vs. LargeLow FRic 0.010 0.529 0.604 0.864 

LargeHigh vs. SmallHigh FRic 0.068 3.567 0.003 0.015 

LargeHigh vs. SmallLow FRic 0.007 0.354 0.728 0.864 

LargeLow vs. SmallHigh FRic 0.058 3.038 0.008 0.016 

LargeLow vs. SmallLow FRic -0.003 -0.175 0.864 0.864 

SmallHigh vs. SmallLow FRic -0.061 -3.212 0.005 0.016 



107 
 

 

Contrasts Metric Estimate t p FDR p 

LargeHigh vs. LargeLow FRic_NS 0.026 1.538 0.144 0.172 

LargeHigh vs. SmallHigh FRic_NS 0.098 5.774 0.000 0.000 

LargeHigh vs. SmallLow FRic_NS 0.000 -0.023 0.982 0.982 

LargeLow vs. SmallHigh FRic_NS 0.072 4.236 0.001 0.001 

LargeLow vs. SmallLow FRic_NS -0.026 -1.561 0.138 0.172 

SmallHigh vs. SmallLow FRic_NS -0.098 -5.797 0.000 0.000 

LargeHigh vs. LargeLow FSpe 0.026 1.880 0.079 0.260 

LargeHigh vs. SmallHigh FSpe 0.019 1.361 0.192 0.315 

LargeHigh vs. SmallLow FSpe 0.001 0.055 0.957 0.957 

LargeLow vs. SmallHigh FSpe -0.007 -0.518 0.612 0.734 

LargeLow vs. SmallLow FSpe -0.025 -1.825 0.087 0.260 

SmallHigh vs. SmallLow FSpe -0.018 -1.307 0.210 0.315 

 
Figure 4.7 Boxplots of standardised effect size (SES) for Coleoptera functional richness (FRic), evenness 
(FEve), divergence (FDiv) and specialisation (FSpe) between agricultural contexts (LL = large field, high 
natural habitat; LL = large field, low natural habitat; SH = small field, high natural habitat; and SH = small 
field, low natural habitat). SES = (Observed - mean Expected) / SD Expected. SES is calculated from 1000 
randomisations of the regional pool of species, where species frequency of occurrences and species 
richness are maintained. Values differing from zero indicate that the species pool of an agricultural 
context is different to that of the regional species pool. 

Table 4.3 Observed and expected Coleoptera species functional metrics. Mean standardised effect (SES) 
of functional diversity metrics in each agricultural context calculated from 1000 randomisations 
(independent swap) of the regional species pool. One-sample t-tests with ˃  = 0 were used to determine 
if the SES of each metric was significantly different to zero. See Table 4.2 for abbreviations. 

Group Metric 
Mean 
Expected 

SD 
Expected 

Mean 
Observed 

Mean 
SES 

SD 
SES 

95% CI 
low 

95% CI 
high 

t p 

LargeHigh FRic 

0.145 0.038 

0.159 0.373 0.634 -0.493 1.240 1.226 0.303 

LargeLow FRic 0.149 0.103 0.435 -0.483 0.690 0.533 0.625 

SmallHigh FRic 0.091 -1.446 1.205 -3.054 0.161 -2.483 0.069 

SmallLow FRic 0.152 0.193 0.428 -0.386 0.771 0.968 0.425 

LargeHigh FRic_ES 

0.127 0.045 

0.144 0.375 0.622 -0.476 1.226 1.254 0.294 

LargeLow FRic_ES 0.118 -0.216 0.751 -1.236 0.803 -0.563 0.613 

SmallHigh FRic_ES 0.046 -1.844 0.604 -2.538 -1.149 -7.335 0.002 

SmallLow FRic_ES 0.144 0.384 0.141 0.210 0.557 6.288 0.006 

LargeHigh FEve 

0.452 0.091 

0.370 -0.921 0.602 -1.685 -0.157 -3.378 0.035 

LargeLow FEve 0.487 0.416 0.821 -0.662 1.494 1.050 0.392 

SmallHigh FEve 0.455 0.042 1.253 -1.645 1.730 0.056 0.828 

SmallLow FEve 0.446 -0.055 0.526 -0.730 0.621 -0.259 0.613 
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Group Metric 
Mean 
Expected 

SD 
Expected 

Mean 
Observed 

Mean 
SES 

SD 
SES 

95% CI 
low 

95% CI 
high 

t p 

LargeHigh FDiv 

0.881 0.081 

0.912 0.382 0.521 -0.296 1.060 1.664 0.232 

LargeLow FDiv 0.831 -0.675 1.287 -2.368 1.018 -1.067 0.363 

SmallHigh FDiv 0.823 -0.781 1.345 -2.547 0.985 -1.190 0.314 

SmallLow FDiv 0.842 -0.535 0.426 -0.976 -0.093 -3.209 0.067 

LargeHigh FSpe 

0.229 0.017 

0.235 0.339 0.646 -0.537 1.216 1.081 0.357 

LargeLow FSpe 0.209 -1.245 2.169 -4.206 1.716 -1.166 0.310 

SmallHigh FSpe 0.216 -0.808 0.710 -1.758 0.142 -2.358 0.082 

SmallLow FSpe 0.234 0.293 0.531 -0.425 1.011 1.140 0.341 

Species locations in PcOA functional trait space (labelled to subfamily) are presented to aid 

interpretation of the figures illustrating functional differences between contexts. Feeding 

behaviours, for Figures 4.8-4.12, were generally distributed in functional trait space as follows, 

trait 1 (x-axis) split larval predators (negative) from larval phytophages (positive) and trait 2 (y-

axis) split adult predators, detritivores or scavengers (positive) from adult phytophages 

(negative). When comparing between small and large fields or high and low natural habitat 

landscapes only (Figure 4.16) species associations with trait 1 are flipped (Figure 4.5B). 

Interpretation is confirmed by the RLQ analysis in which axes 1 and 2 explained 75.1 and 17.1% 

of the total variation in environmental variables and in species functional traits, respectively 

(Figure 4.17). Axis 1 was explained by larval phytophages and larvae found in roots (positive), 

and larval parasitoids, larval predators and adult pollen and nectar feeders (negative). The 

proportion of natural habitat in a landscape was negatively associated with axis 1 (leaf-litter 

also co-loaded onto the same environmental PCA axis but positively) as were vegetation cover 

and distance to water. Axis 2 was explained by phytophagous adults (positive) and adult and 

larval detrivores or coprophages and adult scavengers (negative). Field size was positively 

associated with axis 2, field floral area and fallow negatively co-loaded onto the same 

environmental PCA axis (PCA axis entered as an environmental predictor in the RLQ analysis) 

with field size.  

Regarding the additional functional diversity metrics generated by the FSECchange 

analyses (panels a, e ,f and h in Figure 4.10, Figure 4.12-14), there were no strong differences 

between contexts for functional dispersion (FDis), entropy (FEnt) and originality (FOri) 

(maximum differences were 5%, 0.04 and 2% respectively, Figure 4.10efh, Figure 4.12-13efh). 

¢Ƙƛǎ ǎǳƎƎŜǎǘǎ ǘƘŀǘ ǘƘŜ ŘƛǎǇŜǊǎƛƻƴ ƻŦ ǎǇŜŎƛŜǎ ŀōǳƴŘŀƴŎŜǎ ŦǊƻƳ ǘƘŜ ŎŜƴǘǊŜ ƻŦ ǘƘŜƛǊ ŎƻƳƳǳƴƛǘƛŜǎΩ 

functional trait spaces (FDis), the abundance weighted pairwise differences between species 

(FEnt) and the functional redundancy between species were not strongly affected by land-use 

intensification at the context level. Functional identity (FIde) for trait 1 showed a positive shift 

when small fields in high natural habitat landscapes were compared to other contexts (range 
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10 - 22%), in particular small-fields in low natural habitat landscapes. This reflects that the 

proportional abundance of tenebrionids (larval phytophages) was relatively low and elaterids 

(potential larval predators) and meloidids (larval predators) relatively high in small fields in 

high natural habitat landscapes compared to the other contexts (Figure 4.3). For the same 

comparison of contexts FIde shifts for trait 2 were also positive but less pronounced (range 3 ς 

9%). Again the greatest difference was observed between small fields in different landscapes 

contexts and this was due to the dissimilarities in the relative abundances of scarabids 

(scavengers or detritivores) vs. elaterids and meloidids, the former having higher relative 

abundance in low natural habitat landscapes with the remaining higher in high natural habitat 

landscapes (Figure 4.3). Differences between all functional change metrics for small vs. large 

fields were relatively low (Figure 4.14A), differences for FDiv (12% drop, Figure 4.14Bd) and 

FDis (5% drop, Figure 4.14Be) were greater when high vs. low natural habitat landscapes were 

compared but land-use change still did not appear to exert a particularly strong influence on 

functional diversity metrics in general. In large compared to small fields, a drop in FDiv 

suggests that less of the total abundance of the community was supported by the species with 

the most extreme functional traits, and a drop in FDis suggests that species abundances were 

ƭŜǎǎ ŘƛǎǇŜǊǎŜŘ ŦǊƻƳ ǘƘŜ ŎŜƴǘǊŜ ƻŦ ǘƘŜ ŎƻƳƳǳƴƛǘƛŜǎΩ ŀōǳƴŘŀƴŎŜ-weighted functional trait space. 
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Figure 4.8 RLQ Biplot showing the relationship between Coleoptera functional traits (labelled points) 
generated from PcOA of a Gower dissimilarity matrix and PCA ordinated environmental variables (red 
arrows) for the regional species pool. Trait prefixes are Ad = Adult and La = larvae. Trait suffixes are D/C 
= detritivore and coprophage, Para = parasitic, Phy = phytophage, Pl = on or in plants (not roots or 
wood); P/N = pollen or nectar feeder, Pre = predator, Ro = associated with plant roots, Sca = scavenger, 
So = soil dwelling, WB = wood borer, Wo = associated with wood (either living or decomposing), UG = 
underground, ?? = location unknown. Environmental variables are VC = vegetation cover, TFA = trap 
floral area; LL = leaf litter; FA = floral area, DW = distance to water, F = fallow, Area = field area and NH = 
natural habitat within 1km. Environmental variables only loading >0.3 onto environmental PCA axes are 
shown, labels in bold indicated variables loading >0.5 and negative loadings are indicated with a minus. 
Axes 1 and 2 explain 75.1 and 17.1% of the total variation in in habitat type and in species functional 
traits, respectively. 

 
Figure 4.9 Principal co-ordinates analysis (PcOA) on a Gower dissimilarity matrix of Coleoptera species 
functional traits for the subset of the regional species pool represented by small fields in high natural 
habitat contexts and large fields in low natural habitat contexts. Abbreviations refer to the first two 
letters of family, subfamily and tribe for the species listed in Appendix C Table C.1. Major families are Ca 
= Carabidae, Cu = Curculionidae, Me = Meloidae, Sc = Scarabidae and Te = Tenebrionidae. Red points 
show the location of species sharing similar trait values, species codes are linked to their location with a 
grey line. Where a species code has no grey line it is accurately placed in functional trait spaced.  
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Figure 4.10 Changes in different components of the functional diversity of Coleoptera species 
communities between small fields with high local natural habitat (blue) vs. large fields with low local 
natural habitat (red). Families (dots) are plotted in two-dimensional functional space according to their 
respective trait values, where axes are traits extracted principal coordinate analysis (PCoA). Circle sizes 
are proportional to species relative abundances in each agricultural context. For subfamily locations in 
trait space see Figure 4.9. Note functional richness (b) is sensitive to rare species also see Appendix J 
Figure J.9 for the same analyses with singletons (rare species) removed. 

 
Figure 4.11 PcOA of Coleoptera species functional traits for the subset of the regional pool represented 
by the figure titles. Abbreviations refer to the first two letters of family, subfamily and tribe for the 
species listed in Appendix C Table C.1. Red points show the location of species sharing similar trait 
values, species codes are linked to their location with a grey line. Where a species code has no grey line 
it is accurately placed in functional trait spaced.  
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Figure 4.12 Changes in different components of the functional structure of Coleoptera species 
communities between the subset of species found in small (blue) and large (red) fields in high local 
natural habitat contexts. Families (dots) are plotted in two-dimensional functional space according to 
their respective trait values, where axes are traits extracted principal coordinate analysis (PCoA). Circle 
sizes are proportional to species relative abundances in each agricultural context. For family locations in 
trait space see Figure 4.11. Note functional richness (b) is sensitive to rare species also see Appendix J 
Figure J.10 for the same analyses with singletons (rare species) removed. 

 
Figure 4.13 Changes in different components of the functional structure of Coleoptera species 
communities between the subset of species found in small fields in high (blue) and low (red) local 
natural habitat contexts. Families (dots) are plotted in two-dimensional functional space according to 
their respective trait values, where axes are traits extracted principal coordinate analysis (PCoA). Circle 
sizes are proportional to species relative abundances in each agricultural context. For family locations in 
trait space see Figure 4.11. Note functional richness (b) is sensitive to rare species also see Appendix J 
Figure J.11 for the same analyses with singletons (rare species) removed. 
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Figure 4.14 Changes in different components of the functional structure of Coleoptera species 
communities for A) small (blue) vs. large fields (red), and B) high (blue) vs. low (red) local natural habitat. 
Families (dots) are plotted in two-dimensional functional space according to their respective trait values, 
where axes are traits extracted principal coordinate analysis (PCoA). Circle sizes are proportional to 
species relative abundances in each agricultural context. For family locations in trait space see Figure 
4.5B. Note functional richness (b) is sensitive to rare species also see Appendix J Figure J.12 for the same 
analyses with singletons (rare species) removed. 

A) Small vs. Large 

B) High vs. Low 
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 Hymenoptera 

Taxonomic metrics (richness, diversity, evenness and composition) 

 
Figure 4.15 Proportional contribution of hymenopteran families to the total catch from each agricultural 
context. Bar width is scaled to the total abundance of individuals caught in each context (see Table 4.4).  

Apidae were the most commonly trapped hymenopteran family (33.2 ς 51.7%, Figure 4.15) 

with the remaining catch composed of a diverse mix of families. Relatively common individuals 

from families in the non-apidae catch component (Figure 4.15) included bethylids (2.7 - 5.7%), 

crabronids (7.7% - 10.4%), halictids (6.2 ς 12.6%), megachilids (0 - 7.1%), platygastrids (1.4 ς 

12.4%) and pompilids (2.1 ς 7.1%). At the context level, abundance was highest in large fields 

in low natural habitat landscapes and lowest in small fields in high natural habitat landscapes, 

however this difference was not significant at the site level (Table 4.4). At the site level family 






















































































































































































































































































































































