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Abstract 
 

The aim of this thesis was to explore how information on chemical impacts on the feeding activity 

of freshwater invertebrates can be used to predict population level effects on ecosystem functions 

and considering the implications for associated ecosystem services. The research focuses on the 

effects of feeding inhibition on ecological functions, examining both individual-level impacts and 

differences in sensitivity among functional feeding groups (FFGs). Using Dynamic Energy Budget 

Individual-Based Models, the study examines population-level responses of freshwater shredders 

Gammarus pulex and Asellus aquaticus, revealing how chemical stress affects the performance of 

ecological functions within a recreational fishery. 

Of the 1500+ chemicals for which toxicity data were available, differences in sensitivity between 

FFGs could not be evaluated for lack of data across multiple species. Of the 48 chemicals with 

sufficient data, differences in sensitivity between FFGs were not detected for 70% of chemicals, 

likely due to species biases in the data. When modelling single-species population responses to 

individual effects, populations exhibited resistance to feeding inhibition, but were most affected 

by reductions in assimilation efficiency (reflecting both resource quality and consumer digestion) 

and food availability—factors that are often overlooked in traditional risk assessments. When 

interspecific competition was considered, impact thresholds were significantly lower than those for 

single-species populations, with the initial ratio and density of competing species influencing 

population resistance to feeding inhibition. Regarding the performance of ecological functions, 

leaf processing was most responsive and most greatly impacted compared to impacts on prey 

provision.  

The study emphasises the importance of considering both ecological and environmental contexts 

in risk assessments. Species diversity and varying sensitivity within the same FFG can alter the 

effects of chemical stress of service providing units. The thesis emphasises the need to consider 

interspecific competition in predicting chemical stress impacts, advocating for broader risk 

assessments that include species interactions. 
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Chapter 1 – Introduction 
Human society benefits greatly from the goods and services delivered by natural systems. These 

goods and services, ‘the direct and indirect contributions of ecosystems to human well-being’, are 

referred to as ecosystem services (Westman, 1977; The Economics of Ecosystems and Biodiversity 

(TEEB), 2010). Not only do we rely on natural systems for the provision of essential goods and 

services such as food, clean water, construction materials, and climate regulation, natural systems 

offer immense benefits to human health, well-being (Bratman et al., 2019; Stock et al., 2022), and 

longevity (Takano et al., 2002; Soga and Gaston, 2016; Jimenez et al., 2021). These services can be 

classified into provisioning services (e.g. tangible goods that humans consume or use), cultural 

services (e.g. non-material benefits that people obtain from ecosystems, including recreational, 

spiritual, and aesthetic experiences), and regulating services (e.g. typically ecosystem processes, 

contributing, for example, to the control of climate, floods, disease, water quality, and pollination) 

(Haines-Young and Potschin, 2018). In the UK, ecosystem services are valued at £1.5 trillion in total 

asset value, with an annual worth of £47 billion (Office of National Statistics (ONS), 2023). Among 

these, cultural services constitute the largest portion of the asset value (61%), with health benefits 

from recreation contributing £445 billion to the total asset value of UK ecosystem services. 

Therefore, safeguarding and sustainably managing natural ecosystems is imperative, not only for 

environmental conservation but also for ensuring economic prosperity and human wellbeing. 

The delivery of ecosystem services is primarily underpinned by biodiversity (Millenium Ecosystem 

Services Assessment (MEA), 2005). Specifically, the delivery of different ecosystem services can rely 

on several biotic attributes; the abundance of individual species, the number of species (species 

richness), diversity of species (species richness and evenness), particularly in terms of functional 

traits and roles exhibited by species within an ecological community, i.e., functional diversity 

(Kremen et al., 2005; Harrison et al., 2014). The ecological attribute of importance can differ 

between services. For provisioning services, the delivery may depend on a particular population or 

community attribute, such as the number of individuals present of a specific size or age class 

(Harrison et al., 2014; Smith et al., 2017). For example, the availability of fish for commercial 

harvesting relies on the abundance of larger, older breeding females (Thorpe et al., 1984; Hixon et 

al., 2014), as they contribute disproportionately more to offspring production compared to 

younger females. Loss of these attributes risks the sustainability and stability of the provision of 

these services. For example, the reduction of older females due to overfishing can decrease 
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offspring production (Barnett et al., 2017).  For regulating services, however, the delivery of the 

service often depends on the presence and activity of certain species or functional groups that 

perform key ecological roles (Harrison et al., 2014; Smith et al., 2017). For example, pollination 

services are, obviously, reliant on the presence and abundance of pollinator species, while water 

purification services depend on the activity of wetland plant species and microorganisms but also 

of whole communities of organisms (Harrison et al., 2014). Nutrient cycling may require species 

from multiple functional groups, as their interactions complement each other to sustain the service 

(Harrison et al., 2014). Therefore, it may not just be species diversity which is important for 

ecosystem services, such as nutrient cycling, but also the functional diversity of those species. 

Historically, research has focused on linking biodiversity to the performance of ecological functions, 

demonstrating that species diversity within a system contributes to functional outcomes (Tilman et 

al., 2014). This has led to the development of the insurance hypothesis (Yachi and Loreau, 1998), 

which posits that species richness can buffer against functional losses by providing functional 

redundancy. This means that when multiple species can perform similar roles, ecosystem functions 

may persist even as species are lost. However, this relationship is not linear nor consistent across 

all environments (Laureto et al., 2015). Instead, diversity of functional traits often provides a more 

robust explanation for ecosystem performance than species diversity alone (Laureto et al., 2015). 

Consequently, loss of species can have varying impacts on ecosystem functions, ranging from 

minimal to significant, depending on the specific species that are lost. Nevertheless, the loss of key 

biotic attributes—whether through declines in species abundance, diversity, or changes in 

population and community structures—poses significant risks to the delivery of ecosystem services 

(Hooper, 2011; Cardinale et al., 2012; Oliver et al., 2015; Dasgupta, 2019). The impact of 

anthropogenic stress on ecosystem services is therefore likely to be highly context-dependent, 

varying across different environments, and species assemblages. 

For thousands of years, humans have been altering the natural environment for their use and 

benefit. Since the industrial revolution, however, the impact of this alteration has been increasingly 

destructive to the environment, driven by urbanisation and a growing global population (Grimm 

et al., 2008; Concepción et al., 2015). This increased demand on natural resources has led to a 

critical decline in biodiversity (Cardinale et al., 2012). It is estimated that 1 million animal and plant 

species, globally, are now threatened with extinction (The Intergovernmental Science-Policy 

Platform on Biodiversity and Ecosystem Services (IPBES), 2019). While the global living planet index 
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estimates a decline in the relative abundance of monitored populations by 69% (1970-2018) with 

freshwater populations particularly affected, declining by 83% since 1970 (World Wildlife Fund 

(WWF), 2020). In the UK, it is estimated one in six species are experiencing decline with, on average, 

the abundance of species falling by 19% since 1970. Since 2010, species abundance (i.e. the average 

change in abundance across species) has declined by 3% (uncertainty interval = -8% to +2%) (Burns 

et al., 2023). The five main drivers of this decline have been identified as land use change, direct 

overexploitation of resources, climate change, pollution, and invasive alien species (IPBES, 2019). 

These drivers often intersect. For example, as human populations increase, there is a greater 

demand for food. This leads to agricultural intensification which increases the risk of agricultural 

pollution across landscapes, as field runoff converges in connected streams (Martinuzzi et al., 2014). 

Meanwhile, a changing climate may exacerbate biodiversity loss from chemical pollution as species 

undergo combined stress of toxicity and increasing extremes of weather (Baste and Watson, 2022).  

With biodiversity loss a threat to human wellbeing by potentially altering the attributes 

underpinning the delivery of ecosystem services (Diaz et al., 2006), it is important to understand 

how such stressors affect the underpinning attributes that deliver these services.  

Chemical pollution is a major driver of biodiversity decline, ranking third out of the five main drivers 

(Jaureguiberry et al., 2022). This has led to declines in nature including species attrition and 

extinction, reduction in biomass, and loss of biotic resilience (European Commission (EC), 2020; 

IPBES, 2019, Jaureguiberry et al., 2022).  Modern society now relies heavily on synthetic chemicals 

across various sectors, including agriculture, industry, and consumer products, from pesticides, 

pharmaceuticals, plastics, and personal care products (The European Chemical Industry Council 

(CEFIC), 2021). In the European Union alone, there are over 100,000 registered chemicals (European 

Inventory of Existing Chemical Substances (EINECS), 2024), with 30,000 to 70,000 in daily use (Loos 

et al., 2009). While persistent organic pollutants (e.g. Dichlorodiphenyltrichloroethane (DDT), 

dioxins, Per- and Polyfluorinated Substances (PFAS)) have been of concern for some time (Carson, 

1962; The Stockholm Convention on Persistent Organic Pollutants, 2001), and continue to be at the 

forefront of environmental policy (EC, 2019), less persistent chemicals (e.g. pharmaceuticals and 

modern pesticides) are also of emerging concern (Loos et al., 2009; Reid et al., 2018). This is due to 

their widespread and continued use by humans resulting in their continued detection in the 

environment (Fang et al., 2019; Wilkinson et al., 2022).  
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Once released into the environment, these chemicals often occur as complex unintended mixtures 

(Posthuma et al., 2022), altering the chemical and ecological status of soil and water (Posthuma et 

al., 2020; Lemm et al., 2021). The most recent Red List compiled by the International Union for 

Conservation of Nature (IUCN) considered 11,500 out of the 83,669 animal species assessed to be 

impacted by pollution (IUCN, 2022). However, the effects of chemical stress on the ecological status 

of a system are highly specific to each ecosystem, as they are influenced by both abiotic and biotic 

factors that can either mitigate or exacerbate the impacts of chemical stress (Clements et al., 2016). 

Abiotic factors include temperature, which can intensify stress (Camp and Buckwalter, 2016; Huang 

et al., 2023; Verheyen and Stoks, 2023; Mangold-Döring et al., 2024). While the nutrient status of 

an environment can also influence the system level response to chemical stress, often high level of 

nutrients acting as an additional stressor, exacerbating impact of chemical exposures (Schafer et 

al., 2016; Nõges et al., 2016; Birk et al., 2020). Biotic factors include population structure (Clark and 

Clements, 2006), community composition (Liess et al., 2008), and trophic interactions such as 

predation (Brookes et al., 2009; Zhao et al., 2020; Van den Brink et al., 2017). Previous exposure to 

stressors can also either strengthen species resilience through adaptation (Bundschuh et al., 2023) 

or weaken population recovery due to the loss of key species (Mohr et al., 2012). With chemical 

pollution a major driver of biodiversity loss, posing significant threats to both human and 

ecological health (Hoekstra and Wiedmann, 2014; Bernhardt et al., 2017; Groh et al., 2022), loss of 

species risks the ecological integrity of natural systems and, consequently, the ecosystem goods 

and services upon which society depends (Dasgupta et al., 2019; Persson et al., 2022). Therefore, it 

is crucial to apply a context-dependent approach to assess the risks of chemicals before they are 

introduced into the environment. 

Ecological Risk Assessment (ERA) aims to evaluate the risk of chemical contaminants in the 

environment, assessing the likelihood of adverse ecological effects (Munns et al., 2006). In Europe, 

various chemical stressors are regulated by different legislative bodies, with regulations differing 

across chemical sectors and overseen by distinct European agencies (Brown et al., 2017). For 

example, general chemicals including those used in industrial activities, are regulated under REACH 

(Regulation [EC] No 1907/2006) while biocides (Regulation [EU] No 528/2012) fall under the 

authority of the European Chemicals Agency (ECHA). Meanwhile, the European Food Safety 

Authority (EFSA) is responsible for regulating plant protection products (Regulation [EC] No 

1107/2009) and feed additives (Regulation [EC] No 1831/2003). All legislative bodies use protection 

goals to guide risk assessments, often focusing on protecting high level entities such as 
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biodiversity, ecological populations, food chains, and communities (Brock et al., 2006; Brown et al., 

2017). The protection goals themselves have been criticised for their vagueness (Hommen et al., 

2010; EFSA 2016), using general terms such as “no unacceptable effects”, and not adequately 

reflecting or specifying what needs to be protected. In current chemical risk assessments, the risk 

of a potential chemical is assessed within a tiered approach, designed to be protective and 

conservative (Hommen et al., 2010; EFSA, 2013).  

In lowest tier, predicted environmental concentrations (PECs) are compared to lethal and some 

sublethal endpoints, derived from toxicity tests using individuals of a few select, standardised 

species in standard toxicity tests (EFSA, 2013; Schuijt et al., 2021). If the predicted effect 

concentration (PEC) is lower than the LC50, the chemical is deemed low risk and requires no further 

regulation of assessment. However, these tests lack ecological complexity and do not account for 

long term impacts, i.e. beyond a few days. Higher tiers are less conservative but more ecologically 

realistic, where multispecies mesocosm studies may be used to test the impact of chemical 

exposure over longer time periods i.e. weeks or months. While these studies are more ecologically 

realistic and less conservative, they are time-consuming, resource-intensive, and carry a high 

degree of uncertainty. To address the complexities inherent in ecological systems, such as indirect 

species effects and interactions, assessment factors (i.e. multiplication factors) are applied to risk 

quotients calculated at all levels of evaluation to account for these uncertainties (European 

Chemicals Agency (ECHA), 2008; Rohr et al., 2016; Sherborne et al., 2022). This approach, based on 

the precautionary principle, is designed to be protective (Chapman et al., 1998; Brown et al., 2016). 

However, despite these safeguards, it can sometimes lead to outcomes that are either overly 

conservative or insufficiently protective (Roex et al., 2000; Forbes and Calow, 2002; Stark, 2005). 

Without clear, ecologically focused protection goals, the process may prevent the approval of many 

chemicals that do not cause 'unacceptable adverse effects’. This poses a challenge, particularly 

when assessing the ecological risk of chemicals like pesticides and pharmaceuticals, which are 

valuable to society but are designed to be biologically active and thus inevitably have some effect. 

The issue then becomes how to manage chemical risks in the field, balancing the trade-offs 

between chemical risks, societal benefits, while linking what we measure to what we want to 

protect. 

An ecosystem services approach to chemical risk assessment was proposed to link chemical 

induced responses of ecological entities that perform ecological functions and processes to 
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changes in ecosystem services delivery (Maltby, 2013; Maltby et al., 2017; Devos et al., 2019). The 

ecosystem services concept, introduced in the 1990s in the field of nature conservation (Daily, 

1997), was designed to provide a link between natural capital and human wellbeing (MEA, 2005; 

Fisher et al., 2009). Since its inception, frameworks have been employed to improve environmental 

decision making (Daily et al., 2009; Fisher et al., 2009; Maes et al., 2013, 2016), facilitating a deeper 

understanding of the link between changes in natural capital and the impact on society (Carpenter 

et al., 2009). For example, the Natural Capital Protocol helps businesses identify, measure, and value 

their impacts and dependencies on natural capital, linking environmental changes to business risks 

and opportunities (Natural Capital Coalition. 2016). While the Integrated Valuation of Ecosystem 

Services and Trade-offs (InVEST) model maps and quantifies the value of ecosystem services, 

allowing users to assess trade-offs between different land use or policy scenarios (Tallis et al., 2011). 

The Ecosystem Services Cascade Model describes the link between changes in natural capital and 

societal impacts by illustrating how ecosystem structures and processes generate services that 

provide direct and indirect benefits to human well-being (Potschin and Haynes-Young, 2016). 

Within this approach, entities that support the performance of functions underpinning ES delivery 

are defined as service-providing units (SPUs) (Luck et al., 2009). SPUs are primarily populations of 

species (Luck et al., 2003) but can extend to the presence of the functional traits and functionally 

important populations, communities, guilds, and interacting networks of organisms that deliver 

services (Kremen et al., 2005). The ES approach to ERA aims to give attention to variation in both 

hazard and exposure across spatial and temporal scales, enabling more regional specific chemical 

risk assessments.  

The ecosystem services approach to risk assessment aims to enhance the transparency of the risk 

assessment process, enabling better communication of policy priorities and risk assessments to 

relevant stakeholders. Additionally, it can facilitate the quantification of trade-offs between 

ecosystem services under different management interventions (Maltby et al., 2021). However, a key 

practical challenge of applying the approach lies in managing competing risks. A single chemical 

may affect multiple ecosystem services within a landscape, such that a particular chemical or 

management strategy may enhance one service while simultaneously degrading another. This 

trade-off presents a significant dilemma for risk managers. Assigning monetary value to ecosystem 

services can help determine the outcomes associated with these trade-offs (Galic et al., 2019). 

However, not all benefits and losses are easily expressed in monetary terms. For instance, the 

concept of resilience remains difficult to integrate into risk assessments, and its valuation is still not 
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well understood (Maltby et al., 2021). Nonetheless, by moving away from a protection strategy that 

protects “everything, everywhere, all the time” toward a targeted, context-specific approach, risk 

managers can optimise chemical use while ensuring ecosystem resilience and the sustainable 

provision of ecosystem services (Devos et al., 2015). 

Service providing units are used to systematically identify the key components of an ecological 

system that provide the services of interest (e.g., population density of key species involved in 

decomposition, pest control, or cultural heritage) (Luck et al., 2003). These can then be linked with 

measurable outcomes for human well-being (Kontogianni et al., 2010; Van den Brink 2021) (Figure 

1.1). In contrast to conventional ERA, the ecosystem services approach to chemical risk assessment 

is guided by specific protection goals (Nienstedt et al., 2012), that highlight the services and SPUs 

of interest within different landscapes. Here, links between SPUs and the delivery of ecosystem 

services are described quantitatively by ecological production functions, or qualitatively with 

evidence-based logic chains (Hayes et al., 2018; Maltby et al., 2021). However, with a lack of 

ecological production functions available to quantifiably assess impacts on ES, evidence-based 

logic chains are the most tractable approach (Faber et al., 2021). These specific protection goals 

form the terminus of ecological production functions or evidence-based logic chains (Faber et al., 

2021; Van den Brink et al., 2021) (Figure 1). These then require tools to populate the path from 

what we measure to what we want to protect.  

Figure 1.1: Translating effect data from standardised ecotoxicological testing for ES impact 
assessment using ecotoxicological exposure-effect relationships. Evidence based logic chains 
qualitatively describe the provision and performance of ecological functions by service providing 
taxa. The performance of these functions is then linked to the delivery of the associated 
ecosystem services (adapted from Faber et al., 2021) 
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Measuring the impacts of chemicals on ecosystem services (ES) is challenging due to the scale and 

complexity of ES delivery (Maltby et al., 2017). Chemicals may not always have immediate or direct 

effects on a specific service but can disrupt underlying ecological processes that support multiple 

services. For instance, while a pesticide may not directly reduce crop yields, it could harm 

pollinators, indirectly affecting food production (Stanley et al., 2015; Knapp et al., 2022). However, 

many ecosystem services rely on ecological processes, like nutrient cycling or soil formation, that 

are driven by the identity and function of species within a system (Hooper et al., 2005; Cadotte et 

al., 2011; Smith et al., 2017), are difficult to observe or measure in real time. Current tools used in 

conventional ERA are often inadequate for measuring ecosystem services or generating reliable 

data that can be linked to ES delivery (Maltby et al., 2017; Faber et al., 2019). Conventional 

ecological risk assessments (ERAs) tend to focus on structural endpoints, such as population 

abundance and species richness. These processes can be reflected in both the structure and activity 

of populations, which are often described as "states" (e.g., species composition) and "rates" (e.g., 

nutrient cycling rates) (Harrison et al., 2021). To properly employ an ES approach in ERAs, it is 

essential to measure the impacts of chemicals on entities that are indicative of broader ecological 

processes. 

Acute lethality is one of the most common and well-established toxicological endpoints (Schuijt et 

al., 2021). While lethal impacts can disrupt the ability of SPUs to deliver ecosystem services through 

the loss of species (Oginah et al., 2023), the mechanisms underlying ecosystem service delivery are 

more complex. The performance of ecological functions that support ecosystem services depends 

not only on the presence of species but also on their activity (Harrison et al., 2021). Behavioural 

responses, such as changes in feeding activity, can be used to link changes in species activity to 

ecosystem function. Feeding is a sublethal ecotoxicity endpoint and indicator of general stress as 

well as an early indicator of changes in individual fitness (Hellou et al., 2010). A general stress 

response for many species, it can be observed in response to a wide range of stressors (Wong and 

Candolin, 2015) across a range of chemical modes of action (Melvin and Wilson, 2013) as well as 

being an ecological relevant endpoint enabling connection between sub-organism and population 

level processes through energetic links (Barnes et al., 2018; Amiard-Triquet et al., 2009; Ågerstrand, 

et al., 2020; Ford et al., 2021). Changes in individual feeding behaviour and population consumption 

have been linked with decomposition (Harrison et al., 2021). Changes in the feeding rate and 

behaviour often lead to a cascade of effects at the individual level in response to chemical exposure 

(Ashauer et al., 2011, Agatz et al., 2013) such as decreased growth (Maltby et al., 1990a; Preuss et 
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al., 2009), and reproduction (Ashauer et al., 2011; Maltby and Naylor, 1990), impaired development 

(Bernot et al., 2005, Agatz et al., 2013), and mortality. Most importantly, feeding has been shown 

to be affected by chemical exposure (concentrations/doses) much lower than those causing lethal 

effects (Agatz et al., 2013). However, it is not often included in regulatory evaluation of chemicals, 

particularly as an endpoint relevant for population level assessments (Ford et al., 2021).  

At a population level, individual behaviours, like feeding activity, can influence intra and 

interspecies interactions which can in turn influence population dynamics (de Villemereuil and 

Lopez-Sepulcre, 2011; Schoener, 2011). These dynamics are shaped by factors such as population 

density and competition for resources, which in turn affect individual behaviours and interactions 

within species. Chemical-induced changes in behaviour, such as feeding activity, can therefore alter 

key drivers of competition like population density and food consumption, thus influencing 

population-level responses to chemical exposure (Foit et al., 2012; Knillmann et al., 2012a; Dolciotti 

et al., 2014). Within populations, changes in feeding activity of individuals can alter population 

structure by affecting survival, growth, and reproductive rates, leading to shifts in population 

density (Galic et al., 2017) and age distribution (Hölker and Breckling, 2001). These alterations may 

cascade through the community, affecting predator-prey relationships and competitive dynamics, 

potentially disrupting important ecological functions such as nutrient cycling, energy transfer. 

However, with the majority of ecotoxicity endpoints focussed on measured effects on individuals, 

for an ecosystem services approach to risk assessment it is essential to develop and incorporate 

tools that can extrapolate these individual-level effects to population and community level 

responses.  

Furthermore, interspecific interactions, particularly within trophic levels, can be affected 

significantly by chemical-induced behavioural changes, especially when competing species have 

different sensitivities to chemical stress (Dawoud et al., 2017; Zhou et al., 2020). For instance, 

adverse effects on one competitor may inadvertently benefit another, depending on the nature 

and magnitude of the effect (Knillmann et al., 2012; del Arco et al., 2016; Schnuck and Liess, 2024). 

The efficiency of tolerant species can also influence the performance of ecological functions 

following such shifts (Baudy et al., 2021). Meanwhile, direct effects on one species can have indirect 

consequences for the community or ecosystem, as changes in one species' population can affect 

others that are dependent on, compete with, or control it. For example, lethal effects on a predator 

can lead to increased prey populations, while lethal effects on prey can negatively impact predator 

populations (del Arco et al., 2016). Sublethal effects, such as altered prey behaviour, may increase 
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predator success rates (Brooks et al., 2009), potentially altering predation rates and impacting 

population control within food webs, which may subsequently affect nutrient cycling. Such changes 

can subsequently impact the performance of ecological processes and functions, such as changes 

in population structure and community interactions can disrupt nutrient cycling (Van Dievel et al., 

2020), energy flow, and other ecological functions. However, there is limited research addressing 

this. Understanding these relationships is crucial for assessing the ecological risks associated with 

chemical exposures. 

In an ecosystem services approach to risk assessment, it is therefore essential to consider not just 

individual-level responses but also the attributes of populations and communities that support 

broader ecological processes and functions. A key focus in the development of ecological risk 

assessments (ERA) has been the use of more ecologically relevant endpoints, including those at 

the population level, which reflect their impact on ecological processes (Cairns et al., 1987; Forbes 

and Calow, 1999; Barnthouse et al., 2007). Since conducting population-level studies in the 

laboratory or in the field can be often practically and ethically challenging, modelling approaches 

that rely on laboratory-measured endpoints are viewed as a necessary and effective alternative 

(Pastorok et al., 2003; Forbes et al., 2011; Galic et al., 2012).  

Models can assist in extrapolating from effects measured in the laboratory to impacts in the field 

by accounting for population-level or ecological processes, and environmental conditions not 

captured under controlled laboratory conditions (Galic et al., 2012). The incorporation of modelling 

approaches in ERA can enable the application of realistic environmental scenarios (Galic et al., 2012; 

Franco et al., 2016; Larras et al., 2020), such as seasonal variation in temperature and food 

availability, drivers that can alter population responses to chemical stress (Vlaeminck et al., 2021; 

Mangold-Doering et al., 2024).  Furthermore, toxicokinetic-toxicodynamic (TKTD) modelling, that 

enables time-resolved predictions of chemical uptake and damage at the individual level (Jager et 

al., 2006; Jager et al., 2018), allow for the simulation of time-variable exposures (Ashauer et al., 

2013), capturing the dynamics of chemical uptake, internal concentrations, damage, and effect on 

organisms. These models range in complexity and data requirements, with the choice of model 

depending on its intended use (Accolla et al., 2021; Van den Brink et al., 2021). 

Population models generally fall into three categories: unstructured, structured, and individual-

based models (Accolla et al., 2021). Unstructured population models typically use endpoints such 

as growth, reproduction, and survival to estimate population growth rates or survival probabilities 



  

Page 23 of 225 
 

(Forbes and Calow, 1998; Sibly and Hone, 2002; Jager, 2004; Muller et al., 2010; Schmidt et al., 2013; 

Jager and Ashauer, 2018). For example, the Lemna spp. effect model (Schmidt et al., 2013), uses 

laboratory-measured growth rates of Lemna spp. to predict population outcomes in floating 

macrophyte populations. These endpoints can also be integrated into ecosystem models that 

assess the effects of chemicals on ecosystem structure, function, and services by incorporating 

dynamic trophic networks (Traas et al., 2004; Lombardo et al., 2015). While these models can be 

applied to non-plant species, they fail to account for variations in individual life histories, which are 

crucial for understanding population dynamics and structure—important factors particularly in 

provisioning ecosystem services. Populations are not just collections of average individuals—they 

consist of individuals that vary in size and age. Since certain ecosystem services, such as 

provisioning, are delivered by specific population attributes (e.g., the number of individuals within 

a particular size or age class) (Harrison et al., 2014), it is critical that models account for these 

variations when assessing the impact of chemicals on ecosystem services. 

Structured models account for differences in life history and size within populations (Charles et al., 

2013). Matrix models, which distinguish between different population classes, offer a mechanistic 

and data-efficient method for capturing this complexity (Forbes et al., 2008; Salice et al., 2010). 

They are particularly useful when data is limited, as they can infer population-level effects from 

minimal input (Wier and Salice, 2021). However, they do not capture the full ecological complexity, 

such as behavioural changes, local interactions, and, to an extent, individual stochasticity, which 

also play a role in population dynamics (Accolla et al., 2021). Populations consist of interacting 

individuals, and these interactions, such as competition for resources, can significantly influence 

growth and responses to chemical stressors (Schmitt-Jansen et al., 2008; Liess, 2002; Fleeger, 2020). 

Intraspecific interactions, including competition for space and food, can alter individual responses, 

leading to population outcomes that differ from those observed in experiments conducted with 

individuals (Liess, 2004; Knillmann et al., 2012; Gergs et al., 2013; Vougeois et al., 2020; Allen et al., 

2021). Oversimplified extrapolations may not capture key population characteristics that are critical 

for driving ecosystem functions (Galic et al., 2012). To improve the prediction of population-level 

impacts of chemical stress based on individual-level measurements, models must incorporate 

ecological complexity and species interactions. 

Individual-based models (IBMs), a type of mechanistic effect model, are valuable tools for 

extrapolating individual-level chemical stressors to population-level responses (Forbes et al., 2008; 
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Galic et al., 2010). These models capture physiological and behavioural responses of individuals 

within their environment, making them well-suited for assessing the population and ecosystem-

level effects of chemical exposures (Grimm et al., 2017; Accolla et al., 2021). IBMs can simulate 

population-level responses by accounting for intraspecific interactions such as crowding and 

resource competition, which are often overlooked in traditional toxicity tests (Gergs et al., 2014b; 

Vaugeois et al., 2020). This answers the long-standing call to integrate ecological considerations 

into ecotoxicology (Cairns et al., 1987; Clements & Rohr, 2009; Beketov and Liess, 2012; Grimm et 

al., 2017). From an ecosystem services perspective, IBMs are particularly valuable as they can be 

spatially explicit, accounting for landscape heterogeneity (Galic et al., 2012; Forbes et al., 2017). 

Several models have been adapted to assess the impact of chemicals on ecosystem services. For 

example, the BEEHAVE model (Becher et al., 2014) has been modified to evaluate chemical effects 

on pollination services (EFSA SO, 2022), and an earthworm population model has been developed 

to assess the impact of chemicals on key drivers of soil fertility (Forbes et al., 2021). Van den Brink 

et al., (2021) demonstrated the application of multiple Individual-Based Models (IBMs) to assess 

chemical impacts on various focal species (springtails (Folsomia candida), ladybirds (Coccinella 

septempunctata), meadow brown butterfly (Maniola jurtina), and bees), each linked to multiple 

ecosystem functions and services within an apple orchard. They concluded that IBMs could be 

suitable and appropriate for assessing chemical induced effects on focal species linking to crucial 

ecosystem services.  

However, it must be noted that while IBMs offer many advantages in ecological modelling, they 

are resource-intensive and can require extensive programming, parameterisation, and validation. 

These models therefore demand significant computational resources and detailed data as they 

simulate individual organisms with unique traits and behaviours. Van den Brink et al. (2021) used 

IBMs to assess the impacts of pesticide exposure in an orchard on different focal species and the 

ecosystem services they provide. However, this study relied on five IBMs that were developed over 

many years by multiple research groups. While these models provide deeper ecological realism 

compared to simpler population models, that depth can come at the cost of versatility, making 

them harder to apply across different systems. In contrast, aquatic ecosystem models such as CASM 

and AQUATOX rely on aggregate-level data, based on population averages, and simpler 

bioenergetics model equations to simulate species population dynamics, (Bartell et al., 2020; Park 

and Clough 2014), making them computationally more efficient and less data hungry than IBMs. 

Additionally, simpler, well-established equations reduce the time required for their development. 



  

Page 25 of 225 
 

In the context of environmental risk assessment, these models can provide a balance between 

ecological realism and utility. Furthermore, they are most appropriate for considering indirect 

effects (Laras et al.,2022). Altogether this makes them perhaps more suitable for higher tier 

environmental management and decision-making (Galic et al., 2019). However, to address specific 

research questions concerning population responses to individual mechanisms and behaviours, 

such as those in this thesis, IBMs and specifically DEB IBMs, provide the most appropriate modelling 

framework. 

When developing individuals-based models, many models do not fully integrate individual 

energetics in a mechanistic manner, potentially overlooking how chemicals affect metabolic 

processes that are crucial for population dynamics. One approach to addressing this challenge is 

through Dynamic Energy Budget (DEB) theory (Kooijman, 2010), which provides a mechanistic 

framework to study metabolic processes across species and biological levels. DEB models use 

differential equations to describe changes in an individual’s energy reserves—covering food intake, 

faeces production, maintenance, growth, maturity, and reproduction (Kooijman, 2010). By altering 

key DEB parameters to simulate chemical stress on metabolic processes like feeding, maintenance, 

or reproduction, DEB models can predict how chemicals influence life history traits and energy 

allocation (Jager, 2012; Jager, 2020). While the standard DEB model has been criticised for its lack 

of adaptivity and plasticity across life stages (Sibley et al., 2013), or in response to chemical stress 

(Spurgeon et al., 2020), individual allocates energy to maturation and growth and this allocation 

remains constant throughout the individual’s lifetime. However, such elements are rarely modified 

in current DEB models due to the lack of sufficient species-specific data. DEB theory provides a 

useful, generic framework, often applying average energy allocation patterns across species, 

making it a useful but albeit sometimes limited in its realism in ecotoxicological modelling. 

For modelling chemical impacts on populations, combining DEB and IBM models (DEB IBMs) offer 

a bottom-up, mechanistic approach to understanding population-level effects from individual 

chemical stress responses. DEB models are particularly advantageous because they allow 

individuals to endure environmental changes, enabling the simulation of population dynamics 

under varying resource availability (Sousa et al., 2010). These models can be used to extrapolate 

from changes in individual energy budgets to impacts on population outcomes and subsequent 

effects on ecological functions, accounting for individual variation and intraspecific interactions like 

competition for resources (Martin et al., 2013; Galic et al., 2017; Vlaeminck et al., 2019; Mintram et 

al., 2018). By considering rates of reproduction, resource consumption, and adaptive behaviours, 
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DEB IBMs provide a comprehensive method for predicting changes in total population biomass 

and dynamics and subsequent impacts on ecological functions underpinning ecosystem service 

delivery. 

The combination of IBMs and DEB models provides a pathway for transitioning from traditional 

environmental risk assessment to more holistic ecological risk assessments (Forbes and Galic, 

2016). By using energy as a currency to link individual effects to ecological functions through 

population level responses, these models offer a powerful framework for understanding how 

chemical stressors impact not only population dynamics but also ecosystem functions and services 

(Goodchild et al., 2018; Murphy et al., 2018). However, further research is needed to explore the 

effects of sublethal impacts within and between populations, and their broader implications for 

ecosystem functions.  

1.1 Ecosystem services in freshwater systems 

Freshwater ecosystems are a significant source of biodiversity, hosting almost 9.5% of the Earth’s 

described animal species yet representing only 0.01% of water on earth (Dudgeon et al., 2006; 

WWF, 2016). They deliver a number of valuable ecosystem services, from the production of fish for 

both food and recreation to nutrient cycling, water retention and purification, erosion regulation 

and regulation of the flow of water (MEA, 2005; Harrison et al., 2010, Haines-Young and Potschin, 

2012), as well as contributing directly to human wellbeing providing sites for recreation (e.g. 

swimming, nature viewing, angling) (Keeler et al., 2012).  

Freshwater systems are vulnerable to both point and nonpoint sources of pollution and are 

therefore particularly exposed to a wide range of chemical stressors (Vorosmarty et al., 2010; 

Stendera et al., 2012; Malaj et al., 2014; Burns et al., 2018). Point sources include discharges from 

wastewater treatment plants, which can release various chemical contaminants, such as 

pharmaceuticals and personal care products, which are frequently detected in river systems 

(Kasprzyk-Hordern et al., 2008; Burns et al., 2018; Boxall et al., 2024). Whilst, diffuse sources 

encompass agricultural and urban runoff, contributing pollutants like nitrogen, phosphorus, 

pesticides, and veterinary pharmaceuticals. These inputs have escalated due to intensified 

agricultural practices over the past 50 years (Whelan et al., 2022).  

The European Union Water Framework Directive (WFD) was established to enhance water quality 

across Europe, requiring member states to monitor and assess the chemical and ecological status 
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of water bodies, aiming for all to achieve 'good' status by 2015. Despite these efforts, only 40% of 

Europe's water bodies reached good ecological status by that deadline (European Environmental 

Agency (EEA), 2018). In England, the situation is worse, with only 16% of all water bodies and 14% 

of rivers achieving good ecological status, predominantly due to pollution from agriculture, 

sewage, wastewater, and urban runoff (Environmental Audit Committee (EAC), 2022). These 

pollutants pose a significant threat to freshwater and wetland species, with one in ten facing 

extinction in the UK and two-thirds experiencing population declines (EAC, 2021). While there has 

been an increase in freshwater species overall in the UK, thought to be linked to climate change 

(Outhwaite et al., 2020; EAC, 2021), the recovery of European freshwater diversity has slowed in 

recent years with recovery less prominent in communities downstream of dams, urban areas, and 

cropland (Haase et al., 2023). The latter where pollution is highly likely a driver of this. While 

biodiversity declines are driven by multiple stressors, poor water quality, linked to chemical 

pollution, has been specifically associated with decreases in invertebrate diversity (Beketov et al., 

2013). Liess et al. (2021) found that, among other stressors such as poor habitat structure, 

hydromorphology, and oxygen deficiency, pesticides in German lowland streams were a dominant 

stressor to insects, while Weitere and colleagues (2021) found that micropollutants from water 

treatment plants negatively affect the diversity invertebrate communities. With the constant 

introduction of new chemicals into the market and the UK's departure from the EU, there is an 

increased risk of potentially harmful chemicals entering the environment due to the loss of 

stringent regulatory oversight (Jones et al., 2024). Therefore, there is an urgent need to develop 

cost-effective, ecologically relevant methods to protect freshwater systems from chemical pollution 

targeted at preserving the ecological integrity and the essential services provided by these vital 

ecosystems. 

Utilising an ecosystem services approach to risk assessment, we can employ modelling tools within 

the framework of ecosystem services to predict the detrimental effects of chemical pollution on 

the entities responsible for ecological processes and functions within freshwater systems. However, 

a critical initial step involves identifying the ecological entities that drive and sustain the ecological 

processes and functions essential for the provision of these services. To assess chemical effects on 

them, with the majority ecosystem services provided by ecological processes and functions of 

population species, it is important to identify the entities that drive their delivery. 
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1.2 Recreational Fisheries 

In the UK, angling, also known as recreational fishing, is enjoyed by estimated more than 1 million 

people annually (UK Environment Agency (EA), 2018). Popular with both residents and visitors to 

the British Isles, freshwater angling is a billion-pound industry, contributing around £1.4 billion 

annually to the UK economy annually (gross value added, including cost of bait, transport, as well 

as licences fees (EA, 2018)). In England and Wales, angling for coarse fish (fish species other than 

salmon and trout e.g. pike, and perch) is most popular with 19.4 million angling days of a total 22.3 

million in 2015 (EA, 2018), with the majority of those days (15.5 million) spent fishing in lakes, 

reservoirs and ponds, 5.5 million days spent fishing in lakes or streams and 1.4 million in canals. 

The health of a fishery is dependent on the supply of fish and size of the fish. The satisfaction of 

anglers correlates strongly with the availability of larger fish and the aesthetic appeal of the fishery 

environment (Birdsong et al., 2021). The status and sustainability of fisheries are linked to ecological 

processes that ensure robust fish populations, nutrient cycling, and habitat maintenance. The 

precise economic and well-being benefits derived from angling are challenging to quantify, but 

the positive impacts of outdoor recreation on health are well-documented (Public Health England, 

2020; Wilson et al., 2023). Often, the value of ES are valued by the cost of remediating and restoring 

environments that are negatively impacted by drivers of environmental changes (Bullock et al., 

2016). Thus, any degradation or loss of the ecological functions supporting these services could 

incur significant costs on both the economy and the welfare of citizens. 

Recreational fisheries have frequently been utilised as a case study system to test ecotoxicological 

methods for assessing the chemical effects on ecosystem services (Forbes et al., 2017; Galic et al., 

2019; Maltby et al., 2021). Their complex species interactions and well-defined services, such as 

angling opportunities and habitat quality (Fulford et al., 2016), facilitate a focused examination of 

how environmental changes affect these services. Recreational fisheries are, therefore, an ideal 

system for exploring the relationship between chemical impacts on key SPUs and the provision of 

measurable recreational ecosystem services within the context of ecological risk assessment (ERA). 

In a recreational fishery, the provision of both game (salmon and trout) and coarse (roach and 

perch) fish species are of interest to anglers. Such fish, as carnivores, rely on the provision of prey 

for food, which in turn is reliant on the processing of resources and organic matter in the system 

(Figure 1.2) (Maltby et al., 2021). Some carnivorous fish prey on macroinvertebrate communities, 

selecting prey based on the availability of preferred individuals, often of a particular species and 
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above a particular length (Newman and Waters, 1984; Rask and Hiisivuori, 1985; Dodrill et al., 2021). 

The provision of prey is dependent on the processing organic matter in the system.  

As consumers, freshwater invertebrates are a key component of freshwater food webs, performing 

myriad ecological functions (Cummins and Klug, 1979; Wallace and Webster, 1996; Duffy 2002). 

They play a vital role in the transformation and consumption of organic material, facilitating the 

cycling of nutrients, transporting, and mixing of materials, altering the physical structure of 

ecosystems, and enabling the transfer of energy via secondary production, through the food web 

as a result of their feeding activity (Gessner et al., 1999; Macadam et al., 2015). For example, benthic 

invertebrates contribute significantly to nutrient cycling and organic matter processing through 

their feeding activities, such as processing leaf litter, which supports energy flow in freshwater 

streams (Gessner et al., 1999; Benke et al., 2018). While the presence of herbivores, for instance, 

plays a key role in consuming, and thus controlling the presence of primary production and 

particulate matter, maintaining water clarity (Faber et al., 2021). Such processes support several 

freshwater ecosystems services and are maintained by a functionally diverse freshwater 

invertebrate community (Smith et al., 2017).  

The range of functions performed by this diverse group of consumers can be categorised by their 

relationship to their food source (Wallace and Webster, 1996). In 1967, Root introduced the 

concept of a "functional group" (initially termed "guild") to describe a collection of species that 

exploit the same class of environmental resources in similar ways, leading to overlapping niche 

requirements. This resource use generally pertains to food or habitat (Cummins, 1974; Blaum et al., 

2011). Functional feeding groups—such as filterers, shredders, predators, gatherers, and herbivores 

(Tachet et al., 2010)—can include a diverse range of taxa, as species from different taxonomic 

groups may perform similar functions. Conversely, species within the same taxonomic group can 

occupy different functional groups. However, some taxa are more prevalent in certain functional 

feeding groups than others (Schmera et al., 2022). Freshwater invertebrate communities, thus, play 

a crucial role in maintaining various processes and functions within freshwater ecosystems. 

Therefore, declines in the diversity and abundance of these invertebrates, or changes in their 

feeding activities, may adversely affect the provision of ecosystem services in recreational fisheries 

(Figure 1.2). Such alterations can disrupt both the structure and functioning of the ecosystem, 

ultimately impacting the overall performance and sustainability of a fishery (Maltby et al., 2021). 
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In terms of the provision of prey, feeding activity of freshwater invertebrates can link prey 

population growth and the growth of fish within a recreational fishery. Specifically, prey availability 

can influence both somatic and population growth in fish populations, which are directly linked to 

fishery productivity and value (Brown et al., 2019). Both somatic and population growth can be 

influenced by the individual feeding rates (Kooijman et al., 2010) as well as the quality and quantity 

of food available to fish. Larger prey often offer greater energy density (Newman and Waters, 1984). 

Carnivorous fish feeding on fast-growing, energetically rich prey generally have greater somatic 

growth, leading to larger body sizes (Goodrich and Clarke, 2023). This enhances the appeal of fish 

to recreational anglers (a cultural ecosystem service) (Birdsong et al., 2021). Equally, high prey 

population growth can result in greater prey abundance, ensuring more stable supply of food 

resources for carnivorous fish populations. This supports a steady fish growth, higher biomass, and 

more reliable fishery yields — key to the economic value of commercial fisheries. These trophic 

interactions demonstrate that prey characteristics—such as abundance and nutritional quality—

are not merely background ecological variables but are fundamental drivers of fish population 

dynamics and the reliable delivery of ecosystem services in freshwater systems.  

The effects of chemicals on freshwater invertebrates and their feeding activities can significantly 

impact ecological functions and the associated services these ecosystems provide. Given that 

allochthonous detritus, formed of terrestrial substrates, is a major source of energy in freshwater 

environments (Marcarelli et al., 2011; Brett et al., 2017), much of the research has concentrated on 

the breakdown of leaf litter in streams. Studies have shown that exposure to insecticides, 

fungicides, and antibiotics can reduce leaf litter processing by detritivores (Peters et al., 2013; 

Harrison et al., 2021; Reiber et al., 2022). Such findings highlight the vulnerability of critical 

ecosystem processes to chemical stressors. Single-species studies demonstrate that these 

pollutants can disrupt resource processing, an essential service for nutrient cycling and energy flow 

(Fernandez et al., 2015; Zubrod et al., 2015). When it comes to community level effects, however, 

this is influenced by the distribution of sensitivity both between and within functional feeding 

groups, as well as the resulting chemical effects on intra- and interspecific interactions within these 

groups or service providing units.  

Given that the relationship between invertebrate diversity loss and ecosystem function 

performance is complex a function of both species and functional diversity and evenness (Laureto 

et al., 2015). Understanding variations in chemical sensitivity both between and within functional 

groups can provide valuable insights into how chemicals affect the functions that support 
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ecosystem service delivery. To understand chemical effects on the ecological processes and 

functions that underpin the delivery of ecosystem services, we must first understand how chemical 

pollutants affect the activity entities perform those functional and processes, the consumption, 

production, and translation of energy by individuals, populations, and interacting species. 

  

Figure 1.2: The role of the feeding activity of freshwater invertebrates in the performance 
of ecological functions, i.e. the cycling of nutrients and the provision of prey, that support 
the provision of fish in a recreational fishery 



  

Page 32 of 225 
 

1.3 Aims and objectives 

The aim of this thesis is to explore how information on chemical impacts on the feeding activity of 

freshwater invertebrates can be used to predict population level effects on ecosystem functions 

and considering the implications for associated ecosystem services. This is investigated the case 

study of a recreational fishery where the delivery of ES is supported by the provision of prey and 

the consumption of organic matter, driving the cycling of nutrients. The thesis addresses the 

following questions:  

• How do chemical stressors impact the feeding activity of freshwater invertebrates, and to 

functional feeding groups differ in their sensitivity to these stressors? 

• How do individual-level impacts on energy uptake translate to population-level responses 

and the overall performance of ecological functions i.e. the provision of prey for predatory 

fish and the cycling of nutrients? 

o How do these effects impact single-species populations? 

o How are these population-level responses and ecological functions influenced 

when interspecific competition and differential sensitivity between species are 

considered? 

Chapter 2 focuses on the individual-level effects of chemical stress, exploring the variation in 

sensitivity among freshwater invertebrates from different functional feeding groups. It examines 

how these groups respond to various chemical stressors and Mode of Action. The chapter uses 

data on lethality from the RIVM ecotoxicity database and data gathered from a systematic review 

of peer-reviewed literature regarding the impact of chemical stress on feeding activity. This 

information—lethality and changes in feeding behaviour—serve as proxies for understanding the 

broader effects on the structure and function of ecological systems. 

The objectives of this chapter are: 

• To assess the variation in taxonomic composition of functional feeding groups for 

freshwater invertebrates within each dataset.  

• To assess the distribution of sensitivity between functional feeding groups to different 

chemical stressors with regard to lethality and feeding activity, comparing, where possible, 

patterns between chemical modes of action 

• Assess the relative sensitivity of feeding as an endpoint compared to lethality. 
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Chapter 3 describes the selection, adaptation, and evaluation of the two individual-based dynamic 

energy budget models used in the subsequent chapters to study the impact of chemical effects on 

the feeding activity of individuals on the structure and activity of populations in a service providing 

unit. Specifically, it focusses on the roles of Gammarus pulex and Asellus aquaticus in leaf 

processing and prey provision, two functions critical for maintaining the health and functioning of 

freshwater ecosystems. 

Chapter 4 aims to assess how different pathways of impact on energy uptake by individuals 

translate to the performance of ecological functions by populations of two freshwater shredder 

species, Asellus aquaticus and Gammarus pulex. Specifically, it focuses on their roles in leaf 

processing and prey provision, which are critical for the delivery of ecosystem services of a 

recreational fishery. The objectives of this chapter are: 

• To utilise Dynamic Energy Budget Individual-Based Models (DEB IBMs) for Gammarus pulex 

and Asellus aquaticus to simulate population-level responses to four pathways of impact 

on the consumer-resource relationship: individual feeding activity, individual assimilation 

efficiency, resource quality, and resource quantity. 

• Compare how these pathways of impact translate to population level responses and the 

performance of two key ecological functions by these populations of these species, the 

processing of leaf litter and the provision of food for fish.  

• Compare the relative sensitivity of population-level responses between the two shredder 

species: Gammarus pulex and Asellus aquaticus. 

Chapter 5 couples the two species models and assesses how interspecific competition for food 

resources affects the impact of chemical induced feeding inhibition in either species and 

differences in relative sensitivity between the two species populations and performance of 

ecological functions within the SPU. The chapter addresses the following objectives: 

• To investigate how feeding inhibition affects the conditions that allow for coexistence 

versus exclusion between the species. 

• Where coexistence occurs, examine how the relative abundance of species varies with 

feeding inhibition. 

• Where exclusion occurs, examine how feeding inhibition affects the time take for one 

species to exclude another. 
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• Finally, this chapter will address how changes in individual feeding rates and relative 

sensitivity translate into alterations in the ecological functions within the SPU. 

Chapter 6 is the general discussion that aims to piece together the results by exploring the 

implications of findings in the previous chapters assessing how information about feeding 

behaviour responses to chemical stress, coupled with extrapolatory modelling, be used to make 

useful predictions about impacts on ecosystem service provision. The main research findings are 

discussed, exploring implications of assessing effects at different levels of biological organisation 

affects the prediction of impacts on ecological functions in a recreational fishery, considering the 

implications for an ecosystem services approach to ecological risk assessment. 
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Chapter 2 - Invertebrate Sensitivity to Chemical Stress: 
Implications for Ecosystem Structure and Process 
2.1 Introduction 
To assess the risks that chemical stressors pose to ecosystem service delivery, it is necessary to 

understand chemical effects on the ecosystem components that provide the services (i.e. service 

providing units, SPUs). Many ecosystem services depend on ecological processes (Luck et al., 2009), 

which are dependent on both the identity of the species present and their contribution to the 

underpinning functions (Hooper et al., 2005; Cadotte et al., 2011; Smith et al., 2017). This can 

translate to structure and process or activity within a system, or states and rates (Harrison et al., 

2021). Therefore, when assessing chemical effects on the performance of ecological functions, we 

need information that pertains to the presence and activity of species from particular SPUs.  

Invertebrates drive several ecological processes within freshwater food webs (e.g. production and 

consumption of biomass, transformation of organic matter, nutrient cycling), which are dependent 

on their food source and feeding behaviour (Wallace and Webster, 1996). The term functional 

feeding group (originally “feeding guild” has been used to describe “a group of species that exploit 

the same range of environmental resources in a similar way and thus overlap in the niche needs” 

(Root, 1967; Cummins, 1979) where the use of resources is typically related to food or habitat 

(Blaum et al., 2011). Freshwater invertebrates have been ascribed to six functional feeding groups 

that include filterers, which feed on suspended material through; shredders, that feeding on coarse 

detritus of both plant or animal material physically breaking down or "shredding" this material into 

smaller pieces; gatherers, which feed on fine organic particles that settle on the bottom of water 

bodies; predators, which actively hunt, capture, and consume other animals; and herbivores, which 

graze on plants or algae (Tachet et al., 2010; Schmera et al., 2015).  

Species from different taxonomic groups may occur in the same functional feeding group and, 

similarly, species within the same taxonomic group may occur in different functional groups. While 

species diversity can promote functional diversity, the relationship is not always straightforward 

(Naeem et al., 2002, Cadotte et al., 2011; Loreau et al., 2015). In ecosystems where there is functional 

redundancy, the loss of a few species might not significantly impact the ecosystem's overall 

functioning (Biggs et al., 2020). However, if species loss is not random, but systematically affects 

species that perform a particular function, there can be a significant loss of functional diversity, 

even if species diversity remains high (Spaak et al., 2016; Baert et al., 2017). With sensitivity to 
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chemical stress partly influenced by taxonomy, differences in the taxonomic composition of 

functional feeding groups (FFGs) could therefore reveal potential variations in chemical sensitivity. 

Furthermore, identifying the variation in sensitivity to chemical stress within and between 

functional feeding groups may shed light on how different chemicals might affect the performance 

of ecosystem functions and hence the delivery of ecosystem services. 

The sensitivity of freshwater invertebrates to chemical stress may vary over 12 orders of magnitude 

(Oginah et al., 2023) and the relative sensitivity of species is often chemical specific (van den Berg 

et al., 2019). Chemicals with specific toxicity pathways (e.g. Acetylcholinesterase (AChE) Inhibitors 

like organophosphates or carbamate insecticides, or polar narcotics, often pharmaceuticals) tend 

to show greater and systematic variation in sensitivity between taxonomic groups compared to 

general stressors like non-polar narcotics (Maltby et al., 2005; Maltby et al., 2009; Signore et al., 

2016; Van den Berg et al., 2019; Robinson et al., 2021; Oginah et al., 2023). In general, AChE 

inhibitors disproportionately affect arthropods (Oginah et al., 2023) compared to other taxonomic 

groups such as molluscs (Van den Berg et al., 2019). Conversely, annelids (Lofts et al., 2005) and 

molluscs are generally more sensitive to metals (Kraak et al., 1994; Berny, 2002; Van den Berg et al., 

2019). Therefore, the taxonomic composition of functional feeding groups may influence their 

sensitivity to chemical stress. Interspecific variation in chemical sensitivity across ecotoxicological 

endpoints from single-species toxicity tests can be statistically described using species sensitivity 

distributions (SSDs). SSDs can then be used to calculate the hazard concentration (HC5) at which 

5% of the species assemblage may be affected (Posthuma et al., 2000; Posthuma et al., 2019). They 

can be used to compare the sensitivity profile of different groups of species e.g. taxonomic groups 

(Maltby et al., 2005; van Den Brink et al., 2006; Oginah et al., 2023) or assemblages in particular 

habitats (Liang et al., 2024; Jupke et al., 2024). The field has moved towards more targeted SSDs 

for chemical modes of action, grouping or splitting species by broad taxonomic groups (i.e. 

Microbes, algae, invertebrates, and vertebrates), often yielding regulatory thresholds below those 

using standard SSDs (Maltby et al., 2005; Van Den Brink et al., 2006; Oginah et al., 2023). Current 

approaches to SSDs do not explicitly consider how the species contribute to the performance of 

ecosystem functions (Belanger et al., 2016). If we are to move toward predicting chemical effects 

on ecological processes and functions, to protect the delivery of ecosystem services, we need to 

consider not just what a species is, but also what it does i.e. the functions it performs. 

The most common ecotoxicity endpoint is mortality, usually reported as the lethal concentration 

killing 50% of test organisms. The LC50 derived from acute (<7 days) toxicity tests. Loss of 
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individuals due to chemical-induced mortality can lead to reduced population sizes and, in extreme 

cases, local species extinction, which alters community structure and may alter the performance of 

ecological functions (Rumschlag et al., 2020). Therefore, acute mortality can tell us something 

about chemical impacts on the structure of assemblages. However, such changes in community 

structure may not always result in changes in the performance of particular functions, especially in 

systems with high functional redundancy (De Laender et al., 2011). Moreover, there may be changes 

in functions which occur as a result of impacts on organisms which do not result in mortality. 

Sublethal effects, such as decreased feeding, can still have significant ecological consequences.  For 

example, feeding rates in laboratory settings have been shown to correlate with consumption in 

natural environments (Farrow and Maltby, 2000; Bloor et al., 2005). This is particularly relevant when 

chemical concentrations are below regulatory thresholds, where subtle behavioural changes may 

still have significant ecological consequences (Peters et al., 2013).  

In terms of an ecosystem services approach to ERA, feeding traits can provide a mechanistic link 

between organic matter processing, individual growth, and ecosystem function. Assessing feeding 

behaviour allows for a more comprehensive understanding of impacts on energy transfer, linking 

to the performance of ecological functions. Feeding traits can be directly associated with prey 

availability and trophic interactions by influencing body size distributions and i.e. intra and 

interspecific competition for resources. However, feeding is not a commonly used endpoint and 

therefore can lack appropriate data.  

By contrast, growth is a more commonly measured and data rich endpoint which is also simpler to 

assess. However, a focus on chemical effects on individual growth or body weight alone may 

overlook potential effects on ecological processes that drive population-level responses. While 

changes in body weight can serve as a general indicator of stress (Schuijt et al., 2021), it does not 

necessarily indicate how an organism is performing its functioning within an ecosystem. Changes 

in feeding behaviour can directly influence individual growth, but the reverse is not always true 

(Schuijt et al., 2021). Furthermore, unchanged growth may not always indicate an absence of stress 

(Mouneyrac et al., 2011), particularly as changes in feeding rate can buffer against environmental 

disturbances before measurable shifts in body size or reproduction occur. This makes feeding a 

more sensitive and ecologically relevant metric for assessing chemical effects, as it integrates both 

individual physiological responses and broader food web interactions. 
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From an ecotoxicological perspective, feeding activity is both ecologically significant and highly 

sensitive (Agatz et al., 2014; Ford et al., 2021), often being affected at concentrations lower than 

those causing lethal effects (Nyman et al., 2013; Agatz et al., 2014; Melvin and Wilson, 2013; Alonso 

and Romero-Blanco, 2022). Feeding is not frequently measured in standard laboratory studies; it is 

more commonly assessed in in situ assessments of water quality (Maltby et al., 2001) or in chronic 

studies as an indicator of ecological function (Van den Brink et al., 2008; Harrison et al., 2021). With 

only a few standard protocols available for individual-level feeding tests, understanding the 

chemical impacts on the feeding activity of a range of freshwater invertebrates, and thus the 

functions they perform, remains limited. Therefore, it is important to understand the relationship 

between feeding activity and lethality to better infer potential ecological impacts from more 

commonly measured endpoints. 

To gain an understanding of how chemicals influence ecological processes and functions, it is 

important to study both lethality and changes in feeding rates across species from different 

functional groups. Lethality provides insights into direct population and community impacts, while 

changes in feeding rates reveal sublethal effects that can alter ecosystem processes. This study 

explores how the distribution of sensitivity to chemical stress differs between functional groups 

with respect to both lethality and feeding activity.  

To address this aim, lethality data (acute LC50s) were obtained from the curated and harmonised 

ecotoxicity dataset of Posthuma et al. (2019) in Oginah et al. (2023). For feeding data, a search of 

the US Environmental Protection Agency (EPA) ECOTOX database (conducted on 21.12.2022) for 

behavioural endpoints initially yielded 4,991 of endpoints from 641 of studies. When filtering by 

strictly feeding behaviour and static exposure, this fell to 606 endpoints from 94 studies. When this 

was filtered to one endpoint per chemical per species per study, this became 212 endpoints across 

41 species (Appendix 2.1). This dataset was therefore considered data poor with regard to feeding 

endpoints, so, feeding data used in this study was gathered using a systematic review of the peer 

reviewed literature. Therefore, the first aim of this study was to understand the chemical induced 

effects on feeding rate and behaviour of freshwater invertebrates.  

Using this data, this study addresses the following objectives:  

• To assess the distribution of sensitivity across functional feeding groups with a focus on 

both lethality and feeding activity, in response to different 1) chemical stressors, 2) chemical 

modes of action. 
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o Within which the variation in taxonomic composition of FFGs in the toxicity datasets 

will be assessed to enable the formulation of hypotheses about the distribution of 

sensitivity. 

• Assess the relative sensitivity of feeding as an endpoint compared to lethality. 
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2.2 Methods 

2.2.1 Data Collection and Preparation 

2.2.1.1 Lethality Data 

Lethality data was obtained from the curated RIVM (The National Institute for Public Health and 

Environment, The Netherlands) ecotoxicity database (Posthuma et al., 2019), in Oginah et al., (2023). 

The database contains 7,102 acute LC50s from 536 taxa (414 species from 298 genera, from 150 

families, from 9 phyla), for 1,582 chemical stressors.  

2.2.1.2 Systematic Review of Feeding 

Feeding data were obtained from a systematic review of the peer reviewed literature, conducted 

according to the European Food Safety Authority (EFSA) Guidelines for Systematic review (2010). 

A PECO (or PICO) statement is a device commonly used to guide systematic reviews and formulate 

clear and specific research questions, identifying the key elements of the review.  For questions of 

the effect of intervention or exposure elements are identified as the population of interest (P), 

intervention or exposure of interest (I/E), a comparator or control group (C) and the outcomes of 

interest (O) (EFSA, 2010). 

The specific research question setting the scope and goal of the review: 

‘What are the chemical-induced effects on feeding rate and behaviour of freshwater 

invertebrates?’ 

Here, the (P)opulation of interest was freshwater macroinvertebrates (across all continents).  This 

excluded marine macroinvertebrates and those studied in estuarine environments, fish of all life 

stages, crayfish, and studies of decapods conducted in aquacultural conditions. The (E)xposures of 

interest were those of single contaminants of known concentrations, excluding studies with 

mixtures or field samples. Only studies with a (C)ontrol group were included for a fair comparison 

of effect. With the (O)utcomes of interest limited to changes in the feeding, ingestion, filtration, 

egestion (a proxy for ingestion in oligochaetes), or clearance rate. 

The PECO elements of the search were combined to form 4 components of the search string; 

chemical-induced, changes/effects, feeding activity (rate and behaviour), and freshwater 

invertebrates (Table 2.1). A list of freshwater taxa was obtained from the Centre for Ecology and 

Hydrology (CEH) UK freshwater taxa checklist (Gunn et al., 2018) to capture studies for all 

freshwater taxa. The search was performed in SCOPUS and marker papers, captured during manual 
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preliminary searches, were used to refine the search terms and capture relevant papers. The search 

terms were finalised when all marker papers were captured in the literature search. 
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Table 2.1: Search string for the literature search with the 4 search components separated. The asterisk ‘*’ is used as a wildcard to represent any number 
of characters that may follow a root word, capturing multiple variations of a term. 

Search component Search String 
Freshwater freshwater OR  fresh-water  OR  aquatic  OR  river*  OR  lotic  OR  lentic  OR  fluvia*  OR  surface-water*  OR  lake  OR  pond*  OR  stream* 

Chemical induced 
change 

(toxic*  OR  effect  OR  sublethal  OR  reduce*  OR  inhibit* OR increase* OR positive* OR enhance* )  AND  ( contaminant*  OR  chemical*  OR  
metal*  OR  pesticide*  OR  insecticide*  OR  pollut*  OR  compound*  OR  exposure  OR  stress* ) 

Freshwater 
invertebrates 

macroinvertebrate*  OR  invertebrate*  OR  zooplankton  OR  porifera  OR  coelenterata  OR  cnidaria*  OR  hydra  OR  tricladida  OR  turbellari*  
OR  planaria*  OR  flatworm  OR  nemato*  OR  nemerti*  OR  mollus*  OR  *gastropod*  OR  snail  OR  neriti*  OR  viviparid*  OR  valvatid*  
OR  hydrobiid*  OR  bithynii*  OR  assimineid  OR  sorbeoconch*  OR  heterobranch*  OR  acochlidi*  OR  pulmonata  OR  pupilli*  OR  bivalv*  
OR  mussel*  OR  heterodonta  OR  venerida  OR  dreissen*  OR  sphaerii*  OR  corbicul*  OR  unionid*  OR  polychae*  OR  annelid*  OR  
clitellat*  OR  oligoch*  OR  haplotax*  OR  lumbric*  OR  tubific*  OR  moniligast*  OR  worm*  OR  hirudin*  OR  leech*  OR  branchiobdell*  
OR  araneae  OR  hydrach*  OR  arthropod*  OR  crustac*  OR  malacostrac*  OR  bethynell*  OR  phyllocari*  OR  hoplocari*  OR  eumalacostaca  
OR  pericarid*  OR  amphipod*  OR  Gammarus  OR  gammarid*  OR  hyperii*  OR  ingolfielli*  OR  hyalella  OR  isopod*  OR  *Asellus  OR  
mysid*  OR  eucarid*  OR  decapod*  OR  cephalocar*  OR  maxillopod*  OR  branchiura  OR  hexanaup*  OR  copepod*  OR  ostracod*  OR  
branchiopod*  OR  anostraca  OR  notostraca  OR  cyclops  OR  branchiop*  OR  cladoc*  OR  haplopod*  OR  ctnenopod*  OR  anomopod*  
OR  onychopod*  OR  daphni*  OR  rotifer*  OR  collemb*  OR  chilopod*  OR  insect*  OR  ephemer*  OR  odonata  OR  plecopt*  OR  heteropt*  
OR  megalopt*  OR  neuropt*  OR  coleopt*  OR  dytiscidae  OR  hymenopt*  OR  trichopt*  OR  lepidopt*  OR  neopt*  OR  dipte*  OR  
chironomid*  OR  brachyo*  OR  cyclorrhaph*  OR  bryozoa 

Feeding rate and 
behaviour 

( feed*  AND  ( activity  OR  behaviour  OR  rate* ) )  OR  ( assimilat*  OR  filtration  OR  ingestion  OR  "food intake"  OR  grazing ) 
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In an initial ‘highly sensitive and low specificity’ screening, titles and abstracts were screened to 

exclude citations that were not relevant to the review. All papers were screened by a single reviewer. 

Following the initial screening of titles and abstracts, relevant papers, i.e. those exclusively reporting 

laboratory feeding assays, were identified.  

The search was performed in SCOPUS on 13.08.21 and returned 3,779 citations. Following the initial 

screening, 539 papers were deemed relevant. After the full-text screen, 201 studies were found to 

report laboratory feeding assays. Of these 201 studies, 76 had multiple species/chemical assays 

resulting in 376 feeding endpoints. Of those endpoints were 99 EC50s, 171 LOECs and 93 NOECs. 

Thirteen assays reported effects thresholds less than 50% effect. Some assays appeared more than 

once as the same laboratory assay was reported in multiple papers (Dinh Van et al., 2014, Evens et 

al., 2014). Here, only one of the two citations was included. 

The data from the selected 376 laboratory feeding assays studies were extracted and added to a 

database with variables: contaminant name, CAS (Chemical Abstracts Service) number, species 

name, study concentrations, exposure type (food, aqueous or both), study duration, food, feeding 

endpoint, effect direction, and effect concentration. Effect concentrations for feeding endpoints 

will hereafter be referred to as ECfeeding. 

2.2.1.3 Assigning Functional Feeding groups 

Functional feeding groups were assigned to species in both toxicity databases using a combination 

of trait databases and information from the literature. The harmonised datasets of Kunz et al. 

(2021), which gathered traits from four ecological trait databases and converted them to 

harmonised fuzzy coding tables (EU: Schmidt-Kloiber & Hering, 2015, and Tachet et al., 2010; US: 

Twardochleb et al., 2021; Australia: Kefford et al., 2020; New Zealand: Philips and Smith, 2018), were 

utilised.  

Functional feeding traits are modal traits. Therefore, the assignment of primary functional feeding 

groups was conducted using fuzzy coding tables. Information from all trait databases were 

combined to create one master trait dataset. The primary trait for each species is defined as the 

trait with the greatest weight. Where possible, the primary FFG was identified for each species in 

the trait database. Where species appeared in multiple databases, and differed, fuzzy coding was 

used to determine the primary trait(s) for that species by integrating information from all datasets. 

If a species had more than one primary functional feeding trait, it was assigned to multiple FFGs. 

This process was repeated to assign traits at the genus and family levels, creating a master dataset 
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with FFGs for 417 species, 1879 genera, and 442 families (Appendix 2, Figure A2.2) assigned to five 

FFGs (Table 2.2). 

Where traits could not be found in any of the trait databases, additional searches of relevant keys 

were conducted. Literature was then reviewed, prioritising sources that provided comprehensive 

reviews of orders, families, or genera. FFGs from the literature were allocated based on the 

harmonised criteria of Kunz et al. (2021) (Table 2.2). If no evidence for traits could be found, the 

data was discarded. 

Table 2.2: Feeding mode (Here called Functional feeding group) as defined in Kunz et al. (2021) 

Functional Feeding group Combined traits 

Filterer Active/passive filterer, absorber, filter-feeder, collector-
filterer, filterer 

Gatherer Deposit-feeder, collector-gatherer, detrivore, gatherer 

Herbivore Grazer, scraper, piercer herbivore, herbivore, algal piercer, 
piercer (plants) 

Predator Piercer (animals), predator 
Shredder Miner, xylophagus, shredder, shredder detrivore 

 

2.2.1.4 Assigning chemical modes of action 

No one chemical database contained chemical modes of action (MoAs) for all chemicals in both 

datasets. MoAs were therefore assigned based on multiple sources. Categorisation of MoAs used 

in the Toxicity Estimation Software Tool (TEST), based on the methods of Barron et al., (2015), which 

categorises chemicals into five broad chemical modes of action was used. The five broad chemical 

modes of action are; narcosis (non-specific mode of action that affects cellular membranes); 

reactivity (cause damage by directly interacting with biological molecules); neurotoxicity (affect the 

nervous system by interfering with nerve signalling processes); AChE inhibition (interfering with the 

enzyme acetylcholinesterase, which breaks down the neurotransmitter acetylcholine in synapses); 

electron transport inhibition (disrupting the electron transport chain in mitochondria); 

iono/osmoregulatory/circulatory regulation. Where possible, narcotics were sub categorised into 

polar and nonpolar using information on reactivity reported in each associated MOA database. 

These chemical modes of action were also used in Van den Berg et al., (2019) to study differences 

in sensitivity between species for difference chemical modes of action. 

Where possible, MoAs were first assigned using the TEST categorisation reported in the 

envirotoxdatabase.org, described in Keinzler et al. (2019). Where MoAs were not available there, 

MoAs were first assigned from the database of Barron et al. (2015), the database from which the 



  

Page 45 of 225 
 

TEST tool in Keinzler et al. (2019) was based. Where MoAs could not be assigned from either 

database, mode was considered unknown.  

2.2.2 Assessing the variation in the taxonomic composition of FFGs.  

To evaluate the taxonomic composition of FFGs in the analysis of sensitivity between different 

chemical modes of action, the number of families within each FFG were quantified and recorded 

within both datasets. The distribution of families within FFGs across taxonomic categories (phylum, 

class, and order) was compared between FFGs, with percentages representing the relative 

contribution of families to each taxonomic category to the total for each FFG. 

To assess the taxonomic composition of FFGs used in the analysis of individual chemicals, 

differences in the taxonomic composition of functional feeding groups in relation to families were 

evaluated using a similarity analysis (ANOSIM) based on the Bray–Curtis distance matrices to 

estimate statistically significant differences between groups. For FFGs found to be significantly 

different in the ANOSIM analysis, SIMPER (both using the ‘vegan’ package in R) was used to 

determine which families contributed to most to the difference between FFGs. By calculating the 

average similarity between all pairings of each replicate (i.e. chemical) within each functional 

feeding group to other functional feeding groups, the SIMPER analysis tabulates the average 

percent contribution of each family to the dissimilarity observed between functional feeding 

groups. For simplicity only results representing 80% of the cumulative input are shown here.  

2.2.3 Analysis of difference in sensitivity between FFGs  

2.2.3.1 For individual chemicals 

The geometric mean of acute LC50 values was calculated for each species for each chemical (as per 

Oginah et al., 2023). Chemicals with ≥2 functional feeding groups with ≥6 species within each 

functional feeding group, were regarded as having sufficient data. The differences in the sensitivity 

to chemical stress between FFGs was determined following the statistical protocol of Oginah et al. 

(2023). Only the lethality dataset had enough data to be able to assess differences in sensitivity 

between individual chemicals.  

2.2.3.2 For chemical modes of action 

To assess differences in sensitivity between FFGs and chemical modes of action within the lethality 

and feeding datasets, toxicity endpoints were normalised using Daphnia LC50s for respective 

contaminants, gathered from the lethality dataset. Where no lethality data was available for a 
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particular chemical, the assay value was excluded from the analysis. The normalised toxicity 

endpoint becomes a toxic unit. The toxic unit for each species for each contaminant becomes: 

𝑇𝑇𝑇𝑇 =
𝐸𝐸𝐸𝐸𝑓𝑓𝑓𝑓𝑓𝑓𝑓𝑓𝑓𝑓𝑓𝑓𝑓𝑓
𝐿𝐿𝐿𝐿50

 

The geometric mean of TU values was calculated for each species for each chemical (as per Oginah 

et al., 2023). Differences in sensitivity between FFGs and chemical modes of action were assessed 

using a one-way ANOVA. For the feeding dataset, NOECs were excluded from this analysis and 

subsequent analysis, given NOECS are concentrations where no effects were observed as they say 

more about the concentrations used in the assay rather than the response of the species. The 

normality and homogeneity of variances were always tested; when not met, data were log-

transformed. If variances were still no homogenous then Kruskal-Wallis tests and Dunn’s post hoc 

test were employed.  

2.2.4 Assessing the relative sensitivity of feeding to lethality 

Spearman’s rank correlation was used to assess the relative sensitivity of feeding endpoints 

(ECfeeding) to lethality (i.e. acute LC50s from the lethality dataset). Rank correlations of the data when 

grouping by chemical modes of action and functional feeding groups were compared to the whole 

dataset. Analysis was conducted in R using the “devtools” package. 
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2.3 Results  

2.3.1 Functional Feeding groups 

In the lethality dataset, functional feeding groups were assigned to 7,087 of the 7,102 endpoints. 

Functional feeding groups could not be found for 15 entries; one cnidarian, four decapod families, 

and one entry where a plecopteran was only described at the level of order. These were removed 

from the dataset. Furthermore, six taxa were assigned the FFG “Parasite”; parasites were ignored in 

this analysis. Of the remaining entries, most FFGs within families were assigned from the merged 

Kunz dataset at the genus level, followed by the genus level and the family level (Appendix 2, Figure 

A2.2). Thirty-nine families were assigned FFGs using the literature with most assigned at the level 

of genus (Appendix 2, Figure A2.2). Seven entries were assigned from information at the level of 

order. Orders of copepods Harpacticoida, Calanoida, and cillates of Euplotida were assigned the 

FFG “filterer”.  

Filterer was the most common and diverse FFG in the lethality dataset with 3,487 assays and 180 

species followed by gatherer with 2,177 assays ad 139 species. Herbivore, predator and Shredder 

had similar number of assays but differing number of species with shredder the least diverse FFG. 

In the feeding dataset, FFGs were assigned to all 376 datapoints obtained from the literature review, 

with most FFGs assigned at the species level from the Kunz dataset (Appendix 2, Figure A2.2). When 

grouped by FFGs, 13 species fell into multiple FFGs, translating to 24 assays assigned to more than 

one FFG. Across all assays, filterers were the most common with 203 assays, followed by shredders 

(81) and predators (58), gatherers (47) and herbivores (32). Similar patterns are observed with the 

number of species per functional group (Table 2.3) 

Table 2.3: Number of assays and species within each functional Feeding Group for both lethality 
and feeding datasets, including 1,995 assays (107 species) and 24 assays (13 species) where 
multiple FFGs were assigned for lethality and feeding datasets, respectively.  

 Lethality Dataset Feeding dataset 
 No. Assays No. Species No. Assays No. Species 

Filterer 3,487 180 203 29 
Gatherer 2,177 139 47 16 
Herbivore 1,514 103 32 12 
Predator 1,536 172 58 22 
Shredder 1,527 83 81 15 

 



  

Page 48 of 225 
 

2.3.1.1 Chemical modes of action 

Of the 1,582 chemical stressors, chemical modes of action were assigned to 1109 of them.  The 

most common chemical mode of action was nonpolar narcosis, with 742 chemicals, followed by 

AChE inhibitors (136), neurotoxicity (59) and 56 metals and polar narcotics (48). Uncouplers, 

reactivity, IOC impairments and electron transport inhibitors totalled 68 chemicals (Figure 2.1).  

Among the feeding data, studies were conducted with 163 different chemical stressors across 8 

chemical modes of action. The most common were nonpolar narcotics with 62 chemicals, 19 metals 

and 10 AChE inhibitors (Figure 2.1).  Of the 54 chemicals with no chemical modes of action 

assigned, 34 were nanoparticles.  

A few chemical stressors accounted for the majority of the studies; 41 studies with copper, 38 with 

cadmium, 25 for zinc, 12 for silver, 9 with imidacloprid. Some genus contaminant combinations 

appeared multiple times, with just 6 genera studied for more than 10 chemicals across 221 assays. 

There were 60 different chemicals studied with Daphnia sp., 25 for Gammarus sp., 11 with Dressiena 

sp., 15 with Brachionus sp., 16 for Hydra sp., and 15 for Corbicular sp.. However, one third of genera 

were only studied with one chemical.  

 

Figure 2.1: Count of entries per chemical mode of action for A) the lethality dataset, and B for 
the feeding dataset. ‘NP. Narcosis’ is nonpolar narcosis, ‘AChE.inhib’ is AChE inhibition, ‘IOC 
impairment’ is Iono/osmoregulatory/circulatory impairment, and ‘ET inhib’ is Electron Transport 
inhibition 
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2.3.2 Taxonomic composition of FFGs 

2.3.2.1 For chemical modes of action 

When grouping the data such that there is one unique endpoint per species per chemical, the 

taxonomic composition of FFGs differs with FFGs falling into 3, almost 4, distinct clusters (Figure 

2.2). All FFGs, apart from the herbivores, were characterised predominantly by arthropods making 

up at least 80% of all entries (Appendix 2, Table A2.3). Herbivores were characterised largely by 

gastropod Mollusca (63.2%) and with 37% from Arthropoda (Appendix 2, Table A2.3).  

 

Figure 2.2: Dendrogram describing the taxonomic similarity between FFGs based on UPGMA 
(unweighted pair-group method with arithmetic averages) analysis of family composition of 5 
FFGs for the lethality (A) and feeding (B) datasets. Height refers to the measure of similarity.  

In both the lethality (Figure 2.2a) and feeding datasets (Figure 2.2b), filterers were the most 

taxonomically diverse and distinct FFG, with data from 45 families from 7 Phyla, however they were 

most data were for Diplostraca with 84% of entries (96% of which was Daphniidae). Other 

arthropod filterers comprised Malacostraca (21%), including Mysida (77.6%), Decapoda (14.1%), 

and Gammaridae (8.3%). Other zooplankton filterers included Rotifera (6.2%), Ciliophora (1.1%), 

and Bryozoa (0.5%). Mollusca (specifically bivalves) constituted 7.5% of the filterers, predominantly 

represented by Unionoida (44.9%), Mytiloida (33.7%), and Venerida (21.4%). 

Predators, gatherers, shredders, and herbivores exhibited greater taxonomic similarity to each 

other than to filterers (Figure 2.2a). Predators and gatherers formed a distinct cluster, sharing a 
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similar taxonomic composition dominated by arthropods, with malacostracans representing 62.4% 

and 66.8%, respectively, and insects comprising 25.9% and 21.6% of entries for predators and 

gatherers respectively (Appendix 2, Table A2.3). Among malacostracans, gatherers were evenly split 

between amphipods, decapods, and mysids, each accounting for about 30% of the entries, while 

predators were characterised mainly by decapods and mysids.  

Shredders and herbivores clustered closely (Figure 2.2a), indicating distinct but related taxonomic 

compositions. Shredders were less taxonomically diverse, with only 22 families represented, and 

were characterised primarily by arthropods, 82.9% of which were malacostracans (Appendix 2, 

Table A2.3). This group consisted mainly of amphipods (52.8%, with 98.2% from Gammaridae) and 

decapods (37.6%). Gastropods (only of the family Planorbidae) made up 8.9% of the shredder 

entries (Appendix 2, Table A2.3). Herbivores, meanwhile, were distinctly dominated by gastropods 

(Mollusca), accounting for 63.2% of the group. Malacostracan herbivores were almost exclusively 

decapods (95.7%), with Palaemonidae making up 79.9% and Cambaridae 20.1%, a composition 

similar to that seen in predators and shredders (Appendix 2, Table A2.3). Insect herbivores were 

primarily Plecoptera (40.2%, all from the family Pteronarcyidae), Ephemeroptera (23.1%), and 

Diptera (20.6% - 73% of which were Chironomidae) (Appendix 2, Table A2.3). 

Several taxa appear in multiple FFGs, demonstrating their versatile ecological roles. The most 

functionally diverse families are Chironomidae with covering all five functional feeding groups with 

most data from Chironomus sp. covering gatherers and shredders, forming 50% of all insect entries, 

and 17% of all arthropod data (Appendix 2, Table A2.3). Furthermore, ephemeropteran families 

appeared in all FFGs, as did decapods, with both Cambaridae and Palaemonidae present in four 

FFGs. 

For the feeding dataset, with significantly fewer unique species, FFGs were more distinct with less 

variation in the taxonomic composition.  Like in the lethality dataset, filterers were the most distinct 

FFG, characterised by arthropods (38.4%), molluscs (36.4%), of which all were bivalves, and rotifers 

(24%). 

Herbivores were again a distinct FFG (Figure 2.2b), characterised here solely by Hygrophilla 

gastropods, Lymnaeidae and Planorbidae. While predators, gatherers and shredders formed 

another cluster within which gatherers and shredders were more similar (Figure 2.2b). Predators 

were characterised 58% by arthropods, 33% were cnidarians of the family Hydridae, and 8.3% were 

Rhabditophora Platyhelminthes of the family Dugesiidae (Appendix 2, Table A2.4). 
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Gatherers and shredders were more taxonomically similar (Figure 2.2b), showing a strong skew 

towards arthropods (71.4% and 88.9% for gathers and shredders, respectively), only characterised 

by malacostracan amphipods and decapods (60% and 40% for gatherers and 75 and 25% for 

shredders). For the gatherers, unlike shredders, annelids were also present, making up 28% of data 

(Appendix 2, Table A2.4). 

2.3.2.2 For individual chemicals 

To analyse the data for distinct chemical modes of action, the dataset was then filtered to have 

more than 6 species per FFG and more than 2 FFGs per chemical. ANOSIM and SIMPER analysis 

were conducted on the filtered data to see the percentage contribution of families to the taxonomic 

composition of the FFGs. 

ANOSIM analysis confirmed significant differences in the taxonomic composition of FFGs (R = 

0.821, p< 0.001). SIMPER analysis, which considers the number of data points within each FFG, 

showed that the differences in the taxonomic composition of the functional feeding groups were 

driven by a few families (Appendix 2, Figure A2.3, A2.4). Filterers are the most distinct FFG with 94-

98.4% dissimilarity to other groups (Table 2.4). Taxonomic differences in the filterers compared to 

other FFGs are largely driven by the dominance zooplankton species (Crustaceans of Orders 

Diplostraca, Anocstraca, and Rotifer orders of Ploima) (Appendix 2, Figure A2.3, A2.4). Gatherers, 

predators, and shredders are largely the same in terms of composition with regard to order but 

when specifying by family, gatherers and shredders are most similar with 70% dissimilarity, differing 

Figure 2.3: Dendrogram based on UPGMA (unweighted pair-group method with arithmetic 
averages) analysis of family composition of 5 FFGs for the filtered Lethality data for 48 chemicals. 
Height refers to the measure of similarity. 
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from predators with 82.3% and 80.9% dissimilarity due to the presence of Chironomidae and 

Gammaridae, which are not prominent in predators (Table 2.4). However, the differences in 

gatherers compared to other FFGs is driven by the presence of chironomids. Herbivores are 

distinguished from other FFGs by the presence of gastropods and absence of amphipods and 

decapods, particularly Palaemonidae which is also found in gatherers and shredders and predators. 

ANOSIM revealed considerable similarity (R = 1.85, p<0.0001) in the familial composition of the 

same FFG across chemicals. 

Table 2.4: Comparison of family composition of the five functional feeding groups by one-way 
ANOSIM and SIMPER 

Comparator SIMPER (% Dissimilarity) 
Filterer_Gatherer 94.7% 
Filterer_Herbivore 98.4% 
Filterer_Predator 94.1% 
Filterer_Shredder 94.0% 
Gatherer_Herbivore 91.0% 
Gatherer_Predator 82.3% 
Gatherer_Shredder 70.4% 
Herbivore_Predator 88.4% 
Herbivore_Shredder 83.9% 
Predator_Shredder 80.9% 
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2.3.3 Difference in sensitivity between FFGs 

2.3.3.1 For individual chemicals 

When applying the criteria of ≥6 species per FFG and ≥2 FFG per chemical, 48 chemicals were 

available to study. Of the 48 chemicals had more than 6 entries per FFG with more than one FFG, 

14 showed differences in functional feeding traits. Of the chemicals where species differed in their 

sensitivity to chemical stress, 6 (out of 17) were AChE inhibitors, 4 metals (two zinc compounds), 2 

neurotoxins, two unclassified compounds (Table 2.5). Post hoc analysis (Tukey Tests) revealed that 

general trends amongst the chemical modes of action studied (Table 2.5, full results of ANOVA and 

Tukey post hoc tests can be found in Appendix 2, Table A2.4). 

For AChE inhibitors, herbivores were consistently the most tolerant with gatherers consistently 

most sensitive (Table 2.5). For carbaryl, predator-herbivore (p < 0.05, 95% confidence interval (C.I.). 

= -2.61, 0.242) and shredder-herbivore (p < 0.05, 95% C.I. = -2.50, -0.194) comparisons showed 

significant differences (Appendix 2, Table A2.5). While herbivore-filterer (p < 0.01, 95% C.I. = 0.381, 

3.14) and herbivore-gatherer (p < 0.001, 95% C.I. = 0.636, 3.18) comparisons both indicating that 

herbivores tend to be less sensitive (Appendix 2, Table A2.5). Similar herbivore-gatherer patterns 

were observed for diazinon (p < 0.05, 95% C.I. = 0.096, 3.23), fenitrothion (p < 0.05, 95% C.I. = 

0.357, 3.63), and malathion showed similar pattern between gatherer-filterer comparison (p < 0.05, 

95% C.I. = -2.60, -0.094) (Appendix 2, Table A2.5). 

Similar patterns were observed for neurotoxins where lindane showed the greatest differential 

impact on FFGs (Table 2.5), with all filterers significantly more tolerant gatherers (p < 0.001, 95% 

C.I. = -3.02, -0.816), predators (p < 0.001, 95% C.I. = -3.22, -0.77), and shredders (p < 0.001, 95% 

C.I. = -3.17, -0.775). Predator-herbivore (p < 0.01, 95% C.I. = -2.60, -0.252) and shredder-herbivore 

(p < 0.01, 95% C.I. = -2.54, -0.257) comparisons also revealed significant differences, but not as 

strong. 

For metals, filterers were consistently the most sensitive group (Table 2.5). For example, for mercury 

chloride, herbivore-filterer (p<0.005, 95% C.I. = 0.244, 1.79), predator-filterer (p<0.05, 95% C.I. = 

0.024, 1.57), shredder-filterer (p<0.05, 95% C.I. = 0.087, 1.81), comparisons were significantly 

different. Differences were also observed for gatherer-filterer comparison (p = 0.061, 95% C.I. = -

0.017, 1.17), but not significant. Similar patterns were observed for cadmium chloride in the 

predator-filterer comparison for (p<0.005, 95% C.I. = 0.310, 1.88), and zinc chloride in the gatherer-
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filterer comparison (p < 0.001, 95% C.I. = 0.487, 1.99). Differences between FFGs for phenol and 

rotenone were not significant (Appendix 2, Table A2.5) 

Table 2.5: Post hoc analysis (Tukey test) of differences in sensitivity between functional feeding 
groups for 14 of 48 chemicals studied. 

Mode of 
action Chemical Name 

No. 
Species Most 

Sensitive 
Group 

Filterer 

Herbivore 

G
atherer 

Shredder 

Predator 

AChE 
inhibition 

Carbaryl 69 Gatherer b a b b b 
Diazinon 38 Gatherer ab a b ab NA 

Malathion 102 Gatherer a ab b ab ab 
Methomyl 31 Filterer b a b b b 

Fenitrothion 55 Gatherer ab a b b ab 
Phenthoate 12 Gatherer NA a b NA NA 

Metals 

Cadmium chloride (CdCl2) 117 Filterer b ab ab ab a 
Mercury chloride (HgCl2) 66 Filterer b a ab a a 

Sulfuric acid, Zinc salt (1:1) 62 Filterer b a a a NA 

Zinc chloride (ZnCl2) 31 Filterer b NA a ab NA 

Neurotoxicity 
Lindane 59 Predator a a b b b 

Endosulfan 47 Shredder ab a ab b ab 

Unclassified 
Phenol 113 Herbivore ab b b b a 

Rotenone 18 Filterer b a NA NA NA 
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2.3.3.2 For chemical modes of action 

Feeding Data 

Of the 376 endpoints, 186 endpoints were able to be normalised using Daphnia lethality. When 

grouping data to one endpoint per unique species contaminant combination (66 endpoints), 

following a Levene’s test for evenness, no significant differences were found between species, 

contaminants (one way ANOVA: F(23)=0.866, p=0.636), FFGs (one way ANOVA: F(4)=0.435, p=0.783) 

or chemical modes of action (one way ANOVA: F(4)=1.403, p=0.244). 

Lethality 

Of the 7,102 datapoints, there were 4,874 that were normalised using Daphnia LC50s. Following a 

Levene’s test for evenness showing the data were not evenly distributed F(4,85), p<0.001, A Kruskal-

Wallis test revealed that there were significant differences between the functional feeding groups 

(H(4) = 157.6, p<0.001) with Dunn’s post hoc test showing that herbivores were significantly more 

tolerant than the other FFGs (Table 2.6). While shredders were more sensitive than predators and 

gatherers (Z = 3.03, p.adj < 0.02) while filterers more sensitive than gatherers (Z = -3.24, p.adj < 

0.01) and predators (Z = -5.03, p.adj < 0.001). No significant differences were found between 

gatherers and shredders (Z = 1.39, p.adj = 1.00), gatherers and predators (Z = -1.96, p.adj = 0.50).  

 Table 2.6: Results of Dunn’s Test for comparing the Daphnia normalised LC50 values between 
functional feeding groups. The table displays the Z-values, unadjusted p-values, and adjusted p-
values for pairwise comparisons among Functional feeding groups. Significant differences are 
highlighted by adjusted p-values below the threshold of 0.05. 

Comparison Z adjusted 
p value 

Herbivore - Shredder 8.94 0.00 
Herbivore - Predator 6.18 0.00 
Predator - Shredder 3.03 0.02 
Gatherer - Shredder 1.39 1.00 
Filterer - Shredder -1.19 1.00 
Gatherer - Predator -1.96 0.50 
Filterer - Gatherer -3.24 0.01 
Filterer - Predator -5.03 0.00 
Gatherer - Herbivore -8.58 0.00 
Filterer - Herbivore -12.17 0.00 

 

When grouping by chemical mode of action, there, again, were significant differences between 

FFGs. Again, variances were unequal (F(9, 60) < 0.001). Dunn’s tests revealed patterns where 

herbivores were the most tolerant FFG for AChE inhibitors, neurotoxicity, and among those with no 
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MOA assigned (Appendix 2, Table A2.5). Here, herbivore-shredder comparisons showing great 

differences for all three chemical modes of action (Z =6.81, p<0.005; Z = 3.25, p<0.011; Z = 4.38, 

p<0.005), with gatherers often among the most sensitive (gatherer-herbivore: Z = -7.51, p<0.005; 

-2.85, p<0.05; Z =05.04, p<005).  Similar results were found for filterer-herbivore comparisons. In 

contrast, no significant differences were found between other FFGs.  Filterers were the most 

sensitive group for metals, IOC impairment, and reactivity. No significant differences were found 

between FFGs for polar narcosis (H(4)= 5.17, p=0.27), electron transport inhibitors (H(4)=3.47, 

p=0.48), and uncouplers (H(4)=4.10, p=0.39) (Appendix 2, Table 2.5) 

 

  



  

Page 57 of 225 
 

2.3.4 Relative sensitivity between Feeding and Lethality  

ECfeeding values were consistently more sensitive than acute LC50 values (Figure 2.4). There is a 

significant positive correlation between acute lethality data and ECfeeding values (ρ = 0.54, n = 210, 

p < 0.001) (Table 2.7). When splitting by functional feeding group, rank correlations remained close 

to that of all data. Shredder had the highest rank correlation with 0.66 (n = 45, p < 0.001), while 

filterer had the lowest with 0.43 (n = 96, p < 0.01) (Table 2.7). 

When grouping by chemical mode of action, strong rank correlations were found for neurotoxicity 

(ρ = 0.81, n = 19, p < 0.001) and polar narcosis (ρ = 0.54, n = 16, p < 0.05) (Table 2.8). Weak 

significant rank correlation was found for metals (ρ = 0.41, n = 107, p < 0.001) and nonpolar 

narcotics (ρ = 0.38, n = 48, p < 0.01). Other chemical modes of action, reactivity lacked sufficient 

data points. 

Table 2.7: Spearmans rank correlation for ECfeeding values in relation to acute LC50 s for all data, 
splitting by functional feeding groups and by chemical modes of action 

  
Rank 

Correlation 
(ρ) 

p 
value1 n 

all Data  0.54  *** 210 
Functional Feeding Groups 

Filterer  0.43  *** 96 
Gatherer  0.63  ** 22 

Herbivore  0.60  * 15 
Predator  0.56  *** 32 
Shredder  0.66  *** 45 

Chemical Modes of Action 
Neurotoxicity  0.81  *** 19 
Polar narcosis  0.54  * 16 

AChE inhibition  0.51  * 14 
Metal  0.41  *** 107 

Nonpolar narcosis  0.38  ** 48 
None  -0.11  * 5 

      
1If p < 0.001 = ***, p<0.01 = **, p<0.05 = * 
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Figure 2.4: Relationship between EC50 (feeding inhibition) and LC50 (lethality) for freshwater 
invertebrates. The plot shows the log10-transformed EC50 values (mg/L) for feeding inhibition on 
the y-axis against log10-transformed LC50 values (mg/L) on the x-axis for different chemicals. 
The solid line represents a 1:1 relationship, where the effects on feeding and lethality are equal. 
Points deviating from this line indicate differences in sensitivity between feeding inhibition and 
lethality for the tested chemicals. 
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2.4 Discussion 

2.4.1 Summary  

The aim of this study was to explore how the distribution of sensitivity to chemical stress differs 

between freshwater invertebrates from different functional feeding groups. Specifically, it 

examined this variation across different chemical stressors and groups of stressors (i.e., modes of 

action), focusing on their effects on lethality and feeding activity in individual freshwater 

invertebrates. Understanding the differential sensitivity of functional feeding groups to chemical 

stress, in terms of both lethality and feeding activity, could help predict the effect of chemicals on 

both the structure and processes in ecological systems. Three objectives were addressed: (1) 

identify taxonomic composition of functional feeding groups amongst lethality and feeding 

datasets, (2) assess the difference in sensitivity between functional feeding groups for individual 

chemicals and broad chemical models of action, (3) whether there is a relationship between 

lethality and feeding endpoints. 

While the taxonomic composition of FFGs varied, arthropods were dominant in the data. For the 

majority of chemicals studied in the lethality dataset, differences in sensitivity to chemical stress 

were not found between FFGs. Of the few chemicals for which there were differences in sensitivity 

to chemical stress, clear patterns emerged for chemical modes of action. No differences in 

sensitivity to chemical stress were found in the feeding dataset. Strong positive rank correlation 

was found between feeding and lethality endpoints for neurotoxicants, suggesting that the relative 

sensitivity of neurotoxicants to feeding could be inferred from lethality data. There was a weaker 

rank correlation for other chemical modes of action, suggesting that the relationship between 

feeding and lethality for other contaminants is more complex. 

2.4.2 Taxonomic composition of FFGs 

Differences in the taxonomic composition of FFGs suggests potential differences in sensitivity to 

chemical stress. In the lethality dataset, filterers were distinctly characterised by multiple phyla, 

dominated by zooplankton species and bivalves. These taxa are notably most sensitive to metals 

(Van den Berg et al., 2019) and are therefore expected to show differential sensitivity to metals 

than other functional groups. Herbivores were another distinct group, most dissimilar to gatherers 

due to the absence of chironomids, gammarids, and Palaemonidae decapods and the distinct 

presence of gastropods, notably family Viviparidae. Gastropods, as with other molluscs, are tolerant 

to many pesticides and sensitive to metals (Maltby et al., 2005; Van den Berg et al., 2019) and 
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therefore are likely to have distinct difference in sensitivity to metals and tolerance to reactive 

chemical modes of action such as such as AChE inhibitors, neurotoxicants, and polar narcotics. 

Gatherers, predators, and shredders are characterised predominantly by arthropods. Previous 

research has demonstrated that freshwater invertebrates vary in their sensitivity to chemical stress, 

with arthropods generally being more sensitive, particularly to acetylcholinesterase (AChE) 

inhibitors (Maltby et al., 2005; Oginah et al., 2023). This suggests that FFGs dominated by 

arthropods are likely to be the most sensitive to chemical stressors.  

In the feeding dataset, with fewer species studied, the distribution of the data among taxonomic 

groups followed similar patterns to the lethality data with less variation/overlap in taxonomic 

composition of FFGs. As FFGs are more taxonomically distinct within the feeding dataset, 

differences in sensitivity between FFGs are expected to follow the same patterns described above 

but more pronounced. 

2.4.3 Difference in sensitivity in between functional feeding groups 

Despite taxonomic differences in FFGs at the family level, differences in sensitivity between FFGs, 

with regard to lethality, varied for only 14 of the 48 chemicals studied. Therefore, for 70% of 

individual chemicals studied there was no difference in the sensitivity to chemical stress between 

functional feeding groups, despite an array of chemical modes of action. With regard to feeding, 

of the 182 chemicals studied, there were no differences in sensitivity to chemical stress. The 

ubiquity of arthropods, particularly insects and decapods, across all FFGs could mean that the 

taxonomic composition did not differ enough to affect sensitivity. The assignment of some taxa 

(34 families out of 155) to multiple FFGs suggests the potential for functional redundancy, which 

could contribute to ecosystem resilience in species diverse assemblages (Biggs et al., 2020). 

However, this also implies that chemical stressors affecting one group (e.g., filterers) could have 

cascading effects across multiple ecological functions due to shared taxonomic vulnerabilities.  

Most FFGs were assigned at the species and genus levels using the Kunz harmonised database 

(Kunz et al., 2021), with some assignments at the family and order levels. However, for certain 

functionally diverse families, assigning FFGs at the family level can oversimplify the functional 

diversity within a taxon. In taxonomic groups such as Branchiopoda, Bivalvia, and Rotifera, FFG 

assignments at the family level remain largely consistent with genus or species-level classifications. 

In contrast, for more functionally diverse groups, such as insects, assigning FFGs at the family level 

overlooks intra-family variation. Despite this, the majority of FFGs were assigned at the genus level 
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using the Kunz database, and for orders with minimal FFG variation, literature-based assignments 

were used. Consequently, there is high confidence in the accuracy of FFG classifications within the 

lethality and feeding databases. 

Of the 14 chemicals that did show differences in sensitivity to chemical stress, most were among 

the chemicals for which the most data were available (i.e. more than 50 species). The patterns 

followed were predictable from taxonomic composition of the FFGs. For example, herbivores, 

comprised largely of gastropods (Mollusca) were most tolerant to AChE inhibitors, agreeing with 

findings previously reported in the literature (Maltby et al., 2005; Rico and Van den Brink, 2015; 

Van den Berg et al., 2019). Here, gatherers were consistently the most sensitive species, despite no 

statistical significance from other FFGs. Gatherers were particularly characterised by insects and 

malacostracans (crustaceans), with an absence more tolerant taxa like Platyhelminthes, annelids, 

and gastropods (Maltby et al., 2005; Rico and Van den Brink, 2015). Therefore, gatherer sensitivity 

is not likely due to the presence of particularly sensitive species but an absence of tolerant ones. 

Meanwhile, as expected, for metals, filterers, characterised by zooplankton and molluscs were 

consistently the most sensitive FFG. In contrast, predators were found to be the most tolerant 

group, which conflicts with the findings of Liess et al. (2017), where metal toxicity in Australian 

streams was positively correlated with the proportion of predators in the invertebrate community. 

However, Liess et al. (2017) emphasise that standard laboratory toxicity tests are not reliable 

predictors of metal effects in the field. This discrepancy arises due to differences in study duration, 

exposure routes (aqueous vs. dietary), the life stages examined, and the toxicity associated with the 

internal accumulation of metals over time. 

When grouped by chemical modes of action, functional feeding groups exhibited differences that 

aligned with expectations based on their taxonomic composition (Section 2.4.2). However, contrary 

to expectations, differences were found between nonpolar narcotics, a general stressor, with 

gatherers, shredders, and filterers more sensitive than herbivores and predators. This is possibly a 

limitation of the assignment of chemical modes of action. Kienzler et al., (2019) highlighted that 

there is low consensus between MoA database when it comes to chemicals with a specific chemical 

mode of action. They attribute this to a lack of detailed molecular descriptors for these modes of 

action. Differences in classification systems, particularly if differences relate to specific or non-

specific acting stressors, may lead to increasing variation difference potentially leading to different 

results, increasing the number of datapoints for specific acting chemical modes of action and 

increasing the robustness analysis of differences between FFGs and MoA.  
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Furthermore, Oginah et al., (2023) concluded that when looking at differences in sensitivity to 

chemical stress between taxonomic grouping it is better to split the data by broad taxonomic group 

(Algae, invertebrates, fish) unless limited by the number and quality of the available test data. A 

potential limitation of the study was the insufficient number of species within each FFG to 

adequately capture taxonomic variation. The lack of differences in sensitivity between functional 

feeding groups could also be a result of too few data points within functional feeding groups to 

have enough data to capture the variation taxonomic composition of FFGs. Here the criteria for a 

minimum number of species within FFG was six. This was chosen as a trade-off between increasing 

number of chemicals to study and decreasing taxonomic variation within FFGs. Maltby et al. (2005) 

found that hazard concentrations (HC5 values) calculated from SSDs with only arthropods were 

significantly lower than when including nonstandard microbial species. The lack of data for 

nonstandard species is often a limitation for ecosystem services approach to risk assessment 

(Maltby et al., 2021). It is possible that there were too few data within functional feeding groups to 

have enough data to capture the variation taxonomic composition of FFGs. While standard test 

species are useful, there is a growing need for data on the effects of chemicals on a wider range of 

service providers to better support decision-making. 

Overall, it was found that functional feeding groups tend not to differ in their sensitivity to chemical 

stress due particularly to the ubiquity of arthropod species. However, this is also influenced by the 

skew towards arthropod species in the toxicity data. Of the differences in sensitivity that were 

found, only for metals where filterers were the most sensitive did differences in sensitivity result in 

a FFG more sensitive than the others. For AChE inhibitors, herbivores, were significantly more 

tolerant than other FFGs.  

2.4.4 Chemical effects on the feeding activity of freshwater invertebrates 

The systematic review of chemical effects on the feeding activity of freshwater invertebrates yielded 

376 toxicity assays collected from 201 citations. Whilst there was feeding data available for 81 

unique genera across 7 phyla, with species available in all functional feeding groups, most studies 

were conducted with only a few genera, with almost 40 percent of assays performed with standard 

species, Daphnia spp. or Gammarus spp. Furthermore, of the 161 different chemicals studied, most 

were studied with only one genus. This suggests that while changes in feeding activity may be an 

endpoint that can be measured with a wide range of freshwater invertebrates, there is little 

information about the effects of a single chemical on a range of taxa. This lack of data for chemical 

effects on the feeding of freshwater invertebrates makes it difficult to make meaningful conclusions 
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about the potential effects of chemicals on the performance of a range of ecosystem functions for 

any given chemical. However, what we can conclude is that there is some information about 

chemical effects on feeding activity of several different species across all functional feeding groups 

studied. The search terms were, however, skewed towards insecticides without explicitly searching 

for herbicides, fungicides or other specific chemical classes. Investigating chemical impacts of 

insecticides on invertebrate feeding may be most appropriate as they are designed to target 

invertebrate physiology and are therefore more likely to elicit sublethal behavioural effects. 

However, biased search terms towards insecticides may lead to an underrepresentation of effects 

from other pesticides or chemicals in the results. 

Notable functional groups with little feeding data available include gatherers and herbivores. In 

the lethality dataset, the most studied gatherers were the chironomids. Chironomids were 

underrepresented in the review, with only two feeding endpoints were available for chironomids. 

Both these studies observe negative effects on the feeding activity of Chironomids at 

environmentally relevant concentrations (Heinis et al., 1990; Rodrigues et al., 2018). The feeding of 

Chironomid larvae have long been used in in situ bioassays to assess sediment contamination and 

toxicity (Soares et al., 2005; Moreira-Santo et al., 2005; Faria et al., 2006). Furthermore, chironomids 

serve as a standard model species in ecotoxicology, with OECD guidelines established for chronic 

water-sediment toxicity testing. These guidelines support the use of chironomids in assessing 

toxicity under both spiked sediment and aqueous exposure conditions (Weltje et al., 2009; OECD, 

2004a, 2004b). However, their feeding activity is not a standard laboratory endpoint, with sediment 

toxicity tests challenges, post exposure feeding assays have been developed (Soares et al., 2005). 

For this reason, gatherers, including deposit feeders, were generally underrepresented in the 

review, potentially due to the literature sampling strategy that excluded ex situ sediment assays 

and mesocosm studies (Leppänen et al., 1998; Faria et al., 2006; Re et al., 2021), which also excluded 

worms, some insects, and deposit feeders in general. Given their particular vulnerability to 

hydrophobic compounds that often accumulate in sediments (Gaskell et al., 2007), the role of 

gatherers in ecological systems and their vulnerability to persistent, hydrophobic compounds, 

using the feeding activity of gatherers as a tool for ecological assessment may be valuable. 

Herbivores in freshwaters are typically represented by gastropods and some Ephemeropterans. 

While insects were generally understudied, eighteen assays were performed with gastropods from 

6 different families. Lymnaea stagnalis, a standard ecotoxicological species, was the most common 

gastropod reported, with Physa spp. (Order hjeterobranchia) and Potamopyrgus (Order: 
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Littorinimorpha) the next most common. While Lymnaea stagnalis is a model Gastropod used in 

ecotoxicology (Rittschof and McClellan-Green, 2005), it is most commonly used in assays 

measuring effects in embryo development (Bandow and Weltje, 2012) and reproduction of adults 

(Zimmer et al., 2013) and therefore both feeding, and lethality data is not available for a range of 

chemicals. Therefore, while chemical effects on gastropod feeding are important and can be readily 

studied across various gastropod species, research remains limited in scope for many chemical 

stressors. There have been calls for more gastropod species to be included in ecotoxicological 

studies, other gastropods that are known to be more sensitive and more widespread (Alonso and 

Valle-Torres., 2018). Given that herbivores play an important role in controlling primary production 

(Wood et al., 2017; Atkinson et al., 2023) it is important that information on their feeding activity 

be studied with a wide range of chemicals. 

Contrary to expectations derived from the analysis of taxonomic composition of FFGs in the feeding 

dataset, no difference was found in the sensitivity to chemical stress for feeding between functional 

groups and/or chemical modes of action. While this may suggest that all invertebrates are equally 

sensitive to feeding inhibition to different chemical modes of action, it is more likely that there 

were few too data points and too much variation amongst existing datapoints, due to variation in 

study duration and endpoints studied.  

2.4.5 The relative sensitivity of feeding to lethality. 

The study found that the relative sensitivity between feeding inhibition and lethality was generally 

weak. When grouping by chemical mode of action this relationship strengthened for neurotoxicity. 

These patterns are to be expected given that Neurotoxicants are specific acting chemicals, causing 

cause adverse functional or structural change in the nervous system (NCR, 1992). This specific mode 

of action links feeding inhibition to mortality through a chain of effects involving feeding reduction, 

starvation, and eventually death, as described by Gergs et al. (2021). Many now banned pesticides 

are neurotoxicants; aldrin, chlordane, endrin (Regulation 9/117/EEC, 1991; Regulation 850/2004). 

Compounds still in use include pyrethroid pesticides such as deltamethrin, permethrin and 

antibiotics, oxytetracycline, erythromycin, and corticosteroid dexamethasone. It is therefore likely 

that we can infer the relative sensitivity of feeding activity of invertebrates from lethality data for 

these toxicants. Lethality information for these chemicals may be used to hypothesise how such 

chemicals may affect the performance of ecological processes.  
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Strong correlations were also expected for polar narcotics (Nyman et al., 2013; Escher, 2002) and 

AChE inhibitors, as found in Rubach et al. (2011), due to their specific modes of action, but such 

patterns were not observed. This discrepancy may be due to several factors: a lack of 

comprehensive data, variations in the duration of the studies, differences in species tested, or 

inconsistencies in the assignment of chemical modes of action. The review of feeding endpoints 

yielded 376 endpoints. There is a distinct lack of data on chemical effects on the feeding activity of 

freshwater invertebrates, particularly compared to lethality with over 7,000 endpoints. Lethality is 

a standard toxicity endpoint and feeding is a nonstandard endpoint. Lack of data on feeding makes 

it harder to observe effects and patterns among data points as it is difficult to say that variation is 

driven by the presence or lack of data. Furthermore, the feeding data is likely to have greater 

variation than the lethality dataset due to differences in the endpoints reported and the length of 

the studies included. Acute LC50 values in the lethality dataset come from 24-48 hour studies for 

crustaceans and 2-7 days for molluscs and worms. The duration of studies for insects and other 

taxa was not reported (Posthuma et al., 2019). In the feeding dataset, study duration ranged from 

1 hour to 12 weeks with the median duration of 96 hours (mean of 6 days) (Table 2.8). When 

grouping by chemical mode of action, studies with metals tended to be longer and therefore are 

likely to have greater variation due to differences in species detoxification abilities. This variation 

complicates direct comparisons between the two datasets and may contribute to the lack of 

concordance observed. Furthermore, individual sensitivity to chemical stress varies across life 

stages, with juveniles often being more sensitive (Naylor et al., 1999; Alonso et al., 2010; Cadmus 

et al., 2019; Taddei et al., 2021). Although this is not always the case (Maltby, 1995). Since the 

toxicity data lacked life stage details, FFGs were assigned based on all invertebrate life stages. As 

many toxicity tests focus on juveniles or early life stages, the results may represent a worst-case 

scenario; if individuals are affected early on, their ability to perform functions later in life could be 

compromised due to reduced recruitment. 
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Table 2.8: Study duration of Feeding assays found in the review grouped by chemical mode of 
action.  

Chemical Mode of Action Study Duration [Days] 
Mean Max Min Count 

All data 6.74 84 0.04 376 
AChE inhibition 5.9 40.0 0.04 20 
Iono/Osmoregulatory/Circulatory impairment 0.1 0.1 0.08 1 
Metal 8.6 70.0 0.04 129 
Nanoparticles 3.7 24.0 0.04 29 
Neurotoxicity 3.7 8.0 0.06 17 
Non-Polar Narcosis 6.6 84.0 0.04 106 
None 6.7 35.0 0.04 56 
Polar Narcosis 4.7 21.0 0.25 10 
Reactivity 1.7 4.0 0.08 3 
Uncoupler 2.2 4.0 1.00 5 

 

When the data were grouped by functional feeding group, there were also differences in the rank 

corelation between feeding and lethality. Filterers exhibited the lowest rank correlation while 

shredders and gatherers showed the highest correlations. These patterns are likely influenced by 

the types of chemicals tested on these species and the skew in the dataset toward a few standard 

toxicity models. For example, filterers, typically represented by zooplankton and bivalves, are 

known to be sensitive to metals (Van der Ohre et al., 2004), and consequently, are frequently tested 

with these substances. Given the weak rank correlation observed between feeding behaviour and 

lethality for metals, it is unsurprising that filterers exhibit a lower correlation. In contrast, shredders, 

which are predominantly arthropods, are more often exposed to neurotoxicants and other 

specifically acting chemicals, potentially explaining the higher rank correlation observed in this 

group. 

2.4.6 Implications for sensitivity of assemblages in the field 

In species-rich and functionally diverse systems, the impact of chemical stress on ecosystem 

functioning and species diversity may be mitigated due to functional redundancy among species 

(Baert et al., 2017). This means that in a species rich and functionally diverse system, using results 

found in this study, it may be that only with exposure to metals would there be a potential loss of 

both species diversity and functioning. However, the ecological impacts of differing sensitivities 

among functional groups may be influenced by the distribution of functional traits within an 

assemblage (Clements and Rohr, 2009; Liess and Beketov, 2011; Baert et al., 2017) and connectivity 

within the food web (Dunne et al., 2002). If there is high species richness and low connectivity, 
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which is reflected in the results of this study as data is aggregated across species, with all available 

data across species considered, the system may be highly specialised with species loss having little 

impact on ecological functions. However, if there is high connectivity and low species richness, for 

example, as species overlap in their resource use there may be a degree of functional redundancy 

and therefore little impact on functioning with species loss. However, if there are a few species 

performing the same or similar functions, species loss may also result in functional decline. A key 

hypothesis in this context is the principle of competitive exclusion, which suggests that species 

with overlapping niches—such as those within the same functional feeding group—are less likely 

to coexist without resource partitiining (Hardin, 1960). The results of this study, which aggregate 

data across species tested under controlled conditions, may not fully capture characteristics of 

natural systems. In the field, where niche overlap may occur, there could be more or less functional 

redundancy within functional feeding groups than suggested by the composite data Results here 

might reflect a best-case scenario for species assemblages, as they assume a baseline level of 

species diversity and functional redundancy that may not exist in all natural systems.  

The sensitivity species assemblages can differ across spatial scales (Liang et al.,2024). This is 

influenced by differences in community composition across environments. This can alter risk 

associate with chemical exposure across landscapes (Holmes et al.,2021). This variation may be 

partly due to natural assemblages having developed adaptations to prolonged exposure to specific 

chemical stressors, leading to differing tolerance levels across communities (Biggs et al., 2007; Liang 

et al., 2024). Standardised single-species toxicity tests, while useful for assessing individual 

sensitivity to stressors, generally depict a conservative scenario. These tests often overlook local 

adaptations that could reduce species sensitivity, as well as environmental factors that may alter 

individual responses to chemical stress, such as temperature (McCauley et al., 2020; Huang et al., 

2023), and food availability (Pereira and Gonçalves, 2007; Agatz et al., 2013). Consequently, while 

toxicity tests may present a worst-case scenario for individual sensitivity, they might represent a 

best-case scenario regarding the overall composition of species assemblages. 

Furthermore, this study does not account for ecological complexities such as the presence of 

keystone species, which can have disproportionately large impacts on ecosystems, or competition 

within functional feeding groups. In species-poor, functionally diverse systems with low 

redundancy, the loss of a keystone species could trigger cascading effects that threaten ecosystem 

stability and resilience (Fleeger et al., 2020). Understanding these complexities is crucial to 
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assessing chemical impacts on ecological functions and identifying vulnerabilities in ecosystem 

performance. 

2.5 Conclusion 

In conclusion, this study highlights the complexities of assessing chemical stress impacts on 

freshwater invertebrate feeding activity and the varying sensitivities among functional feeding 

groups (FFGs). While grouping species by functional group and chemicals by mode of action offers 

a potential simplification for ecological risk assessments (ERAs), the results suggest this approach 

is limited by the biases in the taxonomic composition of the groups. Arthropod-dominated FFGs, 

in particular, show significant variability in sensitivity, which may obscure functional differences. 

However, distinct sensitivities were observed at higher taxonomic levels, particularly between 

molluscs and arthropods, with filterers showing heightened vulnerability to metal exposure. This 

poses potential risks to critical ecosystem functions like nutrient regulation and water clarity. The 

lack of comprehensive feeding activity data for many invertebrates, compounded by the absence 

of standardised feeding assays across species, continues to hinder efforts to implement an 

ecosystem services approach to risk assessment. While feeding activity remains a valuable 

ecotoxicological endpoint, further research is needed to develop cross-species extrapolation 

methods and to better understand how chemical stressors affect functional processes at the 

ecosystem level. 
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Chapter 3 - Using DEB IBMs to extrapolate from 
individual to population level responses. 
3.1 Introduction 
To assess chemical effects on ecological functions, we must understand how chemicals impact 

population-level responses and their associated functions. However, there's a disconnect between 

the data collected and the ecological attributes we aim to protect. Ecotoxicological endpoints, 

typically from short-term studies on individual organisms, may not reflect population-level 

responses or functions due to ecological complexities at higher levels, such as resource 

competition, predator-prey interactions, and food availability. While mesocosm studies in 

ecological risk assessments can capture some of these ecological processes, they are often limited 

in their species selection (Reiber et al., 2022), experimental duration, (Amiard-Triquet, 2015). Hence, 

there is also a need for tools that extrapolate chemical effects from individual organisms to 

populations and ecological functions. 

Ecological models have been developed to predict changes in ecosystem service delivery by 

modelling changes in the entities responsible for the ecological processes and functions that 

underpin these services (Galic et al., 2012). Given the variety of ecological models available, it is 

crucial to select the appropriate model that accurately captures the ecological attributes associated 

with the ecosystem function driving the delivery of a specific service. Individual-based models 

(IBMs) are widely used in ecological risk assessment (ERA) to evaluate the impact of chemical 

stressors on populations, making up 50% of population models used in ERA for plant protection 

products (Larras et al., 2022). They can be used to predict changes in population attributes such as 

abundance and structure, while accounting for local interactions for which other models are less 

effective.  In particular, Dynamic Energy Budget (DEB) IBMs, which apply DEB theory (Kooijman, 

2010) to describe individuals and use an individual-based approach for population modelling, offer 

the further advantage of accounting for individual energetics, which can influence intraspecific 

interactions such as competition for food, which can influence the consumption and production of 

biomass within the population. These approaches can provide a framework to move from 

environmental risk assessment to ecological risk assessments (Forbes and Galic, 2016) using energy 

as currency to translate effects on individual to population responses (Goodchild et al., 2018; 

Murphy et al., 2018) and subsequent effects on ecological functions. 
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DEB IBMs are, however, data- and time-intensive to develop. Since their introduction in 2012, only 

10 DEB IBMs have been published across five freshwater invertebrate species (Table 3.1). These 

include models for Daphnia magna (Gergs et al., 2014b; Kim et al., 2019; Pereira et al., 2019; Hansul 

et al., 2021; Vlaeminck et al., 2021, 2022), Lymnaea stagnalis (Vlaeminck et al., 2019), 

hermaphroditic gastropods (Louati et al., 2020), Chironomus riparius (Beaudouin et al., 2012), and 

Gammarus pseudolimnaeus (Galic et al., 2017). However, many lack clear documentation and a 

focus on assessing effects on ecological functions. 

Table 3.1: Published Dynamic energy budget models for freshwater invertebrates as of January 
2023 

Functional 
Feeding 
Group 

Taxon Species Citation Implementation 

Shredder Amphipoda 
Gammarus 

pseudolimnaeus 
Galic et al., 2017 NetLogo 

Fi
lte

re
r 

Bivalva Crassostrea giga Bacher et al., 2006 
Published 
equations 

Cl
ad

oc
er

a 

Da
ph

ni
a 

m
ag

na
 Gergs et al., 2014 Delphi Xe2 

Hansul et al., 2021 NetLogo 
Kim et al., 2019 NR 

Pereira et al., 2019 NetLogo 
Vlaeminck et al., 2021 NetLogo 
Vlaeminck et al., 2022 NetLogo 

Gatherer Diptera Chironomus riparius Beaudouin et al., 2012 
Published 
equations 

Herbivore Gastropoda Lymnaea stagnalis Vlaeminck et al., 2019 NetLogo 
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3.1.1 Selecting the Service providing unit 

The application of ecological models in an ecosystem services (ES) approach to ERA requires first 

the definition of protection goal, a service of interest (Neinstedt et al., 2016). This thesis focusses 

on ecological functions that deliver a recreational fishery which is both the processing of organic 

matter and the provision of prey for carnivorous fish.  While invertebrates were identified in general 

as service providers in a recreational fishery, it is important to identify a specific functional group 

as the service providing unit.  

Allochthonous detritus, formed of terrestrial substrates, is a major source of energy in freshwater 

environments (Marcarelli et al., 2011; Brett et al., 2017). The rate at which this material is processed 

significantly influences ecosystem function and biodiversity in aquatic environments by providing 

energy for secondary production (Gessner et al., 1999; Westlake et al., 2009; Brett et al., 2017). 

Shredders are an important group of invertebrates in freshwater systems, playing a crucial role in 

breaking down allochthonous detritus with the abundance and diversity of shredders correlating 

positively with the rate of leaf litter breakdown (Graça et al., 2001; Jonsson et al., 2001; Dekanova 

et al., 2023). While leaf litter decomposition is influenced by both abiotic and biotic factors, 

shredders alone are estimated to contribute to 50-64% of leaf mass loss in streams (Hieber and 

Gessner, 2002). This activity not only cycles nutrients within the stream, but benthic invertebrates 

provide a crucial food source for carnivorous fish in both lentic (still water) and lotic (flowing water) 

environments (Dekanova et al., 2023). By supporting both nutrient cycling and food webs, 

shredders play a crucial role in maintaining the ecological functions in freshwater systems and their 

associated ecosystem services.  

Gammarus pulex (Amphipoda: Gammaridae) and Asellus aquaticus (Isopoda: Asellidae) are both 

common freshwater shredders that are found across Europe. While both species are capable of 

processing leaf litter, G. pulex is a more efficient shredder (Graça et al., 1994b) ingesting and 

breaking down entire leaves, while A. aquaticus primarily scrapes autochthonous material, such as 

bacteria and fungi, from the leaf surface, often leaving behind the leaf skeleton resulting in less 

leaf mass lost (Graça et al., 1994b). Both Gammarus and Asellus species also serve as important 

prey for various game and coarse fish species, including trout, perch, bullheads, and stone loach 

(Rask and Hiisivuori, 1985; Copp et al., 2005) as well as smaller species of fish and invertebrate 

predators (Har and Gill, 1992). Studies of gut contents of fish have shown that perch tend to prefer 

asellids, while trout show a preference for gammarids, although these preferences are influenced 

by the availability of each species in their environments (Newman and Waters, 1984). Fish also tend 
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to prefer to predate upon gammarids and asellids of a certain size, typically individuals larger than 

6 mm (Newman and Waters, 1984; Anderson et al., 2016). Primarily, the foraging of fish on 

invertebrates is influenced by the invertebrate community structure, with larger fish in particular 

often selecting for size (Newman and Water, 1984; Worischka et al., 2015; Berezina et al., 2021) for 

maximal energetic gain per unit time (MacArthur, 1966; Werner and Hall, 1974). Therefore, changes 

in the population age and size structure of the prey could lead to changes in the diet of predators. 

Gammarus, while they feed on leaf litter in the detrital layer, drift downstream at night (Müller, 

1963) and therefore are most in the diets of drift feeding fish such as brown trout, rainbow trout 

and salmonids (Ball, 1961; Newman and Waters, 1984; Dodrill et al., 2021). However, Gammarus 

may also be found in the diets of juvenile (< 1 yr) bottom feeders such as stone loach (Copp et al., 

2005). Asellus are not often found in the drift but reside in the benthos, therefore while they may 

play a small role in the diet of drift feeding fish (Dahl, 1998; Enefalk et al., 2019), they contribute 

mostly to benthos feeders (Rask and Hiisivuori, 1985; Copp et al., 2005). Therefore, changes in 

Asellus and Gammarus populations are likely to have effects on different fish species populations.  

The two species are known to differ in their sensitivity to water quality and chemical stress, with 

Gammarus often more sensitive than Asellus (Oseid and Smith, 1979; Maltby, 1995; Bloor and Banks 

2005; Lukančič et al., 2010). G. pulex is a standard toxicity species that is sensitive to a wide range 

of chemical stressors, the second most common species studied in the lethality dataset of Chapter 

2. With this sensitivity, laboratory studies have demonstrated a strong correlation between the 

feeding activity of G. pulex and leaf litter processing rates in natural environments (Bloor et al., 

2011). Its feeding activity has long been used as an indicator of water quality and chemical stress 

in natural environments (Farrow and Maltby, 2000). A. aquaticus, on the other hand, is known for 

its tolerance to various chemical stressors, yet it bioaccumulates metals, making it a valuable 

bioindicator species for metal exposures on the field (O’Callaghan et al., 2019). An assessment of 

the relative sensitivity of Gammarus spp. compared to Asellus spp. to chemical stress 

(Supplementary 3.1) using LC50 values from the US EPA Ecotoxicity database, revealed that 

Gammarus was more sensitive than Asellus for 42 of the available 67 contaminants, equally tolerant 

for 14, and less sensitive for 11 (Figure 3.1). Despite these findings, a one-way ANOVA test found 

no significant relationship between the chemical mode of action and the sensitivity ratio (LC50 

Gammarus spp. / LC50 Asellus spp.) (F(5)= 0.528, p=0.754). 
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These differences in sensitivity are hypothesised to lead to a shift in the competitive advantage 

toward Asellus populations, in the presence of low-level chemical stress (Oseid and Smith, 1979), 

due to their high tolerance to many stressors. This difference in sensitivity means that the ratio of 

Gammarus to Asellus has long been proposed as an indicator of water quality in freshwater streams 

(Whitehurst, 2001) and found to correlate highly with species richness in response to organic 

pollution (McNeil et al., 2002).  With many polluted waters not supporting Gammarus populations 

while pristine environments can be devoid of Asellus as they are too clean (Holland, 1976).  

Figure 3.1: Difference in sensitivity of Asellus spp. and Gammarus spp. to chemical stress. Acute 
LC50s for each species plotted against each other. Note the log scale of both axes. The black line 
indicates 1:1 with intercept at 0. The coral shaded area represents the area where Gammarus spp. 
is more sensitive than Asellus spp., while the blue area represents the reverse. 

 

Given the ecological importance of G. pulex and A. aquaticus, their differing sensitivity and 

vulnerability to a wide range of chemical stressors, and their crucial roles in ecosystem functioning, 

these species are well-suited for studying the impacts of individual feeding activity on ecological 

functions within a service-providing unit. Given that DEB IBMs are difficult to develop, the 

availability of the Gammarus sp. model from Galic et al. (2017) further supports their selection as 

study species for this thesis. By examining how reductions in feeding activity affect these 

organisms, we can better understand the broader implications for ecosystem services, such as 

nutrient cycling and energy flow, in freshwater environments. 
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The chapter outlines the adaptation and evaluation of the individual based DEB models for G. pulex 

and A. aquaticus based on the G. pseudolimnaeus model of Galic et al., (2017). Given that, 

Gammarus and Asellus share similar lifecycles, reproductive mechanisms, and resource, the original 

G. pseudolimnaeus implementation, in NetLogo, is retained while species parameters and fecundity 

functions are adapted for the respective new species.  

The description of the model and follows the ODD (Overview, Design concepts, Details) protocol 

(Grimm et al., 2006). The model is then evaluated at the individual and population levels, 

comparison to measured values in the published literature. Things common to all models used in 

this thesis are outlined in this chapter, i.e. parameter values and equations and individual level 

processes. Where scheduling, processes and design concepts are described in the methods section 

of subsequent chapters. 

This chapter contains: 

• Description of adaptations to sub models of Galic et al., 2017 

• Model description using ODD approach  

o Purpose 

o Entities, state variables and scales 

o Overview of processes and scheduling 

o Design concepts 

• Evaluation of the individual level models 

• Description of the scenario for the population model 
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3.2 Model Description 

3.2.1 Purpose 

The purpose of the models is to simulate effects of chemical induced changes in feeding activity 

of on the performance of ecological functions by freshwater shredders Gammarus pulex and 

Asellus aquaticus populations, applying DEB theory (Kooijman, 2010) to simulate metabolic 

processes of individuals.  

The G. pseudolimnaeus model of Galic et al., (2017) (model code available in supplementary of 

Galic et al. (2017) while the complete NetLogo file was obtained via personal communication with 

the author, Nika Galic) was adapted for Gammarus pulex and Asellus aquaticus. Most modelled 

processes (i.e. mobilisation, somatic maintenance and growth, maturation and maturity 

maintenance, reproduction, mortality) are unchanged from those reported in the TRACE 

documentation of Galic et al., (2017). In summary, changes into the original model are as follows:  

- Calibration of the size dependent reproduction buffer for Asellus aquaticus and Gammarus 

pulex. 

- Update from standard DEB model to abj model (with metabolic acceleration) as the 

description of Gammarus and Asellus on the add my pet database has since changed from 

standard to abj.  

- Removal of seasonal temperature and resource dynamics from population level processes. 

3.2.2 Entities, state variables, and scales 

Entities in the models are individual females of both Gammarus pulex and Asellus aquaticus and 

their environment, which, although the spatial aspects are not modelled explicitly due to 

computational constraints, was defined as 1 metre square patch. The life stages of individuals are 

distinguished between embryo, juveniles, and adults.  Species only differ in their DEB parameters 

and fecundity functions. All other processes are the same. DEB parameters for G. pulex and A. 

aquaticus were obtained from the Add My Pet database 

(https://www.bio.vu.nl/thb/deb/deblab/add_my_pet/species_list.html), an online database of 

calibrated DEB model parameters for 4,980 species. 

Individual females are characterised by the state variables: structure, reserve density, maturity, and 

a reproduction buffer. The structure, expressed as length, L (cm), determines their size, feeding 

rate, and maintenance costs. The reserve density, E (J cm−3) serves as an intermediary between the 
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energy consumed and that which is mobilised (Figure 3.1). For juveniles, energy is allocated to a 

maturity buffer maturity, EH (in juveniles) (J), until it reaches a species-specific threshold, after which 

energy is allocated by the now adults to a reproductive buffer, ER (in adults) (J). Additionally, females 

are characterised by the number of broods they have carried, calculated by their cumulative 

fecundity (#), as well as their age (days). The environment is characterised by the amount of 

available resource (leaf litter; mg). Temperature is kept constant throughout the simulation with 

temperature set to 20 ◦C - that at which the DEB parameters were calibrated.  

Dynamic energy budget theory is expressed mathematically with ordinary differential equations 

(ODEs) whereby time is continuous. Here, ODEs were solved in discrete timesteps representing 

24/20 days1. Background mortality for each species was updated daily.   

 

Figure 3.2: Metabolic processes of individual organisms described by Dynamic Energy Budget 
Theory (Kooijman, 2010) 

  

 
 

1 This number was chosen as it strikes a balance between enough detail to capture change and not too 
much to require too much computational power 
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Table 3.2: DEB Parameters, their interpretation, baseline values, and units. Values are 
default values found in Kooijman (2010) on the Add My Pet Database (AmP)  

Parameter Interpretation Gammarus 
pulex  

Asellus 
aquaticus Units Source 

Individuals 

�𝐹̇𝐹𝑚𝑚� 
Surface area-specific 

maximum search 
rate 

6.5 6.5 day−1 cm−2 AmP 

𝜅𝜅𝑋𝑋 Digestion efficiency 0.8 0.8 – AmP 

 
{𝑝̇𝑝𝑋𝑋𝑋𝑋} 

Surface area-specific 
maximum food 

intake rate 
62.24 62.89 J cm−2 day−1 AmP 

 
{𝑝̇𝑝𝐴𝐴𝐴𝐴} 

Surface area-specific 
maximum 

assimilation rate 
49.79 78.61 J cm−2 day−1 AmP 

𝜐̇𝜐 Energy conductance 0.18066 0.01159 cm day−1 AmP 

𝜅𝜅 
Fraction of utilised 
energy spent on 

soma 
0.88685 0.9207 – AmP 

[𝑝̇𝑝𝑀𝑀] Volume-specific 
maintenance costs 338.417 362.8 J cm−3 day−1 AmP 

𝜅𝜅𝑗𝑗 
Maturity 

maintenance rate 
constant 

0.002 0.002 day−1 AmP 

[𝐸𝐸𝑚𝑚] Maximum reserve 
density 2756.03 5426.23 J cm−3 AmP 

[𝐸𝐸𝐺𝐺] Volume-specific 
costs of growth 4446.22 4400 J cm−3 AmP 

𝜅𝜅𝑅𝑅 Reproduction 
efficiency 0.95 0.95 – AmP 

𝐸𝐸𝐻𝐻𝑏𝑏 Maturity at birth 0.06315 0.01813 J AmP 
𝐸𝐸𝐻𝐻𝑃𝑃 Maturity at puberty 2.108 0.08808 J AmP 

𝛿𝛿𝑚𝑚 Shape correction 
factor 0.23453 0.4131 – AmP 

𝑧𝑧 
Zoom factor – 

relative volumetric 
length 

0.13048 0.1596 – AmP 

𝑇𝑇𝐴𝐴 Arrhenius 
temperature 10000 6805 K AmP 

𝑇𝑇𝑟𝑟𝑟𝑟𝑟𝑟 Reference 
temperature 293.15 293.16 K AmP 

𝐸𝐸0 Reserve density (at 
embryo formation) 0.770227 0.43525 J AmP 

𝐿𝐿0 
Structural length (at 
embryo formation) 1.0E-5 1.0E-5 cm AmP 

𝐿𝐿𝑏𝑏 Structural length (at 
embryo formation) 0.1892 0.12 cm AmP 
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𝜇𝜇𝑏𝑏 Background 
mortality 0.005 0.005 – - 

𝑥𝑥𝐺𝐺1 
Gammarus 

Reproduction buffer 
size function 

−47.2 - – 

Hynes, 1955 

𝑥𝑥𝐺𝐺2 
Gammarus 

Reproduction buffer 
size function 

23.5 - - 

𝑥𝑥𝐴𝐴2 
Asellus 

Reproduction buffer 
size function 

- 2.15  Steel et al., 
1961 in Ridley 

and Thompson, 
1979 𝑥𝑥𝐴𝐴2 

Asellus 
Reproduction buffer 

size function 
- 0.008  

      

𝑑𝑑𝑣𝑣 Specific density of 
structure 0.17 0.17 g cm−3 AmP 

𝜇𝜇𝐸𝐸 Chemical potential 
of reserve 550 000 550000 J mol−1 AmP 

𝑊𝑊𝐸𝐸 Molecular weight of 
reserve 23.9 23.9 g mol−1 AmP 

Environment 
𝑌𝑌 Year Length 365 days - 

𝑋𝑋𝑅𝑅 

Resource 
(conditioned leaf 
litter) energetic 

content 

21 J mg−1 Bärlocher & 
Kendrick (1975) 

𝑟𝑟 Resource growth 
rate 0.02 day−1 Gulis et al., 

2008 

T Temperature  20 ◦C 
Parameter 
Calibration 

temperature 
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Table 3.3: Model Equations 

Process Unit Equation(s) Number 

Temperature correction* - 𝐶𝐶𝑇𝑇 =  𝑒𝑒
� 𝑇𝑇𝐴𝐴𝑇𝑇𝑟𝑟𝑟𝑟𝑟𝑟

−𝑇𝑇𝐴𝐴𝑇𝑇 �
 3.1 

Assimilation J day-1 𝑝̇𝑝𝐴𝐴 = 𝑓𝑓 ∗  {𝑝̇𝑝𝑋𝑋𝑚𝑚}𝐶𝐶𝑇𝑇 ∗ 𝜅𝜅𝑋𝑋 ∗ 𝐿𝐿2 3.2 

Mobilisation J day-1 𝑝̇𝑝𝐶𝐶 = 𝐿𝐿3 ∗ [𝐸𝐸] ∗
[𝐸𝐸𝐺𝐺] 𝑣̇𝑣

𝐶𝐶𝑇𝑇

𝐿𝐿 + [𝑝̇𝑝𝑀𝑀]𝐶𝐶𝑇𝑇

𝜅𝜅 ∗ [𝐸𝐸] + [𝐸𝐸𝐺𝐺]  3.3 

Somatic maintenance J day-1 𝑝̇𝑝𝑀𝑀 =  {𝑝̇𝑝𝑀𝑀}𝐶𝐶𝑇𝑇 ∗  𝐿𝐿3 3.4 

Growth J day-1 𝑝̇𝑝𝐺𝐺 = 𝜅𝜅 ∗ 𝑝̇𝑝𝐶𝐶 −  𝑝̇𝑝𝑀𝑀 3.5 

Maturity maintenance J day-1 𝑝̇𝑝𝐽𝐽 =  𝑘̇𝑘𝐽𝐽
𝐶𝐶𝑇𝑇 ∗ 𝐸𝐸𝐻𝐻 3.6 

Growth dynamics cm day-1 
𝑑𝑑𝑑𝑑
𝑑𝑑𝑑𝑑

=
1
3
∗ �

𝜅𝜅 ∗ 𝑝̇𝑝𝐶𝐶
[𝐸𝐸𝐺𝐺] ∗ 𝐿𝐿2

−
𝑝̇𝑝𝑀𝑀

[𝐸𝐸𝐺𝐺] ∗ 𝐿𝐿� 3.7 

Maturation/reproduction 
dynamics J day-1 

𝑑𝑑𝐸𝐸𝑅𝑅
𝑑𝑑𝑑𝑑

=  (1− 𝜅𝜅) ∗ 𝑝̇𝑝𝐶𝐶 − 𝑝̇𝑝𝐽𝐽 3.8 

Fecundity # day-1 𝐹𝐹 =  
𝜅𝜅𝑅𝑅 ∗ 𝐸𝐸𝑅𝑅
𝐸𝐸0

 3.9 

Resource dynamics mg day-1 
𝑑𝑑𝑑𝑑
𝑑𝑑𝑑𝑑

= 𝑟𝑟 ∗  (𝐾𝐾 − 𝑅𝑅) 3.10 

 

Physical Length cm 𝐿𝐿𝑃𝑃ℎ𝑦𝑦𝑦𝑦𝑦𝑦𝑦𝑦𝑦𝑦𝑦𝑦 =
𝐿𝐿
𝛿𝛿𝑀𝑀

 3.11 

Dry Weight of the 
Structure mg 𝐷𝐷𝐷𝐷𝑆𝑆𝑆𝑆𝑆𝑆𝑆𝑆𝑆𝑆𝑆𝑆𝑆𝑆𝑆𝑆 =  𝑑𝑑𝑉𝑉 ∗  𝐿𝐿3 ∗ 1000 3.12a 

Dry Weight of the 
Reserve mg 𝐷𝐷𝐷𝐷𝑅𝑅𝑅𝑅𝑅𝑅𝑅𝑅𝑅𝑅𝑅𝑅𝑅𝑅 =  𝐸𝐸𝐻𝐻 ∗

𝜔𝜔𝐸𝐸

𝜇𝜇𝐸𝐸
∗ 1000 3.12b 

Dry Weight of the 
Reproduction Buffer mg 𝐷𝐷𝐷𝐷𝑅𝑅𝑅𝑅𝑅𝑅𝑅𝑅𝑅𝑅𝑅𝑅𝑅𝑅𝑅𝑅𝑅𝑅𝑅𝑅𝑅𝑅𝑅𝑅 =  𝐸𝐸𝑅𝑅 ∗

𝜔𝜔𝐸𝐸

𝜇𝜇𝐸𝐸
∗ 1000 3.12c 

1Different from Galic et al., 2017 given that only one Arrhenius temperature was available. 
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3.2.2.1 Process overview and scheduling. 

Within each timestep, processes are scheduled for all individuals in a randomised sequence. 

Individual and resource state variables are then updated at the end of each timestep according to 

DEB processes (Table 3.2). As individuals are called to the resource randomly within each timestep, 

competition for food is representative of scramble competition. 

Individuals feed on the available resource, X, (mg). Ingestion of the resource scales with the surface 

area of the organisms, L2 (cm2) and is a function of the scaled functional response, surface-area-

specific feeding rate (J cm2) (Table 3.3, Eqn 2). The ingested resource is converted from mg to J 

using the resource energy content,  

𝑋𝑋𝑅𝑅 ,  used in Galic et al., 2017 and derived from conditioned alder leaves in Bärlocher and Kendrick 

(1975). The amount of energy assimilated to the reserve compartment is the calculated using the 

digestion efficiency (-, no units).  From the reserve, it is allocated to different metabolic endpoints 

via a mobilisation flux, 𝑝̇𝑝𝑐𝑐(Table 3.3, Eqn 3). Mobilisation is dependent on the organisms’ length 

and reserve density and not directly dependent on the amount of energy assimilated. A fraction of 

the reserve (𝜅𝜅) is allocated first to the somatic branch of the energy fluxes which supports 

maintenance of the organism, 𝑝̇𝑝𝑀𝑀(Table 3.3, Eqn 4), costs of which scales with the structural volume, 

𝐿𝐿3, and growth of the structural biomass, 𝑝̇𝑝𝐺𝐺 , (Table 3.3, Eqns 5 and 7). 

Under starvation conditions, reserve density becomes smaller than the scaled length, then the 

organisms change their reserve allocation rules to only fuel maintenance costs, allocating energy 

only to survival. If there are insufficient energy fluxes to supply the maintenance costs, individuals 

‘die’ and are removed from the simulation. In a typical DEB abj model, individuals under starvation 

shrink, taking energy from their structural reserve. However, Gammarus and Asellus are arthropods, 

producing an exoskeleton that cannot be digested after creation. Therefore, this starvation rule is 

not applied here.  

The energy that is not allocated to the somatic branch (1-𝜅𝜅) is allocated to maturity and 

reproduction in the organism. Here, juveniles allocate energy to their process of maturation and 

while adults to their reproductive potential. The mobilisation flux allocates energy to maturity 

maintenance, 𝑝̇𝑝𝐽𝐽, (Table 3.3, Eqn 6), which scales with maturity, 𝐸𝐸𝐻𝐻, via the maturity maintenance 

constant, 𝑘̇𝑘𝐽𝐽, and to maturation or reproduction, 𝑝̇𝑝𝑅𝑅, (Table 3.3, Eqn 8). The reproductive flux, 𝑝̇𝑝𝑅𝑅 , 

allocates energy to maturation of embryos and juveniles and to reproduction in adults. The 

maturity state variable, 𝐸𝐸𝐻𝐻 , is monitored throughout the simulation and as, 𝐸𝐸𝐻𝐻reaches the threshold 
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of maturity at birth,  

𝐸𝐸𝐻𝐻𝑏𝑏 , embryos become juveniles. They become adults when 𝐸𝐸𝐻𝐻 reaches the threshold of maturity at 

puberty, 𝐸𝐸𝐻𝐻𝑃𝑃 (Table 3.3).  

Once they are adults, modelled individuals are assigned a reproductive buffer, 𝐸𝐸𝑅𝑅 which is 

dependent on the size of the individual, using a species-specific calibrated fecundity function. Size 

of the reproductive buffer is updated after each hatching event as individuals continue to grow 

thereby increasing their reproductive capacity. Once the buffer is full, individuals produce a number 

of eggs which is dependent on the size of the reproductive buffer, reproductive efficiency, 𝜅𝜅𝑅𝑅,  and 

the cost of producing an egg, 𝐸𝐸0 (Table 3.3, Eqn 9). In standard DEB models, at the moment that 

the individual hatches, the embryo is assumed to have the same energy density as the mother at 

the time of embryo creation (maternal effects rule). However, modelling this requires a further sub 

model to calculate the reserve dynamics of embryonic development. This approach increases the 

computational demand of the model, slowing it down. This process is therefore not modelled here. 

Instead, the energy cost of an egg, defined in the species DEB parameters, is the amount of energy 

that is then allocated to each egg at the time of hatching. Eggs contain developing embryos that 

are attached to the mother until they become juveniles. If a mother dies during the simulation and 

has embryos attached, all embryos also die. Once they are juveniles, individuals detach from their 

mothers and become independent entities.  

Resource dynamics represent leaf litter, following semichemostatic dynamics. Resource growth 

rate, r, and carrying capacity, K, are independent of temperature and current resource density.  

At the end of every time step, individual state variables are updated. Once a day, death of 

individuals due to background mortality is calculated. Background mortality is a constant 

probability of dying due to, for example, predation or age, in the case of both species, while for 

Gammarus this may also be cannibalism. In the original model of Galic et al. (2017), background 

mortality was ‘switched off’ when the number of individuals in the population fell below 20 to 

reduce the risk of extinction. The approach also represents population buffer effects such as drift 

and that reduce the risk of extinction in the field. However, this was not included here as this study 

is more of a virtual laboratory than simulated field study.  

DEB theory describes the length of individuals in terms of structural length. This is converted to 

physical length using the shape factor which is species specific (Table 3.2). Individual dry mass is 
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calculated as the sum of the mass of the structural length, the reserve compartment and that of 

the reproduction buffer (Table 3.2) 

3.2.3 Design concepts. 

Basic principles: Key processes in the model follow the basic principles of Dynamic Energy Budget 

theory (Kooijman, 2010), which posits that uptake of resources by individuals’ scales with their 

surface area, and the allocation of energy scales with the volume of the organism. The theory is 

based on conservation of mass and energy. Space is not modelled explicitly in the model, but 

species populations are assumed to exist on a patch of one metre square. Individuals do not move 

on or between patches. 

Emergence: Individual life-history traits, such as growth, maturation time, and reproductive effort, 

emerge from rules of metabolic organisation. Population dynamics emerge from indirect 

interactions between individuals via competition for the resource. 

Interaction: Individuals in the model interact with each other indirectly through resource 

competition. Population growth is constrained by the amount of resource in the system (carrying 

capacity); when population densities go beyond available resource, and individual consumption 

does not meet their maintenance costs, modelled individuals experience starvation mortality. The 

amount of resource in the model never reaches zero. Density dependence in the model emerges 

from modelled indirect interactions.  Embryos in broods are explicitly linked to females, resulting 

in embryo mortality when females die due to starvation or background mortality. 

Stochasticity: Species specific background mortality is implemented as a stochastic process that 

occurs daily. Furthermore, as DEB parameters are constants, a scatter multiplier is added to the 

surface area-specific ingestion rate to implement a measure of variation between individuals. The 

scatter multiplier is a random number pulled from a log-normal distribution (Kooijman et al., 1989; 

Martin et al., 2013) with a standard deviation of 0.1.  
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3.3 Calibration and development of sub-models 

Calibration is the process by which model parameters are determined from empirical data 

(Schmolke et al., 2010). The majority of species DEB model parameters were taken from the 

AddMyPet database (Kooijman et al.,2010). The only parameters that were ‘calibrated’ in this study 

was the size of the reproduction buffer. 

The main model code was not altered and therefore not tested. Where the metabolic acceleration 

module was added, the calculation of the metabolic acceleration factor and how this affected the 

feeding rate was tested in excel before addition to the model code. 

Fecundity 

DEB theory does not inherently account for certain life history traits, such as reproductive strategies 

(e.g. broods or eggs) or how the size of the reproduction buffer should be calculated (Koojman et 

al., 2010; Jager et al., 2022). To address this, Galic et al. (2017) made specific assumptions regarding 

the brood size of gammarids, linking it to their body length based on existing literature (Hynes, 

1955; Hynes and Harper 1972). These studies demonstrate that brood size is size-dependent, 

increasing with amphipod length. For the purposes of this study, fecundity function was updated 

from that of G. pseudolimnaeus (Hynes and Harper 1972; Galic et al., 2017) for G. pulex using data 

from Hynes (1955) was used to calculate a new fecundity function for G. pulex. The relationship 

between size and fecundity was updated to better reflect the specific characteristics of Asellus. 

3.3.1.1 Fecundity Functions 

Asellus aquaticus 

Ridley and Thompson (1979) summarised the findings of 5 studies into the life history of Asellus 

across Europe, reporting linear regressions to the relationship between asellids length and brood 

size (logarithmic).  Of the 5 regressions reported, Steel (1961) reported the largest sample size over 

multiple years, also reporting the raw data. 

Steel, (1961) fitted the following linear model to measured data of Asellus brood size per size of 

individual: 

𝐥𝐥𝐥𝐥𝐥𝐥𝐥𝐥𝐥𝐥(𝒚𝒚) = 𝟐𝟐.𝟏𝟏𝟏𝟏𝟏𝟏𝟏𝟏 ∗ 𝐥𝐥𝐥𝐥𝐥𝐥 𝟏𝟏𝟏𝟏(𝒙𝒙) + 𝟎𝟎.𝟎𝟎𝟎𝟎𝟎𝟎𝟎𝟎 

Equation 3.13 

 

To implement this in NetLogo and calculate the size of the reproduction buffer, this becomes: 
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𝑦𝑦 = 𝑥𝑥2.1536 ∗  100.0081  

Equation 3.14 

 

So that: 

𝐹𝐹𝐹𝐹𝐹𝐹𝐹𝐹𝐹𝐹𝑑𝑑𝐹𝐹𝐹𝐹𝐹𝐹𝐹𝐹𝐹𝐹 = 𝐿𝐿𝐿𝐿𝐿𝐿𝐿𝐿𝐿𝐿ℎ2.15 ∗ 100.008 

Equation 3.15 

 

Where 𝐹𝐹𝐹𝐹𝐹𝐹𝐹𝐹𝐹𝐹𝑑𝑑𝐹𝐹𝐹𝐹𝐹𝐹𝐹𝐹𝐹𝐹is the fecundity function and length in the physical brooding length of the 

individual. This brooding length is calculated for each individual at the point of maturity and is 

updated immediately after each brood reaches maturity. The fecundity function is then used to 

determine the size of the reproductive buffer:  

𝑡𝑡𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵 = 𝐸𝐸0 ∗ 𝐹𝐹𝐹𝐹𝐹𝐹𝐹𝐹𝐹𝐹𝑑𝑑𝐹𝐹𝐹𝐹𝐹𝐹𝐹𝐹𝐹𝐹 

Equation 3.16 

 

Where 𝑡𝑡𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵 is the brood reserve [J] and 𝐸𝐸0 is the amount of energy [J] that goes to each 

egg. The brood reserve then acts as a threshold, signalling females to produce a brood once 

reproduction buffer crosses this threshold. After which, the number brood size is calculated:  

𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵 𝑆𝑆𝑆𝑆𝑆𝑆𝑆𝑆 =
𝑡𝑡𝐸𝐸𝑅𝑅 ∗ 𝑘𝑘𝑘𝑘𝑝𝑝𝑅𝑅

𝐸𝐸0
 

Equation 3.17 

 

Where 𝑡𝑡𝐸𝐸𝑅𝑅 is the reproduction buffer [J cm-2], 𝑘𝑘𝑘𝑘𝑝𝑝𝑅𝑅 is the reproduction efficiency [-].  

Gammarus pulex 

Hynes (1955) reported the brood sizes of G. pulex, reporting a brood size of individual 11-12mm 

of 29.1, the shortest brooding females were 6mm with a mean brood size of 5 eggs. This results in 

the following regression equation:  

𝐹𝐹𝐹𝐹𝐹𝐹𝐹𝐹𝐹𝐹𝑑𝑑𝐹𝐹𝐹𝐹𝐹𝐹𝐹𝐹𝐹𝐹 = 47.7 ∗ 𝐿𝐿𝐿𝐿𝐿𝐿𝐿𝐿𝐿𝐿ℎ − 25.6 

Equation 3.18 

 

Where length is the physical length of gammarids, (cm) as in Eqn 3.15  
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3.3.2 Metabolic acceleration 

The original model code was designed for standard DEB models, where the metabolic rate does 

not change through an individuals’ lifetime. However, since the publication of the Galic et al. (2017) 

model, the parameters for Gammarus sp. have been recalibrated in the Add My Pet database to 

align with the abj model type. Abj DEB model types account for metabolic acceleration between 

the juvenile and adult life stages where the metabolic rate of an individual increases with age 

(Kooijman, 2014). Metabolic acceleration predicts upcurving in the growth of organisms, observed 

in Gammarus pulex (Sutcliffe et al., 1981; McCahon and Pascoe, 1988) and Asellus aquaticus 

(Hoefnagel and Verberk, 2015), but not consistently (Galic and Forbes, 2017; Marcus et al., 1978; 

Arakelova, 2001). According to Kooijman (2014), the standard DEB model does not accurately 

describe the growth of crustaceans like Gammarus and Asellus, including Gammarus pulex, which 

exhibit growth acceleration during their early life stages. To address this, the abj model was 

developed. 

Kooijman (2014) describes various types of metabolic acceleration across organisms. Here, I explore 

two abj model types: Type A and Type M. In Type A, metabolic acceleration involves an increase in 

surface area-specific assimilation capacity at a specific developmental stage. In contrast, Type M 

involves a simultaneous increase in surface area-specific assimilation rate and energy conductance 

during the period between birth and metabolic metamorphosis. This increase is proportional to 

structural length, with metabolic metamorphosis occurring once a certain threshold is reached 

(Kooijman et al., 2011). The application of abj models to Gammarus and Asellus is contested, as 

these species do not undergo physical metamorphosis; however, in DEB theory, metamorphosis 

relates to metabolic changes over an organism's lifetime, not necessarily physical changes. 

Additionally, the starvation mechanism for the abj model type involves shrinking, reclaiming energy 

from the structure when food availability is low (Kooijman, 2014). Gammarus and Asellus, however, 

have rigid exoskeletons that do not shrink. This mechanism is therefore not implemented in the 

model and therefore, under starvation (energy is only taken from the reserve).  

The model code was therefore adapted to account for metabolic acceleration between juveniles 

and adult life stage by applying a metabolic acceleration factor (𝑀𝑀(𝐿𝐿)) to the surface area specific 

ingestion rate of the individual (Type M, Kooijman 2014). Therefore, the model code was adapted 

to account for this mechanism with the following equations:  
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⎩
⎪
⎪
⎨

⎪
⎪
⎧ 𝑀𝑀(𝐿𝐿) =

𝐿𝐿𝑏𝑏
𝐿𝐿𝑏𝑏

= 1  𝑖𝑖𝑖𝑖 𝐸𝐸ℎ < 𝐸𝐸ℎ𝑏𝑏

𝑀𝑀(𝐿𝐿) =
𝐿𝐿
𝐿𝐿𝑏𝑏

  𝑖𝑖𝑖𝑖 𝐸𝐸ℎ𝑏𝑏 <  𝐸𝐸ℎ < 𝐸𝐸ℎ
𝐽𝐽

𝑀𝑀(𝐿𝐿) =
𝐿𝐿𝐽𝐽
𝐿𝐿𝑏𝑏

  𝑖𝑖𝑖𝑖 𝐸𝐸ℎ > 𝐸𝐸ℎ
𝑗𝑗

⬚

 

Where 𝐿𝐿𝐽𝐽 is the length of the individual at puberty, 𝐿𝐿𝑏𝑏 is the length at birth, 𝐸𝐸ℎ is the reserve density 

[J], 𝐸𝐸ℎ𝑏𝑏 is the maturity at birth [J], 𝐸𝐸ℎ
𝑗𝑗 is the maturity at metamorphosis [J]. 
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3.4 Individual level model validation and evaluation 

Model validation is where the model outputs are compared with independent empirical data sets 

to assess how accurately the model represents ecological processes (Schmolke et al., 2010). 

However, deviating from conventional methods (Augusiak et al., 2014), due to lack of independent 

data, not all individual processes were validated against independent empirical data. Instead, as in 

Galic et al. (2017) model outputs (i.e. growth, in terms of length and dry weight over time) were 

compared against a combination of both calibration datasets and, where possible, to independent 

laboratory and field data (Table 3.4). Additionally, dry weight, time to maturation, and brood size, 

as a function of individual size, were also compared. All model predictions were calculated at the 

default calibration temperature of 20°C with no restrictions on food consumption (f = 1). 

The growth of a single individual was simulated from birth, and the resulting changes in length and 

dry weight over time were compared to published data. Time to maturity and brood sizes were 

further evaluated by simulating 500 juveniles over a 5-year period, to calculate mean brood sizes 

for different individual sizes. The mean and standard deviation of time to maturation were 

compared between models, and the maximum brood size for each individual size was recorded. 

The average maximum brood sizes within each size category were calculated across the 5-year 

period. 

Model predictions from both the abj A and abj M models were compared against literature data. 

However, due the specific data requirements of DEB models and their calibration, it was not always 

possible to validate model predictions with data that were independent of the calibration process. 

The datasets used in these evaluations are listed in Table 3.4. 
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Table 3.4: References for datasets used in the individual validation. 

Species endpoint Literature Notes Used in 
AmP 

calibration? 
Gammarus 

pulex 
Length Welton and Clarke, 

1981 
Laboratory study 
conducted at 20C 

Yes 

Dry Weight Gee et al., 1988 Field samples across 
seasons 

 
Yes 

Reproduction Hynes, 1955 Used to calculate the size 
of reproduction buffer 

No 

Asellus 
aquaticus 

Length Hoefnagel and 
Verberk, 2015 

Laboratory study 
conducted at 20C. No 
data available beyond 
100 days  

Yes 

Dry Weight Arakelova et al., 2001 Wet Weights reported  Yes 
No 

Adcock, 1982 Field samples across 
seasons 

Reproduction Steel,1961 Used to calculate the size 
of reproduction buffer 

No 

 

3.4.1 Length 

Both species follow Bertalanffy growth (Kooijman, 2010) with the abj A model showing lower 

growth trajectory than the abj M model (Figure 3.3). For G. pulex, the individual reaches 1.29 cm 

(1.16 – 1.41 cm) after 200 days with the abj A model while the abj M shows rapid growth in the first 

25 days and reaching 1.53 cm (1.38 – 1.68 cm) after 200 days. Comparing the growth trajectories 

to Welton and Clark (1981) the abj A model shows better alignment with the independent data 

than that of the abj M model.  

For A. aquaticus, the individual reaches 0.83 cm (0.76 – 0.89 cm) after 200 days with the abj A model 

and 0.90 cm (0.82 – 0.97 cm) with the abj M model. The dataset of Hoefnagel and Verberk (2015) 

has great variation with both models showing alignment with the data.  
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Figure 3.3: Growth trajectory of Gammarus pulex (A) and Asellus aquaticus (B) at 20◦C with abj 
types A (purple) and M (green) showing length [mm] over time. The ribbon represents the range 
of values predicted with a scatter multiplier pulled from a distribution with standard deviation 
of 0.1. Data points (black dots) differ between species plot with growth data reported for G. pulex  
in Welton and Clark (1981) and A. aquaticus in Hoefnagel and Verberk, 2015.  
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3.4.2 Dry Weight 

Neither model for either species accurately predicts dry weight compared to the observed data 

(Figure 3.4). In both cases, the abj M model predicted lower dry weights than the abj A model. 

When comparing model predictions to the weight of gammarids collected from field data, both 

type A and M models, over-predict the dry weight of G. pulex in relation to the data from Gee et 

al., (1988) with individuals of 12mm at 7mg of dry weight, while the Type A and Type M models 

predict 15 and 14.8 mg respectively. Predicted dry weights of smaller size categories (5 – 8 mm) 

were closer to those of the measured data. Note that while dry weight of individuals measured in 

Gee et al., (1988) was from field populations where individuals are often food limited.  

For Asellus, both models produced a similar length to dry weight relationship. Both models 

underpredicted length weight relationships compared to the calibration dataset of (Arakelova, 

2001) but over predicted the dry weight of individuals compared to the independent dataset of 

Adcock (1975) for size categories above 5 mm.  

 

Figure 3.4: Dry weight [mg] as a function of length [mm] of Gammarus pulex  (A) and Asellus 
aquaticus (B) for both abj A (purple) and abj M (green) models. With data from male and female 
G. pulex  reported in Gee (1988) for G. pulex , Arakelova et al., (2001) and Adcock (1974) for A. 
aquaticus.  
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3.4.3 Maturation time and Fecundity 

The abj M model predicted shorter maturity times compared to the abj A model for both species, 

with maturation times lower than those reported in the literature (Figure 3.5). For Gammarus, at 

20°C, the time to maturation was 35 days (SD ± 3) in the abj M model and 44.5 days (SD ± 3) in 

the abj A model. However, both models result in the length at maturity of 5.5 cm (SD±0.06) in the 

field. For Asellus, the time to maturation at 20°C was 23 days (SD ± 2) in the abj M model and 29 

days (SD ± 2) in the abj A model. The abj A model aligned better with the input data than the abj 

M model. 

For both species, the abj M model predicted lower mean brood sizes per size category, while the 

abj A model was closer to the fecundity functions used to calibrate the size of the reproduction 

buffer (Figure 3.5). Asellids do not reach beyond 12 mm in either model type.  

 

 

Figure 3.5: Mean Brood size of both Gammarus and Asellus females from different size 
categories from simulations run over 5 years with no resource limitation. Error bars represent 
the standard deviation. The blue line represents the fecundity function used to calibrate the size 
of the reproduction buffer. 

 

  



  

Page 92 of 225 
 

3.5 Population models 

This section outlines the definition of the ecological scenario for the Gammarus and Asellus models 

within the effects of chemical stress on population responses and ecological functions will be 

examined. 

3.5.1 Scenario definition 

The ecological scenario for both shredder species, Gammarus and Asellus, is defined as a 1 m² 

patch where population density is regulated by competition for a variable food resource. Thus, the 

population dynamics of each species emerge from individual life histories and intraspecific 

competition for this resource. 

Both Gammarus and Asellus feed on conditioned leaf litter, a matrix of leaf litter and microbial 

biomass (Graça et al., 1993a). In the field, fungi and bacteria condition the leaf litter, making it more 

palatable (Bloor et al., 2011) and nutritious (Bärlocher, 1985). In this model, the resource is defined 

as a leaf-microbial biomass matrix, expressed in mg m-2. The models are calibrated at a temperature 

of 20°C, reflecting the ecological conditions of summer when shredders often face resource 

limitations due to reduced food availability (Gee et al., 1988). 

The baseline carrying capacity of the resource is set at 400 mg m-², representing the typical 

standing stock during summer. The daily growth rate of microbial biomass is 0.02 mg per mg of 

leaf litter per m² per day, which is consistent with fungal biomass growth on leaf litter in temperate 

climates (Gessner et al., 1997; Gulis et al., 2008). Although this value is relatively low compared to 

typical field measurements, it is not uncommon in summer conditions (Iversen et al., 1989; Pretty 

et al., 2005; Gulis et al., 2008; Little et al., 2020). In the field, detrital matter can range from 0 to 

4000 mg C m², but summer values are often lower due to a lack of leaf litter input and the 

cumulative consumption and decomposition by shredders and microbial biomass from autumn, 

when leaves fall, through to summer. 

It is acknowledged that this model definition of the resource as a leaf litter and microbial biomass 

matrix simplifies reality. In nature, the detrital matter that Gammarus and Asellus consume is a 

complex system of allochthonous inputs, including leaf litter, which varies seasonally and is 

colonised by fungi and bacteria. The biomass of these microorganisms also fluctuates seasonally 

due to changes in substrate availability and temperature (Gee, 1988). However, in this model, the 

carrying capacity of the resource remains constant throughout the experiment, and resource 

growth is primarily influenced by consumption by shredders.  
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3.5.2 Model Behaviour 

This section outlines the population dynamics of both species’ models in the absence of stressors, 

representing the baseline situation, and assess the number of replicates required to get stable 

predicted outputs.  

3.5.2.1 Replicates 

The output population sizes were not affected by the simulation variability after 100 replicates 

(Figure 3.6) therefore all simulations were run with 100 replicates. 

 

 

Figure 3.6: Median, 5th and 95th percentile values of population output plotted against the 
number of simulation replicates for Asellus and Gammarus models.   
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3.5.3 Population endpoints 

Five hundred individuals were simulated for 20 years at constant temperature and baseline food 

availability and growth conditions with 100 replicates. The first 10 years were discarded with the 

aim of removing any remaining impact of the initial conditions and therefore focuses on the 

model's behaviour after it has stabilised. 

Population abundance, biomass, consumption rate and size and age structure were reported every 

30 days. The minimum, maximum, mean, and median values and coefficients of variation for a 

population abundance and biomass were calculated across the reported values across the 10 years 

across 100 replicates (Table 3.5).  

 

Table 3.5: Descriptive statistics of the baseline model for Asellus aquaticus and Gammarus pulex  
adapted from Galic et al., (2017). 

  Asellus Gammarus 
  min max mean median CV min max mean median CV 

In
di

vi
du

al
 Time to 

Maturity 
[Days] 

29.7 169.1 73.3 73.4 10.4% 69.3 236 124 122.1 12.1% 

Adult Size 
[cm] 0.19 0.38 0.31 0.31 24.5% 0.47 0.6 0.51 0.51 3.1% 

Po
pu

la
tio

n 

Total 
Abundance 

[#] 
392 2356 952.5 874 40.2% 199 420 292.7 289 13.3% 

Juvenile 
Abundance 

[#] 
0 1858 343.1 4 153.8% 14 331 152.9 146 33.9% 

Adult 
Abundance 

[#] 
0 1337 609.4 601 46.1% 88 211 139.8 138 12.9% 

Population 
Biomass [mg 

DW] 
37.4 154.8 114.3 118.3 18.8% 79.1 101.5 89.4 89.3 3.0% 

Consumption 
[mg/day] 0.2 1.5 0.4 0.4 34.8% 0.37 0.64 0.45 0.44 8.5% 
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3.5.3.1 Asellus dynamics 

Population abundance ranged from 392 to 2356 individuals m-2 across 100 replicates with a mean 

and median abundance of 952 and 874 individuals, respectively (Figure 3.7). The population 

biomass ranged from 37.4 to 154.8 mg m-2 (dry weight). Across the 10 years simulation and 100 

replicates, the population abundance had a coefficient of variation of 40% while the CV of the 

population biomass was 19%.  

Asellus population size was comparable to values from Iversen and Thorup (1988) where the 

maximum population size in September (at 5000 to 20000 individuals m-2), minimum size in late 

winter around March (at around 100 individuals m-2). 

The maximum size of adult asellids in the baseline scenario was 3.6 cm), which is smaller than the 

over 10 mm which can be observed in the field (Steel, 1961) The smallest brooding female in August 

in a British stream measured 3.5 mm (Steel, 1961) so sizes here are not unrealistic but plausibly 

representative of a resource limited situation, reflecting the summer conditions simulated, where 

limited resources result in shorter adult asellids.  

  

Figure 3.7: Baseline population dynamics for Asellus aquaticus at constant Temperature 
(20C) with dynamic resource 400 mg C m2 over 10 years, after an initial 10 year burn period 
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3.5.3.2 Gammarus pulex 

Population abundance ranged from 199 to 420 individuals m-2 with a mean and median abundance 

of 292.7 and 289 individuals, respectively (Figure 3.8). The population biomass ranged from 79.1 to 

101.50 mg m-2 (dry weight). Across the 10 years simulation and 100 replicates, the population 

abundance had a coefficient of variation of 13.3% while the CV of the population biomass was 3%.  

The maximum size of G. pulex in this baseline situation was 6 mm with a mean of 5.1 mm. This is 

below values found in the field smallest brooding females gammarids are about 6 mm long (Hynes, 

1955). However, agrees with Gee (1988) where the shorter individuals were found in the summer. 

 

Figure 3.8: Baseline population dynamics for Gammarus pulex  at constant Temperature (20C) 
with dynamic resource 400 mg C m2 over 10 years, after an initial 10 year burn period 
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3.6 Discussion 

This chapter implemented an Individual-Based Dynamic Energy Budget Model (DEB IBM) for 

Gammarus pulex and Asellus aquaticus based on the framework by Galic et al. (2017). Two 

variations of the DEB model were considered: the abj M model and the abj A model, each with 

distinct strengths in representing biological processes. The abj A model, however, better captured 

individual reproductive output compared to the input data. Since population models rely heavily 

on vital rates like reproduction, the abj A model was deemed more suitable for this study. 

While individual-level parameters align well with calibration data, and to an extent, independent 

laboratory data, the population model underpredicts population abundance and size compared to 

field observations, particularly for Gammarus pulex. This discrepancy is likely due to two factors. 

First, both individual species models underestimate reproductive output, which, in a population 

model, leads to reduced overall abundance. Second, the model lacks seasonal variation in resource 

availability and temperature, which can influence recruitment (Sibley et al., 2002), altering 

population growth rates. In the field, seasonal fluctuations in resource availability, temperature can 

create periodic favourable conditions that support juvenile survival and adult growth (Varpe, 2017), 

increasing population reproductive rates, increasing recruitment driving higher abundance. 

Gammarus and Asellus typically experience high recruitment rates in spring due to both increasing 

temperatures and resource availability (Hynes, 1955, Iversen and Jessen, 1977; Gee, 1982; Gee, 

1988, Iversen and Thorup, 1988). In a non-seasonal, fixed environment, such as the one modelled 

here, these periods do not occur, limiting individual growth and reproductive output, thereby 

reducing recruitment rates, and leading to lower population abundance. Differences in abundance 

between the two population models, despite identical resource conditions, are likely to stem from 

differences in fecundity between the two species, with Asellus producing larger brood sizes than 

Gammarus for females of the same size. Furthermore, Gammarus, at the individual level, has a 

higher consumption rate than Asellus. At the population level, this means greater resource demand 

within the Gammarus population, leading to fewer individuals surviving on the same amount of 

resource.  

With regard to density dependence and modelling intraspecific competition, classic intraspecific 

density dependency works via feeding and starvation. However, crowding mortality also plays a 

part in density dependence (Gergs et al., 2013), particularly for Gammarus which has been observed 

to exhibit cannibalistic behaviour (Kelly et al., 2003). This however is not modelled explicitly here 

but assumed to be encapsulated by the background mortality. While density dependence 
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relationships can be calibrated with both field or laboratory data (Strauss et al., 2016; Accolla et al., 

2020). However, for IBMs, there is the advantage of allowing density dependence to emerge 

providing that, for well-studied species, sufficient data can allow the realistic representation of 

resource availability and behaviour (Stillman and Goss-Custard 2010). 

Another limitation of the use of DEB models over other types of energetic models could be the 

lack of adaptation and plasticity. In DEB theory, the kappa rule describes how an individual allocates 

energy to maturation and growth and this allocation remains constant throughout the individual’s 

lifetime. This assumption implies that adults are essentially larger versions of juveniles for all 

species. However, empirical studies suggest that this phenomenon is not observed in all species 

(Glazier and Carlow, 1992; Nisbet et al., 2004; Johnston et al., 2014). Furthermore, when an 

individual is exposed to chemical stress, individuals may adapt by altering their energy allocation 

strategy, reallocating resources between the two processes (Calow, 1985; Perrin and Sibly, 1993; 

Sokolova et al., 2012). As a result, the standard DEB model which assumes a constant kappa value, 

may not always be the best model to predict changes individual growth in responses to chemical 

stress as it fails to account for adaptive behaviours (Sibly et al., 2013).  

Nonetheless, the DEB models used in this thesis are considered appropriate for addressing the 

research questions for several reasons. First, the simplification of the kappa rule is reasonable for 

the study species, Gammarus and Asellus, as they undergo minimal changes in shape and energy 

allocation throughout their life cycle, apart from during moulting (Charron et al., 2014) which is not 

modelled here. Second, alternative DEB models have not been developed for the study species. 

Third, this thesis does not look at chemical induced stress explicitly, but the consequences of effects 

reductions in feeding, assimilation and food availability. In future, alternative effect scenarios could 

be developed, such as compensatory mechanisms like an increase in feeding rate following a 

reduction in assimilation efficiency. More broadly, DEB theory serves as a generic framework, often 

applying average energy allocation patterns across species. The kappa rule is rarely modified due 

to the lack of sufficient species-specific data, making it a useful but sometimes limiting assumption 

in ecological modelling. 

Despite its limitations, the model provides insights into species dynamics under resource-limited 

conditions by offering a controlled framework for studying key ecological processes that may 

influence chemical induced effect on the feeding of Gammarus and Asellus. The absence of 

seasonal environmental variation is intentional, as the primary goal is to investigate the 

mechanisms of species interactions in a stable, resource-constrained environment. Rather than 
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direct analogues to field observations, the results in the following chapters are derived from a 

virtual laboratory setting. This design allows for a focused examination of how intra- and 

interspecific interactions influence the effects of feeding inhibition on the ecological performance 

of two freshwater shredder species. 

These models will be used in the following chapters to explore how individual-level impacts on 

energy uptake translate to population-level responses and the overall performance of ecological 

functions. Chapter 4 will focus on different in population responses to pathways of impact on the 

consumer resource system., while Chapter 5 assesses how the duration and magnitude of such 

pathway of impact influence the recovery of populations. The models will then be coupled in 

Chapter 6, so that the species compete for resources, to assess how interspecific competition for 

food affect population responses to reduction in individual feeding rates and the structure of the 

service providing unit.  
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Chapter 4 - Modelling different pathways of impact on 
consumer-resource interactions and consequences for 
ecological functions in two freshwater shredder 
populations.  
4.1 Introduction 

Consumer-resource interactions are central to driving the flow of energy and nutrients through 

ecosystems (Atkinson et al., 2017). Through activities such as ingestion, nutrient storage, excretion, 

and egestion, consumers play a vital role in biogeochemical cycles, influencing the cycling, storage, 

and redistribution of nutrients, altering their availability within ecosystems (Vanni, 2002). These 

processes regulate key ecological functions, including primary production, providing organic 

matter and nutrient cycling, and decomposition through the consumption and processing of that 

organic matter (Atkinson et al., 2017), often essential for the delivery of certain ecosystem services 

(Harrison et al., 2014; Smith et al., 2017). By studying these relationships, we can better predict how 

environmental stressors, including chemical stressors, affect not only individual species but also 

the broader ecological functions that underpin the delivery of ecosystem services. 

Chemicals can alter consumer-resource interactions by affecting both the consumers ability to 

access and utilise resources, as well as the resources themselves (Fleeger et al., 2003; Fleeger, 2020). 

For consumers, chemicals may impair their foraging ability (Fong and Ford, 2014), ‘prey’ handling, 

and consumption efficiency by altering their physiology (Zeeshan et al., 2017) and/or behaviour 

(Nyman et al., 2013). While chemicals can also impact the accessibility, quality, and availability of 

resource, having both positive and negative impacts on the feeding by consumers. For example, 

insecticides reducing the mobility of prey can increase the capture rate of predators (Brookes et a 

2009), while herbicides impacting the nutritional quality (Konschak et al., 2021) or quantity (Zhao 

et al., 2023) of a resource may have negative impacts on consumer dynamics (Fleeger, 2020). These 

changes can cascade through the food web, altering the dynamics between consumers and their 

resources. For example, endocrine-disrupting chemicals, specifically 17α-ethynyloestradiol, 

impacting reproduction of a key prey species, fathead minnow in a Canadian lake, resulted in both 

increased zooplankton populations, due to reduced grazing, and a decreased trout (predator) 

biomass for lack of available prey (Kidd et al., 2014).  

At the population level, chemical exposure can influence consumer-resource interactions by 

affecting factors related to intraspecific competition for resources, such as population density and 
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food availability. These dynamics can significantly influence population-level responses to chemical 

stress (Foit et al., 2012; Knillman et al., 2013; Dolciotti et al., 2014). Intraspecific interactions, shaped 

by consumer-resource dynamics, further influence population dynamics and individual behaviours, 

including feeding activity (Little et al., 2020), which subsequently affects responses to chemical 

exposure (de Villemereuil and Lopez-Sepulcre, 2011; Schoener, 2011). Therefore, understanding 

intraspecific competition for food and related individual behaviours is crucial when assessing the 

ecological impacts of chemicals on species populations and their functions. 

In a recreational fishery, predatory fish rely on macroinvertebrate communities for food, often 

selecting prey based on size and availability (Newman and Waters, 1984; Rask and Hiisivuori, 1985; 

Dodrill et al., 2021). The abundance and sustainability of these prey species are, in turn, dependent 

on the processing of organic matter within the ecosystem. Additionally, detrital processing in 

particular plays a significant role in energy flows within freshwaters (Benke, 2018). Freshwater 

invertebrates, particularly shredders, are key players in this process, with their feeding activities 

contributing between 50% and 64% of leaf mass loss in streams (Hieber and Gessner, 2002). These 

shredders break down organic matter, facilitating the release of energy that is essential for the 

growth of secondary producers and the broader food web. Consequently, the ecological functions 

provided by shredder populations are important to the productivity of freshwater ecosystems.  

Gammarus pulex and Asellus aquaticus are two key freshwater shredder species commonly found 

across Europe. As consumers, they play a vital role in transferring energy through trophic levels 

(Wallace and Webster, 1979). As freshwater shredders, they contribute to the processing of 

allochthonous material, a major source of energy to freshwater systems (Brett et al., 2017), through 

their feeding activity (Wallace and Webster, 1979). Furthermore, Gammarus pulex and Asellus 

aquaticus serve as prey for predatory fish, important in freshwater fisheries, such as perch, trout, 

and salmon (Anderson et al., 2016; Dodrill et al., 2021), with fish selecting for larger invertebrates, 

often mature individuals > 6 mm (Newman and Waters, 1984; Anderson et al., 2016). Therefore, 

changes in their feeding activity and the availability of larger individuals may impact the 

performance of ecological functions in a recreational fishery.  

Both species are vulnerable to a wide range of chemical stressors. As arthropods, they are 

susceptible to insecticides, and neurologically acting chemicals in particular, which can have direct 

effects on their individual fitness and feeding activity (Maltby et al., 1994; Agatz et al., 2014), 

impacting their reproduction, growth, and survival. Chemicals can also disrupt the assimilation of 

energy through chemical action (Lebrun and Gismondi, 2020; Campos et al., 2014, Bhavan et al., 
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2011, Li et al., 2020) or physical blockage (López-Doval et al., 2017), both affecting growth and 

survival but not necessarily feeding activity (Seyoum et al., 2021). Additionally, due to their reliance 

on microbial-conditioned leaf litter as a primary food source (Bärlocher et al., 1979), these 

shredders may also be indirectly impacted by chemical induced alterations in the quantity or quality 

of conditioned leaf litter (Jumars and Wheatcroft, 1989; Andersen and Cummins, 1979; Andersen 

et al., 2007). Gammarus and Asellus are particularly sensitive to changes in the microbial 

composition of conditioned leaf litter (Graca et al., 1994; Bloor et al., 2011). Certain chemicals, such 

as fungicides and antibiotics, can impact this interaction by altering the microbial composition of 

conditioned leaf litter, thereby affecting its nutritional quality and palatability for detritivores 

(Dimitrov et al., 2014; Zubrod et al., 2011; Zubrod et al., 2014; Bundschuh et al., 2017; Konschak et 

al., 2020). Such changes in food quality and availability can adversely affect growth, maturity, and 

reproduction (McCaffery, 1975; Congdon et al., 2009).  

Although reductions in feeding activity, assimilation efficiency, food quality, and quantity may 

manifest similarly at the individual level (e.g., reduced growth and reproduction), differences in 

food consumption and competition can lead to different population-level outcomes through the 

consumer-resource relationship. An ecosystem services approach to ecological risk assessment 

seeks to protect the provision of ecosystem services by safeguarding the ecological functions and 

processes performed by populations of species (Maltby, 2013). However, current assessments often 

focus primarily on individual effects (Forbes et al., 2008), neglecting important population-level 

processes, like intraspecific competition for resources, which can significantly alter individual 

responses to chemical exposure (Fleeger et al., 2003; Knillman et al., 2012; Vaugeois et al., 2020; 

Allen et al., 2021). Therefore, focussing on individual level impacts may not provide a clear link to 

chemical induced changes in the ecological attributes that drive the performance of functions and 

processes, upon which the delivery for ecosystem services rely.  

Therefore, the overarching aim of this chapter is to assess how different impact pathways affect 

the energy uptake by individuals, through the consumer resource relationship, and how these 

impacts influence ecological functions performed by populations of two freshwater shredder 

species, Asellus aquaticus and Gammarus pulex. Specifically, it focuses on their roles in leaf 

processing and prey provision, which are critical for the delivery of ecosystem services of a 

recreational fishery.  

Individual based Dynamic Energy Budget Models (DEB IBMs) for Gammarus pulex and Asellus 

aquaticus will be used to simulate population-level responses to different pathways of impact; 
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direct impacts of chemicals stress on consumers (i.e. reduced feeding rates and assimilation 

efficiency) and direct impacts on resources, including declines in food quality and availability (Table 

4.1). The study will compare how these impacts translate to population abundance, leaf litter 

processing, and prey provision for fish, assessing the maximum deviation from the baseline, the 

duration of effect and the cumulative impact of the population level endpoints and ecological 

functions. Additionally, it will compare the relative sensitivity of population-level responses to 

direct and indirect effects on energy uptake between the two species.  

It is expected that population level responses will differ between pathways of impact (1). It is 

expected that prey provision, defined as the biomass of the adult portion of the population, will 

decline across all pathways. This decrease is attributed to reduced growth rates stemming from 

diminished food assimilation (2). While reductions in feeding activity and food availability will result 

in the greatest reductions in leaf processing due to the direct effect on individual consumption (3). 

In contrast, reductions in assimilation efficiency and food quality, assuming there is no feedback 

between energy assimilation and feeding rate, will have a lesser impact on leaf processing since 

they do not directly affect consumption (4) (Figure 4.1). 

The chapter therefore addresses the following research questions:  

• How do different pathways of impact on energy uptake by individuals translate to 

population level responses by populations of the freshwater shredder species Asellus 

aquaticus and Gammarus pulex? 

• How do different pathways of impact on energy uptake by individuals translate to 

performance of ecological functions, specifically leaf processing and prey provision, by the 

two populations? 

• What is the relative sensitivity of population-level responses to these pathways of impact 

between the two shredder species, Gammarus pulex and Asellus aquaticus? 
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Figure 4.1: Hypothesised impact on the ecological functions, prey provision, and leaf processing, 
for four pathways of impact studied 
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4.2 Methods 

4.2.1 Overall Approach 

In this chapter, DEB IBMs for Gammarus pulex and Asellus aquaticus, established in Chapter 3, were 

used to simulate impacts on consumer and resource and subsequent impact on the energy uptake 

by individuals, and to assess their effects on the performance of ecological functions by 

populations. The models are described using the ODD protocol (Overview, Design, Concepts, 

Details; Grimm et al., 2006). State variables & scales, process overview, and scheduling are 

described in Chapter 3. 

4.2.2 Design concepts 

Basic principles: The model is based on the basic principles of Dynamic Energy Budget theory 

(Kooijman, 2010), which posits that resource uptake by individuals scales with their surface area, 

while energy allocation scales with their volume. The theory is based on conservation of mass and 

energy. Space is not modelled explicitly, but species populations are assumed to exist on a patch 

of one square meter with move movement of individuals between or within patches. 

Emergence: Individual life-history traits, such as growth, maturation time, and reproductive effort, 

emerge from rules of metabolic organisation. Population dynamics emerge from indirect 

interactions between individuals via competition for resources and the presence of a hypothetical 

toxicant. 

Interaction: Individuals in the model interact with each other indirectly through resource 

competition. Population growth is constrained by the amount of resource in the system (carrying 

capacity); when population densities exceed the available resource, modelled individuals 

experience starvation mortality. The amount of resource in the model never reaches zero. Density 

dependence in the model emerges from modelled indirect interactions. Embryos in broods are 

explicitly linked to females, resulting in embryo mortality when females die due to starvation or 

background mortality. 

Stochasticity: Species specific background mortality is implemented as a stochastic process that 

occurs daily. Furthermore, as DEB parameters are constants, a scatter multiplier is added to the 

surface area-specific ingestion rate to implement a measure of variation between individuals. The 

scatter multiplier is a random number pulled from a log-normal distribution (Kooijman et al., 1989; 

Martin et al., 2013) with a standard deviation of 0.1. 
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Initialisation: DEB parameters for Asellus aquaticus and Gammarus pulex were obtained from the 

add my pet database. An initial 500 individuals were simulated for 20 years at constant temperature 

(20◦C) and baseline food availability (400 mg per m2) with 100 replicates. The first 10 years were 

‘burned’ with the aim of removing any remaining impact of the initial conditions, focussing on the 

model behaviour after it has stabilised. 

Observation: The primary endpoints of interest were population abundance, cumulative 

population consumption (indicative of leaf processing) over time, and adult biomass. Adult 

biomass reflects prey provision and is representative—though not directly related to—the 

selectivity of Gammarus and Asellus by predatory fish species particularly those important for 

recreational fisheries, targeting specifically larger individuals. Additionally, cumulative population 

mortality and reproduction, and the amount of resource in the system were recorded. Simulation 

outputs were reported every thirty days, beginning on day 10 of the stress period and running for 

10 years. 

4.2.2.1 Simulation Scenarios 

This study investigates four different pathways of impact on the consumer resource system. Since, 

within this model, reductions in digestion efficiency of the consumer and the nutritional quality of 

the resource are equivalent to a reduction in the amount of energy gained per unit of resource 

consumed, they are simulated via the same method and referred to from here as assimilation 

efficiency. Therefore, the population responses to three effect scenarios were simulations: 1) 

reductions in consumer feeding rate; 2) reductions in consumer assimilation efficiency; 3) reduction 

in resource availability. Hypothetical chemical stress is simulated by applying a relative reduction 

to the respective parameters from 10 to 100%.  

For clarity, the term "stress" refers to the period during which the hypothetical stressor affects 

individual-level consumer-resource interactions, while "response" describes the population-level 

impacts of stress on either the consumer or the resource. The stress period begins after an initial 

10-year period and continues for an additional 10 years. Throughout the simulation, the stress is 

assumed to be constant across all impact pathways, with no mechanism for damage accumulation 

at the individual level. 

Individual uptake and assimilation of energy 

In all models, the amount of energy assimilated by each individual, 𝑃𝑃𝐴𝐴 , in each timestep is 

calculated using the following equations: 
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𝑃𝑃𝐴𝐴 = 𝑃𝑃𝑥𝑥 ∙ 𝑘𝑘𝑘𝑘𝑘𝑘𝑥𝑥 

Equation 4.1 

Where 𝑃𝑃𝑥𝑥 [J], the amount of food ingested, is multiplied by, 𝑘𝑘𝑘𝑘𝑘𝑘𝑥𝑥, the digestion efficiency. Where 

𝑃𝑃𝑥𝑥 is: 

𝑃𝑃𝑥𝑥 = 𝑃𝑃𝑋𝑋𝑋𝑋 ∙  𝐿𝐿2 ∙ 𝑓𝑓 

Equation 4.2 

Where 𝑃𝑃𝑋𝑋𝑋𝑋 is the surface-area-specific ingestion rate in [J/cm2 ·d]., L is the structural length of the 

individual in cm, and f (-) is the scaled amount of food ingested based on the scaled functional 

response (Holling type II): 

𝑓𝑓 =  
𝑋𝑋

𝑋𝑋 + 𝐾𝐾
 

Equation 4.3 

Here, 𝑋𝑋 is food density (J / m2) and K is the individual half saturation constant: 

𝐾𝐾 =  
𝑃𝑃𝑋𝑋𝑋𝑋
𝐹𝐹𝐹𝐹

 

Equation 4.4 

Where 𝐹𝐹𝐹𝐹 is the maximum surface area specific searching rate [J/cm2 ·d]. This parameter obtained 

from the DEB parameter calibration and is available for each species from the AddMyPet database 

(Kooijman, 2010).  

4.2.2.2 Direct effects on consumers 

Reduction in individual feeding rate 

To simulate changes in feeding behaviour, stress was applied to the surface-area-specific ingestion 

rate of the individual (𝑝𝑝𝑋𝑋𝑋𝑋 ):  

𝑝𝑝𝑋𝑋𝑋𝑋𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠 = 𝑝𝑝𝑋𝑋𝑋𝑋 ∙ (1 − 𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠) 

Equation 4.5 

This is then used in Eqns 4.1 and 4.3. Resulting in a reduction in the total amount of food ingested 

and subsequently assimilated. From here on, changes in the individual feeding behaviour refer to 

change in the feeding rate of an individual and changes in the total amount of energy consumed 

by and individual – referring to the fact that the feeding rate of individuals remains the same but 

the consumption by individuals is length dependent (Eqn 4.2). 
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Reductions in individual digestion efficiency  

Change in both digestion efficiency and nutritional quality of the food can be simulated by 

changing the assimilation efficiency of individuals (DEB notation: 𝑘𝑘𝑘𝑘𝑘𝑘𝑥𝑥). Assimilation efficiency 

represents the proportion of ingested energy that is ultimately assimilated. This can be modelled 

under stress conditions using the following equation: 

𝑘𝑘𝑘𝑘𝑘𝑘𝑥𝑥𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠 = 𝑘𝑘𝑘𝑘𝑘𝑘𝑥𝑥 ∙ (1− 𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠) 

Equation 4.6 

4.2.2.3 Direct effects on the Resource 

Reductions in food availability  

The change resource in each timestep is calculated by the following equation: 

𝑑𝑑𝑑𝑑𝑑𝑑𝑑𝑑𝑑𝑑𝑑𝑑𝑑𝑑𝑑𝑑𝑑𝑑
𝑑𝑑𝑑𝑑

= 𝑟𝑟 ∙ (𝑟𝑟𝑟𝑟𝑟𝑟𝑟𝑟𝑟𝑟𝑟𝑟𝑟𝑟𝑟𝑟𝑟𝑟 − 𝑟𝑟𝑟𝑟𝑟𝑟𝑟𝑟𝑟𝑟𝑟𝑟𝑟𝑟𝑟𝑟) 

Equation 4.7 

For shredders, changes in resource availability are representative of effects on the availability of 

the preferred resource of shredders. The carrying capacity (resourceK) of the resource was reduced 

simulated a change in the availability of preferred resource. 

Reduction in the food quality.  

Changes in the nutritional quality of food result in a reduced amount of energy assimilation from 

per unit of food ingested. Therefore, to simulate reduction in food quality, the assimilation 

efficiency was reduced (Equation 4.6). 

4.2.3 Analysis of model outputs 

Population outputs (described section 4.2.2) are reported every 30 days for 10 years, with the first 

reported timestep 10 days after the start of the stress period. To capture the variation across the 

100 replicate simulations and establish the baseline situation from which to calculate deviation in 

the treated population, the median, 5th, and 95th percentile values of population level endpoints 

across the 100 replicates were reported in each time step (Figure 4.2).  

The threshold of population collapse was the percentage of surviving populations of the 100 

replicates. For the population abundance, prey biomass and leaf consumption, the magnitude, 

duration, and the cumulative impact was compared between effect scenarios. For the magnitude 

of effect for population abundance and leaf processing, the maximum deviation of the median 
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abundance of the stressed population from the 5th percentile of the baseline population was 

calculated (c in Figure 4.2) and then plotted against each effect level for each effect scenario. Prey 

biomass exhibited different dynamics compared to population abundance and measurement of 

effect was affected by temporal asynchrony. Therefore, the magnitude of impact was assessed 

instead using the change in mean prey biomass across replicates between treatments rather than 

the maximum deviation from the 5th percentile of the baseline (A more detailed explanation is 

provided in Appendix 4.1). The duration of impact was defined as the percentage of reported 

timepoints where the median abundance fell below the 5th percentile of the baseline scenario (d in 

Figure 4.2). To assess the both the magnitude and duration of impact, the cumulative impact was 

calculated, summing the difference between the median and the 5th percentile of the baseline for 

all reported timesteps (e in Figure 4.2). Differences in the median cumulative population mortality 

and reproduction across replicates, and the median resource across time were also calculated as 

explanatory variables. The median cumulative population mortality was compared between 

treatments within the first 70 days. Cumulative reproduction and leaf processing was compared 

after 1 year of the stress period.  

Figure 4.2: Definition of the baseline situation (where the effect level is 0%) using the 5 – 
95th percentile values of the 100 replicates of the baseline scenario. The metrics of impact 
are the maximum deviation of the median of the stressed population from the 5th percentile 
of the baseline (c), Duration of response (d), and the cumulative impact (e: the shaded area 
under the 5th percentile of the baseline). 
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4.3 Results 

4.3.1 Population level response 

Simulated chemical stress resulted in a reduction in the median population abundance of both 

Asellus and Gammarus. However, the magnitude, duration, and cumulative impact of the 

population response was dependent on the pathway of impact (Figure 4.3). Population abundance 

was most responsive to reductions in food availability or assimilation efficiency with a 20% effect 

resulting in deviation from the 5th percentile of the baseline. A 20% reduction in assimilation 

efficiency resulted in a maximum deviation of population abundance of -17% and -6% for Asellus 

and Gammarus, respectively (Figure 4.3A). For the same level of effect, the median population 

abundance fell below the bounds of the baseline for 16.3% and 4.1% of the duration of the 

experiment period, for Asellus and Gammarus respectively (Figure 4.3B). Reductions in food 

availability had a comparable response (Figure 4.3). At a 20% reduction in food availability, the 

median population abundance for Asellus fell 21% below the 5th percentile of the baseline, while 

for Gammarus population abundance fell below the baseline with a 30% reduction in food 

availability by 14%. Here, the duration of the response is also comparable to reductions in 

assimilation efficiency with a 20% reduction in food availability resulting in deviation from the 

bounds of the baseline for 16.5% of the experiment time for Asellus and for 20.3% of the 

experiment period for Gammarus with a 30% reduction in food availability. Reductions in 

assimilation efficiency and food availability had comparable cumulative impact over the 10-year 

stress period on population abundance, with assimilation efficiency having a greater cumulative on 

Asellus populations than Gammarus up to the 50% effect level, -44% compared to -26%, beyond 

which impacts on Gammarus were greater, with a 60% reduction in assimilation efficiency resulting 

in -61% cumulative impact compared to -81% for Gammarus. At the 50% effect level, however, 

reductions in assimilation efficiency for both species resulted in around a 50% deviation of the 

median population abundance from the 5th percentile of the baseline. The median population 
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abundance remained outside the baseline for nearly the entire experiment duration at the 50% 

effect level for Asellus and the 60% effect level for Gammarus. 

Figure 4.3: The impact of three effect scenarios—Feeding Rate (red), Assimilation (green), and 
Food Availability (blue)—on Asellus and Gammarus population abundance, evaluated across 
three metrics: (A) Magnitude (Maximum Deviation Relative to the Baseline), (B) Duration 
(percentage time outside the bounds of the Baseline), and (C) Cumulative Impact (percentage 
cumulative impact). Each subplot shows the relationship between effect level (%) and the 
respective impact metric for both species.  
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Median population abundance was more resistant to reductions in individual feeding rates than 

the other effect scenarios. With the median population abundance, not until a 60% reduction in 

feeding rate was required to cause the median population abundance of both species to fall below 

the 5th percentile of the baseline (Figure 4.3.A). When looking at the cumulative impact, results 

follow similar patterns to the magnitude and time under the curve, however, reductions in feeding 

rates do not result in deviation from the baseline by more than 10% until the 70% effect level for 

both species (Figure 4.3.C).  

Reductions in food availability were most resistant in terms of total population collapse (Table 4.1). 

A 70%-80% reduction in assimilation efficiency or feeding rate resulted in all 100 simulated 

populations becoming extinct for both species.  In contrast some populations persisted with a 90% 

reduction in food availability and total collapse was only observed at the 100% effect level (i.e. no 

food). Specifically, populations began to collapse at the 60% and 70% effect levels for Asellus and 

Gammarus respectively. Even with a 90% reduction in food availability, populations persisted, 

though their abundances were reduced to just 5% of the 5th percentile of the baseline (i.e. 95% 

deviation from the baseline).  

Table 4.1: The percentage of collapsed populations at the end of the 10-year stress period for 
Gammarus and Asellus within each effect scenario (100 replicate simulations) 

 Assimilation 
Efficiency Feeding Rate Food Availability 

Effect Level 
[%] Asellus Gammarus Asellus Gammarus Asellus Gammarus 

0 0 0 0 0 0 0 
10 0 0 0 0 0 0 
20 0 0 0 0 0 0 
30 0 0 0 0 0 0 
40 0 0 0 0 0 0 
50 0 0 0 0 0 0 
60 0 31 0 1 9 0 
70 64 100 0 100 55 18 
80 100 100 100 100 83 83 
90 100 100 100 100 95 91 

100 100 100 100 100 100 100 
 

Median cumulative mortality differed between effect scenarios. In the first 40 days of the stress 

period, median cumulative mortality increased with increasing effect level for reductions in food 

availability and assimilation efficiency from the 40% effect level, doubling that of that of the 

baseline increasing by 123% for Asellus and 20% for Gammarus (Figure 4.4). Reductions in feeding 
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rates had no impact on the median cumulative population mortality for both species until the 70% 

effect level, increasing by 104% for Asellus and over 200% for Gammarus.   

Cumulative population reproduction followed the same pattern to mortality, decreasing with 

increase effect level for all effect (Figure 4.5). The reduction in median cumulative population 

reproduction was greatest for reductions in assimilation efficiency and food availability. For 

Gammarus, median cumulative population reproduction fell almost linearly with increasing effect 

level up to the 60% effect level, beyond which reduction in assimilation efficiency had a greater 

impact on reproduction (-78% compared to -65%) (Figure 4.5).  In contrast, for Asellus, reductions 

in assimilation efficiency had the greatest impacts on population reproduction up to the 50% effect 

level, beyond which, impacts on food availability and assimilation efficiency were similar. 

Reductions in feeding rates had little impact on the cumulative population reproduction, 

particularly for Gammarus, For Asellus, cumulative reproduction fell by -23% compared to the 

baseline at the 50% effect level (Figure 4.5), beyond which populations began to collapse (Table 

4.1).   

With regard to the resource, the median amount of resource in the system increased with 

increasing effect level for reductions in feeding rates and assimilation efficiency, most significantly 

beyond the 50% effect level, reaching the carrying capacity of 400 mg at the collapse thresholds 

for both species (Figure 4.6). In contrast, the amount of resource in the system remained constant 

despite reductions in food availability, corresponding with a reduction in consumption rates.  
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Figure 4.5: Median cumulative reproduction relative to the Median of the baseline for 
populations G.pulex  and A.aquaticus for three effect scenarios—Feeding Rate (red), 
Assimilation (green), and Food Availability (blue) 

 

Figure 4.4:  Median cumulative mortality relative to the Median of the baseline for 
populations G.pulex  and A.aquaticus for three effect scenarios—Feeding Rate (red), 
Assimilation (green), and Food Availability (blue) —within 40 days of the start of the 
stress period.  
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Figure 4.6: Median amount of resource in the experiment system over 10 year simulation period 
for populations Gammarus pulex  and Asellus aquaticus with increasing effect level for three 
effect scenarios—Feeding Rate (red), Assimilation (green), and Food Availability (blue). 
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4.3.2 Ecological functions 

4.3.2.1 Prey provision. 

Similar to population abundance, prey provision (i.e., adult biomass) was most responsive to 

reductions in food availability and assimilation efficiency (Figure 4.7) with just a 10% reduction in 

food availability or assimilation efficiency results in a reduction in the prey biomass by at least 10%. 

(Figure 4.7A). The time outside the bounds of the baseline followed similar patterns for both food 

availability and assimilation efficiency until the 60% effect level for Asellus and the 50% effect level 

for Gammarus, after which the responses deviated from each other (Figure 4.6B). The duration of 

response increased with increasing stress for both species with notable declines from the 20% 

effect level for Asellus and the 30% effect level for Gammarus. For Asellus, both reductions in food 

availability and assimilation efficiency result in a sharp increase in response duration followed by a 

plateau at 56 and 61% between the 40 and 60% effect levels. While for Gammarus the increase in 

response duration is steady, falling to 65 and 68% for a 50% reduction in food availability and 

assimilation efficiency, respectively. The cumulative impacts were similar for food availability and 

assimilation efficiency for Asellus but reductions in assimilation efficiency had a greater cumulative 

impact on Gammarus populations from the 50% effect level where reduction in assimilation 

efficiency had a greater impact than other effect scenarios. For Gammarus, both effects scenarios 

resulted in very similar responses until the 60% effect level where a reduction in assimilation 

efficiency both species resulted in a greater magnitude of impact, -95% of the baseline compared 

to -75% of the baseline for food availability. 

Prey provision was less responsive to reduction in feeding rates than the other pathways of impact 

studied, although differed between the two species (Figure 4.7A).  Asellus showed a slight increase 

(up to 5%) at 10–40% reductions, followed by a moderate decline (-15% at 70% effect level). 

Gammarus biomass remained stable until a threshold at 50% reduction, after which it sharply 

declined (71% decrease at 60% effect level). However, the duration of impact was less than 10% of 

the experiment duration (i.e. 2 years in total across the 20-year simulation) until the 60% effect 

level, where the maximum deviation was -26% and the duration was 27% of the experiment time. 

Prey provision by Gammarus did not deviate from the bounds of the baseline until the 60% effect 

level, where the maximum deviation was -82%, and the response duration was >75% of the 

experiment time. When looking at the cumulative impact, the impacts were similar for both species 

up to the 50% effect level beyond which reductions in feeding rates had a greater impact on 

Gammarus populations with the cumulative impact 50% below the baseline at the 60% effect level 
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and -94% at the 70% effect level. Whereas for Asellus the cumulative impact was only -7% and the 

60% effect level and -35% at the 70% effect level with the population collapsing at beyond the 80% 

effect level.  

Figure 4.7: The impact of three effect scenarios—Feeding Rate (red), Assimilation (green), and 
Food Availability (blue)—on Asellus and Gammarus Prey Provision (Adult Biomass), evaluated 
across three metrics: (A) Magnitude (Deviation in the mean prey biomass relative to the baseline), 
(B) Duration (percentage time outside the bounds of the baseline), and (C) Cumulative Impact 
(percentage cumulative reduction in prey provision). Each subplot shows the relationship 
between effect level (%) and the respective impact metric for both species.  
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4.3.2.2 Leaf Processing. 

For both species, negative impacts on leaf processing (i.e. total amount of resource consumed) 

were observed for all effect scenarios from the 10% effect level (Figure 4.7). However, in contrast 

to the findings for population abundance and prey provision, the effect of reductions in food 

availability and assimilation efficiency on leaf processing were markedly different. Reductions in 

food availability had the greatest impact on leaf processing rates with almost a linear decrease in 

the magnitude of impact on leaf processing with increasing effect level (Figure 4.7.A). Impacts on 

leaf processing caused by a reduction in food availability were also long lasting, deviating from the 

baseline close to 100% of the simulation time from the 10% effect level (Figure 4.7.B). Reductions 

in feeding rates and assimilation efficiency had little impact on leaf processing until the 50% effect 

level, where leaf processing most greatly impacted by reductions in feeding rates, falling to -18% 

for Asellus and -27% for Gammarus, while with reduction in assimilation efficiency leaf processing 

fell to only -12%. Reductions in both feeding rates and assimilation efficiency had little impact (less 

than -20%) on the cumulative leaf processing for both species until the 50% effect level for both 

species (Figure 4.7.C), beyond which, reductions in assimilation efficiency had the greatest impact 

on leaf processing, particularly for Asellus. This corresponds with a reduction in population 

abundance and increase in mortality (Figure 4.3B).  
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Figure 4.8: The impact of three effect scenarios—Feeding Rate (red), Assimilation (green), and 
Food Availability (blue)—on Asellus and Gammarus Leaf Processing (Cumulative Consumption), 
evaluated across three metrics: (A) Magnitude (maximum deviation relative to the baseline), (B) 
Duration (percentage time outside the bounds of the baseline), and (C) Cumulative Impact 
(percentage cumulative impact). Each subplot shows the relationship between effect level (%) 
and the respective impact metric for both species.  
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4.4 Discussion  

The aim of this chapter was to use single-species, individual-based Dynamic energy budget (DEB) 

populations models to explore how chemical effects on consumer-resource interactions translate 

to consumer population level effects and influence key ecological functions of leaf processing and 

provision of food for fish. The study focussed on two freshwater shredder species, Gammarus pulex 

and Asellus aquaticus, and effects of chemical stress on consumers (reduced feeding rates and 

assimilation efficiency) and resource (food quality and availability) were investigated. Within the 

DEB models, reductions in food quality and assimilation efficiency were modelled in the same way 

and therefore it is not possible to distinguish between them. It was predicted that stress effect on 

the consumer and resource would result in a reduction in prey provision, but leaf processing would 

be principally affected by a reduction in feeding rate and food availability.  

4.4.1 Population level impacts 

Population responses varied across the impact pathways studied, as demonstrated by Gabsi et al. 

(2014) and Galic et al. (2017). Both studies employed individual-based models of differing 

complexity to evaluate population-level effects of various consumer impact pathways. In this 

chapter, both species populations were highly responsive to and similarly impacted by effects on 

the resource (food availability) and the consumer (assimilation efficiency), although the 

mechanisms differ. When food availability decreases, resources become externally limited, 

preventing individuals from meeting their energy demands and leading to higher rates of 

starvation mortality. This pattern aligns with the Lotka-Volterra consumer-resource model (Lotka, 

1925; Volterra, 1926; Tilman, 1982), which predicts that as prey (resources) become scarce, predator 

populations decline due to insufficient food. These concepts are also supported by field 

observations of animal population densities in relation to primary production (Whittaker, 1975). 

However, low assimilation efficiency increases energy demands without a corresponding increase 

in food intake, forcing individuals to consume more to maintain metabolic processes. This leads to 

starvation when resources are insufficient to meet these heightened demands, particularly in 

nutrient-limited environments (Hessen et al., 2013). Furthermore, metabolic constraints, such as 

poor resource quality, which result in reduced assimilation efficiency, are associated with reduced 

growth and reproduction in individuals (Becker and Boersma, 2003). Here, this further exacerbates 

population declines beyond that of mortality alone. Consequently, in this context, the cumulative 

impact on population abundance was more strongly associated with assimilation efficiency than 

with food availability, particularly at higher effects levels. 
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Population abundance decreased almost linearly with a reduction in food availability. This agrees 

with previous field studies showing a positive correlation between shredder density and leaf litter 

availability (Cummins et al., 1973; Murphy and Giller, 2000). However, reductions in individual 

assimilation efficiency also had greater negative impacts on population abundance. While 

invertebrate feeding rates and leaf mass loss of Gammarus and Asellus have been observed to 

decrease when offered conditioned leaf litter exposed to antimicrobial compounds (Dimitrov et al., 

2014; Feckler et al., 2016), few population studies have been conducted focussing on effects on 

species abundance with chemical impacts on the resource availability (Zubrod et al., 2019). In the 

field, long term fungicide exposure in streams is associated with reductions in macroinvertebrate 

communities (Lin et al., 2012; Fernández et al., 2015), particularly in colder climates where fungal 

growth rates are lower (van der Linden et al., 2019). While in mesocosm studies, fungicide exposure 

resulted in declines in gammarid density associated with loss of fungal biomass (Zubrod et al., 

2014). There, the abundance of gammarids fell by less than 50% after 56 days, which was less 

pronounced than the population declines recorded in the current modelling study. However, this 

discrepancy is likely due to the lack of dose-dependent decreases in resource quality and 

differences in the level of intraspecific competition in the experimental system (del Arco et al., 

2016). However, results from this modelling study are only one fixed scenario whereas, in natural 

environments, the impact of chemical stress on the availability and quality of leaf litter may vary 

between sites due to differences in nutrient availability and other environmental factors 

(Rasmussen et al., 2018). 

Similar patterns were observed for reductions in assimilation efficiency, having immediate and 

severe impacts, with population abundance declining linearly as effect levels increase. Although 

empirical studies on population-level effects are limited, it is well-documented that such reductions 

seldom occur in isolation and frequently affect both microbial communities and the digestive 

enzymes of consumers (Dedourge-Geffard et al., 2009). Chemicals like fungicides and 

contaminants with fungicidal properties (e.g., copper) can impair both microbial communities and 

consumer digestion (Dedourge-Geffard et al., 2009; Zubrod et al., 2015). Additionally, decreased 

nutritional quality or digestion efficiency can lead to increased competition for limited resources, 

further exacerbating negative impacts on population abundance. Consequently, understanding 

these impacts is critical for chemical risk assessment. 

In contrast, populations exhibited the greatest resistance to reductions in individual feeding rates, 

as observed in modelling studies by Gabsi et al. (2014) and Galic et al. (2017) using a Daphnia IBM 
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and Gammarus DEB IBM, respectively. This resilience can likely be attributed to stressor-induced 

competitive release: whereby, in a population at carrying capacity, exposure to a chemical stressor 

that impairs population growth can reduce intraspecific competition for resources (Forbes et al., 

2001).  The reduction in competition can mitigate chemical induced mortality over time, supporting 

population resistance by offsetting declines in abundance (Postma et al., 1994; Forbes et al., 2001; 

Liess, 2002; Beketov and Liess, 2005). However, once a critical threshold is surpassed, population 

decline becomes inevitable. In this study, population abundance remained stable until feeding 

rates were reduced by 60% for Gammarus and 50% for Asellus, with population collapse occurring 

at 80% and 70% reduction levels, respectively. Thresholds of collapse differ between models. Where 

Gabsi et al. (2014), a Daphnia IBM, reported a 90% threshold of collapse for Daphnia feeding rates, 

and Galic et al. (2017), whose model underpins this study, showed that an 80% reduction in 

Gammarus pseudolimnaeus feeding led to population collapse. This is likely due to differences in 

the description of the individual, i.e. differences in individual energy budget parameters 

highlighting how modelled processes can influence tolerance to reduced energy intake. Although 

population-level data on Asellus responses to chemical stress or feeding inhibition are limited, 

similar patterns have been observed in Gammarus. Baird et al. (2007), for instance, identified a 

critical threshold of a 50% reduction in feeding rates as a precursor to population collapse in 

Gammarus pulex using a dynamic energy budget model. With regard to the relevance of the 

finding to impacts in the field, Baird et al. (2007) reported that a 50% reduction in Gammarus 

feeding during short-term in situ assays conducted downstream of pollution discharge sites was 

linked to a substantial decline in Gammarus populations at these sites compared to reference sites 

located upstream. Suggesting that DEB IBMs may be able to indicate biologically relevant 

population level impacts of reductions in Gammarus sp. feeding.  The discrepancies between these 

results and those of Baird et al. (2007) may stem from system-level factors, such as interspecific 

competition for resources, which can increase the sensitivity of the more sensitive species (Lüring 

and Roessink, 2006; del Arco et al., 2016a). This will be explored further in Chapter 5. They may also 

emerge from differences in model assumptions such as temperature and baseline food availability, 

given that field organisms are already food limited compared to those grown in the laboratory 

(Romero-Blanco and Alonso, 2022) (i.e. those often used to calibrate DEB parameters) 

Furthermore, it is important to note that the model used in this study is a closed model with only 

one type of resource available. In natural environments, Gammarus and Asellus do not rely 

exclusively on leaf litter; thus, a reduction in the availability of one energy source may be mitigated 
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through "prey switching." When their preferred food source is scarce, they may turn to alternative 

nutritional sources, which could support population sustainability. For example, Gammarus also 

feed on unconditioned matter (Bloor et al., 2011) and are known to exhibit cannibalistic (Dick, 1995) 

and predatory behaviour (Kelly et al., 2002), while Asellus consume algae and macrophyte matter 

(Lafuente et al., 2021).  Consequently, the results presented here may reflect a worst-case scenario 

of chemical impact on the food availability for shredder populations, assuming no other food 

sources are available. Nonetheless these results highlight the significance of this impact pathway 

as a potential risk factor, where effects on resource availability could influence consumer dynamics 

(Fleeger, 2020). 

4.4.2 Impacts on Ecological functions 

4.4.2.1 Prey Provision 

It was expected that prey provision, defined as the biomass of the adult portion of the population, 

would decrease with reductions in all pathways due to reductions in growth from decreased food 

assimilation. As with changes in population abundance, prey provision was differentially impacted 

by the pathways of impact, with prey provision most greatly impacted by reductions in food 

availability and assimilation efficiency, and somewhat resistant to reductions in feeding rates. 

However, prey provision was more sensitive to all impact scenarios than population abundance, 

particularly for Asellus. This is due to scheduling of the DEB model where energy for growth and 

maintenance is prioritised over maturity and reproduction (Chapter 3). Reductions in individual 

energy intake primarily impact reproduction, resulting in a lack of recruitment and thus a reduction 

in the adult population (Barnett et al., 2017).  

The maximum deviation in median prey provision decreased almost linearly with increasing 

reductions in food availability and assimilation efficiency. Both Gammarus and Asellus species serve 

as important prey for various game and coarse fish, including trout, perch, bullheads, and stone 

loach (Rask and Hiisivuori, 1985; Copp et al., 2005), as well as smaller fish and invertebrate predators 

(Har and Gill, 1992). Gut content studies reveal perch tend to prefer asellids (Dahl, 1998; Enefalk et 

al., 2019), while trout favour gammarids (Newman and Waters, 1984; Andersen et al., 2016; Dodrill 

et al., 2021), though these preferences depend on prey availability in their environments (Newman 

and Waters, 1984; Keeley and Grant, 1997). Additionally, salmonid biomass is strongly correlated 

with drifting invertebrate biomass (Wilzbach et al., 1986; Romaniszyn et al., 2007). While the 

elimination of large-bodied invertebrates from Lake Erie, USA, between 1960 and 1980 due to 
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pollution-induced anoxic events, led to food limitations and subsequent declines in yellow perch 

growth and abundance (Tyson and Knight, 2001). Therefore, chemical-induced reductions in food 

availability and assimilation efficiency could directly reduce fish populations that rely on these 

invertebrates as prey. 

Differences between pathways were less pronounced when considering the cumulative impact on 

populations, particularly for Gammarus. This is attributed to an initial sharp increase in mortality 

due to reductions in food availability and assimilation efficiency, causing a significant deviation 

from the baseline. However, populations tend to recoverter this event, reaching a new equilibrium. 

In contrast, reductions in feeding rates result in a gradual decline over time, primarily driven by 

long-term reductions in reproduction. Assessing cumulative impact (i.e., area under the curve) 

rather than maximum deviation from the control, provides a more relevant measure of chemical 

impacts on invertebrate populations and the provision of food for fish. This approach better 

captures the long-term effects on prey availability, which is critical for understanding sustained 

impacts on fish growth, survival, and reproduction. Additionally, cumulative impact analysis can 

detect subtle but persistent reductions in prey availability that may be overlooked when focusing 

only on the maximum deviation.  

Furthermore, for direct impacts on the consumer, the model assumes consistent stress across the 

population, but sensitivity to stress varies among individuals, often depending on life stage size 

(Adam et al., 2010; Gergs et al., 2014a). Brooding females, for example, may be more sensitive to 

chemical stress (Maltby and Naylor, 1990). While size-dependent sensitivity differences can be 

applied generically, a more accurate approach would involve using a DEB-tox model. This model 

integrates individual toxicokinetic and toxicodynamic processes, adjusted for size (Gergs et al., 

2016), and incorporates starvation stress (Gergs et al., 2021). Such an approach may effectively 

simulate the population-level consequences of size-related sensitivity differences and may result 

in greater impacts on population structure for direct impacts on the consumer.  

4.4.2.2 Leaf Processing 

It was expected that reductions in feeding activity and food availability would result in the greatest 

reductions in leaf processing due to the direct effect on individual consumption. While in contrast, 

reductions in assimilation efficiency would have a lesser impact on leaf processing since they do 

not directly affect consumption. In contrast to the effects of population abundance and prey 

provision, food availability had the strongest impact on leaf processing rates, with rates declining 
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almost linearly as food availability decreased. Notably, leaf consumption remained relatively 

resilient to reductions in feeding rates, particularly in Gammarus populations. Leaf processing was 

less affected by reductions in assimilation efficiency, following similar patterns to reductions in 

feeding rates. While this was not expected, this can be explained by the fact that consumption is 

not directly impacted by reductions in assimilation efficiency, but growth instead. This indicates 

that populations could compensate for decreased feeding rates, likely due to competitive release 

(Beketov and Liess, 2009), which led to a more even distribution of resources among individuals. 

This contrasts with findings from other studies, which primarily focus on individual responses rather 

than population-level effects. Population studies generally support the idea that changes in 

abundance and community structure lead to population and community collapse (Baird et al., 2007; 

Maltby et al., 2005), with less pronounced effects on abundance. 

This study found that leaf processing by both Gammarus and Asellus was the most responsive and 

impacted endpoint compared to population abundance and prey provision. Macroinvertebrates 

play a disproportionate role in the decomposition of leaf litter (Hieber and Gessner, 2002; Carlilse 

and Clements, 2005), therefore changes in macroinvertebrate populations and communities will 

disproportionately affect leaf processing rates (Schafer et al., 2012; Flores et al., 2014). These 

findings support the use of invertebrate-driven leaf loss as an indicator of chemical stress (Gessner 

and Chauvet, 2002; Young et al., 2008). Gammarus feeding rates, a known ecological endpoint, are 

often used in situ as water quality indicators and are analogous to leaf processing rates (Maltby et 

al., 2002; Bloor et al., 2006). The study highlights the importance of leaf litter processing rates as 

indicators of chemical stress, responsive to various toxicity pathways, though population-level 

effects may vary due to intraspecific interactions. 

Species differences in responses may be due to intraspecific competition, life history traits, and 

individual energy budgets. Gammarus, with its higher competition and energy demands, is more 

affected by reductions in energy assimilation and allocation to growth, leading to more significant 

impacts on population-level consumption. In addition to their individual sensitivity (Maltby et al., 

1994; Chapter 3), Gammarus is a more efficient shredder than Asellus (Graça et al., 1994b), 

suggesting that chemical-induced reductions in feeding rates may have a greater impact on leaf 

processing in Gammarus-dominated ecosystems compared to Asellus-dominated systems.  

It is also important to acknowledge that the resource matrix in this model is a simplification of 

reality. Microbial biomass, dependent on substrate availability, also contributes to leaf litter 

decomposition, reducing its availability. Additionally, shredder feeding activity positively impacts 
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leaf litter decomposition. As a result, leaf mass loss per unit time is likely greater than modelled 

here, leading to a more pronounced negative impact on shredder leaf processing due to a greater 

reduction in leaf mass availability over time. 

4.4.3 Differences between Species 

At the individual level, Gammarus and Asellus differ in their sensitivity to chemical stress, with 

Gammarus often being more sensitive (Chapter 3). Results here indicate generally, both species 

populations show similar patterns of response to the different effect pathways studied. However, 

the magnitude of the responses generally differed between the two species. Asellus is more 

responsive to small decreases across all effect pathways, whereas Gammarus shows greater 

resilience, particularly to reductions in feeding rates. This difference is likely due to variations in per 

capita consumption within these populations, which influences intraspecific competition, and 

differences in reproductive output between the two species. Gammarus, with its higher 

consumption rates per capita, experiences greater competition for resources and therefore 

reductions in feeding rates have a greater buffering effect on the remaining gammarids. 

Additionally, modelled gammarids produce fewer eggs for the same size female than asellids 

(Chapter 3).  For Asellus, reductions in reproductive output significantly impact population size due 

to the production of fewer eggs. In contrast, Gammarus is less affected by reduced energy 

allocation to reproduction until energy intake drops further, making it more susceptible to 

population declines under stress. This susceptibility is evident in the lower threshold of collapse 

observed in Gammarus compared to Asellus. These findings highlight that ecological factors often 

play a more critical role in determining population-level effects than toxicological factors alone 

(Dalkvist et al., 2009).  

4.5 Conclusion 

In conclusion, both direct impacts on the consumer and the resource in simulated shredder-

detritus systems result in changes in the performance of ecological functions. However, the relative 

sensitivity of the pathways of impact studied differed. Reductions in assimilation efficiency and 

food availability had pronounced impacts on population abundance and the provision of prey, 

highlighting their crucial role in shaping population dynamics and potential impact on the feeding 

of fish. However, while leaf processing was the most responsive endpoint, only reductions in the 

availability of resources led to diminished leaf processing in both species’ populations at lower 
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effect levels, while leaf processing was more resistant to reductions in assimilation efficiency and 

feeding rates.  

Additionally, the study highlighted differences in species sensitivity to chemical stress at both 

individual and population levels. As well as having differing individual sensitivities, both species 

showed slightly different population consequences under similar stress conditions, attributed to 

differences in life history traits. These findings underscore the need to consider species-specific 

responses when assessing chemical impacts on ecosystems. Furthermore, incorporating 

mechanistic effect models, such as DEB IBMs, enables a more comprehensive evaluation of the 

intricate relationships between individual responses and ecosystem services, thereby enhancing 

our ability to make informed decisions for the sustainable management of aquatic ecosystems. 

However, the study also highlighted limitations in current modelling approaches, particularly in 

assessing population-level responses and interpreting deviations from baseline conditions. These 

limitations underscore the need for further research to better understand the long-term effects of 

chemical stressors on ecosystem dynamics and to refine modelling techniques for more accurate 

predictions of population responses.  
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Chapter 5 - Interspecific competition for resources and 
differences in species sensitivity on the structure and 
function within a service providing unit 
5.1 Introduction 

Current ecological risk assessments are centred around extrapolation from individual level 

responses to population and ecosystem level effects but pay little mechanistic attention to 

interactions between species (De Laender et al., 2008; Van den Brink, 2013). In the field, populations 

of species rarely exist in isolation. Instead, they exist in assemblages of interacting species. In some 

systems, multiple species may perform the same or similar functions via their shared relationship 

to a food source, as members of the same functional feeding group (Cummins and Klug, 1979). 

When multiple species perform the same or similar functions, functional redundancy within the 

system may buffer against functional loss, so that a decline in species diversity does not necessarily 

result in a loss of ecosystem function (Baert et al., 2017). Functional redundancy positively impacts 

ecological stability and resilience, especially when measured by species richness within functional 

groups (Biggs et al., 2020). However, what species remain and how they contribute to functions 

can influence the impact of chemical stress on the performance of functions (Laureto et al., 2015; 

Radchuck et a 2016). In the context of an ecosystem services approach to risk assessment, 

understanding functional redundancy is vital for determining ecosystem resilience to various 

stressors, including chemical pollutants. It ensures that critical ecosystem services are maintained 

even if certain species are adversely affected (Oginah et al., 2023).  

Gammarus pulex and Asellus aquaticus are both common freshwater shredders that are found 

across Europe and are involved in the breakdown of leaf litter in streams, cycling of nutrients, and 

producing fine particulate organic matter on which other species can feed (Wallace et al., 1982; 

Wallace et al., 1997; Gessner et al., 1999; Graca, 2001). The species are both shredders and are part 

of the same functional group, but they also often co-occur and share a resource and are therefore 

part of the same feeding guild (Blondel, 2003). Gammarus and Asellus are known to differ in their 

sensitivity to water quality and chemical stress, with Gammarus often more sensitive than Asellus 

(Oseid and Smith, 1979; Maltby, 1995; Lukančič et al., 2010) (Figure 3.1). This difference in sensitivity 

means that the ratio of Gammarus to Asellus, which has been observed to range from 197:1 to 

1:100, has long been used as an indicator of water quality in freshwater streams (Whitehurst, 1991, 

2001) and found to correlate highly with species richness in response to organic pollution (McNeil 
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et al., 2002). In the presence of low-level chemical stress, these differences in sensitivity are 

hypothesised to lead to a shift in the competitive advantage toward Asellus populations (Oseid 

and Smith, 1979). In the field, the spatial distribution of Gammarus and Asellus differs between 

upland and lowland streams: Gammarus primarily inhabits the more pristine upland streams, while 

Asellus predominates in the lower-quality water conditions typical of lowland streams (Holland, 

1976; MacNeil et al., 2002). 

Shifts from Gammarus to Asellus dominated systems are thought to result in decreased leaf 

processing. This is because Gammarus is the more efficient shredder of the two species (Graca et 

al., 1994). In situ Gammarus feeding inhibition is associated with decreased invertebrate diversity 

and leaf decomposition in the field (Maltby et al., 2002) and reduced Gammarus abundance is 

associated with loss of leaf processing downstream of a motorway runoff discharge outlet (Forrow 

and Maltby, 2000). Both Gammarus and Asellus species also serve as important prey for various 

game and coarse fish species, including trout, perch, bullheads, and stone loach (Rask and 

Hiisivuori, 1985; Copp et al., 2005) as well as smaller species of fish and invertebrate predators (Har 

and Gill, 1992). The foraging behaviour of fish on Gammarus and Asellus can differ between species, 

but carnivorous fish often select their prey based on the availability of their preferred prey amongst 

the assemblage of freshwater invertebrates available (Dodrill et al., 2021). Gut content studies have 

shown that perch tend to favour asellids, while trout prefer gammarids, although these preferences 

are largely shaped by the relative availability of each species in their environment (Newman & 

Waters, 1984). Shifts in species composition within the community can influence fish foraging 

behaviour. Consequently, changes in the diversity and abundance of shredder invertebrates may 

impact the performance of ecological functions and processes carried out by invertebrates within 

the system. 

The impact of interspecific competition for resources on the impacts of chemical stress have been 

demonstrated in both laboratory (Knillman et al., 2012; Foit et al., 2012; del Arco et al., 2015a&b) 

and mesocosm studies (Allen et al., 2021). Interspecific competition can enhancethe direct effects 

of a chemicals on a sensitive species, often benefitting the more tolerant species (Lüring and 

Roessink, 2006; Liess et al., 2013). However, the enhanced effect of a chemical on one species in a 

co-species exposure may also be influenced by the competitive ability of the sensitive species (del 

Arco et al., 2015a). While many studies thus far have focussed on lethal effects, sublethal effects 

(occurring at concentrations lower than lethal ones), can also alter interactions between species 

populations (Schnuck and Liess, 2024; Saaristo et al., 2018). Resource competition, along with 
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predation (Brookes et al., 2009), is an important factor influencing the indirect effects of chemicals 

(Preston 2002; Gessner and Tilli, 2016). Since these factors shape population dynamics (Van den 

Brink, 2013), ignoring them in ecological risk assessments may underestimate chemical risks 

(Forbes and Galic, 2016).  

In Chapter 4, it was found that both Gammarus and Asellus populations, with intraspecific 

competition for resources, were resistant to feeding inhibition up to the 50% effect level, in part 

due to reduced intraspecific competition. While this phenomenon may mitigate the effects of 

feeding inhibition within single populations of a species, in a multispecies context, interspecific 

competition for food resources could exacerbate the consequences of individual feeding inhibition. 

More tolerant species may capture the released resources (Knillman et al., 2012; Liess et al., 2013; 

Schnuck and Liess, 2024), which is expected to accelerate the time to extinction by exclusion. 

This chapter aims to investigate how interspecific competition for resources, within a Service 

Providing Unit (SPU), influences the structure of the hypothetical SPU and the performance of its 

ecological functions (Figure 5.1). This is accomplished by coupling the Individual Based Dynamic 

Energy Budget Models (DEB IBMs) for Gammarus pulex and Asellus aquaticus, allowing these 

species to compete for resources within a single patch. 

 

A preliminary study showed that initial ratios of Gammarus:Asellus and density of shredders on a 

patch influence the coexistence of species on that patch: coexistence is observed only within a 

specific range of initial densities. Outside of this range, one species typically excludes the other. 

Figure 5.1: Schematic showing how interspecific competition for resources, 
within a Service Providing Unit (SPU), may influence the structure of the 
hypothetical SPU and the performance of its ecological functions 
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This chapter will explore how feeding inhibition, such as that induced by chemical stressors, in 

either species and differences in relative sensitivity between the two species affect: 

• The conditions that allow for coexistence versus exclusion between the species. 

• In cases of coexistence, the relative abundance of the two species. 

• In cases of exclusion, the time it takes for one species to dominate completely. 

• Finally, this chapter will address how changes the structure of the SPU due to feeding 

inhibition translate into alterations in the ecological functions within the SPU. 

5.2 Methods 

5.2.1 Modelling  

Gammarus and Asellus DEB IBMs were coupled in NetLogo, whereby both species share, and 

subsequently compete for, the resource on a single patch Within NetLogo, the two species are 

defined and implemented as separate ‘Breeds’. The model code was tested to ensure that each 

species population exhibited the same dynamics in the coupled environment as in the single 

species environment (i.e. relative abundance of 100%). Interspecific competition was neither 

validated nor calibrated as it is an emergent property of the model design. The model simulates a 

form of scramble competition where food resources are equally accessible to all individuals, 

regardless of species. This is implemented by randomly ‘calling’ asellids and gammarids to feed 

from the shared resource pool within each time step. As this implementation of competition is 

essentially a lottery-like process among individuals, no explicit equation for interspecific 

competition is specified in the model. Entities, state variables, and scales for each species are the 

same as those outlined in Chapter 3. The model description follows the ODD (Overview, Design 

concepts, Details) protocol for describing individual-based models (Grimm et al., 2006; Grimm et 

al., 2010). 

The purpose of this model is to explore how simulated reductions in feeding rates of freshwater 

Gammarus pulex and Asellus aquaticus, along with differences in their relative sensitivities, affect 

the structure of the SPU. This is examined under varying densities and ratios of the two species, 

competing for resources on a simulated one-square-metre patch. The information is then used to 

investigate how thresholds of effect for a reduction in feeding rate at the single-species level may 

change when interspecific competition for resources is considered, how this affects the structure 

and the performance of ecological functions by the SPU. 
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5.2.1.1 Design concepts 

Basic principles: Key processes in the model follow the basic principles of Dynamic Energy Budget 

theory (Kooijman, 2010), which posits that uptake of resources by individuals scales with their 

surface area, and the allocation of energy scales with the volume of the organism. The theory is 

based on conservation of mass and energy. Individuals do not move on or between patches. 

Emergence: Individual life-history traits, such as growth, maturation time, and reproductive effort, 

emerge from rules of metabolic organisation. Population dynamics emerge from indirect 

interactions between individuals via competition for the resource and presence of hypothetical 

toxicant in the form of reduced individual feeding rates. 

Interaction: Individuals in the model interact with each other indirectly through resource 

competition. Population growth is constrained by the amount of resource in the system (carrying 

capacity); when population densities go beyond available resource, modelled individuals 

experience starvation mortality. The amount of resource in the model never reaches zero. Density 

dependence in the model emerges from modelled indirect interactions. Embryos in broods are 

explicitly linked to females, resulting in embryo mortality when females die due to starvation or 

background mortality. 

Stochasticity: Species specific background mortality is implemented as a stochastic process that 

occurs daily. Furthermore, as DEB parameters are constants, a scatter multiplier is added to the 

surface area-specific ingestion rate to implement a measure of variation between individuals. The 

scatter multiplier is a random number pulled from a log-normal distribution (Kooijman et al., 1989; 

Martin et al., 2013) with a standard deviation of 0.1.  

Observation: The number of individuals from each species was reported every 30 days for each 

simulation scenario. Simulations were run for 15 years or until one species went extinct. Then the 

abundance of the two species was noted and if exclusion occurred, the time to exclusion noted.  

Initialisation: DEB parameters for Asellus aquaticus and Gammarus pulex were obtained from the 

add my pet database collection (http://www.bio.vu.nl/thb/deb/deblab/add_my_pet/index.html). 

Simulations start with a user defined number of individuals, sampled from a pool population, as 

outlined below.  
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5.2.2 Experimental Set up 

Initial conditions consisted of different densities of Gammarus and Asellus, with each species 

population consisting of individuals varying in length and age. The initial amount of resource was 

set to 400 mg per m2, equal to the carrying capacity of the resource and to that used in simulations 

in Chapter 4. Simulations were run with different initial number of Gammarus and Asellus, from 10 

to 200 individuals of each species increasing in increments of 10 individuals, resulting in 400 

starting patch conditions. Each set of conditions was repeated 50 times, with individuals sampled 

from pools of mixed populations obtained by running single species populations models for 10 

years and sampling the population around the peak population abundance. For each pool 

population, properties of around 1400 individuals of each species were taken from the baseline 

situation. The pool populations were a mix of adults and juveniles of different lengths (Figure 5.2 

and 5.3). 

 

Figure 5.2: Size distribution of the pool population of Gammarus pulex , used to 
sample the initial gammarids for the competition experiments, consisting of 
1456 individuals. 
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5.2.3 Effect Scenario 

Feeding inhibition, as described in Chapter 4 (Eqn 4.5), was applied to Gammarus and Asellus that 

the difference in sensitivity, increasing absolute stress, and a combination of difference in sensitivity 

within increasing absolute stress. Feeding inhibition, when applied, was applied constantly from 

the first timestep for the duration of the experiment.  

5.2.4 Analysis 

Within each replicate, the abundance of the two species at the end of the simulation was noted. If 

both species were present, this was considered to be coexistence. The number of replicates within 

each patch where coexistence or exclusion occurred was counted and the percentage coexistence 

or exclusion was reported and plotted in a state space plot. Of the patches where coexistence 

occurred, the mean relative abundance of gammarids at the end of the simulation period was 

calculated for each patch:  

𝑅𝑅𝑅𝑅𝑅𝑅𝑅𝑅𝑅𝑅𝑅𝑅𝑅𝑅𝑅𝑅 𝑎𝑎𝑎𝑎𝑎𝑎𝑎𝑎𝑎𝑎𝑎𝑎𝑎𝑎𝑎𝑎𝑎𝑎 𝑜𝑜𝑜𝑜 𝐺𝐺𝐺𝐺𝐺𝐺𝐺𝐺𝐺𝐺𝐺𝐺𝐺𝐺𝐺𝐺 =  
# 𝑔𝑔𝑔𝑔𝑔𝑔𝑔𝑔𝑔𝑔𝑔𝑔𝑔𝑔𝑔𝑔𝑔𝑔

(# 𝑔𝑔𝑔𝑔𝑔𝑔𝑔𝑔𝑔𝑔𝑔𝑔𝑔𝑔𝑔𝑔𝑔𝑔 + # 𝑎𝑎𝑎𝑎𝑎𝑎𝑎𝑎𝑎𝑎𝑎𝑎𝑎𝑎𝑎𝑎)
 

The mean relative abundance of Gammarus was then calculated for each patch and plotted where 

values < 0.5 denote Asellus dominance, while values > 0.5 denote Gammarus dominance. Of the 

patches where coexistence did not occur, the mean time to exclusion, whereby only one species 

was present in the system, was calculated for each patch.  

Figure 5.3: Size distribution of the pool population of Asellus aquaticus used to sample 
the initial asellids for experiment competition experiments, consisting of 1408 
individuals. 
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For the interpretation, the state space plot was split into areas of Gammarus dominant, Asellus 

dominant, or equal where the initial ratio of the two species is less than one, equal to one, and 

more than one, respectively. Combined shredder density within these areas was also compared, 

with values < 100 indicating low density and those > 100 indicating high density. The distribution 

of the occurrence of coexistence, change in Gammarus relative abundance, mean shredder 

abundance at the end of the simulation, and time to exclusion were then compared between these 

areas for different feeding inhibition regimes. The time to exclusion was also compared between 

instances of exclusion by Asellus and exclusion by Gammarus. 

  



  

Page 137 of 225 
 

5.3 Results 

5.3.1 Coexistence and Exclusion 

In the baseline situation, i.e. no feeding inhibition, coexistence occurred in 32% of all experiments 

(all 400 patch conditions, each with 50 replicates = 20,000 experiments) with coexistence occurring 

on 338 of 400 patches. Coexistence occurred more often on Asellus dominant patches (41%) (i.e. 

below the 1:1) than on Gammarus dominant patches (21%). Where the initial densities of 

Gammarus and Asellus were equal, on the 1:1 line, coexistence occurred on all patches and in 54% 

of experiments (Figure 5.4, top left). 

The occurrence of coexistence decreased with a relative difference in sensitivity between the two 

species. When Gammarus feeding rates were inhibited by 10% the occurrence of coexistence 

decreased to 22% of all experiments, occurring on 172 of the 400 patches with 163 of these 

Gammarus dominant patches (i.e. Above the 1:1 line), and only 4 on Asellus dominant patches 

(Figure 5.4, top middle). Here, 37% of experiments on Gammarus dominant patches resulted in 

coexistence. When densities of each species were equal, coexistence occurred on 5 patches, with 

low total shredder density. With a 20% Gammarus feeding inhibition, coexistence did not occur on 

any patches (Figure 5.4, top right).  

Similarly, when Asellus feeding rates were reduced by 10%, coexistence occurred on 48 patches 

representing only 0.3% of replicates (Figure 5.5). Almost all of these, except one, were on Asellus 

dominated patches (below the 1:1 line) where it occurred in 0.6% of experiments. Coexistence did 

not occur on any patches with equal densities of both species. With a 20% reduction in Asellus 

feeding rates, coexistence did not occurr on any patches (Figure 5.5).  

The occurrence of coexistence increases with increasing absolute stress with no difference in the 

relative sensitivity to feeding inhibition between the two species (Figure 5.4, left hand side). With 

10% feeding inhibition for both species, coexistence was observed in 358 out of 400 patches, up 

from 338 in the baseline. This number rose to 385 with 20% feeding inhibition and 397 patches 

with 30% inhibition. At 50% feeding inhibition of both species, coexistence occurred in all 400 

patches (94% of all experiments). The increase in coexistence was particularly notable on Asellus-

dominated patches, where the number of such patches rose from 135 at baseline to 154 with 10% 

inhibition, 177 with 20%, and 190 (all) with 30% inhibition (Figure 5.4). In contrast, the conditions 

for coexistence on Gammarus-dominated patches did not show an increase until the 40% effect 

level, but the number of replicates with coexistence did rise. The percentage of replicates showing 
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coexistence on Gammarus-dominated patches increased from 40% at baseline to 46% with 10% 

feeding inhibition and 64% with 30% inhibition, rising to 90% with 50% feeding inhibition of both 

species (Figure 5.6).  
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Figure 5.4: The percentage of occurrence of coexistence between Gammarus and Asellus 
populations after 15 years under varying initial population sizes [#] and increasing levels of 
feeding (grey panels) inhibition for both species. The diagonal black line separates regions where 
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initial Asellus population sizes are greater than Gammarus (above the line) and vice versa (below 
the line). Lighter shades represent higher coexistence percentages, while darker shades indicate 
lower coexistence. 

 

 

Figure 5.5: The percentage of occurrence of coexistence between Gammarus and Asellus with 
increasing feeding inhibition of Asellus for populations after 15 years under varying initial 
population sizes and increasing levels of feeding inhibition (grey panels) for both species. The 
diagonal black line separates regions where initial Asellus population sizes are greater than 
Gammarus (above the line) and vice versa (below the line). Lighter shades represent higher 
coexistence percentages, while darker shades indicate lower coexistence 



  

Page 141 of 225 
 

 

Figure 5.6: The percentage of occurrence of coexistence between Gammarus and Asellus 
populations after 15 years under varying initial population sizes with a 50% feeding inhibition of 
Gammarus (left), and both species (right). The diagonal black line separates regions where initial 
Asellus population sizes are greater than Gammarus (above the line) and vice versa (below the 
line). Lighter shades represent higher coexistence percentages, while darker shades indicate 
lower coexistence. 

 

5.3.2 Relative abundance of Gammarus 

Of the patches where exclusion occurred, the mean total shredder abundance at the end of the 

simulation period remained relatively stable across treatments, with the median shredder 

abundance across patches ranging from 585 to 653 individuals with a median of 615 individuals 

(Appendix 5.1). In the baseline scenario, the mean total shredder abundance ranged from 528 to 

742 individuals per patch, with a median of 616. The largest variability in shredder abundance 

occurred in patches initially dominated by Asellus, whereas the lowest variability was seen in 

patches with equal initial dominance by both species, showing a range of 600 to 631 individuals 

and a median of 615 (Appendix 5.1).  

The mean relative abundance of the tolerant species increases with increasing feeding inhibition. 

Figure 5.7 shows the frequency distribution of the mean relative abundance of Gammarus across 

patches. In the baseline situation, the mean relative abundance of Gammarus ranges from 16 to 

99% with a median of 95% (Figure 5.7, top left panel). The greatest range in mean relative 

abundance of Gammarus occurs on patches initially dominated by Asellus (AselDom) (16-99%) with 
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a median of 93% (Figure 5.7). While the mean relative abundance of Gammarus on patches initially 

dominated by Gammarus (GamDom) ranges from 90 to 100% with a median of 91% (Figure 5.7).  

As Gammarus feeding inhibition increases in relation to that of Asellus, the relative abundance of 

Gammarus deceases (The frequency distribution shifts to the left in Figure 5.7) from 95% in the 

baseline situation to 0.2% with 20% Gammarus feeding inhibition (Figure 5.7). This indicates a shift 

from Gammarus to Asellus dominance with the pattern differring between patches of different 

initial relative abundance of species. In patches initially dominated by Asellus, this decreases from 

93% (16-99%) to 2% (1-5%) while in Gammarus dominant patches this decreases from 97% (90-

100%) to 3% (0-22%). Furthermore, high shredder density patches are slightly more sensitive 

(Figure 5.7) with no coexistence occurring on Asellus dominant patches with high shredder density 

while on Gammarus dominant patches, the Gammarus relative abundance decreases from 97% 

(93-100%) to 3% (0-18%) compared to 4% (0-22%). 

Similar patterns were observed for Asellus feeding inhibition, however with a 10% inhibition of 

Asellus feeding, Asellus were excluded on all patches but those initially dominated by Asellus 

(Figure 5.7). Here, patches with low shredder density were more resistant to shifts in relative 

abundance, with the minimum relative abundance of Gammarus increasing from 16 to 33% 

compared to 75 to 87% in high density patches. The median values did not differ between high 

and low shredder densities. 

With increasing absolute stress, the relative abundance of Gammarus decreases slightly (Figure 5.7, 

down the left-hand panels). While Gammarus-dominant patches remain relatively stable, the 

median relative abundance of Gammarus drops marginally to 96% with 10 and 20% feeding 

inhibition of both species, and 94% at the 30% stress level, with the range narrowing to 88-99%. In 

patches where dominance is either equal or favours Asellus, the decline in Gammarus populations 

is more noticeable. In equal-dominance patches, under moderate stress, the Gammarus median 

abundance decreases slightly to 94% (89–97%), falling to 90% at the 30% stress level. The decline 

is more pronounced in Asellus-dominant patches, where Gammarus abundance is generally lower. 

Initially, the median is 93% with a wide range (16-99%), reflecting greater variability. As stress 

increases, the mean Gammarus abundance median drops to 91%, with a minimum of 29%. At the 

30% stress level, the Gammarus median declines further to 83%, and the range narrows to 8-93%. 



  

Page 143 of 225 
 

 

Figure 5.7: The frequency distribution of the relative abundance of Gammarus populations under 
varying levels of feeding inhibition and density across initial conditions. The x-axis represents 
the relative abundance of Gammarus (%), while the y-axis shows the initial dominance ratio: 
Gammarus-dominant (GamDom), Asellus-dominant (AselDom), and equal dominance (Equal). 
Each panel represents different combinations of feeding inhibition levels for Gammarus and 
Asellus, with stress levels ranging from 0% to -40%.  
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5.3.3 Time to Exclusion 

Patches where coexistence did not occur experienced exclusion. The time to exclusion decreased 

with increasing relative difference in feeding inhibition between species (Figure 5.8). In the baseline 

situation, the median mean time to exclusion across patches was 6 years (range: 8 months – 12.5 

years). Exclusion by Gammarus occurred in 289 patch conditions where the median mean time to 

exclusion was 11.3 years (range: 1.6 years – 12.5 years), while exclusion by Asellus occurred in 300 

patch conditions, with the median mean time to exclusion 3.3 years (range: 8 months – 10.5 years). 

Time to exclusion differed between the different initial ratios of Gammarus and Asellus. Exclusion 

by Gammarus lasted longest overall in patches initially dominated by Asellus, with a median of 13.1 

years (range: 8.4 years– 15 years), while in patches initially dominated by Gammarus, it took 10 

years (range: 1.6 years – 13.5 years). Conversely, exclusion by Asellus was quicker than by 

Gammarus, being fastest in Asellus-dominated patches at 2 years (range: 8 months – 6.9 years) and 

longest in patches initially dominated by Gammarus, taking 5.3 years (range: 1.2 years – 10.5 years). 

The time to exclusion decreased with increasing relative differences in feeding inhibition. 

Gammarus feeding inhibition led to longer exclusion times than exclusion by Asellus. As feeding 

inhibition increased, time to exclusion generally decreased across all density and dominance 

conditions. Gammarus feeding inhibition resulted in greater differences in exclusion times between 

Gammarus- and Asellus-dominated patches compared to Asellus feeding inhibition (Figure 5.8). 

With increasing Gammarus feeding inhibition, where Asellus generally began to exclude 

Gammarus, time to exclusion by Asellus remained relatively stable on Gammarus-dominated 

patches, with a median of 6 years (range: 1.3 years – 14.6 years) (Figure 5.8). However, on patches 

initially dominated by Asellus, this time decreased significantly, dropping to 1 year and 2 months 

(range: 8 months – 4.2 years) (Figure 5.8, top panel). Where Gammarus populations were resistant 

to exclusion, time to exclusion fell to 2.1 years (range: 1.1 years – 7.6 years). This decreased further 

with 20% feeding inhibition to 1 year (range: 3 months – 2.1 years). 

Exclusion by Asellus occurred within 1 year and 4 months (range: 7 months – 7 years and 5 months), 

again taking 1 year and 1 month (range: 7 months – 2.9 years) on Asellus-dominated patches. On 

Gammarus-dominated patches, time to exclusion by Asellus was 1 year and 11 months (range: 1 

year – 7.4 years). By 30% Gammarus feeding inhibition, exclusion by Asellus occurred within 1 year 

and 2 months (range: 5 months – 2.7 years), 10 months (range: 4 months – 1.6 years) at 40% feeding 

inhibition, and 6 months (range: 3 months – 1.1 years) at 50% feeding inhibition. This was 

consistently quickest on Asellus-dominated patches (Figure 5.8, top panel). 
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Figure 5.8: The mean time to exclusion (in years) under different initial conditions and varying 
levels of Gammarus and Asellus feeding inhibition. The x-axis represents the initial ratio of 
Gammarus and Asellus (e.g., Gammarus-dominant, Asellus-dominant, or equal) with results 
stratified by exclusion by Gammarus (red) and exclusion by Asellus (blue). The black horizontal 
line represents a time to exclusion of 1 year. 

 

Similar patterns were observed with Asellus feeding inhibition, where the time to exclusion by 

Gammarus decreased as Asellus feeding inhibition increased (Figure 5.7, bottom panel). With 10% 

feeding inhibition of Asellus, time to exclusion by Gammarus fell to 6 years (range: 1.7 years – 11.9 

years), further decreasing to 3.5 years (range: 1.2 years – 5 years) with 20% inhibition, 1.3 years 

(range: 7 months – 2.7 years) at 30%, and 9 months (range: 5 months – 1.3 years) with 40% feeding 

inhibition. Exclusion by Asellus also decreased over time, falling from 3.4 years (range: 8 months – 

10.5 years) in the baseline to 1 year and 11 months (range: 10 months – 6.8 years) with 10% 

inhibition, and 11 months (range: 8 months – 1.8 years) with 20% inhibition. Notably, Asellus 

exclusion only occurred in patches initially dominated by Asellus. 

As absolute stress increased, both the occurrence of coexistence and the time to exclusion rose 

accordingly (Figure 5.9). Variability in time to exclusion also increased with greater stress, especially 

on patches initially dominated by Gammarus. While Asellus was generally excluded faster than 

Gammarus, the exclusion times converged at higher levels (50%) of feeding inhibition. For 
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Gammarus, the median time to exclusion was initially 11.3 years (range: 1.7 years – 15 years) with 

no inhibition, decreasing slightly to 10.8 years (range: 1.8 years – 15 years) at 20% inhibition, and 

then increasing to 11.1 years (range: 1.4 years – 15 years) at 30% inhibition. It dropped to 7 years 

and 10 months (range: 3.8 years – 15 years) at 50% inhibition. In Asellus-dominated patches, 

Gammarus exclusion times remained relatively stable across inhibition levels, staying between 12.7 

years to 13.2 years, with minimal impact from increasing inhibition levels. However, in Gammarus-

dominated patches, Gammarus exclusion times varied more widely, decreasing from 10.1 years at 

0% inhibition to 7.7 years at 50% inhibition. 

Similarly, for Asellus, the median time to exclusion increased from 3.3 years (range: 8 months – 10.5 

years) with no inhibition to 8.8 years (range: 3.8 years – 13.8 years) at 50% inhibition. In Asellus-

dominated patches (AselDom), Asellus exclusion times increased progressively with higher 

inhibition levels, from 2 years at 0% inhibition to 8.8 years at 50% inhibition. In Gammarus-

dominated patches (GamDom), Asellus exhibited a somewhat similar pattern, with time to 

exclusion increasing from 5.3 years at 0% inhibition to 6.7 years at 20% inhibition. However, at 30% 

inhibition, Asellus was excluded more quickly (5.5 years), suggesting a non-linear relationship in 

Gammarus-dominated patches. 
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Figure 5.9: The mean time to exclusion (in years) under different initial conditions and equally 
increasing levels feeding inhibition for both species. The x-axis represents the initial ratio of 
Gammarus and Asellus (e.g., Gammarus-dominant, Asellus-dominant, or equal) with results 
stratified by exclusion by Gammarus (red) and exclusion by Asellus (blue). The black horizontal 
line represents a time to exclusion of 1 year. 

  



  

Page 148 of 225 
 

5.4 Discussion 

The aim of this chapter was to assess how interspecific competition for resources, within a SPU, 

affects species population responses to chemical induced feeding inhibition and the subsequent 

impacts on the performance ecological functions. Interspecific competition for resources between 

the two species results in species exclusion with 20% feeding inhibition for both species, compared 

to 70 and 80% at the single species level (Chapter 4). The impacts of chemical-induced feeding 

inhibition on patches was influenced by the initial species ratio and density within those patches. 

Patches with greater differences in initial species densities, particularly those with a higher density 

of sensitive species, demonstrated the greatest resistance to exclusion. This was also dependent 

on the level of absolute stress in the system.  Specifically, the degree of feeding inhibition leading 

to the exclusion of Gammarus populations increased as the level of feeding inhibition in Asellus 

populations also increased. The resulting effect on the performance of ecological functions, 

assuming that one species occupies each patch, using model outputs, is likely to be very slight, 

with greater impacts on prey provision. If the more sensitive Gammarus is excluded, leaf processing 

rates are inferred to slightly decrease as Asellus become the dominant species. While for prey 

provision, leads to more biomass for prey, but a reduction in the size of prey available, a key 

determinant of fish foraging. Conversely, if Asellus is more sensitive, a shift to Gammarus-

dominated systems increases leaf processing rates slightly but reduces the availability of prey 

biomass. 

5.4.1 Coexistence and Exclusion 

In the absence of feeding inhibition in either species, coexistence is more pronounced when the 

initial populations of both species are relatively equal, and the initial density of the two species 

remains high, representing great Gammarus dominance across patches. This reflects ratios 

observed in the field where the ratio of Gammarus to Asellus is greater when water quality is good 

(Whitehurst et al., 2001). As expected, as the relative difference in sensitivity to feeding inhibition 

between the two species increases, the conditions for coexistence become narrower, occurring only 

when there is a greater difference in their initial densities as the tolerant species excludes the 

sensitive one. Sublethal effects at the individual level can result in a loss in species diversity at the 

community level. This agrees with findings of Liess et al. (2021) where there was severe degradation 

of invertebrate community composition, in response to pesticide exposure three orders of 

magnitude below the EC50, with a loss of the most sensitive species. This is observed here, albeit in 

a two species system, as the relative abundance of Gammarus decreases with increasing Gammarus 
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feeding inhibition, and vice versa, with both species populations collapsing at 20% feeding 

inhibition. However, coexistence is more frequent with reduced Gammarus feeding inhibition 

compared to reduced Asellus feeding inhibition. This indicates that high initial densities of 

Gammarus may make them more resistant to exclusion than Asellus when their feeding is inhibited. 

This is further supported by the observation that exclusion times are longer in Gammarus-

dominant patches with Gammarus feeding inhibition compared to Asellus-dominant patches with 

equivalent Asellus feeding inhibition. This difference is likely attributed to differences in 

consumption rates and reproductive output between the two species. 

The occurrence of coexistence increases with increasing absolute feeding inhibition of the two 

species. Coexistence increases, primarily, in patches initially dominated by Asellus, patches where, 

in the baseline situation, Gammarus excluded Asellus. There, as Gammarus is the dominant species 

in the model, occupying most patches in the baseline simulation, feeding inhibition of both species 

favours Asellus more than Gammarus. These findings are consistent with those of Schnuck and 

Liess (2024), which demonstrated that exposure of two zooplankton species, both exhibiting similar 

sensitivities to the pyrethroid insecticide esfenvalerate, to concentrations 3–4 orders of magnitude 

below the acute EC50 significantly reduced competitive interactions between the species. Similarly, 

Cordeiro et al. (2014), found that when organophosphates were applied at acute lethal 

concentrations to competing maize beetle species, the competitive advantage of the dominant 

species was diminished, reducing the likelihood of competitive exclusion. However, the beetles in 

the study differed in the sensitive greatly, suggesting that the life history strategies of species, not 

just the feeding rates play a role in chemical impacts on population dynamics of competition 

species. 

Population fitness is strongly influenced by reproductive strategies and the number of offspring 

produced (Brockelman, 1975), which in turn affect the species' ability to compete, survive, and 

thrive in varying environmental conditions. In this context, Asellus produces more eggs per female 

compared to Gammarus of the same body size. This means that Asellus has a higher reproductive 

output, which can be advantageous in environments such as these where high reproductive rates 

are essential for population growth. On the other hand, Gammarus compensates with higher 

feeding rates, which can enhance its energy acquisition, growth, and survival, providing a 

competitive edge in environments where food resources are abundant. However, if Gammarus 

experiences a decrease in its feeding rate this balance shifts. As Gammarus's ability to obtain food 

diminishes, its competitive advantage decreases. In such scenarios, Asellus, with its higher 



  

Page 150 of 225 
 

reproductive output per individual, gains a competitive advantage, potentially leading to an 

increase in its population size relative to Gammarus. This shift could alter the species composition 

and dynamics of the ecosystem, as Asellus becomes more dominant while Gammarus populations 

decline. This illustrates the importance of individual fitness, particular when already chemically 

sensitive species are in competition for resources, and not just survival when predicting chemical 

impact on species populations (Kliot and Ghanim, 2012; Straub et al., 2020).  

Reductions in Gammarus feeding activity have been shown to reflect species abundance in natural 

environments. For example, a 50% reduction in in situ Gammarus feeding was linked to declines in 

both species’ diversity and ecosystem functioning (Baird et al., 2007). While in Chapter 4 it was 

found that Gammarus populations were somewhat resistant to 50% feeding inhibition, in the 

current chapter, when interspecific competition is considered, Gammarus relative abundance and 

persistence decreased with just 10% feeding inhibition. This agrees with previous findings that 

interspecific competition can enhance the impact of feeding inhibition on sensitive populations 

(Knillman et al., 2012; Foit et al., 2012; Liess, 2012; del Arco et al., 2015b; Boutin et al., 2019). Results 

here suggest that the initial densities of the competing species can influence the level of feeding 

in inhibition that causes the exclusion of one species. Similar results were found in Kim et al. (2018), 

a modelling study, where initial cell densities of algae species Pseudokirchneriella subcapitata and 

Chlorella vulgaris affected the impact of copper exposure had on the dynamics between the two 

species. In Kim et al. (2018), C. vulgaris became less competitive than P. subcapitata with increase 

copper concentrations in most initial cell density combinations, but were resistant where initial 

densities were highest, resulting in a shift in competitive dominance to the species that initially had 

the competitive disadvantage. These findings suggest that the effects of chemical stress on 

competing species are highly context-dependent, influenced not only by the stressor itself but also 

by the initial abundance of the affected species and the overall density of shredders within the 

ecosystem. 

In the model, Gammarus and Asellus compete indirectly for resource through resource exploitation. 

However, in the laboratory Gammarus has been observed to exhibit cannibalistic and predatory 

behaviour towards Asellus (Blockwell et al.,1997; Kelly et al.,2002; del Arco et al.,2016, Van den Brink 

et al.,2017), meaning that in reality both asellids and gammarids may experience interference. 

Despite this, this model only considers exploitation competition. The exclusion of interference 

competition, particularly predation and cannibalism by Gammarus, may lead to an underestimation 

of its competitive advantage over Asellus. This may lead to an underestimated mortality in Asellus 
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populations, particularly under high Gammarus density or an overestimation of coexistence 

potential, as interference could further shift the competitive balance toward Gammarus. 

Nevertheless, lack of empirical data on the frequency and ecological relevance of these behaviours 

limits their incorporation into the model in a meaningful and effective way. However, it has been 

shown that chemical exposure can alleviate such interactions between Gammarus and Asellus (del 

Arco et al.,2016a; Van den Brink et al., 2017)  

Similarly, there are few studies studying the chemical impact of between Gammarus and Asellus 

specifically with which to validate results against. However, the results are consistent with those 

studied with other species where differences in sensitivity between competition species result in 

greater impacts on sensitive populations compared to when studied in isolation (Liess, 2013; del 

Arco et al., 2015b; Saaristo et al., 2018; Schnuck and Liess, 2024). The lack of empirical studies with 

Gammarus and Asellus is partly due to the aggressive and predatory behaviour of Gammarus 

observed in the laboratory (Kelly et al., 2002). Of those that did study the competitive interaction, 

Blockwell et al. (1997) studied the effect of lindane on the competitive interaction with A. aquaticus 

on the feeding response of juvenile G. pulex. Lindane reduced the feeding activity of the 

gammarids. At 4.0 ug/L lindane, the competition from Asellus was excluded and the level of stress 

experienced by G. pulex similar to that of the control treatment. While del Arco et al. (2016b) found 

that the impacts of Carbendazim benefits Asellus populations not through reduced competition 

for food, but through reduced predation from the more sensitive Gammarus. However, habitat 

heterogeneity has been shown to mitigate certain behaviours in Gammarus, such as reducing 

cannibalism among adults and juveniles (McGrath et al., 2007), or predation on other crustacea 

(Kley et al., 2009). This indicates that the aggressive behaviours commonly observed in laboratory 

settings may be artifacts of experimental conditions. Assuming this also applies to Gammarus's 

predatory behaviour, it is plausible that habitat heterogeneity in natural environments could reduce 

direct predatory and competitive interactions between Gammarus and Asellus. In such cases, 

competition between the two species may become more exploitative, with both species focusing 

on resource acquisition rather than direct conflict. 

Furthermore, it is important to note that while the model assumes closed patches, invertebrates 

have the ability and opportunity to move between patches, escaping competition and repopulating 

patches where extinction has occurred (Blakely et al., 2006; Galic et al., 2012). These processes are 

not modelled here but, in the field, they can enhance the competitive ability of sensitive 

populations on a landscape level. In the field, microhabitat utilisation is similar between the two 
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species, with Gammarus favouring smaller substrates and Asellus preferring weeds near larger 

substrates (Graca et al., 1994). Studies also noted the preference of Asellus for reed beds and littoral 

zones in lakes (Hargeby et al., 2004; Marcus et al., 1978). Therefore, habitat heterogeneity could 

facilitate the persistence of species populations under chemical stress. Gammarus, being more 

mobile than Asellus (Resh et al., 2008), cover a larger range due to their stronger swimming ability. 

This mobility gives Gammarus access to more resources and greater opportunities to escape 

unfavourable conditions. In contrast, Asellus have limited mobility (Resh et al., 2008), reducing their 

ability to repopulate patches (Galic et al., 2012, 2013) or avoid chemical exposure (O’Callaghan et 

al., 2019). Therefore, in the field, exclusion of Gammarus populations by Asellus following chemical 

exposure induced feeding inhibition found here may not be as low. While Asellus is often less 

sensitive to a wide range of chemical stressors than Gammarus (Chapter 3), in cases in which they 

are the more sensitive species, they may face greater impacts from chemical exposure. This 

reduction in interspecific competition could lessen the impact of chemical stress on species 

population dynamics, particularly in more heterogeneous habitats, where the buffering effects of 

complex environments may play a key role in maintaining species coexistence. 

5.4.2 Time to Exclusion 

As expected, for both species, increasing difference in feeding inhibition between species 

population led to a decrease in the time to exclusion. Increasing difference in relative sensitivity to 

chemical stress therefore enhanced the impact competitive interactions, leading to the rapid 

decline in abundance and exclusion of the more sensitive species. While there are few studies with 

which to compare the time to exclusion, similar results were found in Viaene et al. (2015), however 

on a much smaller scale with Daphnia magna excluding Brachionus calyciflorus between 1 – 3 

weeks days in in the absence of chemical stress (Gilbert, 1985), but reduced to less than 10 days 

with the addition of pyrene 110 µg L-1. However, the results in this study are context dependent 

with the initial density of both species influencing the time to exclusion. In patches initially 

dominated by Asellus, exclusion took a minimum of 7 months, whereas in patches initially 

dominated by Gammarus, exclusion could take over 7 years. Therefore, the dominant species in a 

patch significantly influences how each species responds to increased feeding inhibition.  The 

results demonstrate that the combination of competitive dynamics and environmental stress can 

either prolong or hasten species exclusion, depending on the interaction of these factors. 

While exclusion of sensitive populations occurs with feeding inhibition of 10% (or a 10% relative 

difference in feeding inhibition), the time to exclusion takes, on average, several hundred days. Not 



  

Page 153 of 225 
 

until a 40% inhibition of Gammarus feeding does the exclusion of Gammarus occur within 144 

days. This occurs particularly on patches where the initial relative abundance of Asellus was low 

(GamDom). For some chemicals such as pesticides, such prolonged exposure durations are unlikely 

to occur in natural environments, as organisms are typically exposed to pulsed, intermittent stress 

from chemicals rather than continuous exposure (Reinert et al., 2002). Other chemicals, such as 

pharmaceuticals (Burns et al., 2018), may result in continuous low-level exposures or frequent 

pulses with little time to recover between stress events (Naddy and Klaine, 2000; Schnuck and Liess, 

2022), particularly, from chemical exposures from converging streams across interconnected 

landscapes (Norman et al., 2020). Foit et al. (2012) found that interspecific competition for food 

between Daphnia magna and Culex pipens larvae insignificantly increased recovery times following 

exposure to pyrethroid insecticide fenvalerate, suggesting that the risk of population collapse from 

repeated stress events rises when species are already competing for limited resources. This implies 

that populations subjected to multiple, closely spaced, pulses of chemical stress may be more 

vulnerable to collapse, especially when there is little recovery time between pulses. The results of 

this study indicate that even low-level, prolonged exposure or frequent pulses with little recovery 

time can lead to significant impacts on the structure of species populations. For example, just low 

levels of continuous stress were enough to shift competitive dynamics and affect species 

persistence. Although such prolonged exposures are unlikely to occur naturally, they highlight the 

vulnerability of ecosystems to chronic stress, particularly when recovery time is limited. 

Additionally, while time to exclusion at low levels of feeding inhibition often exceeds one year, the 

strict definition of exclusion—when only one species remains—may overestimate the actual 

collapse timeline. Exclusion may occur sooner, once a population declines to an unrecoverable 

level, even if a few individuals remain. Therefore, these results present a liberal view of species 

exclusion, and the effective exclusion times may be shorter than the analysis suggests. 

5.4.3 Potential consequences for the performance of ecological functions 

5.4.3.1 Leaf litter processing  

Although changes in the structure of the shredder processing unit (SPU) occur with increasing 

feeding inhibition in either species, based on results of the single species models, shifts from one 

Gammarus to Asellus dominated systems, and visa verse, have minimal impact on the overall 

consumption rate by shredders in the SPU. In these models, Gammarus populations exhibit 

marginally higher consumption rates (mg/day) compared to Asellus populations (Table 3.14). 

Nonetheless, the results suggest a degree of redundancy in the SPU regarding leaf processing, 
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indicating that both species can fulfil this ecological function. However, in field conditions, 

functional efficiency as well as their functional role plays a more significant role in leaf processing 

(Jonsson and Malmqvist, 2003). Gammarus individuals not only have higher consumption rates 

than Asellus but are also more effective shredders (Graca et al., 1994). Therefore, in the field, shifts 

from Gammarus-dominated to Asellus-dominated patches could lead to a reduction in the rate of 

leaf litter processing. This is supported by evidence that decreased Gammarus abundance due to 

water quality degradation is associated with lower leaf decomposition rates (Farrow and Maltby, 

2000).  

It is important to interpret potential changes in leaf processing by these two detritivores with 

caution. As discussed throughout this thesis, the model used is closed, reaching an equilibrium 

where population dynamics are driven solely by food consumption and availability. This constrains 

food consumption across the population, resulting in similar consumption rates between 

Gammarus and Asellus. A limitation of this model is that it does not account for the multiple biotic 

and abiotic factors influencing leaf litter processing in the field. Abiotic factors include temperature 

(Cummins et al., 2024; Ferreira et al., 2015a) and nutrient availability (Woodward et al., 2012; Ferreira 

et al., 2015b), while biotic factors encompass microbial colonisation (Ferreira et al., 2012), 

detritivore community composition (Rubio-Rios et al., 2021), and the species of leaf litter present 

(Cummins et al., 2024). These factors, particularly the biotic ones, are interdependent, and changes 

in one can affect others. In field conditions, reductions in Gammarus populations due to stressors 

may significantly impact leaf litter processing rates (Forrow and Maltby, 2000; Maltby et al., 2002). 

5.4.3.2 Prey provision 

Prey selection by fish is influenced by a combination of factors such as prey size, absolute 

abundance, relative abundance, and microhabitat. Larger prey often provides more energy that 

smaller prey, meaning fish such as brown trout and rainbow trout, which prey on both Gammarus 

and Asellus (Dodrill et al., 2021; Andersen et al., 2016), and perch, which primarily feed on Asellus 

(Rask and Hiisivuori, 1985; Copp et al., 2005), demonstrate size-selective foraging. In these species, 

prey size is often biased towards larger individuals (Newman and Waters, 1984; Elliot, 1970, 1973). 

However, relative availability also influences their choices. Larger trout may prefer larger prey, such 

as caddisfly larvae and chironomids, when Gammarus numbers decline, whereas smaller brown 

trout show a stronger preference for Gammarus than their larger counterparts (Anderson et al., 

2016). In the absence of Gammarus, juvenile brown trout may turn to Asellus as an alternative food 

source (Elliot, 1973). While Enefalk et al. (2019) observed that Asellus appeared in 39% of trout 
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stomachs, making it the fourth most common prey item after Trichoptera (encased and free living) 

and chironomid larvae.  Therefore, changes in the relative abundance, or total shredder abundance 

influence the provision of prey by Gammarus and Asellus in a recreational fishery.  

With increasing Gammarus feeding inhibition, the relative abundance of Gammarus declines and 

Asellus prevalence increases. With predatory fish showing preferences for different prey, (Chalcraft 

and Resetarits, 2003), shifts from Gammarus to Asellus dominated patches may negatively impact 

trout populations as their preferred prey declines (Wilzbach et al., 1986; Romaniszyn et al., 2007; 

Tyson and Knight, 2001). While they may still benefit from the provision of Asellus, selecting them 

based on their increased relative availability, Asellus populations consist of smaller individuals 

(Table 3.14, Figure 5.1) and therefore, in the absence of alternative prey, trout and other drift 

feeding fish may expend more energy foraging for less energetically beneficial Asellus. This could 

lead to energy imbalances for larger trout, as they would need to expend more energy foraging 

on smaller or less abundant prey (Newman and Waters, 1984), potentially triggering prey switching 

or reduced growth rates in those populations. However, due to differences in microhabitat between 

Gammarus and Asellus (Graca et al., 1994a), the increased proportion of Asellus available due to 

Gammarus feeding inhibition may benefit benthic feeding fish such as perch, stone loach, and 

bullhead (Rask and Hiisivuori, 1985; Copp et al., 2005) and, to an extent, juvenile trout that reside 

and feed in the benthos (Elliot, 1973). Conversely, Asellus feeding inhibition results in the increased 

prevalence of Gammarus, potentially benefiting drift feeding fish through microhabitat partitioning 

of Gammarus and Asellus (Graca et al., 1995).  

Increases in absolute stress and chemical induced feeding inhibition resulted in increased 

occurrence of coexistence across patches. Coupled with the fact that there was very little if any 

change in the median shredder abundance across patches, this suggests that the shredder 

community becomes more diverse with increasing absolute stress in the system. For foraging fish, 

given different species of fish often prefer different species, this may result in increased prey 

diversity, could support a greater diversity of fish species and resource partitioning for fish 

(Sánchez‐Hernández et al., 2017), particularly when Gammarus and Asellus differ in their 

microhabitat distribution (Graca et al., 1995). 

5.5 Conclusion 

The results highlight that species responses to chemical stress are context-dependent with 

chemical effects on the SPU influenced by initial population densities and the difference in 
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sensitivity to chemical stress. Interspecific competition for resources is an important factor when 

assessing chemical impacts on SPUs. In contrast to findings presented in Chapter 4, where single 

species dynamics were examined, this chapter demonstrates that interspecific competition 

amplifies the impacts of feeding inhibition on populations of shredders, with greater differences in 

species sensitivity to chemical stress leading to more pronounced impacts on SPU structure. While 

Gammarus initially holds a competitive advantage due to its higher feeding rates, increased feeding 

inhibition exacerbates its vulnerability, allowing Asellus to potentially dominate due to its higher 

reproductive output. However, the buffering effects of habitat heterogeneity and species mobility 

between patches may facilitate coexistence, indicating that natural settings may support resilience 

not fully captured by the models used in this research. The findings further emphasise the intricate 

relationship between competition, chemical stress, and ecosystem function, including leaf litter 

processing, and prey availability for fish species. Differences in feeding inhibition alters the 

structure of the SPU, which has the potential to affect the foraging strategies and abundance of 

benthic-feeding fish. Ultimately, this study underscores the need for a more nuanced 

understanding of chemical impacts within competitive ecological contexts. By integrating species-

specific sensitivities, and interspecific competitions we can enhance our ability to predict and 

manage the effects of chemical stress on freshwater ecosystems. 
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Chapter 6 – General Discussion 
 

The aim of this thesis was to explore how information on chemical impacts on the feeding activity 

of freshwater invertebrates can be used to predict population level responses of ecosystem 

functions and associated ecosystem services, examining the implication for ecological risk 

assessment. This was addressed through a case study of a recreational fishery, where the structure 

and activity of invertebrate populations are critical for maintaining prey availability and processing 

organic matter, both of which support fish populations. This was achieved by focussing on chemical 

induced effects of feeding inhibition on the performance of ecological functions by freshwater 

invertebrates. The thesis first examined the impacts of chemical stress on individual freshwater 

invertebrates, assessing differences in sensitivity between different functional feeding groups. The 

research then focused on freshwater shredders, Gammarus pulex and Asellus aquaticus, exploring 

how chemical impacts on individual energy uptake translate to population-level responses and the 

performance of ecological functions. This was explored both in single-species populations and then 

when interspecific competition for food resource between G. pulex and A. aquaticus is considered. 

This chapter synthesises the findings of previous chapters to examine how assessing effects of 

feeding inhibition across different levels of biological organisation influences the prediction of 

impacts on ecological functions within a recreational fishery. It further explores how insights into 

feeding behaviour responses to chemical stress, combined with extrapolatory modelling, can be 

used to assess chemical impacts on ecosystem service delivery.  
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6.1  Main Findings 

Chemical impacts on ecological functions are highly context dependent (Clements et al., 2016). 

Results of this thesis suggest that impacts of chemical stress on the performance of ecological 

functions within a recreational fishery can be influenced by the functional feeding group in 

question (Chapter 2), the chemical mode of action of the exposure chemical, or pathway of impact 

in a consumer resource system (Chapter 4), species life history traits (Chapter 4), the presence of 

interspecific competition (Chapter 5), and the initial densities of competing species (Chapter 5).  

The first chapter aimed to assess how chemical stressors impact the feeding activity of individual 

freshwater invertebrates, and how functional feeding groups (FFGs) differ in their sensitivity to 

these stressors. While of the 1500+ chemicals in the curated RIVM toxicity database (Oginah et al., 

2023), only 48 had sufficient data to evaluate differences in sensitivity between FFGs. Of those 48, 

significant differences were detected between FFGs in 30%. This lack of difference can largely be 

attributed to the widespread presence of arthropods across functional groups. Arthropods exhibit 

considerable variation in their sensitivity to chemical stressors, with both crustaceans and insects 

encompassing a comparable number of sensitive and tolerant genera (Van den Berg et al., 2019). 

Therefore, FFGs rich in arthropods are unlikely to exhibit differences in sensitivity. Where 

differences did emerge, often for chemicals with the most data available, differences were primarily 

driven by taxonomic distinctions level of phylum, such as between molluscs and arthropods. For 

example, filterers, largely comprising molluscs (primarily bivalves) and zooplankton, demonstrated 

heightened sensitivity to metals, particularly to cadmium and zinc. In contrast, gatherers composed 

solely by arthropods were vulnerable to acetylcholinesterase (AChE) inhibitors; e.g. carbaryl, 

diazinon, and malathion, aligning with findings of Maltby et al., (2005). Herbivores, predominantly 

represented by gastropod molluscs, exhibited greater tolerance to neurotoxicants and AChE 

inhibitors, aligning with Maltby et al., (2005). This signals to potential functional redundancy in 

systems with great arthropod diversity and the vulnerability of filterers to metal exposure. With 

filterers important for improving water quality by removing excess nutrients (Faber et al., 2019), 

these results highlight the vulnerability of water clarity and nutrient regulation to metal exposure. 

Furthermore, these results of this thesis support that fact that the ecological status and distribution 

of functional traits within the invertebrate community—whether species-rich or functionally 

diverse—play a key role in determining the impact of chemical stress on ecological function 

performance (Baert et al., 2017).  
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Since feeding activity of freshwater invertebrates is not only linked to but drives many ecological 

processes and functions in freshwater systems (Graça et al., 2001; Bloor et al., 2005) and is a 

sensitive ecotoxicological endpoint (Agatz et al., 2014), feeding is a useful endpoint to extrapolate 

from individual to functional level impacts (Bloor et al., 2005; Ford et al., 2021). A systematic review 

of the peer-reviewed literature revealed that feeding is a toxicity endpoint that can be measured 

on a wide range of taxa, across all functional feeding groups studied, in response to a range of 

chemical stressors. However, there is scarce information about the effects of single chemicals on a 

range of taxa, making it difficult to draw conclusions about chemical impacts on the ecological 

functions, using feeding data alone. Data are concentrated on a limited number of chemicals and 

standard species (e.g., Daphnia spp., Gammarus spp., Dreissena sp., Brachionus sp.), mirroring the 

distribution of toxicity data for other well-studied endpoints (Oginah et al., 2023). This lack of 

comprehensive data continues to hinder the implementation of an ecosystem services approach 

to risk assessment (Maltby et al., 2021), highlighting the ongoing need for cross-species 

extrapolation (van den Berg et al., 2021). However, a strong positive correlation was found between 

feeding sensitivity and lethality for neurotoxicants—indicating that lethality data could be used to 

infer feeding sensitivity for these chemicals—the relationship was less clear for other contaminants. 

This supported by the fact that feeding inhibition is a general stress response (Hellou et al., 2010), 

rather than one driven by specific biochemical mechanisms. This lack of specificity complicates 

mechanistic predictions of how chemical exposure affects the feeding activity of individual 

invertebrates. Furthermore, the available data are heavily concentrated on filter feeders, limiting 

the ability to extrapolate findings across different functional feeding groups (FFGs). The scarcity of 

feeding data and the absence of standardised feeding assays across species made it difficult to 

assess species-specific chemical sensitivities or to link these sensitivities to specific chemical modes 

of action. Nonetheless, while changes in feeding activity may be an endpoint that can be measured 

with a wide range of freshwater invertebrates, across functional feeding groups. 

The thesis then examined how individual-level impacts on energy uptake translate to population-

level responses and the performance of ecological functions. This was done using dynamic energy 

budget (DEB) individual-based models (IBMs) for two key freshwater shredders, Gammarus pulex 

and Asellus aquaticus, adapted from the G. pseudolimnaeus DEB IBM of Galic et al., (2017). These 

species were identified as important for studying the effects of individual feeding activity on 

broader ecological functions (Chapter 3). 
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In Chapter 4, single consumer population responses were assessed in the context of impacts on 

consumers (reduced feeding rates and assimilation efficiency) and on resources (food quality and 

availability). Population-level responses varied in response to different pathways of impact. Both 

G. pulex and A. aquaticus populations were highly responsive to and similarly affected by changes 

in food availability and assimilation efficiency. The maximum deviation in median population 

abundance decreased almost linearly with reduced food availability, consistent with previous field 

studies demonstrating a positive correlation between shredder density and leaf litter availability 

(Cummins et al., 1973; Murphy and Giller, 2000). The reduction in assimilation efficiency 

represented declines in both food quality and consumer digestion efficiency; however, as these 

factors were modelled identically, it was not possible to distinguish between them. Chemicals like 

fungicides and copper can impair both the digestive enzymes of consumers and microbial 

communities on leaf litter, affecting the quality of resources to shredders (Dedourge-Geffard et al., 

2009; Zubrod et al., 2011, 2015). While few population studies have focused on species abundance 

in response to chemical impacts on nutritional quality or assimilation efficiency (Zubrod et al., 

2019), long-term fungicide exposure in streams has been linked to reductions in macroinvertebrate 

communities (Lin et al., 2012; Fernández et al., 2015), particularly in colder climates where fungal 

growth rates are slower (Graça et al., 2023). Similarly, mesocosm studies have shown that fungicide 

exposure can lead to declines in gammarid density due to the loss of fungal biomass (Zubrod et 

al., 2014). These findings highlight the importance of indirect pathways of effect on consumer 

resource systems and sub organism effects having potentially far-reaching impacts on populations 

than individual level responses.  

Single-species populations were, however, resistant to feeding inhibition up to a 50% threshold 

(Chapter 4), beyond which mortality rates sharply increased and population abundance declined 

substantially. However, thresholds of population level collapse (70 and 80% for Gammarus and 

Asellus respectively) were comparable to those reported in modelling studies (Baird et al., 2007; 

Gabsi et al., 2014; Galic et al., 2017) but higher than those from short term studies in field conditions 

(Maltby et al., 2005). This discrepancy may stem from lack of environmental factors such as variable 

temperature and resource availability in the model assumptions, or system-level factors, such as 

interspecific competition for resources, which can increase the sensitivity of the more sensitive 

species (Knillman et al., 2012).  

When interspecific competition for resources was introduced, both the difference in relative 

sensitivity and the initial density of the competing species were found to be important factors in 
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population response to feeding inhibition (Chapter 6). When species differed in their sensitivity to 

stress, the effects of feeding inhibition became more pronounced compared to the single 

population level, agreeing with previous empirical studies where, when competition species differ 

in sensitivity, interspecific competition for resources exacerbated the impacts of chemical stress on 

populations (Knillman et al., 2012; Foit et al., 2012; Liess, 2013; Boutin et al., 2019). However, results 

here suggest that the initial ratio of the two species also influences the impact of chemical stress 

on the system, with exclusion times shortest when the tolerant species was most abundant. This 

indicates that assemblage structure, not only composition, plays an important role in the in the 

impact of chemical stress on competing species. However, when both species had similar sensitivity 

to chemical stress and experienced equal levels of feeding inhibition, the occurrence of coexistence 

between them increased. These results agree with empirical findings of del Arco et al. (2015a) and 

Schnuck and Liess (2024), where chemical stress elevated interspecific competition between 

species, increasing coexistence. However, whether a chemical stressor elevates or enhances the 

impact of interspecific competition depends on not only on the difference in sensitivity between 

species but also the difference in their competitive abilities or strength (Cordeiro et al., 2014; Van 

Den Brink et al., 2017). This supports the fact that life history and functional traits of competing 

species also influence the impact of chemical stress in multispecies systems. 

With regard to consequences on the performance of ecological functions, while both species are 

involved in leaf processing, they differ significantly in their sensitivity to chemical exposure (Chapter 

3) and their efficiency in performing this function (Graça et al., 1994). At the single species level, 

food availability had the most significant impact on leaf processing rates, decreasing almost linearly 

with reduced food levels, while reductions in feeding rates and assimilation efficiency had a lesser 

impact on leaf consumption, especially for Gammarus populations. This resilience in leaf processing 

suggests that these populations may compensate for lower feeding rates through mechanisms like 

competitive release. Leaf processing by Gammarus and Asellus emerged as the most sensitive 

endpoint to stressors compared to population abundance and prey provision, underscoring the 

ecological importance of macroinvertebrate-driven decomposition and its role as an indicator of 

chemical stress in aquatic ecosystems. In the coupled scenario, while total leaf processing rates 

were not calculated, it is inferred that changes in SPU structure could have consequences for leaf 

processing due to differences in functional efficiency between species. These findings support the 

use of invertebrate-driven leaf loss as an indicator of chemical stress (Gessner and Chauvet, 2002; 

Young et al., 2008). Gammarus feeding rates, a known ecological endpoint, are often used in situ 
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as water quality indicators and are analogous to leaf processing rates (Maltby et al., 2002; Bloor et 

al., 2006). The study highlights the importance of leaf litter processing rates as indicators of 

chemical stress, responsive to various toxicity pathways, though population-level effects may vary 

due to intraspecific interactions. 

Prey provision was found to be more sensitive than population abundance, particularly for Asellus, 

as the DEB model prioritises energy for growth and maintenance over reproduction (Chapter 3). 

Both Gammarus and Asellus are significant prey for fish species like trout and perch, with potential 

ecosystem impacts; for example, chemical-induced reductions in food resources could reduce fish 

populations that rely on these invertebrates (Rask and Hiisivuori, 1985; Wilzbach et al., 1986; Tyson 

and Knight, 2001). The study found cumulative impacts (total area under the effect curve) to be a 

more comprehensive measure of long-term prey provision declines than maximum deviation 

alone, as this method captures gradual reductions in prey over time, which may more accurately 

predict impacts on fish populations. While in the coupled scenario, there was little impact of 

feeding inhibition on total shredder abundance, shifts in SPU structure could have impacts on the 

foraging activity of fish due to prey preferences (Chalcraft and Resetarits, 2003). 

6.2 Evaluation of the use of the models 

Both species models underpredicted the reproductive output of individuals (Chapter 3). Given that 

reproduction is a critical factor in population dynamics, fitness, and recovery (Galic et al., 2012), it 

is essential that DEB models accurately capture this process. The underprediction of reproductive 

output introduces uncertainty into model predictions, particularly when reproductive differences 

between species are a focus. While theoretically, both Gammarus and Asellus should exhibit 

metabolic acceleration (Kooijman, 2014), this is not always observed in laboratory growth studies 

(Galic et al., 2016). It is important to note that the primary aim of this study was not to develop DEB 

IBMs for use in regulatory ERA, but rather to understand the broader ecological impacts of 

chemically induced effect on the feeding behaviour of individuals. This study offers an important 

contribution by demonstrating how ecological dynamics unfold across different levels of biological 

organisation, all within a consistent modelling framework. By systematically incorporating 

ecological interactions and factors that could influence chemical impacts on the ecological 

functions of two freshwater shredder species, this research sheds light on how these species' 

performance may be affected. 
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Since the development of the models used in this thesis, Mangold-Döring et al. (2024) published a 

DEB IBM for Gammarus pulex, encountering similar challenges with reproductive output under the 

abj model (with metabolic acceleration). To address this, they applied a correction factor to the 

fecundity function by adjusting the calibration of the reproduction buffer. Given this study was 

published after the development of the models, this approach was not utilised in this thesis. 

However, this is a viable and necessary solution to the development of the mode and underscores 

the ongoing need for refinement in DEB models to ensure accurate predictions of reproductive 

dynamics (Jager and Ashauer, 2022). 

A limitation of the DEB IBMs in this study is the use of a closed system with fixed environmental 

conditions, resulting in stable consumption rates for both populations. Unlike the original 

Gammarus model by Galic et al., (2017), this model did not account for temporal dynamics like 

seasonal recruitment cycles, which are crucial for functions such as prey provision. For example, 

winter population growth and spring resource availability can significantly influence individual 

reproductive success and population structures (Gee, 1988; Biro et al. 2003). Without incorporating 

these seasonal dynamics, the model's ability to simulate real-world ecological processes is limited. 

Nonetheless, these findings highlight the need to consider both ecological structure and function 

in environmental risk assessments, as shifts in species interactions and population dynamics can 

have cascading effects on ecosystem services like food web stability and nutrient cycling. The 

model offers insights into species dynamics under resource-limited conditions by offering a 

controlled framework for studying key ecological processes that may influence chemical induced 

effect on the feeding of Gammarus and Asellus. The absence of seasonal environmental variation 

was intentional, as the primary goal was to investigate the mechanisms of species interactions in a 

stable, resource-constrained environment. 

Nonetheless, with the limitation of the models, the question is are the results of this study valid? 

Models have long been used to test hypotheses and used in stress ecology to identify processes 

and ecological interactions that have fundamental repercussions for ecosystems (de Laender et al., 

2015; Rico et al., 2016). DEB IBMs continue to do that in a more detailed way, enabling the user to 

test increasing complex scenarios. This study highlights key factors that influence the extrapolation 

of individual chemical stress effects to impacts on ecological functions, which in turn underpin 

ecosystem service delivery. If single-species models were refined to better represent reproductive 

output by adjusting fecundity functions, it is expected that while the exact quantitative outcomes 

might differ, the overall patterns of impact would remain consistent. For example, in the single-
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species model, an increase in reproductive output for both species could lead to larger population 

sizes and higher growth rates. This might affect the percentage change in population abundance, 

potentially amplifying the impacts due to an already high reproductive output. In coupled species 

models, where coexistence dynamics are influenced by both feeding rates and reproduction, 

therefore modifying reproductive parameters could alter the predicted range of conditions under 

which coexistence or exclusion occurs. These changes may even shift the specific thresholds of 

population exclusion. However, the broader patterns of impact—such as how species ratios and 

population densities influence outcomes in environments where species compete for resources—

are likely to remain. 

One limitation in the implementation of the models in this study, particularly for the coupled 

analysis (Chapter 6), is that DEB IBMs are computationally demanding. NetLogo, the model 

language used in this thesis, is a generic and accessible programming language for the 

implementation of individual based and individual based DEB models (Martin et al., 2012). Its 

simplicity and relative ease of use make it especially valuable in regulatory chemical risk assessment 

contexts, where risk assessors and managers may have limited programming expertise. However, 

NetLogo is not the most powerful or efficient programming language for developing complex 

models like DEB IBMs, particularly when coupling them (as done in Chapter 6), or in multi-patch 

environments (which was trialled and unsuccessful in the development of the model in chapter 6). 

In this case, more powerful and efficient languages such as Python or Julia could be better suited 

to handle such complexity, however agent-based modelling in these languages, particularly Julia, 

is still relatively new (Vahdati, 2019). Furthermore, there is a gap in the availability of knowledge, 

experience, and documentation for Julia and a notable absence of Python implementation within 

the field of ERA. Consequently, models implemented in these languages remain largely inaccessible 

at the present time. The implementation of more efficient programming languages, designed with 

user-friendly interfaces, could broaden accessibility to modelling tools and enhance the scope and 

quality of modelling in ERA. 
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6.3 Implications for the application of an ecosystem services approach to 

risk assessment? 
The ecosystem services approach to chemical risk assessment aims to link chemical induced effect 

on individuals or service providing unit to impacts on ecological functions that underpin ecosystem 

service delivery (Maltby, 2013; Maltby et al., 2017; Devos et al., 2019). By addressing spatial and 

temporal variations in hazard and exposure, the ecosystem services approach allows for localised 

risk assessments. This enables risk managers to balance chemical use with ecological costs, shifting 

from the goal of protecting “everything everywhere all the time” (Holt et al.,2016) to a more 

targeted, context dependent protection strategy (Devos et al., 2015).  

Given that the impact of chemical stress on ecosystems is dependent of ecological context 

(Clements et al., 2016), incorporating context dependent chemical effects in an ecological risk 

assessment requires a well-defined ecological scenario. While scenarios have been developed for 

chemical fate assessments (FOCUS, 2005), they have yet to be defined for ecological scenarios (Rico 

et al.,2016; Franco et al., 2017). Developing such scenarios for ERA involves identifying key 

ecological factors that influence the outcomes of risk assessments. Results of this thesis highlight 

the importance of species identity, chemical mode of action (or pathway of impact) (Figure 6.1), 

community structure as well as composition (Figure 6.2) when assessing chemical impacts on 

ecological functions in a recreational fishery. 

6.3.1 Linking what we measure to what we want to protect 

A central challenge in ERA lies in determining whether observed effects on standard test species 

are reliable indicators of broader impacts on ecosystem functioning (Maltby et al.,2018). This 

question becomes particularly relevant when attempting to extrapolate species-level responses to 

changes in ecosystem processes.  

Firstly, it was proposed that feeding behaviour would be an appropriate endpoint to link individual 

level effects to population level response and impacts on ecological functions. Feeding behaviour 

is sensitive ecotoxicological measure and a general response to chemical exposure (Hellou, 2010). 

Feeding inhibition, for example, can lead to both individual reproductive failure and mortality 

(Agatz et al., 2013). However, measuring such standard endpoints may not fully capture the 

sublethal and cumulative consequences of feeding inhibition due to individual buffering processes. 

While these endpoints play a fundamental role in ERA, they may overlook early-warning indicators 
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of ecological stress that feeding may detect (Hellou et al., 2010) and underestimate long term 

impacts on function (Ford et al., 2024), such as organic matter processing and population structure 

which is important for size selective foraging of predators. Feeding inhibition, for example, can lead 

to both individual reproductive failure and mortality (Agatz et al., 2013) yet results of this thesis 

suggest that its ecological implications may differ depending on how feeding is impacted (i.e. 

pathway of impact), the relative sensitivity of species in the assemblage, and the relative abundance 

of competing species.  In particular, these findings show that the pathway through which energy 

uptake by invertebrates is reduced can lead to varying population and functional consequences, 

with reductions in food availability and assimilation efficiency having a greater impact on individual 

populations than reductions in ingestion. The population modelling outcomes of this thesis 

therefore highlight two significant gaps in current risk assessment frameworks for an ecosystem 

services approach to risk assessment: first, interspecific competition can alter individual-level 

impact extrapolations to population-level responses, and second, the specific impact pathway is 

crucial in determining the extent of ecological disruption. Therefore, assessments should consider 

not only the physiological mode of action (Ashauer and Jager, 2018) but also the ecological 

pathway of impact, which can be conceptualised through evidence-based logic chains (Hayes et 

al., 2018; Fleeger, 2020). 

  

Figure 6.1: Conceptual model illustrating the connections from chemical induced change in 
individual energy uptake to ecosystem services in a freshwater fishery. Pathways of impact on 
individual energy uptake (food intake, assimilation efficiency, digestion efficiency, food quality, 
and food availability) impact two key shredders species populations, Gammarus pulex  and Asellus 
aquaticus. These populations contribute to ecological functions, leaf processing and prey 
provision, which ultimately support the ecosystem service of recreational fishery. 
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One of the key challenges in applying the ecosystem services approach to ERA is the mismatch 

between the species used in single species toxicity tests—typically standard model organisms—

and the species that perform the ecological functions of interest (Maltby et al., 2018). To address 

this gap, various methods have been developed to enable cross-species extrapolation of toxicity 

data to non-model organisms. The most established and widely used approach is the SSD, which 

uses toxicity data from broad range of taxonomic groups to estimate the distribution of species 

sensitivities (Postuma et al., 2001). These can be used to estimate a hazardous concentration (HCx) 

for a specified protection level (e.g., HC5, protecting 95% of species). While SSDs are broadly 

applicable, they may underestimate the risk for chemicals with specific modes of action targeting 

particular taxonomic groups (Oginah et al., 2023). Trait-based approaches offer an alternative, 

using sensitivity-related traits to estimate responses in untested species (Van den Berg et al., 2019), 

while phylogenetic methods infer sensitivity based on taxonomic relatedness (Craig, 2013; 

Spurgeon et al., 2020).  However, such approaches have limitations: trait-based methods are 

constrained by the lack of trait data for many non-model species and may not capture all relevant 

ecological or physiological factors (Van den Berg et al., 2021), while phylogenetic relatedness may 

not reflect ecological or functional differences. 

Current ERAs often rely heavily on taxonomic, not functional, species classifications to evaluate 

chemical impacts, typically focusing on a limited set of model species (e.g. algae, fish, and 

invertebrates). While this approach simplifies assessments, it can overlook ecological variability, 

Figure 6.2: Summary of results of how different pathways of effect on individual energy uptake 
can influence the relative consequences of the performance of ecological functions (Leaf 
processing and Prey Provision) of single populations of Gammarus pulex  and Asellus aquaticus 
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particularly regarding species’ roles in ecosystem functioning. In this thesis, while Gammarus and 

Asellus exhibited similar overall patterns of response to chemical exposure, the impact on 

functional performance differed (Figure 6.2). This highlights a key limitation in conventional ERAs: 

taxonomic identity alone does not adequately capture differences in ecological function or 

chemical sensitivity. Categorising species based on their function rather than taxonomic identity 

can reduce complexity in ERAs, while maintaining predictive accuracy when assessing chemical 

impacts on key ecological functions. For example, Rumschlag et al. (2020) demonstrated that 

pesticide impacts in outdoor experimental ponds showed consistent patterns across assemblages 

when species were grouped by functional feeding roles and pesticides by mode of action. However, 

ecological function is not defined solely by feeding. Functional efficiency and life history traits also 

play an important role (Jonsson and Malmqvist, 2003). In this thesis, although Gammarus and 

Asellus are both classified as shredders (Tachet et al., 2010) (in the literature, Gammarus is 

sometimes also classified as a predator Kelly et al. (2002), and Asellus a gatherer Kunz et al. (2021)), 

the results illustrate that population-level responses to chemical impacts on energy uptake are 

shaped by species-specific life histories and individual sensitivities. Impacts on ecological function 

performance are influenced not only by population-level effects but also by changes in population 

structure and individual functional efficiency. Furthermore, while functional feeding group 

classifications provide some insight into changes in assemblages structure, they may overlook the 

broader ecological roles of individual species such as preferred prey (Chalcraft and Resetarits, 

2003). So, while grouping species by functional feeding groups can streamline ecological risk 

assessments and enhance predictive power, by emphasising ecological roles over taxonomic 

identity, this approach may overlook key interspecies differences in chemical sensitivity. Relying 

solely on functional feeding group classifications risks obscuring critical nuances, potentially 

limiting our understanding of the broader ecological impacts of pesticide exposure. 

Currently, ERAs typically focus on direct toxic effects on individual species, often overlooking the 

indirect, food web mediated pathways through which chemicals can alter ecosystem functioning 

(Fleeger, 2020). This approach can miss key ecological interactions, such as resource availability 

and quality, that significantly influence organismal responses. For example, shredder populations 

were shown in this thesis to be particularly sensitive to changes in food availability and assimilation 

efficiency—both of which are affected by the microbial composition of conditioned leaf litter 

(Bärlocher et al., 1979). These findings support the need to integrate food web-level considerations 

into ERAs (Rico et al., 2016). Further to their importance of ecosystem services (Seena et al., 2020), 
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including ecotoxicological data from microbial species could provide critical insights into resource-

related changes affecting shredding activity in these species, as impacts on lower trophic levels 

tend to propagate throughout the food web (Relyea and Hoverman, 2006). Although linking dose-

response curves to changes in leaf litter quality remains complex (Lebrun et al., 2020), a tiered 

approach to ecological assessment—where lower-level impacts signal potential higher-order 

effects—could improve sensitivity in detecting resource-related disruptions to ecological functions 

performed by populations of species. Consequently, incorporating food web-level assessments and 

microbial ecotoxicological data could offer a clearer, more comprehensive view of resource-based 

chemical impacts (Rico et al., 2016). While such assessments add additional complexity and data 

demands, incorporating food web dynamics and microbial data can lead to a more holistic 

understanding of how chemical stressors affect ecosystem functions. 

Conventional ecological risk assessments and modelling approaches often look at species 

populations in isolation, overlooking how interspecific interactions—such as competition within 

functional feeding groups—can shape ecological outcomes. This simplified approach risks 

underestimating the complexity of chemical effects at the population and community levels. This 

findings in this thesis demonstrate that interspecific competition within a functional feeding group, 

can substantially alter predicted population level outcomes of individual feeding inhibition. The 

difference in sensitivity and initial densities in competing species also impact the predictions 

(Figure 6.3), emphasising the need to incorporate these interactions within risk assessment 

frameworks. For example, results from Chapter 5 suggest that in a Gammarus-dominated system, 

a 10% reduction in Gammarus feeding activity due to chemical exposure may shift competitive 

dynamics, gradually leading to Asellus dominance over approximately one year. This shift 

significantly impacts ecosystem functions: as Gammarus is a more efficient shredder (Graça et al., 

1994) with its decline correlated with reduced leaf litter processing (Forrow and Maltby, 2000; 

Maltby et al., 2002), disrupting energy flow. Additionally, although total prey biomass may increase 

due to greater shredder abundance (Table 3.14), the prevalence of the smaller Asellus prey could 

negatively affect fish growth, which prefer larger prey items (Newman and Waters, 1984; Anderson 

et al., 2016). Conversely, in an Asellus-dominated system, a 10% reduction in Gammarus feeding 

has limited effects on shredder dynamics, maintaining stable leaf processing rates and ecosystem 

function due to little shift in community structure. While Asellus dominance supports steady prey 

availability for fish, the lower biomass of Asellus yields and smaller prey sizes (Table 3.14), which 

may subtly influence fish diet quality without significantly impacting overall prey provision. While 
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these results represent only a subset of factors that influence chemical effects on the performance 

of ecological functions, they demonstrate how population and community level responses to 

individual feeding inhibition can differ. Furthermore, exclusion of sensitive species occurred within 

1 year from the 20% effect level. This highlights the need to incorporate ecological interactions 

and longer-term population dynamics into ERAs.  

 

A key consideration in ERA moving forward is the appropriate application of peak effects and time 

variable effects (Ashauer and Brown, 2013; Jager, 2024), here captured by cumulative impacts. 

While peak effects describe the maximum observed deviation from baseline conditions, cumulative 

impacts account for the total magnitude and duration of the effect, often expressed as the area 

under the effect curve. These metrics serve different purposes and are suited to different types of 

stressors and ecological endpoints (Ashauer and Brown, 2013). The findings of this thesis suggest 

that cumulative impacts may serve as a more ecologically relevant measure of long-term ecosystem 

service disruptions, particularly in relation to prey provision. While peak deviations may indicate 

acute effects, the cumulative decline in prey availability—reflected as a gradual reduction over 

time—is likely a more accurate predictor of impacts on higher trophic levels, such as fish 

populations. The choice between using peak effects or cumulative impact metrics might depend 

largely on the chemical exposure profile (Ashauer and Brown, 2013), the type of ecosystem service 

Figure 6.3: Conceptual model illustrating the connections from chemical induced change 
in feeding of Gammarus or Asellus may lead to changes in the delivery of ecosystem 
services in a freshwater fishery. 
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or function being assessed (Devos et al., 2019) which is also encompassed by the scale of the 

observation (Simmons et al., 2021). Integrating these considerations into traditional ERA 

frameworks may be challenging due to the lack of specific protection goals in higher tiers. However, 

within an ecosystem services-based framework, where services of interest can be explicitly defined 

in space and time, selecting the appropriate metric becomes not a question of whether to 

incorporate such complexity, but when and how to do so. 

Peak effects may be more appropriate in scenarios involving short-lived high concentration 

exposure events, particularly where lethal toxicity thresholds are exceeded for short periods (i.e. 

days), causing acute harm to sensitive species. This is especially relevant for key ecological functions 

that are temporally constrained, such as for the presence of keystone, provisioning, or culturally 

significant species during specific life stages or seasons. In contrast, cumulative impacts may be 

more suitable for the assessment of ecosystem services that are temporally driven, such as prey 

availability, population size structure (Gee, 1988; Biro et al., 2003), or organic matter processing. 

This may be of particular interest for continuous, low-level or repeated exposures where impacts 

accumulate over time. Such scenarios are commonly observed in systems with chronically poor 

water quality, where reduced processing rates (Maltby et al., 2002; Peters et al., 2013) or change in 

species composition (Liess et al., 2021) are indicative of long-term ecological change. It is therefore 

important to select the appropriate impact metric to accurately capture the risk of chemical 

exposure to ecosystem services. 

Conventional ERAs often rely on short-term toxicity tests and fixed thresholds—such as a >10% 

deviation in feeding rate over 28 days—to determine acceptable chronic effects (Van den Brink, 

2008; EFSA, 2013). However, this approach may overlook cumulative and indirect effects that 

emerge over longer timeframes. The findings in this thesis highlight that such short-term tests can 

miss ecologically meaningful impacts: exclusion of one species occurred only after one year of 

sustained 10% feeding inhibition, well below typical toxicity thresholds. This highlights the 

potential for long-term, sublethal effects to alter community structure and ecosystem function—

outcomes that are not captured by standard assays (Neinstedt et al., 2012; Franco et al., 2016). 

Moreover, indirect ecological interactions can have impacts equal to or greater than those 

observed in direct toxicity tests (Gessner and Tlili, 2016; Fleeger et al., 2020). While these findings 

suggest that the current 10% threshold may be overly protective in some contexts, a more 

ecologically informed interpretation is that chemical impacts should be evaluated not only by the 
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magnitude of individual responses but also by their ecological context. By incorporating 

information about species' functional efficiency—such as Gammarus being a more effective 

shredder (Graça et al., 1994b)—and projected population structures derived from single-species 

models, we can better understand how subtle changes in population composition (e.g., in structure 

of the SPU) may cascade into meaningful disruptions in ecological function. This supports a move 

toward more ecologically integrated ERAs that account for long-term dynamics and functional 

outcomes. 

Standard toxicity tests that link chemical concentrations to individual level effects are typically used 

in ecological risk assessments. However, this approach may not capture impacts on ecological 

processes in complex systems often involving multiple species and their interactions (Peters et 

al.,2013), such as decomposition and nutrient cycling. This oversimplification therefore may limit 

the ability of ERAs to account for the resilience and function of ecological systems under chemical 

stress. The insurance hypothesis proposes that species diversity promotes functional diversity 

which, in turn, enables functional redundancy - offering a buffer against the loss of ecosystem 

functions (Yachi and Loreau, 1999; Loreau et al., 2020). According to this hypothesis, species rich 

systems should be more resilient to stress as multiple species can perform multiple functions. 

However, this relationship is not linear nor consistent across all environments (Laureto et al., 2015). 

Instead, diversity of functional traits often provides a more robust explanation for ecosystem 

performance than species diversity alone (Laureto et al., 2015). Consequently, loss of species can 

have little or great impact on the performance of ecosystem functions, depending on which species 

are loss. Nonetheless, empirical evidence indicates that changes in proxy measures of function, 

such as invertebrate feeding activity, can correspond to functional impairments in aquatic systems 

(Forrow and Maltby, 2000; Rasmussen et al., 2008). This highlights the importance of integrating 

functional endpoints into ERAs. Contrary to typical assumptions in ERA, functional diversity alone 

is not necessarily an indicator of resilience (Biggs et al., 2020). The effectiveness of functional 

redundancy depends on the scale of observation—spatially and temporally— given that species 

populations exhibit different life cycles and population dynamics (Loreau et al., 2020). Therefore, 

moving toward an assessment framework that explicitly considers functional traits and redundancy 

across scales could greatly improve the ecological realism and long-term predictive power of ERAs. 

Given that ecosystem services are frequently spatially explicit, this study underscores the 

importance of incorporating assemblage status into ERA frameworks. Furthermore, the findings 

emphasise the need to consider species identity and inter-trophic interactions, as these factors can 
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amplify the ecological impacts of chemical exposure. This thesis reinforces the call for clearer 

definitions of ecological scenarios when evaluating chemical effects on ecosystem services 

(Neinstedt et al., 2012; Franco et al., 2016), particularly in addressing spatial variations in the 

ecological status of freshwater systems (Holmes et al., 2022). For more robust ERAs, it is crucial to 

integrate functional traits and inter-trophic interactions, as these elements significantly influence 

ecosystems' resilience to chemical stressors. 

6.4 Conclusions 

In conclusion, this thesis illustrates that impacts on the feeding activity of freshwater invertebrates 

can have far reaching consequences to impacts on ecosystem services delivery. However, the 

impacts of chemical stressors on the performance of ecological functions in freshwater systems are 

highly context dependent. Impacts on ecological structure and functions can be influenced by 

combination of factors including functional feeding group, chemical mode of action, species life 

history traits, interspecific competition, and initial species densities. 

Feeding activity emerged as a useful indicator of chemical impacts at both individual and 

population levels, revealing the importance of indirect pathways affecting consumer-resource 

systems and suggest that sub-organism effects may have more substantial impacts on populations 

than individual-level responses. While there is little feeding data available for most species in 

response to many chemicals, the relative sensitivity of feeding in response to chemical stress can 

be inferred from lethality data, for a few specific chemical modes of action. Furthermore, the thesis 

highlights the relevance of feeding activity for understanding broader ecosystem effects on 

processes such as leaf decomposition and prey availability. Through extrapolatory modelling, this 

research illustrates how individual changes in energy uptake can lead to varying impacts on 

ecological functions. By applying dynamic energy budget (DEB) individual-based models (IBMs) to 

key species, the study emphasises the significance of interspecies interactions and competitive 

dynamics in predicting chemical effects on ecosystem function.  

However, results from this thesis suggest that impacts on feeding activity only led to significant 

adverse consequences greater than those predicted from individual toxicity tests when interspecific 

competition for resources is considered, while impacts on the resource reveal impacts at the single 

population level.  These findings both suggest that ecological interactions, not only direct effects 

on the consumer, have great impact on the outcome of a risk assessment and should therefore, if 

not be included, be considered when assessing risk of chemical impact on ecosystem services. The 
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study highlights the critical need to consider both ecological and environmental contexts in risk 

assessments, as variations in species richness and differences in species sensitivity within the same 

functional feeding group can profoundly influence the structure of species that perform essential 

ecosystem functions.  
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Appendices 
Appendix for Chapter 2 

Table A2.1: Search parameters and results of search for feeding assays in the US Environmental 
Protection Agency ECOTOX database (conducted on 21.12.2022) 

Search Parameters 

Category Parameters Value   

Habitat Aquatic Aquatic   

Chemicals  All   

Effect Measurements 
Behavior 

Group 

Avoidance  

Behavior   

Feeding Behavior  

Species Animals 

Insects/Spiders  

Other Invertebrates  

Crustaceans  

Molluscs   

Worms   

Test Conditions 

Exposure 

Media 
Water - Fresh Water 

Test 

Locations 
Lab   

Results 

Filter 
No. 

Endpoints 

No. 

Studies 
Endpoints 

1 endpoint / 

chemical / species / 

study 

Aquatic-Export 4991 641   

FeedingEndpoints+ExposureType 606 94 321 212 
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Figure A2.0.1: Count of assays per taxonomic group in the feeding (left) and lethality (right) 
datasets. Colours represent the Class. 
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Figure A2.0.2: Functional feeding groups (FFGs) were assigned to species within families in the 
lethality (Left) and Feeding (Right) datasets. This figure represents the number of families 
assigned per source of FFG information.  
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Table A2.2: The taxonomic distribution of lethality data within taxonomic levels (phylum, class, 
and order) for each functional feeding group and then across all available data (Total). Values 
reflect the proportion of available for that taxonomic group within the greater taxonomic level 
(i.e. across classes within a phylum, across orders within a class) 

Taxa 

Filterer 

G
atherer 

Herbivore 

Predator 

Shredder Grand Total 
Annelida   4.5   3.8   1.6 

Clitellata   78.7   70.2   75.4 
Arhynchobdellida    90.9  32.6 
Lumbriculida  100.0    64.1 
Rhynchobdellida    9.1  3.3 

Polychaeta   21.3   29.8   24.6 
Amphinomida  25.0    13.3 
Phyllodocida  31.3  100.0  63.3 
uncertain order  43.8    23.3 

Arthropoda 84.6 90.3 36.8 86.3 91.1 79.1 
Arachnida       1.3   0.2 

Sarcoptiformes    7.1  7.1 
Trombidiformes    92.9  92.9 

Branchiopoda 62.2 0.1       21.3 
Anostraca 15.8     15.8 
Diplostraca 84.2     84.1 
Notostraca  100.0    0.1 

Hexanauplia 8.6     4.8   3.8 
Cyclopoida 35.4   100.0  49.8 
Harpacticoida 56.4     43.8 
Sessilia 8.3     6.4 

Insecta 4.1 25.9 41.9 21.6 17.1 17.5 
Coleoptera   8.0 14.2 5.2 5.4 
Diptera 62.8 75.3 20.6 22.4 22.7 44.5 
Ephemeroptera 20.9 16.3 23.1 5.6 2.3 13.4 
Hemiptera 12.8 4.3 7.0 19.4  8.0 
Hymenoptera    0.4  0.1 
Lepidoptera    0.9  0.2 
Megaloptera    3.0  0.6 
Odonata    14.2  3.1 
Plecoptera  4.1 40.2 18.5 69.2 23.9 
Trichoptera 3.5  1.0 1.3 0.6 0.8 

Malacostraca 21.1 74.0 58.1 72.3 82.9 55.8 
Amphipoda 8.3 31.9 0.4 5.9 52.8 25.5 
Decapoda 14.1 29.2 95.7 49.4 37.6 39.1 
Isopoda  7.9 4.0  9.6 5.2 
Mysida 77.6 31.0  44.7  30.2 

Maxillopoda 2.5         0.8 
Calanoida 100.0     100.0 
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Ostracoda 1.6         0.5 
Podocopida 100.0     100.0 

Bryozoa 0.5         0.2 
Phylactolaemata 100.0         100.0 

Plumatellida 100.0     100.0 
Ciliophora 1.1         0.4 

Gymnostomatea 3.6         3.6 
Pleurostomatida 100.0     100.0 

Heterotrichea 14.3         14.3 
Heterotrichida 100.0     100.0 

Hypotrichea 21.4         21.4 
Euplotida 100.0     100.0 

Oligohymenophorea 60.7         60.7 
Hymenostomatida 52.9     52.9 
Peritrichida 47.1     47.1 

Cnidaria       2.5   0.4 
Hydrozoa       100.0   100.0 

Anthoathecata    100.0  100.0 
Echinodermata       0.8   0.1 

Ophiuroidea       100.0   100.0 
Amphilepidida    100.0  100.0 

Mollusca 7.5 1.1 63.2   8.9 14.3 
Bivalvia 100.0 5.3       16.8 

Mytiloida 33.7     33.5 
Unionoida 44.9     44.7 
Venerida 21.4 100.0    21.8 

Gastropoda   94.7 100.0   100.0 83.2 
Architaenioglossa   19.7   17.3 
Hygrophila  22.2 61.1  100.0 64.4 
Littorinimorpha  16.7 0.6   0.9 
Neogastropoda   0.9   0.8 
Pleurotomariida   0.2   0.2 
Sorbeoconcha  61.1 17.5   16.5 

Platyhelminthes   4.1   6.6   1.9 
Turbellaria   100.0   100.0   100.0 

Rhabdocoela    1.2  0.7 
Tricladida  100.0  98.8  99.3 

Rotifera 6.2         2.0 
Eurotatoria 100.0         100.0 

Bdelloidea 4.5     4.5 
Ploima 95.5     95.5 

 

  



  

Page 206 of 225 
 

Table A2.3: The taxonomic distribution of feeding data within taxonomic levels (phylum, class, 
and order) for each functional feeding group and then across all available data (Total). Values 
reflect the proportion of available for that taxonomic group within the greater taxonomic level 
(i.e. across classes within a phylum, across orders within a class) 

Taxanomic Group 

Filterer 

G
atherer 

Herbivore 

Predator 

Shredder Grand 
Total 

Annelida   28.6       3.1 
Clitellata   100.0       100.0 

Tubificida  100.0    100.0 
Naididae  100.0    100.0 

Arthropoda 39.4 71.4   58.3 88.9 50.8 
Branchiopoda 61.5         24.2 

Diplostraca 100.0     100.0 
Daphniidae 100.0     100.0 

Insecta 7.7     57.1   15.2 
Diptera 100.0     20.0 

Chironomidae 100.0     100.0 
Hemiptera    25.0  20.0 

Belostomatidae    100.0  100.0 
Odonata    75.0  60.0 

Coenagrionidae    33.3  33.3 
Libellulidae    66.7  66.7 

Malacostraca 23.1 100.0   42.9 100.0 57.6 
Amphipoda 100.0 60.0  100.0 75.0 78.9 

Gammaridae 100.0 100.0  100.0 100.0 100.0 
Decapoda  40.0   25.0 21.1 

Atyidae     100.0 50.0 
Palaemonidae  100.0    50.0 

Ostracoda 7.7         3.0 
Podocopida 100.0     100.0 

Cyprididae 100.0     100.0 
Cnidaria       33.3   6.2 

Hydrozoa       100.0   100.0 
Anthoathecata    100.0  100.0 

Hydridae    100.0  100.0 
Mollusca 36.4   100.0   11.1 26.2 

Bivalvia 100.0         70.6 
Myida 25.0     25.0 

Dreissenidae 100.0     100.0 
Unionida 50.0     50.0 

Unionidae 100.0     100.0 
Venerida 25.0     25.0 

Cyrenidae 100.0     100.0 
Gastropoda     100.0   100.0 29.4 

Hygrophilla   100.0  100.0 100.0 
Lymnaeidae   75.0   60.0 
Planorbidae   25.0  100.0 40.0 

Platyhelminthes       8.3   1.5 
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Rhabditophora       100.0   100.0 
Tricladida    100.0  100.0 

Dugesiidae    100.0  100.0 
Rotifera 24.2         12.3 

Eurotatoria 100.0         100.0 
Philodinida 50.0     50.0 

Philodinidae 100.0     100.0 
Ploima 50.0     50.0 

Brachionidae 100.0     100.0 
Grand Total 100.0 100.0 100.0 100.0 100.0 100.0 
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Figure A2.0.3: SIMPER analysis showing the taxonomic similarity of functional feeding group used in the analysis of differences in 
sensitivity of FFGs for 48 chemicals using acute LC50 from lethality dataset in Oginah et al.2023) pt1. 
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 Figure A2.0.4: SIMPER analysis showing the taxonomic similarity of functional feeding group used in the analysis of differences in sensitivity of FFGs 
for 48 chemicals using acute LC50 from lethality dataset in Oginah et al.2023) pt2 
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Table A2.4: Results of the test for differences between LC50s from functional feeding groups 
(FFGs) for 48 chemicals using the protocol of Oginah et al.,(2023). Chemicals that revealed 
differences in sensitivity between FFGs are highlighted in bold in the “Test column” and the test 
used to derive its significance also stated 

Chemical mode of 

action 
Chemical Name 

No. 

Species 
p value Df 

F 

Value 
Test 

AChE inhibition 

Carbaryl 69 5.67E-04 4 5.675 ANOVA 

Diazinon 38 3.08E-02 3 3.401 ANOVA 

Fenthion 12 2.01E-03 1 17.152 ANOVA 

Malathion 102 3.80E-02 4 2.651 ANOVA 

Methomyl 31 3.61E-03 4 5.098 ANOVA 

Fenitrothion 49 2.32E-03 4 4.951 ANOVA 

Methyl parathion 50 4.99E-02 4 2.595 ANOVA 

Parathion 58 1.91E-01  0.191 KW_Rejected 

Azinphos-methyl 25 7.74E-01  0.774 Reject_ANOVA 

Chlorpyrifos 94 2.85E-01  0.285 Reject_ANOVA 

Mexacarbate 12 8.03E-01  0.803 Reject_ANOVA 

Phorate 22 2.10E-01  0.210 Reject_ANOVA 

Fenthion 55 1.13E-01  0.113 Reject_ANOVA 

Dichlorvos 19 9.19E-02  0.092 Reject_ANOVA 

Ammonium sulfamate 31 2.10E-01  0.210 Reject_ANOVA 

Propoxur 12 2.60E-01  0.260 Reject_ANOVA 

Dissolved Metal 

Cadmium chloride 117 4.08E-03 4 4.067 ANOVA 

Mercuric chloride 66 5.17E-04 4 5.784 ANOVA 

Zinc sulfate 62 1.78E-03 3 5.672 ANOVA 

Zinc chloride 31 1.17E-03 2 8.674 ANOVA 

Cadmium sulfate 16 5.47E-01  0.547 Reject_ANOVA 

Lead nitrate 13 4.94E-01  0.494 Reject_ANOVA 

Copper sulfate 85 1.04E-01  0.104 Reject_ANOVA 

Iono/Osmoregulatory/ 

Circulatory impairment 

Cadmium 28 1.10E-01  0.110 Reject_ANOVA 

Copper 27 1.02E-01  0.102 Reject_ANOVA 

Mercury 15 8.26E-01  0.826 Reject_ANOVA 

Potassium chloride 22 5.68E-01  0.568 Reject_ANOVA 

Neurotoxicity 

Lindane 59 2.58E-06 4 10.392 ANOVA 

Endosulfan 47 1.70E-02 4 3.513 ANOVA 

Endrin 41 5.22E-03 KW 0.005 KW 

Dieldrin 37 7.22E-01  0.722 Reject_ANOVA 
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Cypermethrin 31 4.47E-01  0.447 Reject_ANOVA 

Permethrin 46 8.09E-02  0.081 Reject_ANOVA 

Nonpolar Narcosis 

Phenol 113 1.34E-03 4 4.796 ANOVA 

Rotenone 18 3.00E-02 1 5.672 ANOVA 

DDT 68 5.14E-02  0.051 Reject_ANOVA 

Methoxychlor 30 4.22E-01  0.422 Reject_ANOVA 

Pentachlorophenol 68 6.05E-01  0.605 Reject_ANOVA 

Chlorothalonil 40 2.30E-01  0.230 Reject_ANOVA 

Acetone 31 6.74E-01  0.674 Reject_ANOVA 

Aniline 18 2.10E-01  0.210 Reject_ANOVA 

Atrazine 26 2.81E-01  0.281 Reject_ANOVA 

Benzene 13 7.07E-01  0.707 Reject_ANOVA 

Sodium 

pentachlorophenate 
20 3.03E-01  0.303 Reject_ANOVA 

Reactivity Potassium chromate 59 3.80E-01  0.380 Reject_ANOVA 

unclassified 

Ammonium chloride 33 4.03E-01  0.403 Reject_ANOVA 

Hexabutyldistannoxane 13 1.56E-01  0.156 Reject_ANOVA 

Sodium cyanide 13 1.28E-01  0.128 Reject_ANOVA 
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Table A2.5: Results of the Kruskal-Wallis and post hoc Dunn’s Tests to identify significant 
differences in the log10-transformed, normalised LC50 values across different functional feeding 
groups (FFGs) for six chemical modes of action. Groups where significant differences (p<0.05) 
were found are highlighted in bold. 

Mode of Action 
Kruskal 

Wallis Test 
Comparison Z P.unadj p.adj 

AChE inhibition 
H(4)=72.172, 

p=7.89-E15) 

Herbivore - Shredder 6.81 0.00 0.000 

Herbivore - Predator 6.13 0.00 0.000 

Filterer - Gatherer 1.21 0.23 1.000 

Filterer - Shredder 0.94 0.35 1.000 

Predator - Shredder 0.80 0.42 1.000 

Filterer - Predator 0.11 0.91 1.000 

Gatherer - Shredder -0.17 0.86 1.000 

Gatherer - Predator -1.05 0.30 1.000 

Filterer - Herbivore -6.26 0.00 0.000 

Gatherer - Herbivore -7.51 0.00 0.000 

Dissolved Metal 
H(4)=68.522, 

4.66E-14  

Predator - Shredder 0.51 0.61 1.000 

Gatherer - Herbivore -0.01 0.99 1.000 

Herbivore - Shredder -1.44 0.15 1.000 

Gatherer - Shredder -1.67 0.10 0.958 

Herbivore - Predator -1.97 0.05 0.487 

Gatherer - Predator -2.28 0.02 0.226 

Filterer - Herbivore -3.99 0.00 0.001 

Filterer - Gatherer -5.20 0.00 0.000 

Filterer - Shredder -5.56 0.00 0.000 

Filterer - Predator -6.25 0.00 0.000 

IOC 
H(4)=18.55, 

p=0.0096 

Predator - Shredder 2.04 0.04 0.412 

Gatherer - Shredder 1.73 0.08 0.834 

Gatherer - Herbivore 0.87 0.39 1.000 

Herbivore - Shredder 0.24 0.81 1.000 

Filterer - Shredder -0.23 0.82 1.000 

Filterer - Herbivore -0.42 0.68 1.000 

Gatherer - Predator -0.60 0.55 1.000 

Herbivore - Predator -1.15 0.25 1.000 
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Filterer - Gatherer -3.31 0.00 0.009 

Filterer - Predator -3.32 0.00 0.009 

Neurotoxicity 
H(4)=14.25, 

p=0.006538 

Herbivore - Shredder 3.25 0.00 0.011 

Herbivore - Predator 2.48 0.01 0.133 

Filterer - Shredder 2.15 0.03 0.313 

Filterer - Gatherer 1.69 0.09 0.918 

Filterer - Predator 1.28 0.20 1.000 

Predator - Shredder 0.90 0.37 1.000 

Gatherer - Shredder 0.52 0.60 1.000 

Gatherer - Predator -0.40 0.69 1.000 

Filterer - Herbivore -1.33 0.19 1.000 

Gatherer - Herbivore -2.85 0.00 0.044 

None 
H(4)=47.325, 

p=1.3E-9 

Herbivore - Predator 4.74 0.00 0.000 

Herbivore - Shredder 4.39 0.00 0.000 

Gatherer - Predator 0.50 0.62 1.000 

Gatherer - Shredder 0.15 0.88 1.000 

Predator - Shredder -0.30 0.77 1.000 

Filterer - Predator -0.70 0.48 1.000 

Filterer - Shredder -1.06 0.29 1.000 

Filterer - Gatherer -1.62 0.11 1.000 

Gatherer - Herbivore -5.04 0.00 0.000 

Filterer - Herbivore -6.82 0.00 0.000 

Nonpolar 

Narcosis 

H(4)=24.94, 

p=5.1E-5 

Herbivore - Shredder 3.56 0.00 0.004 

Predator - Shredder 3.40 0.00 0.007 

Filterer - Shredder 1.16 0.25 1.000 

Gatherer - Shredder 0.65 0.52 1.000 

Filterer - Gatherer 0.49 0.63 1.000 

Herbivore - Predator 0.38 0.71 1.000 

Gatherer - Predator -3.08 0.00 0.021 

Filterer - Predator -3.12 0.00 0.018 

Gatherer - Herbivore -3.25 0.00 0.011 

Filterer - Herbivore -3.28 0.00 0.010 

Reactivity Predator - Shredder 0.74 0.46 1.000 
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H(4)=20.39, 

p=0.0004181 

Herbivore - Shredder 0.69 0.49 1.000 

Herbivore - Predator -0.09 0.92 1.000 

Gatherer - Shredder -0.15 0.88 1.000 

Gatherer - Herbivore -0.91 0.36 1.000 

Gatherer - Predator -0.95 0.34 1.000 

Filterer - Shredder -2.33 0.02 0.200 

Filterer - Gatherer -2.52 0.01 0.119 

Filterer - Predator -3.17 0.00 0.015 

Filterer - Herbivore -3.36 0.00 0.008 

Uncoupler NA 

Electron transport inhibition NA 

Polar Narcosis NA 
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Appendix for Chapter 3 

Acute LC50s (<7 days) for Gammarus and Asellus were collected from the US EPA Ecotox Database. 

Where multiple LC50 values were reported for a single contaminant, geometric means were 

calculated to obtain one LC50 for each contaminant for each species (Table A3.1). LC50 values for 

both species were available for 67 contaminants. LC50s of Asellus were plotted against LC50s of 

Gammarus (Figure 1). The black line indicates 1:1 line with intercept at 0. Points above the black 

line indicate contaminants where Gammarus was more sensitive than Asellus for 42 of the available 

67 contaminants, equally tolerant for 14, and less sensitive for 11 (Figure A3.1).  

 

Figure A3.1: Difference in sensitivity of Asellus spp. and Gammarus spp. to chemical stress. Acute 
LC50s for each species plotted against each other. Note the log scale of both axes. The black line 
indicates 1:1 with intercept at 0. The coral shaded area represents the area where Gammarus spp. 
is more sensitive than Asellus spp., while the blue area represents the reverse. 

 

To assess differences between the sensitivity ratio and the chemical mode of action, Levene’s test 

found equal variances between Sensitivity ratio and chemical modes of action (F(9)=0.8828, p = 

0.5431). A one way ANOVA was used to determine if the ratio of sensitivity of the two species 

differed between different modes of action. There was no statistical interaction between the ratio 

of sensitivity and Chemical Mode of Action (F(9)=0.915, p-0.516) 
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Appendix for Chapter 4 

Appendix 4.1: Figure 4.7 use of mean deviation rather than maximum deviation 

explanation 

Summary 

Figure 4.7a presents the mean deviation in prey biomass for three impact pathways on individual 

feeding, relative to the 5th percentile of the baseline. This metric differs from the one used for 

population abundance and leaf processing, as it was considered more appropriate given the 

distinct dynamics of prey biomass. Unlike population abundance, prey biomass exhibits more 

pronounced oscillations, which, when effects of stress, can lead to phase asynchrony across 

treatments. In such cases, using metrics like maximum deviation can exaggerate differences due to 

asynchrony rather than actual treatment effects. The mean deviation, by averaging deviations from 

the baseline over time, provides a more stable and interpretable measure that better captures the 

impacts of different impact pathways on prey biomass. The process by which this conclusion was 

met is outline below. 

Problem Definition 

When using the maximum deviation in prey biomass relative to the 5th percentile of the baseline, 

the prey biomass also decreases with increasing effect level. However, there is an anomalous result 

with a 30% reduction in food availability for Asellus. Here, the prey biomass falls to -96% of the 5th 

percentile of the baseline. This result deviates from the general trend, where the maximum 

deviation in prey biomass decreases steadily with increasing effect levels: -19% with a 20% 

reduction in food availability and -45% with a 40% reduction. 

This raised the question of whether the observed anomaly represents a real biological effect or if 

it is an artifact of the model behaviour, its parameters, or the method of analysis. Specifically, is the 

observed decrease with a 30% reduction in food availability genuine, or is it a model-specific 

outcome? The purpose of this section is to address this question by considering the following 

points: 

- How does a reduction in food availability affect prey biomass? 
- Are the changes in oscillation patterns consistent with the known behaviour of this model 

type (and other similar models)? 
- Does the anomaly disappear when trends are derived from plausible alternative methods 

of analysis? 
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Appendix 4.1a: The magnitude of impact of three effect scenarios on Asellus and Gammarus Prey 
Provision (Adult Biomass). The plot shows the relationship between the effect level [%] and the 
maximum deviation of the median relative to the 5th percentile of the baseline, defined as the 
magnitude. 

How does a reduction in food availability affect prey biomass oscillations? 

With a reduction in food availability, prey biomass decreases, and its fluctuations become 

asynchronous with the baseline (Figure A). This shift is most pronounced at the 30% effect level, 

where the oscillation amplitude slightly decreases and becomes delayed relative to the baseline. 

Consequently, when comparing the maximum deviation of the median to the 5th percentile of the 

baseline, the analysis may overestimate the "effect" (Appendix 4.1a). With increasing effect level, 
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the amplitude of the prey biomass oscillations continue to decline until almost not visible at with 

a 50% reduction in food availability (Figure A). 

 

Figure A: Impact on median Asellus prey biomass with reduction in food availability by 20, 30 , 
40 and 50% compared to the baseline (grey area inside the black dashed lines) 

 

Are the changes in oscillation patterns consistent with the known behaviour of this 

model type (and other similar models)? 

Changes in oscillations are consistent with known behaviour of complex stochastic population 

models. Individual based dynamic energy budget models (DEB-IBMs) are complex stochastic 

models that can exhibit oscillatory behaviour driven by changes in both consumer and resource 

characteristics, like other consumer-resource models (Nisbet et al., 2016). Simulated population 

dynamics in such models are sensitive to parameter values, particularly resource availability and 

consumer mortality rate (Rosenzweig, 1971; De Roos, 1997, 1998; Persson et al., 1998). 

The “paradox of enrichment” (Rosenzweig, 1971) describes the phenomenon where increasing 

resource availability can lead to greater instability in predator-prey systems, potentially resulting 

in large-amplitude population cycles or even extinction. Conversely, a reduction in resource 

availability, such as decreased resource carrying capacity (K), can stabilise the system. De Roos 

(1997) demonstrated that populations dynamics of an age structured Daphnia population model 



  

Page 220 of 225 
 

altered with K and mortality rate. When K is high, classical predator-prey cycles emerge, where the 

Daphnia population fluctuates in response to algal availability. Population dynamics, however, are 

altered with decreasing K—oscillations lengthen and flatten, transitioning to single-generation 

cycles before eventually reaching a steady state. Ultimately,, the population collapses with 

decreasing K due to a lack of resources to sustain the population. Similarly, Hilker and Schmitz 

(2008) demonstrated that in an oscillating predator-prey system with a saturating functional 

response, disease transmission, modelled as predator mortality, led to the stabilisation of predator-

prey cycles. 

For both these DEB IBMs, individual maturation is size dependent with maturation occurring when 

a particular energy threshold is reached. In these cases, progression through various life stages 

generally depends on food intake (De Roos et al., 2003). A reduction in food availability can initially 

result in large mortality (As observed in Figure A), due to starvation. However, as food intake 

decreases, the time required for maturation and growth may increase. Consequently, fecundity—

determined by body length—may also reduce reduced, leading to longer but lower-amplitude 

population oscillations. 

These findings provide a framework for understanding the oscillatory dynamics of the Asellus and 

Gammarus models used here, particularly the Asellus population. As resource availability declines, 

oscillation amplitudes initially increase in length before flattening, aligning with theoretical 

expectations. However, these patterns are partly a result of the experimental system's design and 

its fixed carrying capacity. In natural environments, additional factors—such as temperature 

fluctuations, seasonal variations in resource availability, and predation—can influence population 

dynamics. In particular, mechanisms such as predation, crowding, and spatial heterogeneity may 

contribute to stability even in enriched systems (Roy & Chattopadhyay, 2007). Therefore, while the 

dynamics of the populations may differ in field populations, reductions in prey availability from a 

reduction in food availability is nonetheless biologically plausible due to both reduced population 

size (Lotka, 1925; Volterra, 1926; Tilman, 1982) and reduced individual growth rates (Sibly and 

Hone, 2002).   

Does the anomaly disappear when trends are derived from different, but reasonable, 

methods of analysis? 

When comparing the difference in the median of the treated population to the 5th percentile of the 

baseline, the shift in oscillation timing amplifies the apparent deviation. Using an alternative metric, 
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such as cumulative impact (Figure 4.7c), which is less affected by asynchrony, almost eliminates this 

anomaly. Instead, the effect follows the expected trend of increasing reduction in food availability 

results in a steady decrease in prey biomass with increasing effect level.  

 

Figure 4.7c: The impact of three effect scenarios on Asellus (left) and Gammarus (right) Prey 
Provision (Adult Biomass) evaluated using the Cumulative Impact (percentage cumulative 
reduction in prey provision). Each subplot shows the relationship between effect level (%) and 
the respective impact metric for both species. 

 

Alternatively, the mean captures overall trends in prey biomass and is sensitive to all values in the 

dataset, making it useful for detecting shifts in the entire population. Comparing the means across 

all replicates for all time points for each treatment enables us to capture trends while being 

unaffected by asynchrony. Here, comparing the relative of the aggregate mean to that of the 

baseline results in the disappearance of the anomaly (Figure 4.7a).  
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Figure 4.17a: Mean prey biomass [mg] (mean across all replicated and timesteps for the 10 year 
stress period) relative to the baseline for Asellus and Gammarus, with increasing reduction in 
three pathways of impact [%] 
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Are there any other plausible types of mechanism which could produce this type of 

sudden drop at a specific food level, and if so are they relevant to this model situation? 

While the anomaly observed in Appendix 4.1a  is most likely to be an artifact rather than a genuine 

relative effect, other possible mechanisms that could produce this sudden drop at a specific food 

level. Mortality events (whether affecting the entire population or specific cohorts) can result in 

asynchrony due to delayed recovery or recruitment. This disruption can alter the timing of 

population oscillations relative to the baseline, creating phase mismatches. Alternatively, given 

these are complex consumer-resource models, mortality in one population influences the dynamics 

of the other, potentially leading to phase shifts in population cycles (Scheffer and Carpenter, 2003). 

However, in these simulations, stress is applied constantly rather than as a pulsed disturbance, 

making it equivalent to a parameter shift rather than a transient disturbance. As a result, the impact 

extends beyond just altering oscillation timing—it can also affect the amplitude and central 

tendency of population fluctuations. 

Conclusion 

The anomaly observed in Appendix 4.1a is determined to be an artifact rather than a genuine 

relative effect. The decline in prey biomass with decreasing food availability follows expected 

trends, steadily decreasing with increasing effect levels. This pattern arises primarily due to 

population asynchrony rather than a significant change in the magnitude of oscillations. This 

interpretation is further supported by the absence of the anomaly when using alternative 

assessment methods, such as cumulative impact (i.e., area under the curve) and mean comparisons, 

both of which are less influenced by asynchrony. 

However, conclusions regarding Gammarus vary depending on the analytical approach. When 

using maximum deviation or mean comparisons, the results suggest that the pathway of impact 

significantly influences prey biomass response. In contrast, when assessing cumulative impact, the 

differences between pathways of impact become less pronounced.  

This highlights a key limitation of the method(s) of analysis: when pathways of impact affect the 

populations oscillations, comparing the two oscillating populations, taking either the maximum 

deviation from the which complicates interpretation and may obscure meaningful patterns. This 

raises the question of whether comparing the median to the 5th percentile of the baseline was the 

most appropriate method of analysis for this study. While it was initially considered suitable, 

particularly for evaluating population responsiveness to different impact pathways, its full 



  

Page 224 of 225 
 

effectiveness remains unclear, as the planned recovery analysis—defined as the median returning 

to the baseline operating range—was not completed. As a result, the mean deviation in prey 

biomass is present in the main text in this thesis (Figure 4.7a) 
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Appendix for Chapter 5  

Of the patches where exclusion occurred, the mean total shredder abundance at the end of the 

simulation period remained relatively stable across treatments, with the median shredder 

abundance across patches ranging from 585 to 653 individuals with a median of 615 individuals 

(Figure A5.1). In the baseline scenario, the mean total shredder abundance ranged from 528 to 742 

individuals per patch, with a median of 616. The largest variability in shredder abundance occurred 

in patches initially dominated by Asellus, whereas the lowest variability was seen in patches with 

equal initial dominance by both species, showing a range of 600 to 631 individuals and a median 

of 615 (Figure A5.1). 

 

Figure A5.0.5: Frequency distribution of mean shredder abundance across patches where 
coexistence occurred, with increasing feeding inhibition of both species, grouping patches by 
different initial dominance ratios of Gammarus and Asellus. The x-axis represents the relative 
abundance of Gammarus (%), while the y-axis shows the initial dominance ratio: Gammarus-
dominant (GamDom), Asellus-dominant (AselDom), and equal dominance (Equal) 
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