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[bookmark: _Toc143272322]General Summary

Timber production is pervasive across the globe and unsustainable logging depletes forest biodiversity and carbon stocks. Improving the sustainability of logging will therefore be crucial for maintaining biodiversity and meeting climate targets. This thesis broadly addresses options for improving logging sustainability, particularly across the tropics. In Chapter 1 I developed selective logging harvest simulations and combined this with detailed financial data to estimate the financial returns from two competing harvest strategies: land sparing and land sharing. Whilst land sparing is generally regarded as more beneficial for biodiversity, I found this strategy to be significantly less profitable than land sharing, raising questions about the likelihood of its adoption across the Amazon without additional economic incentives. In Chapter 2 I built on the harvest models to predict the carbon losses and profitability of selective logging harvests and estimate the required carbon price for REDD+ or PES schemes to fund more sustainable logging practices. I found moderate carbon prices of <$10.50 per tCO2 are enough to promote the retention of a greater number of trees or prevent logging entirely. In Chapter 3 I consider how logging affects biodiversity. Whilst many studies have reviewed the impact of selective logging on alpha-diversity of trees, it’s impact on beta-diversity is poorly known. Here I simulated selective logging harvests on a detailed spatial dataset of >150,000 adult trees across >3100 hectares of the Brazilian Amazon, finding logging to have a negligible effect on canopy tree diversity at broad scales, but causing substantial degradation of diversity of the largest trees in the forest. For Chapter 4, I took a global scale approach to consider the current and future threat of wildfires to timber production by combining global spatial datasets detailing the extent of timber-producing forests and forest-destroying wildfires in the 21st century. I found widespread timber losses already in the 21st century, with 19.5-24.7 million hectares of timber-producing forest lost in this period, and detected an increasing trend in annual burned area throughout the 21st century, pointing towards substantial timber losses in the future under climate change. In combination, this thesis suggests that reducing the environmental impacts of selective logging will be difficult without further economic incentives, since less damaging practices (e.g. land sparing, reduced logging of the largest trees) are found to result in significant opportunity costs. In addition, if future climate change causes further destruction of timber-producing forests through increased wildfires globally, the pressure on tropical forests to make-up for the shortfall in global timber supply will be exacerbated, undermining global climate and biodiversity goals.
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[bookmark: _Toc143272326]1.1 The Anthropocene

The increased dominance of human activity across the planet is a recent, but hugely significant phenomenon. Since 1750, more than 555 billion metric tons of carbon have been released into the atmosphere, leading to atmospheric CO2 levels not seen for more than 800,000 years (Ciais et al. 2013). In addition, rates of species extinction have risen to between 100 and 1000 times greater than pre-human levels (Pimm et al.1995). This has led scientists to suggest that the Earth is now experiencing its sixth mass extinction event (Ceballos et al. 2020), and has entered into a new human-dominated geological epoch, the Anthropocene (Lewis & Maslin, 2015). 
Antrhopogenic activity now influences ecosystems all over the globe, with 75% of the land surface experiencing measurable human pressures (Venter et al. 2016), and this influence is spreading. Only 23% of the Earth’s terrestrial now remains biologically and ecologically intact and mostly free from human disturbance, with 330 million hectares lost in the last two decades (Watson et al. 2016). Almost half of the terrestrial surface is within 5km of a road (Ibisch et al. 2016), whilst only 22% of global forests are characterised as intact forest landscapes with limited human pressure or fragmentation (Potapov et al. 2017).
Despite humanity’s reliance on nature to underpin its global social and economic systems (Costanza et al. 2013), evidence suggests the pressure being placed on nature is reaching a breaking point. The ‘great acceleration’ of economic activity since the 1950s threatens to cause fundamental shifts in the functioning of the earth system (Steffen et al. 2015a). Human activity has already gone beyond what is deemed a ‘safe operating space’ for global biochemical flows and biosphere integrity, whilst for land-use change and climate change we are currently in a zone of uncertainty and increasing risk (Steffen et al. 2015b). As human activity increases in the future, we must ensure we stay within safe planetary boundaries to avoid catastrophic future environmental change on a global scale (Rockstrom et al. 2009).  
[bookmark: _Toc143272327]1.2 The global importance of forests 

Forests cover roughly one third of global land area, support most of the world’s terrestrial biodiversity, act as key carbon sinks, and provide a wide range of ecosystem services such as resource and food provision, erosion protection, and cultural and spiritual wellbeing (Taye et al. 2021). Forests provide habitat for 80% of amphibian species, 75% of bird species and 68% of mammal species, whilst about 60% of all vascular plants are found in tropical forests (FAO, 2020). Tropical forests in particular are globally important centres of biodiversity, home to more than two-thirds of the world’s terrestrial biodiversity (Pimm & Raven, 2000)
Alongside biodiversity, forests play a key role in the global carbon cycle. The global forest carbon stock is estimated to be 861 ± 66 Pg C, with forests having acted as a sink of 2.4 Pg C per year between 1990-2007 (Pan et al. 2011).  Again, the tropics are of crucial importance in global carbon cycling. Tropical forests cover less than 12% of the world’s ice-free terrestrial surface, yet they account for one third of global net primary productivity and hold one quarter of the carbon found in the terrestrial biosphere (Barlow et al. 2018; Bonan, 2008). 
However, forests are under increasing threat across the globe. Between 2002 and 2012, 230 million hectares of forest were lost globally, with only 80 million hectares of forest gained (Hansen et al. 2013). Forest loss is most prevalent in the tropical domain, with estimates suggesting 17% of tropical moist forests have disappeared since 1990, and at least 10% of the remaining 1071 million hectares of tropical forest are already degraded (Vancutsem et al. 2021). The primary reason for forest loss varies across the globe. Across much of the Northern hemisphere forestry practices are responsible for the majority of forest loss (56% in North America, 99% in Europe), whilst wildfire dominates across the boreal North (Curtis et al. 2018; Tyukavina et al. 2022). In the tropics, forest loss is chiefly associated with permanent deforestation for commodity production (e.g. soy, oil palm, cattle ranching) which accounts for 56% and 78% of forest loss in Latin America and Southeast Asia, respectively, whilst in Africa shifting agriculture accounts for 92% of forest loss (Curtis et al. 2018).
In addition to the threat of deforestation, rampant forest degradation is placing further pressure on forests. Forest degradation is defined as the reduction in the capacity of a forest to produce ecosystem services such as biodiversity, carbon storage and timber provision (Thompson et al. 2013), often occurring through anthropogenic activities such as unsustainable logging and agriculture, or fire. In the past 30 years more than 106.5 million hectares of tropical forest has been degraded (Vancutsem et al. 2021), primarily due to timber extraction, followed by fuelwood collection, charcoal production, uncontrolled fires and livestock grazing (Hosonuma et al. 2012). Global economic development and consumption of forest resources in the future is likely to place even greater pressure on the Earth’s forests. 
[bookmark: _Toc143272328]1.3 Global timber production

Timber is a natural resource of global importance, harvested for use as construction material, paper and energy. It is a key part of the global economy, contributing more than $USD 1.5 trillion towards national economies in 2015, whilst the forestry sector employs around 33 million people (accounting for 1% of global employment; FAO, 2022). The spatial footprint of timber production on the global scale is enormous, with estimates suggesting that in 2020 at least one third of all forest worldwide was being used for production in some form (FAO, 2020). 
Across much of the Northern Hemisphere, timber harvesting has typically followed conventional forest management techniques to maximise production. This often takes the form of clearcut logging and subsequent regeneration of natural forests that leads to even-aged, mono-specific or species poor stands (Puettmann et al. 2015), with long rotation periods (80+ years) between harvests (Burton et al. 1999). Such intensively managed forests tend to have low conservation value (Betts et al. 2021), with reduced biodiversity (Demarais et al. 2017) and a lower carbon stock compared to old growth forest (Keith et al. 2014). Alternative and perhaps more sustainable silvicultural approaches exist and interest in these have greatly increased in the past three decades, particularly in developed economies (Brukas and Weber, 2009), though such approaches are typically unable to match conventional forestry in yield (Newton & Cole, 2015). 
Fast-growing timber plantations are an alternative to the harvesting of natural forests and are increasing in extent globally. The FAO define plantation forests as ‘intensively managed, composed of one or two species, even-aged, planted with regular spacing, and established mainly for productive purposes’, with much shorter rotation times compared to the harvesting of natural forest. Plantations now cover 131 million hectares globally, with 21.2 million hectares of plantation forest established between 2000 and 2010 (FAO, 2020). Plantations in the Northern Hemisphere typically comprise of native species such as Pinus, Populus, and Picea, whilst in the tropics and Southern Hemisphere (where plantations are expanding rapidly; McEwan et al. 2020) they typically feature non-native species such as Pinus, Eucalyptus and Acacia (Wingfield et al. 2015). Despite plantations representing only 3% of global forest, they account for roughly 33% of global roundwood production, and are likely to significantly increase this share in the future (Jürgensen et al. 2014).
Tree plantations do come at an ecological cost. A global meta-analysis considering 264 studies from 53 countries found that tree plantations support on average 30% lower species-specific abundances than native old-growth forest, 33% less aboveground biomass, and reductions in erosion control and water yield (Hua et al. 2022). However, despite a lower ability to support biodiversity and provide ecosystem services, timber plantations supported a 223% higher wood volume than native forest of a similar age (Hua et al. 2022). The high wood production levels of plantations compared to native forests may provide an opportunity to match production over much smaller areas using plantations, sparing more native forest for biodiversity conservation and ecosystem service provision (Edwards et al. 2014; Betts et al. 2021), making plantations a key element of the future global timber system.
Despite increasing presence of timber plantations across the tropics (McEwan et al. 2020), the dominant form of timber production in this region is selective logging, which occurs across up to 400 million hectares of tropical forest (Blaser et al. 2011). Selective logging, whereby large, commercially valuable trees are harvested, leaving non-marketable trees behind (Edwards et al. 2014), is the primary driver of tropical forest degradation (Hosonuma et al. 2012) and accounts for 6% of tropical greenhouse gas emissions (Ellis et al. 2019). Harvest intensities vary greatly throughout the tropics and are typically dictated by the availability of commercial species in the native forest. In Southeast Asia, where tropical forests are dominated by Dipterocarps of high commercial value, harvest intensities are high (e.g. > 150 m3 per hectare in Borneo; Fisher et al. 2014). By contrast, in the Amazon, where extremely valuable species are rare and interspersed amongst low-value or non-marketable species (Fisher et al. 2014), harvest intensities are generally much lower (< 20 m3 per hectare; Bousfield et al. 2020).
Meta-analyses of the impact of selective logging on biodiversity find that selective logging has relatively low impacts compared to other forms of land-use (Gibson et al. 2011), and selectively logged forests harbour 85-100% of the species richness of mammals, birds, invertebrates and plants found in primary forest (Putz et al. 2012). However, the biodiversity impacts of selective logging are heavily influenced by harvest intensity. Greater harvest intensity leads to reduced plant species richness (Martin et al. 2015), whilst intensities of 38 and 63 m3 per hectare are enough to cause a halving of mammal and amphibian species richness, respectively (Burivalova et al. 2014). Moreover, whilst species richness can be retained, there are often significant shifts in species composition, as generalist species can colonise post logging whilst forest specialists disappear (Hamer et al. 2003; Hamer et al. 2015; Constantini et al. 2016), and particularly valuable tree species are vulnerable to local population collapses (Richardson & Peres, 2016). Reduced Impact Logging (RIL), which implements detailed pre-harvest plans and directional felling to minimise damage to the forest (Putz et al. 2008), can reduce the biodiversity impacts of selective logging (Bicknell et al. 2014) but concerns over increased costs associated with RIL have hampered its uptake (Putz et al. 2012).
Selectively logged forests often also retain a number of the ecosystem services provided by primary forests. Whilst carbon stocks are reduced, selectively logged forests retain on average 76% of the above-ground carbon found in primary forest (though this varies considerably with harvest intensity; Putz et al. 2012). However, selectively logged forests can take over 45 years to recover carbon stocks to primary forest levels (Blanc et al. 2009; Butarbutar et al. 2015), whilst emissions from soil carbon and deadwood mean logged forests can act as carbon sources for at least 10 years after logging (Mills et al. 2023). To reduce the emissions associated with selective logging, implementing RIL techniques across the tropics would have the potential to halve tropical logging emissions (Ellis et al. 2019). Alternatively, active restoration of selectively logged forests through enrichment planting and liberation cutting increases post-logging carbon sequestration rates (Cerullo & Edwards, 2018), but both methods come with additional costs. The sheer extent of selectively logged forests across the tropics, and their ability to retain significant biodiversity and carbon stocks compared to other land uses (e.g. agriculture), mean they are increasingly seen as important assets for conservation (Edwards et al. 2014).
[bookmark: _Toc143272329]1.4 The future of timber production

Global demand for timber is colossal, with more than 2 billion m3 of roundwood produced in 2020 (FAOSTAT, 2022). This demand is set to increase in the future, with predictions ranging from a 54% increase to a quadrupling in demand by the year 2050 (Penq et al. 2023; Indufor, 2012), whilst the spatial extent of timber plantations is projected to increase by 70% (Indufor, 2012). Increasing demand will occur due to economic and population growth, and as countries move away from more carbon-intensive construction materials such as concrete and steel in favour of wood (Mishra et al. 2022). Timber will thus continue to play a vital societal role in the future, and ensuring production can match demand whilst minimising environmental impact will be a key challenge in the 21st century.
Given their global importance for biodiversity and carbon storage (Pimm & Raven, 2000; Pan et al. 2011), the tropics are perhaps one of the most important areas where timber production must be improved to reduce the negative environmental impacts as much as possible. The huge extent of selective logging across the tropics (over 400 million hectares) and its possible negative impacts on biodiversity and carbon storage (Putz et al. 2012) means that strategies to minimise these impacts are increasingly required.
Of high importance is the timber harvest strategies implemented at the landscape scale across the tropics. Drawing on similar debates from agricultural production (Balmford et al. 2005; Green et al. 2005; Phalan et al. 2011), two alternative selective logging strategies have been proposed: land sparing and land sharing. Land-sparing harvests involve higher intensity timber extraction across a smaller area, sparing parts of the timber concession as primary forest. By contrast, land sharing advocates low-intensity logging throughout the entirety of a timber concession (Edwards et al. 2014). In Borneo, land sparing has been found to retain higher abundances of bird, ant and dung beetle species than land sharing (Edwards et al. 2014), whilst the strong sensitivity of Amazonian dung-beetles (an indicator species) to even low intensity logging suggests land sparing is best for maintaining dung-beetle communities (Franca et al. 2017; Cerullo et al. 2023). Approaches that implement a mixture of both strategies may also have merit, since they create a range of habitats capable of supporting more butterfly species (Montejo-Kovacevich et al., 2018) and in some cases, dung-beetles (Cerullo et al. 2023). However, the economic costs and benefits associated with either strategy, which will play a large role in dictating the uptake of less damaging logging practices, remains poorly understood. 
The growing strength of the carbon market and increased interest in the use of carbon-based payments for ecosystem services may also present opportunities to improve the sustainability of selective logging in the tropics. Whilst much attention focuses on the deforestation element of programmes such as REDD+, reducing the emissions associated with forest degradation, which currently stands at 2.1 billion tons of CO2 annually (Pearson et al. 2017), should also be a priority. Such programmes could provide funding to either prevent the logging of some areas of old-growth forests entirely or reduce the extent or intensity of timber extraction by placing an economic value on the trees left behind. Previous research has found the breakeven cost of using carbon payments to prevent selective logging in Borneo to be prohibitively expensive at US$22–28 per tCO2, making this a poor option for wider prevention of forest degradation (Fisher et al. 2011). However, in Cambodia, permitting some logging of the most valuable trees in the forest but reducing the overall harvest intensity led to a lower carbon price required to offset the opportunity costs of forgoing full logging harvests (Warren-Thomas et al. 2018). Despite it being the world’s largest as-of-yet unexploited source of tropical timber (Merry et al. 2010), such options are yet to be explored in the Amazon.
Although global demand for timber will increase in the future, climate change may lead to less hospitable growth conditions for timber trees across the globe. According to the IPCC, climate change could lead to temperature increases of 1.4-4.4 degrees C by 2100 compared to pre-industrial levels (IPCC, 2021). Such changes in climate conditions are likely to cause more frequent extreme weather events such as heatwaves (Meehl and Tebaldi, 2004), droughts (Dai, 2013), floods (Hirabayashi et al. 2013) and wildfires (Bowman et al. 2020). Timber production in the future may be threatened by such events, as wildfires could destroy forests and the timber growing within them (Bowman et al. 2020), and heat stress and droughts could lead to mass tree mortality (Allen et al. 2010; Anderegg et al. 2013). Of particular concern is the threat of wildfires to timber production. Stand-destroying forest wildfires have been increasing in extent over the past 20 years (Tyukavina et al. 2022), and are expected to increase in both frequency and severity by the end of the century (Senande-Rivera et al. 2022; Flannigan et al. 2013). Such intense wildfires threaten to destroy forests and plantations that would otherwise have been harvested for timber, placing a further strain on our ability to meet future timber demand. However, we don’t currently know how much impact wildfires are already having on global timber production, and whether this has changed across recent years, making it difficult to plan for more extreme conditions in the future.
[bookmark: _Toc143272330]1.5 Thesis overview

Timber production across the globe threatens biodiversity and depletes forest carbon stocks. However, timber is a material of global importance, and demand for timber is set to continue rising throughout the 21st century. Minimising the environmental impact of timber production is thus a key challenge for the 21st century. The overall aim of this thesis was to assess the validity of different methods to reduce the negative environmental consequences of timber production within the Brazilian Amazon, and to consider the current and future impact of extreme events such as wildfires on the global timber production system.
Firstly, I used detailed spatial maps of marketable trees and financial data from logging concessions to develop a harvest model implementing land sparing and land-sharing timber harvests in the Brazilian Amazon. I then estimated the profitability of both timber production strategies. Next, I used the harvest models I had developed to predict the carbon emissions associated with business-as-usual timber harvests and estimated the required carbon breakeven price to fund more sustainable harvest strategies. I then used highly detailed spatial data on all adult trees found within a forest concession to predict the beta-diversity impacts of selective logging on tree communities of different sizes. Finally, I conducted a global-scale analysis mapping the current threat of wildfires to timber production globally and evaluated trends in timber losses to wildfire in the 21st century.
Chapter 2- Land-sharing logging is more profitable than land sparing in the Brazilian Amazon
Research from across the tropics demonstrates that land-sparing logging results in less damage to biodiversity than land-sharing, suggesting this approach be implemented to reduce the environmental impacts of selective logging. However, we do not currently know how feasible this is from an economic standpoint, with logging practitioners unlikely to engage in such an activity if it leads to significant economic losses. Using individual-level tree data from logging concessions across the Brazilian Amazon, and detailed financial data from a logging company, I develop harvest and economic models to predict the profitability of varying harvest strategies. The specific aims were to compare the profitability of (1) land sparing and land-sharing timber harvests under business-as-usual, (2) mixed harvest strategies, and (3) land sparing and land-sharing harvests under increased conservation-based restrictions.
Chapter 3- Carbon payments can cost-effectively improve logging sustainability in the Amazon
Carbon-based payments for ecosystem services are becoming increasingly popular, but previous research suggests that in Borneo the opportunity costs of forgoing logging are too great for carbon payments to prevent logging at current market rates. Despite the Amazon holding the greatest stores of as-of-yet unexploited timber, we do not currently know how carbon payments could help to reduce the extent of selective logging, or improve the sustainability of logging where it occurs. Here I use the harvest simulations developed in Chapter 1 to estimate the carbon emissions associated with business-as-usual timber harvests and more sustainable harvests. I do so to understand the cost-effectiveness of using carbon payments to achieve the following objectives: (1) forgoing logging entirely to protect undisturbed primary forests; (2) restricting harvest to higher-value species and preventing harvest of lower-value timber classes; and (3) reducing extraction intensity of higher-value timber species, while preventing logging of lower-value species.
Chapter 4- Large‐scale impacts of selective logging on canopy tree beta‐diversity in the Brazilian Amazon
Much research has focused on the alpha-diversity impacts of selective logging on biodiversity, using metrics such as species richness and abundances to infer the damage done to biological communities when a forest is logged. However, how selective logging impacts tree beta-diversity and community composition remains poorly understood. In this chapter I combine selective logging harvest simulations with a detailed spatial dataset of >150,000 adult trees covering 3100 ha of Amazonian forest to ask, for both the wider canopy tree community and across different tree size classes: (1) whether tree beta-diversity and composition is affected by selective logging across large spatial scales and through which mechanism this occurs (i.e., heterogenisation or homogenisation); (2) whether nestedness or turnover are primarily responsible for explaining community change; and (3) how does the spatial scale of sampling influence the beta-diversity effects observed.
Chapter 5 – Major and increasing wildfire-driven losses of timber stocks globally
Timber is a natural resource of vital importance globally, with future demand for timber set to increase due to population growth, economic development, and as countries move away from more carbon-intensive construction materials. However, forest fires have been increasing throughout the 21st century, and are predicted to become more frequent and severe with climate change, presenting a future threat to global timber production. Despite this, we currently lack a robust understanding of how wildfires are already influencing global timber production. In this chapter I combine global spatial datasets detailing the spatial footprint of timber production with annual data on stand-destroying wildfires to answer the following specific questions: (1) How much timber-producing forest is being lost to stand-replacing wildfires globally, and where do these losses occur? And ii) What are the temporal trends in annual burned area of timber-producing forests since the turn of the century, at global, regional, and national scales?
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[bookmark: _Toc143272332]2.1 Abstract
[bookmark: _Hlk82436840]Selective logging is pervasive across the tropics and a key driver of forest degradation. Two competing harvest management strategies have been proposed: Land sharing via low-intensity logging throughout a concession; and high-intensity land-sparing logging across a smaller area, protecting part of the concession as primary forest. Empirical research points to land sparing being more optimal for maintaining biodiversity and carbon, especially under secure land tenure, but a key question for forest-based economies is how each strategy affects the profitability of logging. We combine detailed financial data with harvest simulations to assess the profitability of land sharing and land-sparing logging in the Brazilian Amazon. Under business-as-usual, land sharing is significantly more profitable than land-sparing logging, whether sparing is conducted in a single block or targeting the highest-density timber stocks, highlighting a conflict between economic and conservation priorities. Land-sharing logging is also more profitable than hybrid strategies whereby a mix of land sharing and land-sparing logging is employed. Conservation-based restrictions that apply quotas on species in different size classes reduces the opportunity cost of land sparing, but even under tight restrictions land sharing remains more profitable and land sparing often returns a loss. Additional financial incentives, including timber certification schemes and carbon-based payment for ecosystem services, are needed to bridge the opportunity cost of land-sparing logging and minimise ecological damage to tropical rainforests.

[bookmark: _Toc143272333]2.2 Introduction
[bookmark: _Hlk63081373]Over 403 million hectares of tropical forest are committed to selective logging (Blaser et al. 2011), with the expansion of logging set to continue to meet increasing demand from growing populations, increased urbanisation, and consumerism (Defries et al. 2010; Edwards et al. 2019). Yet the tropics are home to two-thirds of global biodiversity (Pimm & Raven, 2000) and key carbon stocks (Pan et al. 2011). As the most powerful force of tropical forest degradation (Hosonuma et al. 2012; Pearson et al. 2017), selective logging is responsible for 6% of tropical greenhouse gas emissions (Ellis et al. 2019) and reductions in forest-interior biodiversity (Edwards et al. 2014; Bousfield et al. 2020).

To minimize ecological damage, governments, certification schemes (e.g. Forest Stewardship Council- FSC, Programme for the Endorsement of Forest Certification- PEFC), and emerging carbon-based payments for ecosystem service schemes (e.g. REDD+) mandate or incentivise implementation of improved logging practices.  Adoption of Reduced Impact Logging (RIL; Putz & Pinard, 1993) to reduce residual damage and soil compaction (Pinard et al. 2000), enhance biomass recovery (West et al. 2014) and lessen biodiversity losses (Bicknell et al. 2014) is one example, whilst legally restricting maximum harvest intensities (Martin et al. 2015) and minimum cutting diameters (Sist et al. 2003) also contributes towards improving sustainability. 

[bookmark: _Hlk81322792][bookmark: _Hlk81484385]The spatial arrangement of logging within a concession—embodied by the land sharing and land sparing paradigm (Edwards et al. 2014; Betts et al. 2021)—can also generate varied environmental outcomes.  Under land sharing, low-intensity timber extraction is implemented throughout the entire forest concession, whereas under land sparing, smaller areas of a concession are harvested at high intensity allowing the remainder to be protected as unlogged forest.  In Borneo, more bird, dung beetle and ant species have higher abundance under land-sparing regimes (Edwards et al. 2014), while in the Amazon, a mixed strategy would benefit understorey butterflies (Montejo-Kovacevich et al. 2018), and high sensitivity of dung beetles to even low-intensity logging suggests that land-sparing logging would be beneficial (França et al. 2017). More broadly, pan-tropical modelling suggests that land sparing would benefit both biodiversity and forest carbon under secure land tenure scenarios (Griscom et al. 2014). Conversely, it has been suggested that better conservation outcomes can instead be achieved through focusing on improved logging management strategies (e.g. RIL; Runting et al. 2019), or that mixed strategies can better achieve all forest stakeholder objectives (Law et al. 2017). 
A crucial knowledge gap is whether land sparing or land-sharing logging yields higher net profitability, underpinning attempts to identify an optimal balance between more sustainable economic production and environmental protection. Financial incentives are strong drivers of ecological exploitation (Geist & Lambin, 2002), with the potential opportunity costs of implementing either land sharing or land-sparing logging, plus the impacts of increasingly stringent harvest regulations (Putz et al. 2008; Burvialova et al. 2019), likely the core driver of harvest strategy. Thus, improved understanding of the profitability of timber extraction strategies can underpin appropriate incentives for improved logging practice, and associated policy and sustainable development goals.
[bookmark: _Hlk82436477]Here, we focus on the Brazilian Amazon, which has the largest unexploited timber reserves globally, with an estimated 1.2 billion m3 of profitable timber valued at over $15.4 billion (Merry et al. 2009). Currently, 55 forest reserves covering over 30 million hectares in the Brazilian Amazon—an area roughly the size of Germany—are slated for timber extraction, of which 1.5 million hectares have already been granted as forest concessions. We use spatial maps of >660,000 adult trees across seven Amazonian logging concessions spanning 52,000 ha and detailed financial data from concessionaires and the Brazilian Institute of Environment and Natural Resources (IBAMA) to generate harvest simulations. Using our simulations, we estimate the profits associated with land sparing, land sharing and hybrid harvest strategies, under varying conservation scenarios that restrict yields or access to harvestable tree species. 
[bookmark: _Toc143272334]2.3 Methods
Study Sites
[bookmark: _Hlk81476617]We used seven logging concessions located throughout the Brazilian Amazon as study sites. (Figure 1). These sites span a broad spectrum of forest structure profiles, including high basal-area closed-canopy stands and lower basal-area stands containing high densities of natural canopy gaps. The terra firme forests store large amounts of carbon, contain diverse canopy tree communities reaching heights of up to 50m and support extensive biodiversity. Annual rainfall across sites ranges from 2005-3324mm and the max elevation is 236m.
Extensive pre-harvest forest inventories were carried out in each concession, where all trees ≥40 cm DBH representing commercially viable species were georeferenced and tagged. These forest inventories provide us with specific attribute data for >660,000 individual trees, including species, size and geo-location, spanning a total of ~52,000 ha of undisturbed Amazonian forest. 

g)

Figure 1. Concession map and harvest strategies. a) Map of studied logging concessions within the Brazilian Amazon. b) Three are located in the Jamari National Forest (JM.i, JM.ii, JM.iii) in Rondônia; c) one is located within the Jacundá National Forest (JC) in Rondônia; d) one in the Saracá-Taquera (ST) National Forest Pará (one concession in several locations); e) one in the Jari Valley region (VJ), Pará; f) and one in Caxiuanã (CX) National Forest, Pará. Concession areas are marked in yellow, whilst dark green areas depict the boundaries of the National Forests. g) Three alternative logging harvest strategies. Land sharing involves low-intensity logging throughout the entire concession (mid-green squares) whilst land sparing involves high intensity logging throughout part of the concession (pale green squares), whilst setting aside the remaining area of unlogged primary forest for conservation (dark-green squares). Here two forms of land sparing are simulated: block land sparing, where retention of large contiguous areas of unlogged primary forest is prioritised; and fragmented land sparing, where only the most valuable forest areas are prioritised for harvesting.
[bookmark: _Hlk69988168]
Harvest Simulations
Simulating new forests
For each concession, we simulated 100 new spatially explicit forests based on the original tree distributions within each concession. Each simulated forest contained a new community of trees, in which species aggregation patterns, tree volumes and DBH were reproduced based on models of the original species-specific spatial and size distributions and DBH-volume relationships (SOM Methods 1). Harvest simulations were subsequently conducted on each simulated forest. Harvests were also simulated on the original concessions, but we present the results from the simulated forests as they exhibit the same patterns.
Simulating Harvests
Under all scenarios, harvests were simulated following legal guidelines. The most common and/or valuable commercially viable species were included in the pool of trees available for harvest (>200 species), leaving protected species, non-marketable species, and trees <50 cm DBH unharvested (in accordance with Brazilian law) [28]. The harvest quota in terms of basal area density for land sharing and land sparing comparisons was 20 m3 ha-1, as is typical in National Forests such as the concessions studied here, but intensities of 10 m3 ha-1 and 30 m3 ha-1 were also simulated. 


Land sharing under business-as-usual
To simulate land-sharing harvests, we created a function that divided the concession up into 25-hectare grid cells, and then harvested the most valuable standing tree in each cell in a continuous cycle until the average harvest intensity reached the pre-assigned quota.
Land sparing under business-as-usual
To simulate land-sparing harvests, two different functions representing different harvest priorities were used (Figure 1). The first is ‘Block land sparing’, where harvesting prioritises maintaining a large area of spatially contiguous unlogged forest by restricting the harvest to a single block of intensively logged forest. Here, concessions were divided into 25-hectare grid cells, with harvesting starting in one corner of the concession and fanning out to adjacent grid cells. All harvestable trees in each harvested cell were taken until the average quota was met, thereby sparing the rest of the concession as contiguous primary forest. The second is ‘Fragmented land sparing’, in which areas of the greatest economic value are targeted for harvesting. This function divided the concession into 25-hectare grid cells, then ranked cells by the total value of all trees within the cell. All harvestable trees in the most valuable cells were harvested until the total volume logged reached the harvest quota.
We undertook sensitivity analysis to test the impact of future scenarios of variable transport and infrastructure costs, as well as reduced stumpage fees on the profitability of both land-sparing and land-sharing logging (SOM Methods 2).
Hybrid harvest strategies
[bookmark: _Hlk82436585]We tested the profitability of a mixed range of hybrid harvest strategies, whereby differing proportions of the concession were allocated to land sharing and land sparing harvests. For this scenario, we randomly selected 10 forests from each concession to undergo each level of a mixed strategy (i.e. from 100% sharing and 0% sparing, to 0% sharing and 100% sparing in increments of 1%) and calculated the resulting profits from each mixed strategy. We used only block-sparing as the land sparing method in this scenario (not fragmented sparing), as this represents the purest form of land sparing which would be implemented within a mixed strategy to achieve ecological benefits.
Conservation Measures
We tested the effect of increased conservation-based restrictions on the profitability of each harvest method by re-running harvest simulations requiring minimum percentages of all species to be protected from harvest. We tested two different conservation measures: 
Scenario 1: Protection of the smallest adult trees.  Requirement to protect up to 60% of all adult trees (>50 cm DBH) of each species, allowing harvesting of the largest trees to permit higher incomes and promote retention of adult trees for future harvest [29]. 
Scenario 2: Protection of the largest adult trees.  Requirement to protect up to 50% of the largest trees of each species, to maintain forest structure and the key ecological roles fulfilled by large trees (Lindenmayer & Laurance, 2017; Pinho et al. 2020) including seed production, habitat provision (Sist et al. 2003) and carbon storage (Sist et al. 2014). 
For each iteration of the conservation-restriction harvests, we randomly selected 10 of the 100 simulated forests for each concession to undergo logging under each level of restriction (i.e. from 1-60% protection at 10 m3 ha-1, 10 random forests were selected for each proportional protection, totalling 600 simulated harvests per concession). The maximum protected percentage varied between harvest intensities to ensure the required harvest quota could still be met. 


Profit calculations
The net revenue accrued from each harvest was calculated using species-specific timber prices, extraction costs and yield data. Our detailed revenue and cost data came from AMATA (JM.i), a sustainable timber harvesting company responsible for timber harvest in the Jamari National Forest, Rondônia. AMATA’s cost data was reprojected on to the other concessions for profit estimations (whilst controlling for concession size or volume output). All but one of the concessions are located in National Forests and form part of the ongoing initiative by the Brazilian Government to award logging concessions on public forested lands. We thus assumed they would market similar wood products at similar prices and incur similar harvest costs as FSC-certified forest concessions. Average selling prices for commercial timber species present in other concessions but not sold by AMATA were obtained through IBAMAs Document of Forest Origin (IBAMA, 2017) and price transformed to match the premium charged by AMATA for high quality, FSC-certified timber (SOM Methods 3).
Revenue
Gross revenue per tree was calculated using species-specific timber prices and yield data. Revenue considered the wastage of wood in the sawmill processing phase and was calculated for each individual tree (Rn) thus: 

Eq. 1


Where Vn is the total volume of the logged tree n, Oy is the proportional output yield after processing of species y, and Py is the sale price per m3 of processed wood for species y.

Costs
Detailed harvesting costs were divided into direct costs associated with tree felling and harvest costs incurred throughout the harvest. 
Direct Costs
Direct costs were calculated per m3 of timber and included contractually agreed government stumpage fees, costs of felling and sawmill costs. Direct harvest costs were calculated for each tree (Cn) thus:

Eq. 2


Where Vn is the total volume of the logged tree n, Sy is the stumpage fee per m3 for species y, Cf is the cost of felling per m3, Oy is the output yield after processing of species y, and My is the cost of operating the sawmill per m3 of processed wood produced for species y. 
Harvest Costs
Harvest costs were calculated as a total cost across the concession and included administration (wages), conducting a full forest census, road network construction, skidding and roundlog transport. These costs were calculated post-harvest for harvest h thus:
Eq. 3



Where CAt is the total administrative costs (including wages) for t m3 of timber harvested, CEs is the total cost of conducting a full tree census of a concession s hectares in size, RCt is the total road construction cost for t m3 of timber harvested (weighted for each harvest method- SOM 4), SKt is the total cost of skidding for t m3 of timber harvested, and LTt is the total cost of roundlog transport for t m3 of timber harvested.	Comment by Chris Bousfield [2]: Change this to different letter
Profit
The total profit (P) from harvest h of n trees was calculated as such:Eq. 4


Where Rn represents the revenue of harvested tree n, Cn is the direct costs associated with harvesting tree n, and HCh is the harvest costs incurred throughout harvest h. All calculations were made in Brazilian Real (R$) before being converted to US Dollars (USD$) based on the average exchange rate for 2018 (1R$ = 0.28 USD$). We calculated profits on a per hectare basis, as well as a per m3. 
[bookmark: _Toc143272335]2.4 Results
Land sharing and land sparing with varying logging intensity
In all concessions across all three harvest intensities, land sharing was more profitable per hectare than either form of land sparing (Figure 2). At 20 m3 ha-1, land sharing generated mean profits of $512 ± 449 per hectare whilst block and fragmented land sparing generated mean losses of $117 ± 220 and $10 ± 254 per hectare, respectively, with the broad confidence intervals reflecting high variation in profitability between concessions. Land sharing was also most profitable at all harvest intensities on a volumetric (per m3) basis, although land-sparing profitability per m3 improved slightly with harvest intensity while land sharing profitability fell, reducing the difference between the two strategies (Figure S3).
[bookmark: _Hlk70413427]Profitability was highly dependent on the concession, with some generating net profits of over $1,000 per hectare under sharing scenarios and $500 under sparing, whereas others generated losses of up to $200 per hectare under sharing and $400 per hectare under sparing. In five of the six concessions where it was possible to extract up to 30 m3 ha-1, land sharing was more profitable at 20 m3 ha-1 than at 30 m3 ha-1. In the four concessions where profitability was low and harvests generated a loss in most scenarios, land sharing at 10 m3 ha-1 was the most profitable of all methods. 
Under our 20 m3 ha-1 harvest scenarios, the average extent of harvest was 99.4 ± 1.5% of the concession area under land sharing, 44.1 ± 9.1% for fragmented sparing and 49.6 ± 8.3% for block sparing. There were minimal differences in the costs per m3 harvested between any of the harvest methods (Table S2).
Altering the transport costs and applying reduced stumpage fees found the profitability benefit of land sharing to be robust to even the most drastic future changes (i.e. a 200% increase in transport costs and 100% stumpage fee reduction). For all harvest types, road construction and skidding costs exhibited a negative linear relationship with profit, but land sharing remained the most profitable harvest method in all scenarios (Figure S5). Reducing the stumpage fees increased profits in all scenarios but also had minimal effect on the relative profit benefit of land sharing over land sparing (Figure S6). 
[bookmark: _Hlk70431137]Figure 2. Profit per hectare ($USD) associated with block land sparing (B-Sp), fragmented land sparing (F-Sp), and land-sharing (Sh) timber harvest strategies in the Brazilian Amazon. Predictions are based on 100 simulated forests for each concession with an average harvest intensity of (a) 10, (b) 20 and (c) 30 m3 ha-1. Points represent the mean, and lines extend one standard deviation away from the mean. Red line represents breakeven point where neither a profit nor a loss is made. Triangles represent concessions within Rondônia, circles represent concessions within Pará. Concession codes are as follows: JA.i = Jamari (Rondônia); JA.ii = Jamari (Rondônia); JA.iii = Jamari (Rondônia); JC = Jacunda (Rondônia); CX = Caxiuanã (Pará);  ST = Saracá-Taquera (Pará); VJ = Jari Valley (Pará).


a)
b)
c)



Mixed Harvest strategies 
Mixed harvest strategies from complete sparing to complete sharing revealed a negative linear correlation between the proportion of land allocated to land sparing and the average profitability per hectare for six concessions, and a negative non-linear relationship in one concession (JC) (Figure 3). Complete land sharing (i.e. 100% of land allocated to sharing) was more profitable than any mixed combination of sparing and sharing strategies in all concessions, although the impact on timber revenues of increased sparing allocations varied between concessions. In one concession (CX) an even mix of sparing and sharing resulted in a 62% lower profit than full sharing but in another concession (JA.i) an even mix only resulted in a 32% lower profit. An even mix of strategies led to harvests making losses in three of the seven concessions.
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Figure 3. Profit per hectare ($USD) along a continuum of mixed harvest strategies at an intensity of 20 m3 ha-1, ranging from complete land sharing to complete land sparing. Points represent the mean profit of the concession at each level of strategy mix, solid line represents a linear model fit. Dotted line represents the breakeven point where neither a profit nor a loss is made. Triangles and circles represent concessions within the Amazonian states of Rondônia and Pará, respectively. Concession codes are as follows: JA.i = Jamari (Rondônia); JA.ii = Jamari (Rondônia); JA.iii = Jamari (Rondônia); JC = Jacunda (Rondônia); CX = Caxiuanã (Pará); ST = Saracá-Taquera (Pará); VJ = Jari Valley (Pará).


Land sharing and sparing under conservation restrictions
The relative benefit of land sharing over land-sparing logging was highest with no conservation restrictions (e.g. $522-630 per ha more profitable at 20 m3 ha-1). As increasingly stringent conservation restrictions were introduced, the relative profit benefit of land sharing declined (Figure 4). Where the smallest adult trees were protected (Scenario 1), land sharing profitability declined non-linearly at all intensities, with increasingly severe reductions in profitability at higher protection levels, whereas land-sparing profits either remained stable or decreased slightly. Nevertheless, even at the highest level of protection land sharing remained the most profitable method (e.g. $168-231 more profitable at 20 m3 ha-1 with 60% of each species protected; Figure 4a-c).
When the largest adult trees of each species were protected (Scenario 2), increasing protection levels had a negative impact on the profitability of both land sharing and fragmented land sparing, although sharing profits suffered greater declines. At the highest levels of protection under all harvest intensities sharing remained the most profitable method, but the relative profit benefit over sparing was much lower (e.g. $96-114 more profitable at 20 m3 ha-1 with 25% of the largest individuals protected; Figure 4d-f).
In both conservation scenarios, the percentage of species protection was positively correlated with the spatial extent of harvest for both fragmented and block land sparing. At an intensity of 20 m3 ha-1, harvests covered 44 ± 9% (fragmented) and 50 ± 8% (block) of the concession with no species protection, but under Scenario 1 harvests extended to 72 ± 11% and 77 ± 10%, respectively, of the concession area at 60% protection. At the highest restriction for 30 m3 ha-1 harvests (30% species protection), land-sparing harvests covered >84% of the concession. Similar patterns were observed under Scenario 2 (largest adults protected; Figure S4).
[bookmark: _Hlk70944767][bookmark: _Hlk70938480]Figure 4. Profit per hectare($USD) of land sparing and land-sharing logging under conservation measures. (a-c) Increasing percentage of smallest adult trees (DBH>50cm) of all species that must be protected from harvest (0-60%) at intensities of 10 (a), 20 (b) and 30 m3 ha-1 (c). (d-f) Increasing percentage of largest adult trees (DBH>50cm) of all species that must be protected from harvest (0-30%) at intensities of 10 (d), 20 (e) and 30 m3 ha-1 (f).  Points represent the mean values of all concessions whilst coloured areas represent the 95% confidence interval. a)
b)
c)
d)
e)
f)

[bookmark: _Toc143272336]2.5 Discussion
We found land sharing to be considerably more profitable than land-sparing logging across a broad spectrum of forest structure profiles in the southwestern central and eastern Brazilian Amazon, including high basal-area closed-canopy stands and lower basal-area stands containing high densities of natural canopy gaps. Imposing conservation restrictions on harvests reduces the relative profit benefit of land sharing over land sparing, but often makes land sparing unprofitable. Our study highlights the need for economic incentives to protect primary forest patches within the logged forest matrix, reduce road penetration and associated forest degradation, and limit over-harvesting of target species. Such options would likely minimise the local ecological and biodiversity damage of selective logging in the Amazon, improving sustainability, although at larger scales may increase the rate of concession licensing and entry into old-growth forest.
[bookmark: _Hlk81388056]Land-sharing logging across the entire concession was more profitable than land sparing, which returned a loss in four of the seven concessions. Amazonian tree communities are typically dominated by low-value species, with large high-value trees rare and sparsely distributed (Fisher et al. 2014). Logging throughout the concession at low intensities thus facilitates exploitation of rare higher-value stems, driving elevated profits. Similar timber value structures throughout the Amazon suggests the profit patterns reported here would be replicated in concessions across Amazonia. In South-east Asia, forests are dominated by dipterocarp tree species of similar value (Fisher et al. 2011), likely favouring the profitability of land sparing. Furthermore, no mixed strategy of land sparing and land sharing across concessions improved profits over complete sharing, despite suggested ecological benefits of this approach (Betts et al. 2021; Montejo-Kovacevich et al. 2018).
[bookmark: _Hlk81407114]While the profit benefit of land sharing declined relative to land-sparing logging under increasingly stringent conservation scenarios, it remained more profitable. Brazilian law requires a minimum of 10% of adult trees of each species to be protected (Brancalion et al. 2018), which our simulations show has minimal impact on the profits of either sharing or sparing. Retention of more individuals promotes longer-term profitability beyond the first harvest (Barreto et al. 1998; Boltz et al. 2001), as high value stems are present in future cutting cycles. However, the increased spatial extent of land-sparing logging under conservation restrictions highlights a trade-off that could threaten the ecological benefits of land sparing from primary forest retention via reduced harvest extent and smaller road networks (Edwards et al. 2014). Stringent conservation restrictions thus push land-sparing logging towards an increasingly land sharing-type strategy. Currently, logging practices in the Brazilian Amazon are unsustainable (Piponiot et al. 2019; Sist et al. 2021) and without reducing the intensity of timber extraction, increasing species retention (as simulated here), and extending recovery time between harvests, it is unclear whether land sparing or land-sharing logging would be sustainable beyond the first harvest.
[bookmark: _Hlk82437461]Our simulations have five caveats. Firstly, estimates are based on the revenue and costs of a logging organisation employing RIL techniques, marketing premium FSC-certified products (Kollert & Lagan, 2007) processed at their nearby sawmill, pointing to higher profits than operations using conventional logging techniques, marketing non-certified products, or lacking a sawmill. Secondly, we used species-specific prices and stumpage fees, providing more accurate revenue predictions than previous studies that categorise Amazonian species into three timber value bands (Merry et al. 2009; Holmes et al. 2002). Price volatility between years could render low-value stems – often harvested under land sparing – unprofitable in some years. Thirdly, we modelled economic returns across a single harvest, but available timber in subsequent harvests (Brazilian law requires a minimum 30-year cycle between harvests) may only recover 50% of its original volume under optimistic 30-year scenarios (Sist & Ferreira, 2007; Putz et al. 2012), likely negatively impacting the profitability and sustainability of future harvests under both strategies. Thus, in all but our most stringent (and often unprofitable) conservation scenarios, a single harvest rotation would likely require over a century of recovery before timber yields and profitability can recover. Fourthly, despite widespread illegal logging in the Amazon at high intensities (~40 m3 ha-1; Brancalion et al. 2018; De Lima et al. 2007), we did not model harvests above the legal limit of 30 m3 ha-1 because they exceeded the average volume of profitable timber in our concessions, plus illegal operations do not engage in spatial planning or other attempts to reduce ecological damage. Finally, we were unable to account for spatial differences in harvest costs across the concession (e.g. higher harvest costs in difficult to harvest areas such as steep slopes). Under block sparing, harvest costs could be optimised by focusing on cheaper areas of harvest.
[bookmark: _Hlk82427965][bookmark: _Hlk82438219][bookmark: _Hlk82508569][bookmark: _Hlk81405969]The economic benefit of timber extraction under land sharing in the Brazilian Amazon suggests that logging companies will preferentially use this approach, which will have key implications for Amazonian biodiversity. For Bornean birds, dung beetles, ants and Amazonian dung beetles, land sparing appears optimal (Edwards et al. 2014; França et al. 2017), while mixed strategies are optimal for Amazonian butterflies (Montejo-Kovacevich et al. 2018) underscoring the importance of retaining large blocks of unlogged primary forest.  While decreased timber extraction better maintains local forest structure (Cazolla-Gatti et al. 2015) and carbon stocks (Ellis et al. 2019), concession-wide estimates of carbon impacts of land-sparing and land-sharing logging suggest the least damaging practice is strongly influenced by land tenure security (Griscom et al. 2014). Further, construction of roads leads to forest cover losses of 0.6-8% within concessions, contributing up to 50% of logging carbon emissions (Umunay et al. 2019), plus facilitating increased human migration, forest clearance and hunting after logging operations cease (Kleinschroth et al. 2017). Our harvest simulations suggest that block land sparing saves ~50% of the concession as primary forest, which could be spatially optimised to protect areas with the highest conservation value, whilst meeting harvest quotas, significantly reducing road network size, and thus offering a key pathway for reducing carbon and biodiversity losses under land sparing. Land sparing therefore appears more optimal than land sharing for Amazonian biodiversity, but low profitability presents a barrier to its implementation across the Amazon.
Policy Implications and Conclusion
[bookmark: _Hlk81408983]Promoting land sparing over land-sharing logging to limit forest degradation requires either more stringent government regulation or market-based incentive mechanisms. Governments may act to protect longer-term wood security, timber-earned revenue streams, and employment, or more broadly to deliver on climate and biodiversity goals (e.g. SDGs 13 and 15). For Brazilian logging concessions in public forests, the government already offers tax reductions for beneficial activities, including social investments (Azevedo-Ramos et al. 2015). Linking reductions in stumpage fees to less-disruptive harvest strategies would reduce the opportunity cost of doing so, e.g. a 25% reduction in stumpage fee would switch some land sparing operations from loss to profit making. Additionally, given that profit per hectare of current logging practices (i.e. land sharing) at 30 m3 ha-1 was lower than profit per hectare at 20 m3 ha-1 in the majority of concessions, reducing the legal cutting limits in lower basal area forests to 20 m3 ha-1 would protect economic returns whilst reducing unnecessary damage to forest biodiversity and carbon stocks. However, any concerted attempt to shift land management strategies (e.g., towards land sparing) must consider the social and institutional implications for all stakeholders beyond profitability and ecological conservation aims. In particular, key considerations will be the impact on timber-related job provisioning and the local community benefits of sustainable forestry in these areas. 
Market-based mechanisms, including timber certification schemes, REDD+ and RIL-C (which explicitly focus on improving carbon retention via improved harvest strategies; Griscom et al. 2014), could remove the opportunity cost of land-sparing logging through price premiums and carbon payments, especially when applying more stringent cutting limits on a per species basis. For instance, inclusion of land-sparing logging criteria within FSC-certification requirements would create an explicit link to the FSC timber price premiums of 27-57% (Kollert & Lagan, 2007). Similarly, if land sparing reduces emissions, especially via reduced road networks, then carbon payments could be leveraged to eliminate the opportunity cost. 
Our simulations demonstrate that land sharing is more profitable than land-sparing logging in the Brazilian Amazon across a range of logging intensities and conservation-focused harvest restrictions. This suggests a conflict between economic interests and conservation of biodiversity and carbon. Stringent harvest restrictions reduce the opportunity cost of land sparing, improve its longer-term profitability, and minimise multi-decade forest compositional decay through persistent high-grading (Richardson & Peres, 2016), but economic incentives will be required to promote genuine shifts in logging behaviour towards land-sparing logging. While there is some scope for legal frameworks to promote this shift, market-based mechanisms are critical in promoting change. Accurately quantifying the differences in carbon emissions between the two methods will be crucial in assessing this possibility. As Brazil and other Amazonian countries continue to look towards large-scale timber concessions as a means of economic production, ensuring widespread use of optimal harvest strategies will become progressively more important in protecting the globally significant biodiversity and carbon that these forests support.
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[bookmark: _Toc143272337]2.6 Supplementary Information
Supplementary Methods
Methods 1- Point pattern modelling
To simulate new forests, we accounted for variation in the spatial distribution and clustering of each species via a two-step process.  Firstly, determining whether a given species’ distribution departed from complete spatial randomness (CSR) then fitting log-Gaussian Cox models where spatial point patterns were significantly departed from CSR.
Departures from CSR were determined via the pair correlation function summary statistic, which quantifies spatial patterns at distinct spatial scales, giving the mean number of points falling between concentric circles with radii r and r + h, where h is a small distance increment, standardised by point density. We accounted for border effects using the Ripley correction (Baddeley et al. 2015).
Significant departure from complete spatial randomness (CSR) was tested against 499 simulations of the homogeneous Poisson model using DCLF goodness-of-fit tests (Diggle, 1986; Loosmore & Ford, 2006). Figure S1 shows results from the pair correlation function for Ipê-roxo, exhibiting significant aggregation up to ~2500m (p =  0.002).
To model clustering for each species, we implemented the log-Gaussian Cox process models. Here, aggregation is modelled by the random intensity function:
 
Eq 6

where µ is the intercept and D(u) is the flexible Matérn Covariance Function (MCF) which describes clustering by two parameters, cluster size and cluster intensity. We optimised model fit for pair correlation in the MCF by considering cluster shape values of 0.25, 0.5, 1, 4 and 100 and selecting the best model by minimum contrasts. The subsequent model was then used to simulate point patterns for each species across the concession area.
After the point patterns were simulated, DBH was assigned to each tree by randomly sampling from the observed DBH-density distribution of each species.  Volume was subsequently assigned using family-specific cross-validated DBH-volume relationships utilised by AMATA.
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Figure S1. Pair correlation function for the tree species Ipê-roxo in concession JM.i, which exhibits significant aggregation up to ~2500m (p = 0.002).

Methods 2- Sensitivity analyses
We tested how sensitive logging profits were to market fluctuations in the price of fuel, machinery and other inputs by remodelling the 20 m3 ha-1 harvest with both deflated and inflated road construction and skidding costs. For road construction and skidding costs we generated 100 random multipliers between 0.5 (i.e. 50% deflation) and 3 (i.e. 200% inflation) and applied these multipliers to each of the 100 forests simulated, before recalculating the profitability of the resultant harvests.
We also tested the impact of reduced stumpage fees on profitability of both sparing and sharing harvests. The stumpage fees used in our simulations are those agreed by the concessionaire and the Brazilian Government, but these can be significantly higher than stumpage fees incurred outside of public National Forests. We therefore re-ran the harvest simulations at 20 m3 ha-1 with the stumpage fee per tree reduced in increments of 5% of its original value all the way to a 100% reduction (i.e. no fee).
Methods 3- Timber prices
Timber prices used in the simulations were based on species-specific timber prices provided by AMATA. Prices were based on the sale of processed wood that had been treated at the sawmill (Table S1.). For merchantable tree species present in the other concessions but without AMATA price information, we used the IBAMA Document of Forest Origin (IBAMA, 2017) which contains information on the quantities and value of traded timber species across Brazil. For each of the merchantable species found within our concessions, we calculated an average selling price for sawnwood (excluding outliers) from the DOF. Since our cost information is based on AMATA financial data, we then calculated the average deviance from DOF prices for species where we had both DOF and AMATA price data and applied this multiplier to the selling price of the other species (x3.60), to capture the price premium charged by AMATA for high-quality, FSC sawnwood and ensure prices matched costs.
Stumpage fees for each concession were assigned based on the agreed fees between concessionaire and IBAMA as per the concession contract. Where stumpage fees were categorized into four separate value bands, we assigned each species to a stumpage value band based on which price quartile it fell into.
Table S1. Average selling price per m3 of processed wood (USD$) by species in 2018, as reported by AMATA. 
	Common Name
	Scientific Name
	Price ($USD/m3 processed wood)

	Angelim-amargoso
	Vataireopsis speciosa
	675.00

	Angelim-pedra
	Hymenolobium heterocarpum
	690.00

	Angelim-rajado
	Vatairea guianensis
	675.00

	Cambará-rosa
	Qualea paraensis
	710.00

	Cedromara
	Cedrelinga cateniformis
	580.00

	Cedro-rosa
	Cedrela fissilis
	672.00

	Cinzieiro
	Erisma bicolor
	650.00

	Cumaru
	Dipteryx odorata
	1100.00

	Cumarurana
	Dipteryx alata
	1100.00

	Cupiúba
	Goupia glabra
	819.00

	Embireira
	Couratari stellata
	700.00

	Faveira-ferro
	Dinizia excelsa
	730.00

	Freijó
	Cordia goeldiana
	920.00

	Garapeira
	Apuleia leiocarpa
	863.00

	Garrote
	Bagassa guianensis
	725.00

	Guariúba
	Clarisia racemosa
	710.00

	Ipê-amarelo
	Handroanthus incanus
	1450.00

	Ipê-roxo
	Tabebuia impetiginosa
	1450.00

	Muiracatiara
	Astronium lecointei
	750.00

	Muirapiranga
	Brosimum rubescens
	800.00

	Paricá
	Schizolobium parahyba
	650.00

	Pequi
	Caryocar villosum
	580.00

	Pequiarana
	Caryocar glabrum
	580.00

	Roxão
	Peltogyne venosa
	900.00

	Roxinho
	Peltogyne paniculata
	920.00

	Sucupira-amarela
	Bowdichia nitida
	800.00

	Sucupira-preta
	Diplotropis rodriguesii
	475.00

	Tauari-vermelho
	Cariniana micrantha
	650.00




Methods 4- Road Costs
To calculate an average road cost per m3 harvested, harvests were first pre-simulated in the AMATA concession (the only concession for which we had detailed road maps and road cost data) to predict an average road cost per m3 for each harvest type (sharing, block sparing, fragmented sparing). Road costs were split by harvest type due to significantly different road network requirements between sparing and sharing, where sharing requires larger road networks per m3 of timber harvested due to the harvests wider spatial extent. Road costs were also split by harvest intensity (10, 20 and 30 m3 ha-1) to account for lower per m3 road costs when harvesting at higher intensities.
The total road construction cost for AMATA was calculated using the cost data provided to us by AMATA, and then divided by the total length of AMATA’s existing road network to get a per metre cost of road construction ($1.48 per metre). Using the road network created by AMATA as a model, the network was reprojected for each harvest type, with roads only being included if they fell within areas that were to be harvested (Figure S2). The total road network length for each harvest was then multiplied by the per metre road construction cost to get a final road network cost, specific to each harvest type and intensity. We then calculated the average road cost per m3 harvested and applied the same road network costs across each of the different concessions.
(a)
(b)
(d)
(c)


Figure S2. Map of real and simulated road networks in the AMATA concession (JM.i, Rondônia) (a) Real road network in the concession provided to us by AMATA, (b) the road network generated for land sharing,(c) the road network generated for fragmented land sparing and (d) the road network generated for block land sparing. Road networks for sharing and sparing harvests are based on GPS measurements of the real AMATA road network and cropped to only include roads within grid cells where trees were selected for harvest. Average road costs per m3 were then calculated for each harvest type and used to estimate road costs across all concessions. Images taken from Google Satellite.


Supplementary Results
Land sharing and land sparing with varying logging intensity- profitability per m3
Profitability per m3 harvested followed the same overall pattern as profitability per hectare, in that land sharing was significantly more profitable than both forms of land sparing at intensities of 10, 20 and 30 m3 ha-1. However, land-sparing profitability per m3 improved slightly with harvest intensity while land sharing profitability fell, reducing the strength of difference between strategies (Figure S3).













Figure S3. Profit per m3 harvested ($USD) associated with block land sparing (B-Sp), fragmented land sparing (F-Sp), and land-sharing (Sh) harvest strategies in the Brazilian Amazon. Predictions are based on 100 simulated forests for each concession with an average harvest intensity of 10(a), 20 (b) and 30(c) m3 ha-1. Points represent the mean, lines extend one standard deviation away from the mean. Red line represents breakeven point where neither a profit nor a loss is made. Triangles represent concessions within Rondônia, circles represent concessions within Pará. Concession codes are as follows: JA.i = Amata, Jamari (Rondônia); JA.ii = Madeflona, Jamari (Rondônia); JA.iii = Sakura, Jamari (Rondônia); JC = Jacunda (Rondônia); CX = Caxiuanã (Pará); ST = Saracá-Taquera (Pará); VJ = Jari Valley (Pará).a)
c)
b)




Total cost per m3 of each harvest type and intensity, including wood processing
Total cost per m3 of wood produced was consistent between harvest types. Costs per m3 fell with increased harvest intensity above 10 m3 ha-1 as economies of scale were achieved, but this difference was marginal.

Table S2. Mean cost per m3 of wood produced for each harvest method (land sharing, block land sparing and fragmented land sparing) at harvest intensities of 10, 20 and 30 m3 ha-1. The mean values shown are the means across all seven concessions and the standard deviations are reported alongside.
	Harvest Method
	Intensity (m3 ha-1)
	Total cost per m3 ($USD)

	Sharing
	10
	139.8 ± 7.6

	Block Sparing
	10
	139.2 ± 8.5

	Fragmented Sparing
	10
	139.6 ± 8.3

	Sharing
	20
	135.5 ± 7.8

	Block Sparing
	20
	135.0 ± 8.4

	Fragmented Sparing
	20
	135.1 ± 8.3

	Sharing
	30
	135.6 ± 7.1

	Block Sparing
	30
	135.3 ± 7.9

	Fragmented Sparing
	30
	135.2 ± 7.8













Extent of land sharing and land-sparing harvests under conservation restrictions
In both conservation scenarios, the percentage of species protection was positively correlated with the spatial extent of harvest for both fragmented and block land sparing. At an intensity of 20 m3 ha-1, harvests covered 44 ± 9% (fragmented) and 50 ± 8% (block) of the concession with no species protection, but under Scenario 1 harvests extended to 72 ± 11 and 77 ± 10 %, respectively, of the concession at 60% protection. At the highest restriction for 30 m3 ha-1 harvests (30% species protection), land-sparing harvests covered >84% of the concession. Similar patterns were observed under Scenario 2 (Figure S4).
Figure S4. Extent of land sparing and land-sharing logging harvests as a percentage of total concession area under conservation measures. (a-c) Increasing percentage of smallest adult trees (DBH>50cm) of all species that must be protected from harvest (0-60%) at intensities of 10 (a), 20 (b) and 30 m3 ha-1 (c). (d-f) Increasing percentage of largest adult trees (DBH>50cm) of all species that must be protected from harvest (0-30%) at intensities of 10 (d), 20 (e) and 30 m3 ha-1 (f).  Points represent the mean values of all concessions whilst coloured areas represent the 95% confidence interval.f)
e)
d)
a)
c)
b)

Sensitivity Analysis- Road and Skidding costs
Simulated inflation and deflation of road construction and skidding costs found land sharing to remain the most profitable method in all scenarios (Figure S5). All harvest methods in all concessions demonstrated a negative linear relationship between transport costs and profitability.
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Description automatically generated]Figure S5. Profit per hectare ($USD) of land sparing and land-sharing logging harvests at harvest intensities of 20 m3 ha-1 in various scenarios of transport cost inflation or deflation. Points represent the mean value for each concession whilst coloured areas represent the 95% confidence interval. Dotted line represents breakeven point where neither a profit nor a loss is made. Triangles represent concessions within Rondônia, circles represent concessions within Pará. Concession codes are as follows: JA.i = Jamari (Rondônia); JA.ii =  Jamari (Rondônia); JA.iii = Jamari (Rondônia); JC = Jacunda (Rondônia); CX = Caxiuanã (Pará); ST = Saracá-Taquera (Pará); VJ = Jari Valley (Pará).

Sensitivity Analysis- Stumpage fees
We also looked at how sensitive profits were to reductions in stumpage fees paid to the government, which account for ~20% of all total costs under the current contracts. Decreasing the stumpage fees had significant effects on the profitability of logging operations (Figure S6), with mean profit per hectare ($USD) across all concessions increasing by 46% when stumpage fees were halved and 89% when stumpage fees were removed altogether. Although removal of stumpage fees altogether would not prove practical, even a modest reduction of 25% permit some land sparing operations to switch from loss to profit making. 

[image: Chart
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Figure S6. Profit per hectare ($USD) of land sparing and land-sharing logging at harvest intensities of 20 m3 ha-1 under increasing stumpage fee discount (0-100% i.e. full discount). Points represent the mean value for each concession whilst coloured areas represent the 95% confidence interval. Dotted line represents breakeven point where neither a profit nor a loss is made.  Triangles represent concessions within Rondônia, circles represent concessions within Pará. Concession codes are as follows: JA.i = Jamari (Rondônia); JA.ii = Jamari (Rondônia); JA.iii = Jamari (Rondônia); JC = Jacunda (Rondônia); CX = Caxiuanã (Pará); ST = Saracá-Taquera (Pará); VJ = Jari Valley (Pará).
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[bookmark: _Toc143272339]3.1 Abstract
[bookmark: _heading=h.30j0zll]Selective logging is pervasive across the tropics and unsustainable logging diminishes forest biodiversity and carbon stocks. Improving the sustainability of logging will be crucial for meeting climate targets. Carbon-based payment for ecosystem service schemes, including REDD+, give economic value to standing forests and can protect them from degradation, but only if the revenue from carbon payments is greater than the opportunity cost of forgone or reduced logging. We currently lack understanding of whether carbon payments are feasible for protecting Amazonian forests from logging, despite the Amazon holding the largest unexploited timber reserves and an expanding logging sector. Using financial data and inventories of >660,000 trees covering 52,000 ha of Brazilian forest concessions, we estimate the carbon price required to protect forests from logging. We estimate that a carbon price of $7.90 per tCO2 is sufficient to match the opportunity costs of all logging and fund protection of primary forest. Alternatively, improving the sustainability of logging operations by ensuring a greater proportion of trees are left uncut requires only slightly higher investments of $7.97-10.45 per tCO2. These prices fall well below the current compliance market rate and demonstrate a cost-effective opportunity to safeguard large tracts of the Amazon rainforest from further degradation.

Keywords: selective logging, carbon, biodiversity, REDD+, tropical forest, Amazon, forest degradation



[bookmark: _heading=h.1fob9te][bookmark: _Toc143272340]3.2 Introduction
Tropical forests support globally important biodiversity and carbon stocks, but are being deforested and degraded at alarming rates (Hansen et al. 2013; Vancutsem et al. 2021). The key driver of tropical forest degradation is selective logging (Hosonuma et al. 2012; Houghton et al. 2012; Pearson et al. 2017), which covers an area of at least 403 million hectares worldwide (Blaser et al. 2011) and is responsible for 6% of tropical greenhouse gas emissions (Ellis et al. 2019). Forests logged sustainably can retain significant proportions of their carbon stocks and harbour high species richness (Putz et al. 2012), yet most selective logging is done unsustainably (Edwards et al. 2014; Bousfield et al. 2020) and a mentality that prioritises profit over the environment prevails. High-value tree species are often preferentially logged at high intensities, leading them to become extremely rare or commercially extinct (Richardson & Peres, 2016), and forests become increasingly depleted with each harvest (Piponiot et al. 2019). However, large timber demand makes selective logging an important economic activity in many tropical economies and balancing sustainable economic production with global climate targets and biodiversity protection remains a critical challenge.
Carbon-based payments for ecosystem service schemes, such as the REDD+ (Reducing Emissions from Deforestation and Degradation) programme, seek to achieve the balance between development and conservation by giving tangible economic value to standing forests. Placing value on carbon retention provides economic incentives for selective loggers to reduce their emissions through improved logging practice (eg. RIL-C; Ellis et al. 2019) or forgoing logging entirely, provided carbon payments can meet or exceed the opportunity cost of doing so (Fisher et al. 2011; Fisher et al. 2014). 
[bookmark: _heading=h.3znysh7]In Malaysian Borneo, the high carbon prices required to meet logging opportunity costs (US$22-28 per tCO2) means carbon payments are not a cost-effective conservation measure (Fisher et al. 2011)13, while in Cambodia, carbon payments can cost-effectively prevent logging at prices of US$2.43-$4.27 per tCO2 (Warren-Thomas et al. 2018). In sub-Saharan Africa, carbon payments could fund more sustainable logging management regimes for US$4.40-$25.90 per tCO2 (Ndjondo et al. 2014). We currently lack an understanding of carbon payment feasibility in the Amazon, where forest structure and composition differs significantly from South-east Asia (Fisher et al. 2014). Amazonian forests consist of many low-value tree species and small numbers of rare, high-value species that are targeted by logging. Due to this heavily skewed value structure, permitting a low level of logging whilst restricting the extent and intensity of harvest could significantly reduce the opportunity cost of protection, whilst still providing carbon and biodiversity benefits (Sist et al. 2021). Preventing the commercial extinction of target species requires the retention of many more individuals (Richardson & Peres, 2016; Zarin et al. 2007), and carbon markets may play a major role in facilitating this transition to more sustainable harvests (Salzman et al. 2018).
Here, we tackle the key question of whether carbon payments can viably protect Amazonian forest by preventing all logging or by improving logging sustainability. We focus on the Brazilian Amazon, where approximately 35 million hectares of public forest are available to be designated for timber harvest with 1.6 million hectares having already been granted as forest concessions (Sist et al. 2021). We use detailed financial data and spatial harvest simulations for multiple logging concessions to calculate the opportunity cost and carbon breakeven price of forgoing logging entirely as well as improving logging sustainability.  We do so to understand the cost-effectiveness of the following objectives: (1) forgoing logging entirely to protect undisturbed primary forests; (2) restricting harvest to higher-value species and preventing harvest of lower-value timber classes; and (3) reducing extraction intensity of higher-value timber species, while preventing logging of lower-value species. 

[bookmark: _Toc143272341]3.3 Methods
Study Site
We focused on seven logging concessions located throughout the Brazilian Amazon (Bousfield et al. 2021) and spanning a broad spectrum of forest structure profiles. Extensive pre-harvest inventories were undertaken by the logging companies whereby all trees ≥40 cm DBH representing commercially viable species were georeferenced and tagged. The forest inventories across the seven concessions provide us with specific attribute data for >660,000 individual trees spanning ~52,000 ha of undisturbed Amazonian forest.
Simulating new forests
For each concession, we simulated 100 new spatially explicit forests based on the original tree distributions within each concession. Each simulated forest contained a new tree species community, where species aggregation patterns, tree DBH and harvestable volumes were reproduced based on models of the original species-specific spatial and size distributions and DBH-volume relationships (see SOM Methods in Bousfield et al., 2021). Harvest simulations were subsequently conducted on each simulated forest. 
Simulating full and restricted harvests
We simulated a business-as-usual logging harvest for all concessions as well as a number of restricted harvests whereby carbon payments were used to protect certain trees from harvest. 
Business-as-usual Logging
To calculate the opportunity cost of forgoing selective logging entirely in the concession, we simulated a full harvest of all profitable timber within the concession according to legal restrictions. The volumetric amount of profitable timber varied between concessions, with harvests spanning a wide range of intensities from 5-20 m3 ha-1.
Restricting harvest with carbon payments
We simulated three harvest restriction scenarios whereby carbon payments would be used to protect trees that would otherwise have been harvested.
Objective 1:  Preventing logging entirely - all trees within the concession were protected from logging, retaining the whole concession as unlogged primary forest.
Objective 2:  Preventing logging of certain species based on value classes - tree species were grouped into four decreasing timber value classes (very high: Class I, high: Class II, medium: Class III and low: Class IV) based on their market sale price (Bousfield et al. 2021). Species-specific timber values were obtained from actual transaction prices based on financial records of a Brazilian logging company based at one of the study sites (AMATA) and timber transaction details recorded by IBAMA. Consecutive harvests were then simulated with logging prevented for an increasing number of value classes, with Class IV being the first to be restricted (i.e., logging permitted for Classes I, II and III), then Classes III and IV restricted (logging permitted for Classes I and II), then Classes II, II and IV restricted (logging permitted for Class I only) and finally all Classes restricted (i.e. no harvest). 
Objective 3: Reducing extraction intensity of higher-value timber species, while restricting logging of lower-value species - Assuming loggers would have a greater desire to harvest higher than lower value stems (due to higher economic returns), we tested the carbon prices required to spare increasing proportions of each tree species in the higher value timber classes from logging (from the legally required 10% up to 90%) whilst also restricting the logging of all trees in the lower value classes. For this we used two baseline scenarios: (1) logging permitted in Classes I and II (no logging of Classes III and IV), with increasing proportions of trees of each species in Classes I and II also spared from harvest; (2) logging permitted in Class I only (no logging of Classes II, III and IV), with increasing proportions of trees of each species in Class I also spared from harvest. 
Harvests were simulated on all 100 modelled forests from each of the seven concessions. The resulting profit from each harvest and the carbon emitted was then estimated and compared with the full harvest baseline to calculate the opportunity cost of harvest and the total amount of carbon saved. The breakeven carbon price required to make forest protection through compensatory carbon payments a financially viable alternative to business-as-usual logging was then estimated.
Estimating carbon stocks and emissions
Estimating Carbon stocks in unlogged primary forest
To estimate the mean carbon stock per hectare in each of our concessions prior to any logging activity, we used plot inventory data from the RADAMBRASIL (1973-1983) network that comprehensively mapped forests in 2,719 1-ha (20 × 500 m) tree plots throughout Brazilian Amazonia. All trees with a CBH ≥100 cm (i.e., DBH ≥31.8 cm) were sampled, except for arborescent palms, and tree genera identified by experienced parabotanists. 
[bookmark: _heading=h.2et92p0]Using the DBH, location and genus-specific wood density (Chave et al. 2009), we calculated the above-ground biomass (AGB) of all trees in each 1-ha plot using the allometric equations developed by Chave et al. (2014) through the R package BIOMASS (Rejou-Mechain et al. 2017). We used genus-level rather than species-level tree identification due to higher taxonomic certainty at the genus level for all RADAMBRASIL tree plots (Peres et al. 2016). Below-ground biomass (BGB) was estimated to be 0.235 that of the AGB (Mokany et al. 2006), which was added to the AGB to give the total biomass (tonnes) in each plot. Following Peres et al. (2016), we then accounted for the additional biomass contribution of trees 10-31.8 cm DBH based on empirical observations within the Brazilian Amazon (10-31.8 cm DBH trees account for 94% of the aboveground tree biomass represented by large trees >31.8 cm DBH) before converting total biomass to total carbon content (tC) using the standard factor of 0.47 (IPCC, 2006).
[bookmark: _heading=h.tyjcwt]To estimate the mean carbon stock per hectare in each concession, the primary vegetation type of the concession was identified as per each RADAMBRASIL survey. We then took the nearest 50 RADAMBRASIL plots of the same primary vegetation type and calculated a mean biomass and carbon stock per hectare from these plots, which was then assigned to each concession.
Estimating carbon emitted during harvests
The carbon pools considered during our harvest simulations were carbon loss (above- and below-ground) of trees harvested, carbon loss through residual damage during harvest and carbon loss through the creation of logging road infrastructure. For simplicity, and to follow the previous literature (Pearson et al. 2017; Warren-Thomas et al. 2018; Griscom et al. 2014; Zalman et al. 2019), we assumed the carbon within harvested trees to be emitted fully at the time of harvest, focusing on committed emissions and following the IPCC Tier 1 assumption that all carbon extracted is emitted at the time of felling. We did not include soil carbon loss due to lack of data and highly variable findings of the impact of logging on soil carbon (Johnson & Curtis, 2001; James & Harrison, 2016; Riutta et al. 2021).
Carbon stock of felled trees
We calculated the AGB (t) of each tree felled during the harvest using the BIOMASS package (Rejou-Mechain et al. 2017) and allometric equations developed by Chave et al. (2014). Below-ground biomass of each tree was estimated to be 0.235 that of the AGB (Mokany et al. 2006). Total below and above-ground biomass were multiplied by 0.47 (IPCC, 2006) to predict the total carbon content of each tree in tC. The carbon stock lost during harvest was therefore estimated as the sum of the total carbon stored in all trees harvested.
Residual damage
Residual damage of the surrounding tree stand is commonplace in selective logging operations. We used the linear model (r = 0.43, P < 0.01) developed by Sist & Ferreira (2007) based on empirical field measurements of residual damage in a Brazilian logging concession implementing reduced impact logging (RIL) techniques to estimate residual damage. The percentage of the forest stand killed during harvest (y) based on the logging intensity (x, in m3ha-1) was therefore calculated as:Eq. 1


To estimate the total carbon lost across the harvest through residual damage during logging, the percentage residual damage was multiplied by the total pre-harvest carbon (tC) estimate for the concession.
Road network emissions
We used spatial maps of road networks in one of the concessions (JM.i – AMATA) to estimate the percentage of road cover per hectare of logged forest. We divided the road map into three road types: Primary access roads, secondary roads and tertiary roads and assigned them an average width of 15 m, 8 m and 5 m, respectively (based on communications with AMATA). We calculated the total road area in the concession and divided this by the total area logged to calculate the percentage road cover per hectare of logged forest. We estimated percentage road cover to be 1.58%, which is consistent with the literature, and close to the median global estimate of 1.7% (Kleinschroth & Healey, 2017). We assumed that all trees >10 cm DBH overlapping the road network were destroyed during its creation, therefore estimating the total carbon lost during road construction to be 1.58% of the total area logged (in hectares) multiplied by the average carbon stock per hectare (tC) in the concession.

Total carbon emitted during harvest
We estimated the total carbon (TC) emitted through logging harvest h as:Eq. 2


Where CFn is the total carbon stored in n trees felled during harvest h, RDh is the total carbon lost through residual damage during harvest h, and RNh is the total carbon lost through creation of a road network to facilitate harvest h.
Estimating the net profit of harvest
We used detailed financial records from one of the concessions (JM.i- AMATA) as well as public logging price data (IBAMA, 2017) to estimate the costs and returns of harvests across all seven concessions. All concessions were assumed to market FSC-certified processed sawnwood and employ RIL techniques during harvest, as declared in the concession contracts with the Brazilian Forestry Service (SFB). We adopted the profit calculations used in Bousfield et al. (2021) and estimated the net profit (P) of a harvest h of n trees as:Eq. 3


Where Rn represents the revenue of harvested tree n, Cn is the direct costs associated with harvesting tree n (including the cost of felling, processing and stumpage fees), whereas HCh is the harvest costs incurred throughout harvest h (including wages, tree inventory, road construction, skidding and log transport). All calculations were made in Brazilian Real (R$) and then converted into US Dollars (USD$) based on the average exchange rate for 2018 (1R$ = 0.28 USD$). See supplementary information for a more detailed breakdown of revenue and cost calculations.
Calculating a breakeven carbon price
Opportunity costs were defined as the forgone profits of logging all profitable timber within the concession. We simulated full business-as-usual harvests of all profitable timber (up to the legal maximum of 30 m3 ha-1, but harvest intensities varied between concessions based on available timber), as well as restricted timber harvests, estimating the profit made and carbon emitted during each harvest and using these figures to calculate the breakeven carbon price (BEx - US$ per tCO2) of each type of restricted harvest as:

[bookmark: _heading=h.3dy6vkm]where Px is the net profit generated under a full business-as-usual harvest x, Py is the net profit generated under restricted harvest y, Ty is the total REDD+ project implementation and transaction costs (estimated at $1.17/tCO2 after accounting for inflation; Olsen & Bishop, 2009), 3.67 the conversion factor from tC to tCO2, Cx the carbon emitted during full business-as-usual harvest x and Cy the carbon emitted during restricted harvest y. Eq. 4

[bookmark: _Toc143272342]3.4 Results
Preventing logging entirely 
Undertaking a full harvest of all profitable timber within concessions in accordance with Brazilian Law resulted in an average remaining carbon stock of 128.4 ± 14.2 tC per hectare. This equates to 78.6 ± 6.5 % of the original pre-harvest forest carbon stock (163.3 ± 9.7 tC per hectare). The carbon price (in 2018 US$) required to cover the opportunity cost of the full logging harvest and protect the forest from logging averaged $7.90 ± 1.88 per tCO2 across the concessions (Figure 1). Concessions showed considerable variation in carbon breakeven prices (from $4.85-10.42 per tCO2) due to the varying opportunity costs that reflect the spatial variation in the value of pre-harvest timber stocks (Figure S1).
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Description automatically generated]Figure 1. The opportunity cost of forgoing logging in public logging concessions in the Brazilian Amazon.  Where no carbon finance is used, forgoing logging carries an opportunity cost of ~$1071 per hectare. This opportunity cost is eliminated when carbon finance is used at a carbon price of $7.90 per tCO2. Areas shaded in red represent carbon prices at which the opportunity cost of not harvesting is greater than the revenue provided through carbon finance, areas shaded in green represent carbon prices at which the opportunity cost of forgoing logging is exceeded and income from carbon payments generates greater returns than logging. Dashed line represents the voluntary market carbon price in 2019 (US$3.80), dotted line represents the 5-year average EU ETS carbon market price (US$19.68), and dot-dashed line represents the 2020 EU ETS average (US$28.33). These carbon prices equate to net benefits of carbon payments of -$551, $1621, and $2803 per ha, respectively. 
Preventing logging of certain species based on value classes
Restricting logging of Class IV, such that only individuals in timber value Classes I, II and III were logged, maintained on average 84.9 ± 3.7% of the original forest carbon stocks. Further restrictions saved only marginally more of the original forest carbon stock, with logging only Class I and II individuals retaining 86.9 ± 3.6% and logging only Class I individuals retaining 90.5 ± 1.6% (Figure 2a). Preventing logging of Classes III and IV, such that only Classes I and II were logged, resulted in an average carbon breakeven price of $7.97 ± 1.08 per tCO2 (Figure 2b). Logging Classes I, II and III (protecting Class IV) was 12.6% more expensive than logging only Classes I and II, whilst logging Class I only (protecting Classes II, III and IV) was 19.8% more expensive. Preventing logging entirely (i.e., sparing all timber trees across all value classes) thus remained the cheapest option at $7.90 ± 1.88 per tCO2. 
Reducing extraction intensity of higher-value timber species, while preventing logging of lower-value species 
Increasing the proportion of individuals from species in the higher value classes spared from harvest, whilst restricting logging to only higher value species in Classes I and II (Scenario 1) or only Class I (Scenario 2) resulted in an increase in retained carbon stocks in both scenarios. As expected, remaining carbon stocks were higher when logging of only Class I species was permitted (scenario 2) than when logging was permitted for both Classes I and II (scenario 1) (Figure 3a,b).
Increasing the percentage of individuals in the highest value classes spared from harvest required increasingly high carbon payments up to 80% retention. At lower proportions of higher-value individuals spared (up to 60%), carbon breakeven prices were consistently lower in scenario 1 (logging of Classes I and II) than in scenario 2 (Class I only logged):  $9.44 ± 1.45 versus $10.01 ± 2.10 per tCO2 at 50% retention. The breakeven price for increased retention of higher-value individuals thus ranged from $8.23-10.46 per tCO2 (Figure 3c,d).
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Description automatically generated]Figure 2. Remaining carbon stocks (tC per hectare) (a) and breakeven carbon price (US$ per tCO2) (b) for different levels of forest protection based on timber value classes, averaged across the seven concessions examined. Species were divided into four value classes based on market sale prices and timber sparing strategies were assessed, including no logging, logging only the most valuable species (Class I), logging the two most valuable species classes (Class I, II) and logging the three most valuable species classes (Class I, II, III). Central bar shows median, box shows upper and lower quartiles, whiskers extend to 1.5× the inter-quartile range, and outliers are presented as dots. Dashed grey line represents the mean remaining carbon stock (tC per ha) of a forest where all profitable timber has been logged (up to the legal maximum harvest of 30 m3ha-1).
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Description automatically generated]Figure 3. Remaining carbon stocks (tC per hectare) (a,b) and breakeven carbon price (US$ per tCO2) (c,d) for different levels of forest protection where logging is restricted to higher-value classes only (I or I and II) whilst sparing from harvest an increasing proportion (10-90%) of individuals from each species in these classes, averaged across the seven concessions examined. (a, c) Logging permitted for Classes I and II only (scenario 1), with increasing proportions (10-90%) of individuals of each species in Classes I and II spared from harvest. (b, d) Logging permitted for Class I only (scenario 2), with increasing proportions (10-90%) of individuals of each species in Class I spared from harvest.  Central bar shows median, box shows upper and lower quartiles, whiskers extend to 1.5× the inter-quartile range, outliers presented as dots. NL represents scenario where no logging occurs.
[bookmark: _Toc143272343]3.5 Discussion
[bookmark: _heading=h.2s8eyo1]Our simulations demonstrate that the least expensive carbon payment option to reduce the environmental damage of Amazonian logging is to prevent logging entirely, requiring payments of US$7.90 ± 1.88 per tCO2. However, if some logging must occur — for instance, because governments would prioritise supporting downstream wood-related businesses — then permitting logging of higher-value timber species only (and sparing individuals in Classes III and IV) requires just a 12.6% higher investment whilst retaining 87% of forest carbon stocks. To alleviate significant logging pressure on populations of high-value timber tree species, only $8.59 per tCO2 could cover the opportunity cost of sparing 30% of these individuals, while again discontinuing logging of lower-value species entirely. 
Protecting forest from all logging is cost effective
[bookmark: _heading=h.17dp8vu]Our estimates for the cost of protecting areas of the Brazilian Amazon from logging are considerably lower than previous estimates for Borneo ($22–$28 per tCO2; Fisher et al. 2011), where the opportunity costs of forgoing higher intensity logging than in the Amazon (Ruslandi et al. 2011) increase the required breakeven carbon price. In Cambodia, estimates were slightly lower ($4.27 per tCO2; Warren-Thomas et al. 2018) than those found here, but were based on farm-gate timber prices for unprocessed timber, which points to lower profitability (and smaller opportunity costs) than the processed, FSC-certified timber products sold on the domestic and international markets we modelled (Kollert & Lagan, 2007). Our breakeven estimates also fall within the range of previous estimates for improved timber management in Gabon, where carbon payments could be leveraged to lengthen cutting cycles and increase minimum cutting diameters for US$4.40-25.90 (Ndjondo et al. 2014).
[bookmark: _heading=h.3rdcrjn]The carbon price of protection in Asia rises dramatically when also considering the opportunity cost of land conversion to agriculture ($46-48 and $30-51 per tCO2 for Borneo and Cambodia, respectively), whereas forest conversion is prohibited in Brazilian public forest reserves. Our breakeven prices are therefore enough to protect forests entirely from legal logging or clearance, although additional costs may be incurred in enforcing the protection of these areas from illegal activities (estimated at $1.17-3.51 ha-1 year-1; Nepstad et al. 2009). These breakeven prices fall well below the 2020 average EU ETS carbon market price of US$28.33 ± 4.21 per tCO2 (5-year average = $19.68 ± 11.69) and the US Government’s social cost of carbon ($51 per tCO2), making Amazonian forest protection a cost-effective investment in the compliance carbon market. However, average REDD+ carbon prices paid in the voluntary market in 2019 were lower at ~$3.80 per tCO2, making forest protection currently too expensive for the voluntary market. 
[bookmark: _heading=h.26in1rg]Logging concessions in public forests currently cover 1.6 million hectares of the Brazilian Amazon. Using our predicted carbon retention and breakeven prices, carbon payment projects that fully protect these concessions from logging at a price of $7.90 per tCO2 would avoid logging-related carbon losses of ~55.92 million tC at a total cost of ~$1.62 billion. With logging concessions set to expand across Brazil, full protection of the 35 million hectares of public forest open to gazettement as concessions (Sist et al. 2021) could avoid carbon losses of ~1.22 PgC whilst generating ~$35.47 billion for the Brazilian economy. This carbon saving is roughly twice the net AGB carbon loss for the entire Brazilian Amazon between 2010-2019 due to deforestation and degradation (Qin et al. 2021). These estimates are based on simulations covering a range of different Amazonian forest structure profiles and timber densities, but should be treated with caution as they may still overlook the complex spatial variation in carbon and timber stocks across the Brazilian Amazon. Furthermore, widespread reduction of timber production could increase reliance on higher-emission building materials, such as steel or cement40, and lead to significant job losses in the timber sector.
[bookmark: _heading=h.lnxbz9]In addition to carbon retention, significant biodiversity benefits could be achieved through carbon payments that restrict logging entirely. Firstly, primary forests are irreplaceable for sustaining tropical biodiversity (Gibson et al. 2011). Furthermore, when no logging occurs, no road networks are created. Logging roads cause forest cover losses of 0.6-8% within concessions (Kleinscroth & Healey, 2017), facilitate further ecological exploitation through improved access for hunters and illegal loggers (Poulsen et al. 2011; Wilkie et al. 2000), and increase edge effects (Edwards et al. 2017). In the Brazilian Amazon, 95% of deforestation occurs <5 km from roads (Barber et al. 2014), demonstrating the significant benefit of full forest protection through carbon payments in avoiding further deforestation and forest degradation.
Improving the sustainability of logging operations using carbon payments
[bookmark: _Hlk95904329][bookmark: _heading=h.35nkun2]Whilst forgoing logging entirely represents the cheapest and most optimal option for carbon stock and biodiversity protection, policymakers may require some logging activities to meet timber demand and create jobs. Using carbon payments to prevent the logging of lower-value timber stocks still represented a cost-effective option only $0.07 per tCO2 more expensive than full forest protection, well below the 2020 EU compliance market price with the added benefit of providing jobs and income. Reducing logging intensity using carbon payments also offers a pathway for biodiversity conservation whilst permitting low levels of economic extraction. Well-managed selectively logged forests can still retain significant amounts of biodiversity (Putz et al. 2012), especially when RIL techniques are employed (Bicknell et al. 2014), whilst lower logging intensities result in smaller declines in species richness amongst mammals, amphibians, invertebrates, and forest-specialist birds (Burivalova et al. 2014). Nevertheless, permitting low-intensity logging would still lead to forest degradation, including extensive road networks to facilitate extraction, fragmentation of the canopy, and residual damage to the forest (Bousfield et al. 2020). Methods to prevent such degradation, and their resultant costs, would have to be considered and included during design and implementation of any carbon payment scheme.
[bookmark: _heading=h.1ksv4uv]Undertaking post-logging silvicultural interventions, such as liberation cutting and enrichment planting, could provide further biodiversity and carbon benefits whilst improving the long-term sustainability of timber harvests (Cerullo & Edwards, 2019). Alternatively, using carbon payments to protect areas of high ecological value within the concession from logging would improve conservation outcomes for old-growth specialists (Edwards et al. 2014).  
[bookmark: _heading=h.44sinio]When logging focuses on high-value timber species, harvests tend to be demographically unsustainable (i.e., high grading), leading to significant changes in forest community composition (Richardson & Peres, 2016). In addition to preventing the logging of lower-value trees, carbon payments could also protect a proportion of higher-value, typically rare species (Fisher et al. 2014). Increasing the proportion of each species in value Class I and II left unharvested from the legal minimum (10%) to 30% would require an additional carbon payment of $0.62 per tCO2, and to 50% an additional $1.47 per tCO2. A small additional investment to restrict extraction levels of high-value timber species would prevent functional homogenisation of the remaining tree community, with potential knock-on effects for biodiversity (Richardson & Peres, 2016; Tabarelli et al. 2012), and retain a greater proportion of standing timber beyond the first harvest (Perreira et al. 2002).


Study caveats
[bookmark: _heading=h.2jxsxqh]Our simulations have four caveats. Firstly, we base our opportunity cost estimations on large FSC-certified concessions marketing high-quality, processed timber pointing to high profitability (Kollert & Lagan, 2007) whilst our residual damage estimates are based on RIL harvest methods (Sist & Ferreira, 2007) that cause less canopy damage than conventional logging methods (Perreira et al. 2002; West et al. 2014). Where logging operations market lower-quality or unprocessed timber harvested with conventional logging techniques, opportunity costs will likely be lower whilst carbon emissions are greater, thus resulting in cheaper breakeven carbon prices. Secondly, we assume maximising profitability to be the only driver of land-use decision-making by concessionaires, but this does not capture the influence of non-carbon ecosystem services (e.g., water provisioning), cultural attachment to forests (Watson et al. 2018; Rozzi et al. 2012), or governmental policies. Thirdly, we simulate outcomes for Brazilian public forests concessions, and do not include community forests or land owned by indigenous groups. Whilst forest management in such areas can be sustainable and profitable (Humphries et al. 2012), and rates of degradation are often reduced (Sze et al. 2021), our economic and yield data do not allow us to address the potential of REDD+ to work in these areas. Finally, we considered harvest emissions through loss of live biomass carbon, but did not account for associated emissions from heavy machinery and vehicles (Pearson et al. 2017), additional damage through skid trails construction (Goodman et al. 2019), or changes to forest soil carbon (Riutta et al. 2021). These would likely increase carbon emissions saved under restricted harvests, meaning our breakeven carbon prices may be slightly overestimated.
More broadly, REDD+ and carbon payment projects are complex. Large-scale reduction of logging activities in public forests through REDD+ could restrict timber supply, encouraging leakage to meet demand via the expansion of timber plantations (particularly in Brazil’s species-rich cerrado woodlands; Stickler et al. 2009) and logging activities elsewhere (West et al. 2020). Moreover, ensuring the longevity of a project (at least the 35-year logging cycle) is difficult, and strong enforcement would be needed to prevent illegal loggers from harvesting the trees protected by carbon payments (Nasi et al. 2011). Monitoring, reporting, and verification of carbon credits can be costly and difficult to set up (Kohl et al. 2020), whilst carbon credit payments must be transparent and avoid marginalising local people.  
REDD+ roll-out and conclusions
Despite the clear ecological benefits of using carbon payments to protect vast tracts of Amazonian forest, there are additional policy barriers to ensuring the success of carbon projects. Currently, the Brazilian government does not permit such projects in national forest concessions (Azevedo-Ramos et al. 2015) and imposes a minimum tax on the concessionaire regardless of whether any logging occurs. Without this minimum tax the cost of fully protecting primary forest drops to $7.06 per tCO2. Understandably, governments may not view logging activities purely through the lens of economic production, but also through tax income and job provision or, alternatively, as detrimental to their climate goals. The minimum tax imposed by the government could therefore be waved for carbon projects if guarantees were made for investment of the carbon payments into local economies. Indeed, regional or national governments could themselves set up carbon payment projects instead of allocating land to concessionaires. This would significantly reduce opportunity costs and provide the government a chance to contribute towards climate targets and invest in local communities and economies. 
[bookmark: _heading=h.z337ya]In conclusion, we have demonstrated that full protection of forest allocated for selective logging in the Brazilian Amazon is cost-effective under realistic carbon payment scenarios. Full protection of intact forests represents the most beneficial option for ecological and climate goals, as primary forests are irreplaceable for protecting biodiversity and store large carbon stocks. Alternatively, if some level of logging is to occur to meet timber supply and support economies, carbon payments remain a cost-effective way of restricting the intensity of logging, improving logging sustainability and maintaining significant (although still reduced) biodiversity and carbon, at only a small additional cost. If viewed as an opportunity to provide investment into local communities whilst contributing to long-term climate goals, REDD+ projects in public forest concessions represent a cost-effective opportunity to protect the hyper-diverse biodiversity and extensive carbon supported by the Brazilian Amazon.
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[bookmark: _Toc143272344]3.6 Supplementary Information
[bookmark: _heading=h.3j2qqm3]Calculating Revenues and costs of harvest
Our detailed revenue and cost estimates follow the methodology of Bousfield et al. (2021). The data came from AMATA, an FSC-certified timber harvesting company based in the Jamari National Forest, Rondônia. AMATA’s revenue and cost data was applied to the other concessions whilst controlling for concession size/volume output. Average selling prices for commercial timber species present in other concessions but not sold by AMATA were obtained through IBAMAs Document of Forest Origin and price transformed to match the premium charged by AMATA for high-quality, FSC-certified timber. Revenue and costs were estimated as detailed below, before profits generated in each harvest were estimated as per the details in section 2.5. 
Revenue
Gross revenue per tree was calculated using species-specific timber prices and yield data. Revenue considered the wastage of wood in the sawmill processing phase and was calculated for each individual tree (Rx) thus: 



Where Vx is the total volume of the logged tree x, Oy is the proportional output yield after processing of species y, and Py is the sale price per m3 of processed wood for species y.


Costs
Detailed harvesting costs were divided into direct costs associated with tree felling and harvest costs incurred throughout the harvest. 
Direct Costs
Direct costs were calculated per m3 of timber and included contractually agreed government stumpage fees, costs of felling and sawmill costs. Direct harvest costs were calculated for each tree (CX) thus:

Where Vx is the total volume of the logged tree x, Sy is the stumpage fee per m3 for species y, Cf is the cost of felling per m3, Oy is the output yield after processing of species y, and My is the cost of operating the sawmill per m3 of processed wood produced for species y. 
Harvest Costs
Harvest costs were calculated as a total cost across the concession and included administration (wages), conducting a full forest census, road network construction, skidding and roundlog transport. These costs were calculated post-harvest for harvest h thus:

Where CAx is the total administrative costs (including wages) for x m3 of timber harvested, CEs is the total cost of conducting a full tree census of a concession s hectares in size, RCx is the total road construction cost for x m3 of timber harvested, SKx is the total cost of skidding for x m3 of timber harvested, and LTx is the total cost of roundlog transport for x m3 of timber harvested.
Supplementary Results
[image: Chart

Description automatically generated]Figure S1. The opportunity cost of forgoing timber extraction in public logging concessions in the Brazilian Amazon, split by concession.  Areas shaded in red represent carbon prices at which the opportunity cost of not harvesting is greater than the revenue provided through carbon finance. Areas shaded in green represent carbon prices where the opportunity cost of forgoing logging is exceeded and income from carbon payments generates greater returns than logging. Dashed line represents the voluntary market carbon price in 2019 (US$3.80), dotted line represents the 5-year average EU ETS carbon market price (US$19.68) and dot-dashed line represents the 2020 EU ETS average (US$28.33). Concession codes are as follows: JA.i = Jamari (Rondônia); JA.ii = Jamari (Rondônia); JA.iii = Jamari (Rondônia); JC = Jacunda (Rondônia); CX = Caxiuanã (Pará);  ST = Saracá-Taquera (Pará); VJ = Jari Valley (Pará).
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Description automatically generated]
Figure S2. Breakeven carbon price (US$ per tCO2) for each concession under different levels of forest protection based on timber value classes. Species were divided into four value classes based on selling price and strategies tested were no logging, logging only the most valuable species (Class I), logging the two most valuable species classes (Class I, II), logging the three most valuable species classes (Class I, II, III) and a full harvest of all species. Central bar shows median, box shows upper and lower quartiles, whiskers extend to 1.5× the inter-quartile range, and outliers are presented as dots. Concession codes are as follows: JA.i = Jamari (Rondônia); JA.ii = Jamari (Rondônia); JA.iii = Jamari (Rondônia); JC = Jacunda (Rondônia); CX = Caxiuanã (Pará);  ST = Saracá-Taquera (Pará); VJ = Jari Valley (Pará).
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Description automatically generated]Figure S3. Breakeven carbon price (US$ per tCO2) for each concession under different levels of forest protection where logging is restricted to higher-value classes (I or I and II) whilst protecting an increasing minimum percentage (10-90%) of individuals from each species in these classes. Red boxes represent scenario where logging is permitted for Classes I and II only (scenario 1), blue boxes represent scenario where logging is permitted for Class I only (scenario 2), with increasing proportions (10-90%) of individuals of each species in logged classes protected from harvest.  Central bar shows median, box shows upper and lower quartiles, whiskers extend to 1.5× the inter-quartile range, and outliers are presented as dots. NL represents scenario where no logging occurs. Concession codes are as follows: JA.i = Jamari (Rondônia); JA.ii = Jamari (Rondônia); JA.iii = Jamari (Rondônia); JC = Jacunda (Rondônia); CX = Caxiuanã (Pará);  ST = Saracá-Taquera (Pará); VJ = Jari Valley (Pará).
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[bookmark: _Toc143272346]4.1 Abstract
1. Selective logging is one of the largest drivers of tropical forest degradation. Whilst logged forests often retain high alpha-diversity of tropical trees at local spatial scales, understanding how selective logging impacts tree beta-diversity and community composition across far larger spatial scales remains a key unresolved question.
2. [bookmark: _Hlk125366687][bookmark: _Hlk125366552]We leverage large datasets of more than 155,000 adult trees over 35 cm DBH covering 3,100 hectares of Amazonian rainforest to inform simulations of selective logging harvests across a gradient of logging intensity (0-40 m3 ha-1). These simulations incorporate real world price data, account for all forest damage throughout the harvest process and assume preferential harvest of the most valuable stems. We use the simulations to assess how selective logging affects canopy tree beta-diversity and composition across large spatial scales, whether nestedness or turnover of species best explains variation in communities across space, and how the spatial scale of sampling influences observed beta-diversity effects. 
3. Selective logging had minimal impacts on beta-diversity across the canopy tree community, but caused substantial subtractive heterogenization in community composition for larger trees, in particular very large trees over 110 cm DBH. Turnover is the dominant component of tree beta-diversity in unlogged and logged forests. Increasing the spatial grain of sampling reduced the observed importance of logging in explaining patterns of beta-diversity in very large tree communities.
4. Synthesis and applications: Minimal impacts on tree beta-diversity across large spatial scales points towards the retention of substantial conservation value in logged tropical forests. Strong subtractive heterogenization in very large trees indicates the breakdown of broad scale patterns of composition with potential negative consequences for recruitment processes, fauna reliant upon emergent trees, and other ecosystem functions and services. Avoiding large-scale erosion of very large tree community composition in the Amazon requires stronger conservation policies, including enforced retention or maximum cutting diameters. 

















[bookmark: _Toc143272347]4.2 Introduction
Tropical forests support extensive biodiversity (Pimm & Raven, 2000) and maintain globally significant carbon stocks (Pan et al., 2011). Yet these forests are subject to widespread selective logging (Blaser et al., 2011), which is the primary driver of tropical forest degradation (Hosonuma et al., 2012; Pearson et al., 2017). Selective logging involves the harvesting of commercially valuable species of a minimum cutting size, leaving behind non-commercial species, smaller individuals, and a degraded forest structure with a fragmented canopy and patches of intense sunlight. Despite this disturbance, selectively logged forests often retain most of their biodiversity and ecosystem services relative to primary forest (Putz et al., 2012; Edwards et al., 2014a) and are much more biodiverse than competing land-uses, especially agriculture (Gibson et al., 2011). 
Harvest intensity plays an important role in determining the severity of logging impacts on biodiversity, with higher intensities resulting in greater losses of tree species richness (Martin et al., 2015). Large, valuable trees targeted by selective logging are vulnerable to local population collapses (Richardson & Peres, 2016), yet play irreplaceable ecological roles in tropical forests (Lindenmayer et al., 2012; Pinho et al., 2020). They provide food and habitat for a multitude of organisms, giving structure that provides humid, dark, cool microclimates, and account for a large proportion of total forest biomass and carbon (Nascimento and Laurance, 2002). Selective logging thus also drives losses of favourable microclimates in the short term (Mollinari et al., 2018) and large tree biomass and above-ground carbon over longer timescales (Sist et al., 2014). 
Understanding of the impacts of selective logging on tree diversity has tended to focus on alpha diversity (i.e., local species richness) and associated changes in community composition measured at small spatial scales (Gourlet-Fleury et al., 2013; Cazolla-Gatti et al., 2015; Martin et al., 2015). However, focusing on species richness across small areas within a few relatively small plots (1 ha or smaller) risks underestimating the impacts of selective logging at larger spatial scales. Logging activity is not evenly distributed across a forest, often creating a heterogenous mosaic of patches that undergo different levels of disturbance (Cannon et al., 1994). Such heterogeneity in local conditions could lead to shifts in landscape-level community composition and diversity that are not detected by local-scale assessments (Berry et al., 2008), with observed community responses to disturbance being heavily impacted by the spatial scale of sampling (Hill & Hamer, 2004; Dumbrell et al., 2008). Furthermore, the spatial grain of sampling (i.e., size of sampling units) can influence observed variation in community composition (Barton et al., 2013). A key question, therefore, is how selective logging impacts tree community composition over large areas and across varying spatial grains.
[bookmark: _Hlk113958746][bookmark: _Hlk114835801]Beta diversity – the component of regional (gamma) diversity that accumulates due to variations in local species assemblages (Socolar et al., 2016) – could be impacted by selective logging through two processes. Firstly, heterogenization, whereby communities become increasingly different from each other, as the same set of high-value shared species is consistently targeted by logging across the entire landscape. Alternatively, homogenization, whereby communities become increasingly similar as the same species are left behind. Furthermore, beta-diversity can be partitioned into two separate components, turnover and nestedness, which could both be impacted by selected logging (Baselga, 2010). Turnover occurs when species are present at one site, but lost at another where they are replaced by different species. Alternatively, nestedness occurs when one site contains only a subset of the species present at another site.
Our understanding of these potential impacts of selective logging on tree beta-diversity is limited. In Borneo, logged forests had higher levels of beta-diversity and increased turnover of species across large spatial scales compared to unlogged forests, suggesting logging-induced heterogenization (Berry et al., 2008). In the Amazon, similar patterns were observed at small scales ~10 years after logging, but tree community composition recovered towards a pre-logging state within 25 years (Gaui et al., 2019). However, these studies relied on a small number of 1 ha plots (30 and 12, respectively) dispersed across the landscape, which fails to capture both the substantial turnover of species in these hyperdiverse communities and the large heterogeneity of disturbances that could affect beta-diversity patterns across entire landscapes, particularly when different sampling scales are considered. Understanding the impacts of selective logging on beta-diversity across large contiguous areas of forest is thus of high importance to policy and conservation efforts aiming to maintain ecological diversity at larger scales (Socolar et al., 2016).
[bookmark: _Hlk113958875]In this study, we tackle the key question of how logging impacts tree beta-diversity at large spatial scales. We do so by leveraging detailed tree distribution maps containing information on more than 155,000 large trees (DBH >35 cm) across 3,100 ha of continuous tropical forest within an Amazonian logging concession. The Amazon has hyperdiverse tree communities (Ter Steege et al., 2013), including some highly valuable timber species (e.g., big-leaf mahogany- Swietenia, ipê- Tabebuia, and jatobá- Hymenaea; Schulze et al., 2008), and contains the largest unexploited tropical timber stocks globally (Merry et al., 2009). Within the Brazilian Amazon, the Brazilian Forestry Service (Serviço Florestal Brasileiro; SFB) has been undertaking an ambitious programme since 2006 to create a network of long-term legal timber concessions within National and State Forests (FLONAs and FLOTAs). In combination with other areas designated for sustainable use, up to 35-50 million hectares is potentially available for harvest in the coming decades (de Marques et al., 2016; Sist et al., 2021). Ensuring that logging does not erode diversity patterns at scale is thus a key issue. We generate harvest simulations across a gradient of logging intensity to ask, for both the wider canopy tree community and across different tree size classes: (1) whether tree beta-diversity and composition is affected by selective logging across large spatial scales and through which mechanism this occurs (i.e., heterogenisation or homogenisation); (2) whether nestedness or turnover are primarily responsible for explaining community change; and (3) how does the spatial scale of sampling influence the beta-diversity effects observed. 
[bookmark: _Toc143272348]4.3 Methods
Study site
The study area consists of the wet tropical lowland forest of the northern Amazon Basin and within the Guianan Shields, in the Vale do Jari region, Pará, Brazil (1°13’12”S 52°33’36”W). The site was granted to the Grupo Orsa Florestal forestry company as a 'reduced-impact logging' (RIL) concession for sustainable forest management by the Brazilian Institute of Environment and Renewable Natural Resources (IBAMA). Between 2001-2003, a complete forest census was undertaken, spatially mapping within a 5-m positional accuracy all large tree stems ≥35 cm in diameter at breast height (DBH), each of which was identified to species level by a team of highly experienced parabotanists. This team of five people was led by Mr. Domingos Sanches, an expert tree parabotanist who had been working at the site since the mid 1980s and was completely familiar with the local tree flora. 
The accuracy of species-level field identifications at Jari was enhanced by cross-referencing either fertile or infertile vouchers collected in situ with those deposited at the herbaria of Embrapa Amazônia Oriental and Museu Paraense Emílio Goeldi, and later the Herbarium Felisberto Camargo of the Universidade Federal Rural da Amazônia. The credibility of species-level tree identifications at this concession was further strengthened by collections of wood samples that were cross-referenced at the Jari Xylotheque, which houses 4,672 wood samples of over 397 canopy tree species (Ferreira, 2009). 
[bookmark: _Hlk113958646]Spatial mapping was conducted manually, operating within 12.5 m width bands, covering a total area of 5,083 ha of undisturbed forest that excluded riparian forest areas. Fieldwork permission was not required for this study. The tree inventory data on which this study is based was carried out within Annual Production Units (UPAs) 1 and 2, which spanned an area of 1,635 and 3,448 ha, respectively, and included a total of 291,027 identified and mapped individual trees ≥35 cm DBH representing 377 species, 196 genera, and 56 families. Species nomenclature was standardised to adhere to The Plant List database (TPL, 2013). Before harvest, the study site had a mean canopy tree (DBH >35 cm) density, basal area, and standing volume of 49.7 ± 9.2 stems ha-1, 10.46 ± 2.35 m3 ha-1, and 81.2 ± 27.2 m3 ha-1, respectively, with a mean DBH of 49.2 ± 16.2 cm and maximum DBH of 254 cm.
Creating plots for pairwise comparisons
To create a network of sampling plots, we overlaid a 3-ha grid of plots across the 5100-ha forest landscape. We then increased the number of plots by manually shifting and/or rotating grid cells in order to fit within the irregular shaped boundaries of the concession. This resulted in a sampling network of 1,036, 3-ha plots (total sample area = 3,108 ha) with a mean tree density of 151 (range = 48-244), containing 156,601 individual trees ≥35 cm DBH (Figure 1).
Simulating logging of the forest
We tested the influence of selective logging on tree beta-diversity across two levels of logging intensity. The first, a lower-intensity logging scenario, whereby logging occurred at an average intensity of 20 m3 ha-1, which represents the typical logging intensity of legal forestry concessions in the Brazilian Amazon. The second was a higher-intensity logging scenario, where logging occurred at an average intensity of 40 m3 ha-1, thus exceeding the legal limit of 30 m3 ha-1 and representing a scenario where high-intensity logging is conducted beyond legal limits.
To generate a landscape of plots that had either been logged (at high or low intensity) or left unlogged, we randomly allocated one third of the 1,036 plots to each of the three logging treatments (Figure 1). To account for any impact of random allocation on the tree communities found for each logging treatment type, we repeated harvest simulations over 999 random iterations in which a new suite of plots were randomly allocated to each logging class.
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Figure 1. The forest inventory of Vale do Jari, Pará, Brazil. The concession was divided in 1,036 three-ha plots, which were randomly assigned 1 of 3 treatments (Unlogged, Low-intensity logging, and High-intensity logging), to generate a contiguous area of forest that had undergone different levels of logging. The colours represent the treatment assignments of a single simulation.

To simulate a typical logging cycle within logged plots, we used financial data from Bousfield et al. (2021) to estimate the value of each individual tree within the logged plots (accounting for the estimated volume of each tree, and species-specific processing yields and selling prices). Assuming loggers would preferentially log the most valuable stems first, we then ranked all trees within the logged plots (≥50 cm DBH following legal limits) based on their estimated value. We then assigned the most valuable trees to be logged until the cumulative volume of logged trees met the logging quota (either 20 m3 ha-1 in lower-intensity logged forest or 40 m3 ha-1 in higher-intensity logged forest). 
Simulating residual damage of the forest
To account for the residual damage that occurs when a tree is logged and removed from a forest, we used the linear model (r = 0.83, P < 0.01) developed by Sist & Ferreira (2007) based on empirical field measurements of residual damage in a Brazilian logging concession that implemented Reduced Impact Logging (RIL) techniques. For each 3-ha plot, the total number of trees logged were calculated, and the resulting percentage of the original tree stand killed by residual damage was estimated as:

Where y represents the percentage of the original tree stand destroyed through residual damage and x represents the logging intensity in the plot (in trees ha-1). We assumed that each logged tree could only kill trees that were smaller or equal in size, and within a 20 m radius of the logged tree. Trees fitting these criteria were considered under threat of mortality by residual damage, before a random sample matching the estimated proportion of trees killed (Eq 1) was taken, with all trees that were selected assumed to have died from residual damage during the logging harvest. 

Simulating road network and skid trail damage
To account for the destruction of trees caused by the creation of a road network to facilitate the extraction of timber from the forest, we adopted the methods of Bousfield et al. (2022), which used detailed road maps provided by a sustainable logging company (AMATA based in Rondônia) to estimate the typical extent of road networks required in Brazilian logging concessions. The total combined extent of road and log deck construction was thus estimated as 1.82% of the logged area, in line with other estimates in Brazil (Carvalho et al., 2017) and the global median of 1.7% (Kleinschroth and Healey, 2017). To account for the damage this would cause to the tree community, we randomly allocated 1.82% of the area of each logged plot as being lost to road construction and deemed any trees inside this area to be killed during the logging process.
To account for the impact of skid trails during harvest, we used detailed skid trail maps from the same concession (AMATA) to estimate the area extent of skid trails required for harvest. Using these maps, we estimated a skid trail cover of 1.6% of concession area at a harvest intensity of 12 m3 ha-1 (again close to previous estimates; Carvalho et al., 2017). Readjusting to the higher logging intensities simulated here, we estimated skid trails to cover 2.66% and 5.32% of land logged at low (20 m3 ha-1) and high (40 m3 ha-1) intensity, respectively. To account for this damage, we randomly allocated this proportion of land in each logged plot to skid trails, and assumed all smaller trees (35 cm ≤ DBH < 50 cm) in this area to be killed through skid trail construction. As per standard practice by logging concessionaries, we assumed large trees (i.e. DBH > 50 cm) located on a skid trail would simply be avoided due to the large financial costs and labour requirement involved in removing them, and did not assign them as killed during skid trail construction. As a precaution, we conducted a reanalysis whereby all trees of any size in a skid trail were destroyed, but this had minimal impact on the results (Figure S7). After simulating the logging extraction, residual damage and damage through road and skid trail construction across all plots, we were left with a continuous network of forest plots that depicted the surviving canopy tree community after varying levels of logging harvests had occurred.
Harvest assumptions
All further analysis of the beta-diversity impact of selective logging on Amazonian canopy tree communities are based on the results of our simulated logging harvests. Conclusions are therefore made in the context of the assumptions and caveats contained within our harvest simulation models, which are:
· Large trees only – our data is limited to trees with DBH values >35 cm, thus focusing on the largest trees most important for biodiversity and carbon storage, and the group specifically targeted by logging. Our simulations thereby exclude stems that are <35 cm DBH. Because these stems are not directly targeted by logging, but may suffer residual damage from felling and extraction, their beta-diversity may be differentially impacted compared to the canopy tree community.
· First harvest using RIL – due to data limitations, we simulate the first logging harvest of a primary old-growth forest, conducted under RIL techniques. Additional timber harvests (after the 30-35 year minimum cycle time) and those conducted using Conventional Logging techniques will cause further damage to the tree canopy community not simulated here.
· Preference for large, valuable trees – our harvest model assumes that trees are harvested preferentially in order of their value, which typically results in the largest individuals of commercial species being harvested first. Beta-diversity impacts will therefore be skewed towards trees in larger size classes, although to structure logging around smaller or less-valuable species would likely be uneconomic (Bousfield et al., 2021).
· Road and skid trail damage – our simulations of the damage caused by road and skid trail creation are conservative. In many concessions, road creation may deliberately miss the largest trees, while skid trails will likely avoid trees in the 35 – 50 cm DBH class. 

Logging impacts on tree beta-diversity in Amazonian tropical forests
To analyse beta-diversity patterns across gradients of logging intensity, we employed generalised dissimilarity modelling (Ferrier et al., 2007) in R version 4.1.0 using the GDM package (Fitzpatrick et al., 2021). The GDM method is an extension of matrix regression, designed specifically to accommodate two common types of non-linearity found in larger-scaled ecological data sets: (1) the curvilinear relationship between increasing ecological distance, and observed compositional dissimilarity between sites; and (2) the variation in the rate of compositional turnover at different positions along environmental gradients (Ferrier et al., 2007). This approach fits non-linear functions to each predictor variable using flexible i-splines, which are then combined to estimate the ‘ecological distance’ between a pair of cells. The maximum height of each i-spline thus indicates the amount of compositional turnover associated with each variable whilst holding all other variables constant. The GDM allowed us to quantify the importance of selective logging in driving beta-diversity patterns, whilst holding other variables (e.g., geographic separation) constant, and to assess how the impact of selective logging changes along a gradient of logging intensity (from 0 to 40 m3 ha-1).

[bookmark: _Hlk125366658]We used pairwise Bray-Curtis dissimilarity between pairs of plots as our dissimilarity measure (>500,000 comparisons), and included logging intensity and geographic distance between plots as predictors. We then fitted a GDM using three i-spline basis functions per predictor and quantified the importance of each variable in explaining beta-diversity by randomising each variable’s position in the dissimilarity matrix in turn for 50 permutations and noting the loss in explanatory power. We also tested dissimilarities in community composition using the Jaccard index, square root transformed, presence-absence transformed data and basal area. We present the raw abundance-based results (i.e. number of individual trees) of Bray-Curtis dissimilarity as all measures resulted in similar outcomes (see S3-S6 for comparison).
To ascertain how the impacts of selective logging on beta-diversity vary across different tree size classes, we grouped trees into the following three classes: medium (35 cm ≤ DBH <50 cm), large (50 cm ≤ DBH <110 cm), and very large (DBH ≥110 cm), resulting in communities with overall species richness of 339, 336 and 59, respectively. The above analysis was then repeated separately for tree communities within each size class.

Does nestedness or turnover best explain observed beta-diversity patterns in unlogged and logged forests?
To estimate the proportion of beta-diversity attributable to either turnover or nestedness for each logging type (unlogged, low-intensity logged, and high-intensity logged), for all trees, and each size class, we used the bray.part function from the betapart package (Baselga et al., 2021). Here logging treatments were conducted across the entirety of the logging concession, such that there were three repeats of the original logging concession that each underwent a different logging treatment. Pairwise comparisons of all plots from the same treatment concession were then made, and the levels of Bray-Curtis dissimilarity, and its constituent parts (nestedness and turnover) were calculated.
How does the spatial scale of sampling influence the beta-diversity effects observed?
To test how the spatial scale of sampling impacts the patterns observed, we repeated the GDM analysis for plots at 5 different spatial scales: 1 ha, 3 ha, 5 ha, 10 ha, and 25 ha. The same method was adopted to create each set of plots, by imposing a grid over the forest landscape and allocating as a plot all grids that were bounded entirely within the concession. The number of plots used in analysis for each plot size thus varied, but the total area of forest assessed remained constant. 
[bookmark: _Toc143272349]4.4 Results
Harvest simulations resulted in the felling and harvesting of 4.1 ± 0.2 and 13.1 ± 0.3 trees ha−1 under low-intensity (20 m2 ha−1) and high intensity (40 m2 ha−1) harvests, respectively.  This represents a mean basal area of 2.3 ± 0.02 and 4.9 ± 0.04 m2 ha−1 for low- and high-intensity harvests, respectively (i.e. 22 and 47% of the total basal area of trees >35 cm DBH before logging). These harvests thus accurately represent real-world harvest intensities that occur within the Amazon (Fig S1). Residual damage resulted in the loss of 4.4 ± 0.2 and 11.4 ± 0.3 trees ha-1, for low- and high-intensity scenarios, respectively, representing 8.9 ± 0.4 and 22.9 ± 0.5 % of the canopy tree community.
Impact of selective logging on tree beta-diversity and composition in Amazonian forests
Across the canopy tree community, selective logging had a significant but relatively small impact on community composition, accounting for 22.4 ± 1.3% of the explained variation between unlogged and logged plots, compared to the 77.6 ± 1.3% explained by geographic separation. However, when considering only very large tree communities (DBH ≥110 cm), selective logging was the dominant driver of changes in beta-diversity between unlogged and logged forest, accounting for 89.2 ± 2.2% of explained community variation compared to only 10.8 ± 2.2% explained by geographic distance (Figure 2). Similarly, for large tree communities (50 cm ≤ DBH < 110 cm), selective logging accounted for 72.4 ± 3.4% of the explained variation in community composition compared to the 27.6 ± 3.4% explained by geographic distance. For medium-sized tree communities (DBH < 50 cm), there was an effect of logging on beta-diversity, but this effect was very small and only accounted for 7.5 ± 0.8% of explained community variation. Logging intensity was found to be a significant predictor of canopy tree community composition across all tree size classes (mean harmonic p-value < 0.001; Wilson, 2019, see Table S1 for model summaries).
[bookmark: _Hlk114564140]In all scenarios, the impact of selective logging on beta-diversity increased along the logging-intensity gradient. For the whole canopy tree community, there was no effect of low-intensity logging (i.e., <20 m3 ha-1), but a small effect that increased in size at higher logging intensities (i.e., >30 m3 ha-1) (Figure 2). For very large emergent trees, logging strongly altered community composition even at low logging intensities (<20 m3 ha-1), but at high intensity the shift in community composition attributable to logging was ~15% larger.  Logging up to 20 m3 ha-1 had little impact on beta-diversity in large trees, but at higher intensities (>20 m3 ha-1) logging started to cause stronger changes in community composition (Figure 2). Logging had little effect on beta-diversity of medium-sized trees across the entire intensity gradient. Removing the effect of residual damage from harvest simulations led to similar patterns, but with a slightly reduced impact of logging on beta-diversity (Figure S2).
When considering species basal area instead of abundance, the impact of selective logging on community turnover was greater for all canopy trees and in medium-sized canopy trees, but the effect size remained relatively low, and did not change in large and very large tree communities (Figure S3).  Different measures of beta-diversity also demonstrated similar patterns to the Bray-Curtis results presented here (Figures S4, S5, S6).
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Description automatically generated]Figure 2. I-splines from GDM indicating the relative role of geographic separation (a) and logging intensity (b) in accounting for community turnover (partial ecological distance) between sites for all canopy trees, and medium-, large-, and very large-sized trees. The maximum height of each i-spline indicates the amount of community turnover attributable to that variable whilst holding all others constant, and the shape of the i-spline demonstrates how the rate of turnover changes across the ecological gradient. I-splines shown are aggregated from the i-splines produced by 999 random permutations of selective logging, whereby each plot was randomly assigned one of three logging treatments (no logging, low-intensity logging, and high-intensity logging).

Does nestedness or turnover best explain observed beta-diversity patterns in unlogged and logged forests?

The dominant component of beta-diversity in unlogged forest tree communities was turnover, with little nestedness present between plots. The same pattern was observed in both lower- and higher-intensity logged tree communities (Figure 3a). There was a small increase in average Bray-Curtis dissimilarity between plots logged at the highest intensities, suggesting only slight heterogenization due to selective logging (Figures 3 & S8).
In very large tree communities in unlogged forests, turnover remained the dominant component of beta-diversity, although nestedness accounted for a larger proportion of beta-diversity than it did for medium and large tree communities. However, very large tree communities in logged forest (both low and high intensity) demonstrated extremely high turnover and little to no nestedness compared to unlogged forest (Figure 3d). Total beta-diversity of very large trees increased after logging (Figure S8).  In both medium and large tree communities, turnover was the main component of beta-diversity in all forest types, with total beta-diversity increasing slightly along the logging gradient (Figure 3b,c).
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Figure 3. Pairwise Bray-Curtis dissimilarity of tree communities across all canopy trees (a), medium- (b), large- (c) and very large- (d) sized trees attributable to turnover and nestedness in unlogged (UL), low-intensity logged (LL) and high-intensity (HL) logged forest plots. Central bar shows median, box shows upper and lower quartiles, whiskers extend to 1.5× the inter-quartile range, and outliers are presented as dots. 

How does the spatial scale of sampling influence the beta-diversity effects observed?
For all, medium, and large canopy trees, the importance of geographic separation in explaining changes in the canopy tree community composition remained relatively constant up to 10 ha before dropping in 25 ha plots (Figure 4a). By contrast, for very large trees the importance of geographic separation increased as sampling plots became larger (Figure 4c). For all canopy trees, geographic separation explained 69.4 ± 3.1% of the explained community variation in 1-ha plots compared to 61.4 ± 9.2% in 25-ha plots, whereas in very large trees, it accounted for 17.7 ± 5.7% in 1-ha plots compared to 41.3 ± 11.3% in 25-ha plots. Geographic separation remained a significant predictor of beta-diversity at all spatial grains across the canopy tree community and all size classes (mean harmonic p-value < 0.001, see Table S2 for model summaries).
For the whole canopy tree community (Figure 4b), as well as for medium and large canopy trees (Figure S9), the observed influence of logging intensity on tree beta-diversity was relatively stable across plot sizes, whereas the observed effect of logging was consistently weakened in larger plots for very large tree communities. For all canopy trees, logging intensity accounted for 30.6 ± 3.1% of the explained community variation between 1-ha plots compared to 38.6 ± 9.2% in 25-ha plots, whilst in very large trees it accounted for 82.3 ± 5.7% of the community variation between 1-ha plots compared to only 58.7 ± 11.3% in 25-ha plots (Fig 4d). Logging intensity remained a significant predictor of beta-diversity at all spatial grains across the whole canopy tree community and all size classes (mean harmonic p-value < 0.001).
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Figure 4. I-splines from GDM indicating the relative role of geographic separation (a,c) and logging intensity (b,d) in accounting for community turnover between sites for all canopy trees (a,b) and very large trees (c,d) for 1-ha, 3-ha, 5-ha, 10-ha and 25-ha plots. The maximum height of each i-spline indicates the amount of community turnover attributable to that variable whilst holding all others constant, and the shape of the i-spline demonstrates how the rate of turnover changes across the ecological gradient. I-splines shown are aggregated from the i-splines produced by 999 random permutations of selective logging, whereby each plot was randomly assigned one of three logging treatments (no logging, low-intensity logging, and high-intensity logging).  
[bookmark: _Toc143272350]4.5 Discussion
Selective logging is a primary driver of tropical forest degradation, occurring across vast areas, yet a key question is how logging impacts tree diversity across large spatial scales. Focusing on a ~3,100 ha forest landscape in the Brazilian Amazon, we show that logging across a range of intensities had minimal effect on composition of the canopy tree community, with turnover the principal component of beta-diversity in both unlogged and logged forest. However, selective logging was the key driver of beta-diversity changes between unlogged and logged forests in very large tree communities (DBH ≥ 110 cm) and, to a lesser extent, large tree communities (50 cm ≤ DBH < 110 cm). Given the critical ecological importance of very large trees to forest ecosystems, improved conservation policies are required to prevent logging-induced large-scale shifts in their community composition across the Amazon.
Selective logging has minimal impacts on the beta-diversity of the wider canopy tree community 
The small effect of logging on beta-diversity as a whole suggests that under current intensities (typically <20 m3 ha-1), logging is not driving any large-scale change in Amazonian canopy tree community composition (≥35 cm DBH) in the short term. These conclusions are supported by longer-term, small-scale experimental plots that demonstrate recovery towards pre-logging species composition in the Amazon within 25 years (Gaui et al., 2019). By contrast, logged forests in Borneo have higher beta-diversity than unlogged forest, suggesting logging-induced heterogenization (Berry et al., 2008), but here logging can occur at intensities of ~150 m3 ha-1 (Fisher et al., 2011) resulting in a far more disturbed landscape. Indeed, under RIL regimes (as simulated here), Bornean logged forest tree communities more closely resembled unlogged forests than conventionally logged forests (Imai et al., 2012). Our results thus point to the high conservation value of selectively logged Amazonian forests across large spatial scales. 
Partitioning beta-diversity into its constituent parts indicates that in both unlogged and logged Amazonian forest, changes in canopy tree community composition across the forest landscape are primarily a result of species turnover (Baselga, 2010). High turnover between plots suggests that to maintain a diverse canopy tree community, conservation efforts protecting larger forest areas would be more beneficial than targeting a few of the most species-rich sites (Socolar et al., 2016). Given that low-intensity logging (<20 m3 ha-1) had little impact on the wider canopy tree community composition, and that logged and unlogged plots had similarly high levels of turnover, our results suggest that land-sharing style logging (Edwards et al., 2014b) would be less detrimental to maintaining tree species diversity across a large forest landscape than land sparing, supporting similar conclusions from a theoretical study (Ramage et al. 2013). While such an approach would also be more profitable (Bousfield et al., 2021), it could be damaging for other important biological groups such as birds and dung-beetles (Edwards et al., 2014b; França et al., 2017), thus highlighting a trade-off in forest management.  
Although logging had limited impact on tree beta-diversity at lower intensities, the increased impact on beta-diversity as logging intensity increases above legal limits (30 m3 ha-1) is cause for concern given the prevalence of extensive illegal logging occurring at high intensities across the Amazon (Brancalion et al., 2018; Finer et al., 2014). Although we show limited impacts of even high-intensity logging on tree beta-diversity, this would amount to a sizeable effect given the huge footprint of illegal logging in the Amazon (Matricardi et al,. 2020), particularly if illegal harvests occur at higher intensities than we simulated. Furthermore, selective logging alters community composition in Amazonian butterflies (Montejo-Kovacevich et al., 2018), bats (Peters et al., 2006), and dung beetles (França et al., 2017), with Neotropical fauna apparently more sensitive to logging disturbance than their analogues in Afrotropical and Indomalayan forests (Burivalova et al., 2014). Logging-induced shifts in community composition across the ecosystem are complex and a wide range of taxa must be considered when assessing logging impacts across entire communities.
[bookmark: _Hlk114570057]While the range of logging intensities simulated here is contextually relevant to the Amazon (Martin et al., 2015), the world’s largest store of as-of-yet unexploited tropical timber (Merry et al., 2009), in the context of the global tropics they are relatively low. Commercial species availability and Brazilian law restrict harvests to 30 m3 ha-1, yet logging intensities in South-East Asia have regularly exceeded 100 m3 ha-1 (Martin et al., 2015). In Borneo, selectively logged forests demonstrate increased tree species turnover and differ significantly in species composition when compared with primary forest (Berry et al., 2008). Furthermore, logging intensities in tropical Africa range from 5-100 m3 ha-1 (Martin et al., 2015), with logging at higher intensities leading to a marked reduction in tree species richness and changes to the vertical forest structure that persist for decades (Cazolla-Gatti et al., 2015). Understanding how selective logging impacts tropical tree beta-diversity in other tropical regions where forest damage is generally higher (Putz et al., 2012) is thus an important area for future research. 
Selective logging primarily affects beta-diversity of larger, emergent trees
Selective logging in the Amazon targets primarily large, commercially-valuable tree species (Richardson and Peres, 2016), and there was a strong signal of subtractive heterogenization after logging in these communities (Socolar et al., 2016). Along the logging intensity gradient, very large and large logged canopy tree communities became increasingly different from one another compared to unlogged communities, likely a result of increased turnover through logging-induced loss of highly prized shared species. This was particularly the case in very large tree communities, which were less species-rich than medium- and large-sized classes, making them more susceptible to greater changes in beta-diversity as large trees of highly-valued species are removed from the forest. Furthermore, whilst the logging impact on large tree communities was limited until high logging intensities (>20 m3 ha-1), logging-induced subtractive heterogenization of very large emergent tree communities was evident even at low logging intensities typical in the Brazilian Amazon (< 20 m3 ha-1), making this a concern for most forestry operations.
Very large trees have high ecological importance (Lindenmayer et al., 2012; Pinho et al., 2020), harbouring important forest biodiversity, biomass, and carbon stocks (Sist et al., 2014), and take centuries to replace through regeneration (Cannon et al., 2022). Our study provides further ecological support for restricting the harvest of these emergent trees (Mazzei et al., 2010; Sist et al., 2014). Despite potential short-term financial losses of protecting very large trees given their economic value, current logging intensities mean Brazilian timber concessions cannot support timber yields beyond the first harvest cycle (Piponiot et al., 2019; Sist et al., 2021). Retention of a significant proportion of the larger trees beyond the first harvest would reduce the impact of logging on these tree communities and associated ecosystem functions and services, whilst also contributing towards more sustainable economic production across future harvests. 
Where the effect of logging on beta-diversity was strong (i.e., for very large trees), increasing the spatial grain of sampling (from 1 ha to 25 ha plots) consistently reduced the importance of logging intensity in explaining beta-diversity patterns. Sampling extent influences observed impacts of disturbance on community composition (Hill and Hamer, 2004; Dumbrell et al., 2008) and beta-diversity tends to decrease with increasing spatial grain of sampling, because larger sampling units observe greater proportions of the total community increasing their similarity to one another (Barton et al., 2013; Steinbauer et al., 2012). We extend this thinking by demonstrating that the spatial grain of sampling also influences the observed importance of ecological disturbances (here selective logging) in driving beta-diversity changes, highlighting the need to consider a range of spatial extents and sampling grains when assessing the impacts of disturbance on communities.
[bookmark: _Hlk114667360][bookmark: _Hlk113959244][bookmark: _Hlk113964423]Our results have four caveats. Firstly, the logging census only recorded trees ≥35 cm DBH. Whilst trees of this size account for more than half of above-ground biomass (Cummings et al., 2002; Peres et al., 2016), we cannot make conclusions on the beta-diversity impact of logging on smaller trees (<35cm DBH) that can constitute >66% of species and ~98% of individuals in Amazonian tree communities (Valencia et al., 2004). Although smaller trees are not directly harvested through logging, tree death through road construction and residual damage is typically high (Pinard and Putz, 1996) and could drive greater erosion of beta-diversity than for the canopy tree community. Secondly, our simulations did not consider post-logging regrowth or colonisation from pioneer species exploiting logging gaps (Berry et al., 2008). Our results thus represent a snapshot of conditions immediately after logging; however, our focus was on large to very large trees which mature on multi-decadal to centennial timescales. Thirdly, our estimates of residual damage are based on field data from RIL harvests, which can significantly reduce impacts on the surrounding canopy (Pereira et al., 2002; Sist & Ferreira, 2007). For “hit-and-run” logging operations using conventional logging techniques that cause greater damage, the impact of selective logging on tree beta-diversity could be larger. Finally, we simulate logging across only one timber harvest, but in Brazilian concessions a second logging harvest is permitted within 35 years (Sist et al., 2021). At current typical harvest rates (~ 20 m3 ha-1), timber production cannot be maintained beyond the first harvest (Sis et al., 2007; Sist et al., 2021). Without significant reform to long-term concession management, subsequent harvests may cause increased damage to canopy tree communities and erosion of beta-diversity across the smaller size classes as trees that remained after the first harvest are targeted for logging.

Conclusions
Our simulations found selective logging to have minimal impact on large-scale beta-diversity in the canopy tree community as a whole in a large Amazonian forest concession, but that logging causes increasingly strong subtractive heterogenization in very large tree communities. Logging-induced shifts in the community composition of very large trees is cause for concern given the widespread extent of unregulated selective logging in the Amazon (Asner et al., 2005; Sist et al., 2021) and the vital ecological roles such trees fulfil (Lindenmayer et al., 2012; Pinho et al., 2020). Targeted harvesting of the largest, most valuable trees over multiple harvest cycles thus risks large-scale canopy tree community shifts, thereby calling for improved conservation and protection of these very large tree communities during logging. This could be achieved through the introduction of a maximum cutting diameter or the enforced retention of a greater proportion of the largest trees of each species within the forest (Mazzei et al., 2010; Sist et al., 2014; Bousfield et al., 2021). Such measures would aid in preventing logging-induced shifts in Amazonian canopy tree community composition, whilst protecting the longer-term sustainability of timber harvests, the structural integrity of logged forests, and the biodiversity and carbon they support. 
Authors Contributions
Christopher G. Bousfield, David P. Edwards, and Mike R. Massam conceived the ideas and designed methodology; Carlos A. Peres obtained the data; Christopher G. Bousfield and Mike R. Massam analysed the data; Christopher G. Bousfield led the writing of the manuscript. All authors contributed critically to the drafts and gave final approval for publication.



Acknowledgements
We thank the AMATA and Jari Florestal logging companies, as well as the Serviço Florestal Brasileiro (Brazilian Forest Service), for their help in providing detailed financial records and spatially-explicit forest inventories for use in simulations and analyses. This work was supported by the UK’s Natural Environment Research Council [grant number NE-S00713X-1].
Data Availability Statement
The data used in this study was made confidentially available to Carlos A. Peres by Jari Florestal. Due to its sensitive nature, we are unable to make this publicly available, as openly-available geo-location data of all commercially valuable trees, including threatened and CITES-listed species could leave the concession vulnerable to exploitation.
Conflict of Interest
The authors declare no competing conflict of interest.









[bookmark: _Toc143272351]4.6 Supplementary Information

Table S1. GDM model summaries for all canopy trees, medium, large and very large tree communities. Significance values are the harmonic mean p values of the 999 iterations of each model where a different suite of sample plots were allocated to each logging treatment. Values displayed are the means from the 999 iterations and standard deviations are shown. Bold coefficients represent the most important predictor of beta-diversity for that size class.
	Canopy Tree Community
	Deviance explained (%)
	Sum of geographic coefficients
	Sum of logging coefficients
	Geographic significance
	Logging significance

	All trees
	16.7 ± 0.7
	0.51 ± 0.02
	0.15 ± 0.01
	<0.001
	<0.001

	Medium
	11.7 ± 0.3
	0.61 ± 0.01
	0.05 ± 0.01
	<0.001
	<0.001

	Large
	41.9 ± 3.4
	0.41 ± 0.04
	1.07 ± 0.1
	<0.001
	<0.001

	Very large
	22.3 ± 2.6
	0.27 ± 0.05
	2.26 ± 0.2
	<0.001
	<0.001












Table S2. GDM model summaries for all canopy trees, medium, large and very large tree communities with sampling plots 1, 3, 5, 10 and 25 ha in size. Significance values are the harmonic mean p values of the 999 iterations of each model where a different suite of sample plots were allocated to each logging treatment. Values displayed are the means from the 999 iterations and standard deviations are shown. Bold coefficients represent the most important predictor of beta-diversity for that size class.
	Canopy Tree Community
	Plot size (ha)
	Deviance explained (%)
	Sum of geographic coefficients
	Sum of logging coefficients
	Geographic significance
	Logging significance

	All trees
	1
	6.0 ± 0.7
	0.27 ± 0.01
	0.12 ± 0.02
	P < 0.001
	P < 0.001

	All trees
	3
	12.5 ± 1.7
	0.24 ± 0.01
	0.10 ± 0.02
	P < 0.001
	P < 0.001

	All trees
	5
	16.8 ± 2.5
	0.26 ± 0.01
	0.10 ± 0.03
	P < 0.001
	P < 0.001

	All trees
	10
	20.8 ± 3.8
	0.25 ± 0.01
	0.10 ± 0.03
	P < 0.001
	P < 0.001

	All trees
	25
	24.5 ± 7.8
	0.16 ± 0.01
	0.05 ± 0.01
	P < 0.001
	P < 0.001

	Medium
	1
	2.8 ± 0.3
	0.27 ± 0.01
	0.04 ± 0.01
	P < 0.001
	P < 0.001

	Medium
	3
	7.3 ± 0.7
	0.25 ± 0.01
	0.03 ± 0.02
	P < 0.001
	P < 0.001

	Medium
	5
	10.5 ± 1.3
	0.26 ± 0.02
	0.03 ± 0.02
	P < 0.001
	P < 0.001

	Medium
	10
	13.7 ± 2.0
	0.24 ± 0.02
	0.03 ± 0.02
	P < 0.001
	P < 0.001

	Medium
	25
	18.4 ± 2.5
	0.17 ± 0.01
	0.03 ± 0.02
	P < 0.001
	P < 0.001

	Large
	1
	8.5 ± 1.9
	0.30 ± 0.02
	0.48 ± 0.08
	P < 0.001
	P < 0.001

	Large
	3
	24.4 ± 6.7
	0.29 ± 0.02
	0.44 ± 0.11
	P < 0.001
	P < 0.001

	Large
	5
	32.0 ± 9.9
	0.31 ± 0.03
	0.42 ± 0.14
	P < 0.001
	P < 0.001

	Large
	10
	43.0 ± 14.1
	0.29 ± 0.03
	0.40 ± 0.17
	P < 0.001
	P < 0.001

	Large
	25
	51.0 ± 19.8
	0.19 ± 0.05
	0.46 ± 0.26
	P < 0.001
	P < 0.001

	Very large
	1
	23.9 ± 4.3
	0.62 ± 0.21
	2.91 ± 0.43
	P < 0.001
	P < 0.001

	Very large
	3
	24.7 ± 5.6
	0.96 ± 0.31
	2.57 ± 0.47
	P < 0.001
	P < 0.001

	Very large
	5
	22.2 ± 6.2
	1.12 ± 0.35
	2.31 ± 0.47
	P < 0.001
	P < 0.001

	Very large
	10
	22.1 ± 7.0
	1.27 ± 0.69
	2.22 ± 0.54
	P < 0.001
	P < 0.001

	Very large
	25
	23.4 ± 8.4
	1.17 ± 0.41
	1.74 ± 0.72
	P < 0.001
	P < 0.001
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Figure S1. Harvest intensities (trees ha-1) reported under the simulated low and high intensity harvests from this study, compared with those reported from post-harvest field data in the literature (n=12).
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Figure S2. I-splines from GDM indicating the relative role of geographic separation (a) and logging intensity (b) in accounting for community turnover (partial ecological distance) between sites for all canopy trees, and medium-, large-, and very large-sized trees, without accounting for residual damage. The maximum height of each i-spline indicates the amount of community turnover attributable to that variable whilst holding all others constant, and the shape of the i-spline demonstrates how the rate of turnover changes across the ecological gradient. Both geographic distance and logging intensity were found to be significant predictors of canopy tree community turnover across all trees and all individual size classes (mean harmonic p<0.001). I-splines shown are aggregated from the i-splines produced by 999 random permutations of selective logging, whereby each plot was randomly assigned one of three logging treatments (no logging, low-intensity logging and high-intensity logging).




[image: Chart, line chart

Description automatically generated]
Figure S3. I-splines from GDM indicating the relative role of logging intensity in accounting for canopy tree community turnover between sites using species abundances (a) and basal area (b). The maximum height of each i-spline indicates the amount of community turnover attributable to that variable whilst holding all others constant, and the shape of the i-spline demonstrates how the rate of turnover changes across the ecological gradient. I-splines shown are aggregated from the i-splines produced by 999 random permutations of selective logging, whereby each plot was randomly assigned one of three logging treatments (no logging, low-intensity logging and high-intensity logging).
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[bookmark: _Hlk114563717]Figure S4. I-splines from GDM using alternative beta-diversity metrics (Bray-Curtis, Jaccard, square-rooted Bray-Curtis and presence-absence Bray-Curtis) indicating the relative role of geographic separation (a) and logging intensity (b) in accounting for canopy tree community turnover between sites. The maximum height of each i-spline indicates the amount of community turnover attributable to that variable whilst holding all others constant, and the shape of the i-spline demonstrates how the rate of turnover changes across the ecological gradient. I-splines shown are aggregated from the i-splines produced by 999 random permutations of selective logging, whereby each plot was randomly assigned one of three logging treatments (no logging, low-intensity logging and high-intensity logging).
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Figure S5. I-splines from GDM using alternative beta-diversity metrics (Bray-Curtis, Jaccard, square-rooted Bray-Curtis and presence-absence Bray-Curtis) indicating the relative role of geographic separation in accounting for community turnover between sites for medium (a), large (b) and very large (c) sized trees. The maximum height of each i-spline indicates the amount of community turnover attributable to that variable whilst holding all others constant, and the shape of the i-spline demonstrates how the rate of turnover changes across the ecological gradient. I-splines shown are aggregated from the i-splines produced by 999 random permutations of selective logging, whereby each plot was randomly assigned one of three logging treatments (no logging, low-intensity logging and high-intensity logging).
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Figure S6. I-splines from GDM using alternative beta-diversity metrics (Bray-Curtis, Jaccard, square-rooted Bray-Curtis and presence-absence Bray-Curtis) indicating the relative role of selective logging in accounting for community turnover between sites for medium (a), large (b) and very large (c) sized trees. The maximum height of each i-spline indicates the amount of community turnover attributable to that variable whilst holding all others constant, and the shape of the i-spline demonstrates how the rate of turnover changes across the ecological gradient. I-splines shown are aggregated from the i-splines produced by 999 random permutations of selective logging, whereby each plot was randomly assigned one of three logging treatments (no logging, low-intensity logging and high-intensity logging).
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Description automatically generated]Figure S7. I-splines from GDM indicating the relative role of geographic separation (a) and logging intensity (b) in accounting for community turnover (partial ecological distance) between sites for all canopy trees, and medium-, large-, and very large-sized trees, where all trees located on a skid trail were considered destroyed. The maximum height of each i-spline indicates the amount of community turnover attributable to that variable whilst holding all others constant, and the shape of the i-spline demonstrates how the rate of turnover changes across the ecological gradient. I-splines shown are aggregated from the i-splines produced by 999 random permutations of selective logging, whereby each plot was randomly assigned one of three logging treatments (no logging, low-intensity logging, and high-intensity logging).
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Description automatically generated]Figure S8. Pairwise Bray-Curtis dissimilarity of tree communities across all canopy trees (a), medium- (b), large- (c) and very large- (d) sized trees, demonstrating total Bray-Curtis diversity and the portions attributable to turnover and nestedness in unlogged (UL), low-intensity logged (LL) and high-intensity (HL) logged forest plots. Central bar shows median, box shows upper and lower quartiles, whiskers extend to 1.5× the inter-quartile range, and outliers are presented as dots. 
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Figure S9. I-splines from GDM indicating the relative role of geographic separation (a,c) and logging intensity (b,d) in accounting for community turnover between sites for medium (a,b) and large trees (c,d) for 1 ha, 3 ha, 5 ha, 10 ha and 25 ha plots. The maximum height of each i-spline indicates the amount of community turnover attributable to that variable whilst holding all others constant, and the shape of the i-spline demonstrates how the rate of turnover changes across the ecological gradient. I-splines shown are aggregated from the i-splines produced by 999 random permutations of selective logging, whereby each plot was randomly assigned one of three logging treatments (no logging, low-intensity logging and high-intensity logging).
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[bookmark: _Toc143272353]5.1 Abstract

One third of global forest is harvested for timber, generating ~$US1.5 trillion annually. High-severity wildfires threaten this timber production. Here, we combine global maps of logging activity and stand-replacing wildfire to assess how much timber-producing forest has been lost to wildfire this century and quantify spatio-temporal changes in annual area lost. Between 2001-2021, 18.5-24.7 M ha of timber-producing forest – an area the size of Great Britain – experienced stand-replacing wildfires, with extensive burning in western USA and Canada, Siberian Russia, Brazil, and Australia. Annual burned area increased significantly throughout the 21st century, pointing to substantial wildfire-driven timber losses under increasingly severe climate change. To meet future timber demand, producers must adopt new management strategies and emerging technologies to combat the increasing threat of wildfires.


[bookmark: _Toc143272354]5.2 Introduction

Timber is a globally important natural resource used for construction materials, paper, and energy. In 2015, the forestry sector contributed over $USD1.5 trillion to national economies (FAO, 2022), and in 2020 at least one third of all forest globally was being used for timber production (FAO, 2020). Timber demand is expected to almost triple by 2050 (Barua et al. 2014), via greater human demand and population growth, increasing urbanisation, and as net-zero climate targets promote the replacement of carbon-intensive building materials, such as concrete and steel, with wood (Mishra et al. 2022). Ensuring that timber supply can meet future demand is therefore a key challenge in the 21st century.
Wildfires are a natural ecological process in many ecosystems. However, forest wildfire and associated forest loss have been increasing throughout the 21st century (Andela et al. 2017; Curtis et al. 2018; Tyukavina et al. 2022), with >110 million hectares of forest lost to wildfires between 2001-2019 (Tyukavina et al. 2022). Fire season length and fire extent are expected to increase significantly by 2100 because of climate change (Flannigan et al. 2013; Senande-Rivera et al. 2022), placing forests under increasing threat of high-severity burning. Given the long-term nature of timber production, typically on 40-100+ year cutting cycles (Burton et al. 1999; Messier et al. 2013), future crops of timber trees will face a very different climate as they mature towards harvest. 
We currently lack a robust understanding of how wildfires have influenced global timber production. High-severity, stand-replacing wildfires represent a significant threat to timber stocks within forests managed for wood production (Bowman et al. 2020), and the increasing frequency of such wildfires in the 21st century is a serious concern. Understanding where fire-induced losses of timber-producing forests occur and at what rate is therefore of critical importance in initiating efforts to ensure that timber production, and associated trade and financial investment, can be maintained in a more climatically hostile future. In this study, we combine spatial data detailing the global extent of forestry practices (Curtis et al. 2018; Lesiv et al. 2022) with annual layers of forest loss due to wildfire (Tyukavina et al. 2022) to conduct the first global assessment of the threat of wildfire to timber production. We answer the following key questions: i) How much timber-producing forest is being lost to stand-replacing wildfires globally, and where do these losses occur? And ii) What are the temporal trends in annual burned area of timber-producing forests since the turn of the century, at global, regional, and national scales?
[bookmark: _Toc143272355]5.3 Results

Wildfire impacts on the timber industry in the 21st century
To understand where timber-producing forests are burning, we used two datasets that map global logging activity from Lesiv et al., and Curtis et al., focusing primarily on clearcut logging of native forest and timber plantations. We overlaid these logging layers with global data on stand-replacing wildfires (Tyukavina et al. 2022), where fire severity was high enough to cause a significant loss of tree cover, and thus timber (see Methods), and present the results from both layers together.
Since 2001, between 18.5 (SE: 16.5-20.7) and 24.7 (SE:21.8-27.5) million hectares (M ha) of timber-producing forest—an area roughly the size of Great Britain—has been lost due to wildfires (Fig. 1). This equates to between 1.0 (SE: 0.9-1.1) -1.7 (SE: 1.5-1.9)% of global forestry land burned since the turn of the century. Across both logging layers, fire-induced loss of timber-producing forest was particularly high in north-western USA and Canada, north-eastern Russia, south-eastern Australia, and Brazil (Fig. 1a,b). Central and Northern Europe experienced limited losses, as did parts of southern Asia and sub-Saharan Africa (see Fig. S1 for a more spatially detailed map). 
At the national scale, the three countries with the largest absolute wildfire-induced losses of timber-producing forest were Russia, the USA and Canada, where between 2.9 (SE:2.6-3.4) and 6.5 (SE: 5.8-7.2) M ha,  3.8 (SE:3.4-4.1) and 4.3 (SE:3.9-4.8) M ha, and 2.3 (SE: 2.2-2.5) and 3.9 (SE: 3.7-4.1) M ha were lost, respectively (Fig. 1c,d). This accounts for 1.1% (SE: 0.9-1.2%) to 2.6% (SE: 2.3-2.9%), 1.6% (SE: 1.4-1.7%) to 2.1% (SE: 1.9-2.3%), and 1.8% (SE:1.7-2.0%) to 2.8% (SE: 2.7-3.0%) of their total national timber-producing forest, respectively. Portugal and Australia were characterized by the highest percentage of their forestry land lost, with 12.5% (SE: 11.1-14.0%) to 13.6% (SE: 12.1-15.2%) and 6.2% (SE: 5.9-6.5) to 10.1% (SE: 9.4-10.6%) burning, respectively (Fig. 1e,f). Such high losses of timber stock will leave a significant shortfall in internal timber supply, threatening timber-related jobs and likely forcing increased reliance on imports or shifts to faster wood production through plantations (Cary et al. 2021).
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Description automatically generated] Fig. 1. Global patterns of timber-producing forest loss through stand-replacing wildfires. (a, b) Hotspots of severe burning in timber-producing forests, (c, d) total area and (e, f) proportion of forestry land severely burned nationally between 2001-2021, using Lesiv et al. map of global forest management (a,c,e) and Curtis et al. map of forest loss due to forestry (b,d,f). (a,b) Areas of warmer red represent increasing burn, blue represents areas where logging occurs but wildfires did not or were limited (< 1000 ha per cell), grey represents areas where logging is not prevalent. Western USA and Canada, north-eastern Russia, south-eastern Australia, and Brazil suffered particularly high losses of timber-producing forest to wildfire, whilst much of Central and Northern Europe, and parts of South-Asia and sub-Saharan Africa experienced limited wildfire induced losses. 

Whilst reliable burn data are available since only the turn of the century, timber rotation times across the globe (and especially in much of the Northern Hemisphere) are often far longer than 21 years, indicating even greater timber losses across a whole rotation cycle. For example, rotation times in the boreal forests of Russia and Canada can be ~100 years (Burton et al. 1999), meaning fire-induced losses of timber forests could reach 5.1-12.3% and 8.7-13.5%, respectively, across one rotation cycle under current burn conditions. Similarly, losses in the areas of the USA that employ rotations of 80 years (e.g. the Northwest; Hudiburg et al. 2009) could reach 6-8% across a harvest cycle.
Most logging globally entails clearcutting of native forest and timber plantations (FAO, 2020), which is captured well by both logging layers used (see Fig. S2 for a spatial comparison of the two). Additionally, Lesiv et al. attempted to include selectively logged forest within their forest management map. Using this layer, we identified large areas of burnt timber-producing forest across the tropics (~8.1 M ha, SE: 7.0-9.1 M ha) particularly in Latin America (~6.8 M ha, SE: 6.0-7.5 M ha). However, selective logging is far more difficult to detect via satellites than clearcutting or plantation forestry (Hethcoat et al. 2019), so these results should be interpreted with caution. 
[bookmark: _1fob9te]Whilst we find a concerningly large area of timber-producing forest has already been lost to wildfire this century (18.5-24.7 M ha), there are limitations in the available forest management data that will affect these results. Curtis et al. had levels of high accuracy for mapped forestry areas (Users: 87%) but sample-based estimates suggest they slightly overestimated total forestry area. Conversely, mapped accuracy for the timber-producing forest classes mapped by Lesiv et al. were lower (Users: 58-71%) with sample-based estimates suggesting in this study forestry areas were underestimated. A third product (Schulze et al. 2019) also maps patterns of forest use globally but is based on FAO data where national self-reporting is inconsistent and forest-use classes do not allow for accurate spatial classification of all timber-producing forest. Nevertheless, global hotspots of timber-producing forest loss through wildfire identified using Lesiv et al. and Curtis et al. remain largely the same when using Schulze et al. (see SOM results, Fig. S3).

Increasing annual wildfire-induced losses of timber-producing forest across the 21st Century
Globally, the annual area of timber-producing forest lost to stand-replacing wildfires showed an increasing trend between 2001-2021 using both Lesiv et al. (Mann-Kendall test, p < 0.001, Sen’s slope trend size = +68,400 ha per year) and Curtis et al. (p < 0.01, trend size = +37,800 ha per year) forest management data, with strong correlation between the two layers in annual burned area (r=0.83). In the past six years, mean annual loss from severe fire was 1.3-2.5 M ha, which is 2-4 times greater than in the previous 15 years (Fig. 2, see Fig. S4 for raw data results). This increasing trend post-2015 is much sharper when using the Lesiv et al. forest management dataset, which is likely due to a combination of widespread fires in Latin America after a strong El Ñino in 2015-16 that were not identified in the Curtis et al. layer, and possible under-reporting of burned timber production forest prior to 2014 in the Lesiv et al. layer (Supplementary Text). 
Changes to the forest loss detection model employed by Global Forest Watch (Hansen et al. 2013) that underpin the fire data used (Tyukavina et al. 2022) have improved forest loss detection in recent years, but we do not believe this impacts our observed increasing trends. Firstly, the fire data our study employs (Tyukavina et al. 2022) shows no post-2015 spike in forest loss, which has been previously implicated as a clear signal of temporal inconsistencies in loss detection (Ceccherini et al. 2020; Palahi et al. 2021). Secondly, the fire data uses v1.7 of the forest loss data, where loss detection algorithms are consistent between 2011-2020. We find no sudden jump in the years after 2010, and whilst the introduction of the Landsat-8 OLI imagery in 2013 may have improved detection rates, we still find increasing trends in annual forestry burned area when considering only the years 2013-2021 (Lesiv et al.: p = 0.029, trend = + 237,000 ha/yr; Curtis et al.: p = 0.076, trend = +85,000 ha/yr). Finally, Tyukavina et al. tested their fire data against another dataset that applied the newest forest-loss detection algorithms consistently across the whole period back to 2001, and found both methods demonstrated the same temporal trends (Tyukavina et al. 2022), This suggests algorithm inconsistencies between the 2001-2010 and 2011-2021 periods has little impact on observed trends in annual forest loss due to wildfires in the 21st century.
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Fig. 2. Global and regional three-year average annual area of timber-producing forest lost to wildfires in the years 2001-2021. Using Lesiv et al. map of global forest management (red) and Curtis et al. map of forest loss due to forestry (blue), split by global region: Global (a), North America (b), Latin America (c), Eurasia (d), Australasia (e) and Africa (f). Significant increasing regional trends in annual area of timber-producing forest burnt are present for all regions except Eurasia and are marked with * (Mann-Kendall test, p < 0.05), ** (0.001 ≤ p < 0.01), and *** (p < 0.001). Lines represent three-year rolling average, shaded areas represent three-year rolling average ± 1 SE.

We found an increasing trend in annual wildfire-induced loss of timber-producing forest across all regions globally (Mann-Kendall test, p < 0.05), except for Eurasia which exhibited no trend (Fig. 2- see Fig. S5 for free-scaled bar chart of regional annual burn). North America and Eurasia, the two largest timber-producing regions globally (FAO, 2022), both exhibited the largest total losses across the period, between 6.6 (SE:6.1-7.2) and 7.6 (SE: 7.1-8.3) M ha and 5.8 (SE: 4.7-7.1) and 8.6 (SE: 7.4-9.9) M ha, respectively. Europe has suffered several major heatwaves and droughts across our study period (e.g. in 2003, 2010, and 2017; Tueling et al. 2018) and has experienced strong increasing trends in heatwave frequency and intensity (Rousi et al. 2022). Nevertheless, this is not reflected in Eurasia’s annual fire-induced loss of timber-producing forest, which remained stable across the period (Fig. 2). Similarly, droughts and heatwaves have become prominent in North America (particularly the extreme heatwave of 2021; Thompson et al. 2007), and burned area in Western USA and Canada has been steadily increasing across recent decades (Bowman et al. 2020). Unlike Eurasia, annual wildfire-induced losses of timber-producing forest in North America are increasing and were particularly high in the years 2016-2021, equating to a two- to four-fold increase relative to 2001-2015.
Latin America exhibited losses of between 0.8 (SE: 0.7-1.0) and 7.9 (SE: 6.9-8.7) M ha, with a sharp increase in 2016-2017 after a strong El Ñino event in 2015-2016 (Rifai et al. 2019). Australia and Oceania lost between 1.3 (SE: 1.2-1.4) and 3.6 (SE: 3.4-3.7) M ha, the bulk of which occurred in 2019-2020, due to unprecedented wildfires across Australia (Boer et al. 2020), following years of drought (King et al. 2020). Africa was characterized by a significant increasing trend in annual timber-producing forest lost due to fire, but total losses remained low compared to other regions at 0.1-0.8 M ha.
Increasing burning trends at global and regional scales suggest that the threat of wildfires to timber production will be exacerbated under future climate change. Wildfires are expected to become more frequent and severe across many regions (Bowman et al. 2020), with regional models supporting increased fire activity in important timber-producing areas such as western USA (Anderegg et al. 2022), Canada (Flannigan et al. 2005), boreal Russia (De Groot et al. 2013), the Amazon (Abatzoglou et al. 2018), and Australia (Canadell et al. 2021).
Three of the five largest timber producing nations—USA, Canada, and Brazil, who together accounted for 33% of industrial roundwood production in 2021 (FAO, 2022)— exhibited increasing trends in their annual area of timber-producing forest burnt in at least one mapped product (Fig. 3). Increasing trends were also evident in many Latin American countries, Portugal, Italy, Ukraine, Australia, New Zealand, South Africa, Ethiopia, Kenya, and Vietnam (Fig. 3). 
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Fig. 3. National trend in timber-producing forest lost due to wildfire annually between 2001-2021. Using (a) Lesiv et al. map of global forest management and (b) Curtis et al. map of forest loss due to forestry. Countries in orange-red demonstrated significant increasing trends in annual loss to wildfire, with the scale representing the median slope of the trend across the period (in hectares burned per year). Countries in blue showed significant decreasing trends (up to a maximum slope of -650 ha per year in China). Dark grey represents countries with no significant trend in annual burned area across the time period, whilst countries shown in white have either limited mapped logging activity or forest-loss inducing wildfires. Strong increasing trends are present in the US, Brazil, and Canada (using Curtis et al.), as well as Australia and many Latin American countries.
There was some variation between mapped products in national-level patterns. Canada showed a significant increasing trend using Curtis et al., but no change over time with Lesiv et al. This result was possibly due to Curtis et al. mapping more logging activity in the fire prone areas of western Canada (Hanes et al. 2019). In addition, many countries in sub-Saharan Africa and Latin America revealed an increasing burn trend using Lesiv et al. but not Curtis et al., probably because Curtis et al. mapped limited forestry activity in these areas due to the dominance of forest loss through shifting agriculture and commodity production (Curtis et al. 2018). Only a small number of countries, including Japan and the UK, were characterized by a decreasing trend across our study duration (Fig 3ab). In combination, therefore, countries showing a significant increasing trend in annual losses of timber-producing forest through stand-replacing wildfires together account for ~43-50% of global industrial roundwood production, whereas those that showed a decreasing trend only accounted for ~2-6% (FAO, 2022). 
[bookmark: _Toc143272356]5.4 Discussion
Stand-replacing wildfires have caused major losses of forest used for timber production, with an increasing trend in annual burned area between 2001-2021. Based upon FAO data (FAO, 2022), these findings point to an estimated wildfire-induced loss of ~393-667 million m3 of industrial roundwood timber across the period, which if exported at the 2021 global mean export price of $115 per m3, would be worth ~US$45-77 billion. Some burnt timber may be harvested in post-fire ‘salvage’ logging operations. However, such wood is often of low quality, whilst salvage logging has strong negative environmental impacts (Thorn et al. 2018; Leverkus et al. 2020) and can increase the likelihood of future forest disturbances (Leverkus et al. 2021). 
Greater frequency and severity of wildfires under climate change (Bowman et al. 2020) indicates that threats to global wood production will increase. Overlapping current timber production areas (Curtis et al. 2018’ Lesiv et al. 2022) with future fire prediction maps (Tyukavina et al. 2022) suggests that ~29-62% of current production forest will experience an increase in fire prone years, and ~44-80% will be subject to longer fire seasons by 2100. To ensure increasing timber demand is met (Barua et al. 2014), timber producers need to minimise the risk of fire to future timber crops today, via better selection of crop species, improved spatial planning, and adoption of new technologies for fire detection and suppression. 
Plantations produce ~33% of global industrial roundwood (Jürgensen et al. 2014) on ~3% of forest area (Lindemayer et al. 2023) and this will likely increase as fast-growing timber is needed to meet rising demand (Barua et al. 2014), and regions move away from clearcut harvesting of natural forests (Lindenmayer et al. 2023). Expanding production through plantations will decrease the risk of fire-induced timber losses, as harvest rotations are typically far shorter, providing a greater chance of producing a crop before it is lost to fire. Where possible, fast-growing timber species should be introduced in plantations, sparing large tracts of old-growth forest elsewhere to support biodiversity and carbon stocks (Edwards et al. 2014; Betts et al. 2021). However, timber plantations are highly flammable (Gómez-González et al. 2018). Shifting production in fire-prone regions from monocultures of highly flammable timber species (e.g. Pinus radiata, Eucalyptus globulus; Gómez-González et al. 2018; Guerrero et al. 2022) towards heterogenous mosaics of less-flammable species of varying ages will be vital in reducing timber losses through burning (Leverkus et al. 2022).   
Improved spatial planning of forestry activities can reduce wildfire risk to timber. At the global scale, establishment of plantations in areas of high wildfire risk should be avoided in favour of regions less likely to burn. One concerning example is the recent rapid expansion of highly-flammable Eucalyptus plantations in the Brazilian Cerrado (Galizia et al. 2019), despite globally high wildfire prevalence in this region (Andela et al. 2017). At a landscape scale, establishment of plantations on slopes, where fires burn more severely and spread rapidly, should be prevented (Lindenmayer et al. 2021). Spatial contagion in fire can be reduced by avoiding large areas of contiguous plantations, with more ‘fragmented’ timber plantations interspersed with less flammable land-use types (e.g., grazing lands) and ‘green’ firebreaks (Lindenmayer et al. 2023).
The timber industry must also adopt emerging technologies to reduce the impact of wildfires where they occur. Improved modelling techniques allow for more accurate spatial prediction of fire ignitions (Gora et al. 2020), whilst adoption of infrared-sensing drones and on-the-ground camera networks could allow for swift, 24h detections (Lindenmayer et al. 2023). Once detected, autonomous ‘water gliders’ could follow GPS signals to carry water or flame retardants to the ignition source and extinguish the fire before it has time to expand (Lindenmayer et al. 2023). In areas that do burn, locally effective post-fire management practices will be required, as salvage logging and replanting post-fire can lead to more severe burning in the future (Thompson et al. 2007; Leverkus et al. 2022). 
Failure to adopt approaches like those outlined above could lead to massive future timber losses, with falling timber supply driving higher prices. Concerningly, higher timber prices will increase the opportunity costs of conservation in tropical forests, especially in the Amazon and Congo Basin, making intensive selective logging economically attractive. Such economic feedbacks could make carbon-market payments prohibitively expensive (Phelps et al. 2013), undermining global climate and biodiversity goals. We must urgently tackle the emerging timber production crisis to meet humanity's needs and prevent severe unintended environmental feedbacks.
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To determine how much timber has already been lost to wildfires in recent years, we overlaid spatial data detailing the global extent of forestry practices (Curtis et al. 2018; Lesiv et al. 2022) with annual layers of forest loss due to wildfire from 2001-2021 (Tyukavina et al. 2022). For a summary of the different datasets used within the study, see Table 1.
Logging layers
To understand where timber production occurs globally, we used the best available datasets that attempt to map global timber harvesting activity:
Global map of forest management (Lesiv et al. 2022) -This map used GeoWiki and classification algorithms to produce a global map of forest management type at 100-m spatial resolution. To make the classification, GeoWiki users and experts were asked to classify satellite images into different forest management types at 226K different points, before the outputs were then used to train classification algorithms to classify all areas of forest, using PROBA-V satellite imagery from the period 2014-2016.  Multiple forest management types were included within the map, but to represent possible timber-producing forest, we included only the following three management classes: (i) Naturally regenerating forest with signs of management, e.g., logging, clear cuts etc; (ii) Planted forests (rotation >15 years); and (iii) Plantation forests (rotation ≤ 15 years), covering a total of >2.4 billion hectares of logged forest and timber plantations (see Lesiv et al. for full definitions). We also performed precautionary re-analyses, whereby we excluded both ‘Planted forests’ and ‘Plantation forests’ from the analysis. Results showed broadly the same patterns and are displayed in Table S1.
Global map of forestry as the dominant driver of forest cover loss (Curtis et al. 2018) – This map used satellite data and machine learning to classify the most dominant driver of forest loss between 2001-2019 at a spatial resolution of 10km. Drivers were attributed as one of the following: urbanisation, commodity-driven deforestation (e.g. palm oil, soy), shifting agriculture, wildfire or forestry. We included all areas mapped as forestry in our analysis using this layer, which covered a total of ~1.6 billion hectares of logged forest. Due to the coarse spatial resolution of this layer, we applied a mask of forest cover in the year 2000 (Hansen et al. 2013), including only areas that had >10% tree cover (following the FAO definition of forest and the threshold used in Lesiv et al.). This left a mapped area of 1.08 billion hectares of clearcut logged forest and plantation area. 
[bookmark: _3znysh7]Global map of forest use (Schulze et al., 2018) - This third dataset was considered but not included in the main analysis. This map used national and sub-national forest management data and classification models trained with predictor variables to identify types of forest use globally at a 1-km resolution for the year 2000. However, the FAO’s Forest Resources Assessment data used in this study is inconsistent between countries (which self-report their national statistics to the FAO) and the prevalence of the ‘mixed use’ forest class does not allow for accurate classification of all timber-producing forest globally. In addition, we identified multiple regions where timber production classification is inaccurate and large areas of logging concessions and plantations are not included within the map (e.g. south-eastern Australia; Lindenmayer et al. 2020). The results from our analysis using this layer should thus be interpreted with caution, and are not included within the main text, but can be found in Fig. S3. Due to the coarse resolution of the map, we again applied a mask of forest cover for the year 2000 (Hansen et al. 2013), including only areas that had >10% tree cover (following the FAO definition of forest). Forest use patterns are grouped into four different classes: Production, Mixed Use, Other and Unknown. The FAO defined ‘Production’ forest as ‘Forest where the management objective is production of wood, fibre, bio-energy and/or non-wood forest products’, whilst ‘Mixed Use’ is defined as ‘Forest where the management objective is a combination of several purposes and where none of them is significantly more important than the other’. For the analysis, we assumed ‘production’ forest to represent timber-producing forest. We also included ‘Multiple Use’ forest in our analysis. Whilst ‘Multiple Use’ forest may not necessarily be used specifically for timber production, we included this management class as local forest definitions meant that many large timber-producing countries (e.g. Canada, Australia, Germany) had limited to no mapped ‘production’ forest. 
Fire layer
Since our primary interest was in large, stand-replacing fires that deplete an area of forest of its timber stock, we used recent map layers describing stand-replacing wildfires (Tyukavina et al. 2022), where fire severity was high enough to cause forest loss (defined as ‘the removal of woody vegetation exceeding 5m in height’). This layer is an extension of the work by Curtis et al., and uses Hansen et al. Landsat-based forest loss data and machine learning to identify whether wildfire or an alternative driver caused a forest loss event in the years 2001-2021, at a 30-m resolution. Classification models were trained on visually collected data, with separate models developed for five global regions (North America, Latin America, Africa, Northern Eurasia, and combined South and Southeast Asia, Australia, and Oceania). We elected not to implement the widely used MODIS Burned Area dataset (Giglio et al. 2018) as our measure of fire activity, as these data map burned area without differentiating between stand-replacing fires and low-severity burns. Across many regions, low-severity burns may not cause enough damage to trees to render the majority of their timber unusable, so we focused on high-severity fires that would do so. In producing their map of wildfire-induced forest loss, Tyukavina et al. undertook a sample-based area estimate and ensured the final map matched the sample-based area estimate for all global regions (except Africa) as well as providing maps containing the estimate ± SE. This allows for estimation of burnt area in timber-producing forests that matches sample-based area estimates, as well as inclusion of uncertainty through estimates of burn ± SE for all regions except Africa.
Economic cost analyses of high-severity stand-replacing wildfires on timber-producing forests reveal extreme loss of timber stock and economic value. For example, severe wildfires in the Rocky Mountains in 2000 resulted in the burning of ~7 million m3 of timber, of which <5% was salvaged (Prestemon et al. 2006). Similarly, two wildfire events in south-eastern Australia (2003 and 2006/7) resulted in >$2 billion worth of lost timber, with salvage operations occurring across <4% of burned native forest (Stephenson et al. 2013). In Russia, assessment of forests post-wildfire found that crown fires had dominated the burning, often resulting in total tree mortality (Kukayskaya et al. 2013). Given the significant environmental damage caused by salvage logging (Thorn et al. 2017; Leverkus et al. 2020), and associated price depression when poor-quality salvaged timber floods the market (Prestemon et al. 2006), we assumed that the stand-replacing wildfires mapped in Tyukavina et al. result in near-total loss of harvestable timber stock and economic value.
Data Analysis
We completed all spatial data operations and analysis using R version 4.2.1. We downloaded the global map of forest management from Lesiv et al. (https://doi.org/10.5281/zenodo.5879022), the global map of forest-loss by driver (Curtis et al., 2018) through the Global Forest Watch website (https://www.globalforestwatch.org/map/) and the global map of forest-loss through wildfire from Tyukavina et al. (https://glad.umd.edu/dataset/Fire_GFL/). We downloaded the global map of tree cover in 200019 through Google Earth Engine and reprojected to a 100-m resolution to match the highest resolution available for our logging data. We projected all spatial data in EPSG:4326 (WGS84) CRS and projected into ESRI:54009 where area calculations or intersections were computed. We used the following R packages: raster (v3.5.29), sf (v1.0.8), terra (1.6.7), rnaturalearth (v0.1.0), Kendall (v2.2.1), trend (v1.1.5).
We divided the world into five regions (North America, Latin America, Eurasia, Africa and South-East Asia and Australasia), following the regional models of fire-induced forest loss used by Tyukavina et al. For each region, we created a network of grid cells 0.25 degrees in size for increased computational efficiency.
For each grid, we cropped the logging and fire raster data by the spatial extent of the grid using the terra package, and converted the resulting objects into a simple features polygons using the sf package. For the Curtis et al. logging layer, we then applied a forest mask using global forest cover for 2000 (Hansen et al. 2013), and retained only areas of timber-producing forest where tree cover was > 10% (following the FAO definition of forest and the same masking threshold used by Lesiv et al. when creating their map). We aggregated the total area of timber-producing forest in each grid to estimate the total global area of forest being used for timber production in each logging layer (Lesiv et al.: 2.4 billion ha, Curtis et al.: 1.08 billion ha).
Using the sf package, we calculated the total timber-producing forest present in each grid cell (for each logging layer used), as well as the intersection of timber-producing forest with wildfire-induced forest loss in each year of the time series. We then recorded the spatial extent of forest-loss inducing fires for each year in timber-producing forests within the grid. We repeated this process using different combinations of pixel certainty in the Tyukavina et al. dataset to also produce uncertainty estimates representing ± SE.
How much timber-producing forest is being lost to wildfires globally, and where do these losses occur? 
We aggregated total burned area and total timber production area globally, regionally, and nationally to create estimates of the global, regional, and national area of timber-producing forest burned during our study period. For national level analysis, we used the R package rnaturalearth for country boundaries to determine the total area and proportion of timber production forest burned on a national scale. We calculated total area burned in m2 before conversion to hectares. For estimates of the proportion of timber-producing forest burned, we divided the total burned area of timber-producing forest across all years by the total area of timber-producing forest estimated from each logging dataset.
What are the temporal trends in annual area burned since the turn of the century, at global, regional, and national scales?
We aggregated the total area of timber-producing forest burned by year of burn, to create an estimate of the annual burn area across the time period at global, regional and national scales (2001-2021). To estimate the trend in annual burn area, we used a Mann-Kendall test for monotonic trend in a time series from the Kendall package on the raw data and report these results. To estimate the size of the trend, we conducted a Sen’s slope analysis using the trend package.













Table 1. Summary of datasets included within the study, their uses and features.

	Data Source
	Use
	Summary

	Additional Notes

	Global map of forest management - Lesiv et al., 2022 
	Logging activity layer
	100-m resolution forest management map (2015) – based on remote-sensing and classification algorithms trained on ‘expert’ classified data.
	Management classes used in this study to represent timber-producing forest:
1. Naturally regenerating forests with signs of forest management, e.g., logging, clear cuts etc.
2. Planted forests (rotation >15 years)
3. Plantation forest (rotation ≤15 years)

Also attempts to include selective logging across the tropics, much harder to detect via remote sensing than clearcut and plantation forestry.


	Global map of forest loss drivers – Curtis et al., 2018 
	Logging activity layer
	10-km resolution map of key driver of forest loss (2001-2019) – based on Hansen forest loss data and classification algorithms trained on visually inspected images.
	Assigned forest loss to one of five drivers: urbanisation, commodity-driven deforestation (e.g. palm oil, soy), shifting agriculture, wildfire or forestry.

Forestry class used in our study to represent timber producing forest. Classification based on forest loss detectable from Landsat, so forestry class represents chiefly clearcut and plantation forestry.


	Global map of forest loss due to fire – Tyukavina et al., 2022 
	Fire occurrence layer
	30-m resolution map of where fire caused detectable forest loss (2001-2021) – extension of Curtis et al. work based on Hansen forest loss data and classification algorithms trained on visually inspected images.

	Assigns forest loss event as caused by wildfire or some other driver. Maps date of burn to allow for temporal analysis of burn trends.

	Global map of forest use – Schulze et al., 2018 
	Logging activity layer (supplementary)
	1-km resolution map of forest use type (2000) – based on FAO reported data and classification models trained with predictor variables.

	Not included within our main analysis as FAO data unreliable and forest use definitions (production, mixed use) make it difficult to determine forests managed chiefly for timber.


	Global forest change data – Hansen et al., 2013 
	10% forest cover mask
	100-m resolution map of % forest cover, gains and loss in years 2000-2012 – mapped global tree cover, loss and gain using Landsat data.
	Used to mask Curtis et al. logging layer to include only areas marked as forestry with at least 10% tree cover in the year 2000 (according to FAO definition of forest, the same threshold was used in Lesiv et al.).
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Fig. S1. Spatially explicit global map of timber-production forest burned in each grid cell (000’s Ha) between 2001-2021 using (a) Lesiv et al. forest management map and (b) Curtis et al. map of forestry as the dominant driver of forest loss, at a spatial resolution of 0.25 degrees. Areas of warmer red represent increasing burn, blue represents areas where logging occurs but wildfire did not, grey represent areas where logging is not prevalent.
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Description automatically generated] Figure S2. Global comparison of forestry layers used in this study. Areas coloured in green represent forestry activity unique to Lesiv et al., areas in blue represent forestry activity unique to Curtis et al., whereas areas in orange represent forestry activity mapped by both layers. Zoom in insets show differences in greater detail for burning hotspots in the US/Canada (a), Russia (b) and Brazil (c).







Results using Schulze et al. global map of forest use
Using the Schulze et al. global map of forest use suggested that ‘production’ forest and ‘mixed use’ forest together cover 1.6 billion hectares of forest. Between 2001-2021, 63.9 (SE: 60.8-66.8) M ha- an area larger than France- of potential timber-producing forest burned. This represents 4.1% (SE: 3.9-4.3%) of global timber-production forest. Similar to the other logging datasets, most of this burned area was centred in Russia (38.9 M  ha, SE: 37.4- 40.1 M ha), Canada (10.7 M ha, SE: 10.4-11.0 M ha), the US (5.6 M ha, SE: 5.3-6.0 M ha) and Australia (2.4 M ha, SE: 2.34—2.44 M ha) (Fig. S3a), where 7.8, 5.3, 3.9 and 13.2 % of the total national timber-producing forest was lost in just 21 years (Fig. S3b). Globally, annual burned area experienced an increasing trend between 2001-2021 (Mann-Kendall test, p < 0.01; Sen’s slope trend, +136,000 ha per year; Fig. S3c), driven largely by significant increasing trends in Eurasia, Latin America and Africa.
Using Schulze et al. suggested far greater burn in Russia (38.9 M ha) than under Lesiv et al. (2.9 M ha) or Curtis et al. (6.5 M ha), largely due to Schulze et al. classifying large swathes of remote north-eastern Russia (an area highly prone to wildfires) as production or multiple use forest. Whilst all datasets demonstrated increasing trends of annual burned area globally, Lesiv et al. and Curtis et al. both demonstrate increasing trends in North America and Australia, whereas using Schulze et al. demonstrates no trend in either of these regions and an increasing trend in Eurasia.
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Fig. S3. Hotspots of severe burning in timber-producing forests (a), proportion of forestry land severely burned nationally (b) and three-year average annual area of timber-producing forest burned in wildfires globally (c) in the years 2001-2021, using Schulze et al. global map of forest management patterns. Areas of warmer red represent increasing burn, blue represents areas where logging occurs but wildfire did not, grey represent areas where logging is not prevalent.
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Description automatically generated]Fig. S4. Global and regional annual area of timber-producing forest lost to wildfires in the years 2001-2021. Using Lesiv et al. map of global forest management (red) and Curtis et al. map of forest loss due to forestry (blue), split by global region: Global (a), North America (b), Latin America (c), Eurasia (d), Australasia (e) and Africa (f). Significant increasing regional trends in annual area of timber-producing forest burnt are present for all regions except Eurasia and are marked with * (Mann-Kendall test, p < 0.05), ** (0.001 ≤ p < 0.01), and *** (p < 0.001). Lines represent annual value, shaded areas represent annual value ± 1 SE.
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Description automatically generated]Fig. S5. Global and regional three-year average annual area of timber-producing forest lost to wildfires in the years 2001-2021. Using Lesiv et al. map of global forest management (red) and Curtis et al. map of forest loss due to forestry (blue), split by global region: Global (a), North America (b), Latin America (c), Eurasia (d), Australasia (e) and Africa (f). Significant increasing regional trends in annual area of timber-producing forest burnt are present for all regions except Eurasia and are marked with * (Mann-Kendall test, p < 0.05), ** (0.001 ≤ p < 0.01), and *** (p < 0.001). Lines represent three-year rolling average, shaded areas represent three-year rolling average ± 1 SE.






















Table S1. Comparison of total logging area, area burned, proportion burned and global annual burn trend between different logging layers used. For Lesiv et al. the analysis was conducted including all three forestry-related categories (i) logging, clear cuts etc; (ii) Planted forests (rotation > 15 years); and (iii) Plantation forests (rotation ≤ 15 years). Two precautionary reanalyses were conducted, removing first the ‘Planted forests’ category, then removing both ‘Planted forests’ and ‘Plantation forests’ categories. The results are compared with using all three categories from Lesiv et al., as well as with Curtis et al and Schulze et al. Annual trend represents the significance level of the positive annual burn area trend, and is marked with ** (Mann-Kendall test, 0.001 ≤ p < 0.01) and *** (p < 0.001).

	
	Lesiv – All logging forest types
	Lesiv – Natural logged forest and Plantation 
	Lesiv – Natural logged forest only
	Curtis
	Schulze
	

	
Logged area (M ha)
	
2,415
	
2,208
	
2,126
	
1,076
	
1,567
	

	
Burned area (M ha)
	
24.7
	
23.6

	
22.8

	
18.5

	
63.9

	

	Proportion burnt (%)
	1.02

	1.07

	1.07

	1.73

	4.08

	

	Annual trend
	***
	***
	***
	**
	**
	















Supplementary Text
Caveats and Limitations
There are several caveats to our analysis which are important to highlight, and are linked to the global forestry and fire datasets currently available. Most of these caveats suggest that our estimates of the total proportion of the world’s timber-producing forest lost through wildfire are underestimates. These are:
1. Lesiv et al., forest management data – the remote sensing imagery used to create the global map of forest management are based on PROBA-V satellite imagery for the years 2014-2016. Forest management classifications are thus made based on the state of a forest area in this 2014-2016 period. When assigning forest areas to management classes, forests that were deemed “disturbed by natural disturbances, i.e., wildfire, wind throw, flooding, or insect/disease” were classified as naturally regenerating forest without signs of management. Forests managed for timber that burned prior to 2014 may therefore have been misclassified as forests showing no signs of management. The sharp increase in annual burn in our analysis post 2015 using Lesiv et al. data (Fig. 2.) may then be exaggerated, but this also suggests our estimate of total timber-producing forest lost to wildfire across the entire period is an underestimate.
2. Curtis et al., forestry data – due to the coarse resolution of this data (10 km2), and the fact that only the most dominant driver of forest loss is mapped, there is a high likelihood that some areas where forestry occurs alongside other drivers (which may be slightly more prevalent) are not mapped. In particular, cells where forestry occurs frequently alongside wildfires (e.g. Russia, Canada) but wildfire accounts for >50% of tree cover loss in the 10 km2 cell will be mapped as wildfire, not forestry (as is described in Curtis et al., supplementary materials). Again, this would make our total estimate of timber-producing forest lost to wildfires an underestimate, as forestry operations in fire prone regions go unmapped despite high likelihood of burning.
3. Tyukavina et al., fire data - this dataset evaluated only the first forest-loss causing event across the time period in each 30-m cell. Whilst this allowed us to assess temporal trends in annual burned area across the time period, it meant we were not able to deduce whether any regions of forest had burned more than once. Multiple burns in timber-producing forest creates additional losses of timber not accounted for in our analysis. Additionally, since only the first forest-loss event in each cell is evaluated as wildfire-induced or not, any forest area where a timber harvest was conducted, and during subsequent regrowth a wildfire occurred, will not be mapped as burned forest in this dataset. 
4. Static maps of forestry activities globally – an issue with all currently available datasets on global forestry activities is that they present a static snapshot of timber production. Lesiv et al.’s map of forest management is based on the year 2015, whilst Curtis et al.’s covers the 2001-2019 period but does not detail in which year forestry activity was observed. Development of a new dataset that tracks the global extent of forestry activity across both time and space would allow for improved analysis of threats to global timber production across time (e.g. fire, drought, insect outbreaks).
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[bookmark: _Toc143272360]5.1 Summary

As global economic activity and resource consumption continue to increase, we are placing ever greater pressure on the natural world that provides us with the resources that underpin human society (Costanza et al. 2013). Timber is one such resource, and future projections of timber demand suggest that the world’s hunger for timber will only grow throughout the 21st century (Penq et al. 2023; Indufor, 2012). How best to manage the world’s forests in a changing climate, to meet timber demand whilst minimising the negative impacts of timber harvest on the vital ecosystem services provided by forests, represents a key global challenge. 
In Chapter 2 I combined harvest simulations with economic data to estimate the profitability of land sparing and land-sharing timber harvests under both business-as-usual and conservation-based scenarios in the Brazilian Amazon. I found that in all cases land sharing was more profitable than land sparing or any mixed strategy (Bousfield et al. 2021). This work highlights the tension between economic drivers of resource extraction and conservation-based goals, since land sparing has previously been shown across the tropics to result in better biodiversity outcomes (Edwards et al. 2014; Franca et al. 2018; Cerullo et al. 2023). Such large opportunity costs involved with switching to land-sparing harvests means the strategy is unlikely to receive much uptake amongst logging organisations that prioritise profit, and further economic incentives would be required to promote increased implementation of land-sparing timber harvests across the Amazon. 
In Chapter 3 I extended my harvest simulations by incorporating carbon estimates to test the feasibility of using carbon payments to improve the sustainability of selective logging in Amazonian timber concessions. I found that preventing logging entirely was cheaper than any other option at $7.90 per tCO2 due to significant cost savings when no road networks are required, yet options that reduced the intensity of harvest whilst permitting some level of logging were still possible at competitive market prices of $7.97–10.45 per tCO2. These required breakeven prices are competitive in today’s market, and a much more feasible alternative to preventing logging in Borneo which would cost $22-28 per tCO2 (Fisher et al. 2011), whilst being similarly expensive to logging prevention options in Cambodia or central Africa (Warren-Thomas et al. 2018; Njondo et al. 2014). However, policy barriers remain in Brazil that would prevent the implementation of carbon payment projects in public concessions.
In Chapter 4 I considered the largely unknown impacts of selective logging on the community composition of trees across wide spatial scales in the Amazon, using a unique dataset containing geo-spatial information on >150,000 adult trees identified down to species level across > 3000 hectares of Amazonian rainforest. I found that whilst selective logging generally has limited impact on canopy tree beta-diversity as a whole, it does cause strong subtractive heteroginisation in the largest tree size classes. In addition, turnover is the dominant component of beta-diversity in both primary and selectively logged Amazonian forests. Given the strong impact of even low-intensity logging on the largest tree communities, stricter limits on how many large trees can be harvested, or indeed the introduction of a maximum cutting diameter, would help prevent large-scale erosion of tree diversity patterns across the Amazon.
Finally, Chapter 5 used freely accessible satellite-derived data layers describing the spatial footprint of timber production (Curtis et al. 2018; Lesiv et al. 2022) and stand-destroying wildfires (Tyukavina et al. 2022) to assess the current impact of wildfires on global timber production. I estimated that in the last 21 years an area of timber-producing forest the size of Great Britain (19-25 M ha) had been lost to wildfires (equating to losses worth a possible $45-77 billion of timber), with widespread burning across the Western USA and Canada, Siberian Russia, Australia and Brazil. In addition, since 2001, the annual burned area of timber producing forest has increased significantly across the globe, and in all regions except Eurasia. This is serious cause for concern given future climate change predictions suggest wildfires will increase in both frequency (Bowman et al. 2020; Senande-Rivera et al. 2022) and severity (Flannigan et al. 2013). Future research needs to focus on estimating the possible impact wildfires could have on timber production in the future under climate change, and methods to reduce this impact, potentially through increased plantation use, better spatial planning on global and local scales, and the swift adoption of the latest fire detection and extinguishing technology (Lindenmayer et al. 2023).
[bookmark: _Toc143272361]5.2 Wider applicability of findings

Chapters 2-4 all have important implications for timber production in legal logging concessions throughout the Brazilian Amazon. Such concessions currently cover > 1.6 million hectares, with up to 35 million hectares available for conversion to concessions in the coming years (Sist et al. 2021). Given this large extent, how Brazil manages its forest concessions in the future will have significant implications on Amazonian biodiversity and climate targets. However, the work presented in this thesis was based on legal timber concessions supplying high-quality FSC certified timber products harvested using RIL methods (Bousfield et al. 2021, 2022, 2023). As of 2019, forest concessions accounted for just 2% of the timber extracted from the region and covered just 8% of the 20-million-hectare government target (Sist et al. 2021). Uptake of new concessions since their introduction in 2006 has been slow due to high stumpage prices and uncertainties from local communities (Vidal et al. 2020). These barriers must be overcome if Brazil is to expand its forest concession timber production in the future.
Beyond Brazil, Chapters 2 through 4 also have implications for timber production management across the wider Amazon region, where forest structure is similar. Throughout the Amazon we find low frequencies of high-value species and many non-marketable or low value species, meaning timber harvest intensities are generally much lower than in other tropical regions such as South-East Asia (Edwards et al. 2014; Bousfield et al. 2020). The economic and biodiversity outcomes of harvest practices in the Brazilian Amazon are therefore likely to be similar in other Amazonian countries that practice timber harvests in this manner. Although Brazil is the dominant producer of timber in this region (FAO, 2022), timber production is expanding in many Latin American countries and how to best manage timber extraction whilst reducing environmental damages is becoming an increasingly important question across the region.
Chapter 5 is of global relevance given the scale of the study we conducted. Wildfires are a threat to timber production across the globe, and the potential future scale of the threat is something that has been widely ignored until now. We detect significant total losses in countries such as the USA, Canada, Russia and Australia, whilst identifying the large proportion of forestry land already lost in countries like Portugal and Australia. The findings are therefore of particular importance to forestry practitioners in these countries, who already need to start adapting their production methods to prevent catastrophic losses of timber in the future. In addition, countries that aren’t currently major players in timber production who experienced low losses and decreasing annual trends, such as the UK or Japan, may see this as an opportunity to expand their timber production capacity and play a larger role in international timber supply in the future. 
However, despite recent advances with satellite data we still have a fairly poor understanding of exactly where forests are managed for timber globally and through which system (e.g. clearcut, plantation). One of the chief sources of forestry data globally comes from the FAO, who conduct Forest Resource Assessments (FRA) every five years. Whilst these are useful for understanding national and global trends in forestry operations, self-reporting of data by individual countries can be incomplete or inaccurate from one country to the next, and the reports lacks any spatially explicit data, so we don’t know exactly where the timber is being produced (MacDicken, 2015). In Chapter 5 we used two sources of forestry data that instead rely on integrating machine learning and satellite imagery to identify where forests are being managed for timber. The first from Curtis et al. (2018) maps forestry with high accuracy (87%), but this is at a very coarse resolution of 10km and ignores many lower-intensity forestry operations throughout the tropics. The second from Lesiv et al. (2022) is at a much finer resolution of 100m, and attempts to include selective logging, but accuracies are considerably lower than in Curtis et al. for timber-producing forest classes (58-71%). In addition, both are static maps of forestry activity, covering either a single year (Lesiv et al. 2022) or a period of time (2000-2019) but giving no indication in which years forestry activity is occurring (Curtis et al. 2018). Improving the resolution and accuracy of global forestry maps (Jung et al. 2023) and incorporating temporal activity into such maps so we can better understand what type of timber production is happening where, and when, will be vital to improving our understanding of global timber production systems and the threats they face in the future.
[bookmark: _Toc143272362]5.3 Conservation implications

[bookmark: _Toc143272363]5.3.1 Opportunity costs of conservation

Chapter 2 demonstrates that despite the biodiversity benefits of land-sparing logging, they come with significant opportunity costs that will likely prevent voluntary uptake of this practice (Bousfield et al. 2021). Similarly, Chapter 4 indicates that current selective logging practices threaten to erode diversity patterns of the largest trees in the forest (Bousfield et al. 2023), but implementing a maximum cutting diameter or stricter harvest restrictions on large trees would likely cause significant losses in profit (Bousfield et al. 2021). These findings highlight the frequent problem with implementing conservation-based measures to resource extraction, they come with significant costs. 
Reduced Impact Logging (RIL) is a good example of the friction between environmental goals and profitability that has hampered improvements to the selective logging sector in the past. RIL involves detailed pre-planning of target trees and road paths to minimise damage, directional felling, increased safety practices and post-harvest evaluations (Putz et al. 2008). RIL reduces the area disturbed by skid trails and roads and associated soil disturbance (Pinard et al. 2000), maintains better forest structure post-harvest (West et al. 2014), consistently reduces the negative impacts of logging on biodiversity (Bicknell et al. 2014), and has superior environmental outcomes in 76% of cases assessed (Burivalova et al. 2017). Despite its environmental benefits however, concerns over its financial costs are one of the primary barriers to its widespread adoption (Putz et al. 2000), with the chief Sarawak Timber Association (Malaysia) suggesting in 2001 that RIL actually stood for “reduced-income logging” (Putz et al. 2008). Whilst such ‘cut and run’ profit-focused attitudes remain prevalent in the timber industry, the implementation of less environmentally damaging practices will receive little attention if they are seen to harm profits.
[bookmark: _Toc143272364]5.3.2 Minimising opportunity costs

Promoting the uptake of land-sparing logging throughout the Amazon to retain greater biodiversity (Edwards et al. 2014; França et al. 2017; Cerullo et al. 2023) will therefore require additional economic incentives (Bousfield et al. 2021). One potential pathway is to associate land-sparing style harvests with certification schemes, such as the FSC, pairing land sparing with access to more premium market prices to increase revenue (Kollert & Lagan, 2007). However, FSC certification has previously had limited reach in tropical forests, with less than 2% having been granted FSC status, and certification currently does not guarantee better outcomes for biodiversity (Campos-Cerqueira et al. 2019).  Even if land sparing was to be associated with certification there is therefore no guarantee logging organisations would pursue it. An alternative route to close the profitability gap could be through government-provided tax breaks, particularly on the royalty fees for timber harvest, which are already viewed as excessive by would-be timber concessionaires (Vidal et al. 2020). In Brazil, the government already offer tax reductions if companies engage in beneficial activities for the wider community (Azevedo-Ramos et al. 2015), and a 25% reduction in stumpage fees could switch loss-making land sparing operations to profit making (Bousfield et al. 2021).
An alternative method for funding less environmentally damaging logging practices is through carbon-based payments for ecosystem services, as explored in Chapter 3. Such carbon payments could be used to reduce or remove entirely the opportunity costs of land-sparing harvests, but only if solid evidence showing reduced carbon emissions and enhanced carbon storage through land sparing were to be found. Alternatively, carbon payments could be used to reduce the intensity of harvest, thereby limiting the extent of damage to the forest (Burivalova et al. 2014; Martin et al. 2015). Chapter 3 demonstrated this method to be a cost-effective way (at $7.97–10.45 per tCO2) to cut carbon emissions whilst reducing the negative environmental impacts of logging (Bousfield et al. 2022).  However, REDD+ carbon projects are notoriously difficult to run effectively and are easily manipulated, whilst poor involvement of local communities in FPIC measures (Phelps et al. 2010) and benefits sharing is common (Guerra & Moutinho, 2020). In the Brazilian Amazon, West et al. (2020) found that projects consistently overestimated their impact in reducing deforestation through inflated baselines of forest loss with no intervention. Movements towards eliminating this flawed counterfactual approach to estimating baselines in favour of more accurate approaches, such as matching techniques (West et al. 2020; Guizar-Coutiño et al. 2022; Pauly & Tosteson, 2022) will be required if carbon payment projects are to become a serious option for improving logging sustainability. 

[bookmark: _Toc143272365]5.3.3 The threat of illegal logging

[bookmark: _Hlk143083530]Promoting more sustainable logging through economic means is already a difficult task, but it is made even harder by the widespread illegal logging throughout the Amazon (Brancalion et al. 2018). In the Brazilian Amazon in particular, illegal logging affects a larger area than deforestation (Matricardi et al. 2020) and accounted for 44% of all timber production in Parà State between 2015 and 2016 (Vidal et al. 2020). Such widespread illegal logging generally drives down market prices of timber due to its much lower operating costs and reduces the timber stock available for harvest in legal concessions (Sist et al. 2021). Research aiming to improve the sustainability of legal logging practices is important, particularly in a future where legal logging concessions expand throughout the Amazon. However, its significance will be undermined if Brazil and the other Amazonian countries cannot reign in the rampant illegal logging that occurs throughout Amazonia. Whilst the Bolsonaro administration rolled back environmental protection, defunded environmental agencies, and overlooked illegal logging and mining (Peres et al. 2023a), the Lula administration provides hope of a new era of protection for the Amazon that may turn the tide in the battle against illegal exploitation (Peres et al. 2023b).
[bookmark: _Toc143272366]5.3.4 Adapting to a changing climate

We must also look beyond current flaws in tropical timber production and consider how conditions in the future may place further strains on tropical forests. Climate change is likely to increase extreme weather events such as wildfires, droughts, floods and heatwaves which will threaten forests and timber stocks all over the world (Bowman et al. 2020; Hirabayashi et al. 2013; Meehl and Tebaldi, 2004). Chapter 5 demonstrates the significant damage wildfire already inflicts on the global timber industry, with this effect only likely to get worse in the future. Without serious shifts in production methods to alleviate these risks, losses could become catastrophic, driving down global timber supply, with large shortfalls in areas such as the US, Canada, Australia and Russia. Restrictions on global supply would thus drive up the price of timber, perhaps promoting further illegal and legal exploitation of the Amazon for its highly prized timber species (e.g. big-leaf mahogany- Swietenia, ipê- Tabebuia, and jatobá- Hymenaea; Schulze et al., 2008). and undermining the implementation of more sustainable harvest measures. The economic benefits of land sharing over land-sparing logging estimated in Chapter 2 will likely be extended further (Bousfield et al. 2021), whilst increased opportunity costs of forgoing logging will undermine carbon-payment projects and increase the required breakeven prices to well beyond those estimated in Chapter 3 (Bousfield et al. 2022) that cannot be matched by carbon financing (Phelps et al. 2013). 
Increased global use of timber plantations, where fires are actively prevented, and shorter rotations provide a higher likelihood of harvest without wildfires occurring could alleviate some of this risk (Lindenmayer et al. 2023). Plantations are predicted to double in extent across South America by 2050 (McEwan et al. 2020), but less reliance on non-native species with low fire resistance and high flammability (e.g. Pinus radiata, Eucalyptus globulus; Gómez-González et al. 2018; Guerrero et al. 2022) in fire prone areas will be required. In Brazil, 75% of timber plantations are Eucalyptus, with native species plantations poorly developed (Sist et al. 2021). Expanding the use of timber plantations across Brazil in previously deforested lands would help contribute to meeting timber demand and tropical reforestation goals under global initiatives such as the Bonn Challenge, whilst relieving pressure from the remaining primary forest and promoting more sustainable timber production and conservation of remaining natural forests (Sist et al. 2021).


[bookmark: _Toc143272367]5.4 Conclusions and recommendations

This thesis attempted to address key questions on how timber demand can be met in a more sustainable and less environmentally damaging way, with a particular focus on the Brazilian Amazon. There are four main findings from this work. First, despite its apparent benefits for biodiversity, land-sparing timber harvests are not economically competitive in the Amazon compared to land sharing. To promote the uptake of land-sparing logging techniques in the future, further financial incentives such as tax breaks, certification premiums and subsidies will be required. Second, the use of carbon payments to prevent or reduce the intensity of logging in the Amazon is a cost-effective measure, requiring only $7.90–10.45 per tCO2. Whilst widespread prevention of logging is clearly not an option, using carbon payment programmes to reduce the intensity of logging (and thus the damage to the surrounding forest) is possible under sound carbon-payment projects that use effective counterfactuals and engage with local stakeholders. Third, selective logging across large areas of Amazon rainforest has little impact on community composition of canopy trees as a whole. However, the intense targeting of the largest, most valuable trees leads to significant heteroginsation of the largest tree communities. Given the significant expanse of logging concessions in the Amazon, such practices have the potential to erode tree diversity patterns across large areas. Options to prevent this are the introduction of maximum cutting diameters, or stricter restrictions on the number of large trees that are permitted to be cut. Finally, wildfires are already having an impact on timber production globally, and the annual area of timber producing forest that has been lost to wildfires has been increasing throughout the 21st century. This is serious cause for concern given that wildfires are expected to become more prevalent in the future because of climate change, and methods to reduce the impact of fires in the future need to be implemented today.
Future research should focus on obtaining empirical estimates of carbon emissions and remaining carbon stocks associated with land sparing and land-sharing timber harvests in the Amazon. If land sparing is found to emit significantly less carbon than land sharing (e.g. through far reduced road requirements), tying carbon payments to the implementation of land sparing may reduce the opportunity cost associated with land sparing and promote its uptake. More broadly, this thesis has highlighted the large and increasing threat of wildfires to global timber production, and the likely increased threat in the future under climate change. Future research in this area is vital to ensure timber supply can be met throughout the 21st century. This research should focus firstly on using future climate projections to model the impact of wildfires on business-as-usual timber production. Following this, the potential of different methods to reduce fire risk such as increased plantation production and the shifting of global and regional timber production areas must be assessed. 
Beyond research, governments and policymakers in tropical countries need to create environments where it is economically feasible to harvest timber in a more sustainable way. Tax breaks or subsidies for companies harvesting in less damaging ways (e.g. land sparing) or employing RIL techniques can make them more financially competitive. Most importantly, illegal logging, particularly in the Brazilian Amazon, must be tackled head-on to prevent legal and more sustainable timber harvesters being undercut and forced out of business. Increased funding to environmental agencies is needed to ensure monitoring and proper enforcement, and whilst these agencies were degraded and defunded under Bolsonaro there is hope the new Lula administration will reverse this attack on the Amazon and the institutions that protect it. 
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