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Abstract 

 

Anthropogenic change is exerting increasing pressures, impacting the structure and function 

of ecosystems. Anthropogenic stressors of ecosystems, along with natural stressors, such as 

parasitism, may interact as stressors rarely occur in isolation. Therefore, it is important that 

the impacts of combinations of multiple stressors are studied, however these interactions are 

currently under-represented in ecological research.  

 

Climate warming and introductions of invasive species are main drivers of ecological 

disturbance, altering the function of ecosystems globally. Parasites are ubiquitous biotic 

stressors in ecosystems, that can have impacts on host survival and behaviour. I investigated 

combined impacts of these stressors on freshwater ecosystems. The nutrient cycles in 

temperate freshwater ecosystems are skewed towards allochthonous leaf litter as the basal 

resource, requiring a guild of macroinvertebrate shredders to disperse nutrients through 

trophic webs. I investigated the productivity of keystone amphipod shredders, both native 

and invasive, through rates of shredding and predation, in interaction with temperature and 

parasites. 

 

In chapter 2, I use a laboratory study to investigate the impacts of temperature and parasitism 

on survival and shredding rates, comparing the native amphipod and keystone shredder 

Gammarus duebeni celticus and an invasive amphipod Gammarus pulex from Northern Irish 

freshwater ecosystems. The most important factor affecting rates of shredding was 
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temperature, with shredding doubling from the lowest rate, at 5°C for each amphipod and 

parasite combination, to their highest rate at 20, 25 (for parasitised and unparasitised G. pulex 

respectively) or 30°C (G. D. celticus). However, survival was negatively affected by 

temperature; the lower survival of G. pulex in increasing temperatures indicates the warming 

climate may be less favourable for the invasive species. However, the consequences of 

extreme warming are likely to be severe as both species suffered 100% mortality at 30°C. 

Therefore, whilst increases in temperature will increase per capita shredding (up to an 

optimum, before decreasing with extreme temperatures), amphipod abundances are likely 

to decline, leading to reduced productivity at an ecosystem level.  

 

The impact of the invasive species and parasitism on resource processing in freshwater 

ecosystems depends on both leaf shredding capability and on relative abundance, with 

invasive species often achieving much higher abundance than native species. In chapter 3, I 

focused on another UK study system, where G. pulex is the native in Great Britain, and the 

invasive amphipod is the Ponto-Caspian species Dikerogammarus villosus.  I used the Relative 

Impact Potential (RIP) metric to incorporate relative consumer abundance response as a 

means of scaling relative per capita effects to compare the relative impact potential of the 

biological invasion. Although per capita shredding was higher for G. pulex than D. villosus at 

all temperatures, the higher abundances of the invader led to higher impact scores for D. 

villosus at all temperatures; hence replacement of the native by the invasive amphipod is 

predicted to drive an increase in shredding. This could be interpreted as a positive effect on 

ecosystem function, leading to faster accumulation of amphipod biomass and a greater rate 

of fine particulate organic matter (FPOM) provisioning for the ecosystem. However, the high 
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density of invaders compared to natives may lead to exhaustion of the resource in sites with 

relatively low leaf detritus levels. 

 

In addition to invasive macroinvertebrates, riparian zones are commonly subjected to human-

mediated introductions of invasive non-native plants. In chapter 4, I investigated the 

interactions of the stressors of invasive allochthonous leaf detritus (Rhododendron ponticum 

and Fallopia japonica compared to native Alnus glutinosa), invasive shredders (D. villosus 

compared to native G. pulex) and temperature.  Despite lower nutritional value, and possible 

toxicity, it was found that amphipods will feed on the invasive leaf species selected, which 

indicates ecosystem function can be maintained despite riparian invasion by these non-native 

plants. However, both invasive plant species were shredded at a lower rate than native A. 

glutinosa. Temperature was positively correlated with shredding, with rates of shredding for 

native A. glutinosa and invasive F. japonica leaf litter doubling between the lowest (5°C) and 

highest (25°C) temperatures. Hence a change in the dominant riparian leaf litter source as a 

result of invasion could alter the productivity of the ecosystem.   

 

Many amphipods are omnivorous. In addition to shredding leaf material, both the native G. 

pulex and invasive D. villosus predate other macroinvertebrates. Optimal foraging theory 

states that animals will seek to maximise the benefit gained from foraging, which may include 

only eating the most nutritious parts of prey if there is plentiful availability. In chapter 4, I 

compared the predatory behaviour of the native G. pulex and invasive species D. villosus, the 

effect of temperature on predation and on the discarding of uneaten prey. The native and 

invasive amphipods had similar rates of predation on Asellus aquaticus prey but D. villosus 
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had a higher rate of predation on chironomid larvae than G. pulex, resulting in more successful 

attacks and more discarded dead chironomid tissues for the invasive amphipod. This 

preference, along with the much greater densities of the invasive amphipod, is likely to impact 

the chironomid population. The interaction of temperature and amphipod predator species 

in discard rates for both A. aquaticus and chironomid prey indicate that G. pulex may 

contribute well to animal detritus at low temperatures but D. villosus will be better able to 

maintain the supply of animal detritus at higher temperatures.  

  

Temperature had a significant impact on amphipod survival and trophic behaviour, increasing 

rates of shredding and predation up to an optimum temperature, beyond which rates fell. 

The most elevated temperatures used caused mortality in all amphipods. Although consumed 

at a lower rate, invasive riparian plants may be able to maintain freshwater ecosystems, with 

the leaf detritus lasting longer than rapidly consumed native species. The gammarid 

amphipods investigated in this thesis appear to be closely related in behaviour. However, 

small differences in behaviour are greatly amplified as a result of the higher densities of the 

invasive species.  
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Chapter 1: General introduction and background 

 

1.1 Introduction 

 

Ecosystems worldwide are subjected to increasing pressures from multiple stressors which 

can impact their structure and function, altering productivity and affecting connected 

ecosystems (Sala et al., 2000; Pereira et al., 2010; Orr et al., 2020). In this thesis I investigate 

interactions of stressors and quantify impacts to productivity to enable better predictions for 

future ecosystem function. This introduction describes some of the most common stressors 

that act upon ecosystems which may affect their function and productivity. That these 

stressors co-occur in natural systems and may interact is underrepresented in research, which 

this thesis seeks to address. I outline the stressors of temperature due to climate warming, 

invasive species, parasites and the possible interactions of those stressors to affect ecosystem 

function. Background is provided for the focal temperate freshwater ecosystems examined, 

and the crustacean amphipods which hold a keystone role in nutrient cycling in those 

ecosystems.     
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1.2 Stressors 

 

Ecosystems are exposed to stressors that can alter their structure and function, with 

anthropogenic drivers increasing pressures globally. Human activity is altering natural 

environments and has already caused significant changes to global biodiversity and climate 

(Vitousek et al., 1997). Anthropogenic change is causing extinctions at a rate that exceeds 

normal background rates of species loss, which can limit the productivity of ecosystems due 

to the loss of biodiversity limiting the exploitation of resources in natural systems (Vitousek 

et al., 1997; Hooper et al., 2012). Biodiversity supports the function, productivity and stability 

of ecosystems, which can be compromised by human activity (Cardinale, Palmer and Collins, 

2002; Cardinale et al., 2012). Multiple stressors act on ecosystems concurrently, altering 

processes within those systems due to drivers both natural and anthropogenic (Orr et al., 

2020). The impacts of such stressors are expected to increase with predicted increases in the 

pressure from anthropogenic drivers of global change, such as climate change, land-use 

change and introductions of invasive species (Chapin et al., 2000; Pereira et al., 2010; Pachauri 

et al., 2014).  

 

Multiple stressors can interact in unpredictable ways, with insufficient research into how 

these interactions may affect ecosystems (O’Brien et al., 2019). Assuming a pair of stressors 

both have a negative impact on a system or process (figure 1.1), if the impact of the pair of 

stressors in combination is the sum of the negative effect of each individual stressor the 

relationship of the stressors can be described as additive. If the impact of the pair of stressors 

is less than the sum of the individual stressors it can be termed as an antagonistic relationship. 
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When the impact of the pair of stressors is greater than the sum of the individual stressors 

their relationship can be described as synergistic (Crain, Kroeker and Halpern, 2008). 

Additionally, changing a factor such as temperature, may have a positive or a negative impact 

depending on how this relates to species’ thermal optima. This thesis investigates how some 

common stressors, natural and anthropogenic, biotic and abiotic, interact using freshwater 

systems as models. I aim to provide predictions on whether projected increases in stressors 

are likely to mitigate or amplify impacts when combined. 

 

Figure 1.1: Illustration of the potential impacts on ecological condition of different 

interaction types in an ecosystem with two stressors, adapted from: (Spears et al., 2021)  
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1.2.1 Climate change 

 

Climate change is an anthropogenic, abiotic factor that is having a significant impact on the 

natural environment globally. Climate change, caused by increases in emissions of 

greenhouse gasses since the Industrial Revolution, has increased mean temperatures and 

increased the frequency and intensity of extreme weather events, such as flooding and 

heatwaves (Jenkins et al., 2009; Pachauri et al., 2014). Alterations to climate influence the 

physiology of species. When a species’ physiological limits are exceeded this can result in local 

extirpations, with potentially cascading impacts to ecosystem function (Chapin et al., 2000; 

Cardinale et al., 2012). Sub-lethal effects of climate warming can also affect animals’ 

behaviour and reproduction, which can cause impacts which ripple through trophic webs, 

creating problems for species at higher and lower trophic levels (Moore, Folt and Stemberger, 

1996). Phenological differences between species may become amplified by the changing 

climate, or new relationships may be forged due to climate disturbances’ effects on the 

timings of life history events, as the magnitude of phenological shifts can vary widely between 

species (Primack et al., 2009). Alterations to any cyclical weather patterns due to climate 

change can have consequences for the function of ecosystems. For example, changes to the 

timing and intensity of seasonal storms due to climate change may cause phenological 

mismatches in ecosystems which require the regular cyclical influx of water and dissolved 

organic content for normal function (Keller, 2007). This thesis investigates how temperature 

affects the behaviour of animals that maintain a key role in processes within their ecosystems, 

with each chapter using a range of temperatures to examine the influence of warming and its 

potential to interact with other common stressors.  
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1.2.2 Invasive species 

 

Invasive species are among the main drivers of biodiversity loss and alterations to ecosystem 

function globally (Sala et al., 2000). Anthropogenic introductions of non-native species have 

been taking place for thousands of years, but globalisation and increases in trade routes have 

caused an unprecedented increase in the rate of introductions (Vitousek et al., 1996; Seebens 

et al., 2017). The term “invasive” is used within this thesis to describe a species that is non-

native to a location, has spread rapidly and is producing a significant negative impact to 

ecological, economic or health factors, which the EU defines as adversely impacting 

biodiversity and ecosystem services (Davis, 2009; Blackburn et al., 2011; European 

Parliament, 2015). A minority of species that are introduced go on to establish a population 

in their novel range, with a minority of established non-native species going on to become 

invasive. The tens rule estimates that 10% of introduced alien species are able to establish a 

population, and of those, only approximately 10% become damagingly invasive (Williamson 

and Fitter, 1996). Each stage of progression to potential invasiveness, from transport to a 

novel range, introduction of a propagule, establishment of a population and spread of the 

species in the invaded range, acts as a filter or barrier to progression of the majority of non-

native introductions (Davis, 2009; Jaric´ and Cvijanovic´, 2012). In reality, the stages may be 

concurrent and are imposed by human observers to more easily define progression of the 

introduction of a non-native species, but it remains a useful framework (Ricciardi et al., 2013). 

 

Invasive species are introduced non-native species which cause a measurable deleterious 

impact to the recipient ecosystem, as per the EICAT framework. Impacts can be defined as 
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reductions in the biodiversity of native species and alterations to ecosystem processes within 

the affected ecosystem (Blackburn et al., 2014). Impacts of invasive species may be 

considered as the per capita effect of individuals of the species, multiplied by the abundance 

or density of individuals in an invasive population, over the area of the range in which it is 

found (Parker et al., 1999). Each of the chapters in this thesis measures per capita effects of 

invasive species, and chapter 3 also considers the density of the species at an invaded location 

to better appreciate its potential for negative impacts. Impacts from invasive species incur 

substantial costs for economies due to reductions in productivity and ecosystem services. 

Costs of management of invasive species are also significant, in order to control or eradicate 

introduced pest species. Invasive species are reported to have incurred global mean costs of 

US$ 26.8 billion per year between 1970 and 2017, with a trend of increasing costs meaning 

the estimate of incurred costs for 2017 may total US$ 162.7 billion (Diagne et al., 2021). Total 

global expenditure on management of invasive species since 1960 has been estimated at US$ 

95.3 billion, with the damage caused by invasive species during that period being 

conservatively estimated as US$ 1130.60 billion (Cuthbert et al., 2022). The cost in losses and 

expenses in the UK alone due to the impacts of invasive species is conservatively estimated 

to be £ 122.1 million, on average, per year (Cuthbert et al., 2021). Research is required into 

how some specific invasive species interact with stressors and whether their presence will 

exert positive or negative impacts on a changing environment, which may aid in assessing 

likely costs from invasions.   
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1.2.3 Parasites 

 

Parasites are ubiquitous biotic stressors of ecosystems which can have effects on host survival 

and behaviours (Hatcher and Dunn, 2011; Hatcher, Dick and Dunn, 2012). Trait mediated 

effects exerted by parasites can alter host feeding rates, distribution and anti-predator 

behaviours, which can affect rates of ecosystem processes, especially when keystone species 

are affected (Mouritsen and Poulin, 2005; Hatcher, Dick and Dunn, 2014). Parasites can thus 

significantly influence interspecies interactions and nutrient flows within trophic webs 

through effects on host behaviours, though their presence and influence may not be 

immediately apparent (Lafferty, Dobson and Kuris, 2006; Hatcher, Dick and Dunn, 2012). 

Behavioural manipulation of hosts by parasites can be subtle alterations of behaviours or 

dramatic phenotypic shifts of multiple traits (Thomas, Poulin and Brodeur, 2010). For 

example, manipulations may be complex, such as parasitic freshwater hairworms which infect 

terrestrial cricket hosts but need to enter water to complete their reproductive cycle. The 

parasite manipulates its host into jumping into a water body, where the parasite can exit the 

host and mate (Ponton et al., 2011). Simpler alterations to host behaviours are involved when 

the presence of parasites can increase (Dick et al., 2010) or decrease feeding behaviours 

(Wood et al., 2007), either of which could lead to trophic cascades or alter ecosystem function 

if the hosts hold keystone roles. Chapters 2 and 3 incorporate parasites as additional stressors 

to investigate what impact they have on their hosts and key host behaviours. 
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1.3 Interactions 

 

Ecosystems are subject to challenges from stressors, which may exert pressures upon their 

structure and function (Folke et al., 2004). The complexity of natural systems means they are 

rarely challenged by single stressors in isolation, but rather a suite of biotic and abiotic factors 

which can combine in unpredictable ways to create synergies that may have amplified 

impacts (Brook, Sodhi and Bradshaw, 2008; Jackson, 2015). Climate change, parasitism, 

pollution, land use change and invasive species are common stressors in ecosystems in much 

of the world. Stressors have combined to have synergistic impacts on amphibian populations, 

which have experienced major declines and extinctions worldwide. Pathogens, such as the 

parasitic Batrachochytrium dendrobatidis, have interacted with climate change and chemical 

pollutants, such as pesticides and nitrogenous fertilisers, leading to significant mortality rates 

in amphibian species (Blaustein and Kiesecker, 2002; Boone et al., 2007). As species which 

experience both aquatic and terrestrial stressors, which have permeable skin and lay eggs 

without protective shells, they represent sentinel species which are sensitive early indicators 

of the threats of multiple stressors and possibly greater imminent ecological disturbances 

(Roy, 2002; Davidson and Knapp, 2007). 

 

Different species have different plasticity in adapting to challenges, and multiple stressors 

exert multiple pressures on phenotypes, which may compromise a species’ survival and 

behaviour (Sih, Ferrari and Harris, 2011). At an ecosystem level, stressors such as temperature 

may serve as a disturbance which facilitates the establishment of a damaging invasive species 

through extirpation or suppression of native competitors, to make vacant niche space and 
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reduce an ecosystem’s biotic resistance to invasion (Brook, Sodhi and Bradshaw, 2008). 

Climate change is impacting virtually all ecosystems globally, and is predicted to alter the 

distribution of parasites while also increasing the transmission and virulence of many, which 

may have cascading effects on interspecies interactions and trophic webs (Marcogliese, 

2008). Research into stressors must take into account the complexity of natural systems by 

investigating the impacts of multiple stressors acting on focal interactions or ecosystems in 

order to obtain better predictive power for more realistic scenarios (Côté, Darling and Brown, 

2016; Orr et al., 2020). This thesis investigates combinations of natural and anthropogenic 

stressors, both biotic and abiotic, to address knowledge gaps arising from previous research 

that has generally adhered to studying single stressors and has potentially missed the 

complexity of more realistic interactions. 

 

 

1.4 Focal ecosystems 

 

Freshwater habitats occupy approximately 1% of the world’s surface, while marine 

environments occupy approximately 70%, however they each support almost the same 

number of known species (Strayer and Dudgeon, 2010; Wiens, 2015). The high biodiversity of 

freshwater ecosystems is threatened and decreasing, with high risks of population reductions 

and extinctions (Dudgeon et al., 2006; Vörösmarty et al., 2010; Reid et al., 2019). Human 

activity exploits a large proportion of freshwater systems for many uses, including transport, 

food production, waste disposal, recreational activities and energy generation (Albert et al., 
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2021). Human activity also degrades these ecosystems, causing impacts to biodiversity and 

function through mechanisms such as climate change, land use change, introductions of 

invasive species and pollution (Birk et al., 2020; Faghihinia et al., 2021). Human requirements 

for fresh water and the vulnerability of fragmented, relatively low volume water bodies mean 

freshwater habitats are increasingly degraded and threatened with little prospect of 

damaging pressures easing in the foreseeable future (Reid et al., 2019). 

 

Freshwater ecosystems have experienced greater declines in biodiversity than other 

ecosystem types, possibly due to their relatively high levels of biodiversity and the limited 

dispersal opportunities for species afforded by the structure of many freshwater habitats as 

species’ temperature thresholds are exceeded (Heino, Virkkala and Toivonen, 2009; 

Woodward, Perkins and Brown, 2010). Freshwater ecosystems are also dominated by 

ectothermic species, which may be less able to mitigate increasing temperatures  

(Woodward, Perkins and Brown, 2010). Temperature plays a key role in rates of energy use 

and generation in ecosystems at all levels. Warming influences all levels of organisation, from 

determining the structure of trophic webs, for example, increasing beta-diversity and algal 

growth in Arctic lakes, down to affecting metabolic rates in individuals (Brown et al., 2004; 

Smol et al., 2005). I investigated changes to metabolic demands in macroinvertebrates due to 

temperature in chapter 3, to examine whether this small-scale alteration can explain resulting 

behavioural differences.  

 

In England and Wales mean water temperatures increased by 0.03°C per annum between 

1990 and 2006, whilst U. S. data indicated mean water temperature increased by up to 0.08°C 
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per annum between 1965 and 2007(Kaushal et al., 2010; Orr et al., 2015). A study on Welsh 

waters found mean temperatures to have risen by a total of 1.5°C in forest waters and 1.7°C 

in moorland waters between 1981 and 2005. This increase correlates with reductions in 

macroinvertebrate abundance, which is predicted to decrease by 21% for each 1°C increase 

in mean temperature (Durance and Ormerod, 2007). Each experiment in this thesis 

investigates the impacts of temperature on aquatic systems to better understand how 

projected climate warming may affect freshwater ecosystems. 

 

High levels of human activity around freshwater systems means they are vulnerable to species 

introductions through propagules attached to transport, in ballast water, attached to 

recreational vehicles and equipment and also through water transfers (Sala et al., 2000; 

Gallardo and Aldridge, 2018). The aquarium trade is also a growing threat to freshwater, as 

potentially invasive animal and plant species are freely traded through unregulated internet 

channels and released into novel natural ecosystems intentionally or unintentionally 

(Strecker, Campbell and Olden, 2011). Introduction and spread of highly successful, tolerant 

and adaptable invasive species is leading to a homogenisation of freshwater biota across 

ecosystems connected by human activity (Strayer, 2010).  

 

The relative endemism and isolation of many freshwater ecosystems means species may be 

more naïve to novel species interactions, increasing vulnerability to major impacts from 

invasive predators (Cox and Lima, 2006). Adjoining habitats may also contain invasive species 

which impact aquatic ecosystems, such as riparian plants providing a leaf litter food source to 

freshwater invertebrates. European bird cherry has been introduced to riparian zones in 
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Alaska and has been found to support lower size and density of freshwater leaf consumers 

than native plant species (Roon, Wipfli and Wurtz, 2014). In this thesis I used the common 

Amphipoda order of freshwater invertebrates, which contains species both native 

(Gammarus pulex, Gammarus duebeni celticus) and invasive (Dikerogammarus villosus) in the 

U. K., to compare survival and behaviours of native and invasive species. Additionally, chapter 

4 investigates the impacts of invasive plant species rhododendron and Japanese knotweed as 

a food source for aquatic macroinvertebrates. 

 

As most biota requires water for survival, freshwater sites become locations for high 

concentrations of interspecies and intraspecies interactions, which can facilitate parasite 

transmission (Reid et al., 2019). There have been numerous, relatively recent outbreaks of 

disease in freshwater ecosystems, such as chytridiomycosis causing high mortality of frogs 

and toads, and porcelain disease causing local extirpations of native crayfish in Europe 

(Edgerton et al., 2004; Rödder et al., 2009). Additionally, parasites often exert sub-lethal 

effects on hosts, such as altering feeding rates, changing social aggregation behaviour or 

affecting activity rates (Hernandez and Sukhdeo, 2008; Lewis et al., 2012; Friesen et al., 2017). 

In this thesis chapters 2 and 3 feature parasites (Echinorynchus truttae, Pleistophera mulleri) 

alongside other stressors, to investigate the impact that these natural biotic stressors can 

have in combination with anthropogenic disturbances to freshwater ecosystems.  

 

Trophic webs in freshwater ecosystems in temperate zones are most often detritus-based, 

with allochthonous inputs of leaf litter vital for energy and nutrients (Gessner et al., 2010). 

However tough cellulose-rich leaf litter requires some decomposition before its nutrients are 
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released (Cornwell et al., 2008). Fungal microbes colonise the leaf litter, penetrating the 

tissues with hyphae and initialising decomposition, breaking down cellulose with digestive 

enzymes (Gulis, Su and Kuehn, 2019). These aquatic hyphomycetes are vital intermediaries, 

increasing palatability of allochthonous leaf litter to macroinvertebrate species and 

concentrating nitrogen-rich material on the detritus surface to further increase its 

attractiveness to consumers (Graça et al., 1993; Bärlocher, 2016). A guild of 

macroinvertebrate shredder species have mouthparts able to consume the softened leaf 

detritus, fragmenting the resource and releasing small particulates to provision other 

consumers in the ecosystem (Cummins and Klug, 1979; Cummins et al., 1989; Covich et al., 

2004). These shredders hold a keystone role in temperate freshwater ecosystems, converting 

the dominant basal resource into useable form by fragmentation, provision of faeces and 

accumulation of biomass which supplies predatory species (Wallace and Webster, 1996; 

Ruetz, Newman and Vondracek, 2002). This thesis investigates the survival and behaviour of 

shredder species, both native and invasive, to study the likely impacts of common freshwater 

stressors on the key ecosystem process of shredding (chapters 2, 3 and 4) and the predatory 

provisioning of animal detritus by omnivorous shredders (chapter 5). Rates of leaf detritus 

shredding are used in chapters 2, 3 and 4 as a proxy for productivity to demonstrate good 

ecosystem function (Gessner and Chauvet, 2002). This method was adapted for chapter 5 to 

investigate how multiple stressors may affect the provisioning of animal detritus rather than 

shredded leaf matter.  
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1.5 Focal species 

 

The species of detritivorous shredder investigated in this thesis are members of the order 

Amphipoda, which are important species in temperate freshwater ecosystems, often 

dominant by abundance (Glazier, 2009). Amphipods often perform the keystone role of 

shredding leaf litter in detritus-based freshwater ecosystems, distributing nutrients as 

particulates through the trophic web to collector species and other detritivores and providing 

a source of prey to predatory species, such as fish (Väinölä et al., 2008; Covich and Thorp, 

2010). These amphipods are generalist omnivores, but their vital role in the processing of the 

basal resource in freshwater ecosystems means research is required to investigate how their 

function as ecosystem provisioners is maintained when subjected to stressors. In mainland 

Great Britain the amphipod G. pulex (Linnaeus, 1758) is the most common native freshwater 

amphipod shredder. Found across much of Europe, G. pulex was introduced to Northern 

Ireland in the late 1950s, where it has become invasive (Pinkster, 1970; Strange and Glass, 

1979; Macneil et al., 1999). The native analogue species of amphipod in Northern Ireland is 

Gammarus duebeni celticus (Lilljeborg, 1852), which lives in the flowing waters of rivers and 

streams but is threatened by G. pulex (MacNeil et al., 2001).  

 

Numerous factors, both biotic and abiotic, influence the distribution of the native G. d. 

celticus and the invasive G. pulex in Northern Ireland since the introduction of the invader. 

Intraguild predation plays a highly significant role in species distributions of the native and 

the invasive amphipod, with the invader imparting a greater predatory pressure upon the 

native (Dick, Montgomery and Elwood, 1993). Gammarus pulex is a more aggressive predator, 
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especially of recently moulted congeneric females, and is a more aggressive defender in 

interactions with the less aggressive G. d. celticus (Dick et al., 1995). However, this 

relationship does not explain fully the patterns of distribution of the two species, as G. d. 

celticus persists at some sites alongside the invasive species.  It appears that the intraguild 

predation pressures exerted by both are mediated by interactions with other biotic and 

abiotic factors (Dick, 2008).     

 

An abiotic factor which can influence the invasion success of G. pulex is water quality.  

Replacement of the native by the invader has not been complete, with some sites containing 

populations of only G. pulex or G. d. celticus exclusively, and some locations supporting both 

species in sympatry (MacNeil et al., 2001).  Temperature is negatively correlated with 

concentrations of dissolved oxygen in water. The invader is more likely to be present in poorer 

quality water conditions, particularly with lower concentrations of dissolved oxygen, than the 

native species, while the native is more likely to dominate in water with a higher dissolved 

oxygen content (MacNeil, Prenter, et al., 2004). Water quality can mediate interactions 

between the amphipod species, determining predatory efficiency of G. pulex on recently 

moulted G. d. celticus females. The alteration of asymmetry in intraguild predation by an 

environmental factor then determines whether the species co-exist at a particular site, or 

whether the native or invasive species dominates, with the invasive species able to replace 

the native or co-exist in water with lower organic quality (Piscart et al., 2009; MacNeil and 

Campbell, 2018). The relative success of the invasive amphipod in lower quality conditions 

means that the lower percentage of dissolved oxygen in warmer water may indicate a shift 

towards conditions which favour expansion of the invader’s range in a warming climate. 
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The amphipod D. villosus (Sowinsky, 1894) (Figure 1.2) originates from the Ponto-Caspian 

region but has become highly invasive across a wide range. First detected in the Danube in 

1926, the species spread through connected waterways throughout much of eastern Europe. 

In 1992 a canal opened to connect the Danube to the Rhine and D. villosus spread further to 

now occupy many of the main river and canal systems in mainland Europe (Rewicz et al., 

2014). First detected in the UK in 2010, the “killer shrimp” D. villosus has established several 

significant populations in Great Britain and threatens to spread throughout the UK freshwater 

network (MacNeil, Boets and Platvoet, 2012). D. villosus grows and reproduces at a high rate, 

with an extended breeding season, relatively high tolerance for a range of abiotic conditions 

and is a flexible feeder. These characteristics enable the species to be highly invasive and 

mean it can potentially disrupt trophic webs in ecosystems to which it is introduced (Platvoet 

et al., 2009; Pöckl, 2009; Rewicz et al., 2014). This disruption can be in the form of reductions 

in biodiversity of native species, which may compromise ecosystem function (van Riel et al., 

2007; Bollache et al., 2008). Additionally, D. villosus in the U. K. is benefitting from enemy 

release, as natural enemies from its home range, such as parasites, do not appear to have 

made the journey to the novel range along with the host amphipod (Arundell et al., 2015). 

Therefore, the invasive amphipod suffers fewer negative pressures in invaded locations, 

which has enabled greater population growth (Warren, Bradbeer and Dunn, 2021). Stopping 

the spread is the best defence against invasion by D. villosus, with post-invasion eradication 

potentially impossible (Bradbeer et al., 2020).  



33 
 

 

Figure 1.2: Dikerogammarus villosus, total length 20mm. Image c/o Environment Agency 

 

Previous studies have found that D. villosus tends to shred leaf litter at a lower rate than 

native species, which may have a significant impact on ecosystem productivity due to the 

keystone role in trophic webs held by amphipod shredders (Piscart, Mermillod-Blondin, et al., 

2011; Boeker and Geist, 2015). While intraguild predation by G. pulex can extirpate G. d. 

celticus, the highly invasive and predatory D. villosus will predate the Great Britain native G. 

pulex, with alternative food sources of prey or detrital matter only slowing the rate of species 

replacement (MacNeil and Platvoet, 2005). The high densities at which the Ponto-Caspian 

amphipod can be found may also mean that indirect effects of consumption of shared 

resources will impact numerous native species (Rewicz et al., 2014). Such intraguild 

interactions, and interactions with the wider community, can be altered by stressors. Parasitic 

infection can increase the predation rate of G. pulex on macroinvertebrates while decreasing 

its predation rate on the native G. d. celticus (Hatcher, Dick and Dunn, 2014). Temperature 
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has also been found to increase the predatory rate and rate of leaf litter shredding of G. pulex 

and D. villosus, (Truhlar, Dodd and Aldridge, 2014; Kenna et al., 2017; Laverty et al., 2017). In 

this thesis the effects of stressors on rates of ecosystem provisioning, through leaf shredding 

or partial predation and discarding of prey carcasses are investigated to better inform 

predictions of impacts of projected climate change and species distributions. 

 

 

1.6 Research aims 

 

In this thesis I investigate multiple stressors that are exerting pressures on freshwater 

ecosystems. Climate change and introductions of invasive species are anthropogenic 

disturbances which are having significant impacts on natural systems globally, with projected 

increases in the intensity of challenges faced by ecosystems (Chapin et al., 2000; Sala et al., 

2000). Additionally, ecosystems contain natural stressors, such as parasites which, though 

often invisible, can have significant effects on interactions of organisms and thus impact the 

function of complex trophic webs (Lafferty, Dobson and Kuris, 2006; Kuris et al., 2008). These 

stressors of temperature, invasive species and parasitism have most often been studied in 

isolation, taking a single factor and attempting to measure its impacts (Côté, Darling and 

Brown, 2016; Orr et al., 2020). However, I attempt to investigate whether these factors 

interact with one another to mediate outcomes. Temperate freshwater ecosystems are used 

as the model systems due to their vulnerability to stressors and the ongoing relative lack of 

research into these systems, which are vital to the natural environment (Darwall et al., 2011; 

Lowry et al., 2013; Maasri et al., 2022). Impacts are measured by effects on key ecosystem 

processes which are indicators of ecosystem function and productivity. Leaf detritus 
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shredding is a keystone role performed by the amphipod shredder species investigated in this 

thesis. Shredding allows the efficient cycling of nutrients through the ecosystem and is vital 

to supporting most current temperate freshwater ecosystems (Gessner and Chauvet, 2002; 

Gessner et al., 2010). This role of provisioning the ecosystem is also explored by investigating 

how stressors of temperature and invasive species may alter rates of the provisioning of 

animal detritus.  
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Chapter 2: Impacts of temperature and parasitism on survival and shredding rates, 

comparing a native and an invasive amphipod from Northern Irish freshwater ecosystems 

 

 

2.1 Introduction 

  

Multiple stressors affect ecosystems worldwide, impacting natural processes, driven by the 

increasing influence of anthropogenic change to the natural world (Orr et al., 2020). Stressors 

of ecosystems are predicted to have increasing impacts globally on ecosystem services, 

processes and function (Chapin et al., 2000; Pereira et al., 2010). The impacts of stressors may 

combine to challenge an ecosystem’s resistance, which is its capacity to withstand challenges 

and retain its structure and processes to maintain ecosystem function (Folke et al., 2004). 

Biotic stressors, such as introductions of invasive species, parasites and predation, may 

interact with abiotic stressors, such as climate change, land use change and pollution to alter 

the structure or processes within an ecosystem, impacting its outputs and productivity. These 

impacts are predicted to increase in the foreseeable future, due in large part to increasing 

intensities of anthropogenic stressors, such as climate warming and introductions of invasive 

species (Sala et al., 2000; Pachauri et al., 2014).   

 

Freshwater ecosystems are extremely biodiverse, with high productivity and importance for 

connected ecosystems (Dudgeon et al., 2006; Reid et al., 2005). However, these systems are 

highly vulnerable to anthropogenic stressors due to their exploitation for human uses and the 

connectedness of many freshwater habitats. These human-borne stressors rarely occur in 

isolation, and may interact with each other and natural stressors, such as parasites, predation 
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and disease to affect ecosystem structure and productivity (Birk et al., 2020; Ormerod et al., 

2010; Vörösmarty et al., 2010). Interactions between stressors may be additive, antagonistic 

or synergistic, and outcomes can be difficult to predict, meaning research is required into 

many species and stressor combinations  (Côté et al., 2016; Orr et al., 2020; Paine et al., 1998).  

 

Allochthonous inputs of riparian leaf litter are a vital source of energy and nutrients in many 

freshwater ecosystems in temperate regions (Gessner et al., 2010). Decomposition of this 

resource is vital for nutrient cycling and is connected to secondary production in these 

ecosystems, therefore the rate of decomposition of allochthonous leaf litter is an indicator of 

ecosystem function (Gessner & Chauvet, 2002). Mechanical and microbial decomposition can 

slowly release energy from the detrital resource, but a guild of shredder species are important 

to maintain the speed and efficiency of energy cycling through these trophic webs (Covich et 

al., 2004; Cummins et al., 2005; Cummins et al., 1989). The phenology of detrital resource 

availability is maintained by shredder species which mediate the release of carbon and other 

nutrients through fragmenting leaf litter, excreting consumed detritus and accumulating 

biomass. This shredding activity is vital to the freshwater community, such as collector species 

which feed on released fine particulates of shredded detritus and predators of the shredder 

species that accumulate biomass from detrital nutrients (Alp et al., 2016). Shredders are 

therefore keystone species in temperate freshwater systems, at the centre of trophic webs, 

and vital to the persistence of processes and outputs from these important ecosystems 

(Cummins & Klug, 1979; Reid et al., 2019).    

 

In Northern Ireland, Gammarus d. celticus (Lilljeborg, 1852) is the sole native amphipod 

present in flowing waters, where it is the dominant species of keystone shredder (MacNeil et 
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al., 2004). However, in many rivers it has been replaced by the invasive species Gammarus 

pulex (Linnaeus, 1758) since its introduction in the 1950s from mainland Great Britain, 

intended to provide a food source to facilitate fish growth for anglers (Strange and Glass, 

1979). Gammarus pulex is common across much of Europe, but has been found to be invasive 

in some areas to which it has been introduced, potentially affecting ecosystem structure and 

function (Kelly et al., 2006a; Piscart, et al., 2011). Both species are host to a range of macro 

and micro parasites which mediate the interactions between the native and the invasive 

amphipod species, as well as interactions with other species in the ecosystem (Fielding et al., 

2005; Macneil et al., 2003; MacNeil et al., 2004).  

 

Density-mediated survival effects and trait-mediated behavioural effects exerted by parasites 

upon their hosts can interact to influence host species’ abundances and impact on the 

ecosystem (Dunn et al., 2012). Gammarus duebeni celticus is host to the muscle-wasting 

microsporidian parasite Pleistophera mulleri (Pfeiffer, 1895), which can reach high prevalence 

(Fielding et al., 2005; MacNeil et al., 2004). Pleistophera mulleri is host-specific, not infecting 

the invasive G. pulex. However, in the native species, G. d. celticus, it reduces host survival 

and decreases activity and aggression, though the parasite’s effect on shredding has not been 

explored (MacNeil et al., 2003). The acanthocephalan Echinorhynchus truttae (Schrank, 1788) 

uses amphipods as its intermediate hosts and  reaches higher prevalence in G. pulex than in 

G. d. celticus (Macneil et al., 2003). Parasitism of the invader has been found to increase the 

amphipod’s predatory behaviour, but has little effect on its detritus shredding behaviour (Dick 

et al., 2010; Fielding et al., 2003).    
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Climate change is predicted to have negative impacts on biodiversity and ecosystem function 

globally due to higher mean temperatures and more frequent and intense extreme weather 

events (Jenkins et al., 2009; Murphy et al., 2010; Pachauri et al., 2014). In particular, high 

temperatures confer high stresses upon ecosystems, exerting pressures on the structure and 

function of those systems, as well as potentially interacting with other stressors (Jankowski 

et al., 2006; Daufresne, Bady and Fruget, 2007; Bertani, Primicerio and Rossetti, 2016; Hupało 

et al., 2018). For example, a characteristic of invasive species, which increases their likelihood 

of establishment and spread, is their tolerance of a wide range of conditions (Dukes and 

Mooney, 1999; Zerebecki and Sorte, 2011). Tolerance of higher temperatures may offer an 

advantage to an introduced species in comparison to a native analogue. Temperature can 

affect the survival and behaviour of species and may alter the course and impacts of an 

invasion by affecting interspecies relationships, and altering processes within the invaded 

ecosystem (Diez et al., 2012; Iacarella et al., 2015; Rahel & Olden, 2008).  It is predicted that 

G. pulex may be less impacted by climate warming than the native G. d. celticus in Northern 

Ireland due to the invasive species’ greater tolerance of lower dissolved oxygen 

concentrations, which are a consequence of increasing temperatures (Laverty et al., 2014).  

 

Relationships between parasites and their hosts are also subject to stressors such as 

temperature. Interactions between temperature and host-parasite relationships can alter 

patterns of survival (Gehman et al., 2018; Greenspan et al., 2017; Musgrave et al., 2019), and 

also may affect  behaviour, such as feeding rates (Larsen and Mouritsen, 2009). For example, 

an interaction between temperature and infection with E. truttae led to increased predation 

by parasitised G. pulex at elevated temperatures, compared to unparasitised conspecifics 
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(Laverty et al., 2017). However, there is a lack of research into how parasitic infection may 

interact with extreme temperatures to impact rates of shredding in freshwater ecosystems.   

  

Any alteration to a food web can have far-reaching consequences, especially when involving 

keystone species. The vital ecosystem process of shredding may be affected if the survival or 

behaviour of keystone shredder species are altered by stressors. The aim of this study is to 

explore the effect of temperature and parasitism on shredding by the native amphipod G. d. 

celticus compared to the invasive G. pulex. This study will examine how interacting stressors 

are likely to differentially affect G. d. celticus and G. pulex in Northern Ireland, and how this 

will affect the shredding activity of amphipods, which plays a keystone role in energy and 

nutrient cycling in temperate freshwaters.  

 

 

2.2 Methods 

 

2.2.1 Experimental material 

 

G. pulex were collected by kick-sampling from the Minnowburn River, Northern Ireland 

(54.5484° N, -5.9531° E). G. d. celticus were collected by kick-sampling from a stream in 

Portaferry, Northern Ireland (54.3556° N, -5.5297° E). Amphipods were transported to the 

University of Leeds (53.8045° N, -1.5548° E) within 48 hours in an insulated cool box lined 

with water-saturated paper to ensure sufficient hydration and aeration. Parasitised animals 
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were identified by visual examination. Individuals of G. pulex parasitised by E. truttae were 

identifiable by an orange acanthocephalan cystacanth visible through the cuticle (Awachie, 

1966; Macneil, Fielding, et al., 2003) .  Only hosts with a mature cystacanth were used to 

enable pre-experimental identification. Infection status was confirmed by dissection and 

visual identification under light microscopy at 10x magnification after completion of the 

experimental procedures (Perrot-Minnot et al., 2011). Individuals of G. d. celticus parasitised 

by P. mulleri were identified by the presence of white spore masses in  tissue on the abdomen 

under light microscopy at 10x magnification (MacNeil et al., 2003). All amphipods were kept 

for a minimum of 5 days acclimatisation period prior to experiments, in host species-specific, 

parasite-specific, communal tanks in a controlled temperature room at 15 ± 0.1°C S.D., with 

a 12:12 hour light/dark cycle (08:00-20:00). Tanks were filled with 2 litres of aerated aged tap 

water and study organisms were fed ad libitum with leaf litter.           

 

Common alder, Alnus glutinosa, was collected as autumn leaf fall and dried for use in the 

experiment. A. glutinosa is favoured by shredder species in temperate freshwater ecosystems 

skewed towards allochthonous leaf litter as a basal resource (Waring and Running, 2007; 

Bloor, 2011). The leaves were conditioned in stream water from Meanwood Beck, West 

Yorkshire (53.8301°N, -1.5746°E) for two weeks to increase palatability through microbial 

colonisation and decomposition (Bloor, 2011; Foucreau et al., 2013). A cork borer was used 

to cut 6 mm diameter discs from the conditioned leaves, avoiding the tougher midrib tissue, 

and discs were then air-dried, collected into sets of 15 and weighed (mean mass = 27.35 ± 

1.77 mg S.D.). Leaf discs were again conditioned in stream water for 48 hours immediately 

prior to use in the experiment. The reconditioning was done in order to restore some live 
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microbial film that was killed by drying, which is vital to normal trophic interactions between 

shredders and detrital leaf resources (Hall and Meyer, 1995).   

 

 

2.2.2 Experimental design 

 

Leaf shredding and survival rates of G. pulex that were either unparasitised or parasitised by 

E. truttae, and G. d. celticus that were either unparasitised or parasitised by P. mulleri, were 

measured at a range of temperatures. Temperature treatments were between 5 and 30°C in 

5°C increments to investigate impacts of temperature from mean winter temperatures to 

extreme heatwaves (Garner et al., 2014). The range of temperatures was intended to identify 

thermal optima of species by exceeding standard temperature regimes. Amphipods had 

excess water removed on a paper towel and were weighed before being placed individually 

in transparent, circular plastic containers (diameter 7 cm, depth 5 cm) with 250 ml aged tap 

water. Two transparent glass beads were placed in the containers to provide a refuge and 

prevent excess swimming associated with thigmotactic behaviours (Perrot-Minnot, Banchetry 

and Cézilly, 2017; Kohler, Parker and Ford, 2018). The containers were placed in incubators 

at 15°C with a 12:12 hour light/dark cycle and the animals underwent a 24-hour starvation 

period to standardise hunger, during which the temperature was gradually increased or 

decreased at a rate of 1°C every 2 hours, until the desired temperature for the treatment was 

reached. A total of 87 G. pulex and 96 G. d. celticus were allocated to the range of 

temperatures, as tabulated below (Tables 2.1 and 2.2).  
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Table 2.1: Numbers of each amphipod species and parasitised state treatment by 

temperature for the shredding data  

  Temperature (°C) 

  5 10 15 20 25 30 

 

 

 

Amphipod 

and parasite 

G. pulex, 

unparasitised 

6 10 6 9 6 2 

G. pulex with E. 

truttae 

4 8 4 7 3 0 

G. duebeni, 

unparasitised 

6 10 6 10 6 6 

G. duebeni with 

P. mulleri 

4 10 6 9 6 6 
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Table 2.2: Numbers of each amphipod species and parasitised state treatment by 

temperature for the survival data 

  Temperature (°C) 

  5 10 15 20 25 30 

 

 

 

Amphipod 

and parasite 

G. pulex, 

unparasitised 

6 10 11 10 6 8 

G. pulex with E. 

truttae 

5 8 7 8 5 3 

G. duebeni, 

unparasitised 

6 10 10 10 6 6 

G. duebeni with 

P. mulleri 

6 10 10 10 6 6 

 

 

After the starvation period, 15 weighed leaf discs were added to each container. Animals were 

checked and mortality was recorded every 24 hours. Mortality was identified as a lack of 

pleopod beating and absence of reaction to a physical stimulus. 

Some mortality occurred during the initial 24-hour hunger standardisation period, before leaf 

litter was supplied to the subjects, so the shredding experiment had a lower number of 

replicates than the initial total for the survival data.  

 



45 
 

After 6 days the experiment was ceased and any remaining coarse particulate organic matter 

(CPOM) was removed and stored in ethanol in order to halt any continued microbial 

decomposition prior to weighing. Samples were heated in a drying oven at 60°C for 24 hours 

in previously weighed aluminium weighing boats and the CPOM mass was then calculated.  

 

 

2.3 Data analysis 

 

All analyses were carried out in R, with plots for shredding rate generated with the package 

“ggplot2” (Wickham, 2016; R, 2019). 

 

 

2.3.1 Shredding 

 

Shredding rate was calculated by dividing leaf mass reduction by the time in days, as 

amphipod survival was checked every 24 hours.  Shredding was adjusted for size of individual 

by dividing shredding rate by amphipod mass. The “mgcv” package in R was used to construct 

a general additive model (GAM) to assess the impact of the factors of temperature, amphipod 

species and parasitised status on shredding rate (Wood, 2011). The restricted maximum 

likelihood method (REML) of smoothing the continuous temperature variable using a cyclic 

cubic regression spline produced the best model fit. Stepwise removal of non-significant 
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factors was carried out, and Akaike’s information criterion (AIC) was used to compare model 

fits.   

 

 

2.3.2 Survival 

 

The “survival” package in R was used to produce  Kaplan Maier product limit estimator curves  

for plots, and Cox proportional hazards models were used to calculate differences in survival 

between treatments and interactions (Therneau, 2021).   

 

 

2.4 Results 

 

2.4.1 Shredding 

 

Temperature had a significant effect on shredding rate, with an overall positive correlation 

between temperature and shredding rate (F(2.89,149) = 230.3, p < 0.001) modelled using a cyclic 

cubic regression spline to account for non-linear interactions. Parabolic curves of shredding 

rate related to temperature are observed, with a peak mean shredding rate observed at 25°C 

for unparasitised G. pulex 52 milligrams of leaf per gram of amphipod per day, hereafter 

referred to as mg per day, more than double the lowest rate at 5°C (22 mg per day).  For 
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parasitised G. pulex the highest shredding rate at 20°C (64 mg per day) was double the lowest 

rate, at 5°C (31 mg per day). A lower rate of shredding was observed beyond the optimal 

shredding temperatures of 25°C for unparasitised G. pulex and 20°C for parasitised G. pulex. 

The highest shredding rate for unparasitised G. d. celticus at 30°C (47 mg per day) was double 

the lowest rate, at 5°C (23 mg per day). Parasitised G. d. celticus also had a highest mean 

shredding rate at 30°C (42 mg per day), which was approximately double the lowest rate at 

5°C (20 mg per day) (Figure 2.1). There was no difference in shredding rate between G. d. 

celticus and G. pulex (t(1,149) = 0.07, p = 0.95), and no interaction between temperature and 

species (t(11,149) = 1.12, p = 0.27).  

 

 

Figure 2.1:  Relationship between temperature and rates of shredding for each amphipod 

treatment (species and parasitised state), displaying one standard error with Loess-

smoothed curves. 
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No significant effect of parasitism on shredding was found, with no difference in the shredding 

rates of unparasitised G. pulex, and G. pulex parasitised by E. truttae (t(1,64) = 1.62, p = 0.11) 

and similarly, G. d. celticus that were unparasitised and those parasitised by P. mulleri did not 

differ in rates of shredding (t(1,84) = -0.14, p = 0.89). No interaction was found between 

temperature and parasitised state in either G. pulex (t(11,64) = -0.52, p = 0.61) or G. d. celticus 

(t(11,84) = 0.47, p = 0.64).  

 

 

2.4.2 Survival 

 

Temperature had a significant effect on survival (z = 7.09, p < 0.001), with a negative 

correlation observed, (figures 2.2 a-d).  Increasing temperature was associated with a 1.14 

greater hazard of mortality (95% CI: 1.10, 1.18). G. d. celticus experienced greater survival 

than G. pulex (z = 2.46, p = 0.01) but there was no interaction between temperature and 

species (z = 0.07, p = 0.95). Unparasitised G. d. celticus experienced greater survival than 

unparasitised G. pulex (z = 2.55, p = 0.01) however, there was no significant interaction 

between temperature and parasitised state. Parasitised and unparasitised G. pulex did not 

experience significantly different survival (z = 0.92, p = 0.36) and similarly, survival did not 

differ between parasitised and unparasitised G. d. celticus (z = -1.68, p = 0.09).    
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Figure 2.2 a): Kaplan Meier plot of survival of unparasitised G. pulex

 

Figure 2.2 b): Kaplan Meier plot of survival of G. pulex parasitised by E. truttae 
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Figure 2.2 c): Kaplan Meier plot of survival of unparasitised G. d. celticus 

 

Figure 2.2 d): Kaplan Meier plot of survival of G. d. celticus parasitised by P. mulleri 
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2.5 Discussion 

 

The most important factor affecting rates of shredding was temperature, with shredding 

doubling from the lowest rate, at 5°C for each amphipod and parasite combination, to their 

highest rate at 20, 25 (parasitised and unparasitised G. pulex) or 30°C (G. D. celticus).  

Similarly,  increasing temperature was found to increase predatory pressure from amphipods  

(Laverty et al., 2017; Pellan et al., 2016). Temperature had a significant effect on shredding. 

However, survival was negatively affected by temperature. Therefore, whilst increases in 

temp will increase per capita shredding (up to an optimum before decreasing), amphipod 

abundances are likely to decline. Hence productivity may not be altered at an ecosystem level. 

 

 The native and invasive amphipod species used in this experiment are closely related and 

share a similar diet, which consists of leaf detritus, some wood and algae and some 

invertebrate tissue (Piscart, Roussel, et al., 2011). Previous studies have found that the 

invasive G. pulex is more predatory and more aggressive in intra-guild interactions than the 

native G. d. celticus (Dick et al., 1995; MacNeil, Dick, et al., 2004). In contrast, we found no 

difference in shredding rates between the two species. Temperature was also the factor 

which had the greatest impact on survival in this experiment. Although the highest rate of 

shredding for G. d. celticus was at 30°C, amphipods did not survive longer than 4 days at that 

temperature. Therefore, the increase in shredding rate driven by increasing temperatures 

may be mediated by decreasing survival. 
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The slightly higher rates of shredding in E. truttae-infected G. pulex, though not statistically 

significant, is in accord with observations of higher rates of predation by G. pulex infected 

with E. truttae and is likely to reflect the increased activity of infected individuals and 

metabolic demands of this parasite (Dick et al., 2010). Temperature and parasitism had an 

additive effect on shredding rate, in accord with a previous study, but only temperature had 

an impact strong enough to be statistically identified here (Laverty et al., 2017). However, as 

survival decreased at higher temperatures, overall ecosystem productivity is unlikely to 

increase under warming. Warming may therefore favour other components of trophic webs 

over amphipod shredders, such as algal growth, altering the structure and the flow of energy 

and nutrients through this freshwater trophic web (Daufresne, Lengfellner and Sommer, 

2009; Coyne et al., 2021).  

 

Though the native G. d. celticus experienced greater survival rates than the invasive G. pulex 

with increasing temperature, both suffered 100% mortality after 4 days at 30°C. G. pulex has 

previously been found to tolerate conditions of reduced oxygen at a fixed temperature of 

12°C  better than G. d. celticus (MacNeil et al., 2004), suggesting that  the lower survival of 

the invasive here is related to a separate physiological effect of temperature and not simply 

the lower dissolved oxygen content of warmer water. The lower survival of G. pulex in 

increasing temperatures indicates the warming climate may be less favourable for the 

invasive species in this case, potentially facilitating coexistence of both amphipod species in 

Northern Ireland.  
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Northern Irish freshwater ecosystems are affected by stressors including temperature and 

invasive species. The warming climate will have a major impact on the structure and function 

of these communities, affecting the productivity of freshwaters and connected ecosystems. 

This chapter indicates that temperature is likely to have the greatest impact on keystone 

amphipod shredders, which maintain the flow of nutrients from allochthonous leaf litter 

through the ecosystem. Invasion by G. pulex has led to local extinction of the native G. d. 

celticus, as well as declines in macroinvertebrate abundance, diversity and richness of taxa 

other than gammarid species (Kelly et al., 2006b). However, the native G. d. celticus and the 

invasive G. pulex were found to shred leaf litter at similar rates at all temperatures tested. 

Although we found no difference in per capita resource processing by the invasive species, in 

the field G. pulex often attains much higher densities than does the native species, with 

densities found in the River Lissan in Northern Ireland for G. pulex over one hundred times 

higher than G. d. celticus in some locations (Kelly et al., 2006b). The higher relative abundance 

of the invasive species may have a significant impact on rates of shredding in an ecosystem, 

and this is addressed in the next chapter. 
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Chapter 3: The invasive amphipod Dikerogammarus villosus impacts detritus processing 

through high abundance rather than differential response to temperature 

 

 

3.1 Introduction 

 

Ecosystems worldwide are subject to impacts from multiple abiotic and biotic stressors which 

stem from a combination of natural and anthropogenic drivers (Orr et al., 2020).  Abiotic 

factors, such as climate warming, ocean acidification, pollution, and land use change act by 

influencing species’ physiology and extirpate those organisms for which conditions shift 

beyond physiological limits. Biotic stressors, such as species introductions, predation, 

parasitism, disease, and spatiotemporal decoupling from food resources, act at a population 

level to influence demographic processes (Chapin et al., 2000; Cardinale et al., 2012; Fincham 

et al., 2019).  To reflect the complexity of natural systems, more research is needed on the 

effects of multiple factors in synergy, rather than considering the impacts of single stressors 

in isolation (Ormerod et al., 2010; Strayer, 2010; O’Brien et al., 2019).   

 

Freshwater habitats are among the most threatened by these interacting stressors. These 

ecosystems are biodiverse, occupying only 0.8% of the world’s surface and 0.01% of the 

world’s water, but harbouring 6% of described species (Dudgeon et al., 2006). This 

biodiversity supports high productivity and provides important resources to adjacent 

ecosystems and human-kind (Millennium Ecosystem Assessment, 2005; Larsen, Muehlbauer 

and Marti, 2016). In temperate freshwater ecosystems the basal energy resource is often 
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heavily skewed towards allochthonous riparian leaf litter (Gessner et al., 2010), with 

macroinvertebrate shredders contributing to the release of nutrients, dispersing shredded 

leaf particulates and transferring biomass up through trophic webs (Covich et al., 2004; 

Cummins, Merritt and Andrade, 2005; Alp et al., 2016). However,  freshwater ecosystems are 

vulnerable to multiple anthropogenic stressors (Ormerod et al., 2010; Vörösmarty et al., 

2010; Gutowsky et al., 2019).          

 

Among the most significant biotic stressors facing natural systems are invasive species 

(Gallardo et al., 2016; Fletcher et al., 2019; Pereira and Vitule, 2019).  Successful invaders 

often outcompete native species in the new habitat, monopolising resources, and may also 

prey upon natives, rapidly altering community structure (Vitousek et al., 1996; Sakai et al., 

2001; Rewicz et al., 2014). Alterations of this kind may affect ecosystem function and resource 

processing, causing cascading effects across trophic levels (de Omena, Srivastava and 

Romero, 2017; DeBoer, Anderson and Casper, 2018; Doherty-Bone et al., 2019). Amphipods 

are important shredder species in temperate freshwaters (MacNeil, Dick and Elwood, 1997; 

Dangles and Malmqvist, 2004) but those from the Ponto-Caspian region, such as the ‘killer 

shrimp’ Dikerogammarus villosus (Sowinsky, 1894), have proved highly invasive. D. villosus 

has invaded major waterways throughout western Europe, has been present in the UK since 

at least 2010, and is predicted to invade North America and Ireland from horizon scanning 

(Grabowski, Bacela and Konopacka, 2007; Species alerts - GB non-native species secretariat, 

2012; Rewicz et al., 2014). This invasion has resulted in replacement of native amphipods and 

impacted wider macroinvertebrate communities through competition and predation 

(Grabowski, Bacela and Konopacka, 2007; Dodd et al., 2014; Rewicz et al., 2015).  Gammarus 
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pulex (Linnaeus, 1758) is the dominant native freshwater amphipod shredder in Great Britain, 

however it is outcompeted and preyed on by the invasive D. villosus, leading to species 

replacement (MacNeil and Platvoet, 2005; van Riel et al., 2007; Bollache et al., 2008; Kinzler 

et al., 2009; Dodd et al., 2014).      

 

In addition to anthropogenic stressors, species face a suite of stressors as a result of their 

place within ecological networks of interactions. Parasites are a ubiquitous part of natural 

communities that may alter patterns of host survival and can also affect host traits, including 

behaviour and feeding rates (Fielding et al., 2003; Hatcher and Dunn, 2011; Dunn et al., 2012; 

Grabner, 2017). The native amphipod G. pulex is commonly parasitised by acanthocephalans, 

including Echinorhynchus truttae (Schrank, 1788), which uses the amphipod as an 

intermediate host,  and can have a prevalence of up to 70 % in G. pulex host populations 

(Macneil, Fielding, et al., 2003).  Parasite manipulation by E. truttae  alters anti-predator 

behaviour in amphipods (Macneil, Fielding, et al., 2003; Baldauf et al., 2007; Perrot-Minnot, 

Kaldonski and Cézilly, 2007; Lagrue, Gueventam and Bollache, 2013), and has also been shown 

to influence the predatory behaviour of the amphipod host  (Fielding et al., 2003; Dick et al., 

2010).  

 

Alterations to host feeding behaviours may be due to energetic costs exerted by parasites, 

reflected in changes to metabolic rate. The effect of acanthocephalan infection of amphipods 

by Polymorphus minutus and Pomphorhynchus laevis on basal metabolic rate (BMR) has 

previously been studied, but E. truttae has not previously been studied in relation to its effect 

on host BMR (Labaude et al., 2015; Perrot-Minnot, Maddaleno and Cézilly, 2016). In contrast 
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to the native species, D. villosus  has benefitted from enemy release in much of its new range, 

with some parasites from its native range absent from invader populations of D. villosus, and 

no evidence of infection by E. truttae in invaded areas (Gendron, Marcogliese and Thomas, 

2012; Arundell et al., 2015).     

 

Climate change has long been established as a threat to biodiversity due to higher mean 

temperatures, as well as an increase in the frequency and intensity of extreme events (Jenkins 

et al., 2009; Pachauri et al., 2014).  High temperatures experienced during heatwaves can 

have impacts on the structure and function of communities (Bertani, Primicerio and Rossetti, 

2016; Leung, Connell and Russell, 2017). Climate change may also make ecosystems more 

vulnerable to the impact of additional stressors, such as invasive species (Jankowski et al., 

2006; Daufresne, Bady and Fruget, 2007; Hupało et al., 2018), which may have different 

thermal optima than their native analogues. Tolerance to a wide range of conditions is a 

characteristic of successful invasive species, facilitating establishment and spread; however 

survival and behaviour become less predictable at high temperatures (Diez et al., 2012; Tepolt 

and Somero, 2014; Iacarella et al., 2015). Experimental work is therefore required to 

investigate how invasive species survive and function in high temperatures in comparison to 

native analogues. Previous studies comparing shredding rates in G. pulex and D. villosus 

report a positive correlation between shredding rates and temperature, but comparisons 

between the native and invader conflict (Truhlar, Dodd and Aldridge, 2014; Kenna et al., 

2017). . Interactions between parasites and hosts can also be influenced by temperature, with 

outcomes difficult to predict when thermal optima of hosts or parasites are exceeded due to 

species-specific interactions  (Greenspan et al., 2017; Fernández-Loras et al., 2019; Gehman 
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and Harley, 2019; Musgrave, Bartlow and Fair, 2019). Previous studies have not considered 

the impact of extreme temperatures and of parasitic infection on shredding efficiency.   

 

This study aims to investigate how survival and shredding differs between native and invasive 

amphipods as a function of two significant stressors: temperature and a common parasite of 

native amphipods, E. truttae. We hypothesise that the invasive D. villosus outcompetes the 

native G. pulex partly through higher rates of shredding, which may be underpinned by 

differences in metabolic rate. The native species suffers more parasitism than the invasive in 

Great Britain, so the impact of the common parasite E. truttae is tested, in order to determine 

whether the metabolic demands of the parasite alter the behaviour and survival of the native 

amphipod.  The lesser competitive power of the native is hypothesised to be exacerbated by 

parasitism. We aimed to identify whether species and parasitised status interact with 

temperature to alter survival and behaviour to investigate whether multiple stressors can 

have amplified impacts on the ecosystem process of shredding. The impact of the invasive 

species and parasitism on resource processing depends on both leaf shredding capability and 

relative abundance. The Relative Impact Potential (RIP) metric (Dick et al., 2017) incorporates 

relative consumer abundance response as a means of scaling relative per capita effects to 

compare the relative impact potential of amphipod treatments. We hypothesise that the high 

densities of the invasive species will indicate a higher impact potential for D. villosus.       
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3.2 Methods 

 

3.2.1 Experimental material 

 

Gammarus pulex were collected by kick-sampling from Meanwood Beck at Golden Acre Park 

(53.8687°N, -1.5884°E) (figure 3.1) and Meanwood Park, West Yorkshire (53.8301°N, -

1.5746°E). Dikerogammarus villosus were collected from Grafham Water, Cambridgeshire 

(52.2909°N, -0.0323°E) (figure 3.2).  All amphipods were kept for a minimum of 5 days 

acclimatisation period prior to experiments, in species-specific communal tanks in a 

controlled temperature room at 15 ± 0.1°C S.D., with a 12:12 hour light/dark cycle (08:00-

20:00).  

 

 

Figure 3.1: Meanwood Beck, Golden Acre Park c/o Wikimedia commons 
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Tanks were filled with aerated aged tap water and study organisms were fed ad libitum with 

leaf litter.  Parasitised animals were identified by visual examination. Individuals parasitised 

by E. truttae were identifiable by an orange acanthocephalan cystacanth visible through the 

cuticle (Awachie, 1966).  Only hosts with a mature cystacanth were used, which facilitated 

pre-experimental identification. Infection status was confirmed after experiments by 

dissection and visual identification (Perrot-Minnot et al., 2011).        

 

 

Figure 3.2: Jetty from which D. villosus samples were collected at Grafham Water, 

Cambridgeshire. Image c/o Anglian Water Services Ltd 

 

Leaf material selected for experimental use was common alder (Alnus glutinosa) as amphipod 

species have demonstrated a preference for the leaf detritus of this species (Bloor, 2011).  
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Alder is a nitrogen-fixing species, producing nutrient-rich leaf litter, relatively low in carbon, 

which is favoured by detritivorous species in fresh waters (Waring and Running, 2007; Bloor, 

2011).  Alder is also a common riparian species throughout temperate areas of the northern 

hemisphere (Bjelke et al., 2016), and is found in locations where the experimental animals 

were collected.  Leaves were collected as natural autumn leaf fall and dried.  Leaves were 

then conditioned for two weeks in water from Meanwood Beck, West Yorkshire, to promote 

microbial colonisation and increase the palatability of the detritus for amphipods (Bloor, 

2011).  Once conditioned, a cork-borer was used to cut 6 mm diameter discs of leaf, avoiding 

the lignified and less palatable midrib and veins. Leaf discs were air-dried and then weighed 

out in sets of 15 (mean mass = 27.0 ± 1.9 mg S.D.) and subsequently conditioned in Meanwood 

Beck stream water for 48 hours immediately prior to the experimental period.  The drying of 

the discs prior to weighing killed the microbes that had accumulated as biofilm during the 

initial leaf conditioning, while still leaving a nitrogen-rich mass.  The reconditioning was 

carried out so that some live microbial film was present when feeding to experimental 

animals, in addition to the previously accumulated nitrogen-rich biomass. 

 

 

3.2.2 Experimental design 

 

Leaf shredding and survival rates of D. villosus and G. pulex, that were either unparasitised or 

parasitised by E. truttae, were measured at a range of temperatures. Individual amphipods 

were placed on a paper towel to remove excess water and weighed.  Animals were placed 
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individually in transparent, circular plastic containers (diameter 7 cm, depth 5 cm) with 250 

ml aged tap water. Two transparent glass beads were placed in the containers to provide a 

refuge, and prevent excess swimming due to thigmotactic behaviours (Perrot-Minnot, 

Banchetry and Cézilly, 2017; Kohler, Parker and Ford, 2018), while still allowing observation 

(figure 3.3). The containers were then placed in incubators at 15°C with a 12:12 hour 

light/dark cycle and the animals underwent a 24-hour starvation period to standardise 

hunger, during which the temperature was gradually increased or decreased at a rate of 1°C 

every 2 hours, until the desired temperature for the treatment was reached.  Temperature 

treatments were between 5 and 30°C in 5°C increments with the following number of 

replicates for the initial survival experimental data:  5°C (unparasitised G. pulex n = 16, 

parasitised G. pulex n = 13, D. villosus n = 16), 10°C (unparasitised G. pulex n = 16, parasitised 

G. pulex n = 14, D. villosus n = 16) , 15°C (unparasitised G. pulex n = 15, parasitised G. pulex n 

= 16, D. villosus n = 16) , 20°C (unparasitised G. pulex n = 16, parasitised G. pulex n = 15, D. 

villosus n = 16) , 25°C (unparasitised G. pulex n = 16, parasitised G. pulex n =14, D. villosus n = 

16)  and 30°C (unparasitised G. pulex n = 16, parasitised G. pulex n = 16, D. villosus n = 16). 

After the starvation period, 15 weighed leaf discs were added to each container (figure 3.3). 

Animals were checked every 24 hours, and mortality was recorded. Mortality was identified 

as a lack of pleopod beating and absence of reaction to a physical stimulus. These treatments 

were selected to test outcomes at a range of temperatures up to and beyond known thermal 

limits. Water levels in each container were maintained with oxygenated water at the relevant 

temperature being added if required.   

 



63 
 

 

Figure 3.3: An individual D. villosus sheltering by a glass bead in a container with partially 

shredded A. glutinosa leaf discs. Shredded leaf matter FPOM and amphipod faeces are 

visible. 

 

After 6 days the experiment was halted and any remaining leaf discs, from here on identified 

as coarse particulate organic matter (CPOM), were stored in ethanol to stop further microbial 

decomposition before reweighing. For measurement of CPOM samples, metal weighing boats 
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were heated in a drying oven for 24 hours at 60°C and weighed.  Individual CPOM samples 

were allocated to a weighing boat, to then be heated in the drying oven for 24 hours at 60°C.  

Boats and leaves were then weighed together and the mass of CPOM was calculated.   

 

 

3.2.3 Metabolic rate measurements 

 

The metabolic rates of D. villosus (unparasitised) and G. pulex (unparasitised/parasitised) 

were measured at 10°C (unparasitised G. pulex n = 17, parasitised G. pulex n = 17, D. villosus 

n = 12), 20°C (unparasitised G. pulex n = 21, parasitised G. pulex n = 11, D. villosus n = 18) and 

25°C (unparasitised G. pulex n = 17, parasitised G. pulex n = 16, D. villosus n = 20).  Animals 

were placed individually in plastic containers, as used in the shredding experiment above, 

with glass beads and aged tap water, with temperature gradually changed as required. The 

animals underwent a 24 hour starvation period ensuring that measurements were post-

absorptive and unaffected by metabolism of food (Rowe et al., 2001).  Amphipods were 

dabbed dry on paper towels before weighing and placing in a closed circuit respirometry vial 

(diameter 15 mm, height 48 mm, volume 4 ml;  © OXVIAL4) containing fully aerated water at 

the relevant temperature (figure 3.4).  A small section of plastic mesh was also inserted into 

the vial to restrict amphipod movement and encourage natural clinging and resting behaviour 

to allow measurement of basal metabolic rate (Becker et al., 2016).  The amphipods were 

acclimatised for 30 minutes before measurements were taken.  An optical oxygen sensor 

(Pyroscience© Piccolo2) was used to measure dissolved oxygen content of the water in mg/l 
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(ppm) at the beginning of the test, and again after a 30-minute period, giving decrease in 

milligrams of oxygen per litre of water.  This figure was converted to a rate by calculating 

reduction in oxygen per hour and adjusted for amphipod size to give a rate of oxygen 

consumption per gram of amphipod. 

 

Figure 3.4: closed circuit respirometry vial as used to measure change in dissolved oxygen 

c/o Pyroscience.com 

 

 

3.2.4 Invader relative impact potential metric 

 

The Relative Impact Potential Metric (RIP) incorporates relative consumer abundance as a 

means of scaling relative per capita effects (Dick et al., 2017).  The metric was used to 

compare the relative impact potential of these freshwater amphipod species.  To calculate 

the relative impact potential the functional response asymptotes, or maximum feeding rates, 

of native and invasive species, as well as their relative abundances, are compared: 
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RIP = (
Invader FR

Native FR
) × (

Invader abundance

Native abundance
) 

 

 

Where the result of this equation is > 1 the invader can be regarded as having a greater 

potential impact on the invaded ecosystem than that exerted by the native resident. The 

higher the RIP score, the higher the impact of the invasive species, relative to the native. The 

RIP metric has previously been used to compare the relative impact of invasive predators 

(Warren, Bradbeer and Dunn, 2021) and algal uptake by filter feeders (Kemp, Tang and 

Aldridge, 2018).  Here, we apply this metric for the first time to explore the impact of 

biological invasion on the key process of leaf shredding. As leaf detritus was supplied in 

excess, the feeding rate on leaf matter was used as a measure of consumption representative 

of the functional response curve asymptote maximum feeding rate.  Abundance data were 

taken from Warren et al (2021), with additional data on parasite prevalence calculated as a 

percentage of the animals collected for this study.     

 

 

3.2.5 Data analysis 

 

All analyses were produced using R, with plots for shredding, metabolic rate and relative 

impact potential created using the package “ggplot2” (Wickham, 2016; R, 2019). 
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3.2.5.1 Shredding 

 

Because of the significantly higher mass of D. villosus compared to G. pulex (Student’s t-test; 

t = -14.36, p < 0.001) and unparasitised G. pulex being larger than parasitised conspecifics (t 

= 4.19, p < 0.001) data were standardised by body mass (g).  A general additive model (GAM) 

was constructed, using the “mgcv” package, to assess the effect of amphipod species, 

temperature, and parasitised status on rates of shredding (Wood, 2011). Temperature was 

modelled using a tensor smooth which improved model fit, and mass of leaf consumed per 

gram of amphipod was transformed using the natural log, which reduced heteroscedacity and 

improved residual distribution.          

 

 

3.2.5.2 Survival 

 

Survival statistics were modelled using a Cox proportional hazards model, with plots produced 

using Kaplan Maier product limit estimator curves using the “survival” package in R 

(Therneau, 2021).   
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3.2.5.3 Metabolic Rate 

 

Metabolic rate was calculated by measuring milligrams of oxygen consumed per hour per 

gram of subject amphipod. To test for differences in metabolic rate between amphipod 

species and parasitised status a Quade’s ANCOVA was carried out, with Wilcoxon pairwise 

post hoc tests.  A one-way ANOVA was carried out to test for differences in metabolic rate for 

amphipods between temperature regimes, and post hoc Tukey’s tests were used for pairwise 

comparisons of metabolic rate between temperatures.  

  

 

3.2.5.4 Invader Relative Impact Potential 

 

In the field, the abundance of G. pulex parasitised by E. truttae, was extremely low, at a mean 

of 4.38 individuals per m2, compared to 164 per m2 for unparasitised individuals, and 1176 

individuals per m2 for D. villosus.  Therefore, due to low abundance, RIP analysis was not 

carried out using parasitised G. pulex. The abundance data showed that there are differences 

in the abundances of the native and the invasive amphipods in the field. Estimates were made 

based on multiple counts at multiple locations, with mean abundances of 83.280 (± 15.710) 

individuals per m2 for D. villosus and 17.378 (± 4.486) per m2 for G. pulex (Warren, Bradbeer 

and Dunn, 2021).  Mortality did not differ between species by temperature treatment, 

therefore abundance data did not need to be adjusted, as the ratio of species’ abundances 

remained the same, as both suffer mortality at the same rate under each temperature regime.  
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Variation and uncertainty were accounted for by using standard deviations of all data in 

probability density functions (Dick et al., 2017).   

 

 

3.3 Results 

 

3.3.1 Shredding 

 

Shredding rate differed significantly between amphipod species (F(1,244) = 142.30, p < 0.001), 

with G. pulex having a higher rate of shredding than D. villosus (Figure 3.5).  Temperature had 

a significant effect on rates of shredding (F(5,240) = 76.07, p < 0.001). There was no significant 

interaction between temperature and species (F(5,244) = 2.37, p = 0.13), but temperature and 

parasitism status were found to significantly interact to affect rates of shredding (F(10,228) = 

4.25, p = 0.02). The shredding rate of unparasitized G. pulex and D. villosus peaked at 15 and 

20°C respectively, while the shredding of G. pulex infected with E. truttae had an accelerating 

rate of increase as temperature increased, with greater variation than the other treatments 

(figure 3.1). Comparing G. pulex treatments, there was no difference between parasitised and 

unparasitised amphipods (F(1,155) = 0.65, p = 0.42), but parasitised status interacted 

significantly with temperature (F(11,155) = 7.50, p = 0.01). 
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Figure 3.5:  Relationship between rates of ln-transformed shredding for each amphipod 

treatment (species and parasitised state) and temperature, displaying standard error for 

Loess smoothed curves. 

 

 

3.3.2 Survival 

 

Temperature had a significant effect on survival (z = 7.79, p < 0.001), with a strong negative 

correlation identified (figures 3.6 a-c).  Increasing temperature was associated with a 1.25 

greater hazard of mortality (95% CI: 1.18, 1.32).  Survival did not differ between species of 

amphipods (z = 0.73, p = 0.47), and no interaction was found between temperature and 

species (z = -1.32, p = 0.19).  Survival over the experimental period did not differ between 
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parasitised and unparasitised G. pulex (z = -1.28, p = 0.20), but an interaction was detected 

between temperature and time to mortality for unparasitised G. pulex (z = 2.66, p = 0.01). 

There was an increased likelihood of mortality occurring earlier in G. pulex which were not 

parasitised by E. truttae, than parasitised conspecifics, with a 1.06 greater hazard of earlier 

mortality (95% CI: 1.02, 1.11) (figure 3.6 b). 

 

Figure 3.6 a):  Kaplan Meier plot of survival by temperature treatment of unparasitised 

Dikerogammarus villosus  
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Figure 3.6 b):  Kaplan Meier plot of survival by temperature treatment 

of unparasitised G. pulex  

 

Figure 3.6 c):  Kaplan Meier plot of survival by temperature treatment 

of G. pulex parasitised by E. truttae  
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3.3.3 Metabolic rate 

 

There was a significant difference in rate of oxygen consumption between temperature 

treatments (ANOVA F(2, 147) = 18.36, p < 0.001). Post hoc Tukey’s tests found significant 

differences between all temperature treatments (10°C, 20°C, 25°C) in pairwise tests: 10 and 

20°C (p < 0.001), 10 and 25°C (p < 0.001), 20 and 25°C (p < 0.01).  No significant interaction 

between species and temperature on metabolic rate was found using Quade’s ANCOVA:  F(2,4) 

= 5.64, p = 0.07.  Post hoc Wilcoxon pairwise tests revealed no significant differences in 

metabolic rate between species (p = 0.75) or parasitised status (p = 1) (figure 3.7). 

 

 

 

Figure 3.7:  Oxygen consumption for parasitised and unparasitised Gammarus pulex and 

unparasitised Dikerogammarus villosus at 10, 20 and 25°C displaying standard error for 

Loess smoothed curves. 
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3.3.4 Invader relative impact potential 

 

In all temperature regimes, the invasive D. villosus had mean RIP scores > 1 (Table 3.1).  This 

indicates greater density-scaled shredding rates in the invader relative to the native species, 

with an increasing RIP score indicating a greater relative shredding rate. There was a general 

trend of increasing mean RIP scores with increasing temperature, from 4.82 at 5°C, with the 

highest RIP of 20.85 at 25°C, with RIP then falling to 7.56 at 30°C (Table 3.1).   

 

Table 3.1:  Relative impact potential (RIP) results by temperature treatment comparing the 

invasive Dikerogammarus villosus to the native Gammarus pulex.  RIP scores > 1 indicate a 

predicted impact of the invasive compared to the native species in leaf shredding rate. 

Temperature 
(oC) 

Mean RIP 95% Confidence Interval 
 

% 
Probability 

RIP > 1 

% Probability 
RIP > 10 

Lower Limit Upper Limit 

5 4.82 0.08 29.83 61.0 10.8 

10 6.80 0.10 42.31 68.6 15.4 

15 11.07 0.16 69.42 78.2 23.9 

20 8.01 0.12 49.92 72.3 18.1 

25 20.85 0.24 133.94 86.0 36.3 

30 7.56 0.13 46.49 72.3 17.4 

 

 

The higher potential impact of D. villosus is due to the extremely high densities at which this 

species is found in invaded sites, compared to the much lower densities at which G. pulex is 

found.  Despite the lower maximum shredding rate of the invasive species, the higher 
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abundance of the invader leads to higher RIP values which predict higher rates of shredding 

in ecosystems where the invader is present (Figure 3.8).   

 

 

 

Figure 3.8:  Relative impact potential of Dikerogammarus villosus and Gammarus pulex at 

different temperatures, calculated by multiplying per capita consumption of leaf detritus by 

amphipod density in field locations.  Error bars represent ± 1 standard error. 

 

 

3.4 Discussion 

 

Impact on shredding rates of the invasive amphipod D. villosus is due to its abundance, rather 

than the shredding behaviour of individuals, as G. pulex has a higher per capita shredding 
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rate, but exists in Great Britain at lower densities than the invasive species.  The enemy 

release experienced by D. villosus in Great Britain facilitates high density populations which is 

likely to alter shredding and nutrient flow in invaded freshwater systems. Parasitism affected 

amphipod shredding, with the highest rate of shredding in G. pulex parasitised with E. truttae.  

At lower temperatures, parasitised G. pulex maintained a similar shredding rate to the other 

amphipod treatments, however at 20°C and above the shredding rate for parasitised G. pulex 

individuals increased rapidly.  This correlates with a previous study that found predatory 

behaviour to increase with temperature in G. pulex parasitised with E. truttae (Laverty et al., 

2017). Although this increased food intake could suggest a higher energy demand by 

parasitised individuals, this was not reflected in an increase in metabolic rate.  The relatively 

low prevalence of E. truttae infection in many locations means the increased shredding at 

higher temperatures is not likely to have a significant ecosystem effect, especially as 

shredding rates increase most at temperatures at which survival is reduced through species’ 

thermal limits being exceeded.    

 

Temperature was the significant factor affecting amphipod survival, with no interaction with 

species, as was found in a previous study (Wijnhoven et al., 2003). The lack of difference in 

survival of high temperatures between the native and invasive species should be considered 

in light of the much higher population density of D. villosus. The mortality caused by sustained 

temperatures will cause a lesser relative impact to the invasive species population, which may 

facilitate replacement on invasion fronts. However, these predictions are based on current 

population densities, which does not take into account the impact of temperature on 

fecundity and development. Data is lacking for the focal amphipod species of this study, but 
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research on other amphipod species indicates that higher temperatures generally decrease 

brood size, but also decrease development time (Maranhão and Marques, 2003; Jacobson, 

Prevodnik and Sundelin, 2008; Cardoso et al., 2018). Additional research is required to 

investigate how this would alter the population size and structure of both native and invasive 

amphipods, as impacts of temperature may be amplified or lessened by changes in density 

over time. No effect on survival was exerted by parasitism in G. pulex.  Acanthocephalan 

parasites are transmitted from the intermediate invertebrate host when it is predated by the 

definitive host; survival of the intermediate host is vital to allow for trophic transmission of 

the parasite.      

 

 

Parasitism did not affect the metabolic rate of the host, in contrast with findings of Labaude 

et al. (2015), who reported increased metabolic rate in G. pulex infected with the 

acanthocephalan Pomphorhynchus laevis.  The relatively large size of E. truttae means it is 

surprising that metabolic rate was not affected, but it may reflect an equivalence in metabolic 

activity for G. pulex and E. truttae tissues by mass, as well as selection on the parasites to  

trade-off energetically and metabolically costly processes, such as growth, with the survival 

of their host (Dianne et al., 2012). The oxygen requirements and temperature-related 

mortality did not differ between the native and invasive species, therefore suggesting the 

invasive species is not better adapted to climate change warming or increasing frequency of 

high temperature extremes.     
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The impact of the invasive D. villosus on resource processing will depend on both its leaf 

shredding capability, relative to the native species that it replaces, its predation of native 

shredders to alter shredder community structure, and on its relative abundance in an invaded 

location.  D. villosus typically reaches much  higher densities in their invaded range compared 

to densities reported for G. pulex (Rewicz et al., 2014; Warren, Bradbeer and Dunn, 2021). 

The RIP metric has previously been used to predict the potential ecological impact of 

predation by invasive species (Dick et al., 2017; Dickey et al., 2018).  Here we use the RIP 

metric to explore the potential impact of species and temperature on amphipod shredding. 

Although per capita shredding was higher for G. pulex than D. villosus at all temperatures, the 

higher abundances of this invader led to higher RIP scores for D. villosus at all temperatures; 

hence replacement of the native by the invasive amphipod is predicted to drive an increase 

in shredding.  This could be interpreted as a positive effect on ecosystem function, with a 

higher rate of shredding leading to faster accumulation of amphipod biomass and a greater 

rate of FPOM provisioning for the ecosystem. However, the high density of invaders 

compared to natives may lead to exhaustion of the resource in sites with relatively low leaf 

detritus levels. In addition, the flexible feeding habits of D. villosus could affect community 

structure, as competition for resources may lead to increased predation of 

macroinvertebrates and fish eggs as the detrital resource reduces, the D. villosus population 

matures and its trophic level increases (Platvoet et al., 2009; Mancini et al., 2021). The high 

density of invasive shredders may also increase the nutrient load of affected water courses, 

with the increase in FPOM leading to possible eutrophication in freshwater systems with high 

seasonal allochthonous inputs (Doherty-Bone, Dunn, Liddell, et al., 2018). Such increases in 

the nutrient load can alter planktonic communities, leading to algal blooms and cascading 

impacts to food webs (Adamczuk et al., 2019). 
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The results demonstrate that an interaction of the stressors of temperature, invasive species 

and parasites can affect the ecosystem process of shredding.  The invasive amphipod D. 

villosus has a lower per capita rate of shredding than the native G. pulex but exists in higher 

densities in the environment which means that its replacement of the native species is 

predicted to lead to increased processing of detritus resources.  Although rates of shredding 

were found to increase with temperature, it is likely that processing of detritus will decline 

severely if temperatures exceed the thermal tolerances of the amphipod shredders.  Once 

thermal optima are exceeded it is likely that shredders will seek thermal refugia, which may 

limit shredding activity compared to normal foraging behaviour.  Thus, shredding activity 

would be limited by mortality or amphipods moving away from detrital resources to seek a 

more favourable thermal situation (Kenna et al., 2017). In previous studies the native G. pulex 

has been found to be slightly more tolerant of high temperatures than D. villosus, with 

mortality of all individuals at 34.9 ± 0.2°C compared to the invasive’s 32.3 ± 0.7°C in a study 

of relatively rapid temperature increases (Verberk et al., 2018). In sustained high 

temperatures G. pulex experienced mortality of all individuals at 30°C compared to 27°C for 

D. villosus (Maazouzi et al., 2011). These results are similar to what was found in this study, 

with the effects of sustained high temperatures leading to high mortality below a theoretical 

thermal limit for the species. This may be due to cumulative deleterious impacts on 

mitochondria, as a previous experiment has found temperatures of 30°C and above limited 

ATP production in G. pulex (Cottin et al., 2012).  

 

The fine particulate organic matter (FPOM) produced by shredding activity supports a 

community of collector species, from gathering collectors including mayfly nymphs and midge 
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larvae, to filtering collectors such as blackfly larvae and mussels (Cummins and Klug, 1979).  

The combined effects of invasive species and increasing temperatures could have significant 

impacts on freshwater communities and potentially cascading effects to connected 

ecosystems (de Omena, Srivastava and Romero, 2017).    
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Chapter 4: Invasive riparian plants may support freshwater ecosystem function alongside 

stressors of temperature and invasive shredder species 

 

 

4.1 Introduction 

 

Multiple stressors exert pressures upon ecosystems, affecting the efficiency and productivity 

of processes within those systems (Brook, Sodhi and Bradshaw, 2008; Orr et al., 2020). Biotic 

and abiotic stressors can interact to impact the structure and function of ecosystems, with 

anthropogenic factors accelerating the rate of environmental change (Chapin et al., 2000; Sala 

et al., 2000). The biotic stressor of introductions of invasive species is increasing, with 

globalisation facilitating increasing rates of introduction and greater propagule pressures  

(Seebens et al., 2017; Essl et al., 2020; Pyšek et al., 2020). Temperature, due to climate 

change, is an abiotic factor that is an increasing stressor of ecosystems due to increasing mean 

temperatures, as well as  the increasing frequency and severity of extreme events such as 

heatwaves (Jenkins et al., 2009; Pachauri et al., 2014). More research is required into how 

combinations of these stressors interact, as drivers of diversity and function loss rarely occur 

in isolation, with studies of interacting factors better reflecting the conditions to which 

natural ecosystems are subjected (Brook, Sodhi and Bradshaw, 2008; Côté, Darling and 

Brown, 2016; Birk et al., 2020; Orr et al., 2020). In this chapter I explore interactions of native 

and invasive species, and how temperature can affect those interactions to impact a vital 

ecosystem process. 
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Invasive species are one of the main drivers of biodiversity loss and environmental 

degradation globally, altering the structure and function of ecosystems (Sala et al., 2000; 

Clavero and García-Berthou, 2005; Bellard, Cassey and Blackburn, 2016). Introductions of 

species to novel ranges have been occurring for thousands of years. However, the rapid 

opening of trade and transport routes due to globalisation has accelerated the rate of 

introductions, which are driving extirpations of native species and impacting the functioning 

of ecosystem processes and services (Bright, 1999; Cardinale, Palmer and Collins, 2002; 

Pejchar and Mooney, 2009; Early et al., 2016).  The introduction of invasive species can lead 

to novel ecological interactions between invasives and the native species already present in 

the ecosystem, as well as interactions between multiple invasive species introduced to the 

same novel range (Heger et al., 2019). Novel species interactions can be unpredictable, owing 

to a lack of a shared evolutionary history for the organisms. Possible advantages or 

disadvantages are conferred by species traits and adaptability to novel interaction partners 

and environments, including environmental conditions such as temperature (Sih, Ferrari and 

Harris, 2011; Saul, Jeschke and Heger, 2013; Saul and Jeschke, 2015). Novel interactions 

between species can be neutral or may also be antagonistic, with species inhibiting each 

other’s success through direct trophic mechanisms such as predation, or indirect interactions 

(Jackson, 2015; Kuebbing and Nuñez, 2015). Interactions between species may also be 

positive or synergistic, with mutualisms between species amplifying the impact they have on 

an ecosystem. Such interactions can  increase the abundance and activity of interacting 

species, including introduced invasives, and may alter ecosystem processes and suppress the 

biotic resistance of the ecosystem to further invasions (Simberloff and Von Holle, 1999; Green 

et al., 2011). 
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Riparian zones are important borders between terrestrial and aquatic habitats, acting as an 

interface through which energy and biomass move between adjacent ecosystems. Temperate 

freshwater ecosystems are often reliant upon the supply of allochthonous leaf litter from 

riparian habitats (Webster and Benfield; Gessner et al., 2010). The breakdown of this detrital 

resource by physical and microbial decomposition, and importantly the activity of a guild of 

shredder species, is the foundation of trophic webs in such ecosystems (Cummins and Klug, 

1979; Covich et al., 2004). However, riparian zones are commonly subjected to human-

mediated disturbance, including introductions of invasive non-native plant species (Gerber et 

al., 2008; Hladyz et al., 2011). The alteration of allochthonous inputs by invasive plants to 

temperate freshwater systems can have an impact on the structure and function of the 

aquatic ecosystems, affecting energy flows within and between the riparian and aquatic 

habitats, reflecting the close links between the neighbouring ecosystems (Dekanová et al., 

2021; Richardson et al., 2007; Seeney et al., 2019; Vilà et al., 2011). For example, a study 

found invasive riparian plants are likely to negatively impact growth of aquatic insects due to 

poor nutritional content and short duration of leaf litter (Going and Dudley, 2007). The high 

carbon : nitrogen ratio of many invasive plant species, such as knotweeds, may have cascading 

effects, reducing the growth of species which rely on the allochthonous leaf litter, and the 

predators which prey on them in turn (Graça, 2001; Urgenson et al., 2009).  

 

As well as invasive leaf litter, aquatic ecosystems are also subject to additional stressors, such 

as species of invasive macroinvertebrates. A guild of macroinvertebrate shredder species play 

a key role in breaking down leaf litter in freshwater ecosystems (Cummins et al., 1989; W. 

Cummins, 2019). The invasive amphipod  Dikerogammarus villosus  (Sowinsky, 1894), from 
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the Ponto-Caspian region (Rewicz et al., 2014) is replacing native amphipod shredders in 

Western Europe. Alteration of the primary leaf resource or the shredder processors of that 

resource could disrupt trophic webs in aquatic ecosystems with consequences for 

productivity and energy supply to neighbouring ecosystems as different shredder species 

have different leaf preferences and different physiological digestive capabilities, which may 

change rates of shredding in novel leaf-shredder combinations (Bärlocher and Porter, 1986). 

The unpredictability of novel interactions means that outcomes of different combinations of 

native and invasive species, whether allochthonous leaf litter or the shredder species which 

process that resource, require further research.   

 

In the UK, riparian zones have been subject to numerous plant invasions, particularly 

rhododendrons and knotweeds. Rhododendron ponticum is an invasive shrub now found 

throughout the UK since its introduction in 1763 as an ornamental plant for gardens and parks 

and cover for game birds (Elton, 1958). The species is commonly found in riparian habitats in 

the UK, dominating the leaf litter in invaded sites (Dehnen-Schmutz et al., 2004). The species 

grows rapidly and limits the growth of competing native plants by light reduction, acidification 

of soil and allelopathic chemicals to deter herbivory and retard growth of competing plants, 

resulting in monocultures dominating invaded riparian habitats (Cross, 1975; En et al., 2006). 

Phenolic compounds and grayanotoxins in the leaves of R. ponticum, as well as its relatively 

poor quality as a food source, could reduce the productivity of shredding activity in waterways 

adjacent to invaded riparian zones and impact the survival of species engaging in herbivory 

(Cross, 1975; En et al., 2006; Hladyz et al., 2011; Hladyz et al., 2009). R. ponticum toxins have 

been found to be lethal for the European honey bee, Apis mellifera, to have sublethal toxic 
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effects on a mining bee, Andrena carantonica, but to have no toxic effect on Bombus terrestris 

bumblebees (Tiedeken et al., 2016). The invasive shrub R. ponticum has affected freshwater 

communities in Ireland, having a lower decomposition rate than native leaf litter, and 

supporting a lower abundance of shredder species, such as the native amphipod Gammarus 

duebeni (Hladyz et al., 2011).  Similarly, Doherty-Bone (2018) found that the decomposition 

rate of R. ponticum in invaded waterways was lower than that of other native leaf and non-

native sycamore leaf litter.   However, there is a lack of research into the effect of R. ponticum 

leaf litter on aquatic invertebrates.  

 

Another allelopathic invasive plant present in North American, continental European and UK 

riparian zones is Fallopia japonica, or Japanese knotweed (Lecerf et al., 2011; Kato-Noguchi, 

2021). The exudation of allelochemicals to inhibit competing species can cause dense 

monocultural stands of F. japonica, which leads to domination of allochthonous leaf litter 

inputs to waterways adjacent to invaded habitats (Kato-Noguchi, 2021). F. japonica has been 

shown to reduce diversity of terrestrial macroinvertebrates in affected ecosystems (Gerber 

et al., 2008; Seeney et al., 2019a), but effects on aquatic macroinvertebrates vary, with a 

study finding decreases in diversity (Seeney et al., 2019) and others finding similar 

macroinvertebrate diversity in waterways invaded by F. japonica (Christopher et al., 2014; 

Fogelman et al., 2018). Vitally however, the rate of decomposition of leaf litter was found to 

be higher with increasing dominance of riparian F. japonica (Lecerf et al., 2011), or to occur 

at a similar rate to that of native leaf species in several other studies, which may help maintain 

ecosystem processes and productivity (Braatne et al., 2007; Dangles et al., 2002; Fogelman et 

al., 2018).  
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Amphipods are key shredder species in leaf litter dominated temperate freshwaters, with a 

central role in trophic webs (Cummins et al., 1989). These amphipod shredders, responsible 

for much of the energy and carbon cycling in these ecosystems, contains numerous highly 

invasive species of amphipods which have altered freshwater communities across Europe in 

recent years (Bacela-Spychalska & Van Der Velde, 2013; Bij De Vaate et al., 2002; Rewicz et 

al., 2015). For example, the killer shrimp D. villosus, has become invasive throughout most 

major mainland European waterways since the 1990s, and is now found in the UK (Rewicz et 

al., 2014). D. villosus is a highly successful invader, replacing many native species through high 

individual and population growth rates, tolerance of a wide range of conditions and strong 

predatory behaviours (Pöckl, 2009). Replacement of native shredders by an invasive species, 

such as D. villosus, can lead to changes in the structure of the trophic web in the ecosystem, 

and impact productivity by affecting rates of shredding of the vital leaf detritus resource (Krisp 

and Maier, 2005; Little and Altermatt, 2018). However, more research is required into 

interactions of D. villosus and invasive leaf litter species, which I seek to investigate with this 

study.  

 

Temperature plays a significant role in the functioning of freshwater detritus-based 

ecosystems (Gessner et al., 2010).  Increasing temperatures due to climate change can disrupt 

aquatic assemblages, and may favour tolerant invasive species, affecting macroinvertebrate 

communities and associated traits (Daufresne, Bady and Fruget, 2007). Temperature and 

shredding rate have been shown to be positively correlated in our previous chapters, as well 

as other studies investigating the invasive D. villosus and its native analogue Gammarus pulex 

(Linnaeus, 1758) (Kenna et al., 2017; Truhlar et al., 2014). A change of shredder species may 
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make the rate of shredding more temperature-sensitive and alter the phenology of the 

availability of leaf detritus (Alp et al., 2016). Some studies have found invasive amphipods to 

shred less than native species, but to increase their shredding rate faster than natives at 

higher temperatures (Truhlar, Dodd and Aldridge, 2014; Constable and Birkby, 2016; Kenna 

et al., 2017; Little and Altermatt, 2018). However, I found no difference in shredding rates 

between the native and the invasive at a range of temperatures in chapters 2 and 3, and 

although increasing temperature may increase the rate of shredding in amphipods it can also 

lead to decreased survival if thermal limits are exceeded (Galic and Forbes, 2017).  

 

The impacts of interactions of these stressors of invasive species and climate warming on 

freshwater ecosystems are currently understudied (Gallardo et al., 2016) Furthermore , few 

studies have investigated the impacts of invasive leaf detritus and invasive shredder species 

in combination (Doherty-Bone, Dunn, Brittain, et al., 2018), and no current studies combine 

these factors with the additional stressor of elevated  temperature.  This study investigates 

the interactions of the stressors of invasive allochthonous leaf detritus (R. ponticum and F. 

japonica compared to native alder, Alnus glutinosa), invasive shredders (D. villosus compared 

to native G. pulex) and temperature. Comparisons are made between the survival of the 

native and invasive shredders with each leaf type at a range of temperatures, and 

temperature-linked rates of leaf shredding, which relates to ecosystem function. The invasive 

leaf species R. ponticum and F. japonica contain allelopathic chemicals (Cross, 1975; En, Nilsen 

and Oktay Yildiz, 2006; Kato-Noguchi, 2021)), and have a  lower nutritional content than 

native A. glutinosa (Aguilera et al., 2010; Hladyz et al., 2011). Therefore, I predict that A. 

glutinosa leaf detritus will be more palatable than the invasive leaf species, leading to greater 
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shredding of A. glutinosa leaf litter and a higher survival rate for amphipods supplied with the 

native leaf litter. In macroinvertebrates, metabolic rate is positively correlated with 

temperature, up to an optimum level and I have previously found that increasing 

temperatures increases rates of shredding. Here I therefore predict that there will be higher 

rates of shredding at higher temperatures. In chapter 3 I found that there was no difference 

in patterns of survival or shredding related to temperature between G. pulex and D. villosus. 

Similarly, I expect to find the same, predicting there will be no difference between the invasive 

and the native amphipod species in survival or shredding rates. 

 

 

4.2 Methods 

 

4.2.1 Experimental material 

 

G. pulex were collected by kick-sampling from Meanwood Beck, West Yorkshire (53.8301°N, 

-1.5746°E) (figure 4.1). D. villosus were collected from Grafham Water, Cambridgeshire 

(52.2909°N, -0.0323°E).  All amphipods were kept for a minimum of 5 days acclimatisation 

period prior to experiments, in species-specific communal tanks in a controlled temperature 

room at 15 ± 0.1°C S.D., with a 12:12 hour light/dark cycle (08:00-20:00). Tanks were filled 

with 5l aerated aged tap water and study organisms were fed ad libitum with native leaf litter 

containing A. pseudoplatanus, Q. robur and A. glutinosa.   
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Figure 4.1: Meanwood Beck, Meanwood Park c/o Wikipedia 

 

Native leaf material selected for experimental use was common alder (A. glutinosa) as 

amphipod species have demonstrated a preference for the leaf detritus of this species, which 

is commonly found in riparian habitats throughout both amphipod species’ ranges (Waring 

and Running, 2007; Bloor, 2011). R. ponticum was selected as an invasive leaf species as it is 

probably the “major alien environmental weed in the British Isles” (Preston et al., 2011), 

which can form dominant stands, excluding other species (Cross, 1975). R. ponticum grows 

well in wet conditions and can out-compete native plants to dominate allochthonous inputs 

to aquatic ecosystems in riparian habitats (Hladyz et al., 2011). The second invasive leaf 

species selected was F. japonica (Japanese knotweed), which can also form monocultures in 
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invaded riparian zones, replacing native plants and altering allochthonous inputs to detritus-

dependent freshwater ecosystems (Aguilera et al., 2010; Murrell et al., 2011).  

 

Leaves were collected as autumn leaf fall and air-dried, followed by conditioning in stream 

water from Meanwood Beck, West Yorkshire for two weeks in order to increase palatability 

through microbial colonisation and decomposition (Bloor, 2011). A cork-borer was used to 

cut discs of diameter 12 mm, avoiding midribs and veins from each leaf species, which were 

then air-dried and weighed. Due to differing leaf thicknesses and densities an equal mass 

(44.43 ± 7.44 mg S.D.) of each leaf type was approximated by grouping into different numbers 

of leaf discs: A. glutinosa n = 10, F. japonica n = 7, R. ponticum n = 3. Prior to use in the 

experiment the leaf discs were reconditioned for 48 hours in Meanwood Beck stream water 

to allow microbial recolonisation, increasing palatability and nutrition of the detrital resource 

(Nelson, 2011).    

 

 

4.2.2 Experimental design 

 

Leaf shredding and survival rates of G. pulex and D. villosus with leaf discs of either A. 

glutinosa, R. ponticum or F. japonica were measured at a range of temperatures. Amphipods 

were weighed after excess water was removed by placing the individual on a paper towel. 

Animals were placed individually in transparent, circular plastic containers (diameter 7 cm, 

depth 5 cm) with 250 ml aged tap water. Two transparent glass beads were placed in the 
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containers, which allows observation whilst preventing excess thigmotactic swimming 

behaviours (Perrot-Minnot, Banchetry and Cézilly, 2017; Kohler, Parker and Ford, 2018). The 

containers were placed in incubators at 15°C with a 12:12 hour light/dark cycle and the 

animals underwent a 24-hour starvation period to standardise hunger. The incubator 

temperature was either increased or decreased at a rate of 1°C every 2 hours, until the 

relevant treatment temperature was reached. Four temperature treatments were selected 

as close to equally spaced between 5 and 25°C as possible, given the incubator’s 0.5°C 

gradations: 5°C, 11.5°C, 18°C and 25°C.  

 

Table 4.1: Numbers of replicates of each combination of amphipod and leaf species at each 

experimental temperature for the survival element of the experiment 

 G. pulex D. villosus 

Temperature 

(°C) 

A. 

glutinosa 

F. 

japonica 

R. 

ponticum 

A. 

glutinosa 

F. 

japonica 

R. 

ponticum 

5 20 20 20 20 19 20 

11.5 20 20 20 20 20 20 

18 20 20 20 20 20 20 

25 20 20 20 20 20 20 

 

 

After the starvation period, leaf discs were added to each container. Animals were checked 

every 24 hours, and mortality was recorded. Mortality was identified by a lack of pleopod 
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beating and lack of reaction to a physical stimulus. Some mortality occurred during the initial 

24-hour hunger standardisation period, before leaf litter was supplied to the subjects, so the 

shredding experiment had a lower number of replicates than the initial total used for the 

survival data. 

 

Table 4.2: Numbers of replicates of each combination of amphipod and leaf species at each 

experimental temperature for the shredding element of the experiment 

 G. pulex D. villosus 

Temperature 

(°C) 

A. 

glutinosa 

F. 

japonica 

R. 

ponticum 

A. 

glutinosa 

F. 

japonica 

R. 

ponticum 

5 19 20 20 20 19 20 

11.5 20 20 19 20 20 20 

18 19 19 20 20 20 20 

25 15 13 18 20 20 20 

 

 

After 6 days the experiment was halted and the remaining coarse particulate organic matter 

(CPOM) was stored in ethanol to stop further microbial decomposition. CPOM samples were 

placed in aluminium weighing boats and heated in a drying oven for 24 hours at 60°C before 

reweighing.  

 

 



93 
 

4.2.3 Rhododendron ponticum toxicity 

 

As our initial observations suggested lower survival of amphipods when provided with R. 

ponticum leaf litter, I conducted an additional experiment to explore whether mortality was 

related to ingestion of R. ponticum leaf material or toxic leachates passively absorbed by 

amphipods. Effects of grayanotoxins from R. ponticum has been researched in humans, 

farmed mammals and some bee species, but there is a lack of research into the effects of R. 

ponticum on aquatic invertebrates (Bhardwaj et al.,  2013; Jansen et al., 2012; Tiedeken et al., 

2016). I compared survival of G. pulex and D. villosus when exposed to R. ponticum leaf litter, 

but unable to consume it, with survival in control conditions. In both treatments, with or 

without R. ponticum, A. glutinosa leaf litter was provided as food. Containers were 

constructed using two transparent, circular plastic containers (diameter 7 cm, depth 5 cm), 

placed one inside the other. The bottom of the inner container was removed and replaced 

with 1mm plastic mesh which allowed water movement between containers but not 

movement of amphipods or coarse particulates of leaf detritus. A cork borer was used to cut 

12 mm discs of R. ponticum leaf, and 15 discs were placed in the outer container, whilst 

control containers were left empty of R. ponticum. A single amphipod of either native G. pulex 

or invasive D. villosus was placed in the inner container with a section of A. glutinosa leaf 

litter, 250 ml of aged tap water and two glass beads (Figure 4.2). Subjects were placed in 

incubators at 15°C with a 12:12 hour light/dark cycle and survival was recorded every 24 hours 

for seven days. Each of the 4 treatment groups, G. pulex with R. ponticum, G. pulex control 

group, D. villosus with R. ponticum and D. villosus control group, had 25 replicates.  
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Figure 4.2: Experimental arena for R. ponticum toxicity experiment, showing amphipod, A. 

glutinosa leaf, glass beads above the mesh layer to exclude amphipod from physical access 

to discs of R. ponticum below the mesh (R. ponticum not present in control groups). 

Amphipod image courtesy of Florida Centre for Instructional Technology, University of South 

Florida. 

 

4.2.4 Data analysis 

 

All analyses were produced using R, with plots for shredding created using the package 

“ggplot2” (Wickham, 2016; R, 2019). 
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4.2.4.1 Shredding 

 

Data were standardised for amphipod size by dividing shredding rates by amphipod body 

mass (g). The R package “mgcv” was used to construct a general additive model (GAM) to 

assess the impact on rates of shredding of amphipod species, leaf litter species and 

temperature (Wood, 2011). The mass reduction of leaf litter per gram of amphipod, divided 

by the number of days of leaf consumption, was transformed using the natural log, which 

improved model fit, reducing heteroscedacity and improving residual distribution. 

Temperature was modelled using restricted maximum likelihood (REML) smoothing with a 

cyclic cubic regression spline, which provided the best model fit. Removal of non-significant 

factors was carried out and models were compared using Akaike’s Information Criterion (AIC).   

 

 

 4.2.4.2 Survival 

 

Survival plots were created with Kaplan Maier product limit estimator curves using the 

“survival” package in R. Survival statistics were modelled using a Cox proportional hazards 

model using the “survival” package in R (Therneau, 2021).    
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4.2.4.3 Rhododendron ponticum toxicity 

 

R. ponticum toxicity was assessed using the R package “survival” by constructing a Cox 

proportional hazards model (Therneau, 2021). Kaplan Maier product limit estimator curves 

were produced using the “survival” package to plot survival curves for G. pulex and D. villosus 

amphipods exposed to dissolved exudates of R. ponticum, or control groups with no R. 

ponticum exposure.  

 

 

4.4 Results 

 

4.4.1 Shredding 

 

There was no interaction of temperature and species of amphipod (t(7,460) = -0.89, p = 0.38), 

therefore this interaction was removed from the model (AIC Δ = 3.6). Species of amphipod 

and species of leaf did not interact: G. pulex and F. japonica (t(5,460) = 1.31, p = 0.19), G. pulex 

and R. ponticum (t(5,460) = 0.26, p = 0.79), in comparison to the baseline reference species A. 

glutinosa and D. villosus. Therefore, this interaction was removed from the model (AIC Δ = 

2.0). Temperature was significantly positively correlated with rates of shredding (F(2.58,460) = 

1377, p < 0.01), modelled using restricted maximum likelihood (REML) for log-transformed 

shredding rates (Figure 4.3). Mean shredding rates, including all amphipod and leaf species, 
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were lowest at 5°C (30.1 ± 15.9 S.D. milligrams of leaf consumed per gram of amphipod per 

day, hereafter referred to as mg per day) and were more than doubled at their highest at 25°C 

(68.7 ± 35.0 SD. mg per day). Amphipod species was also a significant factor, with native G. 

pulex shredding at a higher rate than invasive D. villosus (t(1,460) = 13.44, p < 0.01) (Table 4.3).  

 

 

Figure 4.3:  Relationship between temperature and log-transformed rates of shredding for 

each amphipod and leaf detritus species combination, displaying one standard error with 

Loess-smoothed curves. 

 

The species of leaf detritus significantly affected shredding rates, with both invasive species 

F. japonica (t(2,460) = -7.83, p < 0.01) and R. ponticum (t(2,460), p = 0.01)  being shredded at a 

lower rate than native A. glutinosa. The rate of shredding of A. glutinosa was more than 

double that of F. japonica at all temperatures.  The mean shredding rate for A. glutinosa and 
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F. japonica more than doubled between the lowest and highest temperatures 5 and 25°C, 

correlated with lowest and highest shredding rates (A. glutinosa: 36.9 ± 19.5 S.D. to 104 ± 

26.1 S.D. mg per day; F. japonica: 17.9 ± 7.9 S.D. to 42.2 ± 15.4 S.D. mg per day), while R. 

ponticum shredding rate increased by approximately 60% (35.5 ± 9.9 S.D. to 58.2 ± 26.3 S.D. 

mg per day). The native leaf A. glutinosa and the invasive F. japonica had a similar relationship 

to temperature (t(5,460) = -1.23, p = 0.22), however, invasive R. Ponticum differed from the 

other leaf species in interaction with temperature (t(5,460) = -6.55, p < 0.01).  

 

Table 4.3: Mean and standard deviation of shredding rate in milligrams per amphipod gram 

per day for each treatment temperature, amphipod and leaf detritus species 

 Temperature (°C) 

5 11.5 18 25 

Amphipod 

spp. 

Leaf spp. Mean S. D. Mean S. D. Mean S. D. Mean S. D. 

G. pulex A. glutinosa 49.1 20.0 64.6 19.7 72.2 23.9 115.0 20.7 

F. japonica 23.3 7.5 30.8 10.2 45.1 20.0 50.7 19.3 

R. ponticum 36.8 10.3 56.7 13.7 58.2 23.4 76.1 27.4 

D. villosus A. glutinosa 25.3 9.4 42.5 8.1 55.1 13.0 96.5 27.5 

F. japonica 12.1 2.0 20.8 8.4 25.00 8.8 36.5 8.6 

R. ponticum 34.3 9.6 33.6 9.2 37.2 15.6 42.00 10.1 
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4.4.2 Survival 

 

Temperature significantly impacted the survival of amphipods (z = 3.55, p < 0.01), with a 

negative correlation between temperature and survival (HR = 1.12, 95% CI: 1.05, 1.19) 

(Figures 4.4 a-f). Survival was not found to be impacted by the species of leaf litter supplied 

to experimental amphipods, either F. japonica (z = 0.35, p = 0.73) or R. ponticum (z = 1.31, p 

= 0.19), compared to the native leaf A. glutinosa. There was no interaction between 

temperature and species of leaf litter for the invasives F. japonica (z = 1.23, p = 0.22) or R. 

ponticum (z = 0.08, p = 0.94) compared to native A. glutinosa. Similarly, no interaction was 

found between species of amphipod and species of leaf litter (G. pulex and F. japonica: z = -

0.07, p = 0.94; G. pulex and R. ponticum: z = -0.59, p = 0.56) compared to the baseline 

reference species D. villosus and A. glutinosa. Survival did not differ between the native G. 

pulex and the invasive amphipod D. villosus (z = -0.43, p = 0.66), however, there was an 

interaction between temperature and amphipod species (z = 2.84, p < 0.01), with lower 

survival for native G. pulex with increasing temperature (HR = 1.12, 95% CI: 1.04, 1.22).  
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Figure 4.4 a): Kaplan Meier plot of survival of invasive D. villosus amphipods supplied with 

native A. glutinosa leaf litter at each treatment temperature 

 

 

Figure 4.4 b): Kaplan Meier plot of survival of invasive D. villosus amphipods supplied with 

invasive F. japonica leaf litter at each treatment temperature 
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Figure 4.4 c): Kaplan Meier plot of survival of invasive D. villosus amphipods supplied with 

invasive R. ponticum leaf litter at each treatment temperature 

 

 

Figure 4.4 d): Kaplan Meier plot of survival of native G. pulex amphipods supplied with 

native A. glutinosa leaf litter at each treatment temperature 
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Figure 4.4 e): Kaplan Meier plot of survival of native G. pulex amphipods supplied with 

invasive F. japonica leaf litter at each treatment temperature 

 

 

Figure 4.4 f): Kaplan Meier plot of survival of native G. pulex amphipods supplied with 

invasive R. ponticum leaf litter at each treatment temperature 
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4.4.3 Rhododendron ponticum toxicity 

 

Survival did not differ significantly between amphipods that were exposed to R. ponticum leaf 

litter and those that were not exposed to the invasive leaf (z = -1.48, p = 0.1) (Figure 4.5). 

Species of amphipod was a significant factor in survival in this experiment (z = 2.81, p < 0.01), 

with greater hazard of mortality for native G. pulex compared to invasive D. villosus (HR = 

8.40, 95% CI: 1.91, 37.03), however, there was no significant interaction detected between 

species of amphipod and exposure to R. ponticum leaf litter (z = 1.40, p = 0.16). 

 

Figure 4.5: Kaplan Meier plot of survival of native G. pulex and invasive D. villosus 

amphipods either exposed to dissolved R. ponticum leachates or control treatments with no 

R. ponticum present.  
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4.5 Discussion 

 

The results of this experiment demonstrate that a change in the identity of dominant 

shredder or leaf litter species can have a significant impact on the productivity of a freshwater 

ecosystem reliant on allochthonous leaf material and may make processes within the system 

more temperature sensitive. The phenology of the availability of the detrital leaf resource 

may be altered, which could have cascading impacts on the trophic web in the affected 

ecosystem (Alp et al., 2016). Shredding of F. japonica was more than two-fold lower than that 

of A. glutinosa at all temperatures.  The lower shredding rate of the invasive leaf species, as 

found in another study on F. japonica, is likely to reduce the resources made available to other 

macroinvertebrates that rely on FPOM , but would also likely lead to an extended period of 

leaf availability, which would favour multivoltine species, such as D. villosus, facilitating an 

extended breeding period (Lecerf et al., 2011).  

 

Dikerogammarus villosus demonstrated similar feeding patterns to the native G. pulex, 

although the native shredded more leaf litter of all species than the invasive (Platvoet et al., 

2009). However, the native amphipod was found to be more sensitive to temperature in 

relation to survival. This contrasts with the findings of chapter 3, wherein D. villosus and G. 

pulex had no difference in survival across the temperatures investigated.  In this experiment 

the differences in survival between the amphipod species were most obvious at 25°C, but also 

to an extent at 18°C, for G. pulex with invasive leaf litter rather than amphipods feeding on A. 

glutinosa. This may reflect the lower nutritional value of the invasive leaves being less able to 
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support the metabolic demands of G. pulex as energy requirements increased with increasing 

temperature.  

 

Dikerogammarus villosus was found to shred less than G. pulex, even at 25°C, in contrast to 

what Truhlar et al. (2014) found. However, results for shredding rates and survival here 

matched the findings of Kenna et al. (2017), with higher rates of shredding, but lower survival 

at high temperature for G. pulex. The lower shredding rate of the invasive amphipod is likely 

to be mediated by its much higher abundance in invaded sites (Rewicz et al., 2014; Warren, 

Bradbeer and Dunn, 2021). The high densities that D. villosus reaches, compared to native G. 

pulex densities, may be reflected in higher total ecosystem-level shredding rates, including 

shredding of the less favoured invasive leaves F. japonica and R. ponticum. Though high 

temperature was found to reduce survival, as found in previous chapters and other studies, 

the slightly higher survival, though not significant, as well as higher densities, indicate the 

invasive D. villosus may better preserve shredding rates in a warming climate (Wijnhoven et 

al., 2003). However, this is likely to further degrade the macroinvertebrate community. The 

biodiversity reduction due to invasive allochthonous leaf supply may be amplified due to the 

invasive amphipod’s predatory behaviour (Krisp and Maier, 2005; Dodd et al., 2014; Seeney, 

Pattison, et al., 2019).  

 

Rhododendrons are known to produce numerous toxic compounds that protect the plant 

from competitors and deter predators, inhibiting insect herbivores (En, Nilsen and Oktay 

Yildiz, 2006). Some rhododendron species have also been used to poison fish in aquatic 

environments, though that has not been documented for R. ponticum (Bhardwaj et al., 2013). 
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Grayanotoxins found in R. ponticum have been found to cause pathology in humans who have 

ingested “mad honey” produced by bees feeding on R. ponticum nectar (Jansen et al., 2012). 

However, I found no evidence for decreased survival in amphipods either feeding on R. 

ponticum leaf litter or exposed to dissolved leachates from sectioned leaves. This may be due 

to a physiological resistance of G. pulex and D. villosus to the toxins within R. ponticum leaf 

tissues, or dilution and low consumption causing sub-lethal effects. Although amphipods 

consumed more R. ponticum than F. japonica, the increase in shredding rate related to 

temperature was less for R. ponticum. It is not clear whether this lower increase in 

temperature-related consumption is due to toxins, leaf toughness or another factor. 

 

Dangles et al. (2002) stated that ecosystem function can persist if shredder diversity is 

maintained following riparian invasion by F. japonica. The invasive leaf litter may be slower 

to break down, but the generalist feeding behaviours of G. pulex and D. villosus are likely to 

maintain nutrient cycling. Despite the lower leaf litter quality of F. japonica, the amphipod 

shredding demonstrated here should support trophic webs in aquatic ecosystems (Braatne et 

al., 2007). The lower shredding rate of F. japonica may be connected to slower microbial 

colonisation of the non-native leaf due to the novel weapons hypothesis, as the lack of a 

shared evolutionary history between the non-native leaf and native microbes lead to 

inhibited decomposition due to secondary compounds produced in the leaf litter to which 

decomposers are naïve (Callaway and Ridenour, 2004; Fogelman et al., 2018). Microbial 

conditioning is important for increasing the palatability of leaf litter for amphipod shredders, 

but this experiment has demonstrated that F. japonica can support G. pulex and D. villosus 

shredding, albeit at a lower rate than native A. glutinosa (McInerney and Rees, 2017). 
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The abilities of the invasive F. japonica and R. ponticum to dominate invaded locations and to 

form dense monocultures are likely to have long-term impacts in invaded locations. Such a 

shift may have cascading impacts on the ecosystem community, as amphipod shredders are 

an important prey species for fish and other aquatic predators, as well as providing FPOM for 

collector species (Cummins and Klug, 1979; Glazier, 2009). This vital keystone role of 

amphipod shredders means that a change in the identity of amphipods, or the dominant 

riparian leaf litter source for the aquatic system could greatly alter the productivity of that 

ecosystem. The lower shredding rate of D. villosus amphipods and the lower shredding of R. 

ponticum and F. japonica leaf litter would mean a decrease in energy flows and reduced 

productivity, may change the period of leaf litter availability, and decrease macroinvertebrate 

and fish abundance, affecting  adjacent ecosystems (Alp et al., 2016; Gallardo et al., 2016; 

Little and Altermatt, 2018).  

 

As predicted, temperature had a significant positive correlation with shredding rates, with 

the native leaf A. glutinosa being shredded at a higher rate than the invasive F. japonica or 

R. ponticum. However, the positive correlation between temperature and shredding rate 

was lesser for R. ponticum than the other species of leaf litter. The reason for this is not 

clear but may relate to differences in palatability or bacterial colonisation between the 

species of leaf litter used. Contrary to initial predictions, native G. pulex had higher 

shredding rates than the invasive D. villosus, and exhibited an interaction with temperature, 

with lesser survival at higher temperatures than the invasive amphipod. Despite lower 

nutritional value, and possible toxicity, it was found that amphipods will feed on the invasive 

leaf species selected, which indicates ecosystem function can be maintained despite riparian 
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invasion by these non-native plants. However, dominance of allochthonous leaf detritus 

inputs to a freshwater ecosystem by a less favoured invasive species may lead to increased 

resource switching. The omnivorous natures of these amphipod species indicate switching 

to predation of the macroinvertebrate community may occur in the presence of invasive 

leaf litter. The high densities that D. villosus is commonly found in will likely offset any per 

capita shredding reduction in an invasion scenario, but the invasive amphipod’s impact on 

macroinvertebrates is to be explored in the next chapter. 
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Chapter 5: Changes to the structure of freshwater ecosystems due to species-specific 

predation by an invasive amphipod may be accelerated by climate warming  

 

 

5.1 Introduction 

 

Multiple ecosystem stressors are an increasing problem, imparting pressures on the natural 

environment, altering function and productivity (Orr et al., 2020). Anthropogenic disturbance 

is altering ecosystem processes through multiple factors, such as climate change and 

introductions of invasive non-native species, which are increasing in intensity and causing 

shifts in biodiversity, species’ distributions and ecosystem function (Chapin et al., 2000; 

Pereira et al., 2010). Abiotic stressors, such as climate change, land use change and pollution 

are predicted to increase in intensity, impacting trophic webs and processes within 

ecosystems through environmental modifications which may impact species’ behaviour or 

survival (Pachauri et al., 2014). Biotic stressors, such as introductions of non-native species 

and parasites, tend to exert pressures at the population level, altering the biotic structure of 

an ecosystem (Chapin et al., 2000; Cardinale et al., 2012). If multiple stressors interact it may 

cause a greater synergistic impact, but understanding of how such pressures interact is not 

sufficiently understood, requiring further research to enable more accurate forecasts for 

predicted stressor increases (Jenkins et al., 2009; Côté, Darling and Brown, 2016; Birk et al., 

2020).   
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Anthropogenic climate change is exerting considerable stresses on ecosystems globally, with 

forecasts of increases in the intensity of warming in the future (Murphy et al., 2010; Pachauri 

et al., 2014). High temperature events are also predicted to increase in frequency, with 

associated impacts to the function of ecosystems (Bertani, Primicerio and Rossetti, 2016). 

Disturbances, such as mean temperature increases, are known to facilitate additional 

stressors, such as invasive non-native species (Jankowski et al., 2006; Daufresne, Bady and 

Fruget, 2007; Iacarella et al., 2015). Invasive species are a significant stressor of ecosystems, 

with freshwater habitats particularly vulnerable due to high levels of human activity around 

fresh water (Ormerod et al., 2010; Vörösmarty et al., 2010). The adaptability of many invasive 

species often allows them to more successfully exploit resources and outcompete native 

species in their novel range, which can alter community structure and induce trophic 

cascades, affecting ecosystem productivity (Vitousek et al., 1996; Sakai et al., 2001; de 

Omena, Srivastava and Romero, 2017). Freshwater ecosystems are particularly vulnerable to 

stressors due to their geographic fragmentation, high levels of anthropogenic disturbance and 

being relatively sensitive to changes in air temperature, with temperate freshwater systems 

likely to be affected by increasing temperatures before more tropical and biodiverse 

ecosystems at lower latitudes (Woodward, Perkins and Brown, 2010; Capon, Stewart-Koster 

and Bunn, 2021).  

 

Temperate freshwater ecosystems often rely on a basal resource of allochthonous leaf litter 

(Abelho, 2001; Gessner et al., 2010). Autumnal leaf abscission means a resource pulse enters 

the ecosystem from riparian vegetation, but the nutrients and energy within the leaf resource 

remain inaccessible due to the toughness of the leaves (Benfield, 1997; Cornwell et al., 2008). 
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Microbial decomposers colonise the leaf litter, increasing its palatability to 

macroinvertebrates and producing a nitrogen-rich biomass attractive to macroinvertebrate 

consumers (McInerney and Rees, 2017). A guild of shredder species equipped with suitable 

mouthparts consumes the softened leaf detritus, producing fragments of fine particulate 

organic matter (FPOM) and faeces that can then be processed by other macroinvertebrates 

(Covich et al., 2004; Cummins, 2019). The shredders can be dominant by biomass in many 

freshwater ecosystems, accumulating large populations which provide a valuable food source 

for predatory species (Wallace and Webster, 1996; Ruetz, Newman and Vondracek, 2002; 

Nery and Schmera, 2016).  

 

Amphipods are common shredder species in temperate freshwaters, which often hold the 

keystone role in the centre of their trophic webs (Väinölä et al., 2008; Glazier, 2009; Covich 

and Thorp, 2010). This role involves converting the nutrients locked in allochthonous leaf litter 

into a more useable form for the ecosystem, provisioning species throughout the trophic web 

with FPOM from shredding activity or providing their own biomass as prey for predators. 

However, many amphipods are omnivorous and predatory themselves (MacNeil, Dick and 

Elwood, 1997; Kelly, Dick and Montgomery, 2002; Bacela-Spychalska and Van Der Velde, 

2013; Warren, Bradbeer and Dunn, 2021). The invasive Ponto-Caspian amphipod 

Dikerogammarus villosus (Sowinsky, 1894), also known as the killer shrimp, has spread 

through western European waters, impacting the structure of freshwater ecosystems 

(Grabowski, Bacela and Konopacka, 2007; Rewicz et al., 2014). The invasive D. villosus has 

been found by Dick et al. (2002) to often inflict bites on invertebrate prey without consuming 

the whole of the animal. It is therefore possible that omnivorous amphipods also generate 
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prey animal tissue detritus, provisioning the ecosystem with partially predated remains, as 

well as serving as providers through shredding activity and biomass accumulation. 

 

Optimal foraging theory states that animals will seek to maximise the benefit gained from 

foraging, which may include only eating the most nutritious parts of prey if there is plentiful 

availability and handling time is not a limiting factor (Pulliam, 1974; Sih, 1980; Breed and 

Moore, 2016). For example, brown bears (Ursus arctos) often select the most nutritionally 

valuable parts of salmon prey to consume preferentially, such as the brain and gonad-

containing belly, while discarding the rest, when prey is plentiful and of high quality (Lincoln 

and Quinn, 2019). If the cost of giving up a portion of a meal and catching another is 

outweighed by the high fat and protein availability of abundant and easily captured salmon 

prey, partial remains of fish will be discarded and will provision scavengers and plants in the 

ecosystem with a vital resource (Levi et al., 2020). The provision of leaf detritus dominates 

energy cycles in many temperate freshwater ecosystems, however the detritus quality rather 

than quantity is often the limiting factor for many detritivorous species (Anderson and Cargill, 

1987; Gessner et al., 2010). Decomposing leaf litter does not provide a large supply of 

proteinaceous material compared to dead animal tissue’s higher nutritional value, though 

animal detritus is usually provisioned at a lower level (Anderson and Cummins, 1979). Animal 

carcasses decompose at a faster rate than leaf litter in aquatic environments, releasing more 

nutrients and supporting a greater microbial community, which supports greater productivity 

in ecosystems and larger populations of higher trophic levels in food webs (Mastrantonio et 

al., 2021). Animal detritus contains more nitrogen than leaf litter and nutrients may be more 

easily accessible to a wider range of detritivores than can be obtained from relatively tough 
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leaf litter. For these reasons detritus derived from animal sources has been found to support 

greater abundances and diversity of aquatic invertebrates (Yee and Juliano, 2012). Therefore, 

partial predation of animal prey by amphipods may significantly contribute to ecosystem 

productivity. 

 

When an aquatic system contains animal carcass detritus it leads to higher productivity, for 

example faster growth of insect larvae and greater survivorship and population growth for 

other species in the community (Yee and Juliano, 2006; Yee, Kesavaraju and Juliano, 2007). 

Mosquitoes preferentially select sites containing evidence of predation through proliferation 

of bacteria from egested faeces and decomposing animal carcasses, which enhance the 

survival and growth of their offspring compared to conspecifics that are raised with a solely 

plant detritus based diet (Albeny-Simões et al., 2014; Beasley and Walton, 2016). Nutrients in 

animal tissues must go through microbial decomposition to be made available to primary 

plant producers through mineralisation, but are readily available for detritivorous species to 

benefit from, and are easier to access and assimilate than nutrients in leaf detritus (Vanni, 

2002). Small particles of animal detritus can also provide a nutrient-rich food source for filter 

feeding species of the collector functional feeding guild (Wallace and Webster, 1996; Vanni, 

2002). Through predatory behaviour both D. villosus and G. pulex can have a beneficial effect 

on their ecosystems through provisioning of diverse nutrient sources, including animal 

detritus, faeces, shredded leaf litter and their own biomass.   

 

The stressors of temperature and invasive species may interact in unpredictable ways and 

freshwater systems are dominated by ectothermic species, the behaviours of which are 
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sensitive to temperature change (Woodward, Perkins and Brown, 2010). Invasive species are 

often tolerant of a wider range of environmental conditions than their native analogues, 

properties which increases their capability to become invasive (Bates et al., 2013; Kelley, 

2014). However, it is difficult to predict responses of native and invasive species to a stressor, 

such as temperature, without experimental studies (Hellmann et al., 2008; Diez et al., 2012; 

Tepolt and Somero, 2014). This study aims to investigate how temperature affects predatory 

behaviours of a common UK native amphipod Gammarus pulex (Linnaeus, 1758) and the 

invasive D. villosus. Amphipod predators were provided with Asellus aquaticus (Linnaeus, 

1758) or chironomid larval prey at a range of temperatures and predatory behaviour was 

recorded, including partial predation leading to provisioning of the environment with animal 

detritus. Interactions of temperature and species were investigated to compare predatory 

foraging behaviours between G. pulex and D. villosus to predict whether temperature is likely 

to affect impacts on the ecosystem’s productivity and nutrient flows. 

 

 

5.2 Methods 

 

5.2.1 Experimental material 

 

Invasive D. villosus were collected from a population in Grafham Water, Cambridgeshire 

(52.2909°N, -0.0323°E) by removal from a submerged blanket attached to a pontoon. Native 

G. pulex and A. aquaticus were collected at Meanwood Beck, West Yorkshire (53.8301°N, -
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1.5746°E) by kick-sampling. Chironomid larvae were purchased from suppliers as live fish food 

supplies. Amphipods, isopods and chironomid larvae were placed in species-specific tanks of 

5l aerated aged tap water in a controlled-temperature room. All animals were maintained for 

a minimum of 5 days acclimatisation at 15 ± 0.1°C S.D., with a 12:12 hour light/dark cycle 

(08:00-20:00). Animals were fed ad libitum with Alnus glutinosa leaf litter, a species of leaf 

present in the locations animals were collected from and favoured by the shredder species 

investigated (Bloor, 2011).  

 

 

5.2.2 Experimental design 

 

Amphipods were placed individually in containers with aged tap water. Containers were 

transparent, circular plastic pots (diameter 7 cm, depth 5 cm) holding 250 ml water and 

contained 2 transparent glass beads to provide refugia for amphipods, reducing excessive 

thigmotactic swimming whilst permitting observation (Perrot-Minnot, Banchetry and Cézilly, 

2017; Kohler, Parker and Ford, 2018). The containers housing the amphipods were then 

placed in incubators with a 12:12 hour light/dark cycle (08:00-20:00) for a 24-hour period of 

starvation to standardise hunger. Incubators were initially at 15°C and temperature was 

either increased or decreased at a rate of 1°C every 2 hours until the treatment temperature 

was reached. Treatment temperatures of 5, 10, 15, 20 and 25°C were then maintained until 

experiments were complete.        
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Amphipods were placed on a paper towel, to remove excess water, and weighed. The glass 

beads were removed from their container, to deny refugia and promote active foraging 

behaviours. The water was replaced with aged tap water at the correct treatment 

temperature, to ensure experimental water was not deoxygenated from the respiration of 

the subject amphipod during the 24-hour acclimatisation period. The amphipod was placed 

in the container and left for a 10-minute acclimatisation period in the incubator. Three 

prospective prey individuals of A. aquaticus were then added to each pot with an amphipod 

predator, with isopods selected by eye to be approximately 50%, or less, of the size of the 

amphipod.  

 

Observations of predatory activity were observed and recorded for an hour, collecting data 

on time elapsed before attack (unsuccessful), time elapsed before attack (successful), 

duration of feeding by predator on prey, percentage of prey discarded after predation. If prey 

was killed or incapacitated, any remainder was removed from the trial arena in order that the 

predator could not return to feed on the carrion. Prey were not considered incapacitated if 

they remained mobile from a leg or legs being removed by the predator and the isopod could 

continue walking. It was assumed flowing water in the natural environment would transport 

the carcass away from the predator to provision the ecosystem. If an easy carrion source were 

available, it may inhibit further predatory attack behaviours on live prey, therefore, injured 

prey isopods were removed from the test arena. If predation was taking place at the end of 

the hour observation period, the feeding behaviour would be allowed to continue to 

completion and the time and percentage of the prey discarded were recorded. 
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Table 5.1: Number of replicates of A. aquaticus predation experiment for each amphipod 

predator and temperature treatment combination 

 Treatment temperature 

 5°C 10°C 15°C 20°C 25°C 

G. pulex 48 50 49 54 50 

D. villosus 47 56 56 56 54 

 

 

Table 5.2: Number of replicates of chironomid larva predation experiment for each amphipod 

predator and temperature treatment combination 

 Treatment temperature 

 15°C 20°C 

G. pulex 22 14 

D. villosus 16 16 

 

 

5.2.3 Data analysis 

 

All analyses were produced using R, with plots for shredding created using the package 

“ggplot2” (Wickham, 2016; R, 2019). 
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5.2.3.1 Successful attacks on Asellus aquaticus 

 

Due to the large number of zeroes in the attack count data a zero-inflated Poisson regression 

(R package “pscl”) was performed, with a Vuong test confirming the better fit of the zero-

inflated model compared to a standard Poisson (z = -3.55, p < 0.01) and acceptable coefficient 

of dispersion of 1.07. 

 

 

5.2.3.2 Successful attacks on chironomid larvae 

 

A Poisson regression was performed using the R package “AER” for the number of successful 

attacks during the experimental period. Dispersion was satisfactory (< 1.10) and a non-

significant factor was removed after comparing models by AIC. 

 

 

5.2.3.3 Remains of Asellus aquaticus prey discarded  

 

Data for the remains of prey discarded after a lethal attack were collected as a percentage of 

the intact animal that was released after the prey was killed and partially consumed. 

Percentages were summed in the case of multiple lethal predation events by any individual 

predator amphipod during the hour observation period. A generalised additive model (GAM) 
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with a zero-inflated Poisson distribution with a restricted maximum likelihood (REML) 

approach was constructed using the “mgcv” package in R. Temperature was modelled with 

cyclic cubic regression splines for best fit.  

 

 

5.2.3.4 Remains of chironomid larvae prey discarded  

 

A GAMLSS model was built using the “gamlss” package in R, with a zero-altered negative 

binomial type I distribution (ZANBI) producing the best fit for the data. Amphipod mass was 

modelled with a 2-power polynomial basis matrix and the iterative model run with starting 

parameters: nu = 0.7, sigma = 3.0, mu = 10, tau = 1. Models were compared by residual worm 

plots. 

 

 

5.3 Results 

 

5.3.1 Successful attacks on Asellus aquaticus 

 

Though a one-way ANOVA indicated a significant difference in mass between G. pulex and D. 

villosus (F(1,520) = 328.60, p < 0.01), with the invasive D. villosus being larger than the native G. 

pulex (D. villosus: 96.3 ± 2.5 mg, G. pulex: 47.8 ± 0.5 mg), amphipod mass was found to not 
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affect the number of successful attacks on A. aquaticus (z = 1.50, p = 0.13), so was removed 

from the model. Temperature was found to have a significant effect on the number of 

successful predatory attacks by amphipods (z = -2.88, p < 0.001) with a 1°C increase in 

temperature correlating to 0.07 fewer successful attacks. Amphipod species did not have an 

effect (z = 1.52, p = 0.13) and a significant interaction of species and temperature was not 

detected (z = -1.78, p = 0.08) (Figure 5.1).  

 

Amphipod species did not affect the chances of zero successful attacks taking place in the 

zero-inflated model (z = 0.17, p = 0.87). However, temperature had a significant effect, with 

increasing temperature increasing the chances of zero successful attacks taking place in any 

individual trial (z = -3.07, p < 0.01). Amphipod species and temperature did not interact to 

increase likelihood of zeroes in the data (z = -0.001, p = 0.99).  
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Figure 5.1: Mean number of successful predatory attacks on A. aquaticus isopods during the 

1-hour observation period at each treatment temperature by invasive D villosus and native G. 

pulex amphipods with bars displaying ± 1 standard error. 

 

 

5.3.2 Successful attacks on chironomid larvae 

 

Amphipod mass had no effect on the rate of successful attacks (z = 0.63, p = 0.53) and was 

removed from the model (AIC Δ = 1.8). Amphipod species had a significant effect on the 

number of successful attacks during the experimental period (z = -2.19, p = 0.03), with D. 

villosus having a higher successful attack rate (15°C: 1.94 mean attacks per hour ± 0.19 S. E., 

20°C: 2.62 mean attacks p. h. ± 0.13 S. E.) than G. pulex (15°C: 1.45 mean attacks p. h. ± 0.24 
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S. E., 20°C: 1.57 mean attacks p. h. ± 0.25 S. E.). Temperature did not affect attack rate (z = 

1.16, p = 0.24) and no interaction of amphipod species and temperature was detected (z = -

0.62, p = 0.53).  

 

 

Figure 5.2: Mean number of successful predatory attacks on chironomid larvae during the 1-

hour observation period at each treatment temperature by invasive D villosus and native G. 

pulex amphipods with bars displaying ± 1 standard error. 

 

 

5.3.3 Remains of Asellus aquaticus prey discarded  

 

Species of amphipod did not significantly affect how much dead tissue was dropped after D. 

villosus and G. pulex predators had finished consuming A. aquaticus prey (z = -1.53, p = 0.13) 
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(Figure 5.3). Temperature significantly affected discard rate (z = -5.67, p < 0.01), with highest 

rates at 15°C for both species of amphipod (G. pulex: 7.0% per hour ± 3.0% S. E.) (D. villosus: 

10.9% p. h. ± 3.4% S. E). An interaction of temperature and species was detected (z = -2.16, p 

= 0.03) where native G. pulex’s lowest mean discard rate was at 25°C (1.3% per hour ± 1.0% 

S. E.) whereas invasive D. villosus’ lowest mean discard rate was at 5°C (1.90% p. h. ± 1.90% 

S. E.). Amphipod mass had a significant impact on prey discard rate (z = -5.02, p < 0.01) with 

a negative correlation.   

 

 

Figure 5.3: Percentages of prey carcasses discarded after each successful lethal attack were 

summed. Curves represent mean values of the sum of percentages of A. aquaticus isopod 

prey released after lethal attack and partial consumption by invasive D. villosus and native G. 

pulex amphipods at each treatment temperature, displaying standard error for Loess 

smoothed curves.  
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5.3.4 Remains of chironomid larvae prey discarded  

 

Species of amphipod significantly affected the amount of dead tissue discarded by predators 

during the hour test period (t = 2.15, p = 0.04) with invasive D. villosus having a higher mean 

discard rate (13.4% per hour ± 5.6%S. E.) than native G. pulex (9.2% p. h. ± 3.9% S. E.). 

Temperature did not affect the amount of discarded tissue (t = 0.55, p = 0.59), however 

species of amphipod predator and temperature had an interaction (t = -2.36, p = 0.02) (table 

5.3) with a negative correlation between temperature and discard rate for G. pulex and a 

positive correlation between temperature and discard rate for D. villosus. Amphipod mass did 

not influence the discard rate of dead chironomid prey tissue by amphipod predators (t = 

0.89, p = 0.38) and no interaction was found between amphipod mass and temperature in 

affecting prey discard rates (t = -0.24, p = 0.81). 

 

Table 5.3: Means and standard errors of the sums of percentages of chironomid prey 

discarded by amphipod predators after a successful lethal attack at each treatment 

temperature. 

  Gammarus pulex Dikerogammarus villosus 

  Mean S. E. Mean S. E. 

Treatment 

temperature 

15°C 10.7 4.9 12.5 8.0 

20°C 6.8 6.4 14.4 8.1 
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Figure 5.4: Percentages of chironomid larval prey discarded after each successful lethal attack 

were summed. Bars represent mean values of sums of prey discarded by invasive D. villosus 

and native G. pulex amphipods at each treatment temperature with error bars displaying ± 1 

standard error. 

 

 

5.4 Discussion 

 

The species of amphipod predator had no effect on the rate at which isopod carcasses were 

discarded to contribute to animal detritus and to potentially provision the ecosystem. 

Similarly, no difference was found in the rate of successful lethal attacks on isopod prey 

between the native G. pulex and the invasive D. villosus. However, D. villosus had more 
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successful attacks on chironomid prey than G. pulex and discarded more dead chironomid 

tissues. Numerous previous studies have found D. villosus to have a higher predatory 

functional response (FR) than G. pulex, in experiments with a single predator and multiple 

prey, which may have become evident for both prey species in a longer-running experiment 

than the hour observation investigated here (Bollache et al., 2008; Taylor and Dunn, 2017; 

Warren, Bradbeer and Dunn, 2021). However, in a relatively small laboratory experiment 

without flowing water, discarded carcasses would likely become a food source to the predator 

when foraging recommences after a successful attack and feeding event, which may not occur 

in a more complex natural environment. The lack of difference in isopod lethal attack and 

carcass discard rates found between the native and invasive amphipods may indicate G. pulex 

and D. villosus are likely to occupy similar trophic levels in natural systems. 

 

The higher rate of D. villosus predation on chironomid prey accords with a previous study, 

which found that the invasive amphipod had a higher FR than the native for several prey 

types, including chironomid larvae (Dodd et al., 2014). However, trophic level estimation by 

analyses of δ15N levels has found that D. villosus has a similar trophic level to coexisting 

amphipod species, including a native, in two tributaries of the River Rhine (Sahm et al., 2021). 

Other studies have found that, in established populations, D. villosus tends to omnivory, with 

a low trophic position (Koester, Bayer and Gergs, 2016). Predatory behaviour by D. villosus in 

the Rhine is dependent on community structure, not an intrinsic predatory property of the 

amphipod species, which may relate to this study’s results finding similar rates of isopod 

attack, but higher rates of attacks on chironomid larvae (Hellmann et al., 2015, 2017; Koester 

et al., 2018). If D. villosus has a higher rate of provisioning the ecosystem with animal detritus 
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than native amphipod species in some cases, this may be balanced by the lower rate of leaf 

detritus shredding I have found in previous chapters. However, the higher abundance of the 

invasive amphipod, especially in the earlier stages of invasion establishment, may have 

significant impacts on freshwater communities, with favoured prey being severely reduced in 

density (Rewicz et al., 2014; Warren, Bradbeer and Dunn, 2021). More replicates of this 

experiment, and more temperature treatments, may provide more information on 

interactions of temperature and amphipod species in chironomid larva predation. 

 

Temperature affected rates of successful attacks on A. aquaticus prey in both amphipod 

species, with no difference between native G. pulex and invasive D. villosus. The optimal 

temperature for the rate of successful attacks during the one-hour experimental period was 

15°C (Figure 5.1), with similar declines as temperature increased or decreased away from the 

optimum. Though only two temperature treatments were tested for chironomid prey, the 

rate of successful attacks was slightly higher, though not significantly so, at 20°C compared to 

15°C. The 5°C increase in temperature is likely to increase metabolic demands for the 

amphipods but A. aquaticus is relatively difficult to predate compared to the chironomid 

larvae. The relatively easy chironomid prey can be captured at the higher temperature but 

the greater energetic costs of capturing A. aquaticus may outweigh the energy recouped on 

increased consumption of the isopod prey. Discard rates of A. aquaticus carcass detritus were 

highest at 15°C, with lower rates below and above that temperature. The interaction of 

temperature and amphipod predator species in discard rates for both A. aquaticus and 

chironomid prey indicate that G. pulex may contribute well to animal detritus at low 

temperatures but D. villosus will be better able to maintain the supply of animal detritus at 
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higher temperatures. In a warming climate this greater supply of nutrient-rich carcasses may 

better maintain ecosystem productivity.  

 

In natural ecosystems interspecies and intraspecies interactions affect rates of predation and 

related behaviours. The invasive D. villosus has been found to aggregate socially more than 

the native G. pulex, with interference between individuals potentially decreasing their 

predatory impact, which was not investigated here (Truhlar and Aldridge, 2015). Aggregation 

behaviours and defence against kleptoparasitism have been shown to reduce D. villosus 

predation rates when multiple amphipods are present, with G. pulex having a higher 

predatory functional response on dipteran larvae than the invasive species when there are 

multiple predators (Médoc, Albert and Spataro, 2015). Therefore, the single predators used 

in this investigation may not provide a definitive result for these interactions as they would 

occur in a natural ecosystem.  

 

The presence of D. villosus has been shown to increase anti-predator behaviours in prey 

species, limiting activity and affecting survival and fecundity of prey populations (Sitvarin, 

Rypstra and Harwood, 2016; MacNeil and Briffa, 2019). For example, the presence of 

predators has been shown to increase refuge-seeking behaviour in chironomid larvae, 

altering the sediment layer in aquatic environments (Stief and Hölker, 2006). Therefore, the 

presence of D. villosus may cause unpredictable cascades due to context-related alterations 

to community composition through selective predation and animal detritus provisioning, or 

anti-predator behaviours in prey species resulting in altered ecosystem engineering and 

ecosystem processes. Habitat complexity and availability of refugia may affect outcomes and 
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may be valuable additions to further work. Further studies may also benefit from the 

presence of multiple predators to ascertain whether behaviours are affected by social 

interactions. 

 

The potential impact of invasive D. villosus amphipods in the UK must be considered with the 

density in which this invader is found. A relatively recent introduction, benefitting from 

enemy release in its new range, the species is found at extremely high densities at invasion 

sites (Arundell et al., 2015; Warren, Bradbeer and Dunn, 2021). When the biomass of a 

population is growing rapidly, the species is more likely to be a nutrient sink than a source, 

despite the potential for increased predatory behaviour and provisioning of the ecosystem 

with animal detritus, compared to native analogues (Vanni, 2002; Devin et al., 2004; Pöckl, 

2007). However, the high density of the invasive amphipod has the potential to greatly impact 

community structure at invaded sites. Selective predation, here demonstrated as a higher 

predation pressure on chironomid larvae than exerted by native amphipods, may alter 

ecosystem function in ways that are difficult to predict. It appears likely that negative effects 

of trophic cascades will be more impactful than a degree of extra provisioning of nutrient-rich 

animal detritus in freshwater ecosystems. The higher rate of D. villosus predating chironomid 

larvae may be amplified in a warming climate, meaning structural changes to ecosystems may 

be accelerated by predicted increases in mean temperature. 
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6 Concluding remarks 

 

Ecosystems are subject to multiple stressors which can affect the species within them and the 

vital ecosystem processes which maintain their function and productivity. Climate warming is 

a stressor in the majority of ecosystems globally, while invasive species are one of the leading 

drivers of biodiversity loss, which can have a detrimental impact on the functioning of natural 

systems (Sala et al., 2000). Parasites are an omnipresent stressor for most free-living species, 

with potential impacts to host population dynamics, growth and behaviour (Wood and 

Johnson, 2015). Interactions of these stressors can be difficult to predict, and in this thesis I 

have investigated how common stressors in freshwater ecosystems may impact the 

behaviour of keystone species and how those stressors may interact.  

 

Temperature was a significant factor in each experiment, increasing rates of shredding up to 

an optimum temperature, beyond which rates fell. Previous research has generally 

concentrated on a lesser range of temperatures, but in this thesis I have used a wide range of 

temperatures with relatively small temperature intervals to produce a high resolution of 

results. Temperatures were increased to a point where performance was negatively impacted 

which identified the thermal optima for each amphipod, leaf or parasite treatment, producing 

novel data for thermal optima and tolerances. The most elevated temperatures used caused 

mortality in all amphipods. However, the only interaction between temperature and 

parasitism was an increase in shredding for G. pulex infected with E. truttae. The prevalence 

of this parasite in the host population from which samples were taken was extremely low and 

would not have a significant impact on the ecosystem’s productivity during a period of 
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elevated temperatures. Temperature also interacted with amphipod species in discarding of 

chironomid prey. Discard rate was positively correlated with temperature in the invasive D. 

villosus, but negatively correlated with temperature in G. pulex. This appears unlikely to 

greatly impact provisioning of the ecosystem by the invasive amphipod as predator evasion 

is likely to increase in a more complex natural habitat. 

 

The gammarid amphipods investigated in this thesis appear to be closely related in behaviour. 

However, small differences in behaviour will be amplified over time and by differences in 

numerical response. The invasive species of amphipod are generally found at much higher 

densities than the natives in the novel range, as shown by D. villosus densities in England and 

G. pulex invasive populations in Northern Ireland (Kelly et al., 2006; Warren et al., 2021). The 

use of the relative impact potential (RIP) in chapter 3 shows that despite the native 

amphipod’s higher per capita rates of shredding, the far greater density of invasive 

amphipods will result in a far greater rates of shredding. The higher reproductive rate of D. 

villosus may further amplify these differences over time, with research required into how 

stressors impact population dynamics for native and invasive amphipods. 

 

Chapter 5 investigated partial predation by amphipods, developing a novel method for 

measuring this feeding behaviour and how it may provision an ecosystem. The invasive D. 

villosus was found to predate selectively. The native and invasive amphipods had similar rates 

of predation on A. aquaticus prey but D. villosus had a higher rate of predation on chironomid 

larvae than G. pulex. This preference, along with the much greater densities of the invasive 

amphipod, is likely to impact the chironomid population. Chironomid larvae abundance may 
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be reduced and the larvae may increase predator evasion behaviours by burrowing into 

benthic sediments and spending more time in refugia burrows (Stief and Hölker, 2006). This 

activity increases the quantity of dissolved organic carbon (DOC) in the water column, which 

can amplify eutrophication and reduce water quality for drinking water (Ledesma, Köhler and 

Futter, 2012; Solomon et al., 2015; Kritzberg et al., 2020).  Such ecosystem engineering due 

to predators may induce trophic cascades, with unpredictable alterations to the recipient 

ecosystem. 

 

In chapter 4 the invasive riparian leaves, R. ponticum and F. japonica, were found to be 

shredded at a lower rate than the native A. glutinosa. However, both invasive leaves were 

shredded, with no impact to amphipod survival. This indicates that, despite a slower rate of 

shredding, the invasive plants will sustain trophic webs in neighbouring aquatic ecosystems. 

As amphipods become habituated to the invasive leaves, which may be a novel foodstuff, 

shredding rates may increase if no ill-effects are experienced. Invasive riparian plants may be 

able to maintain freshwater ecosystems, with the leaf detritus lasting longer than rapidly 

consumed native species. 

 

The experiments carried out for this thesis were all relatively small-scale laboratory-based 

work, using individuals of the focal amphipod species in isolation from one another. This was 

to ensure better control of the multiple factors that were being investigated but avoids 

interactions likely to occur in more complex real-world situations. For example, intraspecies 

interference competition is common in D. villosus, with conspecifics engaging in social 

aggregation and theft of prey (Médoc et al., 2015; Truhlar and Aldridge, 2015). These 
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behaviours can reduce the predatory pressure exerted by the amphipod, which could alter 

predictions of impacts. Future work should add layers of complexity to investigate impacts of 

multiple stressors with multiple amphipods and a representative community of 

macroinvertebrates. The laboratory experiments also reduced the complexity of habitat 

structure. Different species, and even morphologically indistinguishable cryptic species of 

amphipod, can favour different habitat structures, which will further influence behaviour 

(Eisenring et al., 2016). More complex habitat and community structures are likely to better 

simulate natural systems. 

 

The major differences in impacts between native and invasive amphipods are likely to be due 

to the greater densities at which invasive populations can often be found. The higher 

predation of chironomid larvae by D. villosus compared to G. pulex shows that prey 

preferences may also cause differing outcomes. Interactions of amphipods with a range of 

other freshwater species and riparian plants may uncover more interactions that can 

potentially result in impacts to ecosystem structure or function. The high reproductive rate 

of invasive D. villosus should also be considered (Rewicz et al., 2014). The experiments carried 

out as part of this thesis involved the measurement of behaviours of individuals or multiplied 

those individual results by an abundance count generated as a snapshot of amphipod density 

at a single point in time. It would be ideal to be able to carry out a longer term experiment 

which could take into account population dynamics because temperature, amphipod species, 

parasites and leaf detritus resources may all affect rates of reproduction differentially, as well 

as impacts to mortality and feeding rate.      
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