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Abstract 

 

Southeast Asian cities have been growing rapidly since entering the 21st century, including 

Bangkok where their urban agglomeration increased from 6.4 million in 2000 to 10.5 million 

in 2020. The regional urban growth creates marked landscape transformations, most of which 

are ǿƛǘƘƛƴ ǘƘŜ ǊŜƎƛƻƴΩǎ ōƛƻŘƛǾŜǊǎƛǘȅ ƘƻǘǎǇƻǘΦ ¢ƘŜ ŎƻƴǎŜǉǳŜƴǘ ƭƻǎǎ ƻŦ ǾŜƎŜǘŀǘƛƻƴ ŎƻǾŜǊ ǘŜƴŘǎ ǘƻ 

reduce biodiversity and ecosystem services, and thus well-being benefits. Most people live 

and work in urban areas, and there is growing interest in improving the quality of urban 

ecosystems. However, relatively limited urban ecological research has been conducted in 

rapidly urbanising tropical regions that can inform planning and management for biodiversity 

conservation and sustainable urban development. This thesis uses Bangkok as a case study of 

a rapidly urbanising tropical mega-city and investigates i) landscape transformation and 

vegetation dynamics arising from the recent urban development ii) biodiversity consequences 

of environmental change due to increasing urbanisation intensity, and iii) possible mitigation 

via nature-based solutions to improve the quality of the urban environment. The study region 

was defined as a 70 km × 80 km area (5,600 km2) centred on Metropolitan Bangkok and 

surrounding provinces. Using classification of high resolution aerial imagery, landcover maps 

were generated for two recent time points (i.e. ~ 2004 and ~ 2018) to assess landscape 

transformation and temporal changes in vegetation dynamics along an urbanisation gradient, 

and distinguishing impacts of urban expansion and densification. A subset of this region was 

delimited as 2 km × 2 km grid cells with җнр҈ ƛƳǇŜǊǾƛƻǳǎ ǎǳǊŦŀŎŜ ŎƻǾŜǊ. Random stratification 

was then used to select 150 1 km × 1 km sampling grid cells along the gradient of urbanisation 

intensity in the urban Bangkok region. Biodiversity surveys were conducted for trees, birds, 

and small arboreal mammals using 50 m fixed radius survey plots located at the centre of the 

randomly selected cells. Equivalent surveys were conducted in the largest patches of 

woodland or areas of trees within each cell. Comparing biodiversity patterns along the 

urbanisation gradient at these different types of locations enables us to assess how retaining 

or creating wooded patches can help mitigate urbanisation impacts on biodiversity and 

ecosystem services. The Bangkok region has undergone intense urban development, resulting 

in a considerable loss of vegetation cover. Urban expansion and densification shows similar 

effects on the loss of total vegetation at the grid cell resolution, but urban growth has 
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primarily arisen through the expansion which thus has greater impacts on vegetation 

dynamics. Notably, however, infill densification has substantially reduced tree cover 

contrasting with increasing tree cover in the rest of the region including that undergoing 

urban expansion. 162 tree, 142 bird, 3 squirrels, and 1 tree-shrew species were recorded 

across all survey sites during March to July 2018, with literature based comparisons 

suggesting urbanisation has substantially reduced species richness of the focal taxa relative 

to nearby natural settings. There is interspecific-variation in population responses of squirrels 

and tree-shrews to urbanisation intensity, with Callosciurus finlaysonii becoming more 

abundant in highly urbanised locations whilst other species exhibited negative responses. 

Species richness and ecosystem services of tree assemblages appear to be maintained across 

the urbanisation gradient. Avian biodiversity declines linearly along the urbanisation gradient 

contrasting with the unimodal patterns typically observed in temperate regions, with the rate 

of the decline being reduced in the woodland locations. My results highlight the differences 

in biodiversity responses to urbanisation arising in tropical systems compared to the much 

more documented temperate regions. Results from woodland survey points also highlight the 

potential of woodland retention to enhance biodiversity and ecosystem service provision τ 

even in highly urbanised locations. Although further urbanisation in Bangkok will adversely 

impact vegetation dynamics and biodiversity, policy interventions could mitigate some of 

these impacts by increasing urban tree cover to benefit biodiversity and ecosystem service 

provision. 

Keywords: urbanisation gradient, landscape transformation, tropical mega-city, urban 

biodiversity, ecosystem services, urban woodland  
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CHAPTER ONE 

General introduction 

 

Urbanisation is a rapid and devastating process of landscape alteration that converts natural 

and semi-ƴŀǘǳǊŀƭ ŀǊŜŀǎ ǘƻ ǘƻǿƴ ŀƴŘ ŎƛǘƛŜǎ ό.ǊŜƴ 5Ω!ƳƻǳǊΣ нлмсΤ 5ŜƴƎ et al., 2015; Parris, 

2016). This process drives numerous environmental changes such as air pollutions (Di 

Sabatino et al., 2018; Silver et al., 2018) and urban heat island effects (Estoque et al., 2017; 

Lee et al., 2020). Despite its economic importance and links to employment and education 

opportunities, the stressful urban environment adversely ƛƴŦƭǳŜƴŎŜǎ ǇŜƻǇƭŜΩǎ ƘŜŀƭǘƘ ŀƴŘ ǿŜƭƭ-

being (Dye, 2008; Eckert and Kohler, 2014). As most people either live or work in urban areas, 

there is increasing interest in mitigating these adverse impacts and improving quality of urban 

life, most of which focus on nature-based solutions such as availability of urban greenspace 

(Bertram and Rehdanz, 2015a; Krekel et al., 2016; Vujcic et al., 2017).  

Cities are, however, not just home for people but also a wide range of other species. The 

environmental changes along gradients from rural to highly urbanised areas generate 

selection pressures on wildlife τ with taxonomic groups and species exhibiting much 

variation in their abilities to cope with or adjust to these pressures (McKinney, 2002; Schochet 

et al., 2016). This leads to the winner-loser situation in which large numbers of species are 

eliminated from urban environments (McKinney and Lockwood, 1999). Urbanisation thus 

drives biodiversity loss (McKinney, 2002; McKinney, 2006; Shochat et al., 2010). Future 

urbanisation is predicted to occur disproportionately in biodiversity hotspots, especially those 

in tropical regions, further increasing extinction risk (Seto et al., 2012; Sodhi et al., 2004). 

Urbanisation can also reduce human-nature engagement which influences willingness to 

conserve nature, especially among younger people (Coldwell and Evans, 2017; Hosaka et al., 

2017; Soga et al., 2016).  
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This thesis introduction first describes urbanisation trends globally and southeast Asia (the 

region in which my case study (Bangkok) is located). I then discuss the environmental 

consequences of urbanisation with a focus on wildlife responses to urban selection pressures. 

I then discuss mitigating these impacts by changing the management of urban greenspace 

and thus promoting the development of more sustainable city. Finally, I present the thesis 

objectives and an outline of each data chapter. 

1.1 Urbanisation 

This section considers the recent trends in urbanisation. 

1.1.1 Global trends 

Globally, more people now reside in urban areas than rural ones (United Nations, 2018). In 

нллт ƘŀƭŦ ƻŦ ǘƘŜ ǿƻǊƭŘΩǎ ƘǳƳŀƴ ǇƻǇǳƭŀǘƛƻƴ ƭƛǾŜŘ ƛƴ ǳǊōŀƴ ŀǊŜŀǎ ŦƻǊ ǘƘŜ ŦƛǊǎǘ ǘƛƳŜ ŀƴŘ ǘƘŜ 

proportion living in urban areas is predicted to reached 68.4% by 2050 (Fig. 1.1a). There is a 

great variation across continents in the extent to which the human population is urbanised 

(United Nations, 2018), with only 49.9% of the Asian and 42.5% being urbanised in Africa (Fig. 

1.1b). More developed regions, such as Europe, Northern America, and Japan have had highly 

urbanised populations since, at least, 1950 (United Nations, 2018), whilst most less developed 

regions have just recently become urban urbanised (Fig. 1.1c). Income level is closely 

associated with the proportion of the population that is urbanised (Fig. 1.1d). 

Rising urban populations is partly due to the natural growth of the existing urban population 

and partly to the migration of people from rural to urban areas (United Nations, 2014). In the 

first decade of the 21st century these two processes contributed almost equally to global 

urban population growth (Tacoli et al., 2015). Cities tend to provide more shelter, services, 

transportation, and employment opportunities than rural ones (Moore et al., 2003), 

generating an attractive force that encourages rural-to-urban migration (Annez and Buckley, 

2009). Although not all migrants to cities benefit from moving to urban areas (Moore et al., 

2003; Zhao et al., 2006), this migration is one of the factors that helps to promote innovation 

and creativity (Annez and Buckley, 2009), and, at the national scale, urbanisation is vital for 

economic growth especially in the middle-income countries (Chen et al., 2014). 
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Figure 1.1: Graphic summaries of urban population during 1950 to 2018 and predicted data 

for 2019 to 2050 using statistics from World Urbanisation Prospects (United Nations, 2018); 

a) global urban and rural population, b) percentage of population residing in urban areas by 

continents, c) percentage of population residing in urban areas by development status, d) 

percentage of population residing in urban areas by income level, e) percentage of population 

residing in urban areas in Southeast Asia, and f) urban and rural population in Thailand. 
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Although migration of people from rural to the urban areas is related to the economic success 

of cities, the resultant urbanisation is associated with social (e.g. overcrowding, congestion, 

crime, etc.) and environmental problems (i.e. pollution, urban heat islands, etc.), especially in 

the low-income countries (Tacoli et al., 2015). Conversion of rural areas to towns and cities 

produces numerous environmental changes within the urbanised areas, and resource 

consumption by urban dwellers creates a wide range of environmental impacts outside the 

boundaries of the urban area (Lambin et al., 2001).  

From 1970 to 2000 urban areas expanded twice as fast as the urban human population (Seto 

et al., 2011). It was predicted that by 2030 more than one million km2 of lands will potentially 

be transformed into urban areas, threatening approximately 9% of the area of global 

biodiversity hotspots (Seto et al., 2012). Although urban areas are estimated merely around 

3% of the global surface area, they are centres of environmental problems, including pollution 

and biodiversity loss (Di Sabatino et al., 2018; Grimm et al., 2008; Zhao et al., 2006). 

1.1.2 Urbanisation in developing countries and southeast Asia 

Urbanisation in developing countries poses great challenges. The recent urbanisation rate in 

developing countries is four times higher than that experienced in developed countries (Fig. 

1.2; Angel et al., 2011; Chen et al., 2014; Henderson, 2002; United Nation, 2014). Nearly half 

of global urban expansion in the first part of the 21st century is predicted to occur in Asia, the 

largest region in terms of land area and human population size (Seto et al., 2012). Rapid 

economic growth, industrialisation, and globalisation are key factors driving urban growth in 

Asia (Schneider et al., 2015). Even though Asia only reached the point where half its human 

population lies in cities in 2018 (United Nation, 2018), the continent contains 16 mega-cities, 

defined as those with over 10 million inhabitants (United Nation, 2014). 

Southeast Asia is increasingly urbanised, as urban human population shifted from 198.8 

million (37.9% urban) in 2000 to 320.4 million (48.9% urban) in 2018 (Fig. 1.1e, United 

Nations, 2018). These shifts are occurring despite a general decline in human population 

growth rate (United Nations, 2019). For example, total human population in Thailand is 

predicted to gradually decrease after reaching 70 million in 2030 (Fig. 1.1f, United Nations, 

2018; United Nations, 2019). This increase in urbanisation is mainly driven by the shift from  

 primary economic sectors (i.e. agriculture) to secondary economic sector (i.e. industry) 
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(ASEAN, 2017), which generated forces promoting labour migration towards cities and 

resultant urbanisation (Dahiya, 2014).  

Rapid urbanisation in Southeast Asia is considerably influencing biodiversity loss (Sodhi et al., 

2004; Sodhi et al., 2010). During 1990 to 2010, urbanisation contribute to a conversion of over 

30 million hectares of natural forests in Southeast Asia (Stibig, 2014). In 2000, over 27,000 

km2 ƻŦ ǳǊōŀƴ ŀǊŜŀΣ ŀŎŎƻǳƴǘƛƴƎ ŦƻǊ уу҈ ƻŦ ǘƘŜ ǊŜƎƛƻƴΩǎ ǘƻǘŀƭ ǳǊōŀƴ ƭŀƴŘ ŎƻǾŜǊΣ ǿŜǊŜ ǎƛǘǳŀǘŜŘ 

in biodiversity hotspots (Fig. 1.3; Güneralp and Seto, 2013), and the area of urban land 

occurring in hotspot is predicted to double by 2030 (Seto et al., 2012). Additionally, urban 

development in this region can interrupt avian migration along the Asian-Australasian flyway 

which potentially adversely affects the nearly 500 migratory bird species that use this 

pathway (Fig. 1.4; BirdLife, 2015). As southeast Asia has a high level of species endemism 

(Sodhi et al., 2004), urbanisation in this region may significantly increase biodiversity loss at 

the global scale. 

 

   

Figure 1.2: World map shows growth rates of urban agglomerations during 1990ς2018 among 

cities in developing regions, especially in Asia and Africa, were higher than those in more 

developed regions in Europe and North America (taken from United Nations (2018)). Circles 

represent cities with a human population of 0.5 to 10 million, with circle size varying by 

ǇƻǇǳƭŀǘƛƻƴ ǎƛȊŜΣ ŀƴŘ ǎǉǳŀǊŜǎ ǊŜǇǊŜǎŜƴǘ ŎƛǘƛŜǎ ǿƛǘƘ җмл Ƴƛƭƭƛƻƴ ƘǳƳŀƴ ǇƻǇǳƭŀǘƛƻƴΦ /ƻƭƻǳǊs 

represent % growth rate (green represent the lowest growth rate (<1%) and red represents 

ƘƛƎƘŜǎǘ ƎǊƻǿǘƘ ǊŀǘŜ ƻŦ җр҈ύΦ 
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Figure 1.3: Southeast Asia map (taken from Sodhi et alΦ όнллпύύ ǎƘƻǿǎ ǘƘŜ ǊŜƎƛƻƴΩǎ ŦƻǳǊ 

biodiversity hotspots with bar charts indicates high proportion of species endemism.  

 

Figure 1.4: Map illustrates bird migratory route along the East Asia/Australasian flyway with 

ƎŜƴŜǊŀƭ ƛƴŦƻǊƳŀǘƛƻƴ ƻƴ ƴǳƳōŜǊ ƻŦ ǎǇŜŎƛŜǎ ŀƴŘ LƴǘŜǊƴŀǘƛƻƴŀƭΩǎ LƳǇƻǊǘŀƴǘ .ƛǊŘ !ǊŜa (IBA). 

Figure was reproduced from  BirdLife (2015).
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1.2 Environmental changes and selection pressures along the urbanisation gradient 

Urbanisation intensity is often defined by the proportion of impervious surface cover, i.e. 

building, road, paved ground (Arnold Jr and Gibbons, 1996; Moll et al., 2019; Parris, 2016), 

which is particularly concentrated in commercial and industrial areas (Alberti, 2005; Moll et 

al., 2019; Parris, 2016). By definition, impervious surface prevents infiltration of water into 

soil and thus influences storm water runoff (Arnold Jr and Gibbons, 2016; Fig. 1.5). Physical 

properties of impervious surface also considerably contribute to numerous climatic changes 

in the urban areas, such as absorbing and reflecting solar radiation, reflecting noise, 

interrupting nutrient cycle, etc. (Grimm et al., 2008; Parris, 2016; Raciti et al., 2012). 

Moreover, impervious surface also directly impacts urban vegetation by preventing root 

penetration and interrupting belowground biological activities (Bartens et al., 2009; 

Viswaqnathan et al., 2011). Consequently, environmental conditions at high levels of 

urbanisation intensity are heavily impacted by extensive coverage of impervious surfaces. 

This section discusses the selection pressures due to environmental changes along the 

urbanisation gradient, with the emphasis on their implications for urban wildlife. 

 

 

Figure 1.5: Impacts of impervious surface on surface water runoff, infiltration, and 

evapotranspiration comparing between natural process and urban environment. Figure taken 

from Federal Interagency Stream Restoration Working Group (1998). 
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1.2.1 Habitat loss, alteration, and fragmentation 

When cities grow, most of the original habitats are degraded and transformed into urban 

land, whilst remained areas are mostly isolated as small habitat patches (McDonald et al., 

2009) τ these impacts increase with the magnitude of urbanisation intensity (Du et al., 2019; 

Yao et al., 2019). Loss of original habitat directly threatens 33% of species of global 

conservation concern (i.e. IUCN red list), profoundly driving species extinction risk (Bright and 

Morris; 1995; Gurevitch and Padilla, 2004; Markovchick-Nicholls et al., 2008; Shanahan et al., 

2014). For example, loss of almost the entire original forest covers in Singapore has 

contributed to an estimated loss of approximately 28% of native plant species originally 

present (Duncan et al., 2011).  

However, in some locations, the loss of original vegetation is partially compensated by newly 

created urban greenspace (Pincetl et al., 2013; Wolch et al., 2014), such habitat can have high 

plant diversity of plant due to selection and introduction by people (Porter et al., 2001; 

Whitney and Adams, 1980). This creates novel ecosystems that typically contain a high 

proportion of non-native species (Morgenroth et al., 2016; Schlaepfer et al., 2020). Urban 

systems are thus often viewed as highly managed, complex and novel ecosystems (Savard et 

al., 2000). 

Habitat fragmentation, as a consequence of habitat loss, is the process of breaking continuous 

original habitat into several small habitat patches separating by different types of landscape 

matrix. The magnitude of habitat fragmentation varies with urbanisation intensity, ranging 

from highly fragmented in the urban core to more continuous patches in largely rural areas 

with negligible amounts of human settlement (Tian et al., 2011). Habitat fragmentation has 

profound negative impacts on wildlife.  Habitat specialists, such as forest-dependent species, 

are more sensitive to the impacts of habitat fragmentation as they are less able to disperse 

through the matrix generating functional isolation of populations in small patches that are 

often smaller than required for long-term viability (Watson et al., 2005).  

Populations confined to fragmented habitat patches are influenced by isolation, with 

movements between islands of suitable habitats adversely impacted by human 

transportation infrastructures, especially roads which are highly associated with the 

magnitude of urbanisation intensity (Kent et al., 2021). Roadkill causes approximately up to 
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340 million bird mortalities annually in the USA (Loss et al., 2014). Habitat fragmentation and 

isolation reduce effective population size and disrupt connectivity between population, 

leading to a loss of genetic diversity (Dixo et al., 2009). Furthermore, impaired animal 

movement across the isolated habitats affects plant-animal interaction, such as pollination 

(Fortel et al., 2014; Hermansen et al., 2017) and seed dispersal (Gelmi-Candusso and 

Hämäläinen, 2019; Niu et al., 2018).  

1.2.2 Pollution 

Cities are centres for pollution and environmental problems which are generally lowering the 

quality of urban life (Grimm et al., 2008; He et al., 2017; van Kamp et al., 2003). This section 

provides examples of these major types of urban pollution (i.e. urban heat island, air 

pollution, noise pollution, and light pollution), and its implications for urban dwellers, human 

and wildlife. To mitigate urban pollution, urban planners, policy makers, and researchers have 

been assessing potential approaches to improve urban greenspace management as potential 

nature-based solutions (see section 1.5.1). 

Urban heat island 

Urban heat island effect, the event that ambient temperature in the city is higher than the 

outer surrounding areas, is considered as thermal pollution (Memon et al., 2009; Oke, 1982). 

Rising temperature in the urban areas is mainly characterised by the conversion of permeable 

surface to impervious surface (e.g. roads, building, paved ground, etc.) which absorb solar 

radiation and subsequently release heat into the urban environment (Morabito et al., 2021). 

In addition to solar radiation, heat generated by human activities (e.g. automobiles, air-

conditioners, etc.) also greatly contributes to urban heat island effects (Parris, 2016; Phelan 

et al., 2015). Globally there is growing concern on the effects of urban heat island, as part of 

global climate change crisis, particularly across the Asian megacities (Chayapong and 

Dasananda, 2013; Estoque et al., 2017; Lee et al., 2020; Yue et al., 2019) 

Urban heat island effects critically impact human health by enhancing heat waves within cities 

in which can potentially increase mortality rate (Basu, 2009; Tan et al., 2010). They also 

strongly impact the ecology of urban environment. In temperate regions vegetation 

phenology is shifted by urban heat islands, with extended growing seasons and shifting 

flowering periods (Abu-Asab et al., 2001; Bechtel and Schmidt, 2011; Primack et al., 2009; 
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Zhenghong et al., 2009; Zipper et al., 2016). Conversely, urban heat island effect in the tropical 

city tend to shorten plant growing seasons (Kabano et al., 2021). These phenological shifts 

could disrupt biotic interactions between plants and their invertebrate consumers, generating 

impacts on higher order consumers (e.g. avian insectivores) through trophic mismatches 

(Chick et al., 2019), although this is not a universal pattern (Seress et al., 2018).  

Migratory birds adjust to urban heat island effect by advancing their first arrival date in the 

urban habitat (Tryjanowski et al., 2013) or not migrating (Bonnet-Lebrun et al., 2020). 

Thermal stress adversely impacts to reproductive success and survival of species in the urban 

environment (Diamond et al., 2018; Hall and Warner, 2018), in which tolerance to thermal 

stress vary by species (Battles and Kolbe, 2018; Diamond et al., 2018; Hall and Warner, 2019; 

Kaiser et al., 2016; Martin et al., 2019). Animals, especially ectotherms such as invertebrates, 

in the warm environment (i.e. urban environment) may adapt and subsequently evolve to 

tolerate high temperature, causing variation in thermal tolerance along the urbanisation 

gradient (Angilletta et al., 2007). Species having less ability to tolerate thermal stress are thus 

likely to be eliminated from the urban environment, leading to a local extinction (Baur and 

Buar, 1993).  

 

Figure 1.6: Sources of urban heat island and cooling effects from blue (i.e. water surface) and 

green (i.e. vegetation) structures. Figure was taken from Osaka City Environment Bureau. 
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Air pollution 

Globally, air pollution is one of the most marked urban environmental problems (He et al., 

2002; Hopke et al., 2008; Wakamatsu et al., 2013). Air pollution comprises a diversity of 

pollutants including ozone (O3), carbon monoxide (CO), carbon dioxide (CO2), nitrogen oxides 

(NOx), sulphur dioxide (SO2), particulate matters (i.e. PM2.5 and PM10), and heavy metals 

(McDonald, 2012). The key sources if these pollutants are burning fossil and other fuels for 

transportation, industrial and domestic purposes τ although construction and transportation 

are important additional sources of particulate matter (McDonald, 2012; Parris, 2016; Stone, 

2008). Whilst urban air quality in more developed regions such as Europe has been 

substantially improved (Guerreiro et al., 2014), air pollution has been increasing rapidly in 

developing Asian countries (Vadrevu et al., 2017; Zhang and Day, 2015), for example, the 

annual average of PM2.5 in Bangkok (Thailand) increased from 33 µg/m3 in 2011 to 36 µg/m3 

in 2014 which were consistently much higher than the annual average standard of 10 µg/m3 

by the WHO (Langkulsen et al., 2017). 

Urban air pollution is a major threat to human health (Guan et al., 2016; Kampa and Castanas, 

2008; Kim et al., 2018; Yang et al., 2020) and can generate with significant economic loss (Maji 

et al., 2018; Xie et al., 2019; Yin et al., 2021). There is also clear evidence indicating the 

adverse impacts of air pollution on birds (North et al., 2017; Salmón et al., 2018; Sanderfoot 

and Holloway, 2017), in which it may vary by species and mode of foraging (Eeva and 

Lehikoinen, 1995; Sepp et al., 2019). Several studies also indicated the direct impacts of urban 

air pollution on respiratory systems or reproductive success such as reducing quality of 

eggshell and nestling body condition in birds (Eeva and Lehikoinen, 1995; Eeva et al., 1998; 

Morrissey et al., 2014). Moreover, indirect impacts, such as altering habitat conditions and 

reducing food resources, were also documented (Liang et al., 2020). Consequently, adverse 

impacts of air pollution may also negatively influence density and diversity of urban wildlife 

(Sanderfoot and Holloway, 2017), in which it may plays significant role in driving urban 

biodiversity loss (Lovett et al., 2009). 

Noise pollution 

Noisy environments impact people and wildlife. Birds begin to respond to noise pollution at 

the levels of approximately 40dB (Shannon et al., 2016) and noise levels above 53dB will begin 
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to have adverse human health impacts (WHO, 2018). There are various sources of noise 

pollution occurring in the urban environment, but it is mainly associated with transportation, 

especially road traffic (Slabbekoorn, 2013; Shannon et al., 2016). Noise created from human 

activities changes the acoustic environment and affects wildlife mainly by interrupting their 

communication, such as, defending territory, mate attraction, alarm call, etc. Noisy areas may 

increase perceived predation risk by interfering with the detection of predators which results 

in an increasing vigilance rates and reduced feeding rates (Merrall and Evans, 2020). Low 

pitched anthropogenic noise tends to overlaps in frequency range with avian vocalisations 

(Nemeth et al., 2013). Song birds thus adjust to the presence of noise by levelling pitch 

frequency, amplitude, or avoiding the peak period of noise (Buxton et al., 2020; Cardoso and 

Atwell, 2011; Fuller et al., 2007; Parris and Schneider, 2009), whilst tolerance to 

anthropogenic noise varies among species (Buxton et al., 2020; Patón et al., 2012), in which 

some species appear to be insensitive to noise pollution (Angelier et al., 2016). Inter-specific 

variation in the sensitivity to anthropogenic noise may negatively influence abundance and 

species richness of urban birds (Barbosa et al., 2020; Perillo et al., 2017). However, some 

studies in the temperate cities have found a lack of such inter-specific variation in urban avian 

communities (e.g. Merrall and Evans, 2020).  

Light pollution 

At night, towns and cities are characterised by the presence of artificial light, such as building 

lights and streetlights (Longcore and Rich, 2004). Artificial light in the cities drives 

phenological changes in urban plants (~ƪǾŀǊŜƴƛƴƻǾł et al., 2017; Ffrench-Constant et al., 

2016), and consequently influences plant-insect interaction (Bennie et al., 2015). Artificial 

light at night considerably influences circadian rhythms, physiology, and behaviour of 

nocturnal insects, driving population declines (Boyes et al., 2021; Owens et al., 2020). 

Conversely, artificial light also provides additional foraging time for diurnal species, especially 

predators thus potentially shifting trophic interactions (Gaston et al. 2013; Longcore and Rich 

2004; Schoeman, 2015). 

Light pollution can also interrupt orientation in migratory species (La Sorte et al., 2017). 

Migratory birds are attracted to the night-time lights which tends to deplete more energy and 

migrating time (La Sorte et al., 2017). Disorient causing by artificial light at night during the 

migration is critical to life primarily from being exhausting (Loss et al., 2015; Spoelstra and 
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Visser, 2014). Moreover, whilst artificial light at night from urban buildings tends to attract 

migratory bird and lower their altitude (Watson et al., 2016), it also induces high chance of 

building collisions, in which it contributes to high avian mortality rates in the United States 

(Loss et al., 2014).  

1.2.3 Biotic interactions 

Urbanisation drives changes in the way species interact with each other. This section 

underlines changes in interspecific interactions in urban ecosystems including resource 

competition, predation pressures, and diseases transmission. Additionally, the impacts of 

invasive species are also described in this section as biological invasion. 

Interspecific competition  

Interspecific competition plays a significant role in shaping diversity and community 

structures in urban areas (Kath et al., 2009; Martin and Bonier, 2018). Whilst competition 

between species often occurs when species with similar niche are living in the same area (Di 

Santo et al., 2017), predictable availability of fundamental resources in the urban 

environment could increase competition between species by favouring generalist species that 

exploit the same niche as each other (Marzluff, 2001; Shochat, 2004; Shochat et al., 2010).  

Whilst in urban areas there is generally higher competition for resources, such as foods 

(Bonnington et al., 2014; Galbraith et al., 2015), nesting sites (Broughton, 2020; Charter et al., 

2016), and territory (Minias and Janiszewski, 2016) compared to other non-urban habitats 

(Shochat et al., 2010), competitive abilities, such as size, aggression, boldness, are species-

specific (Galbraith et al., 2017; Shochat, 2004). Moreover, in the human-dominated urban 

environment, superior competitive species are often restricted to a small number of species 

that are more tolerant of human disturbance and well adapted to the use human subsidised 

resources (McKinney, 2002). Species dominating at resources competition in the urban 

habitats are often non-native species (Borden and Flory, 2021; Galbraith et al., 2017; Shochat 

et al., 2010), there are, however, evidences that native species could also dominate in an 

urban area (Haythorpe et al., 2004). Only a few number of dominant species tends to displace 

other subordinate species, mostly native species, through competitive exclusion (Martin and 

Bonier, 2018), for example, dominance of non-native house sparrow Passer domesticus and 

spotted dove Streptopelia chinensis at bird feeders in New Zealand potentially reduce 
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diversity of native urban avifauna (Galbraith et al., 2017). Consequently, interspecific 

competition can thus lead to biotic homogenisation and local extinction (Crooks et al., 2004; 

Marzluff, 2001; McKinney and Lockwood, 1999). 

Predation 

Native predators tend to occur at lower densities in urbanised landscapes than more 

urbanised ones (Møller, 2012), leading to increased densities of some urban species 

(McKinney, 2002; Chace and Walsh, 2006). However, urban environments also have high 

densities of human commensal predators, such as cats Felis canis (see Loss and Marra, 2017) 

and dogs Canis lupus familiaris (see Doherty et al., 2017), that can greatly impact urban 

biodiversity. Cats are one of the most common companion animals and can cause profound 

loss of urban biodiversity. In China free-ranging cats are estimated to predate annually 

between 2.7ς5.5 million birds and 3.6ς9.89 million mammals (Li et al., 2021), and whilst most 

of the evidence is focused on westernised temperate regions some still regard the evidence 

for large scale population impacts to be equivocal (Baker et al., 2005; Baker et al., 2008; Loss 

and Marra, 2017; Santiago-Alarcon and Delgado, 2017; Woods et al., 2003). Similarly, despite 

far less attention than the impacts from domestic cats, domestic dogs contribute to 

extinctions of 11 vertebrate species and potentially threatened to nearly 200 threatened 

vertebrate species (Doherty et al., 2017).  

Disease transmission 

Changes in physical and biological attributes of the urban environment can increase 

transmission of infectious diseases to both people and wildlife (Bradley and Altizer, 2006; 

Mackenstedt et al., 2015; Young et al., 2017). This is partly due to higher densities of a smaller 

ƴǳƳōŜǊ ƻŦ ǎǇŜŎƛŜǎ ƛƴ ǳǊōŀƴ ŀǊŜŀǎΣ ŀǎ ǇǊŜŘƛŎǘŜŘ ōȅ ǘƘŜ ΨŘƛƭǳǘƛƻƴ ŜŦŦŜŎǘ ƘȅǇƻǘƘŜǎƛǎΩ ό5ƛŎǘŎƘƪƻŦŦ 

et al., 2006; Schmidt and Ostfeld, 2001; Shochat et al., 2006). High densities are compounded 

by concentration of individuals at spatially clustered resources, such as birds concentrating at 

supplementary feeding stations and bird baths (Parson et al., 2006, Cleary et al., 2016). Non-

native hosts that are highly abundant in the urban environment can introduce novel 

pathogens and transmitted to the native species (Tompkins et al., 2002). Moreover, 

increasing human-wildlife contact within the urban areas, particularly for some urban 

exploiter species, tend to increase pathogen transmission to human and diseases outbreak 
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(Blasdell et al., 2019; Desvars-Larrive et al., 2020; Rothenburger et al., 2017). Conversely, risks 

of disease and parasitic infections can also be reduced in the urbanised habitats due to lower 

density and diversity of insect vectors of pathogens (Evans et al., 2009; {ŀƴǘƛŀƎƻπ!ƭŀǊŎƻn et 

al., 2020).  

Invasive species 

Biological invasion is one of the most critical anthropogenic impacts on biodiversity (Shochat 

et al., 2010). Humans deliberately and accidentally facilitate the transport, introduction, and 

establishment of non-native species to urban environment (Bossenbroek et al., 2001; 

Lockwood et al., 2005; McKinney, 2008). Consequently, urban flora and fauna are typically 

considered as hotspot for non-native invasive species (Aronson et al, 2015; Borden and Flory, 

2021; Francis and Chadwick, 2015). 

Globally, invasive species are one of the major drivers of native biodiversity loss and species 

extinction risks (Clavero and Garcia-Berthou, 2005; Mollot et al., 2017), threatening over 900 

species of conservation concern on the IUCN red lists (Gurevitch and Padilla, 2004). The 

adverse impacts of invasive species can occur in various forms of species interaction, such as, 

competition (e.g. Davis, 2003; Kath et al., 2009), invasive predator (e.g. Davis, 2003; Loss et 

al., 2015), and diseases transmission (e.g. Blanvillain et al., 2021; Gozzi et al., 2013; Wells et 

al., 2014). However, it is worth noting that not all non-native species become invasive and 

have a significant adverse impacts (Davis et al., 2011), and biological invasion can have wide-

ranging impacts on urban ecosystem including supporting native biodiversity (Davis, 2011; 

Hitchmough, 2011; Rodriguez, 2006; Schlaepfer et al., 2020). There is growing evidence 

suggesting that non-native trees can provide substantial ecosystem services (Almas and 

Conway, 2016; /ŀǎǘǊƻπ5ƝŜȊ et al., 2019) which challenge urban planning decision that have 

traditionally prioritised native vegetation. 

1.2.4 Human activities 

Without doubt, presence of humans greatly impacts all other species (Gaston et al., 2003), 

especially in the urban areas where they are designed, created, and dominated by humans 

(Parris, 2016). Generally, animals consider human beings as potential predators and respond 

by avoiding people or increasing vigilance when close to people (Gill et al., 1996; Shanahan et 

al., 2011). There is however much inter-specific variation in these responses (Fernandez-
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Juricic and Jokimaki, 2001; McGiffin et al., 2013), with some species likely to avoid even a very 

low level of human disturbance, whilst others may tolerate extremely close response. Due to 

this inter-specific variation human disturbance can alter how species interact with each other 

in urban environment, e.g. human disturbance along roads may reduce rates of avian nest 

predation as nest predators are more sensitive to disturbance than their prey (Gering and 

Blair, 1999; Pescador and Peris, 2007). Some previous work has used spatial variation in 

human disturbance to conduct observational studies suggesting that this disturbance is an 

important determinant of the composition of urban bird assemblages (Ortega-Álvarez and 

MacGregor-Fors, 2009; MacGregor-Fors and Schondube; 2011). Reduction of human 

activities during COVID-19 pandemic lockdowns have enabled these suggestions to be 

confirmed experimentally (Driessen, 2021; Manenti et al., 2020). 

Human resource provision can alter wildlife behaviour and community structure. 

Supplementary food resources in urban areas are provided intentionally (wildlife feeding: 

Evans et al., 2011; Fuller et al., 2008) and accidentally (e.g. rubbish and food waste: Contesse 

et al., 2004; Smith an Carlile, 1993). Human planting decisions in domestic gardens, parks and 

along roads also determines food resources for wildlife (Corlett, 2005; Frankie et al., 2019; 

Parris, 2016). Feeding birds in parks and gardens is one of the most common recreational 

practises that bring human together with nature (Cox and Gaston, 2016; Fuller et al., 2008) 

further delivering educational benefits (Beck et al., 2001).  

Supplementary feedings in the urban areas can support an increase in bird abundance (Evans 

et al., 2011; Fuller et al., 2008; Jones and Reynolds, 2008) and enhance survival during the 

winter season which natural food resources are shorten (Robb et al., 2008). However, in 

relation to a high level of competition and low diversity of food type, species benefiting from 

supplementary feeding in urban areas tend to be species that have high levels of boldness, 

aggression, and tolerance of human disturbance (Evans et al., 2010; Lowry et al., 2013), 

potentially leading to human-wildlife conflicts (Savard et al., 2000). In contrary, resource 

provision by human can also have adverse impacts on wildlife by increasing predation risks 

(Hanmer et al., 2017), enhancing inter-specific competition (Bonnington et al., 2014), 

increasing diseases infection risks (Moyers et al., 2018; Schaper et al., 2021), and provision of 

low quality supplementary foods that adversely impacts reproductive success (Plummer et 

al., 2013). 
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1.3 Wildlife responses to the effects of urbanisation 

In general, urban selection pressures drive biological changes in wildlife, including their 

behaviour (Lowry et al., 2013; McGiffin et al., 2013; Miranda, 2017; Uchida et al., 2019), 

morphology (Banaszak-Cibicka et al., 2018; Liker et al., 2008), and physiology (Costantini et 

al., 2014; Hall and Warner, 2018). Ultimately these changes determine how population 

structure varies with urbanisation (Prange et al., 2003; Rodewald and Gehrt, 2014), with 

marked inter-specific variation in these responses (Gomes et al., 2011; McKinney, 2002).  

Species that are cope ǿŜƭƭ ǿƛǘƘ ǘƘŜ ǳǊōŀƴ ŜƴǾƛǊƻƴƳŜƴǘ ŀǊŜ ƻŦǘŜƴ ǘŜǊƳŜŘ ŀǎ ΨǎȅƴǳǊōƛŎΩ ƻǊ 

ΨǎȅƴŀƴǘƘǊƻǇƛŎΩ ǎǇŜŎƛŜǎ όCǊŀƴŎƛǎ ŀƴŘ /ƘŀŘǿƛŎƪΣ нлмнΤ WƻƘƴǎǘƻƴΣ нллмΤ [ǳƴƛŀƪΣ нллпΤ tŀǊƪŜǊ ŀƴŘ 

Nilon, 2012; Shochat et alΦΣ нлмлύΣ ƻǊ ΨǳǊōŀƴ ŜȄǇƭƻƛǘŜǊΩ ό.ƭŀƛǊΣ мффсΤ aŎYƛƴƴŜȅΣ нллнύΦ {ǳŎƘ 

speŎƛŜǎΣ ŎƻƴǘǊŀǎǘ ǿƛǘƘ ΨǳǊōŀƴ ŀǾƻƛŘŜǊǎΩ ŀƴŘ ΨǳǊōŀƴ ŀŘŀǇǘŜǊǎΩΦ 

Urban avoiders are sensitive to the presence of human and habitat disturbance (McKinney, 

2002), and tend to avoid human disturbed habitats (i.e. urban areas). Large mammals and 

predators, especially those that are in the higher trophic levels, are more likely to be urban 

avoider (McKinney, 2002; Møller, 2012). Most of these are also specialist species that tend to 

rely on specific natural resources and habitats (Johnston, 2001), and the abundance and 

diversity of urban avoider tend to decrease when urbanisation intensity increases (Fig. 1.7). 

Urban adapters are species that tend to find insufficient resources in highly urbanised 

locations but that also find relatively low abundance of their preferred resources in very rural 

areas. This may be due to adverse ecological impacts of agricultural intensification or because 

the species are adapted to edge habitats and thus their preferred resources are scarce in 

highly forested landscape (Fischer et al., 2014; Bateman and Fleming, 2012). Urban adapters 

thus have highest population densities in suburban areas or at the interface between 

urbanised and natural habitats, where levels of human disturbance are moderated (Fig. 1.7), 

human subsidised resources are provided, and natural predators are scarcer (Callaghan et al., 

2020; McKinney, 2002; McKinney, 2006; Møller, 2012).  

Urban exploiters are species that adapt well to utilise human subsidies, but they differ from 

urban adapters as they are almost completely rely on it (McKinney, 2002). These species are 

highly tolerant of human disturbance and the extreme environmental conditions present in 

cities (Banks and Smith, 2015). Mechanisms underlining this adaptation may include 
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behavioural traits (Evans et al., 2011; Møller, 2009), such as boldness (Gravolin et al., 2014; 

Vines and Lill, 2016), and degree of sociality (Kark et al., 2006) and wide range of dietary 

niches (Palacio, 2020). The population densities of urban exploiters thus peak at very high 

urbanisation intensities (Fig 1.7; Blair, 1996; McKinney, 2002). Consequently, urban exploiters 

can become pests in urban areas, examples include feral pigeon Columba livia (Gendall et al., 

2015) and brown rat Rattus norvegicus (Desvars-Larrive et al., 2020; Rothenburger et al., 

2017). Even urban exploiters may, however, be vulnerable to declining environmental 

conditions in urban areas as evidenced by marked declines in urban house sparrow Passer 

domesticus populations in Europe (Angelier et al., 2016; Mohring et al., 2021). Globally, only 

a very small proportion of species are urban exploiter, many of which are invasive non-natives 

in many of the urban areas in which they occur. Such distributions arise as across the globe 

cities tend to have very similar environmental condition (McKinney, 2006), and these species 

contribute to the biotic homogenisation in the urban habitats (McKinney and Lockwood, 

1999). 

 
Figure 1.7: Population response of urban avoider, urban adapter, and urban exploiter along 

the urbanisation gradient using examples from the Australian avifauna (taken from Callaghan 

et al. (2020)). 
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Figure 1.8: Species diversity tends to peak at the intermediate levels of urbanisation intensity, 

but most such studies have been conducted in temperate regions (modified from Luck and 

Smallbone (2010) and Lancaster county planning commission (December 13, 2012)). 

Along the rural-to-urban gradient, it is clear that highly urbanised areas have the lowest 

number of species (Lee et al., 2021; McKinney, 2006), but the intensity of urbanisation at 

which species richness peaks is still somewhat unclear. Many studies from temperate regions 

often report a unimodal pattern of species richness along the urbanisation gradient (Fig. 1.8), 

with the peak occurring at intermediate level of urbanisation intensity τ although this varies 

with taxonomic group and the spatial scale at which urbanisation is defined (Crooks et al., 

2004; Porter et al., 2001; Vignoli et al., 2013). These patterns are probably partially generated 

by high habitat diversity that enables relatively large numbers of generalist urban adapter 

species to co-occur, and compensates (in terms of number of locally occurring species) for the 

exclusion of urban avoiders (Blair & Johnson, 2008; Mckinney, 2002; Tratalos et al., 2007). 

However, it is still unclear if such patterns also arise in the tropical region. They may not do 

so if tropical assemblages comprise a greater proportion of specialists (which is sometimes 

thought to be the case τ although this is debated), which are less likely to be able to tolerate 

even moderate levels of urbanisation. Human planting and other management decisions may 

also generate divergent patterns in habitat diversity along the urban-rural gradient in tropical 

and temperate regions. Given the current rapid urbanisation of tropical region (Seto et al., 



20 
 

2012) and the much greater biodiversity in such regions understanding the exact pattern of 

species richness along tropical urbanisation gradients is essential. 

1.4 Biotic homogenisation 

Urbanisation has been viewed as the major cause of biotic homogenisation (McKinney, 2006; 

Blair and Johnson, 2008; Ferenc et al., 2014). Biotic homogenisation is the process of 

increasing similarity between ecological communities due to biological invasion and local 

extinction of native species occurring at the same time (McKinney and Lockwood, 1999; 

Olden, 2006; Tabarelli et al., 2012). Cities are very homogenised habitats as they are built and 

functioned in according to human preference. Consequently, similarity in environmental 

conditions among cities thus favours towards similar group of species that have abilities to 

adapt to the urban environment, which narrow down to a few numbers of non-native 

synanthropic species (McKinney, 2006), and at the same time selectively removed large 

number of native urban avoider species (Blair and Launer, 1997). However, whilst several 

studies have focused on the role of non-ƴŀǘƛǾŜ Ψ²ƛƴƴŜǊΩ ƻƴ ŘǊƛǾƛƴƎ ōƛƻǘƛŎ ƘƻƳƻƎŜƴƛǎŀǘƛƻƴ όƛΦŜΦ 

through biological invasion), there is evidence ǘƘŀǘ ƴŀǘƛǾŜ Ψ²ƛƴƴŜǊΩ ŎƻǳƭŘ ŀƭǎƻ ŘǊƛǾŜ ōƛƻǘƛŎ 

homogenisation (Tabarelli et al., 2012). Biotic homogenisation is now considered as critical 

threat to global biodiversity, and conservation strategies for urban biodiversity should give 

attention on retaining native biodiversity and enhancing habitat heterogeneity to mitigate 

the impacts of biotic homogenisation (McKinney, 2006). 

1.5 Urban greenspace and ecosystem services 

The quality of the urban environment from a human perspective is strongly influenced by the 

abundance of urban greenspace and its accessibility for urban residents (Cox et al., 2018; 

Kabisch et al., 2016; Gianfredi et al., 2021; Schipperijn et al., 2010; Verheij et al., 2008). 

Although in highly urbanised locations greenspace tends to be small (Qian et al., 2015; Wolch 

et al., 2014; Sun and Chen, 2017), these locations provide numerous beneficial impacts for 

people as well as biodiversity (Bolund and Hunhammar, 1999). Whilst there is growing 

interest in mitigating adverse environmental impacts and promoting sustainable 

development and the quality of life in town and cities (Aronson et al., 2017; Kleinschroth and 

Kowarik, 2020), such goals are compromised by the lack of appropriate greenspace 

management in cities and limited financial resources (Song et al., 2021; Richards et al., 2017). 
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This section highlights the ecological benefits of urban greenspace and considers urban 

greenspace as a nature-based solution to mitigate urban environmental problems. This 

section focuses on urban trees as one of the key components of urban green infrastructure 

(Livesley et al., 2016; Ordóñez and Duinker, 2012).  

1.5.1 Ecosystem services of urban greenspace 

Ecosystem services are defined as the benefits that human derive, directly and indirectly, 

from ecosystem functions (Costanza et al., 1997) and there are many ways to classify 

ecosystem services. In this section ecosystem services of urban greenspace are discussed in 

four major categories; i.e. cultural services, regulating services, provisioning services, and 

supporting services (MEA, 2005). 

Cultural services 

The cultural services of urban greenspace are key for human well-being in the cities (Dickinson 

and Hobbs, 2017; Ko and Son, 2018; Scopelliti et al., 2016). Most of the urban greenspace is 

designed, created, and managed primarily for human purposes; e.g. public parks (Lin et al., 

2014), botanical gardens (Hu et al., 2017; Ward et al., 2010), and street trees (Thaiutsa et al., 

2008). This wide range of urban greenspace types provides opportunities for recreational and 

exercise activities, outdoor education, spiritual services (Ngulani and Shackleton, 2019), 

historic values, and enhancing urban aesthetics (Dickinson and Hobbs, 2017).  

Urban areas are typically stressful environments that adversely impact mental and physical 

health of their urban residents (Arena et al., 2017; Sandifer et al., 2015). It is well 

demonstrated, however, that engaging with nature in urban greenspaces can help mitigate 

stress and provide health, behavioural, and social benefits by increasing physical activities, 

social engagement, and attention restoration (Berto, 2005; Jennings and Bamkole, 2019; 

Shan, 2014; Zhou and Rana, 2012).  

Additionally, urban greenspace, especially those within or nearby schools or university, can 

offer great opportunities for outdoor education (Hutcheson et al., 2018), which not only 

provide a platform to support knowledge, especially but not just environmental education 

(Loures et al., 2007), it can also raise environmental awareness initiate a willingness to 

support conservation (Hosaka et al., 2017).  
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Regulating services 

Vegetation plays an important role in climate regulation and pollution reduction (van Ryswyk 

et al., 2019). The effectiveness of urban greenspace in cooling urban air temperature is 

primarily determined by features such as its size and type of vegetation (Aram et al., 2019), 

with trees being particularly important (Fowler et al., 2004). Trees can mitigate urban heat 

island effects by canopy evapotranspiration (Chen et al., 2019; Konarska et al., 2016; Meili et 

al., 2021) and shading effects (Armson et al., 2012; Lin and Lin, 2010). Trees further contribute 

to climate regulating by absorbing atmospheric CO2 and storing carbon in the form of biomass 

(Nowak et al., 1993; Nowak, 2013), with tree planting being one of the most cost-effective 

solutions to regulate global CO2 concentrations (Jayasooriya et al., 2017; McHale et al., 2007). 

Moreover, cooling effects of urban greenery can also indirectly reduce CO2 emission via 

reducing energy uses in urban buildings (Jayasooriya et al., 2017; Nowak et al., 2017; Wang 

et al., 2019), thus also contributes to economic benefits through reduced energy bills (Isaifan 

and Baldauf, 2020; Nowak et al., 2017). Urban vegetation helps to mitigate air pollution by 

absorbing air pollutants through leaf stomata and through dry deposition of particulate 

matter on leaf surface (de Jalón et al., 2019; Nowak et al., 2006). Capacity to remove air 

pollutants is highest in trees due to a substantially higher biomass and surface areas than 

herbaceous vegetation, for example, a study in UK shows PM10 captured by trees was three 

time higher than grasslands (Fowler et al., 2004). In Beijing (China), over 1,200 tons of annual 

air pollutant removed by trees in 2002, most of which was PM10 (61% of the total; 2005). 

Dense vegetation in urban greenspace can reduce noise pollution (Ow and Ghosh, 2017; Van 

Renterghem et al., 2012). 

Plant species vary in their ability to generate regulating ecosystem services (Lin and Lin, 2010; 

Mo et al., 2015; Salmond et al., 2016), with traits such as canopy density, foliage longevity, 

water-use strategy, and emission of reactive compounds being associate with air pollution 

reduction efficiency (Grote et al., 2016). Study in China shows species with high density of 

pubescene and rougher leaves can intercept more particulate pollutants (Mo et al., 2015). 

Species with high foliage density and thick and rough leaves tend to have a greater cooling 

effect (Lin and Lin, 2010). Appropriate species selection is thus key maximising the ability of 

vegetation, especially to maintain service provision in the future in the face of long-term 

environmental change (Hewitt et al., 2020; Morani et al., 2011; Tallis et al., 2011). 
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Provisioning services 

Food production is one of the most well-known provisioning services (Richardson, 2010). 

Whilst urban food security is of increasing global concern (Prosekov and Ivanova, 2018; 

Rahaman et al., 2021), urban greenspace can contribute to urban food security through food 

production from its edible vegetation components (Çelik, 2017; Russo et al., 2017). Planting 

edible plants in urban greenspace can provide important food sources for local, especially 

impoverished, residents (Dimitri et al., 2016; Meenar and Hoover, 2012). There are various 

types of greenspace that can contribute to urban agriculture (see Lin et al., 2015) including, 

community/allotment gardens (Dobson et al., 2020; Edmondson et al., 2020a), home gardens 

(Galhena et al., 2013), easement gardens (Hunter ad Brown, 2012), rooftop gardens 

(Calheiros and Stefanakis, 2021), orchards (Horák et al., 2018; Vahidi et al., 2018), and peri-

urban agriculture or the original agricultural lands that often exist at the edge of the urban 

areas (Opitz et al., 2016; Thebo et al., 2014). Despite limited greenspace in urban areas it has 

been suggested that there is still sufficient space to grow food in urban locations, albeit with 

some trade-off with alternative land-uses, and that public engagement and technology are 

often greater challenges (Edmondson et al., 2020b). The importance of urban, especially 

domestic, food production was highlighted in much of the world during the COVID-19 

pandemic lockdowns when fresh food supplies were limited and increasing risk of infection 

from crowds at market places reduced access to food for some urban residents (Khan et al., 

2020; Loker and Francis, 2020; Nicola et alΦΣ нлнлΤ hΩIŀǊŀ ŀƴŘ ¢ƻǳǎǎŀƛƴǘΣ нлнмύΦ  

Supporting services 

Productions of all other ecosystem services (described above) depends on supporting 

services, such as soil formation and nutrient cycle, that determine capacity of natural 

processes and productivity (Deutsch et al., 2013). In the urban setting, soils are often covered 

by impervious surface (i.e. soil sealing) and are modified by, for example, filling of artificial 

substrates, addition of soils from outside the city, excavation of urban soils, soil compaction, 

and contamination of chemical compounds (Byrne, 2007; Lorenz and Kandeler, 2005; 

Sauerwein, 2011). These modifications alter nutrient and hydrological cycles in the urban 

systems, which consequently influences other ecosystem service provisioning. Despite a 

generally low quality of urban soils (e.g. Herrmann et al., 2017; Zhao et al., 2013), organic 

matters and nitrogen contents in soils in some urban greenspace, such as parks and 
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allotments, can be found higher than arable lands in non-urban areas (e.g. Edmondson et al., 

2014; Schindelbeck et al., 2018). Provision of supporting services, alongside with regulating 

services, in the urban setting is thus considered most important in urban parks (Bertram and 

Rehdanz, 2015b). 

1.5.2 Challenges in managing urban greenspace 

It is clear that urban greenspace is crucial for sustainable urban development. Moreover, 

within cities the distribution of urban greenspace is often unequal, with disadvantaged groups 

having far less access to green-space and its associated ecosystem services especially in 

developing countries (Rigolon et al., 2018). The opportunities and willingness to increase 

urban greenspace is, however, limited by the availability of land that can be converted to 

greenspace and the high cost of doing so (Richards et al., 2017). Although the increasing 

wealth of many economics in southeast Asia may enable a small number of flagship projects 

creation of new urban greenspace is unlikely to be a universal or sufficient solution in solution. 

One thus needs to consider how to maximise the benefits delivered by existing greenspace 

which is often poorly managed in terms of biodiversity and ecosystem services (Aronson et 

al., 2017). One potential leverage point for enhancing management of privately owned space 

is the link between the amount and quality of greenspace and property prices (Pandit et al., 

2014; Sander et al., 2010). This could be used to encourage urban residents to maintain tree 

ŎƻǾŜǊ ŀƴŘ ƛƴŎǊŜŀǎŜ ǘǊŜŜ ǇƭŀƴǘƛƴƎ ƻƴ ǘƘŜƛǊ ƭŀƴŘǎΣ ǿƘƛŎƘ Ŏŀƴ ŀƭǎƻ ƛƴŎǊŜŀǎŜ ǇŜƻǇƭŜΩǎ ŜƴƎŀƎŜƳent 

with nature and willingness to support conservation (Coldwell and Evans, 2017). Greenspace 

management to improve urban environment could start from enhancing capacity to support 

urban biodiversity of existing urban greenspaces (Aronson et al., 2017), for example, replacing 

heavily managed grassland to high biodiverse urban meadows (Norton et al., 2019). 

Conversely, although ecosystem services of urban greenspace its well supported and 

increasing urban greenspace in towns and cities is widely suggested, urban greenspace is not 

always desirable. Urban greenspace with poor landscape design and many hidden areas can 

induce crimes, especially during the night (Boessen and Hipp, 2018; Ceccato, 2014; Groff and 

McCord, 2012; Lyytimäki et al., 2008; Sreetheran and Van Den Bosch, 2014; Taylor et al., 2019; 

but also see Bogar and Bayer, 2015; Escobedo et al., 2018). Trees, particularly those with poor 

maintenance, can damage building structures and falling branches can damage on property 

(van Haaften et al., 2016) and death or injury risks (Brookes, 2007; Forbes-Laird, 2009). This 
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is a major factor in decisions to remove urban trees (Conway and Yip, 2016). Further, urban 

greenspace can also promote human-wildlife conflicts by supporting habitats for nuisance 

wildlife (Lyytimäki et al., 2008; Soulsbury and White, 2016). Taking the views of balancing 

ecosystem services and disservices of urban greenspace is crucial for urban planning and 

management to support beneficial impacts of urban greenspace whilst mitigating ecosystem 

disservices and reducing human-wildlife conflicts (Hosaka and Numata, 2016; Lyytimäki and 

Sipilä, 2009). 

Several studies have addressed the adverse impacts of human density on wildlife in urban 

greenspace and reduction of human disturbance in urban greenspace has been suggested 

(Gaynor et al., 2018; Kang et al., 2015). Exposure of people to nature in the urban 

environment is critically important, however, for maintaining human well-being and the 

benefits of human-nature engagement on initiating willingness to support conservation. This 

poses a great challenge in optimising human-nature interactions in urban planning and 

management (Rega-Brodsky et al., 2018). There is thus a growing need to integrate ecological 

and biodiversity concepts into the planning and management of urban environment, 

potentially with zoning areas according to the levels of human-wildlife interactions that are 

facilitated, to sustain and enhance both human well-being and ecological fertility of the urban 

environment (Aronson et al., 2017; Snep and Opdam, 2010; Tan and bin Abdul Hamid, 2014). 

1.6 The Bangkok region τ a case study of a rapidly urbanising tropical mega-city 

Bangkok, the capital city and the only mega-city in Thailand, provides a good example of a 

rapidly urbanising tropical mega-city in southeast Asia (see section 1.1.2). The urban human 

population size has increased from 4.7 million in 1980 to 6.4 million in 2000 and 10.5 million 

in 2020, and has been predicted to exceed 12 million by 2030 (United Nations, 2018). The flat 

topography of Bangkok has facilitated this expansion, although expansion in the southern 

region is limited by the inner gulf of Thailand (Estoque and Murayama, 2015; Fig. 1.9).  

Bangkok is located in the Indo-Burma biodiversity hotspot (Myers et al., 2000) and has a 

tropical monsoon climate. The city is separated into eastern and western sections by the 

Chao-Praya river that runs through the central plains of Thailand and flows into the Gulf of 

Thailand. In this thesis, the Bangkok region is delimited by a 70 km × 80 km rectangle (5,600 

km2) covering Metropolitan Bangkok and parts of the surrounding provinces (Fig. 1.9). This 
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broader extend covers the lower part of the Chao-Praya lowland τ ǘƘŜ ŎƻǳƴǘǊȅΩǎ ƭŀǊƎŜǎǘ ǊƛǾŜǊ 

basin, comprising various types of natural and semi-natural habitats such as wetlands, 

freshwater meadows, mangrove forests, and agricultural lands such as rice paddies and fruit 

orchards (Thaitakoo et al., 2013). This region harbours substantial biodiversity as, for 

example, 412 bird species and 127 tree species have previously been reported (Round and 

Gardner, 2008; Thaiutsa et al., 2008). Changes in vegetation dynamics due to unplanned 

urban development in Bangkok will profoundly contribute to biodiversity loss and 

environmental degradation (Song et al., 2021; Srivanit et al., 2012). Ecological research in this 

region will thus provide useful information on the impacts of rapid urbanisation on the 

tropical urban ecosystems.  

 

 

 

Figure 1.9: Map of Thailand with colours representing altitude (m) and the location of 

Bangkok (modified from www.mitrearth.org). An inset map shows ǘƘŜ DƻƻƎƭŜ 9ŀǊǘƘΩǎ ǎŀǘŜƭƭƛǘŜ 

image of the Bangkok region taken in 2018 with a 70 km × 80 km grey rectangle border 

delimiting the focal study region. 
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1.7 Aims of thesis 

Whilst the importance of healthy urban environments for sustaining and promoting quality 

of life is beyond question, understanding of urbanisation impacts on biodiversity and its 

related ecosystem services are rather limited. Moreover, urban ecological research is 

geographically biased towards more developed countries in the temperate regions, with less 

attention being given to developing tropical countries which are experiencing the highest 

rates of urbanisation. Research into urbanisation and its implication for urban ecosystems in 

developing tropical cities is therefore crucial for informing effective management and 

conservation of biodiversity. To provide a case study of a rapidly urbanising tropical mega-

city, the thesis work investigates urbanisation in Bangkok (Thailand) and its implications for 

urban ecosystems including biodiversity (i.e. trees, birds, squirrels and tree-shrews), and 

ecosystem services (Fig. 1.9). Objectives for each chapter of this thesis are: 

Chapter 2: To construct landcover maps of Bangkok region comparing between two recent 

time points using high resolution aerial imagery from Google Earth and assess 

spatiotemporal pattern in vegetation dynamics along the gradient of urbanisation 

intensity. 

Chapter 3: To investigate how assemblages of squirrels and tree shrews respond to 

urbanisation intensity and urban selection pressures and assess if urbanisation 

promotes hybridisation between two allopatric squirrel species by increasing the 

permeability of an ecological barrier. 

Chapter 4: To assess how species richness and ecosystem services potential of tree 

assemblages vary along the gradient of urbanisation intensity and assess if 

provision of ecosystem services is greatest in areas with higher tree diversity. 

Chapter 5: To assess the avian species richness-urbanisation intensity relationship in a tropical 

urban ecosystem and to assess how these relationships are altered by retaining 

woodland cover along the gradient. This thus provides insights into potential 

mitigation strategies for urban avian conservation. 

Chapter 6: To discuss recent pattern in urbanisation in the Bangkok region, biodiversity 

consequences, and possible mitigation solutions for a rapidly urbanising tropical 
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mega-city. This generate further research questions to explore urban ecology and 

implications for management and conservation in this region. 

All data chapters within this thesis (i.e. Chapter 2ς5) are presented as the exact version that 

were submitted ǘƻ ǘƘŜ ǎŎƛŜƴǘƛŦƛŎ ƧƻǳǊƴŀƭΣ ƛƴ ǿƘƛŎƘ ǘƘŜ ǇƭǳǊŀƭ ǘŜǊƳǎ όƛΦŜΦ Ψ²ŜΩ ŀƴŘ ΨhǳǊΩύ ŀǊŜ 

ǳǎŜŘΣ ŀƴŘ ƛƴ ŀƭƭ ƻǘƘŜǊ ŎƘŀǇǘŜǊǎ όƛΦŜΦ /ƘŀǇǘŜǊ м ŀƴŘ сύ ǘƘŜ ǎƛƴƎǳƭŀǊ ǘŜǊƳǎ όƛΦŜΦ ΨLΩ ŀƴŘ ΨaȅΩύ ŀǊŜ 

used. Furthermore, all spellings in chapter 5 are in American spelling to meet the guidelines 

for the journal Ecological Applications. 
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Figure 1.10: Conceptual diagram summarising thesis framework based on four data chapters.

2
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CHAPTER TWO 

Urbanisation of a growing tropical mega-city during the  

21st century τ landscape transformation and vegetation 

dynamics (in preparation for the journal Landscape and 

 Urban Planning) 

 

Abstract 

The world is becoming increasingly urban and the resultant marked landscape transformation 

drives marked vegetation loss and shifts in the abundance of different vegetation types, major 

consequences for ecosystem services and biodiversity. The fine scale spatial and temporal 

dynamics of these vegetation changes is, however, insufficiently understood τ especially in 

tropical megacities which are often located in biodiversity hotspots and are amongst the most 

rapidly growing urban areas. Most Southeast Asian cities have for example been growing 

rapidly throughout the 21st ŎŜƴǘǳǊȅΣ ŦƻǊ ŜȄŀƳǇƭŜΣ .ŀƴƎƪƻƪΩǎ ό¢ƘŀƛƭŀƴŘύ ƘǳƳŀƴ ǇƻǇǳƭŀǘƛƻƴ 

increased by over a million inhabitants from 2000 to 2020. Here we quantify recent changes 

(from ~ 2004 to ~ 2018) in landcover across the greater Bangkok region using high resolution 

aerial imagery. Specifically, we first contrast landcover dynamics in newly urbanised areas 

(created by urban expansion) with those occurring in existing urban areas that are 

experiencing increasing urbanisation intensity (created by densification). We then assess how 

total vegetation cover and coverage of specific vegetation types vary along the urbanisation 

gradient and assess if landcover changes have generated temporal shifts in the vegetation 

cover-urbanisation intensity relationship. We then quantify how temporal changes in 

landcover vary with magnitude of urbanisation intensity. Finally, we quantify how temporal 

changes in vegetation cover due to conversion between impervious surface cover vary along 
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the urbanisation gradient. Our results indicate the Bangkok region has undergone intensive 

urban development, resulting in a considerable loss of vegetation cover. The lack of a 

temporal shift in the form of vegetation cover-urbanisation intensity relationships indicates 

the ability of space-for-time substitution approaches to predict future vegetation dynamics. 

Expansion and densification have similar affects at local spatial scales on the loss of total 

vegetation and grassland, but urban growth has primarily arisen through expansion, which 

thus contributes significantly more to loss of these vegetation types than densification. Rice 

field loss is relatively limited, and has arisen primarily from expansion. Policies that promote 

densification may thus appear to be advantageous in protecting vegetation cover and 

agricultural production. Yet, infill densification has generated substantial local loss of tree 

cover, contrasting with increasing tree cover elsewhere τ including in areas experiencing 

urban expansion. There is an urgent need for actions to implement effective tree protection 

and planting schemes in highly urbanised locations to avoid detrimental impacts of 

densification on people and biodiversity. 

Keywords: space-for-time substitution, tropical city, urban woodland, urban greenspace, 

densification, expansion, compact city 
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2.1 Introduction  

The global human population is growing rapidly, with more people now residing in urban 

areas than rural ones (United Nations, 2019). The spatial extent of urban areas is, however, 

expanding even more rapidly than the growth rate of human urban populations (based on 

global data from 1970 to 2000; Seto et al., 2011). This increase in urban land-cover arises from 

densification within urban areas (i.e. conversion of urban greenspace to impervious surfaces) 

and expansion (i.e. conversion of rural areas to impervious surfaces). Growth of global land 

cover is set to continue with approximately 0.6ς1.3 million km2 of rural land having a high 

probability of being converted into urban areas between 2015 and 2050 (Huang et al., 2019). 

Nearly half of this growth is predicted to occur in Asia (Huang et al., 2019), a region which 

already contains significant urban regions (e.g. 16 megacities, defined as cities with over 10 

million inhabitants) even though most of the Asian human population still resides in rural 

areas (United Nation, 2019). 

Within Asia, southeast Asia has experienced one of the fastest rates of urbanisation during 

the 21st century (ASEAN, 2017; Hughes, 2017), and this rate is notably higher than those in 

developed regions, i.e. Europe, North America and Oceania (Seto et al., 2011). Southeast 

!ǎƛŀΩǎ ƘǳƳŀƴ ǇƻǇǳƭŀǘƛƻƴ ƛǎ ǇǊŜŘƛŎǘed to continue urbanising rapidly, growing from 37.9% in 

urban areas in 2000 to 50% by 2020 and 66% by 2050 (United Nation, 2019).  

Urbanisation is a major factor driving biodiversity loss in Southeast Asia (Sodhi et al., 2004; 

Sodhi et al., 2010), with alƳƻǎǘ ŀƭƭ ƻŦ ǘƘŜ ǊŜƎƛƻƴΩǎ ǳǊōŀƴ ŀǊŜŀǎ ƻǾŜǊƭŀǇǇƛƴƎ ǿƛǘƘ ƛǘǎ ŦƻǳǊ 

biodiversity hotspots (Güneralp and Seto, 2013). The impact of urbanisation on biodiversity 

hotspots in Southeast Asia is predicted to increase significantly, with the urbanised area of 

these hotspots growing from approximately 27,000 km2 in 2000 to nearly 100,000 km2 in 2030 

(Seto et al., 2012). The adverse impacts of increased urban landcover within these hotspots 

may be particularly marked as Southeast Asian cities tend to have a lower proportion of 

green-space than cities in other regions (Richards et al., 2017), and thus less capacity to 

support biodiversity (Aronson et al., 2017; Karuppannan et al., 2014). These adverse impacts 

on biodiversity will be particularly marked in those Southeast Asian cities with high population 

densities and large spatial extents (Richards et al., 2017), i.e. megacities which often have 

some of the highest rates of urban expansion (Estoque and Murayama, 2015; Xu et al., 2019).  
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Environmental impacts of urban expansion can arise directly through conversion of natural 

habitat of high biodiversity value, such as forest and wetland, or indirectly through loss of 

agricultural land τ which is then replaced by clearance and conversion of natural vegetation 

types to create new farmland. These indirect impacts are often much greater than direct 

impacts (Song et al., 2015; van Vliet, 2019). In southeast Asia, around 2.5 Mha of agricultural 

land was converted to urban areas during 1992 to 2015, accounting for approximately 80% of 

ǘƘŜ ǊŜƎƛƻƴΩǎ ǳǊōŀƴ ƭŀƴŘ ŜȄǇŀƴǎƛƻƴ ό.ŀǊōƛŜǊΣ нллпΤ YǳƳƳŜǊ ŀƴŘ ¢ǳǊƴŜǊΣ мффпΤ Ǿŀƴ ±ƭƛŜǘΣ нлмфύΦ 

Urbanisation thus contributes significantly to the impact of agricultural expansion on tropical 

deforestation (Geist and Lambin, 2002). Conversely, urban expansion can lead to gains in tree 

cover when the original landscape has limited tree cover, and urban management policies 

encourages urban forestry and planting of street trees (5ƝŀȊπtƻǊǊŀǎ et al., 2014; Nowak et al., 

2001; Parris, 2016). 

There is a clear need to understand landscape dynamics arising from urbanisation which are 

frequently spatially and temporally variable (Estoque and Murayama, 2015; Schneider et al., 

2015; Seto et al., 2011; Song et al., 2021). Studies to date have quantified how topography 

and proximity to currently urbanised areas and transport networks influence the probability 

of urban expansion (e.g. Song et al., 2015; Xu et al., 2019), and how urbanisation can proceed 

along a gradual transition of increasing anthropogenic alteration of landscapes, i.e. from 

forest, to agriculture to urban land (e.g. Lemoine-Rodriguez et al., 2019). Adverse impacts of 

urban growth can be reduced by effective planning regulations that limit urban expansion and 

instead promote increasing urban intensity in already urbanised areas, i.e. urban densification 

(Broitman and Koomen, 2015). Such regulations are lacking, however, in much of the global 

south, including southeast Asian cities resulting in marked degradation of surrounding 

agricultural and semi-natural land as cities expand (Chandan et al., 2014; Srivanit et al., 2012; 

Song et al., 2021).  

Despite much interest and progress in understanding urban landscape dynamics there is 

limited understanding of fine-scale spatial patterns of urban expansion, including which 

habitat types are converted to urban land-covers, and how landscape dynamics vary 

depending on base-line levels of urbanisation. This is especially the case in rapidly urbanising 

regions. Here, as a case study, we focus on Bangkok, Thailand, which is located within the 

Indo-Burma biodiversity hotspot (Myers et al., 2000). Bangkok is one of southŜŀǎǘ !ǎƛŀƴΩǎ 
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rapidly growing mega-cities with population estimates of 63 million in 2000, increasing to 67.2 

million in 2010 and 69.8 million in 2020 (United Nations, 2019).  

Our overall objective is to quantify recent changes in landcover across the greater Bangkok 

region via landcover classification from high resolution aerial imagery. We quantify temporal 

changes in landcover from ~ 2004 to ~ 2018. We contrast the impacts of urban densification 

and expansion on vegetation cover by assessing if newly urbanised areas (created by urban 

expansion) have different landcover change dynamics compared to areas that are already 

urbanised and experiencing increasing urbanisation intensity (created by densification). We 

then assess the spatial pattern of landcover across the rural to urban gradient, assessing if 

landcover changes have generated temporal shifts in the relationship between urbanisation 

intensity and coverage of specific vegetation types. We then quantify how temporal changes 

in landcover vary with the magnitude of urbanisation intensity. Finally, we quantify how 

changes in vegetation cover arising from conversion to impervious surfaces, and from 

impervious surfaces to vegetation vary along the urbanisation gradient. The resultant data 

inform understanding of environmental impacts of urban development in this region and help 

develop recommendations for minimizing adverse impacts of urban development. 

2.2 Methods 

Defining the study area 

Our study area was delimited by a 70 km × 80 km rectangle (5,600 km2) centred approximately 

on the centre of Bangkok; it covers Metropolitan Bangkok and neighbouring provinces, i.e. 

Samuth-Prakarn, Samuth-Sakorn, Nakorn-Pathom, Nontaburi and Pathumthani (Fig. S2.1). 

The size and location of this grid captures the substantial amount of urban land-cover within 

the region that extends beyond the official administrative city limits, whilst also incorporating 

parts of the rural landscape surrounding Bangkok. This thus enables us to contrast land-cover 

change in urbanised and more rural locations whilst providing a suitable baseline for assessing 

further future impacts of urbanisation. 

Land cover classification 

The sampling region was divided into 5,600 1 km × 1 km cells and a grid of 140,000 evenly 

spaced sampling points (25 per cell, i.e. one sampling point every 200 m) in ArcGIS using the 
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UTM co-ordinate system. The habitat type at each sampling point was determined from high 

resolution aerial imagery obtained via Google Earth (following Evans et al. 2009). High 

resolution cloud free google earth images were selected that were centred on two time 

periods i) 2004 and ii) 2018. Due to a lack of cloud free images for some parts of the sampling 

region in these years we used the cloud free image that was closet in time to our target year. 

Images used for the most recent time period were either from 2017 (56.1% of grid cells) or 

2018 (43.9% of grid cells). For the 2004 sampling date 94% of grid cells were assessed using 

images taken within three years of the target year (Table S2.1). The remaining 6% of grid cells 

were all located far from the centre of Bangkok in mainly rural areas and the images available 

for these cells were from 2008ς2013. These grid cells typically had small and very similar 

amounts of urban land cover in both time periods (1st time period: 6.7% ± 0.4 (range 0ς

33.3%); 2nd time period (i.e. 2017/2018): 6.8% ± 0.4 (range 0ς43.5%). There was no significant 

difference in urban land cover in these grid cells between the two time periods (matched pair 

t-test: P = 0.137; n = 272) and inclusion of these grid cells thus has negligible influence on our 

estimates of how urbanisation influences land-cover change.  

Land cover type at each sampling point was classified into one of nine categories. These 

categories were selected to enable us to distinguish grey-space (i.e. urban land cover), green-

space (i.e. vegetation) and blue-space (i.e. areas of water) whilst obtaining as much 

information as is feasible given image quality regarding the precise nature of landcover within 

these categories. We classified each sampling point as one of the following: i) impervious 

surface (i.e. buildings, roads, pavements etc.; which is one of the most frequently used 

urbanisation intensity metrics (Moll et al., 2019), ii) trees (including shrubs), iii) grasslands 

(aerial imagery did not enable us to consistently distinguish managed and unmanaged 

grasslands), iv) rice fields (the dominant form of agriculture in the Bangkok region (Song et 

al., 2021)), v) salt pans, vi) green roofs, vii) bare ground, viii) construction sites and ix) water 

bodies.  

Images clearly enabled grassland to be distinguished from areas of trees and shrubs as the 

later exhibited distinct canopy shapes and often areas of shade. Vegetated rice fields were 

distinguished from grassland by the lattice network of fields, and uniform lighter green colour 

compared to other areas of vegetation. Flooded rice fields were distinguished from areas of 

permanent open water by checking images taken at different points within the same focal 
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year together with the lattice network of fields. Rice fields were distinguished from salt pans 

as the later are restricted to locations immediately next to the sea and are smaller than rice 

fields and never fully vegetated. Construction sites were distinguished from other areas of 

bare ground by the presence of building equipment or partially constructed infrastructure. 

Other land-cover types (impervious surface, water bodies, and green roofs) were 

straightforward to classify.  

The accuracy of our classifications was confirmed by comparing landcover classifications 

obtained from aerial imagery taken during our second time period (2017 or 2018) with 

ground-truth landcover classifications for 1,355 sampling points that were visited during 

March or April 2018. These ground truthing points comprised 150 points located at the centre 

of 150 1 km × 1 km cells that were selected using random stratification across the rural to 

urban gradient, and an additional 1,255 sampling points that were selected haphazardly due 

to their location close to travel routes between the randomly selected cells. These 

comparisons provide worst case scenarios for assessing the accuracy of landcover 

classifications from aerial imagery due to the potential for genuine landcover change to occur 

between the dates at which imagery was taken and the date of the ground-truthing visit, but 

revealed that classifications had at least 90% accuracy for almost all landcover types (Table 

S2.2). The exceptions were bare ground (62.50% accuracy) and construction sites (77.8% 

accuracy). These landcover types are particularly likely to exhibit rapid genuine change (as 

bare ground becomes vegetated due to succession or conversion to a construction site; and 

as construction sites are turned to impervious surfaces). We thus assessed if changes at these 

sampling points were due to classification error or genuine change by assessing all available 

aerial imagery between the date of the original image and the date at which ground-truthing 

occurred. All discrepancies were due to genuine landcover change implying that there was 

100% classification accuracy for bare ground and construction sites.  

Data analyses 

All analyses were performed in R studio version 3.4.2 (Rstudio Team, 2015). We excluded grid-

cells with over 80% surface water cover as such cells contain an insufficient number of land-

based sampling points with which to estimate changes in land-cover; all analyses are thus 

based on 5,482 (97.9%) of our original 5,600 grid cells. We start by quantifying changes 
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between our two time points (i.e. ~ 2004 and ~ 2018) in the percentage cover of each of the 

nine landcover types (impervious surface, trees, grasslands, rice fields, salt pans, green roof, 

bare ground, construction sites, and water bodies) and change in total green area (i.e. 

combining grasslands, rice fields and trees) using matched paired t-test. Note that only one 

sampling point (<0.001 %) was a green roof, and this habitat type was excluded from the 

calculation of total green area cover as the ecology of green roofs is very different to other 

green-spaces occurring at ground level (Maclvor, 2016). We used the false discovery rate 

(FDR) method of Benjamini and Hochberg (1995) to correct for multiple testing and report 

the FDR corrected P values. 

There is likely to be substantial heterogeneity in the nature of landcover change within the 

Bangkok region, especially regarding changes in vegetation types, depending on the original 

intensity of urbanisation. Areas that have recently become urbanised due to urban expansion 

will, for example, tend to have different vegetation dynamics than areas which were originally 

urbanised but are experiencing densification, i.e. becoming more urbanised (Parris, 2016). 

We define grid cells with over 25% impervious surface cover as urbanised grid cells (following 

Bonnington et al. (2013)). We then conduct three sets of matched paired t-tests that compare 

changes in vegetation cover, in total and for each vegetation type, across our two time periods 

for i) grid cells thaǘ ōŜŎŀƳŜ ǳǊōŀƴƛǎŜŘ ōŜǘǿŜŜƴ ƻǳǊ ǘǿƻ ŦƻŎŀƭ ǘƛƳŜ ǇŜǊƛƻŘǎ όǘŜǊƳŜŘ ά¦Ǌōŀƴ 

ŜȄǇŀƴǎƛƻƴέΤ фто ƎǊƛŘ ŎŜƭƭǎύΣ ƛƛύ ƎǊƛŘ ŎŜƭƭǎ ǘƘŀǘ ǿŜǊŜ ŀƭǊŜŀŘȅ ǳǊōŀƴƛǎŜŘ ƛƴ Ϥнллп ŀƴŘ ƛƴ ǿƘƛŎƘ ǘƘŜ 

ǇǊƻǇƻǊǘƛƻƴ ƻŦ ƛƳǇŜǊǾƛƻǳǎ ǎǳǊŦŀŎŜ ŎƻǾŜǊ ƛƴŎǊŜŀǎŜǎ ōȅ ƭŜǎǎ ǘƘŀƴ мл҈ όǘŜǊƳŜŘ άwŜƳŀƛƴ ǳǊōŀƴέΤ 

910 grid cells), iii) grid cells that were already urbanised in ~2004 with the proportion of 

ƛƳǇŜǊǾƛƻǳǎ ǎǳǊŦŀŎŜ ŎƻǾŜǊ ƛƴŎǊŜŀǎƛƴƎ ōȅ ƻǾŜǊ мл҈ όǘŜǊƳŜŘ ά¦Ǌōŀƴ ŘŜƴǎƛŦƛŎŀǘƛƻƴέΤ тсм ƎǊƛŘ 

ŎŜƭƭǎύΣ ŀƴŘ ƛǾύ ƎǊƛŘ ŎŜƭƭǎ ǘƘŀǘ ǊŜƳŀƛƴŜŘ ǊǳǊŀƭ όƛΦŜΦ ƛƳǇŜǊǾƛƻǳǎ ǎǳǊŦŀŎŜ Җн5%) during ~2004 to 

Ϥнлму όǘŜǊƳŜŘ άwŜƳŀƛƴ ǊǳǊŀƭέΤ нΣтрс ƎǊƛŘ ŎŜƭƭǎύΦ Lƴ ŜŀŎƘ ŎŀǎŜΣ ŘƛŦŦŜǊŜƴŎŜǎ ōŜǘǿŜŜƴ ǇŀƛǊŜŘ 

ǾŀƭǳŜǎ ǿŜǊŜ ƴƻǊƳŀƭƭȅ ŘƛǎǘǊƛōǳǘŜŘ ǘƘǳǎ ǾŀƭƛŘŀǘƛƴƎ ǘƘŜ ǘŜǎǘΩǎ ŀǎǎǳƳǇǘƛƻƴΦ /ƻƳǇŀǊƛƴƎ ǘƘŜ ǊŜǎǳƭǘǎ 

of these analyses enables us to assess how urban expansion and urban densification 

differentially influence vegetation dynamics, by contrasting rural sites that are converted to 

urban areas with those that remain rural, and contrasting urban sites that experience 

densification with those that do not. These analyses exclude a small proportion of grid cells 

(n = 82; 1.5%) that were urban in 2004 but which loose some impervious surface and became 

rural in 2018. Equivalent analyses conducted using 40% impervious surface as a threshold to 
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define urbanised grid cells (rather than 25%) generated very similar results (see Fig. S2.2; 

Table S2.3). The FDR method (p.adjust function in R) was applied for multiple comparison and 

corrected P values are reported. 

We then assess if landscape dynamics have generated temporal shifts in the relationship 

between urbanisation intensity and total vegetation cover and each of the most widespread 

types of vegetation cover (trees, grassland, and rice fields). We modelled the relationship 

between total vegetation cover and urbanisation intensity (i.e. percentage impervious surface 

cover) as these two variables are not simple the inverse of each other as three of our 

landcover classifications are neither greenspace or impervious surface (i.e. bare ground, 

construction sites, and salt pans). We modelled the focal vegetation cover response variable 

as a function of the proportion of impervious surface (including linear, quadratic, and cubic 

terms to detect simple non-linear relationships) constructing separate models using data 

from each of our two time periods. We took this appraoh rather than fitting all data in the 

same model with additional predictors of time period and interaction terms between time 

period and urbanisation intensity due to the complexity of fitting and interpreting multiple 

interaction terms (in the same model) with the linear, quadratic, and cubic functions of 

ƛƳǇŜǊǾƛƻǳǎ ǎǳǊŦŀŎŜ ŎƻǾŜǊΦ aƻǊŀƴΩǎ L ǘŜǎǘ όŀǇŜ ǇŀŎƪŀƎŜύ ŘŜǘŜŎǘŜŘ ǎƛƎƴƛŦƛŎŀƴǘ ǎǇŀǘƛŀƭ 

autocorrelation for all our response variable/year combinations (Table S2.4). We thus 

constructed generalised least squared models (gls function in nlme package) using three 

different spatial correlation structure (i.e. exponential, spherical, or gaussian), selecting the 

optimal structure based on Akaike Information Criterion (AIC) values (Table S2.5). We 

selected between linear, quadratic, cubic models using AIC values, i.e. selecting models with 

ƘƛƎƘŜǊ ǇƻǿŜǊ ǇǊŜŘƛŎǘƻǊǎ ƻƴƭȅ ǿƘŜƴ ǘƘŜƛǊ !L/ ǾŀƭǳŜǎ ǿŜǊŜ җн Ǉƻƛƴǘ ǾŀƭǳŜǎ ƭƻǿŜǊ ǘƘŀƴ 

alternative models, and when parameter estimates of the higher power predictors had 95% 

confidence intervals that did not overlap zero. 

Finally, we calculated three measures of vegetation dynamics between our two time periods 

for each grid cell: i) total net loss/gain of total vegetation cover and each vegetation type, ii) 

loss of total vegetation cover and of each vegetation type arising from conversion to 

impervious surface cover, and iii) gain in total vegetation cover and each vegetation type 

arising from conversion of impervious surface cover to vegetation. This third type of 

vegetation dynamic is rare but can occur, for example, when an urban area is abandoned or 
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when tree canopies expand. We then assess how vegetation dynamics change along the 

urbanisation gradient by modelling each type of vegetation dynamic as a function of 

impervious surface cover in our first time period whilst also taking into account the number 

of years between the two sets of images. We used linear, quadratic, and cubic terms of 

proportion of impervious surface, and again used AIC values, in combination with considering 

ƛŦ фр҈ ŎƻƴŦƛŘŜƴŎŜ ƛƴǘŜǊǾŀƭǎ ƻŦ ǇŀǊŀƳŜǘŜǊ ŜǎǘƛƳŀǘŜǎ ƻǾŜǊƭŀǇ ȊŜǊƻΣ ǘƻ ŀǎǎŜǎǎ ƳƻŘŜƭ ŦƛǘΦ aƻǊŀƴΩǎ 

L ǘŜǎǘǎ όŀǇŜ ǇŀŎƪŀƎŜύ ǊŜǾŜŀƭŜŘ ǇƻǎƛǘƛǾŜ ǎǇŀǘƛŀƭ ŀǳǘƻŎƻǊǊŜƭŀǘƛƻƴ ƛƴ ƻǳǊ ƛƴƛǘƛŀƭ ƳƻŘŜƭǎΩ ǊŜǎƛŘǳŀƭǎ 

(Table S2.6, S2.7), so we used generalised least squared model (gls function in nlme package) 

with three different spatial covariance structure (i.e. exponential, spherical, or gaussian) to 

taking spatial correlation into account. The optimal structure was again selected based on AIC 

values (Table S2.8). 

2.2 Results 

Summary of landcover transformations at the regional scale 

LƳǇŜǊǾƛƻǳǎ ǎǳǊŦŀŎŜ ŎƻǾŜǊ ƛƴŎǊŜŀǎŜŘ ǎƛƎƴƛŦƛŎŀƴǘƭȅ ŀŎǊƻǎǎ ǘƘŜ ǎǘǳŘȅ ǊŜƎƛƻƴ ōŜǘǿŜŜƴ ǘƘŜ ǎǘǳŘȅΩǎ 

two time periods (~ 2004 and ~ 2018) with fewer cells having less than 25% impervious 

surface cover, and more cells in all other impervious surface categories (Fig. 2.1). There was 

a significant decline in total vegetation cover and that of grassland and rice fields; whilst tree 

Table 2.1: Median, mean (± standard error) percentage cover of each landcover type in our 

two time periods ~2004 and ~2018, in 1 km × 1 km grid cells (n = 5,482). P-values of matched 

paired t-tests assessing the statistical significance of these changes were corrected using the 

false discovery rate (FDR) method (p.adjust function in R). Note that green roofs were only 

detect at one sampling point (<0.001% of the total). 

Landcover type 
~ 2004 ~ 2018 Matched paired t-test results 

Median Mean ± s.e. Median Mean ± s.e. t P 

Impervious surface 12.50 20.50 ± 0.30 23.53 29.16 ± 0.33 51.16 <2.2e-16 

Green areas (total) 84.41 76.82 ± 0.31 71.43 66.96 ± 0.33 -51.34 <2.2e-16 

Trees 16.00 18.86 ± 0.20 20.00 21.35 ± 0.21 13.50 <2.2e-16 

Grasslands 33.33 35.74 ± 0.31 20.83 25.11 ± 0.25 -41.95 <2.2e-16 

Rice fields 4.00 22.22 ± 0.39 0 20.5 ± 0.38 -9.35 <2.2e-16 

Salt pans 0 0.05 ± 0.02 0 0.04 ± 0.16 -2.23 0.029 

Green roof 0 0.00 ± 0.00 0 1.1e-3 ± 1.1e-3 1.00 0.317 

Bare ground 0 1.63 ± 0.07 0 3.31 ± 0.09 17.46 <2.2e-16 

Construction sites 0 1.00 ± 0.06 0 0.53 ± 0.03 -7.46 1.4e-13 

Water bodies 4 9.82 ± 0.20 4 10.37 ± 0.20 4.77 2.4e-6 
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cover increased (Table 2.1; Fig. 2.2, Fig. 2.3). There was a slight but significant decline in salt 

pans (Table 2.1), and whilst bare ground is consistently rare its cover doubled between our 

focal time periods, whilst the area of construction sites fell by nearly a half (Table 2.1). 

 

Figure 2.1: Impervious surface cover across the Bangkok study region in a) ~ 2004 and b) 

~ 2018 and c) number of 1 km × 1 km grid cells in each of the impervious surface categories 

in ~ 2004 (grey) and ~ 2018 (black).
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Figure 2.2: Number of grid cells in each vegetated landcover category in ~ 2004 (grey) and 

~ 2018 (black).
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Figure 2.3: Landcover maps show proportion of vegetation cover (total green area and three 

main vegetation types) of 1 km × 1 km grid cells in both time points and area net loss/gain 

(km2) during ~ 2004 to ~ 2018. 
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Impacts of urban expansion and densification on changes in vegetation cover 

Despite the increase in impervious surface cover our study region, just, remained primarily 

rural in our second time period, with 51.0% (n = 2,756) of grid cells being rural (defined as 

<25% impervious surface cover). 17.4% of grid cells (n = 973) experienced urban expansion 

between the two surveys period, i.e. switched from being rural to urban. 16.3% of grid cells 

(n = 910) remained urban during the survey period without experiencing urban densification; 

13.6% of grid cells (n = 761) that experienced urban densification during this period, with 

impervious surface cover in these cells increasing from a mean of 42.5 ± 0.47% (s.e.) to 62.1 

± 0.49% (s.e.) (median values increased from 40.0% to 62.5%).  

Total vegetation cover was substantially reduced in formerly rural grid cells that experienced 

urban expansion, contrasting with the negligible decline in vegetation cover in grid cells that 

remained rural (Table 2.2; Fig. 2.4a). Similarly, urban cells that experienced urban 

densification experienced much greater loss of vegetation cover than urban cells that did not 

experience densification (Fig. 2.4a). Tree cover negligibly increased in formerly rural grid cells 

that experienced urban expansion and grid cells that remained rural (Table 2.2; Fig. 2.4b). 

Tree cover slightly declined in urban grid cells that experienced urban densification, whilst 

there was a negligible increase in tree cover in urban grid cells that did not experience 

densification (Table 2.2; Fig. 2.4b). Grassland cover declined substantially in rural grid cells 

that became urban, but only declined very slightly in grid cells that remained rural (Table 2.2; 

Fig. 2.4c). Similarly, much greater loss of grassland cover was found in urban cells that 

experienced urban densification than urban cells that did not experience densification (Table 

2.2; Fig. 2.4c). Rice field cover declined to a much greater extent in formerly rural grid cells 

that experienced urban expansion, than those that remained rural (Table 2.2; Fig. 2.4d). Rice 

field cover declined negligibly and similarly in urban cells that did and did not experience 

urban densification (Table 2.2; Fig. 2.4d). 
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Table 2.2: Median, mean (± standard error) percentage cover of each vegetation type in our 

two time periods ~ 2004 and ~ 2018, in 1 km × 1 km grid cells classified as cells that change 

from rural to urban over this time period (urban expansion; n = 973), remain rural (n = 2,756), 

experience urban densification (n = 761), and remain urban without experiencing 

densification (n = 910). P values of matched paired t-tests assessing the statistical significance 

of these changes were corrected using the false discovery rate (FDR) method (p.adjust 

function in R).  

Urbanisation 
category 

~2004 ~2018 Matched paired t-test results 

Median Mean ± s.e. Median Mean ± s.e. t P 

Green area cover (all vegetation types)   

Urban expansion 83.33 83.00 ± 0.34 60.87 58.26 ± 0.38 -55.83 <2.2e-16 

Remain rural 95.45 92.48 ± 0.18 88.00 86.46 ± 0.21 -28.12 <2.2e-16 

Urban densification 56.00 53.66 ± 0.49 36.00 35.55 ± 0.47 -52.36 <2.2e-16 

Remain urban 43.48 43.90 ± 0.59 44.00 42.63 ± 0.54 -0.91 0.363 

Tree cover       

Urban expansion 18.18 21.24 ± 0.52 20.83 22.54 ± 0.44 2.84 0.005 

Remain rural 13.64 17.77 ± 0.30 16.67 21.17 ± 0.33 12.72 <2.2e-16 

Urban densification 20.00 20.23 ± 0.46 16.00 17.50 ± 0.37 -6.28 7.6e-10 

Remain urban 16.00 18.04 ± 0.40 21.74 22.92 ± 0.41 12.80 <2.2e-16 

Grassland cover       

Urban expansion 50.00 48.44 ± 0.68 26.09 28.12 ± 0.46 -32.87 <2.2e-16 

Remain rural 32.00 36.49 ± 0.48 24.00 28.13 ± 0.40 -22.78 <2.2e-16 

Urban densification 32.00 31.59 ± 0.60 16.00 17.12 ± 0.41 -30.42 <2.2e-16 

Remain urban 20.83 23.43 ± 0.56 16.00 18.78 ± 0.47 -11.70 <2.2e-16 

Rice field cover       

Urban expansion 0.00 13.33 ± 0.63 0.00 7.61 ± 0.41 -13.91 <2.2e-16 

Remain rural 39.13 38.22 ± 0.59 36.00 37.17 ± 0.59 -3.24 0.001 

Urban densification 0.00 1.84 ± 0.21 0.00 0.92 ± 0.12 -6.30 7.4e-10 

Remain urban 0.00 1.43 ± 0.18 0.00 0.92 ± 0.13 -5.35 1.4e-7 
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Figure 2.4: Box and whisker plots comparing vegetation cover in ~ 2004 (white) and ~ 2018 

(black) in each urbanisation category of 1 km × 1 km grid cells; urban expansion (UX), remain 

rural (RR), urban densification (UD), and remain urban (RU). Thick solid horizontal lines 

represent median, interquartile boxes represent middle 50% (25th to 75th percentile) of the 

data, and dashed lines represent mean values (on which matched paired t-tests are based; 

see Table 2.2), whiskers represent 25% ranges for the bottom and top of the data values, and 

dots represent outliers. 
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Assessing temporal shifts in vegetation cover-urbanisation intensity relationships 

Total vegetation cover declined in a linear manner with increasing urbanisation intensity, and 

the gradient of these declines was extremely similar in both time periods (Table 2.3; Fig. 2.5a, 

e). Tree cover declined with increasing impervious surface cover along a cubic curve in the 

first time period and a quadratic curve in the second time period (Table 2.3). Predicted tree 

cover values along the urbanisation intensity gradient were, however, very similar during 

both time periods, with tree cover being maintained at ~ 25% until impervious surface cover 

reached approximately ~ 25%, after which tree cover declined to negligible levels in the most 

intensely urbanised grid cells (Fig. 2.5b, f). Grassland cover declined along cubic curves in both 

time periods with declines starting at very low levels of impervious surface cover, 

approximately 10%, and then declining to negligible levels once impervious surface cover 

reached 75% (Table 2.3; Fig. 2.5c, g). There is a difference though in the intercepts of these 

relationships with greater grassland cover at a given urbanisation intensity in the first time 

period along much of the urbanisation gradient. The area of rice fields declined along a cubic 

curve in both time periods with sharp reductions as urbanisation increased to approximately 

25% impervious surface cover and then remained stable till approximately 80% impervious 

surface cover, when rice fields rapidly declined to negligible levels (Table 2.3; Fig. 2.5d, h). 

Consequently, there is limited evidence (for total greenspace, or particular vegetation types) 

that increasing urbanisation substantially changed the form of the relationship between 

green-space and urbanisation intensity. 
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Table 2.3: Parameter coefficients and standard errors of general least squared models (gls function in nlme package) with exponential spatial 

covariance structure that modelled total green area cover and cover of the three main vegetation types (i.e. trees, grassland, and rice fields) as 

a function of impervious surface cover in our two time periods (~ 2004 and ~ 2018) using linear, quadratic, and cubic models. Predicted values 

are illustrated in Fig. 2.5 derived from the best fitting model, identified in bold, i.e. that with the lowest AIC value in which 95% confidence 

intervals of all coefficients do not overlap zero.  

Year Response variable Model AIC 

 
Intercept 

Impervious surface cover 
(linear term) 

Impervious surface cover 
(quadratic term) 

Impervious surface cover 
(cubic term) 

Coeff ± s.e. Coeff ± s.e 
95% CI 

(lower, upper) 
Coeff ± s.e 

95% CI 

(lower, upper) 
Coeff ± s.e. 

95% CI 

(lower, upper) 

~ 2004 Green area cover Linear -15879.92 0.960 ± 0.006 -0.962 ± 0.006 -0.975, -0.950     

  Quadratic  -15874.99 0.962 ± 0.006 -0.984 ± 0.013 -1.010, -0.958 0.032 ± 0.018 -0.002, 0.067   

  Cubic -15870.70 0.961 ± 0.006 -0.962 ± 0.022 -1.006, -0.918 -0.052 ± 0.071 -0.191, 0.088 0.074 ± 0.061 -0.045, 0.193 

 Tree cover Linear -8173.25 0.237 ± 0.021 -0.221 ± 0.013 -0.246, -0.197     

  Quadratic  -8338.09 0.217 ± 0.022 0.093 ± 0.027 0.041, 0.146 -0.470 ± 0.036 -0.540, -0.400   

  Cubic -8342.25 0.213 ± 0.022 0.201 ± 0.046 0.111, 0.290 -0.879 ± 0.145 -1.163, -0.595 0.321 ± 0.124 0.118, 0.604 

 Grassland cover Linear -5742.53 0.454 ± 0.027 -0.493 ± 0.016 -0.524, -0.462     

  Quadratic  -5760.65 0.444 ± 0.027 -0.344 ± 0.034 -0.410, -0.278 -0.221 ± 0.045 -0.309, -0.134   

  Cubic -5829.05 0.432 ± 0.028 0.045 ± 0.057 -0.066, 0.155 -1.708 ± 0.179 -2.059, -1.356 1.310 ± 0.153 1.010, 1.611 

 Rice field cover Linear -6442.84 0.259 ± 0.043 -0.242 ± 0.015 -0.271, -0.212     

  Quadratic  -6727.25 0.289 ± 0.043 -0.713 ± 0.031 -0.773, -0.652 0.701 ± 0.040 0.621, 0.780   

  Cubic -6852.43 0.303 ± 0.044 -1.182 ± 0.051 -1.282, -1.082 2.498 ± 0.162 2.180, 2.815 -1.584 ± 0.138 -1.855, -1.313 

~ 2018 Green area cover Linear -15469.94 0.936 ± 0.009 -0.939 ± 0.006 -0.951, -0.928     

  Quadratic  -15467.48 0.939 ± 0.009 -0.969 ± 0.013 -0.995, -0.943 0.040 ± 0.016 0.008, 0.072   

  Cubic -15466.49 0.941 ± 0.009 -1.014 ± 0.024 -1.061, -0.966 0.194 ± 0.072 0.053, 0.335 -0.129 ± 0.059 -0.244, -0.014 

 Tree cover Linear -8511.35 0.288 ± 0.022 -0.278 ± 0.011 -0.299, -0.256     

  Quadratic  -8718.95 0.255 ± 0.023 0.057 ± 0.025 0.008, 0.105 -0.449 ± 0.030 -0.508, -0.390   

  Cubic -8719.66 0.251 ± 0.023 0.143 ± 0.045 0.055, 0.231 -0.748 ± 0.133 -1.009, -0.488 0.251 ± 0.109 0.038, 0.464 

 Grassland cover Linear -7257.15 0.366 ± 0.023 -0.386 ± 0.012 -0.410, -0.362     

  Quadratic  -7297.76 0.348 ± 0.023 -0.208 ± 0.028 -0.264, -0.152 -0.238 ± 0.034 -0.305, -0.171   

  Cubic -7350.98 0.334 ± 0.024 0.115 ± 0.051 0.015, 0.215 -1.355 ± 0.150 -1.650, -1.060 0.935 ± 0.123 0.694, 1.176 

 Rice field cover Linear -7182.49 0.272 ± 0.045 -0.265 ± 0.012 -0.289, -0.241     

  Quadratic  -7594.96 0.322 ± 0.046 -0.781 ± 0.027 -0.835, -0.728 0.691 ± 0.033 0.626, 0.755   

  Cubic -7705.16 0.342 ± 0.048 -1.215 ± 0.048 -1.310, -1.120 2.191 ± 0.143 1.911, 2.471 -1.254 ± 0.116 -1.483, -1.026 

 

8
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Figure 2.5: Relationships between the proportions of total vegetation cover and each of three main vegetation types (tree, grassland, and rice 

field) and impervious surface cover in ~ 2004 (a-d) and ~ 2018 (e-h). Fitted lines represent predicted values from the best fit spatial models 

(nlme package in R) reported in Table 2.2.

8
1 

 



82 
 

Vegetation dynamics τ net loss/gain along the urbanisation gradient 

Change (i.e. net loss/gain) in total vegetation cover between the two time periods varied with 

urbanisation intensity in the first time period along a positive slightly accelerating curve. The 

least urbanised cells lost the most vegetation cover, but once impervious surface cover in the 

first time period exceeded 50% grid cells gained increasing amounts of vegetation cover 

between the time period (Fig. 2.6a).  

Change in tree cover was positively and linearly associated with urbanisation intensity in the 

first time period, such that the least urbanised areas have negligible gain in tree cover and 

the most urbanised cells gained the largest amount of tree cover (Table 2.4; Fig 2.6b). Change 

in grassland cover exhibited a cubic relationship with urbanisation intensity in the first time 

period (Table 2.4). The least urbanised locations in the first time period exhibited the largest 

losses in grassland cover, with the amount of grassland lost declining until impervious surface 

cover in the first time period exceeded 70%, with cells that were originally more urbanised 

than this gaining grassland areas (Fig. 2.6c). Change in rice field cover exhibited a shallow 

linear relationship with impervious surface cover in the first time period, with the largest 

(albeit still very limited) losses occurring in the least urbanised locations. All these models 

controlled for the slight variation in the number of years between the dates of the images in 

the first (~ 2004) and second time periods (~ 2018), this predictor was significantly negatively 

associated with change in total vegetation and grassland cover τ indicating greater loss of 

these vegetation types as time progressed. Conversely, the magnitude of gain in tree cover 

increased as time progressed. These was no significant relationship between rice field net 

loss/gain and the number of years between the two images.
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Table 2.4: Parameter coefficients and standard errors from generalised least squares models (gls function in nlme package) with exponential 

spatial covariance structure that model area net loss/gain of total vegetation cover and the three main vegetation types (trees, grasslands, and 

rice fields) as a function of original impervious surface cover (i.e. in ~ 2004 with linear, quadratic, cubic terms) and number of years between the 

images. The best fitting models (assessed by AIC ǾŀƭǳŜǎ ŀƴŘ ǇŀǊŀƳŜǘŜǊ ŜǎǘƛƳŀǘŜǎΩ фр҈ ŎƻƴŦƛŘŜƴŎŜ ƛƴǘŜǊǾŀƭǎ ƴƻǘ ƻǾŜǊƭŀǇǇƛƴƎ ȊŜǊƻύ ŀǊŜ ǎƘƻǿƴ ƛƴ 

bold. Predicted values are illustrated in Fig. 2.5.  

Response variable Model AIC 

 
Intercept 

Impervious surface cover 
(linear term) 

Impervious surface cover 
(quadratic term) 

Impervious surface cover 
(cubic term) 

 
Numbers of year between image 

Coeff ± s.e. Coeff ± s.e. 
95% CI 

(lower, upper) 
Coeff ± s.e. 

95% CI 
(lower, upper) 

Coeff ± s.e. 
95% CI 

(lower, upper) 
Coeff ± s.e. 

95% CI 
(lower, upper) 

Green area  
net loss/gain 

Linear -9153.24 -0.026 ± 0.027 0.267 ± 0.011 0.245, 0.289     -0.008 ± 0.002 -0.011, -0.004 

Quadratic  -9181.39 0.135 ± 0.025 0.196 ± 0.033 0.087, 0.183 0.196 ± 0.033 0.132, 0.261   -0.007 ± 0.002 -0.011, -0.004 

 Cubic -9178.63 -0.017 ± 0.027 0.089 ± 0.043 0.006, 0.173 0.368 ± 0.135 0.103, 0.633 -0.152 ± 0.116 -0.379, 0.075 -0.007 ± 0.002 -0.011, -0.004 

Area of tree cover 
net loss/gain 

Linear -8619.20 -0.054 ± 0.024 0.052 ± 0.011 0.030, 0.074     0.005 ± 0.002 0.002, 0.008 

Quadratic  -8620.87 -0.050 ± 0.024 -0.016 ± 0.026 -0.066, 0.035 0.101 ± 0.035 0.034, 0.169   0.005 ± 0.002 0.002, 0.008 

 Cubic -8618.43 -0.052 ± 0.024 0.035 ± 0.045 -0.053, 0.123 -0.091 ± 0.143 -0.371, 0.189 0.170 ± 0.122 -0.070, 0.409 0.005 ± 0.002 0.002, 0.008 

Grassland area  
net loss/gain 

Linear -6173.16 -6.4e-5 ± 0.035 0.165 ± 0.015 0.136, 0.194     -0.009 ± 0.002 -0.014, -0.004 

Quadratic  -6183.21 -0.007 ± 0.035 0.047 ± 0.033 -0.017, 0.111 0.177 ± 0.043 0.092, 0.262   -0.009 ± 0.002 -0.014, -0.004 

 Cubic -6185.78 0.011 ± 0.035 -0.069 ± 0.056 -0.178, 0.041 0.616 ± 0.177 0.268, 0.963 -0.387 ± 0.152 -0.685, -0.090 -0.009 ± 0.002 -0.014, -0.004  

Rice field area  
net loss/gain 

Linear -9324.70 0.026 ± 0.027 0.041 ± 0.011 0.019, 0.063     -0.004 ± 0.002 -0.007, 2.4e-4 

Quadratic  -9324.97 0.022 ± 0.027 0.100 ± 0.024 0.052, 0.148 -0.088 ± 0.032 -0.151, -0.024   -0.004 ± 0.002 -0.007, 2.1e-4 

 Cubic -9321.18 0.021 ± 0.027 0.129 ± 0.042 0.047, 0.210 -0.197 ± 0.132 -0.456, 0.062 0.097 ± 0.113 -0.125, 0.318 -0.004 ± 0.002 -0.007, 2.2e-4 
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Figure 2.6: Relationships between estimated area (km2) net loss/gain of total green area (a) and three main vegetation types (b-d) during ~ 2004 

to ~ 2018 with proportion of impervious surface in ~ 2004. Fitted lines illustrate predicted values and shading their 95% confidence intervals, 

derived from the best fitting spatial models (nlme package in R) presented in Table 2.4. 
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Vegetation dynamics τ loss arising from conversion to impervious surface 

Total vegetation loss arising from conversion to impervious surface cover declined with 

impervious surface cover in the first time period along a marginally unimodal curve (Table 

2.5), with the greatest loss occurring at low levels of original impervious surface cover of 

approximately 25% (Fig. 2.7a). Loss of tree cover arising from conversion to impervious 

surface exhibited a cubic relationship with impervious surface cover in the first time period 

(Table 2.5), whilst the magnitude of change was limited across the gradient they are lowest 

at the highest levels of impervious surface cover and declining to negligible levels when 

impervious surface cover exceeds approximately 70% (Fig. 2.7b). Grassland loss from 

conversion to impervious surface changed along a cubic curve with the amount of loss 

peaking at grid cells with approximately 20% impervious surface cover in 2004 then declining 

to negligible levels at the most urbanised locations (Fig. 2.7c). Rice field area loss due to 

conversion to impervious surface cover was negligible across the gradient but declined 

linearly with increasing urbanisation intensity (Fig. 2.7d). The amount of total vegetation, 

grassland, and rice fields, but not tree cover, loss due to conversion to impervious surface 

cover increased with time (Table 2.5). 

Vegetation dynamics τ gain arising from conversion from impervious surface 

Gain in total vegetation cover and tree cover arising from conversion of impervious surface 

cover to green-space increased with impervious surface cover in the first time period along a 

decelerating quadratic curve, which plateaued at ~ 50% impervious surface cover for total 

vegetation (Table 2.6; Fig. 2.7e) and at ~ 70% impervious surface cover for tree cover (Table 

2.6; Fig. 2.7f). Gains in grassland area arising from conversion of impervious surfaces exhibited 

a unimodal relationship with impervious surface cover in the first time period, with maximum 

gains when original impervious surface cover was approximately 50% and negligible gains at 

either extreme of the urbanisation gradient (Table 2.6; Fig. 2.7g). There was no significant 

relationship between gain in rice fields and original urbanisation intensity (Table 2.6), 

although conversion of impervious surface to rice field is extremely rare (Fig. 2.7h; Fig. S2.3b).
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Table 2.5: Parameter coefficients and standard errors from generalised least squares models (gls function in nlme package) with exponential 

spatial covariance structure that model loss of total vegetation cover and cover of three main vegetation types (trees, grasslands, and rice fields) 

arising from conversion of impervious surface in relation to original impervious surface cover (i.e. in ~ 2004 with linear, quadratic, cubic terms) 

and number of years between images. The best fitting models (assessed by AIC values anŘ ǇŀǊŀƳŜǘŜǊ ŜǎǘƛƳŀǘŜǎΩ фр҈ ŎƻƴŦƛŘŜƴŎŜ ƛƴǘŜǊǾŀƭǎ ƴƻǘ 

overlapping zero) are shown in bold. Predicted values are illustrated in Fig. 2.6.  

Response variable Model AIC 

 
Intercept 

Impervious surface cover 
(linear term) 

Impervious surface cover 
(quadratic term) 

Impervious surface cover 
(cubic term) 

 
Numbers of year between image 

Coeff ± s.e. Coeff ± s.e. 
95% CI 

(lower, upper) 
Coeff ± s.e. 

95% CI 
(lower, upper) 

Coeff ± s.e. 
95% CI 

(lower, upper) 
Coeff ± s.e. 

95% CI 
(lower, upper) 

Green area loss to 
impervious 
surface 

Linear -12023.50 0.026 ± 0.024 -0.075 ± 0.009 -0.092, -0.058     0.006 ± 0.001 0.003, 0.008 

Quadratic  -12295.73 0.009 ± 0.024 0.211 ± 0.019 0.175, 0.248 -0.422 ± 0.025 -0.471, -0.374   0.005 ± 0.001 0.003, 0.008 

Cubic -12294.12 0.007 ± 0.024 0.259 ± 0.032 0.197, 0.322 -0.605 ± 0.102 -0.805, -0.406 0.162 ± 0.087 -0.009, 0.332 0.005 ± 0.001 0.003, 0.008 

Area of tree cover 
loss to impervious 
surface 

Linear -18813.19 0.020 ± 0.015 -0.009 ± 0.004 -0.018, -4.8e-4     0.001 ± 0.001 -0.001, 0.001 

Quadratic  -19037.82 0.012 ± 0.017 0.129 ± 0.010 0.110, 0.148 -0.205 ± 0.013 -0.231, -0.180   0.001 ± 0.001 -0.001, 0.002 

Cubic -19043.53 0.014 ± 0.018 0.080 ± 0.017 0.047, 0.114 -0.021 ± 0.055 -0.129, 0.086 -0.163 ± 0.047 -0.255, -0.071 0.001 ± 0.001 -0.001, 0.002 

Grassland area 
loss to impervious 
surface 

Linear -15185.08 0.013 ± 0.016 -0.045 ± 0.006 -0.058, -0.032     0.003 ± 0.001 0.001, 0.005 

Quadratic  -15340.59 0.004 ± 0.015 0.120 ± 0.014 0.092, 0.148 -0.243 ± 0.019 -0.280, -0.207   0.003 ± 0.001 0.001, 0.005 

Cubic -15351.38 0.001 ± 0.015 0.200 ± 0.024 0.153, 0.247 -0.546 ± 0.077 -0.697, -0.395 0.267 ± 0.066 0.138,0.397 0.003 ± 0.001 0.001, 0.005 

Rice field area 
loss to impervious 
surface 

Linear -23055.13 -0.007 ± 0.007 -0.016 ± 0.003 -0.022, -0.010     0.002 ± 4.8e-4 0.001, 0.003 

Quadratic  -23050.00 -0.006 ± 0.007 -0.029 ± 0.007 -0.043, -0.016 0.019 ± 0.009 0.001, 0.038   0.002 ± 4.8e-4 0.001, 0.003 

Cubic -23044.24 -0.007 ± 0.007 -0.018 ± 0.012 -0.042, 0.005 -0.022 ± 0.038 -0.097, 0.053 0.036 ± 0.033 -0.028, 0.101 0.002 ± 4.8e-4 0.001, 0.003 
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Table 2.6: Parameter coefficients and standard errors from generalised least squares models (gls function in nlme package) with exponential 

spatial covariance structure that model gain of total vegetation cover and cover of three main vegetation types (trees, grasslands, and rice fields) 

arising from conversion of impervious surface in relation to original impervious surface cover (i.e. in ~ 2004 with linear, quadratic, cubic terms) 

and number of years between images. The best fitting models (assessed by AIC values and ǇŀǊŀƳŜǘŜǊ ŜǎǘƛƳŀǘŜǎΩ фр҈ ŎƻƴŦƛŘŜƴŎŜ ƛƴǘŜǊǾŀƭǎ ƴƻǘ 

overlapping zero) are shown in bold. Predicted values are illustrated in Fig. 2.7.  

Response variable Model AIC 

 
Intercept 

Impervious surface cover 
(linear term) 

Impervious surface cover 
(quadratic term) 

Impervious surface cover 
(cubic term) 

Numbers of year between 
image 

Coeff ± s.e. Coeff ± s.e. 
95% CI 

(lower, upper) 
Coeff ± s.e. 

95% CI 
(lower, upper) 

Coeff ± s.e. 
95% CI 

(lower, upper) 
Coeff ± s.e. 

95% CI 
(lower, upper) 

Green area  
converted from 
impervious surface 

Linear -19393.07 0.003 ± 0.007 0.149 ± 0.004 0.141, 0.156     0.001 ± 0.001 -4.0e-4, 0.002 

Quadratic  -19649.18 -0.003 ± 0.007 0.285 ± 0.009 0.267, 0.303 -0.204 ± 0.012 -0.228, -0.179   3.5e-4 ± 4.8e-4 -0.001, 0.001 

Cubic -19644.19 -0.003 ± 0.007 0.301 ± 0.016 0.269, 0.333 -0.263 ± 0.052 -0.365, -0.162 0.053 ± 0.044 -0.034, 0.140 3.5e-4 ± 4.8e-4 -0.001, 0.001 

Area of tree cover 
converted from 
impervious surface 

Linear -21471.56 0.001 ± 0.006 0.097 ± 0.003 0.091, 0.104     4.0e-4 ± 4.4e-4 -4.7e-4, 0.001 

Quadratic  -21538.78 -0.002 ± 0.006 0.157 ± 0.008 0.142, 0.172 -0.092 ± 0.010 -0.112, -0.071   2.9e-4 ± 4.4e-4 -0.001, 0.001 

Cubic -21532.23 -0.002 ± 0.006 0.162 ± 0.014 0.136, 0.189 -0.110 ± 0.043 -0.196, -0.025 0.017 ± 0.037 -0.056, 0.089 2.9e-4 ± 4.0e-4 -0.001, 0.001 

Grassland area 
converted from 
impervious surface 

Linear -24788.49 0.003 ± 0.004 0.047 ± 0.002 0.043, 0.052     1.3e-4 ± 3.1e-4 -4.7e-4, 0.001 

Quadratic  -25017.29 -0.001 ± 0.004 0.124 ± 0.005 0.114, 0.135 -0.117 ± 0.007 -0.132, -0.103   8.3e-5 ± 2.6e-4 -4.2e-4, 0.001 

Cubic -25011.44 -0.001 ± 0.004 0.134 ± 0.010 0.115, 0.154 -0.155 ± 0.031 -0.217, -0.094 0.033 ± 0.027 -0.019, 0.086 7.9e-4 ± 2.6e-4 -4.3e-4, 5.8e-4 

Rice field area 
converted from 
impervious surface 

Linear -60847.87 2.7e-4 ± 8.3e-5 -3.4e-5 ± 5.8e-5 -1.5e-4, 7.9e-5     -1.8e-5 ± 6.2e-6 -3.0e-5, -6.0e-6 

Quadratic  -60831.09 2.7e-4 ± 8.3e-2 -2.7e-5 ± 1.8e-4 -3.7e-4, 3.2e-4 -1.1e-5 ± 2.5e-4 -4.9e-4, 4.7e-4    -1.8e-5 ± 6.2e-6 -3.0e-5, -6.0e-6 

Cubic -60817.56 2.6e-4 ± 8.3e-5 1.9e-4 ± 3.5e-4 -5.0e-4, 8.7e-4  -0.001 ± 0.001 -3.0e-3, 1.4e-3  0.001 ± 0.001 -1.2e-3, 2.6e-3  -1.8e-5 ± 6.2e-6 -3.1e-5, -6.1e-6 
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Figure 2.7: Relationships between estimated loss of vegetation cover arising from conversion to impervious surface (a) total vegetation, (b) trees, 

(c) grasslands, and (d) rice fields, and gain of vegetation cover arising from conversion of impervious surface to vegetation surface (e) total 

vegetation, (f) trees, (g) grasslands, and (h) rice fields from ~ 2004 to ~ 2018 as a function of proportion impervious surface cover in ~ 2004. 

Fitted lines illustrate predicted values and shading their 95% confidence intervals, from the best fitting spatial models (nlme package in R) 

reported in Table 2.5 (panels a-d) and Table 2.6 (panels e-h); no best fir line is illustrated in panel h due to the lack of a significant relationship. 
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2.4 Discussion 

The Bangkok region has undergone intensive urbanisation during the focal study period, with 

impervious surface cover increasing across our 5,600 km2 region from 20.5% to 29.2% of 

sampling points, equating to an additional ~ 487.2 km2 of impervious surface cover in our 

study region. Much of this urbanisation is likely to be driven by the increasing human 

population in the Bangkok region from 9.6 million inhabitants in 2004 to 10.9 million in 2018 

(Bangkok Metropolitan Administration, 2018). Using a similar approach suggests that 

vegetation cover has been reduced by ~ 552.1 km2 όƴƻǘŜ ǿŜ ŘƻƴΩǘ ŜȄǇŜŎǘ ǘƘƛǎ ǘƻ ƳŀǘŎƘ ǘƘŜ 

gain in impervious surface cover as some vegetation loss is due to conversion to bare ground 

and construction sites), but this hides substantial heterogeneity across vegetation types, with 

~ 595.2 km2 of grassland and ~ 96.3 km2 of rice fields being lost, whilst tree cover increased 

by ~ 139.4 km2.  

Impacts of urban expansion and densification on vegetation dynamics 

Quantifying the contribution of urban expansion and densification on these regional 

landcover transitions is dependent on the precise definitions used, but using different 

thresholds to define urbanised grid cells (i.e. 25% or 40% impervious surface) generates 

similar estimates of changes in vegetation cover within cells experiencing densification or 

expansion. Expansion and densification have divergent impacts on vegetation dynamics. 

Although declines of vegetation cover in grid cells that experienced expansion were 

approximately equally to those that experienced densification (~ 20%; Table 2.2), area of 

vegetation cover loss to urban expansion (~ 240.7 km2) was nearly double the loss from 

densification (~ 137.8 km2) due to differences in the spatial extent of these processes. These 

losses were mainly driven by the conversion of grasslands, and again expansion resulted in 

almost twice as much grassland being lost than densification (expansion ~ 197.7 km2, 

densification ~ 110.1 km2). This is consistent with previous studies of urbanisation in this 

region indicating urban Bangkok is expanding outward (Estoque and Murayama, 2015; Song 

et al., 2021; Xu et al., 2019). Greater adverse effects of urban expansion on vegetation cover 

may be particularly detrimental for conservation as expansion is more likely to impact semi-

natural grasslands that occur in such locations rather than the more intensely managed 
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grasslands within urban locations that are often of limited biodiversity value (Norton et al., 

2019; Round and Gardner, 2008). 

Densification is more likely to occur in urban grid cells with relatively large amount of 

vegetation cover, as this creates space for infill development, yet resulted lower vegetation 

cover in the second time period (i.e. ~ 2018) compared to other urbanised areas that did not 

experience densification. This indicates that a compact city approach to urban development 

that aims to reduce land consumption could in turn profoundly adversely influence the 

amount and accessibility of urban greenspaces, leading to negative environmental 

consequences and implications for the quality of urban life (Haaland and van den Bosch, 2015; 

Pauleit et al., 2005). 

Urban expansion resulted in the loss of approximately half the original cover of rice fields in 

these cells (equating to a loss of ~ 55.7 km2), which is much greater than the loss arising from 

densification (~ 7.0 km2) τ primarily because rice fields is extremely rare in urban areas. 

Adverse impacts on food production are likely to be relatively small, however, given that 

losses from expansion equate to just 4.7% of the total area of rice fields (~ 1148.0 km2) within 

the study area at the start of our study period. Consequently, within our study region, indirect 

effects of urbanisation on the conversion of natural forest to replace loss of agricultural land 

is arguably somewhat limited (Song et al., 2015; van Vliet, 2019), but clearly such indirect 

impacts are minimised through densification rather than expansion. 

In a notable contrast, whilst densification process resulted in a decline of ~ 20.8 km2 of tree 

cover, tree cover increased in all other locations including those that experienced urban 

expansion (~ 12.6 km2 increase). Our results contrast with previous suggestions that urban 

densification generates no net loss of tree cover as loss is balanced out by newly created tree 

cover (Kaspar et al., 2017). The increases in tree cover that occur are likely to arise from 

growth of exiǎǘƛƴƎ ǘǊŜŜǎΩ ŎŀƴƻǇƛŜǎ όCƛƎΦ {нΦп), woodland succession over vacant lands or 

degradation of low quality housing (Fig. S2.5), and creation of urban wooded habitat such as 

woodland blocks in parks, and tree planting in domestic gardens and streets trees (Fig. S2.6). 

This may at least partially be a consequence of tree planting campaigns in urban areas of 

Bangkok in the 1990s (Thaiutsa et al., 2008). 
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Temporal shifts in vegetation dynamics along the urbanisation gradient 

Generally, we found no strong evidence for temporal shifts in the form of vegetation cover-

urbanisation intensity relationships between our focal time periods. This may suggest that 

landcover patterns along the spatial urbanisation gradient in Bangkok are broadly constant, 

indicating the general ability of space-for-time substitution approaches (sensu Pickett, 1989) 

to predict future landcover change arising from urbanisation. A slight shift in the form of 

grassland coverςurbanisation intensity relationships during our study period, arising from a 

substantial reduction in grassland cover, especially at the low levels of urbanisation intensity, 

suggest that the value of space-for-time substitution approaches may, however, vary 

between vegetation types. The predictive capacity of space-for-time substitution approaches 

can also be reduced by changes in urban planning or policy. As an example, whilst our data 

suggest that rice fields have been less impacted by urbanisation in recent decades in the 

Bangkok region this seems likely to change due to a decision to construct a new airport and 

associated urban infrastructure in Bang Len district (the rural areas at the northwest corner 

of our study region; Hongtong, 2019) which is currently dominated by rice fields (Fig. S2.7). 

Implications for ecosystem function and tropical biodiversity  

Vegetation is crucial for sustaining urban environmental quality and human well-being 

(Bolund and Hunhammar, 1999; Krekel et al., 2016), the substantial loss of vegetation cover 

that we document could thus contribute to environmental degradation (De Carvalho and 

Szlafsztein, 2019). It is well documented that increasing impervious surface and declines in 

vegetation cover contribute to increasing urban heat island intensity (Chapman et al., 2018; 

Morabito et al., 2021; Sun and Chen, 2017ύΣ ǿƛǘƘ .ŀƴƎƪƻƪΩǎ ǳǊōŀƴ ƘŜŀǘ ƛǎƭŀƴŘ ƛƴǘŜƴǎƛǘȅ 

increasing from 12.7°C in 2005 to 16.2°C in 2016 (Khamchiangta and Dhakal, 2020). The 

marked increase in impervious surface cover that we document will severely impact 

hydrological processes and increase surface water runoff (Ramamurthy and Bou-Zeid, 2014), 

which combined with the flat lowland geography of the Bangkok regions (Liew et al., 2016; 

Thanvisitthpon et al., 2018) and increasing future precipitation (Cooper, 2019) will 

substantially increase flood risk (Du et al., 2015). This in turn increases issues arising from 

pollutants accumulating in runoff, entering the water system and reducing water quality 

(Walsh et al., 2012). Moreover, recent flooding events, especially the 2011 floods in Bangkok 
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and other regions of Thailand highlight the economic and human well-being impacts of large 

scale flood events (Poapongsakorn et al., 2013). 

Despite these issues arising from urban changes in landcover types it is notable that the 

Bangkok region has gained considerable tree cover contrasting with the loss of shorter 

vegetation in grasslands and rice fields. Ecosystem services from these trees can potentially 

mitigate come of these adverse impacts as ecosystem services such as regulating air 

temperature (Lin and Lin, 2010; Morabito et al., 2021), reducing air pollution (Vailshery et al., 

2013), and reducing surface water runoff (Armson et al., 2013), typically scale with vegetation 

biomass τ which is substantially greater in trees than shorter herbaceous vegetation such as 

grasses. Whilst it is thus notable that tree cover gain has been highest in locations that were 

highly urbanised at the start of our study period, urban densification resulted in significant 

loss of tree cover, and newly created urban tree cover may not always provide equivalent 

ecosystem services and functions to the original vegetation (Wang et al., 2019). Further 

research is needed to address spatial and temporal patterns in ecosystem service provision 

arising from the landcover and vegetation dynamics that we document. 

2.5 Conclusions 

Using classification of high resolution aerial imagery, our study documents that intensive 

urbanisation in the Bangkok region during the first part of the 21st century has generated a 

profound loss of vegetation cover, although there was considerable variation across 

vegetation types. Despite this, the form of spatial patterns of vegetation cover along the 

urbanisation gradient appears to largely be invariant in time, indicating the ability of space-

in-time substitution approaches to predict future vegetation dynamics. At the scale of 

individual grid cells, changes in total vegetation and grassland cover arising from urban 

densification and expansion are similar, but expansion has generated much greater losses 

then densification as it has occurred across much larger areas. Loss of rice fields is relatively 

small but has primarily arisen from expansion at the individual grid cell and regional spatial 

scales. Conversely, densification has generated substantial loss of tree cover contrasting with 

gains in tree cover throughout the rest of the region. The loss of such trees is likely to be 

particularly important for provision of ecosystem services as their provision typically scales 

with vegetation biomass, and demand for such services is often greatest in the most 
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urbanised locations. There is potential to reduce environmental impacts of the continuing 

demand for additional urban land in the Bangkok region by promoting densification above 

expansion. Such an approach will, however, require active promotion of tree retention and 

planting schemes to avoid detrimental impacts on people and biodiversity.  
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2.7 Supplementary materials 

Table S2.1: Number of sampling points in landcover classification using aerial imagery taken in 

each year. No image was selected from 2011 due to the great Bangkok flood. 

Year Number of sampling points % Year Number of sampling points % 

First time-period (~ 2004)  Second time-period (~ 2018)  

2001 3,100 2.21 2017 78,540 56.1 

2002 11,920 8.51 2018 61,460 43.9 

2003 3,030 2.16    

2004 102,027 72.88    

2005 8,666 6.19    

2006 3,900 2.79    

2007 1,331 0.95    

2008 7 0.01    

2009 124 0.09    

2010 1,486 1.06    

2011 0 0.00    

2012 363 0.26    

2013 4,046 2.89    
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Table S2.2: Number of sampling point in ground truthing by habitat types indicating a high degree 

of accuracy of landcover classification. Based on, approximately, 3 weeks to 8 months interval 

between the date of aerial imagery and the date of ground truthing, number of mismatched 

results could arise from the genuine landcover change. Such cases were identified by comparing 

aerial imagery using in the landcover classification with the aerial imagery taken closely to the 

date of ground truthing. The percentage of landcover type matches was recalculated by excluding 

these cases of apparent genuine landcover change.  

Landcover type 
Number of 
sampling point in 
image classification 

Number of 
sampling point in 
ground truthing 

% match across 
all sampling 
points 

% match excluding 
cells with genuine 
landcover change 

impervious surface 36,798 644 98.10 99.69 (n = 637) 

grassland 30,031 227 90.75 95.15 (n = 207) 

rice field 26,311 53 92.45 100.00 (n = 49) 

trees 25,838 287 97.91 100.00 (n = 281) 

water bodies 16,606 126 96.83 100.00 (n = 122) 

bare ground 3,739 8 62.50 100.00 (n = 5) 

construction site 646 9 77.78 100.00 (n = 7) 

salt pans 30 1 100.00 100.00 (n = 1) 

green roof 1 0 - - 
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Table S2.3: Median (%), mean (%), standard error of mean, and matched paired t-test results of 

vegetation cover comparing between ~ 2004 and ~ 2018 in 1 km × 1 km grid cells in each of 

urbanisation categories, i.e. urban expansion (n = 738), urban densification (n = 395), remain 

urban (n = 650), and remain rural (n = 3,655). In this case, we used 40% impervious surface as 

threshold to define urbanised grid cells and exclude 44 grid cells that was urban in 2004 but 

became rural in 2018. P-values of matched paired t-test were corrected using the false discovery 

rate (FDR) method (p.adjust function in R). 

Urbanisation category 
~ 2004 ~ 2018 Matched paired t-test results 

Median Mean ± s.e. Median Mean ± s.e. t P-value 

Green area cover (all vegetation type together)   

Urban expansion 70.00 70.99 ± 0.49 47.83 45.51 ± 0.35 -46.01 <2.2e-16 

Remain rural 92.00 89.26 ± 0.19 83.33 81.17 ± 0.23 -39.18 <2.2e-16 

Urban densification 44.00 44.04 ± 0.50  27.78 27.54 ± 0.52 -40.70 <2.2e-16 

Remain urban 36.00 35.04 ± 0.53 36.00 35.67 ± 0.50 1.94 0.056 

Tree cover       

Urban expansion 16.67 20.53 ± 0.55 20.00 19.73 ± 0.42 -1.63 0.103 

Remain rural 16.00 18.76 ± 0.27 20.00 22.24 ± 0.28 14.90 <2.2e-16 

Urban densification 20.00 20.05 ± 0.58 16.00 15.47 ± 0.43 -8.33 2.0e-15 

Remain urban 16.00 16.80 ± 0.41 20.00 21.04 ± 0.42 10.54 <2.2e-16 

Grassland cover       

Urban expansion 45.45 44.39 ± 0.69 22.73 23.59 ± 0.41 -31.91 <2.2e-16 

Remain rural 36.36 38.89 ± 0.40 25.00 28.72 ± 0.32 -29.86 <2.2e-16 

Urban densification 24.00 23.36 ± 0.70 9.09 11.82 ± 0.45 -20.38 <2.2e-16 

Remain urban 16.00 17.78 ± 0.53 12.00 14.39 ± 0.45 -8.85 <2.2e-16 

Rice field cover       

Urban expansion 0.00 6.07 ± 0.48 0.00 2.19 ± 0.20 -10.42 <2.2e-16 

Remain rural 26.09 31.91 ± 0.51 22.73 30.22 ± 0.50 -6.42 2.1e-10 

Urban densification 0.00 0.63 ± 0.18 0.00 0.25 ± 0.08 -2.89 0.005 

Remain urban 0.00 0.46 ± 0.11 0.00 0.24 ± 0.07 -2.97 0.004 
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Table S2.4: MoranΩǎ L test results of linear regression for total vegetation cover and three main 

types of vegetation cover (tree, grassland, and rice field cover) with impervious surface cover in 

both 2004 and 2018 (linear, quadratic, cubic models) revealed spatial autocorrelation in model 

residuals in all models. 

 

 

 

 

 

Response variable Year Model 
MoranΩǎ L test result 

observed P 

Green area cover 2004 Linear 0.043 < 2.2e-16 

  Quadratic 0.041 < 2.2e-16 

  Cubic 0.041 < 2.2e-16 

 2018 Linear 0.058 < 2.2e-16 

  Quadratic 0.055 < 2.2e-16 

  Cubic 0.055 < 2.2e-16 

Tree cover 2004 Linear 0.075 < 2.2e-16 

  Quadratic 0.076 < 2.2e-16 

  Cubic 0.076 < 2.2e-16 

 2018 Linear 0.112 < 2.2e-16 

  Quadratic 0.112 < 2.2e-16 

  Cubic 0.112 < 2.2e-16 

Grassland cover 2004 Linear 0.131 < 2.2e-16 

  Quadratic 0.122 < 2.2e-16 

  Cubic 0.122 < 2.2e-16 

 2018 Linear 0.122 < 2.2e-16 

  Quadratic 0.113 < 2.2e-16 

  Cubic 0.115 < 2.2e-16 

Rice field cover 2004 Linear 0.174 < 2.2e-16 

  Quadratic 0.168 < 2.2e-16 

  Cubic 0.169 < 2.2e-16 

 2018 Linear 0.160 < 2.2e-16 

  Quadratic 0.153 < 2.2e-16 

  Cubic 0.154 < 2.2e-16 
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Table S2.5: Akaike Information Criterion values of generalised least squares models (gls function in nlme package) for green area cover and three 

main vegetation types with impervious surface cover (linear, quadratic, and cubic models) in both time points comparing between spatial 

covariance structure (i.e. Exponential, Spherical, and Gaussian). Best fitted models (lowest AIC value) were shown in bold. 

Year Response variable 

AIC 
(Linear model) 

AIC 
(Quadratic model) 

AIC 
(Cubic model) 

Exponential Spherical Gaussian Exponential Spherical Gaussian Exponential Spherical Gaussian 

2004 Green area cover -15879.92 -15781.44 -15693.69 -15874.99 -15776.23 -15688.54 -15870.70 -15771.76 -15684.66 

 Tree cover -8173.25 -8151.86 -7995.28 -8338.09 -8314.01 -8158.85 -8342.25 -8317.95 -8161.72 

 Grassland cover -5742.53 -5708.31 -5452.07 -5760.65 -5724.50 -5480.86 -5829.05 -5793.47 -5557.28 

 Rice field cover -6442.84 -6382.66 -6009.61 -6727.25 -6677.10 -6311.99 -6852.43 -6827.05 -6446.48 

2018 Green area cover -15469.94 -15446.74 -15332.03 -15467.48 -15404.74 -15330.75 -15466.49 -15443.55 -15329.09 

 Tree cover -8511.35 -8461.65 -8295.28 -8718.95 -8692.27 -8512.50 -8719.66 -8693.42 -8513.46 

 Grassland cover -7257.15 -7194.27 -7047.91 -7297.76 -7236.73 -7094.75 -7350.98 -7289.98 -7149.83 

 Rice field cover -7182.49 -7165.92 -6785.25 -7594.96 -7577.84 -7208.98 -7705.16 -7692.20 -7314.98 

 

1
0
4 
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Table S2.6: MoranΩǎ L test results of linear regression for area of total vegetation cover and 

three main vegetation cover types (tree, grassland, and rice field cover) net loss/gain with 

impervious surface cover in 2004 (linear, quadratic, cubic models) and number of years 

between dates of imagery revealed spatial autocorrelation in model residuals in all models. 

 

 

 

Response variable Model 
MoranΩǎ L test result 

observed P 

Green area net loss/gain 

Linear 0.027 < 2.2e-16 

Quadratic 0.023 < 2.2e-16 

Cubic 0.023 < 2.2e-16 

Trees area net loss/gain 

Linear 0.021 < 2.2e-16 

Quadratic 0.021 < 2.2e-16 

Cubic 0.021 < 2.2e-16 

Grassland area net loss/gain 

Linear 0.042 < 2.2e-16 

Quadratic 0.042 < 2.2e-16 

Cubic 0.042 < 2.2e-16 

Rice field area net loss/gain 

Linear 0.041 < 2.2e-16 

Quadratic 0.040 < 2.2e-16 

Cubic 0.040 < 2.2e-16 
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Table S2.7: MoranΩǎ L test results of linear regression for area of total vegetation cover and 

three main types of vegetation cover (tree, grassland, and rice field cover) loss and gain due 

to conversion between impervious surface with impervious surface cover in 2004 (linear, 

quadratic, cubic models) and number of years between dates of imagery revealed spatial 

autocorrelation in model residuals in all models except models for rice field area gain from 

conversion of impervious surface. 

Response variable Model 
aƻǊŀƴΩǎ L test result 

observed P 

Green area loss 
to impervious surface 

Linear 0.037 < 2.2e-16 

Quadratic 0.032 < 2.2e-16 

Cubic 0.032 < 2.2e-16 

Trees area loss 
to impervious surface 

Linear 0.036 < 2.2e-16 

Quadratic 0.038 < 2.2e-16 

Cubic 0.038 < 2.2e-16 

Grassland area loss 
to impervious surface 

Linear 0.037 < 2.2e-16 

Quadratic 0.025 < 2.2e-16 

Cubic 0.025 < 2.2e-16 

Rice field area loss 
to impervious surface 

Linear 0.033 < 2.2e-16 

Quadratic 0.033 < 2.2e-16 

Cubic 0.033 < 2.2e-16 

Green area gain 
from impervious surface 

Linear 0.010 < 2.2e-16 

Quadratic 0.011 < 2.2e-16 

Cubic 0.011 < 2.2e-16 

Trees area gain 
from impervious surface 

Linear 0.012 < 2.2e-16 

Quadratic 0.014 < 2.2e-16 

Cubic 0.013 < 2.2e-16 

Grassland area gain 
from impervious surface 

Linear 0.007 < 2.2e-16 

Quadratic 0.003 < 2.2e-16 

Cubic 0.003 < 2.2e-16 

Rice field area gain 
from impervious surface 

Linear -0.001 0.202 

Quadratic -0.001 0.203 

Cubic -0.001 0.209 
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Table S2.8: Akaike Information Criterion (AIC) values of generalised least squares models (gls function in nlme package) for area net loss/gain, 

area converted to impervious surface, and area converted from impervious surface during 2004 to 2018 with impervious surface cover in 2004 

comparing between spatial covariance structure (i.e. Exponential, Spherical, and Gaussian). Best fitted models (lowest AIC value) were shown in 

bold. 

Response variable 

AIC 
(Linear model) 

AIC 
(Quadratic model) 

AIC 
(Cubic model) 

Exponential Spherical Gaussian Exponential Spherical Gaussian Exponential Spherical Gaussian 

Area net loss/gain 

 Green area  -9153.24 -9130.18 -9053.15 -9181.39 -9154.06 -9085.07 -9178.63 -9153.00 -9082.13 

 Treed area -8619.20 -8583.40 -8572.17 -8620.87 -8583.86 -8572.70 -8618.43 8581.66 -8570.60 

 Grassland area -6173.16 -6131.94 -6064.79 -6183.21 -6146.84 -6078.32 -6185.79 -6141.97 -6081.08 

 Rice field area -9324.70 -9248.60 -9209.44 -9324.97 -9249.23 -9208.68 -9321.18 -9245.36 -9204.96 

Area loss due to conversion to impervious surface 

 Green area  -12023.50 -12008.05 -11887.83 -12295.73 -12283.07 -12165.79 -12294.12 -12281.46 -12164.13 

 Treed area -18813.19 -18810.47 -18734.39 -19037.82 -19042.79 -18970.55 -19043.53 -19042.10 -18977.81 

 Grassland area -15185.08 -15164.85 -15084.53 -15340.59 -15319.82 -15251.74 -15351.38 -15337.44 -15263.05 

 Rice field area -23055.13 -22986.70 -22990.71 -23050.00 -22981.84 -22985.44 -23044.24 -22976.04 -22979.77 

Area gain from conversion of impervious surface 

 Green area  -19393.07 -19257.63 -19360.64 -19649.18 -19546.90 -19620.66 19644.19 -19540.70 -19615.32 

 Treed area -21471.56 -21286.72 -21437.96 -21538.78 -21338.22 -21504.62 -21532.23 -21331.58 -21498.10 

 Grassland area -24788.49 -24638.43 -24787.25 -25017.29 -24961.40 -24962.30 -25011.44 -24955.29 -24956.19 

 Rice field area -60847.87 -60847.87 -60847.87 -60831.09 -60831.09 -60831.09 -60817.56 -60817.56 -60817.56 

 

1
0
7 
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Figure S2.1: Map of Thailand showing the location of Bangkok and an inset map of the 

Bangkok region (using aerial imagery taken in 2018). The rectangle with grey border 

represents the 70 km × 80 km rectangle delimiting our study region.
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Figure S2.2: Box and whisker plots comparing vegetation cover in 2004 (white) and 2018 

(grey) in each urbanisation category of 1 km × 1 km grid cells; urban expansion (UX), remain 

rural (RR), urban densification (UD), and remain urban (RU). In this case, we used 40% 

impervious surface as threshold to define urbanised grid cells. Thick solid horizontal lines 

represent median, interquartile boxes represent middle 50% (25th to 75th percentile) of the 

data, and dashed lines represent mean values (on which matched paired t-tests are based), 

whiskers represent 25% ranges for the bottom and top of the data values, and dots represent 

outliers.  
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Figure S2.3: Aerial images show examples of increasing rice field cover due to a) conversion 

of semi-natural grassland and b) conversion of aquaculture farming. White plus signs 

represent sampling points used in our landcover classification. 
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Figure S2.4: Aerial images show examples of increasing tree cover arising from growth of 

ŜȄƛǎǘƛƴƎ ǘǊŜŜǎΩ ŎŀƴƻǇȅΦ ²ƘƛǘŜ Ǉƭǳǎ ǎƛƎƴǎ ǊŜǇǊŜǎŜƴǘ ǎŀƳǇƭƛƴƎ Ǉƻƛƴǘǎ ǳǎŜŘ ƛƴ ƻǳǊ ƭŀƴŘŎƻǾŜǊ 

classification. 
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Figure S2.5: Aerial images show examples of increasing tree cover arising from woodland 

succession over (a) degradation of low quality housings and (b) abandoned aquaculture farm. 

White plus signs represent sampling points used in our landcover classification. 
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Figure S2.6: Aerial images show examples of increasing tree cover arising from creation of (a) 

domestic tree planting and (b) public greenspace and streets trees. White plus signs represent 

sampling points used in our landcover classification. 
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Figure S2.7: Satellite map of the Bangkok region overlaid by 70 km× 80 km landcover map 

showing proportion of rice field cover of 1 km × 1 km grid cells in ~ 2018 (shading) and the 

administrative boundary of Bang Len district (red line), in which it is currently targeted for a 

construction of a new airport (Hongtong, 2019). 
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CHAPTER THREE 

Squirrel and tree-shrew population responses and 

hybridisation of Callosciurus squirrels along an urbanisation 

gradient in a tropical mega-city (in review with the journal Animal 

Conservation) 

 

Urbanisation is increasing at pace and threatening biodiversity, especially in tropical regions. 

Many squirrel species tolerate urbanisation, but studies are biased towards temperate 

regions. We quantify the distribution and abundance of squirrels and (ecologically similar) 

tree-shrews along an urbanisation gradient in a tropical mega-city (Bangkok, Thailand) 

located within the Indo-Burma biodiversity hotspot. We use repeated point counts in 150 1 

km cells, selected using random stratification across the urbanisation gradient. We quantify 

species responses to i) urbanisation intensity (measured using impervious surface cover), ii) 

environmental conditions and urban selection pressures (including woodland quantity and 

quality, human disturbance, and predation pressure from free-ranging cats and dogs), and iii) 

impacts of urbanisation on hybridisation between congeneric Callosciurus squirrels. Three 

species (Tupaia belangei, Callosciurus finlaysonii, and Callosciurus erythraeus) are relatively 

widespread, but one species is extremely rare (Tamiops macclellandii), and two others from 

the regional pool are extremely rare or absent (Callosciurus canieps and Menetes berdmorei). 

Only C. finaysonii has higher abundance in more urban locations. Urbanisation has thus 

markedly reduced squirrel diversity and abundance, contrasting with the perception that in 

temperate regions squirrels typically tolerate urbanisation. Important ecological functions 

provided by this group of species, such as seed dispersal, will be adversely impacted by urban 

expansion and densification τ which is occurring rapidly in the region. Models suggest that 

improving habitat quality by increasing tree cover at local and landscape scales, and reducing 
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effects of human disturbance and numbers of dogs would enable squirrel populations to 

increase, thus partially mitigating these adverse impacts. Finally, construction of bridges 

across the Chao-Praya river has increased the permeability of a geographic barrier that 

separated C. finlaysonii and C. erythraeus distributions, increasing hybridisation rates. Our 

study enhances understanding of the ecological impacts of urbanisation in biodiverse tropical 

regions and the action required to mitigate these impacts.  

Keywords: cities, urban mammals, predation, rodent, Scandentia, synurbic species
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3.1 Introduction 

The spatial extent of urban land is increasing across much of the globe, especially in tropical 

regions (Seto et al., 2012). The environmental change associated with this rapid urbanisation 

markedly alters the abiotic and biotic environment creating strong selection pressures in 

urban environments (Grimm et al., 2008; Parris, 2016). These environmental changes include 

warmer temperatures through urban heat island effects (Diamond et al., 2018), habitat 

fragmentation (Tian et al., 2011), altered predation pressure (including increased pressure 

from human commensals such as dogs Canis lupus familiaris; e.g. Doherty et al., 2017; Paker 

et al., 2014, and cats Felis canis; e.g. Baker et al., 2008; Loss and Marra, 2017), increased 

human disturbance (MacGregor-Fors and Schondube, 2011; Paker et al., 2014), and changes 

in food availability for consumers arising from alterations in species composition and 

abundance of species at lower trophic levels (Rigacci et al., 2021; Schneiberg et al., 2020). 

The species composition of urban assemblages is thus very different from those occurring in 

more rural areas (McKinney, 2002; McKinney, 2008), with urban assemblages tending to be 

relatively homogenous across the globe (Filgueiras et al., 2021; McKinney, 2006). Moreover, 

due to the strong selection pressures the ecological and functional traits of species occurring 

in urban areas are often rather divergent from those in more natural locations (Oliveira Hagen 

et al., 2017). This has major consequences for the ecological functioning of urban 

assemblages. 

Whilst a diverse range of mammals can occur in urban areas, certain species groups tend to 

dominate. Rodentia are, for example, amongst the top three mammalian orders that are 

represented within urban mammalian assemblages (Santini et al., 2018). One group of 

rodents, squirrels are present as native species in almost all urban locations across the globe, 

including North America (e.g. eastern grey squirrel Sciurus carolinensis; Parker and Nilon, 

2008), Europe (e.g. red squirrel Sciurus vulgaris; Jokimäki et al., 2017), Africa (e.g. cape ground 

squirrel Xerus inauris; Chapman et al., 2012), South America (e.g. Brazilian squirrel Sciurus 

aestuans; Fernandes et al., 2019), and Asia (Callosciurus spp.; Lekagul and McKneely, 1977). 

These species play a number of important ecological functions, especially fruit and seed 

dispersal (Bobadilla et al., 2016) and in some cases pollination (Kobayashi et al., 2017), with 

their contributions in towns and cities likely to be particularly important due to the frequent 

rarity of other larger-bodied terrestrial frugivores in highly urbanised areas (Tucker et al., 
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2021). In tropical settings tree-shrews (Tupaia spp.), whilst phylogenetically distinct overlap 

with tree squirrels in their ecological functions (Langham, 1982; Lekagul and McNeely, 1977; 

Shanahan and Compton, 2000). Urban squirrels and tree shrews both create significant urban 

management problems many of which have important economic impacts, including gnawing 

electric wires (see Derbridge et al., 2016) and damaging forestry and agricultural operations 

as well as ornamental plants (Lim, 2016; Lim, 1995). There is also concern that squirrels and 

tree-shrews can increase the transmission of zoonotic diseases (Deng et al., 2016; Wulandhari 

et al., In press). 

Given the functional importance of squirrels it is important to understand the factors that 

influence their distribution and abundance in urban settings. Much attention has been given 

to the ecology of temperate squirrel species in urban environments, such as grey squirrels S. 

carolinensis in urban environments in their native (e.g. Koprowski et al., 2016; Parker and 

Nilon, 2008) and non-native ranges (e.g. Bonnington et al., 2013; La norgia et al., 2017; 

Merrick et al., 2016). Far less attention has been paid to the urban ecology of tropical squirrel 

species, and these regions are currently experiencing the greatest urban expansion rates 

(Seto et al., 2012). 

Our overall objective is to determine how the assemblages of squirrels and tree shrews within 

the greater Bangkok region respond to urbanisation. We focus on Bangkok as it provides a 

useful case study of a rapidly urbanising tropical mega-city (Estoque and Murayama 2015; 

Song et al. 2020) and is located within a biodiversity hotspot (Indo-Burma hotspot; Sodhi et 

al., 2004). We start by assessing which of the species present in the wider region occur within 

urban locations, and quantify for each of these species how their abundance varies along a 

gradient of urbanisation intensity. We then assess how the abundance of each species is 

influenced by environmental conditions including key urban selection pressures namely: 

human disturbance (i.e. number of people), perceived predation pressure from human 

commensals (i.e. number of dogs and cats), habitat fragmentation (i.e. size and distance to 

the nearest suitable habitat τ i.e. woodland), habitat quality (i.e. diversity and amount of 

trees), and availability of food resources (i.e. diversity and amount of fruit-bearing trees). 

Finally, Callosciurus squirrels are known to hybridise when their primarily allopatric 

geographic ranges come into contact (Balakirev and Rozhnov, 2019; Kuramoto et al., 2012; 

Oshida et al., 2007; Timmins and Duckworth, 2008). There is increasing evidence that 
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anthropogenic habitat alteration can break down ecological barriers that limit inter-specific 

gene flow thus promoting hybridisation (Grabenstein and Taylor, 2018; Lamont et al., 2003; 

Nolte et al., 2003). Whilst urbanisation could break down ecological barriers (Grabenstein and 

Taylor, 2018), it is also plausible that urbanisation could reduce hybridisation rates by limiting 

population densities of one or more parental species. Relatively little research has assessed 

how urbanisation influences hybridisation although those studies that have been conducted 

to date have found increased hybridisation rates in a number of vertebrate groups including 

fish (Heath et al., 2010), reptile (Haines et al., 2016), and mammals (Frare et al., 2017). 

3.2 Methods 

Study area and survey sites selection 

Our focal study region consists of a 70 km × 80 km rectangle (5,600 km2) and centred on 

central Bangkok and covering parts of the surrounding provinces (Fig S3.1). Within this study 

region we constructed a grid of 1,плл н ƪƳ Ҏ н ƪƳ ƎǊƛŘ ŎŜƭƭǎΣ ŀƴŘ ŎƭŀǎǎƛŦƛŜŘ ŜŀŎƘ ŎŜƭƭΩǎ 

landcover using ƘƛƎƘ ǊŜǎƻƭǳǘƛƻƴ DƻƻƎƭŜ 9ŀǊǘƘΩǎ ƛƳŀƎŜǊȅ ǘŀƪŜƴ ŘǳǊƛƴƎ нлмт ǘƻ нлму ŀƴŘ ŀ ŦƛƴŜǊ 

scale sampling grid comprising 100 uniformly distributed sampling point within each grid cell 

(based on Evans et al. (2009)). Each sampling point was classified as impervious surface cover, 

trees or other land cover categories (grassland, rice field, salt pan, green roof, bare ground, 

construction site, and water bodies, although these are not relevant for the purposes of this 

manuscript). We then delimited our study region as grid cells with over 25% impervious 

surface (following previous definitions of urbanised locations, e.g. Bonnington et al., 2013), 

resulting in an urban study region of 2,658 km2 (Fig. 3.1a).  

Within the urban study region, we used random stratification to select 15 1 km × 1 km 

sampling grid cells from each of ten categories of urbanisation intensity (0ς10%, 11ςнл҈Σ ΧΣ 

91ς100% vegetation cover), resulting in a total of 150 sampling grid cells (Fig. 3.1b). Survey 

points were selected at the centre of the randomly selected cell. When the centre of a grid 

cell was inaccessible, we used the nearest accessible location. 
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Figure 3.1: a) land cover map of the Bangkok study region showing percentage impervious 

ǎǳǊŦŀŎŜ ŎƻǾŜǊ ƻŦ н ƪƳ Ҏ н ƪƳ ƎǊƛŘ ŎŜƭƭǎ ǳǎŜŘ ǘƻ ŘŜŦƛƴŜ ǘƘŜ ǎǘǳŘȅ ǊŜƎƛƻƴΦ DǊƛŘ ŎŜƭƭǎ ǿƛǘƘ җнр҈ 

impervious surface cover that were isolated from the main urban region were considered to 

be part of other urban settlements. Cells that had <25% impervious surface cover were 

considered to be non-urban unless they were completely surrounded by urban cells, b) the 

percentage green-space cover of 1 km × 1 km grid cells across the urban study region with 

grid cells outlined in black representing the 150 cells selected for sampling using random 

stratification across each categories of green-space (15 sampling grid cells each). 

Squirrel surveys 

Our sampling methodology is based on Bonnington et al. (2013). Squirrels and tree shrew 

surveys were conducted using 15-minute point counts with a 50m survey radius. Surveys were 

conducted on dry calm days from 6.30 am to noon. We used a rangefinder (Viking Compact 

Laser Rangefinder) combined with Google Earth map to ensure that detections were within 

the boundary of the survey plot. Each survey point was visited three times during March to 

July 2018 (first visit 12th March to 28th April; second visit 2nd May to 11th June; third visit 12th 

June to 25th July). These survey dates avoid the most intense parts of the rainy season whilst 

overlapping with periods of high squirrel and tree shrew activity. During each survey we 

recorded the number of adult individuals of each taxon present within the survey area τ 

adults were distinguished from juveniles based on size as per criteria in Francis (2017) and 

Lekagul and McKneely (1977). When squirrels and tree-shrews were observed eating fruits, 
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nuts, or seeds, we also noted which species they were consuming. Within each sampling 

period, we visited survey locations in an order that was unbiased with regard to their 

urbanisation intensity.  

All detected squirrels and tree shrews were recorded and identified to species. Identification 

of northern tree-shrew Tupaia belangeri and Himalayan striped squirrel Tamiops 

macclellandii was straightforward and based on Francis (2017) and Lekagul and McKneely 

(1977). Separation of Callosciurus species is more complicated. We followed the criteria 

advocated by Boonkhaw et al. (2017), Francis (2017), Lekagul and McKneely (1977) and 

ƛŘŜƴǘƛŦƛŜŘ CƛƴƭŀȅǎƻƴΩǎ ǎǉǳƛǊǊŜƭ C. finlaysoniiΣ tŀƭƭŀǎΩǎ ǎǉǳƛǊǊŜƭ C. erthyraeus, and hybrids 

between these two species (hereafter called C. hybrid) depending on the precise colour 

patterns of the upperparts, tail, belly, and face (see Table S3.1; Fig. S3.2). 

Environmental conditions and urban selection pressures 

We recorded the total number of people within each point count radius during each of the 

three 15 minute surveys. An index of human disturbance was then calculated as the mean of 

these values. Similarly, we recorded the number of free-ranging cats and free-ranging dogs 

observed during each point count survey, and calculated mean dog and cat values for each 

point count to generate indices of predation pressure. 

All trees within the point count radius with a diameter-at-breast-height (DBH) >25 cm were 

identified to species (based on Gardner et al. (2000) and Veesommai and Kavduengtian 

(2004)) and their height recorded (to the nearest 0.5 m, using a clinometer) and DBH (to the 

nearest 1 cm, measured at 1.3m). We defined tree species that produce food for squirrels as 

those a) within genera that produce seed, fruits, or nuts recorded as being consumed nby 

squirrels Kitamura et al. (2002) τ based on their observation in Khao Yai National Park (a 

large natural forest located c. 80 km to the north-east of Bangkok), and b) any additional 

species that squirrels were noted as feeding upon during our surveys (primarily non-native 

species that are present in our focal survey area but not Khao Yai; Table S3.2). The diet of 

Tupaia belangeri overlaps with those of squirrels but the species only consumes fleshy fruit, 

and not nuts or seeds (Emmons, 1991; Lim, 1995) τ we thus counted only those tree species 

upon which squirrels feed that have fleshy fruits as providing food for T. belangeri (Table 

S3.2). We then calculated the number of tree species within each point count locality that 
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provide food for squirrels and tree-ǎƘǊŜǿǎΦ ! ǘǊŜŜΩǎ ǇǊƻŘǳŎǘƛƻƴ ƻŦ ŦǊǳƛǘ ƛǎ ŎƭƻǎŜƭȅ ǊŜƭŀǘŜŘ ǘƻ ƛǘǎ 

size (Chapman et al., 1992; Snook et al., 2005; Ouedraogo et al., 2020) and we thus calculated 

aboveground tree biomass of each tree within the point count using the allometric equation 

of Chave et al. (2005). This equation was designed for use in tropical moist forests (annual 

precipitation 1,500ς3,000 mm) which matches the climate in Bangkok (annual precipitation 

1,808 mm; Polwiang, 2020). We then summed total biomass of fruit producing trees to 

provide an estimate of potential food availability for squirrels and tree-shrews within each 

point count. 

We also obtained data on environmental conditions that relate to the area surrounding each 

point count location. The percentage impervious surface cover and tree cover of each 1 km × 

1 km grid cell were obtained from our landcover classifications (see Study area). Our focal 

species primarily use woodland habitats (Bertonilo et al., 2004; Lekagul and McNeely, 1977). 

We thus used measuring tools in Google Earth (Google Earth Pro v7.3.2) to record the distance 

between our sampling location and the largest patch of woodland within the focal 1 km × 1 

km grid cell, and (when the survey location overlapped with woodland) the size of the 

woodland within which our survey locations were located. These data were calculated using 

imagery taken within nine months of our field surveys. 

The distributions of C. finlaysonii and C. erythraeus tend to be separated by the Chao-Praya 

river with C. finlaysonii occurring on the east bank and C. erythraeus on the western bank 

(Boonkhaw et al., 2017). Bridges that cross this river may enable one or more of these species 

to cross this geographic barrier, promoting hybridisation. We thus estimated the distance 

from each survey point to the nearest bridge (considering all bridges for which construction 

had been completed before our field surveys started, the most recent of which was 

constructed in 2007) that crosses the Chao-Praya river using the near function in ArcGIS 

(ArcGIS 10.7.1). 

Data analysis 

All analyses were performed using R-studio version 3.4.2 (R-studio Team, 2015). There was 

limited variation in the number of squirrel and tree shrew species recorded at each location, 

even when pooling data across the three visits (median = 1; range 0ς3; mean ± s.e. = 0.8 ± 

0.1). Our analyses thus focus on quantifying the relationships between the abundance of each 



123 
 

species and our suite of environmental variables. We used maximum abundance of each 

species recorded during our three surveys as response variables (note that maximum 

abundance and mean abundance of each species were very strongly correlated with each 

other; YŜƴŘŀƭƭΩǎ ¢ŀǳ ŎƻǊǊŜƭŀǘƛƻƴ ǘŜǎǘΣ ¢ŀǳ Ҕ фр҈ ŦƻǊ ŜŀŎƘ ǎǇŜŎƛŜǎΤ ¢ŀōƭŜ {оΦо). Abundance of 

Himalayan striped squirrel is not modelled as it was only recorded at one survey location. 

We modelled maximum abundance of each species and C. hybrids using generalised linear 

models (glm function). Poisson models were used for T. belangeri and C. hybrids (glm 

function). Negative binomial models (glm.nb function) were used for C. finlaysonii and C. 

erythraeus as Poisson models for these species were significantly overdispersed (Table S3.4; 

assessed using the dispersiontest function in the AER package).  

We first quantify how each species responds to urbanisation by modelling maximum 

abundance of each species as a function of percentage impervious surface cover, including 

linear and quadratic terms to detect simple non-linear relationships. We select the quadratic 

model only when the quadratic term is significant (P<0.05) and the quadratic models has an 

Akaike Information Criterion values corrected for small sample size (AICc) that is at least two 

points lower than the AICc value of the linear model.  

We then follow Whittingham et al. (2006) and construct full models that model maximum 

abundance of each focal species as a function of our indicators of urban conditions and 

selection pressures, i.e. percentage impervious surface cover (using quadratic terms where 

indicated by our first set of models), percentage tree cover in the grid cell, size of the 

woodland in which the sampling point is located (in ha, counted as zero if the point is outside 

a woodland), and distance to the largest woodland (m), mean number of people (ln-

transformed), mean number of cats (ln-transformed), mean number of dogs (ln-transformed), 

tree species richness (ln-transformed), number of species of fruiting trees (ln-transformed), 

total aboveground tree biomass (ln-transformed), and aboveground tree biomass of fruit 

trees (ln-transformed; see Table 3.1 for more details). We modelled the maximum abundance 

of C. hybrids with the same set of predictor variables and with distance to the nearest bridge 

that crosses the Chao-Praya river as an additional predictor.  

Variance inflation factors (VIFs, calculŀǘŜŘ ǳǎƛƴƎ ΨǾƛŦΩ ŦǳƴŎǘƛƻƴ ƛƴ ǘƘŜ car package) were 

consistently below the threshold at which model inference is adversely impacted by multi-
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collinearity (Dorman et al., 2013; Table S3.5). Model and partial r2 values are calculated as KL-

divergence-based r2 (Cameron and Windmeijer, 1997) using the rsq package. 

We used MoranΩǎ L tests (ape package) to check for spatial autocorrelation in the residuals 

from our models. Residuals from the urbanisation models of C. erythraeus and C. hybrids 

abundance, and the full model of C. erythraeus abundance exhibited significant spatial 

autocorrelation (P<0.05) although MoranΩǎ L values were consistently low (maximum value 

0.11; Table S3.6). In these cases, we also constructed alternative models that took spatial 

autocorrelation into account. These were implemented using generalised linear mixed 

models approach with exponential spatial correlation structure (nlme package) and the 

parameter estimates for these models were very similar to those in the original non-spatial 

models (Table S3.7). We thus only report results from non-spatial models in the main 

manuscript. 

Table 3.1: Description of predictor variables that were used in multiple regression models for 

maximum abundance of squirrels and tree shrews. 

Predictor variables Units Mean ± SE Median Range Transformation 

% impervious surface cover of grid cell % 46.9 ± 2.3 45.9 0 - 96.0 - 

% tree cover of grid cell % 22.6 ± 1.4 20.0 0 - 81.8 ln (x+1) 

Woodland size  ha 1.2 ± 0.7 0 0 - 87.7 ln (x+1) 

Distance to the largest woodland m 246.6 ± 10.6 235.0 0 - 540.0 - 

Distance to the nearest bridge km 13.1 ± 0.7 11.9 0.2 - 37.5 - 

Mean number of people people 12.4 ± 1.6 5.0 1.0 - 122.7 ln (x) 

Mean number of cats individual 0.3 ± 0.1 0 0 - 5.3 ln (x + 1) 

Mean number of dogs individual 1.3 ± 0.2 0.7 0 ς 10.3 ln (x + 1) 

Tree species richness species 5.9 ± 0.4 6 0 - 22 ln (x + 1) 

Species richness of fruit trees for tree-shrews species 1.2 ± 0.1 1 0 - 6 ln (x + 1) 

Species richness of fruit trees for squirrels species 1.8 ± 0.1 1 0 - 7 ln (x + 1) 

Total AGB t/ha 11.4 ± 1.0 8.0 0 - 89.9 ln (x + 1) 

AGB of fruit trees for tree-shrews  t/ha 3.4 ± 0.7 0.7 0 - 86.1 ln (x + 1) 

AGB of fruit trees for squirrels t/ha 4.8 ± 0.8 2.1 0 - 86.6 ln (x + 1) 
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3.3 Results 

We detected three species in the family Sciuridae. Tamiops macclelandii was extremely rare, 

being detected in just one location. C. finlaysonii was the most widespread species, occurring 

in approximately one third of grid cells, whilst C. erythraeus occurred in approximately one 

quarter of grid cells. The distribution of C. finlaysonii and C. erythraeus in Bangkok were 

largely separated by the Chao-Praya river (Fig. 3.3), with C. finlaysonii predominantly 

occurring on the eastern bank of the river and C. erythraeus primarily on the western bank. 

Hybrids between these two species occurred in 6% of grid cells, and were detected on both 

the eastern and western banks (Fig. S3.3). The one tree-shrew species (Tupaia belangeri) 

occurred in approximately one quarter of grid cells (Table S3.8).  

Response to urbanisation intensity 

T. belangeri abundance declined linearly with increasing urbanisation intensity, and was not 

detected at any survey locations in grid cells with over 80% impervious surface cover (Table 

3.2; Fig. 3.2).  C. erythraeus occurred across the entire urbanisation gradient and its 

abundance declined linearly with increasing urbanisation intensity (Table 3.2; Fig. 3.2). C. 

finlaysonii also occurred across the entire urbanisation gradient, and its abundance increased 

linearly with increasing urbanisation. Hybrids between C. finlaysonii and C. erythraeus did not 

occur in highly urbanised grid cells (>80% impervious surface cover), and their abundance was 

not significantly associated with urbanisation intensity (Table 3.2; Fig. 3.2). 

Responses to urbanisation conditions and selection pressures 

The full model of T. belangeri abundance had a model KL-divergence-based r2 of 55% (Table 

3.3). Abundance increased significantly with increasing grid cell tree cover (natural log-

transformed) and tree species richness at the point count location (natural log-transformed), 

and marginally significantly with the biomass of tree species that provided fruit consumed by 

tree shrews (natural log-transformed). There were marginally significant negative 

relationships between T. belangeri abundance and mean number of dogs (natural log-

transformed), distance to the largest woodland and woodland size (natural log-transformed). 

No other predictor variables, including the percentage of impervious surface cover, were 

significantly or marginally significantly associated with T. belangeri abundance. 
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The full model of C. finlaysonii abundance had a model KL-divergence-based r2 of 41% (Table 

3.3). Abundance was significantly positively associated with tree biomass within the point 

count (natural log-transformed). There were marginally significant positive associations with 

percentage impervious surface cover and marginally significant negative associations with 

distance to the largest woodland. Other predictor variables did not exhibit any significant or 

marginally significant relationship with C. finlaysonii abundance. 

The full model of C. erythraeus abundance had a model KL-divergence-based r2 of 46% (Table 

3.3). Abundance of C. erythraeus increased significantly with percentage tree cover and 

impervious surface cover (note the switch from a negative relationship in the simpler 

urbanisation models). There was a significant negative relationship between C. erythraeus 

abundance and ln-transformed mean number of people, and a marginally significant negative 

relationship with log-transformed mean number of dogs. No other predictor variables were 

significantly or marginally significantly associated with C. erythraeus abundance. 

The full model of C. hybrids abundance had a model KL-divergence-based r2 of 66% (Table 

3.3). C. hybrids abundance increased significantly with tree biomass in the point count area 

(natural log-transformed), and marginally significantly with percentage tree cover in the grid 

cell (natural log-transformed). There were significant negative relationships between C. 

hybrids abundance with woodland size (ln-transformed), and distance to the nearest bridge, 

and marginally significant negative relationships with mean number of people (ln-

transformed). No other predictors had significant or marginally significant associations with 

the abundance of C. hybrids.  
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Table 3.2: Model of the maximum abundance of each taxon in response to urbanisation 

intensity using generalised linear models (T. belangeri and C. hybrids abundance modelled 

with Poisson error structure; C. finlaysonii and C. erythraeus abundance modelled with a 

negative binomial error structure).  

Response 
variable 

Model  
Model 
r2 

AICc Intercept 
%impervious surface 

(Linear term) 
%impervious surface 

(Quadratic term) 

     Coeff ± SE P Coeff ± SE P 

T. belangeri 
 

Linear 12.38 196.15 -0.349 ± 0.239 -0.024 ± 0.006 1.3e-4   

Quadratic 14.63 195.17 -0.773 ± 0.365 0.013 ± 0.023 0.562 -4.8e-4 ± 3.0e-4 0.103 

C. finlaysonii 
Linear 6.17 315.31 -1.260 ± 0.341 0.015 ± 0.006 0.010   

Quadratic 6.61 316.91 -0.997 ± 0.492 -0.001 ± 0.023 0.971 1.6e-4 ± 2.2e-4 0.481 

C. erythraeus 
Linear 4.83 291.72 0.043 ± 0.354 -0.014 ± 0.007 0.037   

Quadratic 5.21 293.47 0.247 ± 0.500 -0.029 ± 0.026 0.259 1.6e-4 ± 2.7e-4 0.550 

C. hybrids 
Linear 1.27 105.20 -1.953 ± 0.466 -0.010 ± 0.010 0.317   

Quadratic 2.71 106.11 -2.514 ± 0.760 0.030 ± 0.039 0.448 -4.5e-4 ± 4.4e-4 0.303 
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Table 3.3: Multiple regression models of maximum abundance of T. belangeri, C. finlaysonii, C. erythraeus, and C. hybrid. Models are generalised 

linear models fitted with a Poisson error structure for T. belangeri and C. hybrid, and a negative binomial structure for C. finlaysonii and C. 

erythraeus. Parameter estimates and standard errors are in bold for significant predictors (P<0.05) and in italics for marginally significant 

predictors (0.05 Җ P < 0.10). Model r2 and partial r2 were estimated as KL-divergence-based r2 using rsq package which uses the methodology 

from Cameron and Windmeijer (1997). Asterisks indicate natural log-transformed predictor variables.  

 
T. belangeri 

(model r2 = 55.07) 
C. finlaysonii 

(model r2 = 41.38) 
C. erythraeus 

(model r2 = 45.86) 
C. hybrid 

(model r2 = 65.56) 

 Coeff ± SE Partial r2 P Coeff ± SE Partial r2 P Coeff ± SE Partial r2 P Coeff ± SE Partial r2 P 

% impervious surface -0.007 ± 0.010 0.86 0.469 0.014 ± 0.008 2.82 0.075 0.023 ± 0.010 5.46 0.019 0.010 ± 0.024 0.62 0.675 

% tree cover* 0.668 ± 0.305 9.21 0.029 0.177 ± 0.219 0.56 0.420 1.379 ± 0.367 15.89 1.7e-4 1.585 ± 0.938 16.73 0.091 

Woodland size* -0.403 ± 0.220 5.66 0.067 -0.202 ± 0.257 0.69 0.433 -0.146 ± 0.234 0.23 0.532 -0.860 ± 0.414 16.34 0.038 

Distance to largest woodland -0.003 ± 0.002 5.57 0.063 -0.002 ± 0.001 3.21 0.081 -0.002 ± 0.001 2.45 0.126 -0.005 ± 0.004 7.52 0.167 

Mean no. of people* -0.220 ± 0.225 1.59 0.328 0.207 ± 0.171 1.26 0.226 -0.601 ± 0.218 7.28 0.006 -0.868 ± 0.498 11.50 0.081 

Mean no. of cats* -0.540 ± 0.679 1.11 0.427 -0.348 ± 0.387 0.80 0.368 0.134 ± 0.539 0.06 0.803 0.738 ± 1.085 1.51 0.496 

Mean no. of dogs* -0.512 ± 0.282 5.23 0.069 0.024 ± 0.237 0.01 0.918 -0.528 ± 0.276 4.07 0.055 -1.042 ± 0.714 7.59 0.144 

Tree species richness* 1.112 ± 0.493 8.08 0.024 0.264 ± 0.490 0.21 0.590 0.349 ± 0.565 0.45 0.537 0.927 ± 1.135 2.36 0.414 

Fruit tree species richness* -0.106 ± 0.557 0.06 0.849 0.567 ± 0.544 0.32 0.298 0.757 ± 0.608 1.84 0.213 -0.084 ± 0.890 0.03 0.925 

Tree biomass* 0.501 ± 0.312 3.91 0.109 0.945 ± 0.309 7.16 0.002 0.427 ± 0.368 1.57 0.246 3.234 ± 1.001 36.21 0.001 

Fruit tree biomass* 0.478 ± 0.289 4.21 0.099 -0.043 ± 0.271 0.02 0.874 -0.137 ± 0.321 0.20 0.671 -1.108 ± 0.590 12.69 0.061 

Distance to the nearest bridge*    -0.278 ± 0.106 37.01 0.009 

 

1
2
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Figure 3.2: Relationships between the maximum abundance of T. belangeri, C. finlaysonii, C. 

erythraeus, and C. hybrids and percentage impervious surface cover. Fitted lines indicate 

predicted values, with shading indicating 95% confidence intervals, from generalised linear 

models reported in Table 3.2. C. hybrids abundance was not significantly associated with 

urbanisation intensity so no fitted line is provided. 
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Figure 3.3: Maximum abundance and distribution of C. finlaysonii (yellow), C. erythraeus 

(red), and C. hybrids (orange) in 1 km × 1 km grid cells located along the urbanisation gradient. 

The size of the circles represents the maximum abundance of each species. Grey shading of 

the 1 km × 1 km grid cells represents percentage impervious surface cover, blue shading 

represents grid cells with >80% water bodies. Chao-Praya (CPY) river is shown a blue, with 

black circles indicating bridges crossing the river. 


