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The relationships between stressors, macroinvertebrate community

structure and leaf processing in stream ecosystems.
By Joanne B. Harkness

Summary.

In the face of major threats to global biodiversity, and in order that ecosystem
managers might act to reduce the impacts of anthropogenic stressors on
ecosystems, it is critical that we understand how ecosystem structure and function
respond to stressors. I focussed on investigating the relationship between
macroinvertebrate community structure and function, measured as the rate of leaf
processing. An initial meta-analysis of previous studies revealed no association
between structure and function in streams exposed to three distinct pollutant
stressors (heavy metal contamination, acidification and organic pollution).
Interpretation of patterns was hindered by low sample sizes, and so a field study
was conducted to clarify patterns in response to heavy metal contamination.
Stream sites were located in Cornwall and Lanarkshire. Associations between
structure and function were driven by the direct effects of stressors in Cornwall,
but not in Lanarkshire. The results indicate that the only way to assess function
effectively in natural streams may be to make direct assessment of functional

aspects of the system, in addition to structural assessment.

Experimental stream mesocosms were used to determine whether structure reveals
function, in so much that the rates of leaf processing by mixed-species
assemblages were predictable from the rates of species in isolation. Rates of leaf
processing were greater than predicted, indicative of complementarity between
shredder species. Finally, species-specific feeding trials were used to determine
the effect of fungal species richness on rates of leaf processing by
macroinvertebrate shredders. While there was some evidence for complementarity
between fungal species, which resulted in increases in leaf processing between 1
and 3 fungal species, overall there was no effect of increasing fungal species
richness. Results of both experimental studies indicate that the relationship
between structure and function is idiosyncratic. The implication of this for the
management of freshwater ecosystems is that it is difficult to predict the

consequences of species’ losses for ecosystem processes.

iii






2.2.1. Study design. 43

2.2.2. Literature search strategy and study inclusion criteria. 44
2.2.3. Site pair selection. 45
2.2.4, Data extraction and the kinds of responses reported in the literature. 46
2.2.5. Quantifying the effect size of stressors. 49
2.2.6. Statistical analyses. 50
2.3. Results. 50
2.3.1. The kinds of studies included in the meta-analysis. 50
2.3.2. The direction and magnitude of the effect size of stressors and
frequency of responses reported. 51
2.3.3. The consistency of responses to different stressors. 55
2.3.4. The effect of heavy metal contamination on structure and function. 55
2.3.5. The effect of acidification on structure and function. 55
2.3.6. The effect of organic pollution on structure and function. 56
2.3.7. Does structure predict function? 56
2.4. Discussion. 58
2.4.1. The direction of effects. 60
2.4.2. The consistency of the effects across streams and across stressors. 60
2.4.3. The relationship between structure and function. 63
2.4.4. Which taxonomic level is most relevant for monitoring the effects of
stressors on stream structure and function? 64
2.4.5. Caveats. 65
2.4.6. Conclusions. 66

3. The effect of heavy metal contamination on structure-function relationships in

streams. 68

3.1. Introduction. 68
3.1.1. The effects of heavy metal contamination on macroinvertebrate
community structure and function. 68
3.1.2. The relationship between structure and function in heavy metal
contaminated streams. 69
3.1.3. Aims and objectives. 71

3.2. Methods. 71
3.2.1. Study site selection. 72
3.2.2. Quantifying abiotic variables. 77
3.2.3. Quantifying biotic variables. 78
3.2.4. Quantifying leaf processing. 79



93= #
99

99@

993"

999"
9B !

9B@

9B3

9B9 +
9BB +
9B=
9BC

B@ &
B@ @ #
B@ 3
B@9 "
B@B #
B@ =

B3)

B3@ %
B33
B39 # |/
B3B *
B3="

B9
BO@ # |/
B93 "
B99 *
BO9B "

BB !

BB@ # [/
BB3 *

*

F@
F3
F3
FB
EF
@AD

@AD

@AF
@AE
Q@A
Q@@

(&
@@3
@@3
@@B
@@cC
@@b
@Q@F
@Q@E
@@E
@3A
@3A
@39
@9A
@%@
@%@
@9B
@9C
@9D
@BA
@BA
@B@

Vi



4.4.3. Conclusions. 146

5. The effect of fungal species richness on the rate of leaf processing mediated

through macroinvertebrate shredders. 147
5.1. Introduction. 147
5.1.1. The relationship between microbial conditioning and macroinvertebrate

leaf processing. 147

5.1.2. The relationship between fungal species richness and macroinvertebrate

leaf processing. 148

5.1.3. Previous studies of structure-function relationships in stream
decomposer systems. 149

5.1.4. Techniques for detecting complementarity effects. 150

5.1.5. Aims and objectives. 151

5.2. Methods. 152
5.2.1. Experimental design. 152

5.2.2. Preparing leaf material and establishing communities of aquatic fungi.

153

5.2.3. Collection and acclimation of animals. 155

5.2.4. Experimental system. 156

5.2.5. Quantifying leaf processing. 157

5.2.6. Statistical Analyses. 158

5.3. Results. 161

5.3.1. Objectives 1 and 3: Was there a relationship between fungal species
richness and the mean rate of leaf processing by macroinvertebrate shredders,
and did the relationships differ between the two shredder species? 161
5.3.2. Objective 2: Was there any evidence for species’ complementarity? 165
5.4. Discussion. 167
5.4.1. Objective 1: Was there relationship between fungal species richness and
mean rates of leaf processing by macroinvertebrate shredders? 167
5.4.2. Objective 2: Was there any evidence for species’ complementarity? 169
5.4.3. Objective 3: Were there differences between the shredder species? 170

5.4.4. Scaling up to natural systems. 171
5.4.5. Conclusion. 171
6. General Discussion. 173
6.1. Results in relation to the objectives of the study. 173

vii



6.2. Synthesis. 177
6.2.1. The biodiversity - ecosystem function debate. 179
6.2.2. Implications for managing and assessing freshwater ecosystems.

181
6.3. Conclusion. 183
Appendix A: Studies included in the meta-analysis (Chapter 2). 184
Appendix B: Heavy metal contaminated regions (Chapter 3). 193
Appendix C: Site dossiers for sites in the Leadhills, SW Scotland (Chapter 3). 196
Appendix D: Site dossiers for sites in Cornwall, SW England (Chapter 3). 202
Appendix E: Mean total heavy metal concentrations (Chapter 3). 226
Appendix F: Species abundances for sites in the Leadhills (Chapter 3). 227
Appendix G: Species abundances for sites in Conwall (Chapter 3). 229
Appendix H: Species replacement into artificial stream mesocosms (Chapter 4). 235
Appendix I: Results of tests for transgressive over yielding (Chapter 5). 240

References. 241

viii



1. General introduction.

1.1. Introduction.

1.1.1. The issue: human activities are affecting ecosystems.

Recent expansion of the human population is associated with an increase in
human domination of the Earth’s ecosystems (Cohen 1996; Vitousek et al. 1997
Palmer et al. 2004). Humans are causing adverse effects on ecosystems through
the exploitation of wild living resources, expansion of agriculture, forestry and
aquaculture, habitat loss and fragmentation, pollution of soil, water and
atmosphere, and global climate change (McNeely et al. 1995). These human
activities are changing the biotic structure and composition of ecological
communities, through species extinction or the introduction of exotic species
(Ehrlich & Wilson 1991; U.N.E.P. 1995; Chapin III et al. 2000; Hooper et al.
2005). Current extinction rates are estimated to be up to four orders of magnitude
greater than any reasonable estimate of background (pre-human) rates (Lawton &
May 1995; Pimm et al. 1995).

Biodiversity loss is tragic for its ethical and aesthetic value alone (Gaston &
Spicer 1998). However, in addition, ecologists have emphasised that because the
magnitude of these changes are so large (Pimm et al. 1995) and because
biodiversity is linked to ecosystem processes (such as production, carbon storage,
hydrological and nutrient cycling) (Chapin III et al. 1997; Tilman et al. 1997a)
these kinds of alterations may in turn affect the provision of the goods and
services that ecosystems provide to humanity (Daily 1997; Sala et al. 2000;
Palmer et al. 2004; Worm et al. 2006). Examples of key ecosystem goods include:
the provision of food, medicines, and industrial materials. Key ecosystem services
include: nutrient cycling, soil formation and maintenance, atmospheric regulation,
climatic regulation, hydrological regulation, pest control, photosynthesis, and
pollination (Gaston & Spicer 1998). The estimated monetary value of the goods
and services provided by ecosystems exceeds US § 33 trillion per annum
(Constanza et al. 1997). This alone provides a strong incentive to understand the

nature of the relationship between biodiversity and ecosystem functioning.



In order to afford protection of biodiversity and the provision of key ecosystem
goods and services we need to assess and monitor the impacts of human activities,
and further understanding of the mechanisms and circumstances under which
diversity influences ecosystem properties (Hooper et al. 2005). This information

will be important in making future management and policy decisions (Sutherland
et al. 2006).

The central goal of this study was to examine the effects of anthropogenic impacts
(‘stressors’) on the relationship between biodiversity (‘structure”) and ecosystem
processes (‘function’) in freshwater stream ecosystems. In the following sections I
summarise current research on the relationship between structure and function
(Sections 1.2. and 1.3.), and examine why it is important to extend this work to
study of the effects of stressors on the relationship (Section 1.4). Subsequently, I
introduce the freshwater ecosystem study system (Section 1.5), draw attention to
the pure and applied research goals which need addressing (Section 1.6.), and

finish by outlining the specific objectives of this study (Section 1.7.).

1.1.2. General definitions: stress, structure and function.

The three central terms discussed in this thesis merit clear definition from the
outset. ‘Stressors’ are considered to be physical or chemical perturbations to a
system that are either: a) foreign to that system or b) natural to the system but
applied at an excessive, or deficient, level (Barrett ef al. 1976), which may cause
significant changes in the ecological components, patterns and processes of the
system. Examples include anthropogenic acidification, drought events, water

abstraction, land-use change, and water and air pollution (Vinebrook et al. 2004).

Biotic ‘structure’ refers to the composition of the taxonomic groups such as fish,
algae, or macroinvertebrates, relating primarily to the kinds and number of
organisms in the group. Much of the previous research that has examined the
relationship between structure and function has used the term ‘biodiversity’ to
describe the structural part of the relationship, e.g. the ‘biodiversity - ecosystem
function’ debate (Loreau et al. 2002). ‘Biodiversity’ refers to the extent of
genetic, taxonomic and ecological diversity over all spatial and temporal scales

(Harper & Hawksworth 1994). For the purpose of this study ‘structure’ is used



interchangeably with ‘biodiversity’, since measurable parameters of both terms
are the same, e.g. species richness, relative abundances and biomass. Often these
different parameters are correlated, e.g. biomass and relative abundance. The most
frequently used measure of biodiversity is ‘species richness’, which is the number

of species present in a habitat.

‘Ecosystem functioning’ is, in the general sense, an aggregate property of the rate
and stability of ecosystem-level processes (e.g. fluxes of materials and energy
among compartments) and properties (e.g. pools of materials such as carbon and
organic matter) (Hooper 2005). Ecosystem functioning is commonly
quantified through measurement of a process, such as primary productivity, rate

of decomposition and nutrient leaching.

(%

Since ecosystem processes involve organisms, it is logical to ask whether there is
any relationship between the structure of the community and the processes
(*function’) of an ecosystem. Clearly a minimum composition of organisms is
required to maintain relationships between the primary producers, consumers and
decomposers that mediate the flow of energy and cycling of nutrients in
ecosystems (Folke 1996). In the face of major threats to biodiversity,
attention has been drawn to the more general problem of whether any loss of
species has the potential to alter ecosystem function.

1.2.1. Species richness and ecosystem functioning.

1.2.1.1. History of academic interest.

Darwin (1859) is the first to have documented the suggestion that there might be a
relationship between biodiversity and ecosystem functioning. Darwin was
inspired by an early plot experiment that examined the agro-ecological effects of
intercropping to improve the yield of terrestrial grassland systems (Hector &
Hooper 2002):
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ecosystem processes (Figure 1.1) (Nacem er al. 2002). Five central classes of
hypotheses can be identified: a) the null hypothesis, b) the linear hypothesis, ¢)
the redundancy hypothesis, d) the rivet hypothesis, €) the idiosyncratic hypothesis.
On all graphs, the first black point (at the origin) is the point at or near zero
biodiversity where there is no ecosystem functioning, because, as previously
stated, there is a minimum required level for a process to occur at all. The second
black point is the natural level of biodiversity in the absence of anthropogenic

impacts.

The nuli hypothesis (Figure 1.1a) predicts that there is no effect of variation in
biodiversity on ecosystem processes and therefore a slope of zero for the
trajectory between low biodiversity and the natural level of biodiversity (Vitousek
& Hooper 1993). The linear hypothesis (Figure 1.1b) assumes that all species
contribute equally to ecosystem processes and therefore predicts that the addition
or loss of species causes proportional changes in ecosystem processes. The
‘redundancy’ hypothesis (Figure 1.1¢) assumes that species are a least partially
substifutable in terms of their contribution to ecosystem processes, such that the
"loss of some species is compensated for by other species, or the addition of such
species adds nothing new to the system. This predicts a positive asymptotic
relationship between biodiversity and ecosystem function (Lawton & Brown
1993). The ‘rivet’ hypothesis (Figure 1.1d) reflects the notion that redundancy is
important to the point where once so many species are lost, the system fails
(Ehrlich & Ehrlich 1981). Finally, the ‘idiosyncratic’ (Figure 1.1e) hypothesis
assumes that species impacts are context-dependent (for example, on the
composition of the remaining community, local nutrient levels or disturbance
regime) and therefore unpredictable in their contribution to ecosystem processes
(Lawton 1994). This predicts no simple relationship between biodiversity and
ecosystem processes, and the slope of the hypothetical trajectory changes along

the biodiversity gradient.

The hypotheses outlined above have provided a useful conceptual framework
from which to examine the relationship between biodiversity and ecosystem
functioning, encompassing both the question of whether a relationship exists at all

(Figure 1.1a & e vs. b, ¢ & d) and what form any relationship takes (b, ¢ or d).
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Figure 1.1: Graphical representation of the five central hypotheses of the relationship
between biodiversity and ecosystem processes: (a) the null hypothesis; (b) the linear
hypothesis; (c) the redundancy hypothesis; (d) the rivet hypothesis; (e) the idiosyncratic
hypothesis (reviewed by Naeem et al. 2002) (see text). The black dot at the origin
represents that where there are no species then there can be no process. The second
black dot represents the rate of processing at the natural level of biodiversity (see dotted
line). White dots represent different levels of species richness either as a result of
extinction (moving to the left) or invasion (moving to the right).



1.2.1.3. Empirical studies.

Empirical studies (i.e. studies involving actual observation or manipulation, as
opposed to theoretical or review studies) now constitute around 40 % of the
studies published on biodiversity — ecosystem function relationship, considerably
more than ten years ago (Balvanera et al. 2006). Extensive reviews of these
studies already exist (Kinzig ef al. 2001; Loreau et al. 2002; Hooper et al. 2005;
Balvanera ef al. 2006; Cardinale et al. 2006) and so here I simply summarise
some important points from this work which are relevant to the ideas and

experiments used in this study.

The commonest approach has been to create a gradient of biodiversity under
homogeneous extrinsic conditions (e.g. fertility, climate, space, history) and
monitor a variety of ecosystem function response variables. Other experiments
have manipulated species richness indirectly through varying site environmental
conditions (nutrient level, successional stage). A recent meta-analysis found no
significant difference between those experiments where biodiversity was

manipulated either directly or indirectly (Balvanera et al. 2006).

The majority of studies have been performed in terrestrial systems (predominantly
grasslands systems) far outweighing those in aquatic ecosystems (Balvanera et al.
2006; Cardinale et al. 2006). Around 326 studies have been performed in
terrestrial ecosystems, versus 32 in marine and 68 in freshwater (Balvanera ef al.
2006). The relative paucity of studies performed in aquatic ecosystems is in spite
of the huge genomic diversity in oceans and freshwaters, compared to land, and
considerable value in the ecosystem goods and services provided (Hendriks et al.
2006), as well as their being the more extensive habitat on Earth (Covich et al.
2004).

Contention exists as to the most important measure of biodiversity to manipulate
when designing an experiment. For example, species richness, evenness, or
‘functional group’1 richness (Loreau ef al. 2001a; Hooper & Dukes 2004; Petchey
& Gaston 2006; Wright et al. 2006). The predominant view is that functional

1 A functional group is a group of species that play a similar functional role in a specific
ecosystem process (Naeem et al. 2002).



group richness is more important than species richness (Balvanera et al. 2006).
Species richness has been the most frequently used measure of biodiversity:
species richness (393 studies), evenness (11 studies), diversity indices (19 studies)

and functional group richness (23 studies) (Balvanera et al. 2006).

Of those studies which have manipulated biodiversity as species richness, the
predominant taxonomic group has been primary producers (42 % of studies) as
herbaceous plants (35 %). While other taxonomic groups have received less
attention: animals (31 %), of which most are arthropods (arachnids, insects,
crustaceans and gastropods: 30 %), bacteria (2 %), fungi (14 %) and protists (11
%) (Cardinale et al. 2006).

Most of the studies that have manipulated biodiversity have focussed on
horizontal (i.e. competitive) interactions among terrestrial primary producers (i.e.
within a trophic level) (Lehman & Tilman 2000; Balvanera et al. 2006). More
recently aquatic ecologists have recognised the importance of considering vertical
(i.e. predatory) as well as horizontal interactions (i.e. within trophic levels)
(McGrady-Steed et al. 1997; Naeem & Li 1997; Petchey et al. 1999; Downing &
Leibold 2002; Paine 2002; Petchey et al. 2004). Integrating horizontal and vertical
effects of diversity will enable us to better understand the effects of biodiversity
loss and implications for the functioning of complex ecosystems (Duffy et al.
2007). Of 446 records included in a recent quantitative review, only 5 were multi-
trophic (Balvanera et al. 2006), and only one single study measured ecosystem
functioning after manipulation of a primary consumer community mediated
through a secondary consumer (Montoya et al. 2003; but see also Lecerf et al.
2005).

1.2.1.3.1. General patterns observed.

Recent quantitative reviews of the literature indicate significantly positive effects
of biodiversity on ecosystem processes (Balvanera et al. 2006; Cardinale ef al.
2006). There is clear indication that further biodiversity loss can be expected to
compromise the provision of ecosystem service delivery (Balvanera ef al. 2006).

However, there are still strong arguments (Emmerson et al. 2001; Raffaelli et al.



2002; Duffy 2003; Covich et al. 2004) and evidence to suggest (Cardinale et al.
2006) that the consequences of biodiversity loss are idiosyncratic, differing

quantitatively and qualitatively between trophic groups and ecosystems.

Reviews have highlighted the importance of species identity in its contribution to
ecosystem functioning (Hooper et al. 2005), leading researchers to begin to
address the importance of species identity effects on ecosystem functioning
(Section 1.3). For example, an additional analysis has recently been performed on
the data from the BIODEPTH project (Hector et al. 1999; Spehn er al. 2005), on
the importance of single species to a multitude of ecosystem functions (Hector &
Bagchi 2007).

There has been debate over the interpretation of much of the evidence (Grime
1997; Huston 1997; Tilman et al. 1997b; Wardle et al. 1997b; Allison 1999;
Naeem 1999; Huston ef al. 2000; Fukami et al. 2001; Wardle 2001; Hooper et al.
2005; Srivastava & Velland 2005). Issues that have arisen focus around some key
areas relevant for this study. Firstly, the effect of experimental design on
differences in the shape of the observed relationships (Allison 1999; Schmid et al.
2002). Secondly, the relevance of experiments to natural systems (see Section
1.2.1.3.2)) and to conservation (Srivastava 2002; Srivastava & Velland 2005).
Thirdly, separation of, and the relative importance of, the mechanisms
underpinning a positive biodiversity — function relationship (see Section 1.2.3.)
(Balvanera et al. 2006).

1.2.1.3.2. The relevance of patterns observed for natural systems.

One of the biggest problems of interpretation of studies is that biodiversity has
been manipulated through the random assembly of species, from systems subject
to minimal environmental variability. In ‘real’ systems the effects of species on
ecosystem processes are likely to depend upon individual species traits, such that
the pattern of species loss is non-random (Raffaelli 2004). For example, in
freshwater ecosystems, macroinvertebrate community structure responds
predictably to environmental gradients (Hdméldinen & Huttunen 1996; Wright ef
al. 2000) (see Section 1.5.). The kinds of species traits which affect the pattern of

species extinction reflects differences in body size, trophic position, habitat



specialization, physiology, morphology, life history, and how they respond to
stressors and the environment (Tilman & Lehman 2001; Raffaelli 2004). Future
research would benefit from generating a better understanding of the roles which
certain species play in communities, and specifically whether the traits which
determine vulnerability to extinction are related to functional dominance in

communities (Cardinale et al. 2006).

In most studies with manipulated biodiversity, biodiversity has been reduced to a
single number, for example species richness, whereas, natural communities are
dominated by a few common species while the remainder remain rare. This has
resulted in many of the experiments having higher species evenness than is
encountered in natural systems (Schwartz et al. 2000; Wardle 2002). There have
been a few studies which have examined the degree to which evenness has
influenced ecosystem properties and these are restricted to terrestrial grassland
ecosystems (Wilsey & Potvin 2000; Wilsey & Polley 2002; Polley et al. 2003),
with the exception of one freshwater study (Dangles & Malmqvist 2004), which
found that rates of ecosystem processing varied depending on the identity of the

dominant processing species (see also Section 1.3.1.).

1.2.2. Mechanisms which underpin a positive relationship.

One of the most contentious issues emerging from research in this area has been
whether widely observed patterns seen in experimental systems of increases in
ecosystem processes with increases in the number of randomly assembled species
(see previous discussions in Section 1.2.) are the result of positive interactions
between species (i.e. the ‘complementarity’ effect: see Section 1.2.2.2.), or are the
result of chance inclusion of dominant and highly productive species (i.e. the
‘sampling’ effect: see Section 1.2.2.1.) (Aarssen 1997; Grime 1997; Huston 1997;
Tilman et al. 1997a), and the relevance of these patterns to natural systems
(Loreau 2000; Fridley 2001; Leps et al. 2001). In the following sections (Sections
1.2.2.1.-3.) I illustrate that the proposed mechanisms by which species richness
can affect ecosystem functioning all relate strongly to the functional attributes of
species (Giller er al. 2004). As such, species richness matters because species
differ in their traits. This implies that species composition may be as important in

the determination of rates of ecosystem processes as species richness (Aarssen

10



1997; Huston 1997; Tilman et al. 1997¢; Tilman 1999). Despite this, few, if any,
studies have manipulated community composition in the absence of manipulation

of species richness, and measured changes in the rates of ecosystem processing.

1.2.2.1. Sampling effect.

The ‘sampling’ effect is the “increasing probability of selecting species with a
specific property (e.g. large maximum height, stress tolerance, nitrogen-fixing
ability, high seed germination rate) in samples of increasing number that are
randomly selected for any group of species” (Huston 1997). The mechanism
derives from the idea that one or a few species may have a large effect on any
given ecosystem process, meaning that species rich communities are more likely
to contain a single species with extreme traits which could become dominant and

drive ecosystem functioning (Aarssen 1997; Huston 1997; Tilman et al. 1997a).

The sampling effect is likely to play a role in most experiments with manipulated
species richness (Tilman et al. 1997a), although its existence in natural
communities is debated (Fridley 2001; Cardinale et al. 2006). This is because it is
considered by some to be a statistical artefact of random sampling (Huston 1997).
Wardle (1999) pointed out that if sampling effects occur in natural communities
we would need to assume that communities of species are randomly assembled
with regard to their “relative effect on the ecosystem function being investigated...
and that whatever species were lost from an ecosystem were lost at random with
respect to these effects”. In reality, communities are not usually random
assemblages of species, and species are not lost at random (Lep$ er al. 2001).
Leps et al. (2001) then went on to argue that “complete randomness is [not)
necessary for the sampling effect to manifest itself... [and] it is sufficient that the
traits differ among the species in a community.” In essence, this highlights the
importance of considering differences in species traits, when deciding whether or
not the sampling effect is a possible mechanism in a system; the greater the
dissimilarity between species, the greater chance that the sampling effect will

occCur.

11



1.2.2.2. Complementarity effects.

‘Complementarity effects’ result when “the inclusion of specific groups of two or
more species that interact positively either through facilitation, or through
complementarity among groups of two or more species (i.e. niche effects) to
produce more biomass [or higher rates of ecosystem processes] than a smaller
number of species could produce (Huston 1997; Tilman et al. 1997c; Loreau
2000; Fridley 2001)” (Huston & McBride 2002). Complementarity is not in itself
a mechanism, but rather a property of a set of species (Petchey 2003). The two
kinds of mechanisms which underpin complementarity effects (i.e. facilitation and

niche differentiation) are discussed in the following sections.

1.2.2.2.1. Facilitation.

‘Facilitation’ was first defined for the purpose of intercropping studies
(Vandermeer 1989) as “the circumstance where a species modifies the
environment in a way favourable to a co-occurring species” (Fridley 2001). In
terms of resource-use between species, facilitation occurs when one species
modifies a resource in a way favourable to another co-occurring species, such that
overall resource-use is increased when certain combinations of species occur
together. For exafnple, the fertilization effect of a nitrogen-fixing legume on a
grass in a nitrogen limited environment (Grime 1997; Hooper & Vitousek 1997,
Huston 1997; Huston et al. 2000; Loreau 2000), or when the feeding action of a
certain species of leaf eating detritivore increases the leaf surface area available
for other species (Jonsson et al. 2002). Facilitation predicts that ecosystem
function will increase asymptotically with species richness, as the strength of
species facilitative interactions increases, and then saturates (Tilman et al. 1997a;
Loreau 1998b; Tilman 1999; Loreau 2000).

Species interactions can be negative as well as positive. Negative interaction, such
that one species modifies a resource in a way that is unfavourable to another co-
occurring species, is called ‘inhibition’. For example, certain species of fungi
(aquatic hyphomycetes) can modify the surface of leaf material (through emission
chemicals) inhibiting growth of bacterial, in addition to having anti-fungal
properties (Gulis & Stephanovich 1999).

12



1.2.2.2.2. Niche differentiation.

Niche differentiation (btherwise known as ‘resource-use complementarity’) occurs
because not all species are equal in their requirements for a resource. According to
niche theory there must be some partitioning of resources between species in
order for them to co-exist (Giller 1984). Examples of the kinds of resources which
may be partitioned between species include time, space and food (Schoener
' 1974). Examples of resource partitioning include, distinct size classes of algae
consumed by different cladoceran species (Norberg 2000) and interspecific
variation in net sizes by net-spinning caddis larvae in streams (Hildrew &
~ Edington 1979). Theory suggests that if species differ in their resource-use in at
least one dimension, they may be complementary. As such, each single species
can utilize a certain portion of a resource, but no single species can utilize the
whole range of resources. Where this happens, the greater the number of species
in an assemblage, the greater overall resource will be utilized (Tilman et al.
1997¢; Loreau 1998b; Tilman 1999; Loreau 2000). Like facilitation, this also

predicts a saturating relationship between biodiversity and ecosystem functioning.

1.2.2.3. Distinguishing between mechanisms.

It is very difficult to separate the relative contributions of facilitation and niche
differentiation experimentally (Loreau & Hector 2001). However, methods have
been developed to aid in the separation of sampling and complementarity effects.
Both the sampling effect and complementarity effects produce a decelerating
species richness-ecosystem functioning relationship under some conditions, so it
is not possible to distinguish between the two based on the shape of the
relationship alone (Petchey 2003). Distinguishing among the different
mechanisms requires comparison of individual species’ performances in
monoculture with that of polycultures. The most unambiguous evidence for the
existence of complementarity effects is the detection of ‘transgressive
overyielding’ (Trenbath 1974; Loreau 1998a; Hector ef al. 2002). Transgressive
overyielding occurs when the observed response for a polyculture is greater than
that for the monoculture with the greatest response, an effect that can only be
brought about by complementarity between species and cannot be brought about
through the sampling effect (Loreau 1998b). Empirical tests for transgressive
overyielding include studies by Hector et al. (2002), Spatkova & Lep¥ (2001),
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herbivory, predation and parasitism) might modify the effects of species richness
on ecosystem level processes by controlling how the relative abundances of
competitively superior and inferior species c;hange across levels of species
richness. Evidence from stream mesocosms suggests that periodic disturbances
* prevent taxonomic dominance (Cardinale & Palmer 2002). Therefore, the role of

species richness on ecosystem functioning may depend on how disturbances

regulate community structure.

Anthropogenic stressors are likely to elicit strong effects on ecosystems, over and
above that of the natural disturbance regime. What is more they are increasing in
frequency. and are likely to interact with each other, with unknown consequences
for ecosystem functioning (Vinebrook et al. 2004). In summary, our
understanding of how stressors affect ecolbgical structure is relatively well
developed, but our understanding of concomitant alterations to ecosystem
processing remains poorly understood. A large unknown is the resilience of

ecosystem processes to novel anthropogenic stressors.

In 1976, Barrett et al. stated that in order to understand the effects of stress on
ecosystems “both structure and functional ecosystem parameters should be
employed”, given that “often much information is collected regarding structural
parameters (e.g. density, diversity, life history or biomass), with only limited
information gathered concerning functional ecosystem parameters (e.g. energy
flow pathways, resource recycling, or regulatory processes operating in the
system” (Barrett et al. 1976). Since this statement, responses of ecosystem
functions to a variety of stressors have been documented. The most contemporary
example being changes in climate, especially elevated CO, levels as a result of
human activities (Diaz et al. 1993; Mooney & Koch 1994; Penuelas & Estiarte
1998; Niklaus ef al. 2001a; Niklaus et al. 2001b).

I hypothesize that stressors may affect structure and function directly (Figure 1.2:
Arrows A and B), with the additional possibility that changes in one may elicit
indirect effects on the other (Figure 1.2: via Arrows A and C or Arrows B and D).
The direct effects of stressors on ecosystem functioning may be quantitatively
more important than those indirect effects mediated through changes in ecological

structure.
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Ecological

Ecosystem

Structure Functioning

Figure 1.2.: Schematic of the direct (Arrow B) and indirect effects, via ecological structure
(Arrows A and C), of stressors on ecosystem functioning. There is also the potential for
indirect effects of stressors on ecological structure, via changes in ecosystem functioning
(Arrow D).

1.5. Freshwater ecosystems.

1.5.1. The importance of examining the effects of stressors on the

relationship between structure and function in freshwater systems.

Freshwater ecosystems warrant study, not only because of the importance of their
ecosystem goods and services (Covich ef al. 2004), but also because they present
ecologists with an opportune study system with which to address questions about
the relationship between ecosystem structure and function. In comparison with
terrestrial ecosystems, where a wealth of evidence indicates the functional
importance of biodiversity for ecosystem properties (see Section 1.2.1.3.), little
attention has been paid to the relationship between biodiversity — ecosystem
functioning in freshwater ecosystems. This is in spite of suggestion that
freshwater ecosystems are some of the most impaired in the biosphere, with some
of the highest rates of species extinctions (Wall et al. 2001; Malmqvist & Rundle
2002). The scenario for biodiversity loss in freshwater systems is perhaps far

greater than for any terrestrial system (Riccardi & Rasmusen 1999).
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Freshwater ecosystems have several unique features which provide a compelling
argument against directly extrapolating evidence and lessons learned with regard
to biodiversity and ecosystem function from terrestrial ecosystems. Aquatic
ecosystems “are characterised by greater propagule and material exchange, often
steeper physical and chemical gradients, [and] more rapid biological processes”
(e-g. nutrient cycling) (Giller et al. 2004). These differences may provide a unique

perspective on the relationship between biodiversity and ecosystem processes.

Of those few studies to have examined the relationship, the primary functional
response variable has been the rate of leaf breakdown (Jonsson & Malmgqvist
2000; Jonsson et al. 2001; Hieber & Gessner 2002; Jonsson et al. 2002), although
some studies have measured predation and filtration rates (Cardinale & Palmer
2002; Cardinale et al. 2002). Studies suggest either positive effects of invertebrate
species richness, or no effect on ecosystem function (reviewed by Covich et al.
2004). There is indication from some studies that species identity, rather than
species richness per se, is an important driver of function (Jonsson et al. 2001;
Jonsson et al. 2002) (Section 1.5.3.2.).

The recent Water Framework Directive (WFD) (E.C. 2000/60/E) is aimed at
establishing a framework for Community action in the field of water policy. It
recognises that “waters in the [European] Community are under increasing
pressure from the continuous growth in demand for sufficient quantities of good
quality water for all purposes” (e.g. domestic, industrial and agricultural use). The
WFD acknowledges not only the intrinsic value of water: “water is not a
commercial product like any other but, rather, a heritage which must be
protected, defended and treated as such”, but also the important natural resources

it provides to human society e.g. potable drinking water.

The implementation of the WFD has implications for both current and future
ecological assessment of freshwater ecosystems. It aims for all European waters to
be maintained at “good ecological quality”. Within the directive, ‘ecological
status’ is defined as “an expression of the quality of the structure and functioning
of aquatic ecosystems” (Article 2). At present, an appropriate methodology for
assessing the functional status of freshwaters does not exist. All current freshwater

ecological assessment methods are structural (Section 1.5.2.1.). This raises the
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although a negative effect of acidification on & was indicated (p = 0.058).

2.3.6. The effect of organic pollution on structure and function.

The effect of organic pollution across streams was to reduce the whole
macroinvertebrate community in terms of the number of taxa and densnty of
individuals per unit area (Table 2.2; Figure 2.2). It also had the effect of reducmg the
Shannon index (H). Orgamc pollution also reduced the number of EPT taxa present,

at contaminated sites relative to reference. k was significantly increased by the
presence of organic pollution at a site, whereas % leaf mass loss was not significantly
affected (Table 2.2; Figure 2.3).

2.3.7. Does structure predict function?

There were enough data available to perform correlation analyses of the relationship
of five different structural metrics vs. function. Structural metrics were at the level of
either: the whole community a) density, and ¢) number of taxa; the EPT community
d) number of taxa; or the leaf bag community b) density and e) biomass) (Figure 2.4).
All functional responses were converted to % using Equation 2.3, Sample sizes were
low:a)yn=11,b)n=6,c)n=11,d)n=5,e) n =5, There were only 20 independent
studies. Of these, many studies reported information on more than one structural
response. Thus, across the graphs, many of the points were not independent of each
other. For example, study number 74 occurred in four separate analyses. Across the
graphs/analyses the value of the structural metric for repeated studies differed, but
function, the value of £, remained the same. Studies numbered 66 and 107 occur on
three graphs, studies 12, 14, 23, 77, 145, 147, 148, 435, 444 and 447 all occur on two
graphs, and all other studies on just one graph: 8,‘ 24, 51, 75, 198, 199, 443,
Generally, the low sample size and non-independence of the data were not ideal for
meeting the assumptions of statistic tests. Ideally I would have had enough data to
test for a relationship between structure and function for each of the three different

types of stressors, but in the end I had to combine all three stressors into single
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Figure 2.4: Correlation analyses of the log response ratio (Ir) of various measures of structure vs. function (measured as the leaf breakdown coefficient
(k) see text). From top to bottom are different structural response measures: Density of individuals (a and b); number of taxa (¢ and d); biomass (e).
From left to right are different taxonomic groups: whole community (a and ¢); EPT community (d); leaf bag community (b and e). EPT = Ephemeroptera -
Piecoptera — Trichoptera. PC = Pearson Correlation coefficient. A positive value for Ir indicates that the effect of stress was to increase the value of the
metric at the contaminated site relative to reference site. A negative value for Ir indicates that the effect of stress was to decrease the value of the metric
at the contaminated site relative to reference site. Symbols indicate different stressors: black circles = acidification, white circles = heavy metals, black
triangles = organic pollution. Numbers to the right of each data point identify each study.
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analyses (see Figure 2.4: circles and triangles).

If the way that stressors affect function is indirectly through structure then we may
expect to see a strong positive relationship between the log response ratio (i.e. In X¢-

In X #) of structure vs. function. The more strongly positive (or negative) the /r value,
the stronger the effect that the stressor was having. A positive value indicates that the
effect of the stressor was to decrease the value of the metric at the contaminated site
relative to reference and negative vice versa. Overall, there were no significant

associations between the log responses ratio (Ir) of structure vs. function (Figure 2.4)

2.4. Discussion.

This study addressed a need to understand the relationship between the responses of
structure and function to anthropogenic stressors. I achieved this by summarising the
effects of anthropogenic stressors on macroinvertebrate community structure and
function across streams. After compiling data from studies published in the academic
literature, I quantified the effect of stressors on the direction of and consistency of
responses of structure and function to three distinct stressors. Finally, I tested for a
relationship between structure and function, in order to ascertain whether structure is

indicative of function.

The results indicate that stressors had consistent effects on a few responses of
structure (Table 2.3a), while having inconsistent or non-significant effects on most
(Table 2.3b). For many aspects of both structure and function patterns were indicated,
but the power of the test was too low to detect an effect. These are areas where
further study is needed in order to clarify patterns (Table 2.3b). Where significant
responses were reported in the present study, we can be reasonably confident that
these patterns are consistent across regions, because many of the studies were from
broadly different locations (Section 2.3.1.). Significant responses of structure were

seen in different components of the community, suggesting that particular stressors
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Table 2.3: Summary of the patterns of the responses of structure and function which | am either a) fairly sure of because there was enough statistical
power in the test to be confident of a true effect; b) unsure of, because the power of the test was low. Asterisks indicate that the significance of the test
was not p < 0.05, but that it was not far off (i.e. p < 0.086) (see Table 2.2).

Stressor Structure Function
a) Patterns of which | am sure:

Heavy metal ¢ A decrease in whole community number of taxa.
contamination e A decrease in whole community density of individuals (and probably biomass).
elicits... o No effect on the number of EPT taxa.

Acidification elicits... e A decrease in whole community number of taxa. * No effect on the rate of leaf

: ¢ A decrease in whole community density of individuals* and drift density*. processing measured as L.
o A decrease in the number of EPT taxa. ¢ A decrease in the rate of leaf
e An increase in the % of shredder taxa. processing measured as k"
Organic pollution ¢ A decrease in whole community number of taxa. ¢ No effect on the rate of leaf
elicits...  No effect on whole community density. processing measured as L
o No effect on the Shannon index. ¢ An increase in the rate of leaf
e A decrease in the number of EPT taxa. processing measured as k.
b) Patterns of which | am unsure, but which are indicated:

Heavy metal « A decrease in whole community biomass. ¢ A decrease in the rate of leaf
contamination e No effect on density of EPT taxa. processing, measured as k*.
elicits... o No effect on the density of the shredder community.

Acidification elicits... ¢ No effect on the density of EPT taxa.

« No effect on the density or biomass of the leaf bag community.

Organic pollution ¢ No effect on whole community biomass.

elicits...  No effect on Simpson’s index.

o No effect on the % EPT no. taxa or density.

¢ No effect on the shredder community.

» An increase in the density of individuals found in leaf bags.

+ No effect on the biomass or number of taxa found in leaf bags.
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affect different members of the community, as predicted (Section 2.1.2.). Of the two
measures of function, only one was significantly affected by organic pollution, and
neither were affected by heavy metal contamination or acidification (at the level of p

< 0.05). There were no associations between responses of structure and function.

2.4.1. The direction of effects.

Most responses of structure and function to stress were negative (i.e. there was a
decrease at contaminated relative to reference site). Exceptions to this were some
positive responses at organically polluted sites (i.e. there was an increase at
organically polluted sites relative to reference site) and a single structural measure
which increased significantly in acidified streams (the percentage of shredder taxa)
(Figure 2.2; Table 2.3). These results indicate that heavy metal contamination and
acidification are more likely to generate decreases in structure and function than
organic pollution. However, responses of structure to organic pollution were not
consistently positive; there were also significant decreases across organically polluted

streams in terms of the number of taxa and the number of EPT taxa.

2.4.2. The consistency of the effects across streams and across stressors.

When considering the consistency of the effects, interpretation is complicated
because the statistical tests used were not equivalent in terms of their power to reject
the null hypothesis. This is caused by variability in n values, i.e. the number of data
points or studies included in each analysis (Table 2.2). A failure to reject the null
hypothesis when n = 4 is not of the same importance when n = 23, Because of the
nature of the data (i.e. there were multiple ¢-tests being performed, each with different

levels of replication) we need to be cautious when interpreting the results.

2.4.2.1. Effects on function.

In the present study, data from a total of 28 independent studies were incorporated
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into the meta-analysis of the effects of stressors on ecosystem functioning. Patterns
were not statistically significant for heavy metal contamination or for acidification
(though in some cases the results were close enough to be suggestivej (Table 2.2).
The results shown in Figure 2.3b indicate that similar patterns exist in the present
study to those indicated by Gessner & Chauvet (2002) in that there is likely to be a
decrease in leaf processing downstream of both heavy metal contamination and
acidification, and an increase downstream of organic pollution (Section 2.1.1.; Table
2.1).

In the present study, the power of the tests used to detect the effect of stressors on
ecosystem function was always very poor, except in the one instance where there was
a significant effect (Table 2.2), i.e. an increase in the rate of leaf processing
downstream of organic pollution (p = 0.001). This confirms that leaf processing is
indeed sensitive to the effects of this stress. However, I cannot be confident that there
truly was no effect of either heavy metal contamination or acidification on the rate of
leaf processing, because of the low power and low sample sizes. More studies are

needed to clarify patterns.

Other field studies, which were either unsuitable for inclusion, or have been
published since completion of the meta-analysis, have also documented increases in
the rate of leaf processing in streams subject to organic pollution. This phenomenon
has mostly been attributed to nitrate addition stimulating decomposition rates
(Elwood et al. 1981; Grattan & Suberkropp 2001; Nikolcheva & Birlocher 2005;
Ferreifa et al. 2006; Gulis et al. 2006) and increases in the activity of the microbial
community have been implicated (Pascoal et al. 2001; Pascoal ét al. 2003; Pascoal &
Cassio 2004; Pascoal et al. 2005a). In contrast, Lecerf ef al. (2006) conducted a field
survey of structure and function in 9 streams in France, subjected to low to high
levels of eutrophication. They found that rates of leaf processing in coarse mesh leaf
bags (i.e. including macroinvertebrates) were negatively related to ammonia
concentrations, whereas rates of leaf processing in fine mesh leaf bags (i.e. excluding
macroinvertebrates) remained constant across a gradient of ammonia concentrations.
This suggests that the change in the rate of leaf processing was directly attributable to

a reduction in the amount of leaf material processed by macroinvertebrate shredders,
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and that the microbial community was unable to compensate for the loss of shredder

leaf processing.

The results of the present study indicate that the leaf breakdown coefficient (k) (see
Equation 2.1) is a better indicator of ecosystem stress than the alternative, the
percentage leaf mass loss (L) (see Equation 3.2). This was because significant, or
marginally significant, effects of heavy metal contamination or organic pollution
were detected for k, where no effects were reported for L for these two stressors. No
comparison can be made for acidification because there was no data reported for L.

However, k was not significantly affected by acidification (p = 0.086).

2.4.2.2. The effect of stressors on macroinvertebrate community structure.

The results of the present study indicate that some, but not all, aspects of
macroinvertebrate community structure respond predictably to anthropogenic
stressors, which is something we already knew (Simon 2003) but was a reassuring
find as it confirms the validity of the method. The most frequently reported response
of macroinvertebrate community structure, the total number of taxa, was the most
consistently sensitive to all three stressors (Table 2.2; Figure 2.2H). It was reported in
a total of 71 out of 97 studies. The significance of these results, in comparison to
other tests, may have either been due to a clear effect, or because the larger sample
size gave better power to detect the effect. The results were highly significant for all
three stressors, allowing confidence that these results reflect a real effect. This result
indicates that empirical studies which have involved manipulation of species richness
(e.g. the majority of studies in the biodiversity - ecosystem function literature, see
Kinzig et al. 2001; Loreau et al. 2001a; Loreau ef al. 2002) (Section 1.2) are, indeed,

relevant to natural (i.e. stressed) ecosystems.

Another frequently reported response was whole community density, reported in 54
studies. This response was sensitive to heavy metal contamination, but was not

sensitive to either acidification or organic pollution, although, once again, the relative
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power to detect an effect was so low that we cannot be confident that there was truly
no effect of acidification or organic pollution. Likewise, we may be confident that the
number of EPT taxa was sensitive to acidification and organic pollution, because the
results were significant, but we may have very little confidence that heavy metal
contamination had no effect, because the power of the test was so low. We can also
be fairly confident that heavy metal contamination affected whole community

biomass, but there was no or little data for acidification or organic pollution.

Despite there being very few studies, and low power associated with the tests, we still
see that the shredder community was sensitive to the effects of stressors: acidification
increased the percentage of shredder taxa present at contaminated relative to
reference sites (n = 5), leaf bag community density was significantly increased by
organic pollution, and there was indication that heavy metal contamination might
have reduced the density of shredder taxa at sites (Tables 2.2. & 2.3). If there is a
simple linear relationship between structure and function we would predict that these
changes would translate to changes in the rate of leaf processing. Indeed, an increase
in the number of taxa inhabiting leaf bags was associated with an increase in the rate
of leaf processing in organically polluted streams, and the reduction in shredder
density at heavy metal contaminated sites was associated with a decrease in the rate
of leaf processing. However, the increase in the number of shredder taxa at acidic
sites was not associated with an increase in leaf processing (Figures 2.2 and 2.3). It is
important to note that these patterns of structure and function are not necessarily from
the same study and were not tested formally. A more rigorous test for an association
between structure and function (Sections 2.2.6. and 2.3.7.) is discussed in the

following section.

2.4.3. The relationship between structure and function.

In the present study I tried to understand whether a relationship exists between the
structure of the macroinvertebrate community and ecosystem function, measured as
the rate of leaf processing (Figure 2.4). Ideally, I would have examined the

relationship between aspects of structure of the macroinvertebrate shredder functional
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feeding group, and the rate of leaf processing. However, due to the limited number of
studies (n = 10) reporting information at the shredder community level (Table 2.2)
this was not possible. This represents a disparity in the kinds of structural and
functional responses being reported in studies, which future studies might try to
rectify. Despite these concerns, statistical tests were performed on the data and no
relationships were detected between structure and function, where structure was
characterised at the level of the whole community (density and number of taxa), the
EPT community (number of taxa), the leaf bag community (density and biomass).
The lack of any significant association between these aspects of structure and rates of
leaf processing might either be because there was no relationship between any aspect
of structure and function, or be because the components of structure and function
considered were not directly related. In order to determine whether or not there is a
relationship between community structure and function we need more studies
reporting aspects of structure which directly relate to function. If then there is still no
relationship between the macroinvertebrate community structure and ecosystem

function, we may be more confident that there truly is no relationship.

2.4.4. Which taxonomic level is most relevant for monitoring the effects of

stressors on stream structure and function?

Only at the level of the whole community were the effects of heavy metal
contamination and organic pollution detected. The results suggest that responses at
the level of the number of taxa in the whole community are both relevant and useful
when monitoring the effects of stressors on freshwater ecosystems. The effects of
acidification were detected at the level of the number of EPT taxa and the percentage
of shredder taxa. The number of EPT taxa is often used to report responses of
structure to pollution (e.g. Wallace et al. 1996) (Section 2.2.4), because many of the
individual taxa are sensitive. The results of this study indicate that a more consistent
response is seen at the level of the whole community than at the level of the EPT
community (although there were far fewer studies reporting at the level of the EPT

community).
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The results show that the structural metric ‘number of EPT taxa’ was not very
sensitive to the effects of stressors. Underpinning this are two possibilities: either that
EPT taxa are simply more tolerant to pollution than many believe them to be, or that
the loss of pollution-sensitive EPT taxa allowed other pollution-tolerant taxa to
colonise the contaminated sites relative to reference. Winner et al. (1980) first
suggested that as levels of heavy metal pollution increases, the more sensitive insects
representing EPT orders appear in communities less frequently. However, Baetis
tricaudatus Dodds (Ephemeroptera: Baetidae) has been shown to be one of the least
tolerant insects to heavy metal pollution (Kiffney & Clements 1994a) and yet it was
present at heavy metal impacted sites in the Coeur d’Alene River, Idaho, US (Hoiland
et al. 1994) suggesting some taxa of these orders are able to develop tolerance to
heavy metals. This brings into question the use of the EPT index (Section 2.2.4.) as a

biomonitoring tool.

2.4.5. Caveats.

As with any analysis of this sort a number of possible biases and limitations should
be borne in mind. Working with published results raises the issue of publication bias:
the failure to publish non-significant results (Gurevitch & Hedges 1999). If this
phenomenon was acting on my results, it would manifest as a positive bias in the
mean effect size (Begg 1994; Jennions & Meller 2002). Since the mean effect size
tested for each response was not usually statistically significant greater than zero, this
suggests that publication bias was not acting strongly on these results or that the

effects are even rarer than observed here.

Another issue of interpretation is the number of tests carried out. A total of twenty-
seven f-tests were performed (Table 2.2). This raises a small, but important,
possibility that some significant results could be spurious. However, with 27 tests we
would only expect 1-2 results to appear significant by chance at the 0.05 level. In

fact, most of the results that were significant were at much lower p values, providing
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little support for the view that the effects seen here are a statistical artefact.

When interpreting the results from this study it is also important to note that several
of the measures are not independent of each other. Measures of function (i.e. k and L)
are not independent of each other. Measures of structure are also not independent of
each other, for example, changes in the EPT community and the shredder community
are not independent of each other, as some shredders belong to the Plecoptera and
Trichoptera orders. The implications of this non-independence of results would be of
greater importance if, for example, most of the significant patterns had been seen at
the level of the EPT community, and these translated to weaker effects seen at the
level of the whole community. Certainly for acidification and organic pollution, the
number of EPT taxa was significantly affected by stress, and so were measures of the
whole macroinvertebrate community. Ideally here we would also have a measure of
how the non-EPT community was affected, but these data were never presented by
the primary researcher, and would, if I had extracted the information from species

lists, have had a low sample size, as full species lists were given in few studies.

2.4.6. Conclusions.

Stressors have strong and significant effects on the number of taxa of the whole
macroinvertebrate community. This pattern can be generalised across stream
ecosystems located in different regions. Stressors may have strong effects on other
aspects of macroinvertebrate community structure. However, the results were
inconsistent and the power of the analyses on these aspects were limited, due to low

sample sizes.

Evidence from the present study suggests that there may be effects of some stressors
on the rate of leaf processing (e.g. there was a significant increase in the rate of leaf
processing downstream of organic pollution). There is a need for more studies to be
undertaken in order to increase the power of analyses like these and to clarify the

pattems.
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In the present study structure was not indicative of function. This may have been
because information was not available on the functional group most closely related to
function (i.e. macroinvertebrate shredders). There is also a strong need for studies
reporting information on functionally relevant species in communities, i.e. for more
studies reporting information on both structure and function measured

simultaneously.
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3. The effect of heavy metal contamination on structure-function

relationships in streams.

3.1. Introduction.

Determination of the nature of the relationship between ecological structure and
function is fundamental to our understanding of ecosystems (Section 1.2.).
Consideration of the effects of stressors on this relationship will aid in the
protection and management of ecosystem services, in the context of current severe
environmental changes resulting from human activities. In Chapter 2, I examined
the effects of various stressors on the relationship between structure and function
in stream ecosystems. A major gap was identified in the information available on
the structure of the macroinvertebrate shredder functional feeding group and the
rate of leaf processing from the same studies, preventing a comparison of the
effects of stressors on both. The present study aimed to address this gap by using
synoptic measurements of community structure and function to assess the effect

of heavy metal contamination.

3.1.1. The effects of heavy metal contamination on macroinvertebrate

community structure and function.

So far in this study I have reviewed the effects of heavy metal contamination on
macroinvertebrate community structure, in terms of the kinds of responses we
might expect to see and the mechanisms by which heavy metals affect
macroinvertebrate community structure (Section 1.6.1.1.). I have also provided a
quantitative review of these effects (Chapter 2) demonstrating that heavy metal
contamination is likely to elicit effects on the structure of the whole community

measured as the number of taxa, density of taxa and biomass (Table 2.2).

I have also reviewed the effects of heavy metal contamination on the rate of leaf
processing (Chapter 2). Across the seven studies that documented this effect there
was on average no significant effect of heavy metal contamination on the rate of
leaf processing, although the power to detect an effect was low. The mechanisms

by which stressors generate effects on the rate of leaf processing are poorly
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understood. In Chapter 1 I hypothesized that effects may operate through direct or
indirect pathways (Section 1.6.3.). Not much is known about how direct effects
might operate (Section 1.6.3.1.), but to illustrate, if heavy metal contamination
contains iron, leaves may become coated in a layer of ochre (Fe(IlI) oxide)
rendering them unpalatable to macroinvertebrate shredders and preventing
colonisation by microbes. If this happens leaf breakdown will occur at a much
reduced rate, if at all. Indirect effects might result if metals affect rates of leaf
processing by macroinvertebrate shredders (Section 1.6.3.2.). For example, Taylor
et al. (1994) observed feeding avoidance behaviour in a key shredder species,
Gammarus pulex L. (Amphipoda: Gammaridae), when exposed to natural
sediments contaminated with copper. Recent evidence suggests that feeding
inhibition by G. pulex results from aqueous, rather than dietary exposure, to heavy
metals (zinc) (Wilding & Maltby 2006). Alternatively, effects may be mediated
through the microbial community (Section 1.6.3.3.). For example, Bermingham et
al. (1996a) found reduced rates of leaf processing downstream of metal mining

were associated with reductions in fungal activity.

3.1.2. The relationship between structure and function in heavy metal

contaminated streams.

In Chapter 2 I identified five studies which documented the effects of heavy metal
contamination on measures of structure and function simultaneously in the same
streams. All of these studies took place in the USA and they were all field surveys
(Table 3.1). Most of the studies followed the same design, i.e. sample sites were
located at multiple locations along a single stream (Schultheis er al. 1997; Nelson
2000; Chaffin et al. 2005; Woodcock & Huryn 2005). The design of one study
differed and sample sites were located across independent streams (Carlisle &
Clements 2005). Each study reported different aspects of macroinvertebrate
community structure (Table 3.1), and there was some indication that aspects of
structure and function were associated. No studies formally tested for a

relationship between structure and function.
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Table 3.1: Summary of the five previous studies to have documented responses of structure and function to heavy metal contamination in streams.

Reference Location Study Design Metal Pattern at contaminated site, relative to Leaf type
stress reference
Macroinvertebrate community  Rate of leaf
structure processing
Schultheis et al. Virginia, USA Single stream: 4 upstream Copper Decrease shredder abundance, Decrease Acer
(1997) reference sites, 3 downstream and changes in shredder rubrum
contaminated sites community composition. (L.) (red
maple)
Nelson (2000) Arkansas River, Single stream: 2 upstream Manganese, Reduced no. taxa and shredder No change Populus
Colorado, USA reference sites, 2 downstream zinc density. tremuloide
contaminated sites s (Aspen)
Woodcock & Huryn  Maine, USA Single stream: 4 upstream Iron, No change no. taxa. Change in No change Acer
(2005) reference sites, 4 downstream manganese no. EPT taxa and total rubrum
contaminated sites and zinc community biomass. Tipula (L.) (red
biomass compensated for loss of maple)
other shredder taxa.
Carlisle & Clements Colorado, Rocky  Multiple independent streams: 3 Zinc Decrease in total shredder Decrease Salix spp.
(2005) Mountain contaminated, 2 reference production. No compensation for
streams, USA dominant shredder taxa.
Chaffin et al. (2005) Appalachian Single stream: 4 upstream Arsenic Reduced densities of shredders. Decrease Red maple
mountains, USA  reference sites, 4 downstream and white
contaminated sites oak




3.1.3. Aims and objectives.

The overall aim of this chapter was to conduct field studies to document the
effects of heavy metal contamination on the relationship between
macroinvertebrate community structure and ecosystem function in streams. This
was addressed by collecting field data on both aspects of the community at

multiple contaminated and reference sites.

Shredders are the functional feeding group which feed directly on, and assimilate
energy from, large fragments of leaf litter. It is expected that this group will have
a distinct association with rates of leaf processing. To separate out this potentially
important group, the structures of the shredder and non-shredder components of
the community were considered separately. Despite the primary role of shredders,
it is also important to consider the non-shredder community, as changes in other
functional feeding groups may have indirect influences on the rate of leaf
breakdown. For example, some species of mayfly larvae (Ephemeroptera),
belonging to the collector functional feeding group, scrape fine particles from the
surface of leaves, with potential effects on leaf breakdown. Some predator species
may also play a role in influencing the rate of leaf processing through indirect
effects on shredders (e.g. Oberndorfer et al. 1984; Malmqvist 1993).

3.2. Methods.

The study design consisted of comparisons between pairs of sites, one site with a
history of heavy metal contamination, and the other a nearby uncontaminated
(‘reference’) site. At all sites direct measurements were made of metals, a suite of
abiotic factors (Section 3.2.2.) and macroinvertebrate community structure and
function. Sites were visited on two occasions three weeks apart, during the months
of July and August 2004.
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3.2.1. Study site selection.

Two regions were selected for investigation from several regions in the UK
known to be historically contaminated with heavy metals (Appendix B). The first
eight sites were located around the town of Leadhills, Lanarkshire in south west
Scotland (henceforth ‘the Leadhills’), with the remaining twelve sites located in
Cornwall, south west England. Four site pairs were selected in the Leadhills
(Figures 3.1 & 3.2a) and six in Cornwall (Figures 3.1 & 3.2b). Site pair dossiers,
which were compiled a priori, are detailed in Appendices C and D respectively.
For basic site descriptions see Table 3.2 and environmental data see Table 3.3.
Sites were selected using information detailed in previous studies and from
routine monitoring programmes of the Environment Agency (EA) and the Scottish

Environmental Protection Agency (SEPA).

Contaminated sites had to fulfil all of the following criteria:

1. There was information which indicated contamination, primarily by heavy
metals, e.g. water chemistry data from the EA or from a previous study
(Appendices C & D).

2. There was information which indicated no secondary contamination, e.g.
no organic pollution, acidic deposition (pH of sites had to be > 6), acid
mine drainage, coal mine effluent, or agricultural influence.

3. There was a nearby reference site.

4. The site was independent of the other contaminated sites.

5. That there were several contaminated sites (minimum of 4) all located in

close proximity to each other (< 1 hour driving distance of each other).

It was preferable that some background information was available of the
macroinvertebrate community at both contaminated and reference sites and that
there was the potential for detritus processing (i.e. that macroinvertebrate

shredders were present) (Appendices C & D).

Following identification of suitable contaminated sites, it was necessary to locate
a nearby partner reference site. Reference sites were selected to minimize

variation in environmental and abiotic factors, separate from the heavy metal
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Table 3.2: Summary of site descriptive information for the twenty streams used in the field study. Sites 1-8 were in the Leadhills, and sites 9-20 were in Cornwall.
Sites in Cornwall were paired (contaminated vs. reference): odd numbered sites were contaminated with heavy metals and even numbered sites were reference
sites. Tr. = tributary. Data for site 1-8 was estimated from an OS Explorer 1: 25,000 map. Stream order was estimated using the Strahler method (Dobson & Frid
1998). All data for sites 9-20 came from the Environment Agency central database, using the procedure documented in Murray-Bligh et al. (1997), with the exception
of stream order and land use type, which were extracted from a CEH online database (http://www.ceh.ac.uk/sections/seo/lcm2000_home.html). Mean annual

discharge is estimated as a category 1-10.

Site  Site Site name NGR Altitude Distance Mean Slope Land use type Stream
no.  pair (m from annual (m/km) order
no. above source  discharge
sea (km) (m¥s)
level)
1 - Glengonnar Water NS887177 330 8.0 - - - 2
2 - Tr. Elvan Water NS901157 380 0.25 - - - 1
3 - Wanlock Water A NS873129 390 0.75 - - - 1
4 - Allershaw Burn NS955132 290 1.0 - - - 1
5 - Wanlock Water B NS855146 310 3.0 - - - 1
6 - Tr. Camps Water NS973224 265 2.0 - - - 3
7 - Mennock Water NS843103 195 6.1 - - - 3
8 - Tr. Mennock Water NS853102 225 4.3 - - - 3
9 5 Twelveheads SW76154206 20 45 2 12 Arable cereals 3
10 Trenarth Bridge SW75772830 5 3.6 1 18.2 _ Coniferous woodland 2
11 6 Crow’s Nest SX26406938 195 1.8 1 5 Improved grassland 1
12 Harrowbridge SX20667440 210 8.25 3 9.9 Broad-leaved/mixed woodland 3
13 7 Porthtowan Stream SW69544740 5 3.2 1 19.5  Suburban/rural development 2
14 Polwheveral Bridge SW73772900 12 6.6 1 50 Broad-leaved/mixed woodland 3
15 8 Godolphin Stream SW60433208 39 1.95 1 46 Broad-leaved/mixed woodland 2
16 Tregolls Bridge SW72953605 120 53 1 8.7 Acid grassland 3
17 9 East Wheal Rose
Bridge SW834552 49 1.4 1 14.3  Improved grassland 1
18 Rosecliston SW81715877 17 2.55 1 18.2  Improved grassland 2
19 10 Haye Farm SW 346 701 g5 1.2 1 16.7  Broad-leaved/mixed woodland 2
20 Trebartha Road
Bridge S$X 2629 7782 130 10.1 3 8.7 Improved grassland 3

SL


http://www.ceh.ac.uk/sections/seo/lcm2000_home.html

Table 3.3: Summary of environmental data collected for the twenty streams used in the field study (mean and SE in parentheses). Sites 1-8 were in the Leadhills,
and sites 9-20 were in Cornwall. Sites in Cornwall were paired (contaminated vs. reference). odd numbered sites were contaminated with heavy metals and even
numbered sites were reference sites. Tr. = tributary. Flow rate was measured using a Valeport Electromagnetic Flow Meter. Canopy cover and substrate types were
estimated using a visual judgement (see text).

Site  Site Site name NGR Width Depth Flow rate Canopy Substrate type (%)
no.  pair (m) (cm) (m/s) cover Boulders/ Pebbles/ Sand Siit
no. (%) Cobbles gravel

1 - Glengonnar Water NS887177 27(0.19) 215(2.89) 0.41(0.08) 0(0) 225 (10.5) 63.3 (11.5) 11.7 (4.6) 2.5(1.7)

2 - Tr. Elvan Water NS901157 3.2(067) 26.7(5.94) 0.30(0.04) 0(0) 50 (15.3) 48.3 (15.5) 0(0) 1.7(1.7)

3 - Wanlock Water A NS873129 1.4 (0.21) 8.5(1.68)  0.23 (0.05) 20(17) 75 (9.6) 38.3(13.8) 0(0) 0(0)

4 - Allershaw Burn NS955132 0.7(0.14) 112(1.42) 0.10(0.05) 0(0) 63.3 (12.0) 36.7 (12.0) 0(0) 0(0)

5 - Wanlock Water B NS855146 0.7 (0.08) 44(0.72) 0.24(0.07) 0 (0) 11.7 (5.4) 81.7 (4.0) 6.7 (2.1) 0(0)

6 - Tr. Camps Water NS973224 14(0.21) 138(3.50) 0.22(0.10) 0 (0) 94.2 (3.3) 4.2 (3.3) 1.7(1.1) 0 (0)

7 - Mennock Water NS843103 5.9(0.19) 13.7(2.96) 0.42(0.08) 0 (0) 65 (7.3) 29.2(4.7) 5.8 (2.7) 0(0)

8 - Tr. Mennock Water NS853102 2.1(0.20) 14.7(3.49) 0.49 (0.11) 0 (0) 60.8 (7.5) 28.3(3.8) 7.5 (3.6) 0 (0)

9 5 Twelveheads SW76154206 2.3(0.43) 14.4 (1.91) 0.22 (0.05) 16.7 (8.82) 0(0) 42.5 (14.8) 42.6 (12.0) 16.7 (7.6)
10 Trenarth Bridge SW75772830 24(0.12) 125(1.87) 0.06(0.01) 33.3(33.3) 41.7 (14.0) 27.2 (9.5) 19.2(7.2) 10.0 (3.9)
11 6 Crow’s Nest S$X26406938 19(0.16) 10.7(0.72) 0.23(0.06) 100.0(0) 56.7 (12.8) 36.7 (11.4) 3.8(1.5) 2.8(1.8)

12 Harrowbridge $X20667440 5.7(0.25) 22.7(2.33) 0.21(0.02) 95.0(5.0) 45.83 (9.87) 16.7 (7.6) 35.0 (3.2) 25(1.1)
13 7 Porthtowan Stream SW69544740 1.3(0.09) 216(240) 0.14(0.06) 0 (0) 30.8 (17.6) 45.0 (12.5) 19.2 (6.8) 7.5 (4.0)

14 Polwheveral Bridge SW73772900 2.7 (0.23) 9.9 (1.25) 0.14(0.03) 80.0(10.0) 33.3(10.8) 62.5 (12.3) 0.8(0.8) 0(0)

15 8 Godolphin Stream SW60433208 1.8(0.05) 24.7(239) 0.10(0.01) 100.0 (0) 0(0) 11.7 (5.9) 20.0 (9.0) 66.7 (15.0)
16 Tregolls Bridge SW72953605 2.7(0.06) 116(1.22) 0.08 (0.02) 100.0 (0) 32.5 (10.5) 35.0 (12.8) 21.7 (6.0) 10.8(7.9)
17 9 East Wheal Rose SW834552 0.9(0.20) 20.7(2.31) 0.05(0.02) 0(0) 13.3 (8.43) 29.2 (6.4) 27.2 (2.3) 25.0 (6.8)

Bridge
18 Rosecliston Sw81715877 26(049 145(2.85) 0.11(0.03) 100.0 (0) 0 (0) 12.0 (7.4) 40.0 (15.7)  48.0(16.5)
19 Haye Farm SW 346 701 2.9(0.17) 94 (0.72) 0.13(0.03) 100.0 (0) 57.5 (11.4) 26.7 (7.9) 10.8 (2.4) 5.0(1.8)
20 10 Trebartha Road SX 26297782 58(045) 28.2(1.41) 0.10(0.02) 100.0(0) 46.7 (6.15) 28.3(4.0) 17.5 (1.7) 5.8 (2.7)
Bridge
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3.2.2. Quantifying abiotic variables.

Physicochemical factors:

Measurements of dissolved oxygen (DO) (% saturation), temperature ("C), pH,
conductivity (mV/s) and flow rate (m/s) were made using hand held meters (DO
with a Hanna H19142 meter, conductivity with a Jenway 4071 meter, pH and
temperature with a Jenway 3310 meter, and flow rate with a Valeport 801
Electromagnetic Flow Meter, model no.: 801). Readings were taken three or more

times, on both visits to sites.

Environmental factors:

A visual judgement of percentage canopy cover and estimation of stream substrate
cover was made on both visits. Stream substrate cover was estimated using
RIVPACS guidelines (Murray-Bligh et al. 1997) by assigning substrate to one of
four categories: boulders (> 64 mm), pebbles (2 — 64 mm), sand (0.06 - 2 mm)
and silt (< 0.06 mm), then by judging the percentage cover of each. These
measurements, along with stream width and depth, were recorded three times on

each visit.

Water chemistry:

Water chemistry was only sampled and tested on the second visit to each site.
Three one-litre water samples from each site were analysed for nutrient
concentrations (nitrate, nitrite, phosphate, ammonia) and alkalinity (CaCOs3),

using a Palintest® Photometer 5000 kit, within six hours of sampling.

Heavy metal concentrations:

In addition, on both visits replicate 200 ml water samples were collected (on first
visit 6 x 200 ml water samples were collected from Cornwall, and 3 x 200 ml
samples from Leadhills; on second visit 6 x 200 ml samples were collected from
both Cornwall and Leadhills). Samples were immediately acidified with 100 pl
nitric acid (HNOs3) per sample, and later frozen and analysed in the lab for a series
of metallic elements (Fe, Zn, Pb, Mn, Cu, Ni, Sn, Cr, Al, Cd) using a flame mass
spectrometer. Minimum detection limits for each element were as follows: Mn <
0.007 mg/l, Fe <0.01 mg/l, Pb < 0.02 mg/l, Zn < 0.004 mg/l, Cu < 0.014 mg/l, Sn
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< 0.011 mg/l, Al < 0.08 mg/l, Ni < 0.02 mg/l, Cd < 0.5 pg/l, Cr < 0.011 mg/l.
Three out of the six 200 ml water samples collected on each visit were filtered on
site (using Whatman® No. 1 Filter papers and a funnel) and were tested for
‘dissolved’ metal concentrations. The three remaining 200 m] water samples were
not filtered and were tested for ‘total’ metal concentrations. Total metals were not
sampled on the first visit to the Leadhills. On analysis of heavy metal
concentrations, site pairs were once again checked for suitability: i.e. that
contaminated sites had elevated heavy metal concentrations and reference site did

not (i.e. using criteria detailed in Section 3.3.1.).

3.2.3. Quantifying biotic variables.

Stream benthic macroinvertebrates were sampled on the first visit to sites using a
Surber sampler. This method was chosen because it measures density (number of
individuals per unit area), where other methods (e.g. kick sampling) do not. Ten
0.1 m? samples were taken at each site, moving diagonally across and upstream in
order to sample as many stream benthic habitat types as possible. The contents of
each sample were preserved with 70 % industrial methylated spirits (IMS) in

sealed and labelled pots for storage.

In the laboratory, macroinvertebrates were identified to species level where
possible and counted. Taxa were distinguished into shredder or non-shredder
functional feeding groups using published information (Merritt & Cummins 1996;
Bis & Usseglio-Polantera 2004). The biomass of individual shredder species per
Surber sample was calculated after drying in pre-weighed foil cups in an oven at
60 °C for 8 days and weighing on a Cahn 25: Automatic Electrobalance (reading
precision 0.1 pg). The biomass of non-shredders per Surber sample was calculated
after oven-drying and weighing on a Mettler AT261 Delta range Electrobalance
(reading precision 10 pg).

Macroinvertebrate community structure was characterised as number of taxa,
density (ind/O.lmz) and biomass (mg/0.1m*) of the shredder, non-shredder

community and whole macroinvertebrate community per site. Estimates of the
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number of taxa may be conservative because not all taxa were identified to species

level, e.g. large numbers of dipteran larvae.

3.2.4. Quantifying leaf processing.

The rate of leaf processing is usually measured at the time of peak leaf-fall (i.e.
autumn in the UK) (Boulton & Boon 1991). In this study it was measured in the
summer months, because this is the time when stressors were predicted to have
the largest impact on the stream biota, due to low flow rates and nutrient

limitations.

A single leaf type was used to quantify leaf processing rates. Alder (4lnus
glutinosa (L.) Gaertner) is a common riparian tree species whose leaves are highly
palatable to macroinvertebrate shredders (Leroy & Marks 2006) and known for
their relatively fast breakdown rates (Chamier 1987). Leaves were collected from
two locations close to Sheffield: Rivelin Valley (NGR: SK313878) and Harper
Lees (NGR: SK234806). Leaves were collected just prior to abscission in autumn

2001 and air-dried at room temperature for one week prior to storage.

Mesh bags to hold the alder leaf material were constructed (roughly 20 x 10 cm).
This relatively large size ensured that the leaf-material contained within the bags
was exposed as much as possible to exogenous processing, such as abrasion and
macroinvertebrate shredding (Benfield ef al. 1977; Boulton & Boon 1991). There
were two different mesh sizes: coarse and fine mesh. Coarse mesh was standard
greenhouse shelter netting, whose aperture was 3.5 x 7 mm. This was large
enough for most macroinvertebrates to pass through (i.e. allowing bacteria, fungi
and macroinvertebratés access to the alder leaves). The fine mesh was a nylon
mesh made by Plastok®, whose aperture was 400 x 600 um. This aperture was
large enough to allow the largest fungal spores to fit through sideways, but narrow

enough to exclude macroinvertebrate shredders.

Each mesh bag was filled with 4 g (x 0.05 g) of alder material, along with some

small pebbles to weigh it down. Twelve coarse and twelve fine mesh bags were
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deployed at each site on the first visit. Litter bags were strung together in groups
of four on fishing line (breaking strength 80 Ib), leaving a gap of 0.5 m between
each bag. Each string of bags was secured to a brick and placed on the river bed.
Cobbles or boulders found in situ were used as additional anchors. At each site,
the six strings of litter bags were positioned within the stream at intervals of
approximately 5 m apart on alternating sides of the stream. I ensured that all litter

bags were fully submerged.

Litter bags were deployed in situ for a period of 3 weeks. This provides enough
time for micro-organisms to have colonised leaf bags (Bermingham et al. 1996a),
but not so long that leaf processing would reach 100% mass loss. On the second
visit to sites, each individual litter bag was detached from the fishing line, and
placed into a labelled polythene bag. Litter bags were frozen and processed in the
laboratory at a later date. After thawing, macroinvertebrates were removed from
the leaves. Leaf material was sieved (through sieves constructed from the same
mesh as used for the litter bags) to remove any small fragments of leaf material
that may have been washed into the litter bag or retained after fragmentation by
shredders, and to remove any silt. Leaves were then air dried at room temperature

until a constant mass was achieved.

Leaf processing was expressed as both percentage leaf mass loss (L) and as the
leaf breakdown coefficient (k). Both measures were calculated for both fine and

coarse mesh leaf bags. Percentage leaf mass loss (L) was calculated as:

- .
L= 100|:1 - (—5-)] Equation 3.1.
v,

where W; was the initial mass of leaf ‘material (mg, air dried) and W, was the final

mass of leaf material (mg, air dried).

I estimated the amount of leaf processing attributable to shredders as (NB: this is

oversimplification as there will be other confounding differences between fine and
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