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Abstract

Hyperalkaline environments associated with leaching of industrial wastes such as steel slags

can have a number of deleterious effects on their local environment including rapid

carbonate precipitation and mobilisation of potentially toxic trace metals. Steel slag is the

primary byproduct of steelmaking and is enriched in trace elements such as Al, Cr and V.

V is of particular concern due to its high concentration in steel slag, its potential toxicity

and its mobility in high pH leachate as the vanadate oxyanion (VO4
3-). This study used

aerated and air-excluded batch leaching tests, aerated leachate neutralisation tests, field

observations, X-ray microanalysis and electron microscopy techniques to investigate the

effects of environmental conditions on V mobility, leachate chemistry and secondary

phase formation during weathering of steel slags. Scanning electron microscopy/energy-

dispersive X-ray spectroscopy (SEM/EDX) identified four principal mineral phases in

unweathered slag comprising dicalcium silicate (Ca2SiO4), dicalcium aluminoferrite

(Ca2(Al,Fe)2O5), a CaO-rich phase, and a Wüstite-like solid solution ((Fe, Mn, Mg, Ca)O).

V was primarily incorporated in the dicalcium aluminoferrite (~1.1 wt%) and dicalcium

silicate phases (~0.4 wt%). During leaching, alkalinity was rapidly produced by dissolution

of dicalcium silicate and free lime resulting in a high pH (11.5 – 12.5) leachate. Dicalcium

silicate dissolution leads to oversaturation with respect to calcium silicate hydrate (Ca-Si-

H) phases and their subsequent precipitation. Under aerated conditions, in-gassing of

atmospheric CO2 resulted in CaCO3 precipitation which consumed OH- ions and

subsequently lowered solution pH to ~8.0. Micro-focus X-ray absorption spectroscopy

(µXAS) analysis showed that V was released as V5+ during dicalcium silicate dissolution. V

release was significantly higher under aerated conditions than under air-excluded

conditions (~850 ppb and 490 ppb respectively in block leaching tests). Aqueous V

concentrations were influenced by Ca3(VO4)2 solubility limits which imposed an inverse

relationship on Ca and V concentrations. In air-excluded systems, leachate reaches
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saturation with respect to Ca3(VO4)2 which precipitates thus limiting aqueous V

concentrations. Under aerated conditions, precipitation of CaCO3 provided a sink for

aqueous Ca. Leachate therefore remained undersaturated with respect to Ca3(VO4)2,

allowing higher concentrations of V to accumulate in solution. Leachate neutralisation

experiments showed that some V was incorporated into neo-formed CaCO3 at high pH. V

removal was enhanced in the presence of goethite (α-FeOOH). Extended X-ray 

absorption fine structure (EXAFS) analysis showed that vanadate adsorbed to goethite by

formation of inner-sphere complexes indicating that Fe (oxy)hydroxides provide an

important environmental sink for V in steel slag leachates. This study highlights the

importance of leaching environment for V mobility during weathering of steel slags and

suggests that prospects for slag reuse and storage may be improved by the formation of a

weathered region containing secondary phases including Ca-Si-H and CaCO3. Leachate

neutralisation results demonstrate removal mechanisms for aqueous V which will assist

with environmental risk assessment and remediation at legacy sites where leachate has

been released to the local aquatic environment.
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Chapter 1 Introduction

1.1 Project background and rationale

Naturally occurring hyperalkaline groundwater environments have received

relatively little attention due to their comparative scarcity. Such environments only occur

rarely in nature. Highly alkaline environments created due to weathering and leaching of

industrial byproducts and wastes (including steel slags (Roadcap et al., 2005), chromite or

bauxite processing residue (Mayes et al., 2011; Stewart et al., 2007) and fly or soda ash

(Effler et al., 2001; Mattigod et al., 1990)) are more common. However, in contrast to their

acidic counterparts they remain relatively poorly understood. These wastes and their

leachates are of particular concern for several reasons including extremes of alkalinity

(which may be toxic in themselves, with pH values above 10.5 being considered hazardous

to aquatic organisms (Wilkie and Wood, 1996)), high salinity and ionic strength, and high

rates of calcite (CaCO3) precipitation leading to smothering of benthos where highly

alkaline leachate emerges and reacts with atmospheric CO2 (Effler, 1987). Wastes are also

often enriched in toxic oxyanion forming elements (e.g. As, V, Cr, Ni, Mo, Li; (Burke et

al., 2012; Roadcap et al., 2005)) which may be mobile at the high pH conditions found in

leachates. The increasing prevalence of these byproducts and wastes across the globe and

the potential risks they pose has led to an increase in interest in their behaviour in recent

years.

Steel slag is a primary byproduct of steelmaking which is formed when a fluxing

agent (usually limestone or dolomite) is added to molten iron or steel to remove impurities

and to control the composition of the final product. Steel slag is produced in large

volumes worldwide (160 – 240 million tonnes, Ober (2017)) and increasingly stringent

environmental regulations regarding its disposal have led to the development of a number
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of alternative uses in order to reduce the quantity being stored in landfill. Some steel slag

can be recycled directly in furnaces, however, they are mostly reused in the construction

industry in cement clinker, road surfacing or as aggregate due to their high compressive

strength and stability. Other potential afteruses include neutralisation of acidity in soils and

CO2 sequestration (Piatak et al., 2014). Steel slag may be enriched in phases such as free

lime (CaO), periclase (MgO) and unstable forms of dicalcium silicate that expand on

hydration resulting in significant volume changes thus making these materials unsuitable

for engineering use. For this reason, or simply due to supply frequently outstripping

demand, large quantities of steel slags are still stored in landfill (Motz and Geiseler, 2001;

Proctor et al., 2000). Whilst steel slag is generally considered to be a non-hazardous

material, concerns over its use and storage have been raised in recent years.

Steel slags primarily comprise Ca, Mg, Fe and Al oxides and silicates including free

lime (CaO) and periclase (MgO), dicalcium silicate (larnite; β- and γ-Ca2SiO4), dicalcium

ferrite (srebrodolskite; Ca2Fe2O5), dicalcium aluminoferrite (brownmillerite;

Ca2(Al, Fe)2O5) and a refractory oxide solid solution similar to wüstite and containing Ca,

Mn, and Mg ((Ca, Mn, Mg, Fe)O) (Chaurand et al., 2006; Yildirim and Prezzi, 2011).

Weathering of these phases in contact with water leads to rapid generation of high pH (10

– 12.5) leachate due to dissolution of CaO and calcium silicates and subsequent release of

hydroxyl ions (OH-) (Mayes et al., 2008; Roadcap et al., 2005). When this high pH

groundwater comes into contact with atmospheric CO2 rapid precipitation of calcite takes

place (Mayes and Younger, 2006). At legacy slag heaps which pre-date environmental

legislation, these processes have had deleterious effects on local watercourses with a severe

reduction in ecological diversity and abundance observed in affected waters (Hull et al.,

2014).

Steel slag can be enriched in trace metal(loids)s including potentially toxic elements

(e.g. Al, Fe, Li, Mo, Ni, Cr and V) which are concentrated during processing from primary
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ores (Hull et al., 2014; Proctor et al., 2000). The potential mobilisation of these toxic

elements during weathering has been raised as the primary environmental concern relating

to weathering of steel slags and accumulation of metals in leachates is problematic with

regard to long term management of landfilled slags.

V is of particular concern due to its relatively high concentrations in steel slags and

past research has revealed the potential for it be mobilised in leachate in environmentally

significant quantities (De Windt et al., 2011; Riley and Mayes, 2015). V is a redox sensitive

transition element with oxidation states between 0 and +5 with the +3, +4 and +5 species

being stable under aqueous conditions (Chaurand et al., 2007; Peacock and Sherman,

2004). Solubility and toxicity generally increase with valence, with V5+ (the most toxic

form) being readily solubilised as the vanadate oxyanion (VO4
3-) at the high pH ranges

associated with steel slag leachate (Wehrli and Stumm, 1989). Previous research has

suggested that V may accumulate at high concentrations (up to 15 ppm) in hyperalkaline

leachates such as those associated with bauxite processing (Burke et al., 2013).

The complex leaching behaviour of V which is dependent on pH and redox, in

addition to its potential toxicity, has prompted regulatory bodies to adopt ‘worst case

scenario’ approaches when dealing with steelmaking wastes (Environment Agency, 2014)

which may hamper reuse of slag and lead to overly stringent monitoring requirements at

landfill sites. Increasing our understanding of the factors controlling the mobility and

timing of metal leaching during weathering of steel slags is therefore crucial to cost-

effective long term management of the waste as well as protection of groundwater and

surface water resources during re-use and storage.
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1.2 Research objectives

This thesis aimed to establish the principal location(s) of V within steel slag, the

mechanisms behind its release in hyperalkaline leachate and to assess its mobility and fate

in the environment.

Slag is frequently stored in open heaps where it is exposed to weathering processes

that generate leachate that may subsequently be released to the environment (Fig 1.1).

Therefore two general areas of research were identified within the context of the slag

leaching environment:

1. Behaviour of V during leaching of steel slags and

2. Environmental behaviour of V and surface hydrochemistry of steel slag

leachate

Within slag heaps, leachate generation may occur under aerated conditions,

following infiltration of the unsaturated zone by rainwater, or anaerobic (air-excluded)

conditions where slag is stored beneath the water table. Leaching is dominated by mass

transport processes i.e. dissolution of primary phases (e.g. CaO and Ca-silicates) and

precipitation of secondary phases (e.g. Ca-Si-H and carbonates). CaCO3 precipitation in

particular is constrained by CO2 availability, therefore leaching behaviour in the

unsaturated zone is likely to be influenced by the rate of CO2 ingress into the slag heap.

Over long timescales (10s – 100s years) precipitation of secondary phases (including

CaCO3) onto slag blocks may have a passivating effect, reducing the rate of reaction at

their surfaces and effectively reducing the liquid : solid ratio within the slag heap.

Deposition of CaCO3 may also fill pore spaces and may therefore lead to changes in flow

pathways over time, potentially exposing other regions of the heap to leaching.

Where leachate emerges at groundwater springs, the dominant process is

precipitation of CaCO3 which is kinetically controlled by the rate of in-gassing of
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Figure 1.1 – Conceptual model showing steel slag leaching processes in relation to thesis
objectives. Blue dashed lines represent approximate flow pathways. Red dashed lines
represent dissolution/precipitation reactions. Black arrows represent CO2 in-gassing.
Green numbers represent hypothetical pH values.

atmospheric CO2. Further reactions between leachate and colloidal particles, neo-formed

precipitates and stream bed sediments may continue for some distance downstream

following neutralisation of leachate pH.

Specific research objectives were therefore defined as follows:

1. Determine the distribution and speciation of V within basic oxygen furnace

(BOF) steelmaking slag.

2. Determine whether leachate equilibrium atmosphere affects V release

during slag leaching.

3. Investigate the effect of aeration and pH on leachate chemistry, phase

dissolution behaviour, secondary phase formation and trace metal release

during weathering of steel slags.
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4. Investigate potential removal mechanisms behind attenuation of V during

aerobic neutralisation of steel slag leachates.

5. Investigate the persistence of V in the aquatic environment downstream of

a legacy steel slag heap.

6. Determine the behaviour of V during aerobic neutralisation of steel slag

leachate in the presence of different mineral surfaces.

The research presented in this thesis is primarily concerned with the mobility of V

during leaching of steel slags. Whilst redox conditions are an important control on V

mobility, V5+ is the only V species soluble at the high pH values induced by weathering of

steel slags (see Chapter 2, section 2.5). Therefore redox conditions were not systematically

varied during experiments.

1.3 Thesis structure and experimental approach

This thesis comprises 7 chapters. The first chapter provides an introduction to

steel slags, their chemical and mineralogical characteristics and outlines the particular

environmental concerns associated with their use and storage. This is followed in Chapter

2 by a summary of the existing scientific literature concerning the formation of steel slags,

problems arising during their use and storage, hydration and secondary phase formation

during weathering of calcium silicates, processes influencing mobility of metals in the

environment and the environmental chemistry of V. Descriptions of the study sites at

Yarborough, Scunthorpe, Lincolnshire, UK and Hownsgill, Consett, Co. Durham, UK are

also provided. The third chapter provides detailed methodology in addition to relevant

background and theoretical information for all analytical techniques used during

experimental work. Field data collection rationale and methodologies are also included.
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Experimental data is presented in chapters 4 – 6, all of which have been or are

being prepared for publication. Chapter 4 presents an investigation into the effects of

aeration on surface leaching of Cr and V from basic oxygen furnace (BOF) steelmaking

slag. A combination of X-ray spectroscopy (XAS) and scanning electron microscopy

(SEM) techniques were employed to determine speciation of Cr and V in unweathered

slag, leached zones and secondary phases formed under aerated or air-excluded conditions.

Chapter 5 presents data from batch leaching experiments performed on combined

BOF slag and co-disposed refractories under aerated and air-excluded conditions.

Aqueous and solid phase samples were taken at various time points which were tested for

aqueous metal concentration, pH and mineralogical composition. This allowed time series

data to be produced detailing the development of the leachate chemistry and the behaviour

of different mineral phases during leaching, supported by data obtained from acid-

neutralisation tests. Data was interpreted with particular emphasis on V behaviour under

aerated and air-excluded conditions and its implications for disposal of steelmaking wastes.

Chapter 6 focuses on V behaviour in steel slag leachates and combines field

observations and laboratory scale leachate neutralisation experiments. Aqueous samples

were analysed over the course of neutralisation to build profiles of V removal in the

presence of mineral surfaces including neo-formed CaCO3, goethite and kaolinite. Solid

samples were characterised using XAS to determine potential removal mechanisms and

sorption environments for V during attenuation from leachates.

Chapter 7 summarises results from all experiments and highlights potential areas

for future research. Finally, appendices containing additional data and a list of associated

publications are also provided.
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Chapter 2 Literature review

This chapter provides an overview of the scientific literature relating to the

production of ferrous slag, its chemical and mineralogical properties, general leaching

behaviour and its various reuse possibilities. Detailed discussion of leaching processes

including precipitation of secondary silicate phases and the deleterious environmental

effects of leachates is also provided. Finally, a general overview of some processes

affecting metal mobility in leachates and a more in-depth review of the environmental

geochemistry of V is provided.

2.1 Characteristics of slag

2.1.1 Production

Slag is the silicate and oxide-based primary byproduct produced during the

refinement of metallic ores to extract metals. In general. slags can be separated into two

main groups; ferrous slags, which are formed during iron and steel making, and non-

ferrous slags, which are derived from the smelting of non-ferrous metal ores (Eloneva et

al., 2010; Piatak et al., 2014). For the purposes of this work, only the characteristics and

processes concerning ferrous slags will be considered.

Ferrous slags are named according to the type of furnace in which they are

produced (Fig. 2.1). Thus, slag from ironmaking is generally referred to as blast furnace

(BF) slag and steelmaking slags are usually described as basic oxygen furnace (BOF, also

known as Linz-Donawitz or LD, Juckes (2003); Oster (1982)), electric arc furnace (EAF)

or ladle slag (Gomes et al., 2016b; Yildirim and Prezzi, 2011).

In a blast furnace, iron ore is reduced at high temperature using coke. Fluxing

agents (usually limestone or dolomite) are added to the furnace to remove impurities from
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the ore (Eloneva et al., 2010; Piatak et al., 2014; van Oss, 2003). These combine to form

slag; a melt which principally comprises silicates and alumina-silicates of Ca which floats

above the molten iron and is periodically tapped from the furnace separately from the iron

(Lewis, 1982; van Oss, 2003). The iron produced in the blast furnace typically has a C

content of ~4% and is known as ‘pig iron’ (van Oss, 2003).

Figure 2.1 - Overview of iron and steelmaking processes (from Yildirim and Prezzi
(2011)).

Primary steelmaking (in which iron is converted to steel) is carried out using either

BOF or EAF processes. A BOF converter uses oxygen to reduce the C content of pig iron

to < 0.5% (van Oss, 2003). A BOF will typically be charged with a combination of molten

pig iron and scrap steel which is required to moderate the furnace temperature. Once

charged, oxygen is blown through the melt which reacts with C in the steel to form CO,
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thus removing it from the metal (Shi, 2004). An EAF is charged with steel scrap, as well as

a small amount of molten pig iron, which is subsequently melted by the action of an

electric current passing through the scrap between graphite electrodes (Piatak et al., 2014;

Yildirim and Prezzi, 2011). As with ironmaking, in both BOF and EAF processes, lime or

dolomite fluxes are added which combine with impurities in the melt to produce slag

(Eloneva et al., 2010).

Following primary steelmaking, the composition of the molten steel may be

refined within the ladle. Additional alloys and fluxes may be added to further adjust C

concentration and to reduce the concentrations of S and unwanted metal impurities. Slags

produced during secondary steelmaking are known as ladle slags and are compositionally

distinct from those produced via BOF or EAF processes (Loncnar et al., 2016; Piatak et

al., 2014; Shi, 2002).

2.1.2 Chemical composition

Detailed studies on ferrous slag chemistry are available from Proctor et al. (2000),

(BF, BOF, EAF), Yildirim and Prezzi (2011) (BOF, EAF and ladle) and Piatak et al.

(2014) (BF, BOF, EAF). Typical chemical compositions of these slag types are shown in

Table 2.1.

Table 2.1 - Typical chemical compositions (in wt %) of ferrous slags (from Schwab et al.
(2006)*, Motz and Geiseler (2001)** and Shi (2004)***. n.d. = not determined).

CaO SiO2 Al2O3 MgO MnO P2O5 Fetot CaOfree

BF* 32-45 32-42 7-16 5-15 0.2-1.0 n.d. 0.1-1.5 n.d.

BOF** 45-55 12-18 < 3 < 3 < 5 < 2 14-20 < 10

EAF** 30-40 12-17 4-7 4-8 < 6 < 1.5 18-28 < 3

Ladle*** 30-60 2-35 5-35 1-10 0-5 < 0.2 0.1-15 n.d.

n.d. = not determined
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Slag is formed during the reaction between limestone (CaCO3) or dolomite

(CaMg(CO3)2) with silica and other metal impurities in the ore. Consequently, ferrous slag

chemistry is dominated by CaO and SiO2 with other major constituents comprising FeO,

Al2O3, MnO and MgO in varying quantities (Proctor et al., 2000). BF slag chemistry

primarily comprises CaO and SiO2 with smaller quantities of Al2O3 and MgO. CaO and

SiO2 content varies according to the age of the slag with BF slag produced before 1900

being relatively SiO2 rich whilst more modern BF slags are dominated by CaO (Piatak et

al., 2014).

Primary steelmaking slags (BOF and EAF) have a similar chemical composition to

BF slag (Proctor et al., 2000). Fe concentrations are somewhat higher since not all the

molten iron in the furnace can be recovered into steel, therefore BOF and EAF slags can

be broadly represented by a CaO – MgO – SiO2 – FeO quaternary system, the exact

proportions of which will vary according to the raw materials used and the grade of steel

being produced (Shi, 2004; Yildirim and Prezzi, 2011). CaO concentrations are relatively

high in BOF slag due to the large volumes of flux which are added to the furnace.

Concentrations of MnO are also elevated whilst SiO2 concentrations are generally lower

than those seen in BF slag. BOF and EAF slag compositions are generally comparable

although EAF slags exhibit more variation and may contain free CaO and MgO (Yildirim

and Prezzi, 2011).

The chemical compositions of ladle slags are highly variable and are dependent on

the grade of steel being produced as well as any additives used (e.g. Al is often used for

refinement leading to high Al2O3 concentrations in ladle slag (Shi, 2004)). The principal

differences between ladle slags and primary steelmaking slags are a much lower FeO

content and higher CaO and Al2O3 concentrations (Shi, 2002; Shi, 2004; Yildirim and

Prezzi, 2011).
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Slags also become enriched in trace elements which were originally present as

impurities in the ore and are oxidised and partitioned into the slag in the furnace (Schwab

et al., 2006). Proctor et al. (2000) found that BF slag contained elevated levels of Be, total

Cr, Mn and Mo and Se compared to background soil concentrations. BOF slag was

enriched in Sb, Cd, total Cr, Mn, Mo, Se, Ag, Tl, Sn and V whilst EAF slag contained

relatively high concentrations of Sb, Cd, total Cr, Cr6+, Cu, Mn, Mo, Ni, Se, Ag, Sn, V and

Zn. Measured concentrations of Cr6+ (the most toxic form; Fendorf (1995)) in EAF slag

are likely to be due to Cr3+ oxidation during cooling under ambient oxidising conditions

(Proctor et al., 2000). EAF slags produced during alloy or stainless steelmaking have a

different chemical profile to those produced making carbon steel and may contain Cr

concentrations of up to 20% (w/w). This has led to EAF slag being classed as a hazardous

waste in the US and Canada (Shi, 2004).

2.1.3 Mineralogy

The mineralogical compositions of BF slag is dominated by melilite group phases

which can comprise up to 65% of the slag (Juckes, 2002; Lewis, 1982; Schwab et al., 2006).

These can include the end-members åkermanite (Ca2Mg(Si2O7)) and gehelenite

(Ca2Al(AlSi)O7). Other mineral phases include dicalcium silicate (larnite; Ca2SiO4; which

may constitute more than 10% (v/v) in historical slags, Juckes (2002)), wollastonite

(CaSiO3), dicalcium ferrite (Ca2Fe2O4), merwinite (Ca3Mg(SiO4)2), anorthite (CaAl2Si2O8)

and monticellite (CaMgSiO4) (Lewis, 1982; Schwab et al., 2006).

By contrast, bulk mineralogy of BOF and EAF slag is dominated by olivine-group

minerals, principally larnite (dicalcium silicate, fig. 2.2; Piatak et al. (2014)). This forms

during cooling of the high temperature phase rankinite (Ca3SiO5), which transforms to

produce Ca2SiO4 and CaO (Tossavainen et al., 2007). Other major phases reflect the
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higher Fe concentrations in steel slags and comprise dicalcium aluminoferrite

(brownmillerite; Ca2(Al, Fe)2O5), free lime (CaO) and a refractory oxide solid solution of

the form (Ca, Fe, Mg, Mn)O which is often identified as wüstite-like (FeO) by X-ray

diffraction analysis (Chaurand et al., 2006; Geiseler, 1996; Shi, 2004; Tossavainen et al.,

2007; Yildirim and Prezzi, 2011). Due to its lower Fe content, ladle slag mineralogy is

generally dominated by polymorphs of dicalcium silicate (Shi, 2002; Yildirim and Prezzi,

2011).

Figure 2.2 - Reported mineral phases in ferrous slag (from Piatak et al. (2014)).

Rapid cooling of BF slag (e.g. by quenching with water or air) results in the

formation of a glassy, amorphous product rather than a crystalline slag (Lewis, 1982).

Glass is generally present in steel slags although often only in trace quantities (Piatak et al.,

2014). Experiments by Tossavainen et al. (2007) found that glass formation on rapid
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cooling of BOF, EAF and ladle slag was highly variable with only ladle and one species of

EAF slag showing significant production of glass.

2.1.3.1 Refractories

Refractory bricks are used to line the inside of furnaces to protect them from

chemical damage and abrasion during smelting processes (Quaranta et al., 2014). A variety

of materials may be used although MgO-C composites are most common in BOF and

EAF, whilst ladles use refractories with a higher proportion of Al2O3 to protect against the

more chemically aggressive nature of ladle slags (Resende et al., 2000; Rovnushkin et al.,

2005).

The high MgO content of spent refractories means that in some cases they can be

recycled in furnaces to control the composition of the molten slag. However, since spent

refractories have little monetary value they are generally disposed of to landfill if this is not

possible (de Sa et al., 2007; Hanagiri et al., 2008; Kwong and Bennett, 2002; Quaranta et

al., 2014).

2.1.4 Leaching behaviour

Mineral phases in steel slags such as CaO and Ca-silicates are the products of high

temperature reactions and are unstable under low temperature, aqueous conditions (De

Windt et al., 2011; Ghosh et al., 1979; Shi et al., 2002). In contact with water, CaO rapidly

hydrates to form Ca(OH)2 (portlandite) which then readily dissociates into its component

ions via the following reactions (Mayes et al., 2008; Shi et al., 2002):

CaO + H2O → Ca(OH)2 (2-1)
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Ca(OH)2 → Ca2+ + 2OH- (2-2)

Ca-silicate phases present in ferrous slag are also soluble in contact with water (De

Windt et al., 2011; Huijgen and Comans, 2005; Roadcap et al., 2005) e.g:

Dicalcium silicate:

Ca2SiO4 + 4H2O → 2Ca2+ + H4SiO4 + 4OH- (2-3)

Tricalcium silicate:

Ca3Si2O7 + 7H2O → 3Ca2+ + 2H4SiO4 +6OH- (2-4)

Åkermanite:

Ca2MgSi2O7 + 7H2O → 2Ca2+ + Mg2+ + 2H4SiO4 + 6OH- (2-5)

All of the above reactions produce Ca2+ and OH- ions creating a characteristic Ca-

OH- dominated leachate during the initial stages of ferrous slag leaching (Piatak et al.,

2014; Roadcap et al., 2005). Release of OH- ions elevates solution pH, therefore leachates

associated with ferrous slags typically have a pH in the 10 – 12.5 range (Bayless and

Schulz, 2003; Mayes and Younger, 2006; Roadcap et al., 2005) which is readily attained via

dissolution of dicalcium silicate and/or equilibrium with Ca(OH)2 (Langmuir, 1997;

Roadcap et al., 2005). Leachate chemistry generally reflects the bulk chemistry of the slag,

therefore leachates produced during weathering of steel slags are dominated by Ca and Si

with lower concentrations of Al, Fe and Mg and potentially Cr and Mn (Piatak et al.,

2014).

Rapid dissolution can lead to oversaturation with respect to a range of minerals

which may subsequently precipitate as secondary phases. Dissolution of Ca-silicates can
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result in a solution which is oversaturated with respect to calcium silicate hydrate (Ca-Si-H)

or ettringite phases (the latter phase only occurs if sulphate concentrations are sufficiently

high; De Windt et al. (2011)), the exact structure of which is dependent on that ratio of Ca

and Si released to solution (Huijgen and Comans, 2006; Walker et al., 2016). In general,

Fe-rich phases are less soluble than Ca-rich phases at high pH. However, di- and trivalent

cations may be released as impurities during dissolution of Ca-rich phases or as pH falls,

leading to precipitation of spinel-like secondary phases (e.g. magnetite, Fe3O4) and ferric

(oxy)hydroxides (De Windt et al., 2011; Engström et al., 2013; Huijgen and Comans,

2006).

The high Ca concentrations in ferrous slag leachates lead to immediate

oversaturation with respect to CaCO3 if affected by in-gassing of atmospheric CO2 (e.g. on

emergence at a groundwater spring) or following mixing with surface waters containing

carbonate alkalinity (Mayes et al., 2008):

Ca2+ + OH- + CO2 → CaCO3 + H2O (2-6)

Carbonates can form on the surfaces of slag particles during heap leaching

(Huijgen and Comans, 2005; Huijgen and Comans, 2006; Navarro et al., 2010) but may

also precipitate in leachates downstream depending on the saturation index (SI) values and

extent of CO2 mixing (Gomes et al., 2017; Mayes et al., 2008; Riley and Mayes, 2015).

Carbonate precipitation consumes OH- ions leading to a decrease in leachate pH (Mayes et

al., 2008) and the formation of carbonate rinds on slag particles appears to influence the

leaching behaviour of trace metals (Costa et al., 2016; Huijgen and Comans, 2006; Navarro

et al., 2010).
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2.1.5 Reuse

Ferrous slag is a particularly voluminous byproduct with worldwide production of

BF and steel slag estimated to be between 300 – 360 million tonnes and 160 – 240 million

tonnes respectively in 2016 (Ober, 2017). BF slag production is dependent on the grade of

the iron ore used but is generally of the order of 0.25 – 0.30 tonnes slag per tonne of crude

Fe (van Oss, 2003). Steel slag production is generally lower since slag processing recovers

metals (usually Fe) which are subsequently returned to the furnace. Thus, the output of

primary steelmaking slag is usually around 10 – 15% (w/w) of steel production which

equates to 220 – 370 kg per tonne Fe (Proctor et al., 2000; Shen et al., 2009; Shen and

Forssberg, 2003; van Oss, 2003). Given these volumes and also to comply with

increasingly stringent environmental guidelines restricting landfilling of wastes and

industrial byproducts, ferrous slags are recycled where possible (Yüksel, 2017).

Depending on the method of cooling employed, BF slag can form a dense

structure with a vesicular texture which is used as a general engineering aggregate, a similar

but lighter structure (expanded slag) which binds well with cement pastes and is used as a

lightweight concrete aggregate or a glassy, granular material with moderate cementitious

properties that are improved by the addition of an alkaline precursor (e.g. CaO) (Lewis,

1982; Shi, 2004; van Oss, 2003). Concrete produced using ground granulated BF (GGBF)

slag has been shown to have a greater long term strength and resistance to sulphate attack

than ordinary Portland cement (Hadjsadok et al., 2012).

The reuse of steel slags (Fig. 2.3) is more problematic. Steel slags with high CaO

content can be recycled directly as fluxing agents in blast furnaces (Das et al., 2007;

Navarro et al., 2010), however, this is not possible if S and/or P concentrations are too

high (Shen and Forssberg, 2003).
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Figure 2.3 - Recycling and use of steelmaking slag (from Shen and Forssberg (2003))

In general, their cementitious properties do not compare favourably with those of

blast furnace slag due to its crystalline nature and the presence of iron rich phases

(including the refractory oxide phase) which do not readily hydrate (Muhmood et al., 2009;

Wang and Yan, 2010), however, this may be mitigated by mixing with Portland cement, fly

ash or GGBF slag to create a useful product (Shi, 2004). A more serious problem arises

from the presence of phases such as CaO and MgO which undergo volumetric expansion

on hydration and may comprise a large fraction of the total slag composition (Motz and

Geiseler, 2001). This expansion can destabilise structures where steel slags have been used

as concrete aggregate, limiting the reuse potential in these applications (Juckes, 2003;

Yüksel, 2017). If slag cooling has been slow, further volumetric expansion can derive from

the transformation of β-dicalcium silicate to γ-dicalcium silicate. This process involves and 

expansion of ~10% and breaks up the dicalcium silicate crystals into dust. Indeed, the

abundance of dicalcium silicate in ladle slags has led to them being termed ‘self-dusting’ or

‘falling’ slags due to this phenomenon (Juckes, 2003; Shi, 2004; Yildirim and Prezzi, 2011).

Despite these drawbacks, steel slags are widely used in civil engineering applications. The

skid resistance of steel slags makes them useful as coarse aggretates in asphalt (Ahmedzade
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and Sengoz, 2009; Asi, 2007; Shen et al., 2009; Wu et al., 2007) and they are widely used as

a general fill material, particularly in road construction (Australasian Slag Association,

2002; Chaurand et al., 2007a; Geiseler, 1996; Motz and Geiseler, 2001; Yi et al., 2012).

Ca-silicates and oxides that are present in high concentrations in steel slags give it a

high acid-neutralising capability (Navarro et al., 2010; Yan et al., 2000). This has led to

some interest in their application for treating acid mine drainage (Goetz and Riefler, 2014).

Similarly, the CaO content of ferrous slags has generated considerable interest in their use

as a carbon sink via sequestration of atmospheric CO2 (Bobicki et al., 2012; Bonenfant et

al., 2008; Doucet, 2010; Huijgen and Comans, 2005; Huijgen and Comans, 2006; Renforth

et al., 2011).

Steel slags have shown promise as adsorbents used to remove P from wastewater

or agricultural runoff, as well as As and U from wastewaters and mine effluent (Bowden et

al., 2009; Piatak et al., 2014). High concentrations of Si have enabled their use as a fertiliser

(Haynes et al., 2013). However, problems have arisen due to its use in agriculture; for

example the death of 23 heifers in northern Sweden following consumption of slag

containing ~3% V which had been used as fertiliser (Frank et al., 1996).

2.2 Weathering of silicate minerals

Calcium silicate phases are ubiquitous in ferrous slags and are formed during the

high temperature reactions between silicates in the iron ore and CaCO3 added to the

furnace as a fluxing agent (Lewis, 1982; Schwab et al., 2006). It is the overall Ca-silicate

content and in particular, the relative proportions of different Ca-silicate species which

determine the cementitious properties of BF and steelmaking slags (Shi, 2002; Shi, 2004).
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The principal high temperature calcium silicate phase formed during iron and steel

making is tricalcium silicate (Ca3SiO5). During the initial stages of cooling, this exsolves to

form dicalcium silicate (Ca2SiO4) and CaO (Tossavainen et al., 2007). Dicalcium silicate has

a number of polymorphs; α, α’, β, and γ. The high temperature α polymorph transforms to 

β-dicalcium silicate at temperatures of ~630 oC (Shi, 2002). If cooling continues, a further

transformation from the β to γ form takes place at temperatures of around 400 – 550 oC

(Juckes, 2002; Shi, 2004). During this transformation rotation of the SiO4 tetrahedra and

movement of the Ca atoms lead to volumetric expansion of up to 10% and shattering of

the crystals (Ghosh et al., 1979; Juckes, 2002; Shi, 2002; Yildirim and Prezzi, 2011). The

extent of these transformations may be limited by ionic substitution of SiO4
4- by similar

oxyanions (e.g. VO4
3-, PO4

3- or SO4
2-) in quantities as low as 0.1%, with any remnant

charge differential balanced by trapping of additional Ca2+ ions (Ghosh et al., 1979; Juckes,

2002; Tossavainen et al., 2007). More simply, the rate of cooling can influence the extent

of transformation with rapid cooling (e.g. by quenching with water) promoting the stability

of tricalcium silicate and β-dicalcium silicate at lower temperatures (Juckes, 2002; Luxán et 

al., 2000; Tossavainen et al., 2007).

In the presence of water, tricalcium silicate and some dicalcium silicate phases can

hydrate. In general these reactions are relatively slow (Taylor, 1997), particularly in the case

of γ-dicalcium silicate (Ghosh et al., 1979; Shi, 2002) although this is improved in the latter 

case by the presence of excess Ca or hydration at high temperatures (Ghosh et al., 1979).

Hydration of Ca-silicates generally involves dissolution of the crystalline phase followed by

precipitation of calcium silicate hydrate (Ca-Si-H) phases (Eqn. 2-7; Garrault et al. (2006);

Schwab et al. (2006); Scrivener and Nonat (2011); Taylor (1997)).

2Ca2SiO4 + Ca(OH)2 + 5H2O → Ca3Si2O7·4H2O (2-7)
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These phases have extremely variable composition and frequently precipitate as an

amorphous gel. Two semi-crystalline phases with high Si or high Ca content have been

identified that have similar structures to 1.4 nm tobermorite (known as Ca-Si-H (I); Eqn.

2-8) or jennite (known as Ca-Si-H (II); Eqn. 2-9) respectively (Gard and Taylor, 1976;

Jennings, 1986; Taylor, 1986; Taylor, 1997).

6Ca2SiO4 + 12H2O → Ca5Si6O16(OH)2·4H2O + 7Ca2+ + 14OH- (2-8)

6Ca2SiO4 + 14H2O → Ca9Si6O18(OH)6·8H2O + 3Ca(OH)2 (2-9)

The Ca/Si ratio in Ca-Si-H phases is a function of the solution chemistry at the

time of precipitation (specifically pH, Ca and Si concentrations) and can vary from 0.0 to

3.0 (Walker et al., 2016), although most cement/slag systems fall between 0.7 – 2.4

(Richardson, 1999). In general, higher pH values favour higher Ca/Si ratios (De Windt et

al., 2011; Sugiyama and Fujita, 2006) and tend to lead to the formation of jennite-like Ca-

Si-H (II) with a Ca/Si ratio of 1.5 – 2.2 (Gard and Taylor, 1976; Jennings, 1986). Lowering

of solution pH and Ca concentrations can lead to transformation of Ca-Si-H (II) to form

Ca-Si-H (I), which has a similar structure to 1.4 nm tobermorite and a Ca/Si ratio between

0.7 – 1.5 (Chen et al., 2004).

Ca-Si-H phases form rapidly by heterogeneous nucleation at the solid-solution

interface and are characterised by a highly disordered layer structure at the nanometre scale

(Allen et al., 2007; Garrault and Nonat, 2001; Taylor, 1993). Their exact structure remains

unclear, however, comparison with 1.4 nm tobermorite and jennite suggests a central Ca –

O sheet bonded to ‘dreierketten’, i.e. repeating groups of three silicate tetrahedra, with

water molecules and additional Ca2+ ions occupying the interlayer spaces. In the jennite

structure, alternating dreierkette are replaced by rows of OH groups which can bond to
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interlayer Ca2+ (Chen et al., 2004). The structure of Ca-Si-H phases allows diffusion of

ions; therefore, if Ca-Si-H is able to build up on a submerged surface, reactions at the

interface between the anhydrous mineral and solution become limited by the rate of

diffusion through the Ca-Si-H phase (Garrault et al., 2006).

Over time, Ca-Si-H reacts with CO2 or CO3
2- to form CaCO3. Initially this

decreases the Ca/Si ratio of the Ca-Si-H, however, subsequent reaction can destroy the

Ca-Si-H and form hydrous silica (Taylor, 1997). The rate and extent to which this occurs is

controlled by the rate of diffusion of CO2 into the Ca-Si-H gel although this may be

limited due to neo-formed CaCO3 blocking pores (Groves et al., 1991). Furthermore, Ca-

Si-H phases are generally only stable at high pH values (> 10). Lowering of solution pH

below 10 will result in dissolution of any Ca-Si-H phases present (Ochs et al., 2016).

2.3 Environmental impacts of steel slag leachate

During storage of steel slags either in landfill or in legacy heaps, infiltration by

rainwater is inevitable. Reactions between water and steel slag generate a leachate that can

have deleterious effects on the local environment. These relate to the extreme pH of the

waters, rapid carbonation following in-gassing of atmospheric CO2 and mobilisation of

toxic heavy metals in leachates (Hull et al., 2014).

High pH leachate can present an environmental risk in itself with high

concentrations of the OH- ion being toxic to many species of fish (Haslam, 1990; Koryak

et al., 2002; Wilkie and Wood, 1996). Hull et al. (2014) found that invertebrate populations

in streams impacted by steel slag leachate declined as pH increased, with diversity and

abundance both severely reduced above ~pH 11. Koryak et al. (2002) noted that where

slag heaps formed the bank of a river, they remained sparsely vegetated at best even after

several decades and the river itself was found to contain no fish when its pH was > 10.
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Where groundwater emerges from a spring, atmospheric CO2 begins to diffuse

into the water. In general, this raises the concentration of H+ ions thus driving dissolution

of carbonates. However, at high pH and in the presence of high concentrations of Ca,

carbonate precipitation occurs which, at low temperature and pressure, is most likely to

take the form of calcite (CaCO3; Boylan et al. (2016); Roadcap et al. (2005)). CaCO3

precipitation occurs when CO3
2- is introduced to Ca-rich waters either by in-gassing of

CO2 from the atmosphere or by mixing with rain or surface waters containing HCO3
- and

H2CO3 leading to immediate supersaturation with respect to CaCO3 (i.e. SIcalcite > 0)

(Mayes et al., 2008; Roadcap et al., 2005). In the presence of nucleation sites, CaCO3 will

precipitate heterogeneously when SIcalcite > ~0.3, although SIcalcite values > ~1.5 lead to

homogeneous precipitation directly from solution in the absence of nucleation sites (Ford

and Williams, 1989). SIcalcite values of between +1.35 and +2.78 have been determined in

watercourses containing steel slag leachate (Mayes et al., 2008).

CaCO3 deposition rates vary proportionally with aeration and availability of

carbonate alkalinity (the latter being a limiting factor at high pH) and at the SI values

above correspond to CaCO3 precipitation rates of up to 100.8 g day-1 m-2 in turbulent

streams where carbonate alkalinity is sufficiently high. (Mayes et al., 2008). Under low flow

conditions, deposition rates are lower but still regularly exceed 10 g day-1 m-2, which far

exceed rates observed in unaffected waters (Effler and Brooks, 1998; Mayes and Younger,

2006; Mayes et al., 2008).

Rapid precipitation of CaCO3 can reduce the available O2 in the water column by

burial of phytoplankton. Furthermore, CaCO3 precipitation increases turbidity of waters,

preventing light from reaching benthic communities. Encrusting of macrophytes inhibits

photosynthesis and the inorganic nature of the precipitates reduces nutrient availability in

substrates. In addition, precipitates can clog substrates, effectively reducing the available

habitat for benthic fauna (Effler, 1987; Fjellheim and Raddum, 1995; Koryak et al., 1998).
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The presence of elevated concentrations of toxic trace metals in steel slags has

become a major concern in recent years due to their potential solubility in leachate and

consequent harmful effects on local ecology and human health (Chaurand et al., 2007a;

Chaurand et al., 2006; Proctor et al., 2000). Some of these display complex leaching

behaviour dependent on pH and/or redox conditions (e.g. Al, Fe, Li, Mo, Ni, Cr and V;

Hull et al. (2014); Roadcap et al. (2005)) and thus may persist in leachates. A number of

these are not routine analytes in water quality tests (including Sn, Ba, Li, Mo Sr, and V;

Hull et al. (2014)) but nonetheless have been found in elevated concentrations in steel slag

leachates when compared to background waters (Hem, 1985).

Release of metals into leachate is controlled by a complex mix of dissolution of

Ca-rich phases and simultaneous precipitation of secondary phases and adsorption/surface

complexation by leached elements (Apul et al., 2005). In some cases, metal release may be

controlled by the solubility of the host phase or by secondary phases formed during

leaching e.g. chromate-substituted BaSO4 for Cr (Fällman, 2000) or Ca-vanadates for V

(Cornelis et al., 2008a; De Windt et al., 2011; Huijgen and Comans, 2006; Schindler et al.,

2000a). A number of mechanisms may subsequently attenuate metal concentrations

downstream including sorption to organic matter (e.g. Mo to soils; Matern et al. (2013)) or

neo-formed phases (e.g. divalent metals to CaCO3; Zachara et al. (1991)) or incorporation

into neo-formed CaCO3 (Bayless and Schulz, 2003).

Cr and V have been identified as the principal contaminants of concern associated

with steel slag leachates (Chaurand et al., 2007a; Chaurand et al., 2006). These pose

potentially severe health risks with Cr6+ and V5+ listed as confirmed and potential human

carcinogens respectively (IARC, 2006, 2012; Zwolak, 2014).

Studies such as those conducted by Proctor et al. (2000) and (Geiseler, 1996)

found low release rates of V and Cr during leaching of steel slags. However, these tests

were conducted using standardised leaching tests (e.g. toxicity characteristic leaching
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procedure (TCLP); USEPA (1992)) at neutral or acidic pH which are likely not

representative of leaching conditions and therefore may not be appropriate for testing

alkaline wastes (Rubinos and Barral, 2013). Leaching environments associated with ferrous

slags are characterised by high pH values (generally > pH 9; Cornelis et al. (2008a); Mayes

and Younger (2006); Schwab et al. (2006)). Previous studies on similar hyperalkaline

environments (e.g. red mud) have shown that high concentrations (up to ~15 ppm) of V

can accumulate in leachates at this pH range (Burke et al., 2013; Czop et al., 2011; Gomes

et al., 2016a; Mayes et al., 2011).

Whilst no drinking water standard (DWS) currently exists for V, a limit of 15 µg L-1

has been proposed in California and freshwater thresholds of 280 µg L-1 and 19 µg L-1 for

acute and chronic exposures respectively (Buchman, 2008; Gerke et al., 2010). Analysis of

leachates at slag disposal sites have shown elevated concentrations of V which frequently

exceed these threshold values (Riley and Mayes, 2015; Roadcap et al., 2005) and have been

shown to be toxic to benthic invertebrates in other settings (Chiffoleau et al., 2004; Fichet

and Miramand, 1998). Concentrations of V which would be considered significant in the

aqueous environment were also seen during laboratory scale pHstat leaching experiments

under aerated conditions by Chaurand et al. (2006) at pH 5. These were thought to be due

to oxidation of V3+ and V4+ to the more soluble V5+, however, measurements were taken

from crystals using bulk XANES techniques and no detailed observation of the weathered

zone was performed.
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2.4 Controls on metal mobility in the environment

2.4.1 Adsorption

Sorption processes are amongst the most important controls on the mobility of

trace metals in the environment (Sparks, 2005). Adsorption can be described as the

partitioning of an element from aqueous solution (sorbate) to a solid (sorbent) by the

formation of surface complexes (Brown and Parks, 2001). Adsorption is distinct from

other sorption processes (including surface precipitation or absorption) in that in involves

accumulation of the aqueous species on the mineral surface in two dimensions only, i.e.

without the formation of three dimensional mineral structures (Sposito, 1987). Surface

complexes are most commonly formed in one of two structures. Inner-sphere complexes

are formed when the sorbate forms ionic or covalent bonds directly to specific sites on the

sorbent. Outer-sphere complexes are formed by electrostatic attraction between the

sorbate and sorbent via water molecules which can loosely attach anywhere on the mineral

surface and hence may be considered non-specific (Krauskopf and Bird, 1995; Sposito,

1989). In general, transition metals form inner-sphere complexes. The covalent bonds

formed in this process depend on the electron configurations of both the surface group

and the ion being complexed (Sposito, 1989).

Metal (oxyhydr)oxides (particularly those of Al, Fe and Mn) and clay minerals are

particularly important sorbents for the retention of trace metals due to their high surface

area and charge (Brown and Parks, 2001; Sparks, 2005). The surfaces of metal oxides

become charged via protonation/deprotonation of atoms or by leaching of ionic species

and their subsequent re-adsorption (Kosmulski, 2016). The distribution of this charge

varies with pH and at a specific pH value known as the point of zero charge (PZC), the

net distribution of charge on a submerged mineral surface will be zero (Sposito, 1989). At
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Figure 2.4 - Adsorption of a) metal(loid) oxyanions and b) metal cations (at 5 x 10 -7 M) by
ferrihydrite (ΣFe(III) = 10-3 M as a function of pH. Ionic strength = 0.1 mol/kg. Dashed
curves have been calculated. After W. Stumm, Chemistry of the solid-water interface, Copyright
© 1992 by John Wiley & Sons. From Langmuir (1997).

pH values below the PZC, oxide surfaces are dominated by positive surface sites which

readily allow anion absorption and vice versa (Langmuir, 1997).

The amount of adsorption that takes place generally depends on the

concentrations of the sorbate in solution and the available surface area of the sorbent.

However, if these are kept constant along with temperature and pressure, pH becomes the

most important controlling variable (Krauskopf and Bird, 1995). This becomes particularly

significant when considering trace concentrations of toxic heavy metals, most of which are
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adsorped across a narrow pH range known as the sorption edge (Fig. 2.4). Sorption of

oxyanions is complete once the pH of the solution falls below the PZC of the sorbent

(Langmuir, 1997).

2.4.2 Incorporation

During precipitation of a crystalline phase from solution, ions that are not present

in sufficiently high concentrations to form their own mineral phase may be incorporated

into the neo-formed phase(s) by substituting for more abundant ions. The extent to which

this occurs is a function of the ionic radius and the charge of the ion compared to the site

it substitutes into (Krauskopf and Bird, 1995).

The ionic radius and charge associated with a specific ion depend on its

coordination environment which in turn is influenced by the valence of the cation.

Coordination numbers refer to the number of number of atoms attached to atom in

question (or ligands attached to an ion) and generally range from 3 to 12 (Housecroft and

Constable, 2006; Krauskopf and Bird, 1995). The most common coordination number is 6

(known as octahedral coordination due to the arrangement of the surrounding ions in the

shape of an octahedron) although 3 (trigonal), 4 (tetrahedral) and 8 (square planar) are also

regularly observed in naturally occurring elements (Krauskopf and Bird, 1995).

Substitution of ions is constrained by a number of conditions. In general, ions are

partitioned on the basis of their contribution to the overall energy of the crystal structure,

with ions that contribute more being preferentially incorporated (Goldschmidt, 1937;

Misra, 2012). If the ionic radius of a trace element is within 15% of that of a major

element then substitution can readily occur. Ions with a charge difference of one unit but a

similar ionic radius can still substitute for one another if the difference in charge can be

accommodated by an additional substitution of a different ion. Where two ions can occupy
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a site, the ion with the highest ionic potential forms the strongest bonds and is

incorporated. If the covalent character of the bonds between substituting ions is

substantially different, however, substitution will be limited (Krauskopf and Bird, 1995;

Misra, 2012).

2.4.2.1 Ca-Si-H

Ca-Si-H phases display a highly disordered structure in which nm-scale Ca-silicate

materials form layers which adhere strongly to each other by hydrogen bonding (Spence,

1992; Sugiyama and Fujita, 2006). This disordered, amorphous structure means that Ca-Si-

H phases have a very high surface area and charge, which provide a particularly high

density of potential sorption sites for both cations and anions (Ochs et al., 2016; Spence,

1992).

Ca-Si-H phases which form during the weathering of steel slags have been noted

as having a high potential to remove toxic elements from leachate by adsorption and/or

ionic substitution (Cornelis et al., 2008a; De Windt et al., 2011; Gougar et al., 1996). The

surface charge on Ca-Si-H with Ca/Si ratios of 1.2 or higher is generally positive (Jönsson

et al., 2004), which allows adsorption of oxyanions such as arsenate and chromate

(Omotoso et al., 1998; Phenrat et al., 2005), although competing anions in the leachate

(e.g. OH-, SO4
2-, CO3

2-) may limit the extent to which this occurs (Cornelis et al., 2008a). In

some Ca-Si-H structures the silicate sheets may be bridged by silicate tetrahedra which

provide additional sites for ion substitution (Chen et al., 2004; Ochs et al., 2016). This

mechanism has been demonstrated for chromate and arsenate (Cornelis et al., 2008a).

Adsorption or incorporation of the vanadate oxyanion to Ca-Si-H structures has not been

systematically investigated to date.
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2.4.3 Dissolution/precipitation

The behaviour of a mineral phase in an aqueous system is predicted using the

saturation index (SI). This is defined as the ratio between the ion activity products (IAP)

and the mineral solubility products at equilibrium (Keq):

When the SI for a given mineral is < 0, dissolution of that phase is

thermodynamically favoured. When the SI is > 0, precipitation is favoured (Boylan et al.,

2016; Langmuir, 1997).

Dissolution of a solid phase involves a number of steps: 1) Reactant transport in

solution to the mineral surface followed by adsorption of solutes, 2) interlattice transfer of

chemically reactive species and subsequent reactions leading to 3) detachment of reactants

from the solid and their transport into solution (Stumm and Morgan, 1996). Ions linked by

bonds of predominantly ionic character are readily solvated and diffuse into solution.

Minerals with covalent bonds (e.g. aluminosilicates and metal oxides) dissolve when

protons, hydroxides or ligands in the solvent form inner-sphere complexes with

framework anions or cations respectively in the crystal lattice. This adsorption polarises

the metal – anion bonds, weakening them to the point that the whole complex can be

detached and move into the aqueous phase (Sposito, 1989). Therefore, the rate of

dissolution is controlled by both pH of the solvent and overall surface charge on the

solute with minimum rates occurring at the pHpzc (Stumm and Morgan, 1996).

Precipitation of a mineral phase may occur via two different types of nucleation;

heterogeneous or homogeneous nucleation. Heterogeneous nucleation is the dominant

mechanism in natural waters and occurs when the presence of foreign solids (e.g. inorganic
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crystals, clays, sand etc.) reduce the activation energy required for nucleation to take place.

Homogeneous nucleation occurs in an oversaturated solution when sufficient quantities of

ions or molecules interact and produce a ‘critical cluster’ (nucleus). More ions (or

molecules) are deposited on these nuclei forming crystallites which subsequently ‘ripen’

into large crystals. Stable nuclei are only formed once a certain activation energy has been

achieved. For homogenous nucleation this requires a high level of supersaturation. In the

presence of substrates with a similar interfacial energy to the precipitating phase, this

activation energy is much lower and heterogeneous nucleation occurs (Stumm and

Morgan, 1996).

In a situation where a phase may precipitate in one of several polymorphs, the

Ostwald Step Rule states that the precipitate with the highest solubility (i.e. least stable

solid phase) forms first. This is due to the lower solid-solution interfacial tension of lower

stability phases kinetically favouring nucleation of these phases (Stumm and Morgan,

1996).

2.4.4 Redox

Electrons occupying the outermost orbital of an atom are known as valence

electrons. A reduction in the number of these electrons is known as oxidation and the

opposite is reduction therefore the oxidation state of an element refers to the number of

valence electrons it has lost. Many elements are stable in natural systems in more than one

oxidation state (redox elements). Transition metals in particular have many potential

oxidation states due to the similar energies of the outermost d and s electron shells which

allows d-shell electrons to act as additional valence electrons. The redox state of an

element can influence both its toxicity and mobility in the environment and is therefore a

critical parameter to consider during environmental risk assessment (Krauskopf and Bird,
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1995; Langmuir, 1997). Redox reactions usually involve transfer of protons in addition to

electrons. In general oxidation releases protons and reduction consumes them, thus raising

or lowering the solution pH respectively (Langmuir, 1997).

The redox potential (Eh) of an environment is a measure of its ability to supply

electrons to oxidising agents or remove them from a reducing agent and is analogous to

pH insofar as pH can be considered a measure of the ability of an environment to supply

protons to a base or remove them from an acid (Krauskopf and Bird, 1995). Thus, a

particular oxidation state of a metal will be stable in an Eh/pH field where electron or

proton transfer is not thermodynamically favoured.

Trace metals are generally transported in water as complexes, i.e. groups of atoms

which consist of a metallic core cation (co-ordination centre) bonded to ligands (anions or

neutral molecules) which surround it . The oxidation state of the central cation determines

the ionic potential of the cation:

Where z is the charge on the atom and r the radius. When Ip is low, bonds

between central cations and ligands are largely ionic in nature and thus complexes are

readily soluble as cations, aquocations (i.e. hydrated cations) and occasionally

hydroxycations. As Ip increases, bonds between the central cation and ligands become

correspondingly more covalent in character. At Ip values between 3 and 8.5, the positive

charge densities of the core cations are high enough to repel protons from coordinating

water molecules and so they can only remain soluble if bonded to OH- and O2- ligands.

Core cations in this Ip range therefore form soluble oxycations (e.g. VO2+), hydroxycations

(e.g. FeOH2+) and hydroxyanions (e.g. Al(OH)4
-; Fig. 2.5). At higher Ip values, bonds
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Figure 2.5 - Valence of core cations against apparent ionic radii. Dashed lines divide
species according to their behaviour. (●) cations and aquocations; (○) hydroxycations and 
hydroxyanions; (x) oxycations; (□) oxyanions (from Langmuir (1979)). 

between central cations and ligands are predominantly covalent leading to the formation of

oxyanions which are soluble due to their overall low charge density (Langmuir, 1997). As

discussed in section 2.4.1, soluble oxyanions and oxycations exhibit different adsorption

characteristics above and below the PZC of a sorbent. Furthermore, ionic radii and ionic

potential are both important factors in determining the likelihood of a complex to be

incorporated into a precipitating mineral phase (section 2.4.2; Krauskopf and Bird (1995)).

Thus, it is clear that the oxidation state of a metal is a significant factor in determining its

mobility in the environment.
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Redox conditions may also affect the behaviour of sorbents and therefore any

sorbed material. Mn and Fe3+ (hydr)oxides are amongst the most abundant minerals and

effective sorbents for many trace metals (Brown and Parks, 2001) and are insoluble at

circum-neutral pH (Langmuir, 1997). Since Fe2+ is soluble at circum-neutral pH, reductive

dissolution of Fe3+ (hydr)oxides can release any sorbed material into the surrounding

waters, thus increasing contaminant concentrations (Fox and Doner, 2003; Huang et al.,

2015; Langmuir, 1997; Zachara et al., 2001).

2.4.5 Chelation

The majority of inorganic ligands form complexes in which a single electron pair

of electrons are shared between one atom in the ligand and the central cation. These are

known as monodentate lignads When two or more functional groups in a ligand allow it to

occupy multiple coordination positions in the complex, the ligand is said to be

multidentate. Such ligands are typically organic and form multiple bonds with cations via

intermediate N, S or O atoms to produce a cage-like structure around the central cation.

The process of forming these multidentate compounds is called chelation and the

structures themselves are known as chelates (Krauskopf and Bird, 1995; Langmuir, 1997;

Sposito, 1989; Stumm and Morgan, 1996). Typical chelating agents include oxalate

(bidentate), citrate (tridentate) and ethylenediamine tetraacetate (EDTA; hexadentate)

(Stumm and Morgan, 1996) and humic and fulvic acids are also thought to form chelation

complexes with metals (Langmuir, 1997). Chelation complexes are thought to be

responsible for the enrichment of metals (e.g. V, Mo and Ni) in organic matter in some

sediments (Krauskopf and Bird, 1995).

The exceptional strength of metal-chelate bonding has led to the development of

chelation as a technique to remove heavy metals from wastewaters (Fu and Wang, 2011;
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Langmuir, 1997) as well as contaminated soils (Peters, 1999). Chelation of metals can

reduce their bioavailability and toxicity, thus reducing the risk posed to aquatic ecosystems

(Stumm and Morgan, 1996). However, concern has been raised over the presence of

persistent chelating agents in the environment which have the potential to remobilise

heavy metals from sediments (Nowack and VanBriesen, 2005).

2.5 Environmental chemistry of vanadium

V is a redox active transition metal which can exist in oxidation states from -1 to

+5 (Chaurand et al., 2007b). Of these, the +3, +4 and +5 oxidation states are the most

common and stable under aqueous conditions (Langmuir, 1997; Peacock and Sherman,

2004; Wanty and Goldhaber, 1992). V is an essential nutrient at trace quantities (Nielsen,

1991; Rehder, 2003) and has medicinal uses in chemotherapy (Evangelou, 2002) and

diabetes treatment (Thompson and Orvig, 2006). However, high doses of V are toxic and

V5+ has been noted as a possible human carcinogen (IARC, 2006; Nriagu, 1998). In

general the toxicity of V evolves with oxidation state with the V5+ forms being the most

toxic (Barceloux, 1999).

V can occur in tetrahedral, square pyramidal or octahedral coordination

environments (Huang et al., 2015). The coordination environment of V varies according to

speciation. V3+ (electron configuration [Ar]3s23p63d2) generally occurs in octahedral

coordination. V4+ ([Ar]3s23p63d1) can occur in octahedral or square pyramidal coordination

and V5+ ([Ar]3s23p63d0) occurs in tetrahedral, square pyramidal and octahedral

coordination (Schindler et al., 2000b). Examples of V compounds, their respective

coordination environments and bond lengths are provided in table 2.2.
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Table 2.2 - Selected V compounds, their valence, coordination, bond type and bond
lengths (after Chaurand et al. (2007b))

Compound Valence Coordination
Bond
type

Bond distance (Å)

V metal 0 8 V-V 2.622

FeV2O4

(Coulsonite)
3 6 V-O 1.9782

V2O4 4 6 V-O
1.76, 1.86, 1.87, 2.01, 2.03,

2.05

Ca(VO)(Si4O10)·4H2O 4 5 V-O 1.6, 1.98 x 4

Ca3(V10O28)·17H2O

(Pascoite)
5 6 V-O 1.598-2.312

V2O5 5 5 V-O
1.585, 1.780, 1.878, 1.878,

2.021

Na3VO4 5 4 V-O 1.677, 1.696 x 3

Pb5(VO4)3Cl

(Vanadinite)
5 4 V-O 1.7

Due to its similar size and charge, V readily substitutes for Fe and Al in minerals.

Octahedral V3+ and V4+ have been found to substitute for Fe3+ in Fe oxides and Al3+ in

clay minerals respectively (Huang et al., 2015). V is found in high concentrations in steel

slags (0.04 – 1.48 wt%; Proctor et al. (2000); Tossavainen et al. (2007)), where it occurs as

octahedrally coordinated V3+ in dicalcium aluminoferrite as well as tetrahedrally

coordinated V5+ in weathered regions (Chaurand et al., 2007b; Presslinger and Klepp,

2002). Incorporation of V into neo-formed precipitates is not well documented, however,

Cornelis et al. (2008b) noted the potential for selenate and arsenate, which are of a similar

size to vanadate, to be incorporated into calcite.

V speciation in natural systems depends strongly on pH and Eh, in addition to

concentration and solution chemistry. In aqueous environments V4+ and V5+ are the

dominant species in natural waters. V5+ species are stable across a wide pH range and are

the dominant species in oxic environments at low pH and both oxic and anoxic systems

above around pH 8 (Fig. 2.6; Huang et al. (2015); Takeno (2005)). V5+ is generally present
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Figure 2.6 - Eh – pH diagram for aqueous V species V-O-H system. [V] ≈ 2.5 ppm. (c) 
denotes crystalline phases (from Peacock and Sherman (2004)).

as the vanadate oxyanion (VO4
3-) at high pH and the VO2

+ oxycation at low pH whilst at

circum-neutral pH, the phosphate-like anion H2VO4
- is the dominant species (Fig. 2.7;

Huang et al. (2015); Wanty and Goldhaber (1992); Wehrli and Stumm (1989)).

V4+ and V3+ are the products of abiotic or biotic reduction of V5+ (Huang et al.,

2015). V4+ generally occurs as the vanadyl cation (VO2+) or its hydrolysed species,

VO(OH)+ under acidic or moderately reducing conditions. These species are not generally

soluble above about pH 7 unless as part of inorganic or organic complexes, however, V4+

is readily complexed by a wide range of inorganic and organic ligands including humic and

fulvic acids which can lead to its mobilisation to solution from solid phases (Huang et al.,

2015; Wanty and Goldhaber, 1992). Whilst complexing of V5+ by organic matter is less

common, V5+ organic complexes may be formed as intermediates during reduction to
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Figure 2.7 - V5+ speciation in dilute solutions (from (Huang et al., 2015)).

more stable V4+ complexes (Huang et al., 2015). V3+ is readily oxidised to V4+ or V5+ and is

therefore rarely found in relatively well-oxidised near-surface environments. Under anoxic

conditions V3+ species can persist in solution up to ~pH 10 whereupon they become

unstable and V5+ becomes the dominant species (Huang et al., 2015).

Redox conditions, therefore, play a crucial role in controlling the mobility of V in

natural systems. Reduction of V5+ to V4+ or V3+ (e.g. by organic acids or H2S) results in the

reduced species rapidly being removed from solution either by adsorption or complexation

with particulates, or through the formation of insoluble hydroxides (Breit and Wanty,

1991; Huang et al., 2015; Szalay and Szilágyi, 1967). Conversely, oxidation of reduced and

bound V3+ or V4+ can lead to mobilisation of toxic V5+ in the aqueous phase (Yang et al.,

2014). Furthermore, the speciation of V strongly influences its adsorption behaviour. V4+

and V5+ adsorb readily to metal oxides by formation of monodentate and bidentate inner-

sphere complexes (Peacock and Sherman, 2004; Wehrli and Stumm, 1989). Ligand

exchange reactions can provide adsorption mechanisms where they would otherwise be

inhibited by electrostatic repulsion; in particular, adsorption of vanadate oxycations to
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positively charged FeOOH surfaces (Peacock and Sherman, 2004; Wehrli and Stumm,

1988; Wehrli and Stumm, 1989). Similarly, at higher pH, conjugate acids of the vanadate

oxyanion (e.g. VO2(OH)2
- and VO3(OH)2-) can behave like phosphate and bond to

negatively charged surfaces by ligand exchange (Peacock and Sherman, 2004; Sigg and

Stumm, 1981).

In natural systems, competition with other anions for sorption sites may reduce

vanadate adsorption. Similar oxyanions can include phosphate, arsenate, selenate and

molybdate (Huang et al., 2015). An order of VO4
3- > PO4

3- > SeO3
2- > MoO4

2- has been

proposed with SO4
2-, NO3

- and Cl- having no effect during adsorption to Fe(III) and

Cr(III) hydroxides (Prathap and Namasivayam, 2010). Adsorption effects may also be

reduced in the presence of high concentrations of V5+, either due to saturation of

adsorption sites or due to the formation of polymeric V species (Peacock and Sherman,

2004). High concentrations of V in aqueous solutions tend to polymerise to form

decavanadates and metavanadates at concentrations > 100 µM L-1 and at concenctrations

> 0.1 M L-1 polynuclear species including decavandate, metavanadate and pyrovanadate are

dominant in solution (Baes and Mesmer, 1976; Peacock and Sherman, 2004). Polymeric V

species have a reduced affinity for adsorption and so may persist in solution at circum-

neutral pH (Burke et al., 2012; Peacock and Sherman, 2004).

2.6 Study sites

2.6.1 Scunthorpe steelworks & Yarborough landfill

The steelworks at Scunthorpe, UK are an integrated iron and steel manufacturing

site. Four blast furnaces are used to make molten Fe, which is put through an intermediate

desulphurising process prior to being converted to steel in BOF converters. Subsequently,
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secondary steelmaking is performed in ladles (British Steel, 2017a). BF slag from the site is

recycled as clinker for the concrete industry. Approximately 10% of the waste produced

on site (i.e. steelmaking slags from BOF and ladle processes, also including spent

refractory liners) cannot be reprocessed or recycled and is stored in landfill at Yarborough

(533522.24N 03541.52W; British Steel (2017b)).

2.6.2 Howden Burn, near Consett

The steelworks at Consett, County Durham, UK were a combined iron and

steelmaking works which operated between 1864 and 1980. Both BF and steelmaking slags

in addition to flue dust, ashes and demolition rubble, were dumped extensively in the area

to a depth of up to 45 m. The resulting heaps cover an area of approximately 290 hectares

and overlie superficial alluvium and glacial till above Lower Coal Measures strata (Mayes et

al., 2008).

Since the closure of the site, the heaps have been extensively landscaped, however,

rainwater can still infiltrate and percolate through the heaps. The high CaO content of the

waste (~40 % w/w) leads to generation of a highly alkaline leachate which is drained by a

number of streams (Fig 2.8). The northern part of the site which was previously occupied

by the blast furnace, power station and steel plant is drained by Howden Burn (source

54°51'12.9"N 1°51'41.1"W). The watercourse has been heavily impacted by the large

volumes of leachate (typically > 3 L s-1) it receives. During site operations, the stream was

dosed with sulphuric acid to control pH levels, however, it is currently characterised by

elevated pH values of 9.0 – 12.5. The steep and narrow nature of the streamway (generally

0.6 – 2.2 m wide and with an average gradient of 0.09) leads to a turbulent flow, ensuring

good aeration of the water. Consequently Ca precipitation rates have been estimated at

between 14.0 and 48.2 g day-1 m-2. This rate of precipitation has smothered the streambed
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and the entire 0.9 km reach is devoid of benthic biota (Hull et al., 2014; Mayes and

Younger, 2006; Mayes et al., 2008).

Figure 2.8 - Site plan of the former Consett Iron and Steel works showing location of
drainage streams.
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Chapter 3 Methodology

This chapter provides general details of sample collection, methods used during

reagent preparation and theoretical background relating to instrumental analytical

techniques used throughout the study. Detailed methodology relating to specific

experiments is provided in the relevant data chapters.

3.1 Materials and field data collection

3.1.1 Yarborough steelmaking waste

Combined steelmaking waste comprising BOF steelmaking slag and spent

refractory liners was collected within one week of deposition from the Yarborough

landfill, Scunthorpe, UK (LAT 53°35'22.24"N LONG 0°35'41.52"W) in May 2013. The

sample consisted of 50-500 g blocks (~100 kg total). A randomly selected sub-sample

(~500 g total consisting of ~50 g pieces) of the combined waste for use in aerated and air-

excluded leaching experiments (Chapter 5) was ground using a pestle and mortar and agate

mill to produce a homogenised powder comprising 20-100 µm particles. The crushed

waste was stored in a polythene bag within an airtight glass jar containing soda lime to

prevent weathering due to contact with atmospheric CO2 and moisture.

3.1.2 Consett leachate

Leachate emerging from deposited steelmaking waste was collected from the

Howden Burn source at (LAT 54°51'12.9"N LONG 1°51'41.1"W) on 30th September

2015. Preliminary measurements of pH (11.8) and conductivity (1986 µS) were determined

in-situ using a Myron L Ultrameter II calibrated using pH 4, 7 and 10 buffer solutions and
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7000 µS conductivity standard solution. 5 L of water was collected in a PET container and

refrigerated on return to the lab. Two 1 L HDPE bottles were also filled and frozen

at -20 oC on return to the lab. Laboratory measurements of the sample water pH were

determined immediately prior to use in experiments and are detailed in the relevant data

chapters.

3.2 Lab methodology

3.2.1 Goethite

Goethite (α-FeOOH) was synthesised from Fe(NO3)3 and KOH using the method

of Schwertmann and Cornell (2007). 180 mL 5 M KOH was added to 100 mL 1 M

Fe(NO3)3 in a 2 L HDPE flask (HDPE is used to prevent leaching of Si from glassware at

high pH) whilst stirring rapidly. The solution was immediately diluted to 2 L using 18 MΩ 

deionised water (DIW) water. The flask was closed and stored in an oven at 70 oC for 60

hours. The sample was removed from the oven and centrifuged. The supernatant was

removed and the solid was washed to remove OH- and NO3
- by placing in dialysis tubing,

sealing both ends and leaving overnight in DIW water. The water was replaced every 24

hours until the conductivity of the surrounding water remained equal to that of DIW

water for 24 hours. Subsequently, the solid goethite was removed from the dialysis tubing

and dried in an oven at 40 oC prior to being stored in an airtight PET jar.

3.2.2 Ca(OH)2 solution

Saturated Ca(OH)2 solution was prepared in an anaerobic, CO2 – free chamber

using 2 L DIW water which was degassed by bubbling N2 gas for 60 minutes prior to
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moving to the chamber. 30 g powdered Ca(OH)2 was added to a small quantity of DIW

water to form a slurry which was then transferred to a length of dialysis tubing and sealed

at both ends. The tubing was placed in a 2 L Schott bottle with the rest of the DIW water

and left in the anaerobic cabinet to equilibrate for > 2 days until the pH and conductivity

of the solution had stabilised. The solution was stored and handled in an anaerobic, CO2-

free cabinet. Periodically additional degassed DIW water was added to the solution and left

for > 2 days until equilibrium with Ca(OH)2 was re-established.

3.2.3 NaVO3 stock solution

0.1 M NaOH solution was prepared by dissolving 3.99 g NaOH tablets into 1 L

DIW water under a nitrogen atmosphere to prevent CO2 ingasing. Subsequently 0.239 g

NaVO3 was dissolved into this to give a 1000 ppm V stock solution. A 100 ppm stock for

use in experiments was created from this by transferring 10 mL of 1000 ppm stock to a

100 mL volumetric flask and diluting to volume using 0.1 M NaOH. Both NaVO3 stock

solutions were subsequently stored and handled in an anaerobic, CO2-free chamber.

3.2.4 Preparation of high V synthetic ‘leachate’- method development

Initial attempts to create a high-V synthetic leachate used 0.05, 0.5, 5 and 10 mL of

100 ppm NaVO3 in 100 mL saturated Ca(OH)2 solution to make flasks containing V

concentrations of 0.05, 0.5, 5 and 10 ppm. On mixing NaVO3 and Ca(OH)2 solutions, a

white precipitate formed immediately in 10 and 5 ppm flasks and after several days in 0.5

and 0.05 ppm flasks (Table 3.1). ICP-MS analysis of the solution showed V concentrations

which were considerably lower than expected. Therefore, the solution was assumed to

have become oversaturated with respect to calcium vanadate during mixing resulting in its
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precipitation removing V from solution. To prevent this, the saturated Ca(OH)2 solution

was diluted by a factor of 10 with degassed DIW water prior to use in V uptake

experiments. An experimental control was set up in the form of a replicate flask in an

anaerobic, CO2-free chamber and sampled daily to demonstrate that 2.5 ppm V

concentrations were stable in 10 % Ca(OH)2 solution over time periods equal to the

leachate neutralisation experiments preformed in Chapter 5 (Table 3.2).

Table 3.1 - V concentrations at 21 hours and 92 hours during initial attempts to create
synthetic leachate using saturated Ca(OH)2 solution.

[V]initial ppb 21 hours, ppb 92 hours, ppb

5 4.25 2.29

50 17.2 17.5

5000 128 39.8

10,000 112 69.0

Table 3.2 - V concentrations in control flask during neutralisation experiments (Chapter
5) using 10% Ca(OH)2.

0 hours 28 hours 48 hours 70 hours

[V] ppb 2560 2580 2500 2500

3.2.5 pH measurement

Where required, solution pH was determined electrochemically using a an Orion

DualStar pH/ISE benchtop meter (Thermo Scientific, USA) with electrodes that were

calibrated daily using pH 4, 7 and 10 buffer solutions.
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3.3 Analytical techniques

3.3.1 X-ray fluorescence (XRF)

XRF is a non-destructive, analytical technique which uses x-rays to determine the

elemental composition of a sample. An x-ray source (usually an x-ray tube) is used to

irradiate the sample under analysis thus providing energy to electrons. If the energy

provided is greater than the binding energy of the electron at a given level, an electron

from that level may be ejected, leaving the atom in an unstable, excited state. To achieve

stability, an electron from a higher energy shell is transferred to fill the initial electron site.

In the process, the electron loses its excess energy as a secondary x-ray photon which may

be detected as fluorescence. The energy of this photon is dependent on the energy

difference between the initial hole and the energy of the electron which falls to fill it. Most

atoms have several electron shells (e.g. K, L, M) and hence a variety of potential electron

transitions may take place, each providing its own secondary x-rays. Therefore each

element will produce a unique fluorescence spectrum which can be used to identify

chemical species present in the sample (Brouwer, 2006).

Spectral peaks are named according to the energy level of the expelled electron and

a Greek letter to denote the intensity of the line (known as Siegbahn notation) e.g. V Kα

indicates the most intense peak caused by an electron ejected from the V K-shell. Key

electron transitions and their Siegbahn notations are shown in Figure 3.1. In general K

lines are the most intense, followed by L and then M lines (Jenkins, 1988).

XRF analysis of BOF slag (Chapter 4) was undertaken on multiple solid samples

using an Olympus X-5000 XRF Analyser using user-defined calibrations to determine both

major and minor elemental composition. Elements were auto-detected by the acquisition

software (i.e. measurement was only quantified where peak height was at 3 standard

deviation above background), and the elemental limit of detection was normally several
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Figure 3.1 - Schematic showing key electron transitions during XRF/XAS. Blue arrows
show transitions at absorption edges. Red arrows show transitions producing fluorescence
lines.

orders of magnitude below measured values (Chapter 4, Table 4.2). Absolute uncertainty

(versus certified standards) was < ±30% for Mg, < ±20% for S and, < ±10% for all other

elements.

XRF analysis of the combined steelmaking waste from the Yarborough landfill

(comprising BOF steelmaking slag and spent refractory lining; Chapter 5) was performed

at the Department of Geology, University of Leicester on a PANalytical Axios Advanced

XRF spectrometer using WROXI analytical package. Samples were dried overnight at

105 oC prior to ignition at 950 oC for 90 minutes in an air-ventilated electric muffle furnace

and determination of loss on ignition (LOI). Major element analysis was performed on

fused glass beads prepared from ignited powders using 100% lithium tetraborate flux

(Fluxana FX-X100) in a 1:10 sample to flux ratio. Minor/trace element analysis was
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undertaken using approximately 10 g of dried sample prepared as a pressed pellet using

~10 – 20 drops of 6.6% w/v polyvinyl alcohol in a 1:6 mix of methanol and distilled

deionized water as a binder (Moviol 88 solution). Lower limits of detection (LLD) for this

method are provided in Appendix A.

3.3.2 X-ray powder diffraction (XRD)

XRD is a non-destructive, x-ray technique used to determine the mineralogical

composition of a sample.

Atomic spacing in a crystal lattice is comparable to the wavelength of x-rays,

therefore these structures can act as a diffraction grating for incident x-rays (Dinnebier and

Billinge, 2008). When x-rays are applied to an atom, electrons within the atom begin to

oscillate at the same frequency as the incident ray. This produces secondary waves which

propagate outwards from the atoms in a spherical pattern (Stanjek and Häusler, 2004). The

arrangement of atoms within the crystal lattice may intensify the diffracted beam by

constructive interference of the secondary waves resulting in a diffracted x-ray beam

leaving the sample at a specific angle or angles whilst at all other angles, destructive

interference attenuates the waves (Dinnebier and Billinge, 2008). The angle at which

constructive interference occurs is determined according to Bragg’s Law:

where n is a positive integer, λ is the wavelength of the incident wave, d is the interplanar 

distance of the crystal lattice and θ is the scattering angle of the diffracted ray (Bragg and 

Bragg, 1913). By using monochromatic radiation of a known frequency and scanning the

sample through a range of 2θ values, all possible diffraction peaks associated with the 

sample can be determined. Using Bragg’s Law, the angles at which these peaks occur can
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be converted to d-spacings. Since each mineral has its own unique set of d-spacings, these

can be compared to standard reference databases to determine the mineral phases present

(Dutrow and Clark, 2017; Thermo ARL, 1999, Powder Diffraction File, 1974).

Samples were ground in a pestle and mortar until they passed a 100 µm sieve.

Powder samples were then loaded into PMMA sample holders of Ø 25 mm x 1 mm depth

and levelled using a glass slide. For low volume samples, powder was suspended in ethanol

before being transferred to a Si crystal slide using a glass pipette. Samples were analysed on

a Bruker D8 x-ray diffractometer configured in vertical θ/2θ Bragg-Brentano using Cu Kα

radiation and scanning between 2-150°  2θ . Diffraction peaks from unknown samples were

matched to known standard reference patterns using Diffrac.Suite Eva v3.0 software using

the International Centre for Diffraction Data (ICDD) PDF2 database.

3.3.3 Electron microscopy

Electron microscopy operates on the principle that electron beams can be focused

using magnetic or electric fields in a similar manner to lenses being used to focus light in

an optical microscope (Clarke and Eberhardt, 2002; McLaren, 1991). The main advantage

over optical microscopy is that the potential resolution of an electron microscope is

determined by the wavelength of the electron beam which may be up to 100,000 times

smaller than optical wavelengths. Other advantages include a larger depth of field enabling

more of the sample to be in focus at any given time despite surface roughness and the

possibility of gathering additional data such as elemental composition (Vernon-Parry,

2000).
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3.3.3.1 Scanning electron microscopy

Scanning electron microscopes (SEM) use a field emission gun (FEG) under a high

vacuum (generally 10-10 Torr or higher) to produce an incident electron beam with an

energy typically ranging between 2-40 keV and are capable of a resolution of 1 nm using

secondary electrons (Vernon-Parry, 2000). Interactions between the incident beam and the

sample produce different signals from which two imaging methods were used in this study:

Secondary electrons are low energy electrons (generally < 50 eV) that are produced at

shallow depth (0.5 – 1.5 nm) when an electron is knocked from its orbit by an incident

electron. These provide the highest resolution images and are primarily used for

topographic imaging, however, some backscattered electrons may also be detected which

can provide some compositional data (Seiler, 1983).

Backscatter electrons are incident electrons that are scattered by the nuclei of atoms

within the sample and re-emerge from the surface. Since they originate from deeper within

the sample, the resolution of backscatter images is generally not as good as those formed

by secondary electrons and they mostly provide compositional data in which phases

containing heavier elements produce a brighter image (Lloyd, 1987).

The ability of the SEM to image relatively large sample areas of the order of mm2

makes it ideal for making visual comparisons between weathered and unweathered regions

in steel slag. Samples were cut to size under water using a diamond saw before being set in

epoxy resin and polished using diamond paste and water-free lubricant to remove the top

1 – 2 mm of material potentially exposed to water during cutting. To accelerate electrons

to the sample and then to prevent build-up of charge during the analysis, samples need to

be conductive (Reed, 1996). Accordingly, polished blocks were carbon coated (10 nm

thickness) and earthed during analysis.
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3.3.3.2 Energy-dispersive x-ray spectroscopy (EDX)

EDX uses the incident electron beam of an SEM or TEM as an excitation source

to elevate core electrons from their orbitals. When a valence electron falls to fill the core

hole, energy is released as x-rays which are detected by the EDX detector. The energies of

these x-rays vary from element to element with generally minimal overlap of peaks

allowing rapid ‘fingerprinting’ of the chemical composition of a sample by either point or

bulk analysis. Depending on the detector used, all elements from the atomic mass of C

upwards can be detected (McLaren, 1991).

EDX can also be used to produce false colour element maps of a sample in which

specific elements within a spectrum are assigned a colour to clearly display the elemental

distribution at the sample surface (Reed, 1996). EDX analysis (both point and false colour

mapping) was used extensively in this study to identify and characterise different mineral

phases within slag and their persistence during weathering. EDX can also be used to

produce semi-quantitative analysis of phase composition providing certain conditions are

established (normally including a flat sample surface, constant working distance, a constant

accelerating voltage and regular detector calibration against a known standard with

homogeneous elemental composition) (Oxford Instruments, 2011). Semi-quantitative

EDX spot analysis was used in Chapter 4 to determine the elemental composition of

selected V-containing phases, with multiple analyses averaged to determine variability in

phase composition. For EDX analysis, the working distance was 10 mm, the accelerating

voltage was 15 keV and a Co metal target was used regularly for flux calibration during

data collection.

3.3.3.3 Transmission electron microscopy

A TEM uses an FEG to direct a focused electron beam at a sample held under

vacuum in a similar manner to an SEM. TEM uses a thin sample (< 200 nm) to allow
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penetration by the electron beam . The image is formed due to spatial variations in

intensity of the transmitted electron beam. These variations are caused by both elastic and

inelastic scattering of electrons as they pass through the sample (i.e. diffraction without

energy loss and loss of energy with absorption respectively) (McLaren, 1991).

Sample preparation is crucial to the overall quality of the TEM images obtained

and need to be thin enough to allow transmission of the beam. TEM imaging was

undertaken to determine the occurrence and composition of nano-particulate phases

within the precipitates forming during slag leachate neutralisation (Chapter 5).

Approximately 10 mg was suspended in ethanol, placed on a Cu support grid with

holey carbon support film and air dried prior to analysis. The specimen was examined

using an FEI Tecnai TF20: FEGTEM Field emission gun TEM/STEM fitted with

HAADF detector, Oxford Instruments INCA 350 EDX system/80 mm X-Max SDD

detector and Gatan Orius SC600A CCD camera running Aztec software.

3.3.4 X-ray absorption spectroscopy (XAS)

XAS provides a relatively straightforward and non-destructive method of

collecting data concerning the atomic structure of individual atomic species in a sample. X-

rays are used to excite core electrons, whereupon a series of photoelectron transitions

takes place. The binding energies of core electrons in different elements are well defined

and do not overlap and so absorption spectra can be obtained for individual elements by

applying x-rays with a photon energy equal to or greater than the core binding energy of

the element of interest . At this point there is a rapid rise in absorption known as the

absorption edge (Bianconi, 1980; Newville, 2004; Penner-Hahn, 2003). The absorption

edge is named according to the core electron transition taking place and relates to the

principal quantum numbers n=1, 2 and 3. Excitation of a 1s electron is known as the K-
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edge, 2s or 2p is known as the L-edge and 3s, 3p, or 3d transitions constitutes the M-edge

(Fig. 3.1)(Penner-Hahn, 2003). The two mechanisms by which the atom decays to its

ground state are by x-ray fluorescence (see section 3.3.1) or by emission of an auger

electron, in which the energy lost by the falling electron is transferred to a second orbital

electron which may be emitted to the continuum (or out of the sample) if the energy

transferred is greater than its orbital binding energy. Absorption can be determined by

observing either process; however, the fluorescence method is most common (Newville,

2004).

If a sample is sufficiently concentrated in an element (>10 wt%), x-ray absorption

can be measured more directly by measuring the attenuation of the transmitted beam as it

passes through the sample. The absorption coefficient (µ) is determined by Beer’s Law:

where I0 and I are the incident and transmitted beams respectively and t is the thickness of

the sample. µ varies logarithmically with energy, thus the energy dependence of the

absorption coefficient, µ(E), can be determined by:

In more dilute samples (typically < 2 wt%) the X-ray fluorescence yield induced

during absorption is used as a proxy for beam attenuation. If fluorescence measurements

are being taken, the above formula becomes:

where If is the intensity of the fluorescence or electron emission (Newville, 2004).

The x-ray absorption spectrum comprises two discrete regions (Fig. 3.2). X-ray

absorption near edge spectroscopy (XANES) consists of the area within ~50 eV of the

main absorption edge and is used to determine the elemental speciation and coordination

chemistry of the absorbing atom. Extended x-ray absorption fine structure (EXAFS)
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Figure 3.2 - Typical features associated with V K-edge XAS spectra.

accounts for the remainder of the spectrum at higher energy levels. Fourier transformation

of the EXAFS region can provide the coordination number of the element under analysis

as well as interatomic distances and species of neighbouring atoms (Newville, 2004). It has

been suggested that the boundary between the two regions lies at the point at which the

wavelength of the excited electron is equal to the interatomic distance between the

absorbing atom and its nearest neighbour (Bianconi, 1980).

Since XAS is an element-specific technique, it can be used to gather information

about elements which are present even at very low concentrations or in the presence of a

large background signal and so is an ideal method for establishing the atomic structure of

trace elements in steel slag (Chaurand et al., 2006; Newville, 2004). In this study, XAS was

used to determine V and Cr speciation and the coordination environment of V within
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both weathered and unweathered steel slags as well as speciation of V incorporated into

CaCO3 and sorbed to mineral surfaces during neutralisation of steel slag leachate.

3.3.4.1 Synchrotrons

The element specific nature of XAS analysis requires a source of intense, tunable,

soft x-rays (i.e. those with a low photon energy, typically <5 – 10 keV) and so it is

generally performed at synchrotron radiation sources (Alp, 1990). These are purpose built

structures designed to produce synchrotron light. They use of a series of particle

accelerators to accelerate electrons to relativistic speeds giving them an energy in the GeV

range. The electron beam is held under high vacuum (to reduce destruction of electrons

through collisions with gas molecules) in a storage ring which consists of straight sections

interspersed with bends. When the electron beam is bent by a magnetic field, synchrotron

light is produced. This light spans the electromagnetic spectrum and is particularly notable

for its brilliance (defined as the photon flux per unit area of the radiation source per unit

solid angle of the radiation cone per unit spectral bandwidth) when compared to

alternative sources (Diamond Light Source, 2017; Thompson et al., 2001).

The brilliance of synchrotron light is an important factor in XAS analysis. Spectral

resolution is inversely proportional to monochromator slit size therefore the higher the

brilliance of the source, the higher the photon flux through the monochromator,

ultimately improving the spectral resolution achievable at the sample (Thompson et al.,

2001). Third generation synchrotrons (such as Diamond Light Source) are primarily

concerned with optimisation of the brilliance of synchrotron light. Straight sections of the

storage ring between the bending magnets contain insertion devices known as wigglers and

undulators which are designed to intensify the beam and are used as light sources in their

own right. Undulators produce a particularly brilliant light in a very narrow beam, the

energy of which can be varied across a continuous range by adjusting the separation of the
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magnets inside the device, thus making them ideal light sources for µXAS, in which a

beam focused to a 2 µm x 2 µm spot is used to collect µXANES, µXRF and EXAFS data

at high resolution (Diamond Light Source, 2017).

Synchrotron light is produced at a tangent to the curved path of the electrons from

where it is channelled into beamlines. The ‘white light’ is subsequently modified using a

monochromator to select the required wavelength for analysis. For XAS, the shifts in

absorption edge position due to valence changes in transition metals are frequently of the

order of a few eV and therefore steps in photon energy must be resolvable to at least this

size. Si 111 crystal monochromators provide sufficient x-ray energy resolution (~0.3 eV)

between 2.5 and 20 keV enabling analysis of all elements from the S K-edge to the U L3-

edge (Alp, 1990).

V K-edge spectra (5465 eV) and Cr K-edge spectra (5989 eV) were collected on

beamline I18 at the Diamond Light Source operating at 3 GeV with a typical current of

250 mA, using a nitrogen cooled Si(111) double crystal monochromator and focusing

optics. A pair of plane mirrors was used to reduce the harmonic content of the beam and

Kirkpatrick-Baez mirrors were used to produce a focused beam (approximately 2 µm

diameter at the sample). For standards prepared as pressed pellets, K-edge spectra were

collected in transmission mode at room temperature (~295 °K). For samples and

solutions, data were collected in fluorescence mode using a 9 element solid state Ge

detector at room temperature.

Multiple scans (n = 5 – 9) were averaged to improve the signal to noise ratio using

Athena version v0.9.24 (Ravel and Newville, 2005). For µXANES spectra absorption was

also normalised in Athena over the full data range and plotted from approximately -20 eV

to +40 eV relative to the edge position with no correction required for drift in E0. V and

Cr data was calibrated using E0 measured from thin metal foils. The V pre-edge peak

energy was determined by calculation of the area normalised centroid energy position
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following the method of Chaurand et al. (2007) and E1/2 energy (energy of the main

absorption edge where the normalised amplitude = 0.5) was measured from plotted

spectra in Athena.

3.3.4.2 µXRF elemental mapping

µXRF elemental maps were collected for selected regions within the slag blocks

(~150 x 100 pixels; 2 µm2 per pixel) for Ca, Ti, V, Cr, Mn and Fe. Each individual pixel in

the maps could be interrogated by the acquisition software to produce a XRF spectra that

could be compared to SEM-EDX spectra collected previously from slag phases. A

combination of the µXRF maps, XRF spectra and position within the sample was used to

identify specific points of interest within the sample for µXANES analysis as shown in

Chapter 4, Figure 4.2.

3.3.4.3 XANES

The XANES region of the XAS spectrum consists of any pre-edge features, the

main absorption edge and the initial oscillations beyond the absorption edge.

The absorption edge position is defined as either the maximum of the derivative

spectrum, which corresponds to the first inflection point of the main absorption edge, or

as the energy halfway up the normalised absorption edge step (E1/2; used in this

study)(Penner-Hahn, 2003). Any peaks in the spectra which appear before this value are

known as ‘pre-edge’ peaks. Pre-edge peaks provide information on local geometry and

speciation and are caused by electron transitions to empty bound states (Newville, 2004;

Penner-Hahn, 2003). Since electron transitions must be dipole allowed, 1s electrons which

are excited at the K-edge must end up in p-orbitals (Newville, 2004). The p-orbitals of

transition metal oxides are often filled, preventing these transitions from taking place.

However, under certain conditions, full p-orbitals may be hybridised with unfilled d-
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orbitals, allowing electron transitions to this level which would otherwise not be possible

(Newville, 2004; Penner-Hahn, 2003). The extent to which this hybridisation occurs is a

function of coordination environment with tetrahedral coordination producing a much

more pronounced effect and consequently a more intense pre-edge peak whereas in

octahedral coordination the effect is much reduced (Newville, 2004). This is clearly seen in

Cr XANES where tetrahedral Cr6+ spectra display a prominent pre-edge peak whereas

octahedral Cr3+ do not, making analysis of Cr speciation relatively straightforward

(Peterson et al., 1996). Pre-edge peaks in V XANES spectra are dependent on 1s

transitions to hybridised 3d/4p orbitals which readily occur in tetrahedral coordination

resulting in a prominent pre-edge peak (Chaurand et al., 2007). These transitions are

reduced in square pyramidal coordination and again in octahedral coordination leading to

correspondingly smaller pre-edge peaks (Wong et al., 1984). However, XANES analysis

has shown that in sorption environments or where polyvanadate species are present, V

tetrahedra become distorted, reducing the effect of hybridisation and thus the intensity of

the pre-edge peak (Bronkema and Bell, 2007; Tanaka et al., 1988).

The absorption edge itself is formed due to electron transitions to continuum

states. Its position may be used to infer the oxidation state of the absorbing atom as it

increases with oxidation state due to the increased core binding energies of higher valence

atoms (Penner-Hahn, 2003).

A robust method for determining V speciation and coordination symmetry from

XANES spectra has been developed by Chaurand et al. (2007). They found that the

position of the absorption edge alone is not sufficient to determine the oxidation state of

V as it can overlap more than one valence state (e.g. V3+ and V4+ are not well resolved

using this method). Similarly, pre-edge peak intensity cannot be relied upon due to a

considerable overlap between V4+ in square pyramidal coordination and V5+ in octahedral
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or square pyramidal coordination. Detailed examination of both can resolve both

coordination symmetry and oxidation state of V3+, V4+ and V5+.

3.3.4.4 EXAFS

The EXAFS region of the XAS spectrum consists of a series of sinusoidal

oscillations which gradually decrease in amplitude. These are caused by constructive and

destructive interference due to backscattering of the outgoing photoelectron by

neighbouring atoms. These provide information on the local environment of the

absorbing atom, up to a range of ~5Å (Bianconi, 1980; Penner-Hahn, 2003).

Since the features associated with the EXAFS region are smaller, a more

concentrated sample is needed in order to obtain a suitable signal to noise ratio for analysis

(Specific LODs are highly element and substrate dependant but generally will be in the 100

– 2000 ppm range; Proux et al. (2017)). Collection of V K-edge EXAFS from

environmental samples may be further complicated by a poor signal to noise ratio

compounded by interference from La and Nd L-edges (Thompson et al., 2001).

EXAFS oscillations are extracted from the XAS spectrum by performing a

background subtraction. Due to the dependence of EXAFS on the wave nature of the

photoelectrons, x-ray energy (E) is converted to photoelectron wavenumber (k) using the

following formula:

where me is the mass of an electron, h is the Planck constant, E is the energy of the

incoming photon and E0 is the energy of the absorption edge. The EXAFS part of the µ(k)

spectrum is then isolated by removing the ‘bare atom’ background (i.e. the spectra that

would result from an isolated atom of the absorber; µ0(k)) and normalising:
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Since the EXAFS decay quickly with increasing k, the spectrum is k-weighted,

typically by k2 or k3 to improve the signal at high k. Finally, a Fourier transform is applied

to the spectrum. The resulting peaks in the Fourier transformed EXAFS data are

representative of the scattering paths of the photoelectron (i.e. peaks relate to the number

and distance of backscattering atoms surrounding the central atom; Newville, (2004);

Penner-Hahn, (2003)).

For the work presented in Chapter 5, multiple (6 – 10) V K-edge EXAFS spectra

(k = 0 - 12Å-1) were collected on beamline I18 of the Diamond Light Source. UK, from

selected V-containing samples, Spectra were then averaged, background subtracted and

normalised using Athena application (part of the Demeter software package v0.9.24;). The

processed spectra was then fit ab initio to model spectra in Artemis (also included in

Demeter v0.9.24) to determine the atomic coordination surrounding the central V atom

(Ravel and Newville, 2005).

3.3.5 Inductively coupled plasma optical emission spectrometry (ICP-OES)

ICP-OES is used to determine elemental concentrations in an aqueous matrix

which uses intense heat (ca. 7500 K for an Ar plasma) from an electrical plasma (a partially

ionised gas, usually Ar) to decompose a sample into free atoms and ions (Boss and

Fredeen, 1999; Hall, 1992).

An ICP discharge is created when Ar gas, supported on a quartz torch, is stripped

of some of its electrons by the application of a spark. The torch is surrounded by a copper

coil (called a load coil) which is connected to a radio frequency generator. This creates

oscillating electric and magnetic fields within which the free electrons are accelerated (this



77

process is known as inductive coupling). A chain reaction is established whereby highly

energised free electrons collide with more Ar atoms, ionising them and thus creating a

plasma comprising Ar atoms, Ar ions and electrons (Boss and Fredeen, 1999; Vogel and

Jeffery, 1989).

Sample is introduced to the plasma as an aerosol via a nebuliser whereupon it is

volatilised and dissociated into its component atoms (Vogel and Jeffery, 1989). The energy

produced by the plasma is sufficient to cause excitation of the atoms by promotion of

electrons from low-energy to high-energy orbitals, or ionisation by emission of the

electron from the atom. The subsequent fall of a high-energy shell electron to the lower

energy shell to fill the vacancy results in the emission of a photon. The pattern of photon

emission is unique to each individual element and so by examining the peaks present, the

sample can be ‘fingerprinted’ to determine its composition, and quantified by comparison

of sample emission to matrix-matched standards of known composition (Boss and

Fredeen, 1999).

Samples were prepared for ICP analysis by filtration (0.2 µm, PES) to remove

particulates. Subsequently samples were acidified in high purity 0.1 M HNO3 (Aristar) in a

1:10 sample:acid ratio to ensure all species of interest were solubilised.

3.3.6 Inductively coupled plasma mass spectrometry (ICP-MS)

ICP-MS uses an Ar plasma source to dissociate and ionise samples in the same

manner as the ICP-OES technique. Once ionised, electrostatic lenses focus the central

portion of the ion beam into the mass spectrometer where they are separated according to

their mass to charge ratio using a quadrupole mass filter. This uses alternating DC and AC

voltages to effectively establish an electrostatic filter which will only allow ions with a

specific mass to charge ratio to pass through at a given time. Once separated, ions are
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detected when they strike a detector which runs a high negative voltage to attract the

positively charged ions. This releases electrons which strike a second surface behind the

first which amplifies the signal (Wolf, 2005).

Certain elements are known to be susceptible to interference from polyatomic ions

with an identical mass to charge ratio to the ions of interest which leads to poor detection

limits for those elements. 35Cl16O is one such example which interferes with the analysis of

51V. To negate these effects, when analysing V, the ion stream is passed through a helium-

filled collision cell before it reaches the quadrupole mass filter. In the collision cell,

collisions between polyatomic ions and molecules of the gas convert the interfering

molecules to harmless, non-interfering species. The analyte ions are able to leave the cell

and enter the mass spectrometer for normal analysis (Thomas, 2002).

Sample preparation and calibration is very similar to that used for the ICP-OES;

the principle advantages conferred by ICP-MS when compared with ICP-OES systems are

its superior detection limits for the same samples and simpler spectra to interpret (Hall,

1992). ICP-MS was used to determine concentrations of trace elements in site waters and

experimentally derived leachates.
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Chapter 4 Mechanism of Vanadium Leaching During Surface

Weathering of Basic Oxygen Furnace Steel Slag Blocks: A µXANES

and SEM Study

Summary

Basic oxygen furnace (BOF) steelmaking slag is enriched in potentially toxic metals

including Cr and V which may become mobilised in high pH leachate during weathering.

BOF slag was weathered under aerated and air-excluded conditions for 6 months prior to

SEM/EDS and µXANES analysis to determine V host phases and speciation in both

primary and secondary phases. Leached blocks show development of an altered region in

which free lime and dicalcium silicate phases were absent and Ca-Si-H was precipitated

(CaCO3 was also present under aerated conditions). µXANES analyses show that V was

released to solution as V5+ during dicalcium silicate dissolution and some V was

incorporated into neo-formed Ca-Si-H. Higher V concentrations were observed in

leachate under aerated conditions than in the air-excluded leaching experiment. Aqueous

V concentrations were controlled by Ca3(VO4)2 solubility as demonstrated by an inverse

relationship between Ca and V concentrations. Under air-excluded conditions Ca

concentrations were controlled by dicalcium silicate dissolution and Ca-Si-H precipitation,

leading to relatively high Ca and correspondingly low V concentrations. Formation of

CaCO3 under aerated conditions provided a sink for aqueous Ca, allowing higher V

concentrations limited by kinetic dissolution rates of dicalcium silicate. Thus V release

may be slowed by the precipitation of secondary phases in the altered region, improving

the prospects for slag reuse.
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4.1 Introduction

Basic oxygen furnace (BOF) steelmaking is a primary method of steelmaking

which accounts for ~2/3 of worldwide steel production (Smil, 2006; UK Steel, 2016). In a

basic oxygen converter low carbon steel is produced by blowing oxygen through molten

pig iron and recycled scrap steel to remove carbon. BOF slag is the primary by-product of

BOF steelmaking and is produced when limestone (or dolomite) is added to the molten

iron as a fluxing agent to draw out impurities (Yildirim and Prezzi, 2011). Due to the large

quantities of steel slag produced worldwide (170 – 250 million metric ton/year; Ober

(2016)) reuse has become increasingly important in order to comply with environmental

regulations limiting disposal of wastes. Currently steel slag that cannot be recycled in blast

furnaces is primarily reused as aggregate in road surfacing and construction due to its high

stability and skid resistance (Ahmedzade and Sengoz, 2009; Australasian Slag Association,

2002), whilst other uses include neutralisation of acidity in soils or mine wastes and

possibly for CO2 sequestration (Bobicki et al., 2012; Doucet, 2010; Huijgen and Comans,

2005; Huijgen and Comans, 2006). Depending on its precise mineralogy, some steel slag

may be unsuitable for reuse, particularly in engineering applications. Steel slag may be

enriched in phases such as free lime (CaO) and periclase (MgO) which expand on

hydration, resulting in significant volume change (Motz and Geiseler, 2001). In situations

where slag cannot be reused, or where supply exceeds after-use demand, slag is generally

disposed to landfill (Euroslag, 2012).

Steel slag formed during primary steelmaking (i.e. from BOF or electric arc furnace

(EAF) processes) typically comprises a mixture of Ca oxides, Fe oxides and silicates. The

precise chemical composition varies by iron source and processing, however, the bulk

chemical composition is relatively consistent between locations worldwide (Table 4.1).
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Table 4.1 - Chemical composition of BOF Steel slags including XRF analysis of the slag
used in this study ±1 standard deviation. Data is presented in nominal oxide format.

Major
Elements

Nominal oxide
wt%

Indiana, USA;
(Yildirim and
Prezzi, 2011)

Sweden;
(Tossavainen et

al., 2007)

Taiwan,
China;

(Shen et al.,
2009)

Yarborough
UK; this study

n=21

CaO 39 45 39 40 ±5.4

FeO 30 22 38 32 ±9.4

SiO2 12 11 7.8 14 ±3.4

MgO 10 9.6 8.6 5.2 ±1.1

MnO 2.7 3.1 4.2 4.5 ±0.8

Al2O3 2.2 1.9 1.0 1.2 ±0.4

P2O5 1.0 0.52 n.d. 1.3 ±0.4

V2O5 n.d 2.6 n.d. 0.81 ±0.24

TiO2 0.40 1.4 0.94 0.30 ±0.13

Cr2O3 0.20 0.07 n.d 0.24 ±0.13

SO3 0.12 n.d 0.05 0.23 ±0.09

TOTAL 97.6 97.2 99.6 98.7

Typically BOF slag is dominated by Ca, Fe and Si, with minor amounts of Mg, Mn

and Al (Shen et al., 2009; Tossavainen et al., 2007; Yildirim and Prezzi, 2011). The

mineralogical composition can be complex but typically contains a range of calcium-

containing silicate phases (e.g. larnite, β-Ca2SiO4; merwinite Ca3Mg(SiO4)2), calcium and

aluminium ferrite phases (e.g. brownmillerite, Ca2FeAlO5, srebrodolskite, Ca2Fe2O5), free

Mg and Ca oxides (e.g. lime, CaO; periclase, MgO) and a refractory oxide solid solution of

Fe-Mg-Mn-Ca- oxides (e.g. wüstite, FeO) (Chaurand et al., 2006; Motz and Geiseler, 2001;

Navarro et al., 2010; Piatak et al., 2014; Yildirim and Prezzi, 2011).

When stored in contact with water, CaO and Ca-silicates in BOF slag readily react

with water to generate a high pH leachate (typically pH 10 – 12.5), e.g. via reactions such

as 4-1 and 4-2 (Mayes et al., 2008; Roadcap et al., 2005):
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CaO + H2O → Ca2+ + 2OH- (Eqn. 4-1)

Ca2SiO4 + 2H2O → 2Ca2+ + H2SiO4
2- + 2OH- (Eqn. 4-2)

The release of Ca2+ and H2SiO4
2- to solution can lead to oversaturation with

respect to calcium silicate hydrates (Ca-Si-H; Eqn. 4-3), and secondary carbonates in the

presence of atmospheric CO2 (Eqn. 4-4; Mayes et al. (2008)). Spinels (e.g. Magnetite; Eqn.

4-5) and hydroxide phases can also form, where di- and trivalent metal ions are released

(De Windt et al., 2011).

3Ca2+ + 2H2SiO4
2- + 2OH- → 3CaO·2SiO2·3H2O (Eqn. 4-3)

Ca2+ + CO2 + 2OH- → CaCO3 + H2O (Eqn. 4-4)

Fe2+ + 2Fe3+ + 4H2O → Fe3O4 + 8H+ (Eqn. 4-5)

Steel slags usually contain a variety of trace elements from the primary ore that

become concentrated by processing. At high pH, several potential toxic metals are

solubilised and become mobile in leachate including Al, Fe, and V (De Windt et al., 2011;

Mayes et al., 2008; Proctor et al., 2000; Roadcap et al., 2005).

In recent years Cr and V leaching has received significant attention due to their

relative enrichment in BOF slag (V, 0.04 – 1.48 wt% and Cr, 0.04 – 0.24 wt%; Proctor et

al. (2000); Tossavainen et al. (2007)) and the potential mobility and toxicity of V5+ and Cr6+

species in alkaline leachates. Cr and V can be present in steel slag in multiple oxidation

states (Cr3+ and Cr6+; V3+, V4+ and V5+; Chaurand et al. (2007a); Proctor et al. (2000)),

although the highest oxidation states cause most concern because they are mobile in

aqueous systems and are the most toxic (Barceloux, 1999; Fendorf, 1995). However, there
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is uncertainty about V and Cr host phases and their oxidation state within those phases,

making evaluation of their potential leaching behaviour and toxicity difficult. This

uncertainty is compounded by the use of leaching data acquired from powdered

specimens, which may be unrepresentative of slag aggregate weathering in civil engineering

applications (De Windt et al., 2011; Huijgen and Comans, 2006). As a result, regulatory

bodies, such as the UK Environment Agency, are adopting worst case scenario

assumptions when considering V leaching from steel slags (Environment Agency, 2014).

This will have an adverse effect on beneficial reuse of slag, and could lead to overly

stringent long-term monitoring requirements for landfills.

Previous research has shown that under air-excluded leaching conditions Cr is not

released from slag in significant quantities because it is incorporated as Cr3+ into a

secondary chromite-like phase which is very stable (<0.05% of total Cr is released; De

Windt et al. (2011); Geiseler (1996)). In contrast, V release is higher (up to 1.7% of total V,

De Windt et al. (2011)). This is due to the relatively high reactivity of the V hosting phase,

and the prediction that V3+ and V4+ can be oxidised to V5+ during slag weathering

(Chaurand et al., 2007a; Chaurand et al., 2006; De Windt et al., 2011). No data are

available concerning leaching of steel slags under aerated conditions that will be more

favourable to Cr and V oxidation. Equally, the role of secondary phase formation in

controlling V release is currently unknown, although the potential for aqueous V to be

incorporated into Ca-Si-H has been noted (De Windt et al., 2011).

A thorough understanding of weathering processes in BOF slag is essential to

enable long-term, cost effective management and use of steel slag whilst protecting both

the environment and human health from its potentially hazardous components. This

study used scanning electron microscopy (SEM) and X-ray absorption near-edge

spectroscopy (XANES) to determine the distribution and speciation of V within BOF

steel slag, and to determine whether leachate equilibrium atmosphere affects V release
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during slag leaching. This research provides new insights into the distribution of V within

both unweathered and weathered BOF slag, and investigates the mechanisms

underpinning enhanced V leaching and its fate in neo-formed phases.

4.2 Methods

4.2.1 Sample collection and characterisation

Combined steelmaking waste was collected from the Yarborough landfill following

the methodology detailed in Chapter 3, section 3.1.1. An Olympus X-5000 X-ray

fluorescence (XRF) analyser was used to determine the composition of individual waste

blocks. 21 no. blocks with a chemical composition consistent with reported elemental

profiles of BOF slag found in previous studies (e.g. Table 4.1) were selected. Of these,

one sample was selected and was either cut into smaller 8 g blocks (20 x 10 x 10 mm)

using a diamond saw for use in leaching experiments, or ground to < 150 µm powder for

compositional analysis. Major and minor element composition was determined using an

Olympus X-5000 XRF analyser. Mineralogical analysis was performed using 50 – 100 mg

samples mounted on silicon slides on a Bruker D8 X-ray diffractometer (XRD) using Cu

K-alpha radiation and scanning between 2° and 70° 2θ.

4.2.2 Leaching experiments

Leaching tests were designed to replicate conditions during heap leaching of steel

slags in both the unsaturated and saturated zones (see Chapter 1, Fig. 1.1).

Two 8 g slag blocks were placed in a 2 L graduated glass screw-top bottle

containing 2 L deionised water (DIW). Air-excluded (O2 and CO2-free; saturate)
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conditions were established by purging for 45 minutes with N2 gas before the bottle was

capped and stored in a Coy anaerobic cabinet (95% N2: 5% H2, Coy Ltd. USA). Two

further blocks were leached in DIW in a bottle stoppered with a foam bung and

continually aerated with laboratory air using an aquarium pump (flow rate 6 L min-1). In

the aerated system, DIW was added periodically to replace water that had evaporated.

Leaching continued for 6 months before the blocks were removed from the bottles and

dried under N2: H2 atmosphere in the Coy Cabinet. Leachate pH was determined

following removal of the blocks using an Orion DualStar pH/ISE benchtop meter

(Thermo Scientific, USA) with electrodes calibrated at pH 4, 7 and 10. Metal

concentrations in aqueous leachate samples (0.2 µm; PTFE filtered) were determined (with

an analytical uncertainty of < ±3%) either on a Thermo iCAP 7400 radial ion-coupled

plasma optical emission spectrometer (ThermoFisher Scientific, USA, ICP-OES; major

elements), or on a Thermo iCAP Qc ion-coupled plasma mass spectrometer

(ThermoFisher Scientific, USA, ICP-MS; minor elements).

4.2.3 Scanning electron microscopy

The leached blocks and an unleached control block were cut in half widthways under

water using a diamond saw and the resultant ~1 cm3 blocks were set into epoxy resin. The

surface to be examined was then polished using a water-free diamond paste removing the

top 1 – 2 mm of material potentially exposed to water during cutting. The samples were

carbon coated (~10 nm) and backscatter electron images were collected on a FEI Quanta

650 FEGESEM environmental Scanning Electron Microscope (SEM) equipped with an

Oxford Instruments INCA 350 Energy-dispersive X-ray spectroscopy system that had an

80 mm X-Max Silicon drift detector. Energy-dispersive X-ray spectroscopy (EDS)

mapping and quantitative point analysis were processed using the Oxford Instruments
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AZtec acquisition and analysis software. False colour SEM-EDS composite elemental

maps were used to identify phases, and phase composition was subsequently determined

both near and remote from the leached surface of each slag block by point counting using

randomly oriented 20 x 20 µm grids (Plas and Tobi, 1965); (e.g. Fig. 4.1a). EDS was also

used to quantify phase composition in selected V-containing BOF slag phases. Multiple

EDS spot analyses (analysis volume of 2 µm3; working distance, 10 mm) were collected

and elemental composition was determined using the AZtec software (a Co metal target

was used as the calibration standard and regular recalibration was undertaken to prevent

drift in total detector counts between analyses).

4.2.4 µX-ray absorption spectroscopy

Polished BOF slag blocks were produced from samples recovered from both the

aerated, air-excluded leaching experiments and from identical unweathered samples.

Standard materials (V2O5; VOSO4) were also prepared as pressed pellets using cellulose as

a diluent to reduce chemical thickness (to achieve an edge step between 0.5 and 1.5 in

transmission mode, see below). Pellets were held in Kapton™ tape. A sodium vanadate

solution was prepared in 0.1 mol.L-1 NaOH, also at 1000 mg.L-1, and held in a polythene

bag.

µXAS spectra and µ XRF maps were collected at the V and Cr K-edges (5465 and

5989 eV respectively) on beamline I18 at the Diamond Light Source operating at 3 GeV

with a typical current of 250 mA, using a nitrogen cooled Si(111) double crystal

monochromator and focussing optics. A pair of plane mirrors was used to reduce the

harmonic content of the beam and Kirkpatrick-Baez mirrors were used to produce a

focused beam (approximately 2 µm diameter at the sample). For standards prepared as

pressed pellets, K-edge spectra were collected in transmission mode at room temperature
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Figure 4.1 - A) Example composite false colour SEM-EDS elemental maps showing
phase discrimination within the BOF slag samples and location of typical randomly
orientated 20 x 20 µm grid used to determine phase concentrations (v/v) within the bulk
slag and weathered regions. Data from several locations and maps were used to allow for
averaging of micron-scale heterogeneity in phase composition. b-g) Example EDS spectra
collected from each of the 6 major phases detected.
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Figure 4.2 - V, Ca and Fe µXRF maps collected from the slag blocks recovered from the
aerated, air-excluded leaching experiments and from an unweathered sample; numbered
points indicate locations where µXANES spectra were collected.

(~295 °K). For samples and solutions, data were collected in fluorescence mode using a 9

element solid state Ge detector at room temperature.

µXRF elemental maps were collected from continuous regions (i.e. free from

cracks or bubbles) on the edges of the slag blocks (~150 x 100 pixels; 2 µm2 per pixel) for

Ca, Ti, V, Cr, Mn and Fe (Fig. 4.2). Each individual pixel in the maps could be

interrogated by the acquisition software to produce an XRF spectrum that could be

compared to SEM-EDS spectra collected previously from slag phases. A combination of
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the µXRF maps, XRF spectra and position within the sample was used to identify specific

points of interest within the sample for µXANES analysis as shown in Fig. 4.2. Multiple

scans (n = 5-9; k = 0-8 Å-1) were averaged to improve the signal to noise ratio using

Athena version v0.9.24 (Ravel and Newville, 2005). The step size was 0.3 eV over the

XANES region (-50 – 100 eV) and 3 – 5 eV in the pre- and post-edge regions. For

µXANES spectra absorption was normalised in Athena over the full data range and

plotted from approximately -20 eV to +40 eV relative to the edge position with no

correction required for drift in E0. V data was calibrated using E0 measured from thin

metal foils.

4.3 Results

4.3.1 Slag composition

The elemental composition of the slag was dominated by Ca, Fe and Si, with Mn

and Mg as minor constituents; the V and Cr concentrations were 0.45 ±0.13 and 0.16

±0.08 wt% repectively (Table 4.1; Table 4.2). XRD analysis showed slag contained larnite

(dicalcium silicate; β-Ca2SiO4), brownmillerite (dicalcium Aluminoferrite; Ca2(Al, Fe)2O5),

free lime (CaO) and wüstite (refractory oxide; FeO) (Fig. 4.3).

4.3.2 SEM microanalysis

SEM analysis showed that the centre of slag blocks consists of an interlocking crystalline

matrix (Fig. 4.4). EDS mapping showed that each sub-region within the matrix had

relatively uniform composition and four different chemically discrete phases were

identified. Quantitative EDS spot analyses (e.g. Fig. 4.1b – e; Table 4.3) were used to
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further characterise these phases. The first phase had an average molar Ca:Si ratio of 2.2

±0.1, corresponding to the dicalcium silicate phase identified by XRD; this phase also

contained P, V and trace Fe. The composition of the second phase was dominated by Ca,

Al and Fe suggesting that it is the dicalcium aluminoferrite phase identified by XRD; this

phase also contained Mn, Ti, Mg, Cr and V. EDS spot analysis indicated that the third

phase was principally CaO, but this free lime phase was also substituted with Mn and Fe.

The fourth phase contained FeO, MnO, MgO and CaO, suggesting it is a refractory oxide

solid solution (e.g. a phase indistinguishable from wüstite by XRD). The proportion of

each phase in the slag (by volume) as determined by quantitative SEM-EDS spot analysis

is shown in Table 4.4.

Table 4.2 - Mean (± 1 standard deviation) chemical composition determined by XRF for
set of 21 no. BOF Steel slag samples collected from Yarborough, UK. Data is presented in
both nominal oxide and elemental composition formats. Absolute uncertainty (versus
certified standards) was < ±30% for Mg, < ±20% for S and, < ±10% for all other
elements.

Nominal Oxide
Composition*

Oxide
Weight %

Elemental
Composition

Weight % Elemental
Limit of

Detection

CaO 40 ±5.4 Ca 29 ±3.9 <0.05

FeO 32 ±9.4 Fe 25 ±7.3 <0.001

SiO2 14 ±3.4 Si 6.5 ±1.6 <0.1

MgO 5.2 ±1.1 Mg 3.1 ±0.7 <0.5

MnO 4.5 ±0.8 Mn 3.5 ±0.6 <0.001

Al2O3 1.2 ±0.4 Al 0.71 ±0.24 <0.2

P2O5 1.3 ±0.4 P 0.57 ±0.17 <0.05

V2O5 0.81 ±0.24 V 0.45 ±0.13 <0.001

TiO2 0.30 ±0.13 Ti 0.18 ±0.08 <0.001

Cr2O3 0.24 ±0.13 Cr 0.16 ±0.08 <0.001

SO3 0.23 ±0.09 S 0.09 ±0.04 <0.02
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Figure 4.3 - XRD pattern collected from the crushed steel slag sample annotated with
major phase peaks detected.

V was present in only the dicalcium silicate (0.44 ±0.23 wt%) and the dicalcium

aluminoferrite phase (1.14 ±0.14 wt%) and not detectable in the free lime and wüstite

phases. Cr was only associated with dicalcium aluminoferrite (0.42 ±0.14 wt%).

SEM imaging of experimental blocks showed the presence of a compositionally

distinct altered region at the block surface that was absent in unweathered samples (Fig.

4.4; Fig. 4.5). EDS analysis showed that this region was depleted in both Ca and Si. High

resolution imaging showed that dicalcium silicate is depleted and free lime is absent, but

the refractory oxide and dicalcium aluminoferrite phases appear largely unaltered (Table

4.4). A low density Ca and Si containing phase (Ca:Si ratio of 2.1 ±0.4) is observed in this

region whose compositions are consistent with calcium silicate hydrate phases (Ca-Si-H;

Fig. 4.6) (Allen et al., 2007; Richardson, 1999).
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Figure 4.4 – Slag surface structure after 6 months weathering under aerated conditions;
backscatter electron image and false colour EDS element maps. The red dashed line
indicates the approximate boundary between the altered and unaltered regions.
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Table 4.3 - Average of quantitative SEM-EDS spot analysis collected from selected
primary and secondary phases within weathered and unweathered BOF slag samples. LoD
typically = 0.1 wt% for most elements. C is not determined in the analysis and element
totals less than 100% are, therefore, due to the inclusion of C-based resin (which also
contains S and Cl) in the sample volume (~2 µm3); or in the case of the CaCO3 phase, C
within the carbonate moiety itself. Expected elemental proportions of each phase are
noted in brackets where appropriate. Elemental proportions of Ca and Si in Ca-Si-H are
variable and have not been added.

Element Ca2SiO4

(wt%; n=11)
Ca2(AlFe)2O5

(wt%; n=17)
Ca-Si-H

(wt%; n=23)
CaCO3

(wt%; n=1)

O 37.9 ±1.6 (37.2) 31.3 ±2.6 (32.9) 21.2 ±9.7 48.7 (48)

Mg n.d. 0.49 ±0.09 0.08 ±0.05 n.d.

Al 0.16 ±0.06 3.1 ±0.4 (11.1) 0.33 ±0.19 n.d.

Si 13.2 ±0.7 (16.3) 0.50 ±0.14 4.7 ±2.2 n.d.

P 1.5 ±0.1 n.d. 2.5 ±1.0 0.17

S n.d. n.d. 0.10 ± 0.10 n.d.

Cl n.d. n.d. 0.15 ±0.11 n.d.

Ca 41.5 ±1.5 (46.5) 28.2 ±2.5 (32.9) 13.9 ±5.8 40.4 (40)

Ti 0.21 ±0.09 3.2 ±0.8 0.60 ±0.29 n.d.

V 0.44 ±0.23 1.14 ±0.14 0.70 ±0.57 n.d.

Cr n.d. 0.42 ±0.14 0.06 ±0.01 n.d.

Mn n.d. 0.81±0.0.8 0.18 ±0.16 n.d.

Fe 0.81 ±0.09 24.9 ±2.3 (23.0) 1.9 ±0.8 n.d.

TOTAL 95.7 ±3.4 94.1 ±8.0 44.2 ±18.7 89.3

n.d. = not detected; n =number of data points

Table 4.4 - Point counting analysis of phase distribution (% by volume) in the
unweathered slag and the altered surface regions.

Phases
Unweathered
slag

Altered region
Aerated conditions#

Altered region
Air-excluded
conditions

Ca2SiO4 57 ±3 n. d. n. d.
Ca-Si-H n.d. 64 ±3 63 ±3
Wüsite 21 ±3 20 ±3 20 ±3
Ca2(Fe,Al)2O5 13 ±3 10 ±3 14 ±3
Lime 8 ±2 n.d. n. d.
Ca-Si-H / Fe-O n.d. 6 ±2 4 ±2
Total counts 1012 920 848
n.d., not detected.
# Where present, the CaCO3 layer was excluded from this analysis.
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Figure 4.5 – Slag surface structure after 6 months weathering under air-excluded
conditions; backscatter electron image and false colour EDS element maps. The red
dashed line indicates the approximate boundary between the altered and unaltered regions.
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Occasional blade-like morphology is is consistent with Ca-Si-H(II), which has an

imperfect Jennite-like structure and a Ca:Si ratio in the range 1.5 – 2.2 (Chen et al., 2004;

Gard and Taylor, 1976). This Ca-Si-H phase also contained V (0.70 ±0.57 wt%, Table

4.3), Fe and P (Fig. 4.1f). The thickness of this altered region was 38 ±11 (n = 92) and 45

±14 µm (n = 76) in the aerated and air-excluded tests respectively, and this difference is

statistically significant (Mann Whitney U, p = <0.001). Blocks from the aerated

experiment had an additional continuous 10 – 30 µm layer outside the altered region,

which consisted of blocky crystals that contained principally Ca, C and O with trace P

consistent with precipitation of CaCO3 (Fig. 4.1g, Fig. 4.4).

Figure 4.6 - Backscattered electron image showing an example altered region where Ca-Si-
H is replacing dicalcium silicate. Visible phases include dicalcium aluminoferrite
(brownmillerite; BM), dicalcium silicate (Ca2SiO4), refractory oxide (wüstite; W) and Ca-Si-
H (CSH).
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4.3.3 Leachate composition.

The pH values and the concentration of key elements in the leachate after 6

months are shown in Table 4.5. Both leachates were dominated by Ca and Si. The pH

values of the leachate from the aerated and air-excluded systems were 8.0 and 11.9 and V

concentrations were 859 µg L-1 and 493 µg L-1 respectively.

Table 4.5 - Leachate composition determined after 6 months in the aerated and air-
excluded slag leaching experiments.

Aerated Air-
excluded

pH 8.0 11.9

Major ions (mg L-1)

Ca 23.5 85.2

Si 23.4 29.5

Mg 0.1 0.1

K 0.2 0.4

Na 1.7 2.4

Minor ions (µg L-1)

Al <2 390

Cr 6.5 9.6

Fe 122.7 251.3

Li <0.1 <0.1

Mn 8.5 13.1

V 859.1 492.8

4.3.4 µXANES analysis

Representative XANES spectra for each V-bearing phase in experimental samples

and standards are shown in Fig. 4.7a. Vanadium K-edge µXANES spectra (n = 49)

collected from all phases present have a prominent pre-edge peak at 5470 eV (±0.25 eV).

Normalised intensity (±0.10) of the pre-edge peak for spectra collected from V-bearing
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phases range from; 0.36 to 1.00 in dicalcium silicate, 0.17 to 1.00 in dicalcium

aluminoferrite and 0.61 to 0.94 in the Ca-Si-H (Fig. 4.7b). The main absorption edge (E1/2;

the point at which absorption reaches 50% of normalised absorption) varied from 5479.0

to 5482.3 eV in dicalcium silicate, 5478.9 to 5482.3 eV in dicalcium aluminoferrite and

from 5480.1 to 5482.2 eV in Ca-Si-H (Fig. 4.7b).

Chromium µXANES spectra collected from dicalcium aluminoferrite grains in

both the unweathered and altered regions were lacking the large pre-edge peak diagnostic

of Cr6+ (Peterson et al., 1996), and had adsorption edge positions similar to the Cr3+-

containing standards (e.g. Fig. 4.8).

Figure 4.7 - A) Representative V K-edge µXANES spectra collected from V-containing
slag phases and standards; and B) E1/2 position and normalised pre-edge peak height
intensity determined from all data collected from slag blocks.
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Figure 4.8 - Example Cr K-edge XANES spectra collected from altered and unaltered
regions of BOF slag blocks and Cr3+ and Cr6+ standards.



102

4.4 Discussion

4.4.1 Reactivity of phases during weathering

The development of a compositionally distinct region at the surface of the blocks

shows alteration of slag phases has taken place during the 6 month leaching experiments.

SEM imaging and EDS analyses show depletion of dicalcium silicate and complete

dissolution of free lime phases in this altered region, hence these must be considered the

reactive phases during slag weathering (Equations 4-1 and 4-2). The Fe-rich phases

(dicalcium aluminoferrite and refractory oxide) showed no evidence of alteration over the

time period of the experiments. The thickness of the altered region was significantly

greater in air-excluded samples than aerated equivalents, indicating that the presence or

absence of air is a significant factor contributing to the rate and overall extent of altered

region formation on short time-scales.

4.4.2 Secondary phase formation Ca-Si-H and CaCO3

Dissolution of dicalcium silicate in the slag blocks released Ca and Si to solutions,

which results in precipitation of a Ca-Si-H phase (Eqn. 4-3) in place of dicalcium silicate in

the altered region under both aerated and air-excluded conditions. Low elemental totals

from EDS spot analyses (Table 4.3) of Ca-Si-H phases represent areas with high volumes

of carbon-rich resin (as carbon is not determined in EDS analysis). This indicates that Ca-

Si-H has a porous structure which will allow diffusion of water and ions through the

altered region. Thus it is likely that dicalcium silicate dissolution switched from initially

solubility limited to a diffusion limited process as the altered region developed (i.e. the rate

of removal of Ca and Si from the slag surface controls rate of weathering). Therefore,

formation of Ca-Si-H may have an armouring effect on slag, slowing the rate of dicalcium
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silicate weathering. Pseudomorphs of lime were also found in the altered region,

containing Ca, Si, Fe, Mn and O (Fig. 4.1). This may represent a distinct Fe(Mn)-

substituted Ca-Si-H phase or co-precipitated Ca-Si-H and Fe(Mn) spinel phases.

Formation of CaCO3 is only observed in aerated experiments, as it requires the in-gassing

of atmospheric CO2 to allow aqueous Ca to precipitate (Roadcap et al., 2005). Such in-

gassing consumes OH-, which reduces the pH (Eqn. 4-4) and significantly lowers the Ca

concentration in the aerated leachate.

The presence of Ca-Si-H phases in the aerated system provides information as to

the timing of CaCO3 precipitation. Ca-Si-H becomes reacts with CO2 to form CaCO3 and

is soluble at pH values < 10. The boundary between CaCO3 and Ca-Si-H in the aerated

system is distinct and in line with the cut surface of the block (defined by unreacted

dicalcium aluminoferrite and refractory oxide phases), indicating that no alteration of the

Ca-Si-H has taken place. Therefore CaCO3 precipitation must occur prior to leachate pH

falling below 10 and also provides a significant armouring effect to slag blocks under

aerated conditions.

4.4.3 V speciation, behaviour and controls on solubility

The position of the main absorption edge (E½) and the normalised pre-edge peak

intensity determined from V K-edge XANES spectra can be used to define V oxidation

state (Chaurand et al. (2007b); see Chapter 3 for further information). Spectra collected

from the BOF slag samples indicate that V is present as either V4+ or V5+ (Fig 4.7b).

Vanadium is present throughout the dicalcium silicate phase as V5+ in tetrahedral co-

ordination with just one spectrum displaying characteristics of V4+, however, this was

taken from a region of high V concentration and may not be representative of the bulk

phase. In the dicalcium aluminoferrite phase V is present as both V4+ in octahedral co-
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ordination and V5+ in tetrahedral co-ordination. Both oxidation states can be

accommodated in dicalcium aluminoferrite because it contains octahedral Fe3+ sites into

which V4+ can readily substitute (due to similar size and charge) and tetrahedral Al sites

into which V5+ substitutes (Colville and Geller, 1971). No V3+ was detected within the

slag.

Spectra from neo-formed Ca-Si-H phase generally show tetrahedral V5+ with only

one exception of V4+. Ca-Si-H phases, like dicalcium silicate, contain tetrahedral Si sites

which can easily accommodate the tetrahedral vanadate ions, but the phases do not

contain any octahedral anion sites (Taylor, 1997). The presence of V5+ in Ca-Si-H suggests

that some of the vanadate released to solution by dicalcium silicate dissolution has been

reincorporated into Ca-Si-H.

XANES spectra collected from BOF slag show little, if any depletion of V4+ in the

altered region. Also, the small quantities of V4+ that have been observed in the dicalcium

silicate phase are unlikely to be sufficient to significantly contribute to V release. Hence,

the results do not support oxidation of V4+ to V5+ as a mechanism contributing to

enhanced vanadium leaching under aerated conditions, a scenario which would require

significant dissolution of dicalcium aluminoferrite (the principal host phase for V4+), which

is not observed. Thus, over timescales measured in months, it is proposed that essentially

all V released to solution must originate from the dicalcium silicate phase as V5+, which is

predicted to be soluble as aqueous vanadate species at the measured solution pH (Peacock

and Sherman, 2004; Wehrli and Stumm, 1989).

In both aerated and air-excluded systems, dicalcium silicate is initially dissolved

during leaching, releasing V to solution. Aqueous V concentrations were much higher in

the aerated test, despite evidence that total dicalcium silicate dissolution was probably ~

20% lower in this test (Table 4.5). The ratio of V:Si in unweathered dicalcium silicate is

0.033 and the ratio of V:Si in leachate from the aerated system is 0.036 which is consistent
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with congruent dissolution of the host phase. The V:Si ratio in leachate from the air-

excluded test is 0.015 which suggests a lower V release than would be expected from

congruent dissolution of dicalcium silicate and that oversaturation with respect to another

solid phase has led to retention of V in secondary precipitates. The Ca-Si-H phase has

taken up some of the V released but due to the relatively poorly ordered nature of Ca-Si-H

phases (Taylor, 1993) this uptake is expected to be unselective, with V incorporation

approximately stoichiometric with the V/Si ratio in solution at the time of formation.

However, the proportion of Si released by dicalcium silicate dissolution that remains in

solution was proportionally much greater than V (~ 65% vs < 10%). Therefore, aqueous

V concentrations are not well explained by uptake to the Ca-Si-H phase alone. Previous

modelling of V solubility in BOF leachates has highlighted the role of calcium vanadate

phases in controlling V concentration (Cornelis et al., 2008; De Windt et al., 2011; Huijgen

and Comans, 2006; Schindler et al., 2000), with Ca3(VO4)2 (Log Ksp = -17.97) identified as

the relevant phase at high pH.

3Ca2+ + 2VO4
3- Ca3(VO4)2 (Eqn. 4-6)

Therefore, the maximum possible aqueous V concentration will be inversely

proportional to the aqueous Ca2+ concentration. The variation in V seen under different

experimental conditions (Fig. 4.9) can be explained by the different phases that control the

aqueous Ca2+ concentration.

Under air-excluded conditions, equilibrium with Ca-Si-H phases will permit

relatively high aqueous Ca2+ concentrations to develop, which result in vanadate

concentrations either at or very close to the solubility limit of Ca3(VO4)2. Subsequently

precipitation of Ca3(VO4)2 controls the concentration of vanadate in solution. Ca3(VO4)2
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was not detected experimentally, however, the lack of discrete V hotspots and higher

concentration of V in Ca-Si-H within the altered region from the air-excluded system (0.75

wt% c.f. 0.57 wt% in the aerated system) suggests that Ca3(VO4)2 may have been

precipitated as finely divided crystallites within the Ca-Si-H structure at a concentration

which would be undetectable by EDX. Ca3(VO4)2 may also have precipitated on the block

surface or as colloidal particles in suspension within the leachate.

Under aerated conditions the presence of atmospheric CO2 leads to the formation

of CaCO3, providing an additional sink for aqueous Ca. Under these conditions, leachate

Figure 4.9 - Plot of [V] versus [Ca] for selected experimental and site data (site data from
(Mayes et al., 2008; Riley and Mayes, 2015; Roadcap et al., 2005)). Dashed lines marks the
solubility limits for Ca3(VO4)2 and Ca2V2O7 at 20 °C (Allison et al., 1991). Data plotting
below the solubility limit is undersaturated with respect to that phase. Vertical dashed lines
indicate [Ca] in solutions in equilibrium with calcite in contact with atmospheric CO2 or
with Ca(OH)2 respectively (both at 20 °C). Horizontal arrows indicate acute and chronic
freshwater toxicity guideline limits (Buchman, 2008)



107

remains under-saturated with respect to Ca3(VO4)2, allowing much higher V

concentrations to accumulate in solution. As there is still dicalcium silicate available in the

blocks, this indicates that the leachate composition is limited by kinetic effects related to

slower dissolution of dicalcium silicate, partially protected by Ca-Si-H in the altered region.

In addition, calcium pyrovanadate (Ca2V2O7) solubility (Log Ksp = -12.0) and surface

complexation reactions involving sorption to solids have been suggested as important in

controlling V concentrations at pH < 9.5 (Huijgen and Comans, 2006; Schindler et al.,

2000). In the aerated tests however, where pH was 8.0, V concentrations were broadly

consistent with Ca3(VO4)2 solubility limits and the data presented do not indicate that

other phases or surface sorption process were important in these tests.

4.4.4 Chromium speciation and behaviour

All Cr XANES spectra from unweathered regions, and the aerated and air-

excluded altered regions showed Cr to be present as Cr3+. Chromium is primarily

associated with dicalcium aluminoferrite in octahedral co-ordination, suggesting that Cr3+

is substituted for Fe3+ (Geelhoed et al., 2000; Theopold, 2006). Since this phase is stable

during weathering in these experiments, little Cr is released to solution.

4.4.5 Implications for slag weathering, use and storage.

Heap leaching of BOF slag by rainfall inevitably occurs during storage in large land

based repositories, and is often actively promoted to reduce the free lime content of BOF

slag to permit its beneficial reuse. During the early stages of heap leaching free lime will

be relatively abundant due to the high solid : solution ratios present (8 – 10 kg L-1).

Aqueous CO2 species in the rainwater (from contact with atmosphere) will precipitate
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rapidly as it enters the waste, so Ca concentrations will be controlled largely by Ca(OH)2

equilibrium, producing highly alkaline, Ca-rich, leachates with corresponding low V

concentrations (Fig 4.9). However the concentration of other trace metals solubilised at

high pH (e.g. Al, Fe; Table 4.1) will potentially be maximised by these conditions.

In contrast, most lab based leaching tests are performed at much lower solid :

solution ratios (e.g. 0.01 – 0.1 kg L-1; this study, De Windt et al. (2011)). In such leaching

tests the free lime phase can be exhausted. Thus, under air-excluded conditions, the Ca

concentrations are controlled primarily by the balance of kinetic processes involving

dicalcium silicate dissolution and equilibrium processes involving Ca-Si-H precipitation.

Typically this produces order of magnitude lower Ca concentrations than found in

Ca(OH)2 equilibrated water and correspondingly higher V concentrations due to the

inverse relationship between V and Ca concentrations implied by Ca3(VO4)2 solubility

limit. Further, aerated leaching tests are often conducted to investigate the leaching end-

point when the slag reaches equilibrium with CO2 species in the influent rainwater,

although this will only occur on extremely long time scales in real waste heaps. Under

aerated conditions, Ca concentrations are controlled by equilibrium with secondary CaCO3

precipitates that typically have low solubility (e.g. calcite Log Ksp = -8.44; Lide (2001))

producing solutions with relatively low Ca concentrations. In this situation, much higher

V concentrations are predicted (Fig 4.9).

One important implication is that these results may represent the sequence of slag

leaching expected over time: firstly CaO / Ca(OH)2 dominated systems with low V

concentrations; then calcium silicate / Ca-Si-H dominated systems with higher V

concentrations; and finally CaCO3 dominated systems with the potential for very high V

concentrations. However, pH decrease is associated with depletion of reactive V-

containing calcium silicate phases (or, more accurately, the availability of these phases for

dissolution as particle surfaces become protected by reaction products). Therefore, in a
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heap leaching situation where the pore water is continually replaced, V release is kinetically

limited and V concentrations are very unlikely to reach the solubility limit of calcium

vanadate.

Release of V may also be influenced by the stability of secondary phases

incorporating V (i.e. Ca-Si-H, which is soluble at pH values < 10) as well as long term (> 6

month) stability of V incorporated into the less reactive dicalcium aluminoferrite phase. It

has been suggested that in general these phases become increasingly soluble if the pH of

their environment falls over time (Engström et al., 2013). In these experiments the use of

an aquarium pump to aerate the leachate maintained a pCO2 approximately equivalent to

that of the ambient laboratory air (~400 ppm) resulting in sufficient CaCO3 precipitation

to prevent dissolution of Ca-Si-H (or its reaction with CO2 to form calcite) once solution

pH had fallen to < 10. Diffusion of CO2 into the unsaturated zone of slag heaps and

uptake during CaCO3 precipitation is likely to result in progressively lower CO2

concentrations deeper in the heap (pCO2 of ~70 ppm was measured in a borehole in the

Consett Iron and Steel Works, Consett, Co. Durham, UK (P. Renforth, personal

communication, September 2017); see also Chapter 1, Fig. 1). These experiments may

therefore overestimate both the rate of deposition and final thickness of the CaCO3

portion of the altered region, particularly in unsaturated regions of slag heaps which are

remote from the surface. Thus, in the long term, as alkalinity-generating phases are

depleted within the slag heap and leachate pH falls, dissolution of unprotected Ca-Si-H

may represent a future source of V to leachate.

Comparison of real site leachates also indicates that heap weathering process can

be very slow. Steel slags deposited in the UK and USA all produce high pH leachates that

are largely dominated by Ca(OH)2 derived alkalinity and hence have low V concentrations

(Fig 4.9; Mayes et al., (2008); Riley and Mayes, (2015); Roadcap et al., (2005)). Monitoring

of leachates from BOF slag deposited at Consett UK has shown only modestly reduced
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alkalinity and Ca concentrations over 36 years since closure, leading to only slightly

elevated V concentrations (compared to younger systems) (Mayes et al., 2008; Riley and

Mayes, 2015). Nevertheless, it should be noted that V concentrations in site leachates

often exceed chronic toxicity thresholds (19 g L-1; Buchman, (2008)) and that this work

indicates that a reducing trend in alkalinity and Ca concentrations over time may not

necessarily correspond to a reducing trend in V concentrations.

In general, the presence of a Ca-Si-H-rich altered region, combined with any

additional CaCO3 precipitate has positive implications for slag after-uses (e.g. as an

aggregate) as the presence of an alteration rind may limit (or significantly slow) further

dissolution, preventing significant alkalinity generation or metal leaching. On the other

hand, calculations of the CO2 capture potential of BOF slag (often based on the reactivity

of crushed powder samples or theoretical maximums based on whole mass conversion

(Renforth et al., 2011)) may overestimate both the total extent and the rates of carbonation

observed in real-life situations.
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Chapter 5 Leaching behaviour of co-disposed steel making

wastes: Effects of aeration on leachate chemistry and vanadium

mobilisation

Summary

Steelmaking wastes stored in landfill, such as slag and spent refractory liners, are

often enriched in toxic trace metals (including V). These may become mobile in highly

alkaline leachate generated during weathering. Fresh steelmaking waste was characterised

using XRD, XRF, and SEM-EDX. Batch leaching tests were performed under aerated, air-

excluded and acidified conditions to determine the impact of atmospheric CO2 and acid

addition on leachate chemistry. Phases commonly associated with slag including dicalcium

silicate, dicalcium aluminoferrite, a wüstite-like solid solution and free lime were identified,

as well as a second group of phases including periclase, corundum and graphite which are

representative of refractory liners. During air-excluded leaching, dissolution of free lime

and dicalcium silicate results in a high pH, high Ca leachate in which the V concentration

is low due to the constraint imposed by Ca3(VO4)2 solubility limits. Under aerated

conditions, carbonation lowers the leachate pH and provides a sink for aqueous Ca,

allowing higher concentrations of V to accumulate. Below pH 10, leachate is dominated by

periclase dissolution and secondary phases including monohydrocalcite and dolomite are

precipitated. Storage of waste under saturated conditions that exclude atmospheric CO2

would therefore provide the optimal environment to minimise V leaching during

weathering.
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5.1 Introduction

Steel slag is a ubiquitous byproduct of the steelmaking industry that is produced in

large quantities worldwide. It is estimated that 160-240 million tonnes of steel slag were

produced in 2016 (Ober, 2017) which corresponds to approximately 10-15 % of crude

steel output (Piatak et al., 2014). Primary steelmaking (i.e. conversion of iron to steel)

produces steel slag via two principal production methods; 1) basic oxygen furnace (BOF)

steelmaking in which molten iron from a blast furnace is used and 2) electric arc furnace

(EAF) steelmaking which uses a combination of scrap steel, directly reduced iron and pig

iron. In both processes lime (or limestone) is added to the furnace as a fluxing agent to

remove impurities from the molten metal (Eloneva et al., 2010, Piatak et al., 2014). The

composition of BOF and EAF slag is broadly similar and consistent across location and

process (Tossavainen et al., 2007, Yildirim and Prezzi, 2011, Proctor et al., 2000). These

predominantly consist of Ca, Mg, Fe and Al oxides and silicates (Proctor et al., 2000); the

relative proportions of which will vary according to the raw materials used during

manufacture. Secondary steelmaking slags are formed during secondary steelmaking where

both BOF and EAF derived steels are further processed in ladle furnaces, producing

BOF(L) or EAF(L) slags respectively. These are much more variable in composition and

are also relatively enriched in Mg and Al due to additives used in the process (Shi, 2002).

In addition to slag production, a wide variety of refractories (MgO-C; Al-silicate; MgO-

Al2O3-C) are used as furnace liners during steelmaking to protect the furnace (Quaranta et

al., 2014). Refractories that are in contact with molten slag wear over time and the build-up

of solidified slag above the melt (due to sputtering) and in conduits also requires regular

removal. Therefore, periodic renewal of the entire liner is required. The result is a mixed

waste containing both slag and refractories which is difficult to separate and are often co-

disposed (Hanagiri et al., 2008).
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Primary steelmaking slags are recycled where possible, usually as aggregate in civil

engineering applications, such as road construction and as a general fill material due to its

stability (Geiseler, 1996, Yi et al., 2012). However, in some cases elevated concentrations

of free lime (CaO) and periclase (MgO), which expand on hydration, preclude reuse in

engineering applications. Ladle slags and refractories can also be recycled during primary

steelmaking (as an alternative source of CaO or MgO flux) but virgin materials are often

preferred due to their more uniform composition and the increased effort that would be

required in slag sorting and processing (Kwong and Bennett, 2002, de Sa et al., 2007). For

this reason, and also because supply frequently exceeds the demand for secondary

aggregates, steelmaking byproducts are often stored either in landfill or in open ‘heaps’.

However, as recycling rates increase, materials with problematic properties (e.g. high metal

content, high % of CaO or MgO, or simply uncertain or variable composition) will make

up an ever greater proportion of materials stored in landfill. It is therefore increasingly

import to understand the leaching behaviour of such non-standard by-products as they

become a significant part of the disposed inventory.

Steel slags contain free lime (CaO) and periclase (MgO; also in present in

refractories) that hydrate to form portlandite (Ca(OH)2) or brucite (Mg(OH)2). These

phases dissolve in water to generate high pH (10.5-12.5) leachate (Mayes et al., 2008):

CaO(s) + H2O → Ca(OH)2(aq) Ca2+ + 2OH- pH(eq.) = 12.46 (Eqn. 5-1)

MgO + H2O → Mg(OH)2(aq) Mg2+ + 2OH- pH(eq.) = 10.40 (Eqn. 5-2)

Alkalinity may also be produced by the dissolution of Ca-silicates, (e.g. -dicalcium

silicate, larnite; Roadcap et al. (2005)):
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Ca2SiO4 + 2H2O → 2Ca2+ + H2SiO4
2- + 2OH- (Eqn. 5-3)

In addition, under aerated conditions, reactions involving the in-gassing of CO2

results in conversion of Ca/Mg hydroxide based alkalinity to carbonate alkalinity.

Ca2+
(aq) + CO2(aq) + 2OH-

(aq) → CaCO3(s) + H2O(l) (Eqn. 5-4)

CaCO3 + H2O Ca2+ + HCO3
-+ OH- pH(eq.) = 9.36 (Eqn. 5-5)

Whilst steel slag has historically been considered to be a non-hazardous waste,

concerns have been raised in recent years regarding the high concentrations of potential

toxic trace metal(loid)s (including Al, Cr, Pb, Mo and V) present in the slag (Tossavainen

et al., 2007, Proctor et al., 2000, Matern et al., 2013) which may be mobilised in the alkaline

leachate (Cornelis et al., 2008). V leaching in particular has received a lot of recent

attention (Chaurand et al., 2006, De Windt et al., 2011, Huijgen and Comans, 2006,

Navarro et al., 2010) due to its relative enrichment in steel slags and regulatory concern

over high V concentrations in leachates (Environment Agency, 2014). Steelmaking wastes

at disposal sites are often deposited in both saturated and unsaturated settings, however,

few data currently exist concerning slag leachate generation and chemistry under aerated

conditions (Bayless and Schulz, 2003, Roadcap et al., 2005, Mayes and Younger, 2006).

Under aerated conditions, CaCO3 precipitation results in a drop in solution pH as OH-

ions are consumed (Eqn. 5-4). Changes in both pH and redox have significant implications

for the mobility of many potentially toxic metals; for example Al, Cr , and V mobility and

toxicity are all highly dependent on their speciation (with higher oxidation states generally

regarded as more toxic and mobile) (Pourbaix, 1966, Barceloux, 1999).
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This study investigates leaching behaviour of co-disposed steelmaking waste under

aerated and air-excluded conditions. These represent contrasting conditions present either

near the surface (good contact with atmosphere) and below the water table deeper within

waste heaps. The waste has been characterised using x-ray diffraction (XRD) and

fluorescence (XRF) techniques, as well as scanning electron microscopy (SEM) with

energy-dispersive x-ray spectroscopy (EDX) to determine the mineral phases present.

Fully aerated and air-excluded water leaching tests have been performed to determine how

phase dissolution behaviour, secondary mineral formation and trace metal release are

affected by changes in pH and availability of air. Results will assist prediction of metal

release from waste when stored in landfill above and below the water table, enabling

effective environmental risk assessment and cost-effective long-term management of the

waste.

5.2 Methods

5.2.1 Sample collection and characterisation

See Chapter 3, section 3.1.1 for details of sample collection.

Elemental analysis of the powdered waste was undertaken using a PANalytical

Axios Advanced X-ray Fluorescence (XRF) spectrometer (data corrected for loss on

ignition at 1050 °C). Samples were prepared for major element analysis as fused beads with

lithium metaborate/tetraborate flux (Johnson Matthey Spectroflux JM100B) (0.6 g sample;

3 g flux). For minor/trace element analysis pressed pellets were prepared containing ~10 g

of dried waste using ~10–20 drops of 6.6 % w/v polyvinyl alcohol in a 1:6 mix of

methanol and distilled deionized water as a binder (Moviol 88 solution). Mineralogical

analysis was undertaken by powder X-ray diffraction (XRD) using a Bruker D8
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diffractometer, where powder samples were mounted on silicon slides and scanned

between 2° and 70° 2θ using Cu Kα radiation.

Two polished blocks were prepared by first cutting waste pieces to size under

water and setting the resultant ~2 cm3 blocks into epoxy resin with the cut surface

exposed. This surface was then polished using a water-free diamond paste to remove the

top 1-2 mm of material potentially exposed to water during cutting. Electron micrographs

were subsequently collected on a FEI QUANTA 650 FEG ESEM, which was equipped

for Oxford Instruments INCA 350 energy-dispersive X-ray spectroscopy (EDS)

system/80 mm X-Max silicon drift detector. EDS spectra and elemental maps were

collected and analysed using Oxford Instruments AZtec software.

5.2.2 Acid Neutralisation Capacity (ANC)

Homogenised powdered waste (0.4 g) was mixed with 40 mL HCl with

concentrations ranging from 1 M to 0.001 M in 50 mL polypropylene Oak Ridge tubes

(Nalgene, USA). Experiments were performed in triplicate. Headspaces were flushed with

N2 gas prior to sealing. All tubes were stored in airtight 2 L glass jars (Le Parfait, France)

filled with N2 gas and containing ~100 g soda lime as a CO2 absorbent. After 1 and 50

days equilibration the tubes were centrifuged for 5 minutes at 6000 g to separate aqueous

and solid phases. 1 mL of the supernatant was removed and immediately added to 9 mL

0.1 M HNO3 prior to ICP analysis, and the pH of the remaining solution was measured

(pH measurement is described below).
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5.2.3 Leaching tests

Triplicate aerated experiments containing 1 g homogenised powdered waste and

100 mL deionised water were established in open 500 mL PETG Erlenmeyer flasks. A low

liquid : solid ratio was used to ensure that leachate composition was not limited by water

availability. These were shaken on an orbital shaker at 175 rpm. At regular intervals over a

50 day period 3 mL aliquots of slurry were removed from the flasks and centrifuged for 5

minutes at 16,000 g to separate aqueous and solid phases. 1 mL of supernatant was

removed and acidified in 0.1 M HNO3 and the pH of the remaining supernatant was

determined. The moist solid samples were stored at -20 °C prior to drying at 40 °C

overnight for further analysis.

Replicate air-excluded experiments were established containing 0.4 g homogenised

powdered waste and 40 mL deionised water in 50 mL Oak ridge tubes. All tubes were

handled anaerobically as described above for the ANC tests. Periodically over a 50 day

period 3 tubes were sacrificially sampled. Solid and solution samples were taken and stored

following the procedures above.

5.2.4 Aqueous Analysis

Solution pH was measured using an Orion DualStar pH/ISE benchtop meter

(Thermo Scientific, USA) with an electrode that was calibrated daily at pH 4, 7 and 10.

Nitrogen gas was bubbled through the sample tube during pH measurements made in

solutions from the air-excluded experiments to prevent contact with atmosphere. Metal

concentrations in acidified aqueous samples from the air-excluded leaching experiments

were determined using a Thermo iCAP 7400 ICP-OES ion-coupled plasma, optical

emission spectrometer (ICP-OES; for Ca, Si, Mg) and Thermo iCAP Qc OES ion-coupled
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plasma, mass spectrometer (ICP-MS; for V, Fe, Mn, Li and Cr). Aqueous elemental

concentrations from the aerated leaching experiments were determined using a Perkin

Elmer Optima 5300DV ICP-OES for all elements.

5.3 Results

5.3.1 Material Characterisation

The elemental composition (Table 5.1) of the powder sample was dominated by

Ca, Fe, Mg, Si and Al with Cr and Mn as minor constituents. Trace elements included P,

V, K, Ti and S.

Mineralogical analysis of the crushed waste using XRD (Fig. 5.1a) identified the

presence of periclase (MgO), corundum (Al2O3), larnite (dicalcium silicate, β-Ca2SiO4),

brownmillerite (dicalcium aluminoferrite, Ca2(Al,Fe)2O5), wüsite (FeO), brucite (Mg(OH)2)

and elemental carbon (C). The principal XRD peak of free lime (CaO) overlaps with a

secondary peak of corundum at ~37.5° 2θ, however, the secondary peaks at ~32 and 54° 

2θ were present, suggesting its presence.  There was no calcite peak in the XRD pattern 

for the unreacted waste (the principle CaCO3 peak is at ~29° 2θ). 

SEM analysis of a polished block (Fig. 5.2) showed a material that was composed

of intergrown 10-30 μm crystallites, EDS element mapping indicated that there were three 

dominant compositions. The dominant composition by area (~65% of the sample viewed)

was a Ca-Si-O rich phase containing trace amounts of Al, P, Ti, V and Fe by EDS analysis,
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Table 5.1 Chemical composition of BOF steel slag samples (Chapter 4) from the
Yarbrough Repository, Scunthorpe UK, and the powder sample of combined steelmaking
waste used in leaching tests.

Major Elements
Nominal Oxide wt%

BOF slag
(Hobson et al., 2017)

Powder sample
(± < 10%)

CaO 40 ±5 19.0

FeO 32 ±9 16.0

SiO2 14 ±3 11.3

MgO 5.2 ±1 27.9

MnO 4.5 ±1 2.1

Al2O3 1.2 ±0.4 18.3

P2O5 1.3 ±0.4 0.87

V2O5 0.81 ±0.24 0.33

TiO2 0.30 ±0.13 0.86

Cr2O3 0.24 ±0.13 3.3

SO3 0.23 ±0.09 0.33

K2O n.d. 0.12

Na2O n.d. 0.18

SrO n.d. 0.14

ZrO2 0.02 ±0.01 0.14

BaO n.d. 0.01

NiO 0.02 ±0.01 n.d.

CuO 0.01±0.01 n.d.

ZnO n.d. 0.02

PbO n.d. 0.03

LOI n.d. 0.96

TOTAL 98.9 100.9

consistent with the larnite phase identified by XRD. The second most abundant

composition by area (~25%) was a Mg-Fe-O rich phase containing trace amounts of Na,

Ca, Cr and Mn, corresponding to the wüstite phase identified by XRD. The third most

abundant composition by area (~10%) was a Ca-Fe-Al-O rich phase containing trace

amounts of Ti, V, Cr and Mn, corresponding to the brownmillerite phase identified by

XRD. Regions of the dicalcium silicate phase contain lamellae identified as CaO rich
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Figure 5.1 - XRD patterns from (a) unweathered steelmaking waste, (b) steelmaking waste
leached for 50 days under air-excluded conditions, and steelmaking waste leached under
aerated conditions for (c) 1 hour, (d) 6 days and (e) 50 days
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Figure 5.2 - Backscattered electron micrograph (top left) with corresponding false colour
element map (top right) and EDS spectra from c) dicalcium silicate, d) wüstite and e)
dicalcium aluminoferrite phases. The laminae containing phase (bottom right) also
contains discrete CaO laminae.

regions associated with dicalcium silicate. The second polished block was composed of a

single Al-Si-O rich composition containing no significant trace elements (data not shown).

5.3.2 Acid Neutralisation Tests.

For crushed waste, the relationship between the final solution pH value and the

amount of acid added was similar after 1 day and 50 days of equilibration (Fig. 5.3a). The

acid neutralisation capacity (to pH 7) was very similar at the two time-points (11.0 and 9.5

M H+ kg-1 waste, respectively). In tests where the final pH value was greater than 7, the
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pH value increased with time. The solution Ca and Mg concentrations at a particular pH

value were broadly similar after 1 day and 50 days (Fig. 5.3c, d), however, Si (Fig. 5.3b) was

present in solution at all final pH values <10 after 1 day, but was present at significantly

reduced concentrations at 50 days at all pH values. Ca was released to solution at all pH

values, with generally higher concentrations at lower pH values. Mg was only present in

solution below ~pH 10, but also has generally higher concentrations at lower pH values.

Figure 5.3 - Acid neutralisation results showing (a) final pH values after 24 hours (red
circles) and 50 days (black squares) as a function of initial acid concentration (each point
represents the mean value and error bars +/- 1σ from triplicate samples; dashed line is 
added at pH 7 to guide the eye) and (b)-(d) metal concentrations leached from waste over
24 hours and 50 days as a function of final pH. Initial test conditions in all cases were 10g
waste L-1.
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5.3.3 Batch leaching tests

During air-excluded leaching (Fig. 5.4), the leachate pH rose rapidly within the first

hour to a value of 11.4, and then increased more slowly to a maximum value of 11.9 after

52 days. The Ca concentration increased rapidly to ~2.5 mmol L-1 over the first 24 hrs,

and then more steadily to ~3.0 mmol L-1 after 5 days. Between 5 days and 10 days the Ca

concentration decreased to ~2.5 mmol L-1, but thereafter increased steadily to

~3.4 mmol L-1 after 50 days. The Mg concentration showed no trend with time and was

less than 0.4 mmol L-1 throughout the experiment. The Si concentration increased to

~0.15 mmol L-1 over the first 24 hrs, and then to ~0.25 mmol L-1 after 5 days. After about

10 days the Si concentration decreased to ~0.15 mmol L-1 but subsequently varied between

~0.15 and ~0.25 mmol L-1 until the end of the test. The V concentration gradually

increased from ~0.002 mmol L-1 after 24hrs to ~0.007 mmol L-1 after 50 days. There is

some scatter in the aqueous Fe concentrations but they range from 0.002 to 0.07 mmol L-1.

There was very little change in XRD patterns collected from the solid residue over time,

except that portlandite was detected in samples collected from the experiment end points

(Fig 5.1b).

During the aerated experiments (Fig. 5.4), pH increased rapidly within the first

hour to a maximum value of 11.6. This was followed by a decrease to pH 8.9 after 1 day

and then by a second rise to pH 10.0 after 6 days. Subsequently pH steadily declined to 9.3

after 50 days of leaching. The Ca concentration increased rapidly to ~2 mmol L-1 within

the first two hours, but then decreased to ~0.25 mmol L-1 after 6-7 days. Initially the Mg

concentration was low but it increased rapidly after day 2 to reach a concentration above

12.5 mmol L-1 by day 20, which persisted until the end of the test. The Si concentration

was ~0.15 mmol L-1 after 1 hour, decreased to ~0.03 mmol L-1 after 2 days but then rose

to ~0.25 mmol L-1 at 6 days. Subsequently Si concentrations remained above 0.2 mmol L-1

for the remainder of the test. The V concentration increased steadily over the duration of
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Figure 5.4 - Leachate composition during the aerated (red triangle) and air-excluded (blue
square) batch leaching test on steelmaking waste (initial test conditions: 10g solid/L
deionised water). Data from triplicate experiments shown separately.

the test to reach a maximum of ~0.065 mmol L -1 after 48 days. The aqueous Fe

concentrations were initially around 0.05 mmol L-1 and decreased over 5 days to < 0.002
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mmol L-1 for the remainder of the tests. XRD patterns collected from solid residue after 1

day show that calcite was present (Fig. 5.1c), after 6 days the periclase and larnite peaks

had reduced in relative intensity and monohydrocalcite was detected (Fig 5.1d). After 50

days monohydrocalcite was the dominant secondary phase detected (although some

dolomite was also present) and periclase and larnite peaks were absent (Fig. 5.1e).

Concentrations of other trace elements considered to be potential environmental

risk drivers for steel slags (e.g. Mn, Cr, Li) were low in both the aerated and the air-

excluded tests (and were present at concentrations close to or below to the limit of

detection).

5.4 Discussion

5.4.1 Waste characterisation

The bulk chemical and mineralogical composition of the waste was distinct from

BOF slag samples collected at the Yarborough site (Table 5.1). Compared to BOF slag the

material was relatively depleted in elements such as Ca, Fe, Mn and V; but enriched in Mg,

Al, Ti and Cr. The waste mineralogy could be split into two distinct groups. The first

group included a range of phases commonly occurring in BOF slag (i.e. larnite,

brownmillerite, lime, and wüstite; Yildirim and Prezzi (2011), Proctor et al. (2000), Geiseler

(1996)), which were observed in SEM as discrete particle assemblages within an

intergrown matrix of 20-50 µm crystallites. The second group of minerals identified by

XRD included corundum, periclase and graphite that are rare in BOF slag and are more

commonly associated with refractory liner materials (e.g. in MgO-C and AL2O3-MgO-C

refractories; Rovnushkin et al. (2005)). Aluminosillicate was also observed in SEM analysis.

This was most likely the high temperature phase mullite (Al6Si2O13; Schneider et al. (1994),
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Chesters (1973), Mazdiyasni and Brown (1972), Tamari et al. (1993)) which is also used as

a refractory material or can form in slags from reaction of corundum and Si (Dana and

Das, 2004, Zhao et al., 2014). Therefore, the waste can be characterised as a mixed

steelmaking waste containing both BOF slag and refractory materials. The potential for re-

use of mixed wastes is low due to uncertainties about their chemical and physical

behaviour, however, it is important to understand their potential leaching behaviour

during disposal.

5.4.2 Acid neutralisation behaviour

The acid neutralisation capacity experiments were conducted under air-excluded

conditions and provide information on phase dissolution in the waste as a function of the

acid addition and final solution pH. At low acid additions (< 1 mol H+ kg-1) the waste

buffered pH to values > 11.5 due to the dissolution of free lime and dicalcium silicate

(Eqns. 5-1 and 5-3), with dissolution of brucite from periclase hydration also consuming

acid when the pH < 10.4 (Eqn. 5-2). Ca was released to solution at all pH values with the

amount of release increasing with decreasing pH (Fig. 5.3c), and Mg was released to

solution when pH values < 10 with the amount of release also increasing with decreasing

pH (Fig. 5.3d), which is consistent with the dissolution behaviour of these phases (Eqns 5-

1 and 5-2). The alkalinity producing phases were progressively exhausted by larger acid

additions and the final pH decreased steadily until neutral values were reached with an acid

addition of ~8 mols H+ kg-1. CaO hydration is a very fast reaction (Shi et al., 2002),

whereas dicalcium silicate hydration and dissolution is generally considered to be slower

(Taylor, 1986). However, here we find that both are involved in buffering the pH in the

first 24 hrs as Si is released to solution. Nevertheless, the 10:1 ratio in the aqueous Ca and

Si concentrations indicated an excess of Ca release relative to pure dicalcium silicate
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dissolution (i.e. Ca : Si ≈ 2:1) suggesting that free lime was the dominant Ca bearing phase 

that was dissolving over 24 hrs.

The difference in the final pH of the 1 and 50 day tests with the same acid addition

indicates that part of the alkalinity generation occurs over longer time periods. At high pH

this was most likely associated with continued dissolution of dicalcium silicate, although

the Si concentrations decreased between day 1 and 50. This Si decrease was most likely

associated with the formation of secondary Si-containing phases. These phases were most

probably calcium-silicate-hydrate (Ca-Si-H) phases at pH values > 9 (Walker et al., 2016,

Costa et al., 2016) and amorphous silica (SiO2 (am)) at lower pH values (Langmuir, 1997).

The increase in Mg concentration between day 1 and 50 at pH values < 9 suggests

periclase hydration also continued beyond 24 hours.

5.4.3 Leaching behaviour under aerated conditions

At the initial sampling point (1 hr) during the aerated leaching tests, the pH value

was > 11.5 and both Ca and Si were released to solution. This rapid initial release of

alkalinity, Ca and Si was due to the hydration and dissolution of both free lime and

dicalcium silicate phases present in the waste. Previous slag leaching tests using granulated

BOF slag pieces found dicalcium silicate dissolution to be significantly slower than free

lime dissolution (Stewart et al, in review; Appendix B). The use of crushed powder

samples in these tests, which will have contained high surface area fines, must have

promoted rapid initial dissolution of dicalcium silicate. However, as dicalcium silicate

dissolution releases Ca and Si to solution in an approximately 2:1 ratio (Hobson et al.,

2017), the much higher initial Ca/Si ratios in solution (between 13 and 20) indicates that

free lime dissolution was most likely to be the predominant source of rapidly leached

alkalinity in these tests.



132

In the 2 days after the initial release of alkalinity, Ca and Si to solution, the pH

reduced to 8.9 contemporaneously with rapid Ca and Si removal. The decrease in pH and

Ca concentrations coincides with the appearance of calcite peaks in the XRD plots after 1

hour (Fig. 5.1) indicating that the initial spike in pH was buffered down to 8.9 due to in-

gassing of atmospheric CO2 and the subsequent precipitation of CaCO3, which consumes

both OH- and Ca2+ ions (Eqn. 5-4). The contemporaneous decrease in Si concentrations

may be evidence of the formation of a calcium silicate hydrate phase (Ca-Si-H). Indeed,

low Ca/Si ratio (< 1) Ca-Si-H phases are predicted to form under the observed initial pH

and Ca concentrations on a timescale of 24 – 48 hours (Walker et al., 2016). The peaks

associated with dicalcium silicate (larnite) in XRD patterns became less prominent over

time and were ultimately absent by the end of the experiments, indicating continued

dicalcium silicate dissolution beyond day 6. Despite this no further increase in Ca

concentration was observed after 2 days, probably because most of the Ca released by

dicalcium silicate dissolution was precipitated as CaCO3 under aerated conditions

(monohydrocalcite peaks became increasingly prominent in the XRD pattern over time). Si

concentration increased to a maximum value between 2-6 days contemporaneously with a

second observed peak in pH. There are only modest changes in Si concentrations

observed after 6 days, suggesting that equilibrium with secondary Si-containing phases

such as Ca-Si-H or amorphous SiO2 (Langmuir, 1997, Costa et al., 2016, De Windt et al.,

2011) was limiting Si concentrations in these experiments.

XRD analysis indicates that there was progressive loss of periclase from the solids

over time, such that it was absent from the final XRD pattern. There were also small

brucite peaks in the XRD patterns from all time points. Periclase hydrates in water to form

brucite (Mg(OH)2), which readily dissolves at pH values < 10.4 (Eqn. 5-2). No significant

Mg release to solution was observed during the first 24 hours of leaching because brucite

is relatively insoluble at the then prevailing high pH value that was imposed by CaO and
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calcium silicate weathering. After the initial spike in the pH value on the first day, the

solution pH was lower than the brucite equilibrium value, and the aqueous Mg

concentration increased as brucite dissolved. As a result, periclase hydration and brucite

dissolution provided an additional source of alkalinity to the system. Dissolution of brucite

leads to a switch in solution chemistry from a Ca to an Mg dominated system.

Monohydrocalcite was observed in XRD patterns after day 6, after which it becomes the

dominant carbonate phase, demonstrating a switch from calcite formation in the Mg-free

early part of the experiments to predominately monohydrocalcite formation in the Mg-

dominated system present after day 6. Recent studies have shown that an Mg-rich

environment, such as that observed after 5 days, may support the precipitation of

monohydrocalcite (CaCO3·H2O) into which Mg may be incorporated (Rodriguez-Blanco

et al., 2014). At later time points dolomite (CaMg(CO3)2) was detected in XRD analysis,

which may also form due to the high Mg concentrations suppressing calcite or aragonite

formation during recrystallisation of monohydrocalcite (Rodriguez-Blanco et al., 2014).

5.4.4 Leaching behaviour under air-excluded conditions

After 1 hr the pH value and the Ca and Si concentrations were very similar to

those observed in the aerated experiments, indicating similar processes were occurring (i.e.

rapid dissolution of free lime and fine grained dicalcium silicate particles). As a saturated

Ca(OH)2 solution will reach a pH of ~12.5 (Eqn. 5-1) and experimental pH values were

between 11 and 12 at all-time points, it suggests that the magnitude of the initial rise in pH

was mass limited (i.e. controlled by the amounts of CaO and reactive dicalcium silicate that

are readily available for dissolution) rather than Ca(OH)2 solubility limited. Between the

first sampling point and day 5 there was a slow increase in pH, Ca and Si which was

probably the result of continued dicalcium silicate dissolution.
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Between day 5 and 10 in the air-excluded experiments there was a decrease in Ca

concentrations that coincided with a decrease in Si concentrations, which suggests that a

Ca-Si-H phase formed. The pH, Ca and Si concentrations present at the time of formation

in the leaching experiments were consistent with precipitation of a Ca-Si-H phase with

Ca/Si ratio of close to 1 (Walker et al., 2016). The continuing slow rise in pH, Ca and Si

concentrations during the remainder of the experiment indicate that under air-excluded

conditions, the solution composition slowly evolves towards dicalcium silicate solubility

limits over time (also observed by De Windt et al. (2011)). However, Ca-Si-H gel

formation can cover particle surfaces, making alkalinity generation a diffusion-limited

process (Hobson et al., 2017, Costa et al., 2016, Nikolić et al., 2016), slowing the 

dissolution of the remaining reactive solid phases, and leading to the incomplete

dissolution of larnite (dicalcium silicate) observed at the end of these experiments (Fig.

5.1b). No Mg was released to solution under air-excluded conditions because the pH

remained above 10.4 throughout the experiments, and therefore, dissolution of the Mg

containing phases was inhibited.

5.4.5 Control of trace metal release

Fe can be released to solution during dissolution of both free lime and dicalcium

silicate (in which it can be a minor constituent; Hobson et al. (2017)), and therefore Fe is

present in the leachate throughout the air-excluded experiments (the slightly lower Fe

concentrations after 5 days under air-excluded conditions may be due in part to

incorporation of some Fe into Ca-Si-H phases). Conversely, under aerated conditions Fe is

only present in significant concentrations during the first 3 days during which time the

leachate pH falls from 11.5 to 9. Under aerated conditions, any Fe(II) released is likely to

be readily oxidised to Fe(III) and precipitated either as an insoluble hydroxide or
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incorporated into spinel-like secondary phases (e.g. magnetite, Fe3O4: De Windt et al.

(2011)) at pH 9, limiting Fe accumulation in solution.

Vanadium release in the air-excluded experiments is low (maximum of

~0.007 mmol L-1) compared to that observed in the aerated experiments (maximum of

~0.065 mmol L-1). Previous work on BOF slag weathering suggests that it is V5+ associated

with dicalcium silicate which is most readily leached to solution (Hobson et al., 2017),

which is present in high pH solution as the vanadate oxyanion (VO4
3-; Wehrli and Stumm

(1989)). Thus, V concentrations observed during BOF slag leaching are likely to be

controlled by Ca3(VO4)2 solubility limits (Ksp = 10-17.97; Huijgen and Comans (2006),

Cornelis et al. (2008), Allison et al. (1991)) which impose an inverse relationship between

Ca and V concentrations in the leachate (Fig. 5.5).

3Ca2+ + 2VO4
3- Ca3(VO4)2 (Eqn. 5-6)

Under air-excluded conditions (i.e. saturated, see Chapter 1, Fig. 1.1) Ca released

from CaO and dicalcium silicate weathering accumulated in solution, producing a leachate

with high Ca concentrations. The leachate solution, therefore, quickly reached Ca3(VO4)2

solubility limits, which precipitated, preventing further release of V to solution thus

limiting V concentrations in the leachate.

Aerated conditions (i.e. unsaturated), however, allow in-gassing of atmospheric

CO2 and associated formation of secondary carbonate minerals. This process provides a

sink for Ca, lowering aqueous Ca concentrations. The V that is released therefore persists

in solution (due to the lower [Ca2+].[VO4
3-] ion activity product), leading to much higher

concentrations than those seen under air-excluded conditions. Monohydrocalcite is

relatively soluble (Ksp = 1 x 10-7.1; Kralj and Brečević (1995)), therefore, the relevant 
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equilibrium phase limiting Ca concentrations in these experiments is probably dolomite

(CaMg(CO3)2; Ksp = 1 x 10-17.2; Sherman and Barak (2000)). Indeed, the predicted Ca

concentration in solutions equilibrated with dolomite and atmospheric pCO2 are similar to

those found at the end of these experiments (Fig 5.5; Langmuir, (1997)). In the aerated

experiments, the overall leachate chemistry remains undersaturated with respect to

Ca3(VO4)2, which is consistent with the observed depletion of the V-hosting dicalcium

silicate phase by the end of the aerated experiments.

Figure 5.5 - Plot of [V] versus [Ca] for selected experimental and site data (site data from
Riley and Mayes (2015), Roadcap et al. (2005), Mayes et al. (2008)). The dashed line marks
the solubility limits for Ca3(VO4)2 at 20 °C (Allison et al., 1991). Data plotting below the
solubility limit is undersaturated with respect to that phase. Vertical dashed lines indicate
[Ca] in solutions in equilibrium with dolomite in contact with atmospheric CO2, or with
Ca(OH)2, respectively (both at 20 °C). Horizontal arrows indicate acute and chronic
freshwater toxicity guideline limits (Buchman, 2008) (after Hobson et al. (2017)).
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5.4.6 Implications for waste management

Co-disposed wastes such as those used in this study are unattractive for reuse in

furnaces due to their highly variable composition making it difficult to control the

steelmaking processes. Furthermore, the presence of MgO makes their reuse in civil

engineering applications difficult, since periclase hydration to form brucite leads to

significant volumetric expansion and cracking. Given these problematic characteristics,

combined steelmaking wastes are generally stored in landfill.

Over time, rainwater inevitably infiltrates and reacts with landfilled waste to

generate leachate. Therefore, the storage environment plays a key role in establishing

leachate composition. Under air-excluded conditions, the leaching profile of the combined

waste is similar to that of BOF slag (Hobson et al., 2017, De Windt et al., 2011, Huijgen

and Comans, 2006, Costa et al., 2016). Rapid dissolution of Ca-bearing phases without in-

gassing of CO2 leads to a high pH, Ca(OH)2 dominated leachate. High Ca concentrations

limit V release due to Ca3(VO4)2 solubility limits. Consequently, water saturated

environments with limited opportunity for CO2 ingress will provide the safest

environment for waste storage. Leachate could either be recirculated (and reach

equilibrium with Ca(OH)2) or be removed and treated off site to lower pH and allow

carbonation without triggering V release (Gomes et al., 2017). Under aerated conditions,

lower alkalinity and Ca concentrations allow much higher V concentrations to accumulate

in leachate, as well as allowing dissolution of MgO to form a Mg(OH)2 dominated leachate

which favours the formation of monohydrocalcite and dolomite as secondary carbonate

phases. Leaching under aerated conditions rapidly produces leachate with V

concentrations in excess of acute toxicity thresholds (280 ppb; Fig 5.5) and all experiments

display V concentrations higher than chronic toxicity thresholds (Buchman, 2008). Whilst

formation of CaCO3/Ca-Si-H weathering rinds may eventually limit V release under

aerated conditions, damage to either these or the blocks themselves would expose fresh
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surfaces and lead to more weathering and V release. Therefore, leachate generated under

these circumstances would require careful management to avoid the potential for

environmental harm.

Extrapolating from experimental results to field scale predictions must always be

done with caution. For example, these experiments were performed on crushed powder

samples at much lower solid to liquid ratios than would typically be found in a heap

leaching scenario. It is much more likely that during heap leaching (due to high solid :

solution ratios present) free lime and dicalcium silicate dissolution will control leachate

quality resulting in higher Ca concentrations (i.e. leachate saturated with respect to

Ca(OH)2) and therefore lower V concentrations compared to those seen in experimental

systems (indeed most real site leachates commonly contain V at order of magnitude lower

concentrations than found in laboratory experiments; Fig 5.5). However, the experimental

results indicate that as waste carbonation progresses with time, leachate composition

evolves to conditions which might promote the accumulation of higher V concentrations

in leachates against the overall trend of decreasing conductivity and alkalinity.

5.5 Conclusions

The co-disposed waste investigated in this study was composed of BOF

steelmaking slag containing dicalcium silicate, wüstite, dicalcium aluminoferrite and free

lime; and refractory oxides comprising corundum, periclase, graphite and high temperature

aluminosilicate. V was predominately associated with the dicalcium silicate and dicalcium

aluminoferrite phases. During leaching, alkalinity was produced by dissolution of free lime

and dicalcium silicate. Under air-excluded conditions high Ca concentrations and the

inverse relationship between Ca and V concentrations imposed by Ca3(VO4)2 solubility

limits restricted V release to the leachate. Under aerated conditions in-gassing of CO2
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promoted carbonation reactions and secondary carbonate formation. Leachate pH and Ca

concentrations were reduced and MgO hydration and dissolution was promoted leading to

a switch from a Ca to an Mg dominated leachate and precipitation of monohydrocalcite

and dolomite. V concentrations in leachate were higher under aerated conditions where

formation of carbonate minerals provides a sink for aqueous Ca following in-gassing of

CO2. Under these conditions, the inverse relationship imposed by Ca3(VO4)2 solubility

limits allows higher concentrations of V to accumulate in leachate than those seen under

air-excluded conditions. Therefore, when considering long-term leaching behaviour, it is

important that risk assessments consider the expected in situ environmental chemistry of

specific waste storage environments.
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Chapter 6 Behaviour and fate of vanadium during the aerobic

neutralisation of hyperalkaline steel slag leachate

Summary

Steel slag is the primary byproduct of steelmaking which was historically dumped

in open air slag heaps. Weathering of dumped steel slag can have deleterious effects on

local watercourses through generation of high pH leachate (9 – 12.5), rapid carbonation

(leading to smothering of benthic communities) and transport of potentially toxic trace

metals such as V. Field observations of a heavily impacted stream draining a legacy slag

heap revealed removal of V from leachates downstream which was contemporaneous with

a fall in pH, Ca, Al and Fe concentrations. Aerated leachate neutralisation experiments,

where the leachates were exposed to CO2 present in air, led to a reduction in pH from 12

 8. Limited quantities of V were incorporated into the neo-formed CaCO3 precipitate

and the presence of kaolinite clay (i.e. SiOH and AlOH surfaces) during neutralisation had

no measureable effect on V uptake at alkaline – circumneutral pH. XANES analysis

showed that V was present in the precipitates recovered after neutralisation as adsorbed or

incorporated V5+ indicating its likely presence in leachates as the vanadate oxyanion (VO4
3-

). TEM analysis showed that nano-scale particles of 2-line ferrihydrite also formed in the

neutralised leachates potentially providing an additional sorption surface for V uptake.

Indeed, removal of V from leachates was significantly enhanced by the addition of

goethite (i.e. FeOOH surfaces) to experiments. EXAFS analysis of goethite samples

recovered from neutralisation experiments showed VO4
3- adsorption to goethite by the

formation of strong inner-sphere complexes, facilitating V removal from solution at pH

<10. Results show that although carbonate formation leads to some V removal from

leachates during leachate neutralisation, the presence of both naturally occurring and neo-
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formed Fe (oxy)hydroxides provide a potent sink for V in steel slag leachates, preventing

the spread of V in the environment.
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6.1 Introduction

Steel slag is a byproduct formed during steelmaking when limestone or dolomite is

added to the furnace as a fluxing agent to draw out impurities from the molten metal. Steel

slag production is approximately 10 – 15% of crude steel production (Proctor et al., 2000;

Van Oss, 2016), which is increasing year on year worldwide (production in 2016 estimated

at 160 – 240 million tonnes; Ober (2017)). A range of potential after uses for steel slag

exist, primarily as aggregate in civil engineering applications, however, supply frequently

exceeds demand, so 25-50% of current steel slag production is stored in landfill (Euroslag,

2012; Van Oss, 2016; Yi et al., 2012). Furthermore, numerous legacy slag heaps exist

which pre-date modern environmental legislation and consequently have the potential to

impact local watercourses.

The major element chemistry of steel slag is dominated by Ca, Fe and Si, with

lesser amounts of Mg, Mn and Al (Hobson et al., 2017; Shen et al., 2009; Tossavainen et

al., 2007; Yildirim and Prezzi, 2011). It has complex mineralogy but usually comprises Ca-

silicates (e.g. larnite, β-Ca2SiO4), Ca-Fe-Al-oxides (e.g. brownmillerite, Ca2FeAlO5), free

lime (CaO) and refractory oxides (frequently as a solid solution containing Fe, Mg, Mn and

Ca) (Geiseler, 1996; Hobson et al., 2017; Piatak et al., 2014; Roadcap et al., 2005). During

weathering, hydration and dissolution of Ca oxides and silicates rapidly generates a high

pH leachate (typically pH 11.5 – 12.5; eqns. 6-1 & 6-2) dominated by compositions in

equilibrium with Ca(OH)2:

CaO + H2O → Ca2+ + 2OH- (Eqn. 6-1)

Ca2SiO4 + 2H2O → 2Ca2+ + H2SiO4
2- + 2OH- (Eqn. 6-2)
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This produces a highly alkaline leachate with high Ca2+ concentrations. Therefore,

ingress of atmospheric CO2 to the system leads to the leachate immediately becoming

supersaturated with respect to CaCO3 (e.g. SIcalcite values = +1.4 – +2.8 have been

determined across a number of locations where leachates emerged to atmosphere at UK

legacy sites; Mayes et al. (2008)). Since heterogeneous precipitation of CaCO3 onto existing

solid surfaces readily occurs when SI > +0.3 and homogenous precipitation occurs when

SI > +1.5 (Boylan et al., 2016; Ford and Williams, 1989), in-gassing of atmospheric CO2

into steel slag leachate leads to rapid precipitation of CaCO3 (Eqn. 6-3):

Ca2+ + CO2 + 2OH- → CaCO3 + H2O (Eqn. 6-3)

This reaction consumes OH- ions leading to a progressive fall in pH

contemporaneous with precipitation of Ca downstream of the leachate source. The rate of

Ca precipitation generally varies proportionally with leachate aeration (Gomes et al., 2017;

Mayes et al., 2008) but is also affected by mixing with carbonate alkalinity present in

surface waters. Where both are high, CaCO3 deposition rates up to 100 g day-1 m-2 have

been estimated (Mayes et al., 2008).

A significant ecological impact form leachates has been observed at legacy sites,

where a decrease in biological diversity has been observed as pH and metal loadings

increase closer to the leachate source (Hull et al., 2014; Koryak et al., 2002). Ecological

stressors associated with steel slag leachate include the high pH itself, with pH values over

10.5 being considered toxic to aquatic organisms (Wilkie and Wood, 1996). In addition,

rapid precipitation of CaCO3 forms hardpans that can smother benthic ecosystems and

prevent light from reaching primary producers (Effler, 1987; Fjellheim and Raddum,

1995). Furthermore, steel slag is often enriched in potentially toxic metals (Chaurand et al.,
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2007a; Proctor et al., 2000; Roadcap et al., 2005) and a large range of potentially

problematic trace metals have been reported to be present in alkaline steel slag leachates

including Al, Fe, As, Pb, Mn, Mo, and V (Hull et al., 2014; Roadcap et al., 2005). V is of

particular concern due to its toxicity relative to other mobile metals and high

concentrations in slags (0.04 – 1.48 wt%, Proctor et al. (2000); Tossavainen et al. (2007)).

Although much of the V present in BOF slag is incorporated into relatively unreactive

dicalcium aluminoferrite phases (Chaurand et al., 2007a; Hobson et al., 2017), significant

concentrations of V are also found as V5+ in dicalcium silicate phases (e.g. larnite; Hobson

et al., (2017)). Hydration and dissolution of dicalcium silicate (Eqn. 6-2) can therefore

result in V release to solution. V5+ is very soluble as the vanadate ion (Wehrli and Stumm,

1989), which at high pH interacts poorly with mineral surfaces, thus enabling its release to

the wider environment.

Long term monitoring of steel slag leachate shows a general decline in both pH

and Ca concentrations over time as available CaO and Ca-silicate phases are depleted and

weathering rinds comprising Ca-Si-H and carbonate minerals are formed (Costa et al.,

2016; Riley and Mayes, 2015). It has been observed that the high pH, Ca-dominated

leachate formed during the early stages of slag weathering inhibits V release due to the

inverse relationship between Ca and V concentrations imposed by Ca-Vanadate solubility

limits (Cornelis et al., 2008; De Windt et al., 2011; Hobson et al., 2017; Huijgen and

Comans, 2006). However, when Ca concentrations are reduced, V concentrations can

significantly increase in leachates (see Chapters 4 and 5). Therefore a decline in pH and Ca

concentrations over time may not necessarily lead to a corresponding fall in V

concentrations and may in fact allow higher concentrations of V to accumulate in leachate.

Currently there is little information available concerning the behaviour and fate of

leached V in the environment affected by steel slag leachates. The difficulty inherent in

predicting its leaching behaviour coupled with its potential toxicity and complex redox
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chemistry have led to regulatory bodies (such as the UK Environment Agency) adopting

highly precautionary approaches when dealing with disposal of steel slag (Environment

Agency, 2014) which may lead to unnecessarily onerous monitoring requirements at

landfill and legacy sites. Improving understanding of the behaviour of leached V will

enable the environmental risks posed by legacy slag heaps to be fully assessed and assist in

the implementation of effective remedial measures if required.

This study investigated the persistence of V in streams affected by steel slag

leachate downstream of a legacy steel slag heap and determined the environmental

behaviour of V during aerobic neutralisation of steel slag leachate in the presence of

different mineral surfaces. Field observations of a stream affected by leachate from slag

heaps at the former site of the Consett steelworks, Co. Durham were used to understand

the range of processes occurring in natural watercourses. Laboratory experiments were

then used to determine the mechanism of V removal occurring when both real and

synthetic slag leachates were neutralised by ingress of atmospheric CO2. To determine its

fate in solids, V speciation and coordination environment was determined in precipitates

recovered after neutralisation using a combination of X-ray absorption spectroscopy

(XAS) and high resolution electron microscopy. Finally, these data were used to develop a

conceptual model for V behaviour in rivers affected by hyperalkaline steel slag leachates.

6.2 Methods

6.2.1 Study site

Howden Burn drains the area beneath the northern part of the former Consett

Iron and Steel Works located in the Hownsgill Valley, County Durham UK (source

54°51'12.9"N 1°51'41.1"W; Fig. 6.1. See Chapter 2, section 2.6.2 for site background).
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Figure 6.1 - Site plan for former Consett Iron and Steel Works showing drainage streams
including Howden Burn. Red arrows represent a) maximum upstream field sampling
locations and sampling point for leachate neutralisation experiments and b) maximum
downstream field sampling locations (after Mayes et al. (2008) and Hull et al. (2014)).

Waters in Howden Burn are characterised by high pH values (9.0 – 12.5) and high

Ca concentrations (median of 149 mg L-1 between 1978 and 2004, n = 86; Riley and Mayes

(2015)) which decline downstream due to CaCO3 precipitation. SIcalcite values between 1.76

and 2.25 have been calculated corresponding to Ca deposition rates of between 14.0 and

48.2 g day-1 m-2. In common with Ca, V concentrations are also reported to decline

downstream (Mayes et al., 2008).

6.2.2 Howden Burn leachate and sediment sampling

Water samples were collected by the University of Hull on a total of 4 occasions

from Howden Burn between November 2006 and May 2015. Leachate pH was measured
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in-situ using a Myron L Ultrameter® calibrated using pH 12.4, 10, 7 and 4 buffer

solutions. Samples were filtered (0.45 µm, cellulose – nitrate) and aqueous V

concentrations were determined using a Perkin Elmer Elan DRCII inductively coupled

plasma mass spectrometer (ICP-MS; detection limits 1 ppb) and all other elements were

determined on a Perkin Elmer Optima 5300 inductively coupled plasma optical emission

spectrometer (ICP-OES; detection limits 10 – 100 ppb).

Sediment samples (n = 10) were collected from the Howden Burn stream bed in

September 2015. Sediments were dried overnight at 40 oC and sieved to remove the coarse

(> 2 mm) size fraction. Representative samples were ground to < 150 µm and their V

concentration determined using an Olympus X-5000 X-ray fluorescence (XRF) analyser.

6.2.3 Leachate neutralisation experiments

Leachate emerging from deposited steel making wastes was collected for use in

neutralisation experiments from the source of Howden Burn in September 2015 (see

Chapter 3, section 3.1.2; hereafter referred to as HB source water). BOF slag leachate was

generated by leaching of two 2 x 2 x 1 cm blocks of BOF slag in 2L Milli-Q water over 6

months under air excluded conditions (block leachate) (Hobson et al., 2017). Synthetic

leachate was made under air excluded conditions by diluting saturated Ca(OH)2 by a factor

of ten with nitrogen purged deionised water before adding an aliquot of 100 ppm NaVO3

solution to achieve a final concentration of 2500 ppb V.

Leachate neutralisation experiments were established in triplicate 500 mL

Erlenmeyer flasks that contained 200 mL of either HB source leachate, block leachate or

synthetic leachate with:

1. No mineral surface (unamended),

2. 1.0 or 0.2 g L-1 α-FeOOH (goethite-amended) and 
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3. 1.0 or 0.2 g L-1 kaolinite (kaolinite-amended).

Excess kaolinite and goethite (relative to real stream concentrations) were added to

ensure interactions with these minerals were not masked by effects of carbonation. Flasks

were loosely capped to allow ingress of air and were shaken at 175 rpm on an orbital

shaker. At 2 – 3 hour intervals (until leachate reached ~pH 8), 3 mL aliquots of slurry were

removed and filtered (0.2 µm, PES). The pH of the filtrate was determined using an Orion

DualStar pH/ISE benchtop meter (Thermo Scientific, USA) with electrodes that were

calibrated daily using pH 4, 7 and 10 buffer solutions. Aqueous metal concentrations were

determined from acidified filtrate (0.2 μm filtered; 0.1 M HNO3) either on a Thermo iCAP

7400 radial ion-coupled plasma optical emission spectrometer (ICP-OES; major elements),

or on a Thermo iCAP Qc ion-coupled plasma mass spectrometer (ICP-MS; minor

elements).

Experiments were stopped following stabilisation of solution pH (24 – 65 hours

after starting). Leachates were vacuum filtered (0.2 µm, polycarbonate). Residues were

dried in an oven at 40 oC prior to further analysis described below.

6.2.4 Transmission electron microscopy (TEM) analysis

Approximately 10 mg dried solid residue from the HB source leachate experiment

was suspended in ethanol, placed on a Cu support grid with holey carbon support film and

air dried prior to analysis. The specimen was examined using an FEI Tecnai TF20:

FEGTEM Field emission gun TEM/STEM fitted with HAADF detector, Oxford

Instruments INCA 350 EDX system/80 mm X-Max SDD detector and Gatan Orius

SC600A CCD camera using AZtec data acquisition software.
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6.2.5 XAS

XAS spectra were collected from solid residues recovered from leachate

neutralisation experiments at the V K-edge (5465 eV) on beamline I18, Diamond Light

Source, UK in February 2016. Spectra were also collected from a range of V-containing

laboratory chemicals and an aqueous vanadate solution (1000 ppm). Kaolinite and goethite

V sorption standards were prepared by adding 20 mL 100 ppm NaVO3 dropwise over 20

minutes to 0.2 g goethite or kaolinite suspended in 2 L Milli-Q DIW to achieve a sorbed V

concentration of ~1 wt %. Solution pH was maintained at pH 8 by adding 0.1 M HCl or

0.1 M NaOH as required. Once all NaVO3 had been added the suspension was left

overnight prior to vacuum filtering at 0.2 µm. The residue was dried in an oven at 40 oC

for 24 hours. All solid samples were analysed as pressed pellets (diluted with cellulose as

required) and held in Kapton™ tape. Multiple spectra were averaged to improve signal to

noise ratio, normalised and plotted in the XANES data region (-50 – 100 eV) using Athena

v0.9.24 (Ravel and Newville (2005); see Chapter 4, section 4.2.4 for detailed methodology).

For selected samples (with sufficiently high V concentrations) V K-edge EXAFS data was

also collected and fit to molecular coordination models using Artemis v0.9.24 using

reduced chi-squared and R values as measures of goodness of fit.

6.3 Results

6.3.1 Howden Burn leachate

Average composition of groundwater emerging at the Howden Burn source is shown in

Table 6.1. When normalised to allow for variation in source concentrations over time, the

Ca, V, Fe, and Al concentrations showed distinct declining trends downstream from the

Howden Burn (Fig. 6.2). V concentrations declined from 37 ±14 ppb at the source to 24
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±8 close to the junction with the River Derwent. Ca and Fe concentrations fell from 104

±31 ppm and 58 ±8 ppb, to 79 ±22 and 33 ±14 over the same distance. Al had an initial

concentration of 129 ±39 ppb and was completely removed from solution by a point

400 m downstream from the source. Si and K showed little variation decreasing only

slightly from 1300 ±340 ppb and 127 ±57 ppm to 1280 ±480 and 123 ±60 respectively.

pH was generally high but fell from 11.9 ±0.5 to 11.01 ±0.9 before the River Derwent was

reached.

Table 6.1 - Aqueous composition of all site waters and leachates used in neutralisation
experiments.

HB source
(average of all

site data)

HB source
(sample used

in
experiments)

Block (BL) Synthetic (SL)
(average)

pH 11.9 ±0.5 11.9 11.9 12.0 ±0.1

Major ions
(ppm)

Ca 104 ±31 194 85.2 79.0

Si 1.3 ±0.3 2.5 29.5

Mg 0.6 ±0.3 < LOD 0.1

K 127 ±57 149 0.4

Na 33 ±8 99 2.4

Minor ions
(ppb)

Al 129 ±39 < LOD 390

Cr 5 ±2 7 10

Fe 58 ±8 166 251

Li 448 ±175 709 <0.1

Mn 15 ±3 39 13

V 37 ±14 35 493 2495

V concentrations in stream sediments ranged from 12.7 – 48.0 ppm. The mean

concentration was 34.3 ppm and standard deviation was 10.6.
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Figure 6.2 - Relative changes in pH and selected elements concentrations in Howden
Burn, Consett, UK, for water samples (filtered at 0.45 µm) collected downstream from a
culvert feed by groundwater in contact with mixed iron and steel slags. Data from Mayes
et al., (2008); Riley and Mayes, (2015). Dashed best fit lines are added to guide the eye.

6.3.2 Leachate neutralisation

The composition of each leachate type used during neutralisation experiments is

shown in Table 6.1. In all leachate systems, pH was buffered down to final values between

pH 7.5 and 8.5 (Fig. 6.3). Mineral-amended HB source water took 10 hours to reach a final

pH of 7.5, however, unamended HB source water took 20 hours to reach the same final

pH. Block leachate took 30 hours to equilibrate under all three conditions. Unamended

synthetic leachate took 45 hours to equilibrate and both mineral-amended synthetic

leachate systems took ~55 hours to equilibrate.
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Figure 6.3 - pH measurements over time during neutralisation of steel slag leachate. Initial
conditions in goethite and kaolinite-amended systems: A) 1.0 g L -1 goethite/kaolinite; B)
and C) 0.2 g L-1 goethite/kaolinite. Data points represent mean values from triplicate
measurements.

Ca and V concentrations all decreased during leachate neutralisation (Fig. 6.4). Ca

removal was broadly comparable in the unamended, goethite-amended and kaolinite-

amended systems for all three leachate types, with rapid removal as the pH fell from 12 to

11 followed by a slower removal thereafter. Total Ca removals in all HB source water and

block leachate systems were 195 to 120 ppm and 90 to 15 ppm respectively. All synthetic

leachate systems showed complete removal of Ca during the initial drop to pH 11.5

followed by a slight increase in concentration below pH 9. Similar increases at final pH

(when the pH ≤ 8.5) were seen in both the HB source water and block leachate systems. 

V was removed from solution in all neutralisation experiments. The most removal

occurred as the pH fell from 12 to 11. Subsequently, V concentrations remained relatively

stable in all unamended and all kaolinite-amended systems. In the unamended and

kaolinite-amended block leachate system, initial V removal lowered V concentrations from

~550 to ~490 ppb. Unamended HB source water showed a similar trend with an initial fall

from 35 to 25 ppb. The kaolinite-amended HB source water had a large amount of scatter

but followed a similar profile. V removal in the unamended and kaolinite-amended

synthetic leachate systems took place between pH 12 and 11.5. V concentrations fell from
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Figure 6.4 - Ca and V concentrations from all leachate systems. Data points represent
samples from individual flasks. Initial conditions in goethite and kaolinite-amended
systems: in HB source water: 1.0 g L-1 goethite/kaolinite; in block and synthetic leachates:
0.2 g L-1 goethite/kaolinite

2500 to ~2000 ppm in the kaolinite-amended synthetic leachate then increased

slightly to ~2100 ppm between pH 9.5 and 8.5. V concentrations in the unamended

synthetic leachate showed more scatter but remained stable at ~2200 ppm after the initial

removal from solution.

V uptake is significantly enhanced under goethite-amended conditions. In the

goethite-amended HB source water experiments, V was completely removed within the

initial drop of pH from 12 to 11.5, however, these flasks had a higher solid : solution ratio

of goethite (1.0 g L-1) compared to the goethite-amended block leachate and goethite-

amended synthetic leachate systems (0.2 g L-1). In these latter two systems, initial V
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removal at pH 12 was very rapid (~500 to ~400 ppb and ~2500 to ~1600 ppb in goethite-

amended block and synthetic systems respectively). This was followed by a steady decrease

in V concentration throughout the remainder of the experiments to a minimum of ~300

ppb in the goethite-amended block leachate and ~1200 ppb in the goethite-amended

synthetic leachate.

6.3.3 TEM

Low resolution TEM imaging (Fig. 6.5a) of the solid residue recovered from the

unamended HB source water neutralisation experiments showed the presence of 100 –

1000 nm rhomboid crystals with EDS spot analysis spectra that contained Ca, C and O

(data not shown). This mineral shape and composition are consistent with the calcium

carbonate mineral calcite (CaCO3). Distinct 100 – 300 nm Fe and O rich particles were

also present. High resolution imaging (Fig. 6.5b) showed these to be aggregates of 5 – 10

nm spherical crystallites, which were identified as two-line ferrihydrite by selected area

electron diffraction.

6.3.4 XAS

V K-edge XANES spectra (n=9) collected from the leachate neutralisation solid

residues all had a prominent pre-edge peak at 5470 eV (±0.25 eV), the normalised intensity

of which varied between 0.64 and 0.90. The position of the main absorption edge (E1/2;

the point at which absorption reaches 50% of normalised absorption) varied between 5477

and 5482 eV (Fig. 6.6). Comparison with standard spectra suggested that V was present in

all samples in either the V4+or V5+ oxidation state. Following the spectra characterisation

method of Chaurand et al. (2007b), it was determined that V in all samples was present as
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Figure 6.5 - Solid residue recovered from unamended HB source water neutralisation
experiments. A) Low resolution TEM image showing calcite and Fe-O-rich crystals. B)
High resolution TEM image and SAED pattern from Fe-O-rich crystals; arrows show
extent of crystallite structure and C) EDS spectrum from Fe-O-rich crystallites.

V5+. Due to generally very low V concentrations in samples, usable EXAFS data was only

collected for the sample recovered from the goethite-amended, synthetic leachate

neutralisation experiment. This spectrum was compared to data collected from the 1 wt%

V-goethite standard (Fig. 6.7). Both samples were best-fit with a similar coordination

model consisting of 4 V-O single scattering pathways at 1.7 Å and 2 V-Fe single scattering

pathways at 3.3 Å (Table 6.2), consistent with V sorption to goethite surfaces via bidentate

inner-sphere complexation (Peacock and Sherman, 2004).
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Figure 6.6 - V K-edge XANES spectra collected from precipitates recovered from the
leachate experiments after aerobic neutralisation and from V5+ containing standards.
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Figure 6.7 - A) V K-edge EXAFS spectra collected from precipitates formed in the
goethite-amended synthetic leachate experiment after aerobic neutralisation; and the
vanadate – FeOOH sorption standard at pH 8; and B) corresponding Fourier
transformations. Dashed lines represented best fits to the data calculated in Artemis
(Demeter v0.9.47) using the parameters given in Table 6.2.

Table 6.2 - V K-edge EXAFS fits, where N is the Occupancy (± 25%; only whole
number fits used), r is the interatomic distance, σ2 is the Debye–Waller Factor and 
reduced χ2 and R are the goodness of fit parameters. Uncertainties in the last digit(s) 
shown in parentheses. MS VO4 = multiple scattering pathways within the VO4 tetrahedral.

Experiment
Description

Pathway N r
(Å)

σ2

(Å2)
χ2; R

1. Syn. Leachate +
FeOOH ppt @pH8.

δe0 = -6(3) 
S2

0 = 0.68(17)

V-O 4 1.69(2) 0.004(3) 215;
0.0170V-Fe 2 3.33(6) 0.004(7)

MS VO4 4 2.97(4) 0.007(6)

2. FeOOH-Vanadate
std. @pH 8.

δe0 = -10(2) 
S2

0 = 0.45(7)

V-O 4 1.67(1) 0.003(2) 161;
0.0178

V-Fe 2 3.31(3) 0.006(4)

MS VO4 4 2.91(4) 0.005(4)
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6.4 Discussion

6.4.1 Leachate composition and downstream trends

Field monitoring of water emerging at the Howden Burn source showed pH values

between 11.5 and 12.7 as well as elevated concentrations of Ca with trace concentrations

of Al, V, K, Fe and Si. These concentrations are consistent with reported elemental

compositions of leachate generated during weathering of steelmaking waste (Mayes et al.,

2008; Roadcap et al., 2005). The source water was Ca(OH)2 dominated in composition and

the presence of elevated Si concentrations indicated that it was primarily formed via

hydration and dissolution of Ca-silicate phases and free lime under relatively CO2-free

conditions (De Windt et al., 2011; Roadcap et al., 2005). The presence of other trace

elements, including V, Fe and Al, is likely to be due to the release of impurities present in

Ca-silicates (Chaurand et al., 2007a; De Windt et al., 2011; Hobson et al., 2017).

The pH of the emerging leachate decreases downstream to the lowest recorded

value of 10 shortly before the junction with the River Derwent. Over the same length of

Howden Burn there is a decrease in Ca concentrations. As tufa formations are observed in

the stream bed it is likely that ingasing of atmospheric CO2 has resulted in Ca being

precipitated from solution as CaCO3 (Eqn. 6-3). This reaction consumes OH- ions, thus

contributing to the fall in pH.

Normalised Fe, V and Al concentrations all show a trend of decreasing solution

concentration downstream from the source on any given measurement day. However the

Si concentrations were relatively constant along the Burn despite the changes in pH. This

is probably because Si was highly undersaturated with respect to SiO2(am) (SI < -2) and

therefore behaves conservatively. The conservative behaviour of Si and K throughout the

sampled area suggests that dilution of the leachate is minimal in Howden Burn. Therefore

removal mechanisms exist for V, Al and Fe which are independent of dilution and
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contemporaneous with pH reduction and the precipitation of Ca as CaCO3. Fe and Al

removal are easily explained via formation of insoluble (oxy)hydroxide phases during pH

reduction from pH 12 to 10 (Langmuir, 1997), however, V5+ is not predicted to precipitate

as (oxy)hydroxides over this pH range (Wanty and Goldhaber, 1992) highlighting the likely

role of mineral sorption processes in V removal.

6.4.2 Mechanism of V removal during leachate neutralisation.

All three leachate neutralisation systems show removal of Ca from solution as well

as pH reduction over time, indicating that ingress of atmospheric CO2 has led to the

precipitation of CaCO3. The slight increase in Ca concentrations seen below pH 8.5 is due

to continued CO2 ingress, which in this pH range results in the generation of H+ ions,

leading to minor amounts of CaCO3 dissolution.

Most Ca removal occurs during the initial reduction in leachate pH from 12 to 11.

Modest V removal is also observed in all three leachate systems across the same pH range.

Aqueous Al and Fe form insoluble hydroxides and precipitate from the leachate which

lowers solution pH and could lead to sorption of V to the new mineral surfaces (Fig. 6.5).

However, Ca removal is still seen in the synthetic leachate system which does not contain

any Al or Fe. Therefore it is probable that a small amount of V is incorporated into neo-

formed CaCO3 at high pH. Currently no data is available concerning incorporation of

VO4
3- to CaCO3 although studies by Goh et al. (2010) and Hua et al. (2007) have shown

that similar tetrahedral anions (e.g. arsenate, chromate) may be sparingly incorporated into

the trigonal carbonate site. V was not detected in CaCO3 rinds during aerated weathering

of slag blocks (Chapter 4), however, the low concentrations incorporated into carbonates

would be below EDS detection limits (0.1 – 0.5 wt%, which are orders of magnitude

greater than the likely concentrations in the calcite samples).
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Figure 6.8 - Plot of pre-edge intensity vs. pre-edge peak energy derived from V K-edge
XANES spectra. Symbols: () refers to the experimental samples; (,) Vanadate
adsorption standards; () standards from Burke et al. (2013); () standards taken from
Bronkema and Bell (2007); Chaurand et al. (2007b). (Td), (Py) and (Oh) refers to tetrahedral,
square pyramidal and octahedral co-ordination respectively.

All XANES spectra from leachate neutralisation experiment solids indicated the

presence of V in the precipitates. Experimental samples display a prominent pre-edge peak

at 5470 eV. Analysis of pre-edge peak intensity and absorption edge position (E1/2; the

energy halfway up the normalised absorption edge step) following the method of

Chaurand et al. (2007b) shows that products from neutralisation reactions plot between

the V4+ and V5+ standards. The data might therefore be interpreted as a mixture of several

V-phases. However, when data from vanadate adsorbed to clay and hydroxide surfaces is

also considered it is clear that lower pre-edge peak intensities are common for adsorbed

vanadate (Fig 6.8; Bronkema and Bell (2007); Goh et al. (2010); Tanaka et al. (1988)). The

pre-edge peak is formed during electron transitions from the 1s to hybridised 3d/4p
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orbitals. The extent to which this hybridisation occurs is a function of speciation and

coordination environment with the effect being most pronounced for V5+ in tetrahedral

coordination.

EXAFS analysis of VO4
3- has revealed that in sorption environments the VO4

3-

tetrahedra become distorted, reducing the effect of hybridisation and resulting in a

correspondingly less intense pre-edge peak (Bronkema and Bell, 2007; Tanaka et al., 1988).

A similar molecular distortion (and reduced pre-edge peak intensity) is noted for vanadate

in some polyvanadate species such as sodium metavanadate (NaVO3) (Bronkema and Bell,

2007). Therefore, detailed analysis shows the V K-edge XANES data for the leachate

neutralisation samples are consistent with either vanadate incorporation to neoformed

calcite precipitates or adsorption to added kaolinite or FeOOH surfaces during

neutralisation.

6.4.3 Additional effect of mineral presence on V removal.

V removal in both unamended and kaolinite-amended systems follows a similar

pattern of removal between pH 12 and 11 followed by a stabilisation in V concentrations.

Final equilibrated pH values of between 7.5 and 8.5 were measured in all unamended and

kaolininte-amended leachate systems which is well above the point of zero charge (PZC)

of most clay minerals, including kaolinite (PZC = 3.6, Hu et al. (2003)). Therefore, at all

leachate pH values, kaolinite is negatively charged and does not readily interact with anions

in solution. As such, it is likely that in kaolinite-amended systems, the observed decrease in

V concentrations is due to incorporation into neo-formed CaCO3 as previously discussed,

rather than sorption to (either AlOH or SiOH) kaolinite surfaces.

V concentrations in goethite-amended systems showed a similar rapid decrease

between pH 12 and 11 followed by a continued removal throughout the remainder of the
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experiments. The rate of removal subsequently increased slightly as the leachate

approached equilibrium. The PZC of goethite is significantly higher than that of kaolinite

(pH 7 – 9.5; Kosmulski (2016)) and so as leachate pH evolves towards these values,

progressively stronger interactions with anions such as vanadate will take place. Therefore,

whilst vanadate adsorption to iron oxides is expected across the range of leachate pH

values observed in the experiments (12 – 7.5; Langmuir (1997)), it is expected to be

significantly enhanced below pH 10.

XANES spectra obtained from all experimental samples indicate the presence of

V5+ which is soluble at high pH as the vanadate ion (VO4
3-, Wehrli and Stumm (1989)).

EXAFS spectra from goethite amended synthetic leachate and α-FeOOH sorption 

standards both fitted to a very similar model consistent with vanadate sorption to goethite

in an inner sphere bidentate corner sharing complex (in agreement with modelling and

EXAFS data presented in Peacock and Sherman (2004)). These experimental results (and

field data) indicate a system in which V5+ is released to leachate as VO4
3-, followed by

limited incorporation to neo-formed CaCO3 at high pH following in-gassing of

atmospheric CO2. Whilst the concentration of V incorporated into carbonates is very low,

the large volumes of CaCO3 precipitated at legacy sites suggest that this is the most

important mechanism of V removal during the initial stages of leachate neutralisation.

Subsequently, increasing sorption of V to any Fe-(oxy)hydroxide (FeOOH) surfaces

present also contributes to removal of VO4
3- from the leachate, especially at pH values <

10.

6.4.4 Implications for affected environments

V concentrations in emerging leachate in Howden Burn regularly exceed chronic

toxicity screening values (19 ppb; Buchman (2008)) and lab based leaching tests have
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demonstrated the potential for V to accumulate in steel slag leachate at concentrations well

in excess of acute toxicity screening values (280 ppb; Buchman (2008), see Chapters 4 and

5). Incorporation into neo-formed CaCO3 phases and adsorption to iron oxides removes

V from the leachate during aerobic neutralisation. These processes are expected to reduce

the transport of V in affected rivers but instead lead to an accumulation of toxic V5+ in

river sediments downstream. Indeed, environmentally significant V concentrations of > 42

ppm (Dutch Target Value; Buchman (2008)) were observed in sediments collected from

the Howden Burn stream bed.

Overall, it appears that despite the reduction in V concentrations distal to the

source, the combination of high metal loadings in both leachate and sediment, high pH

leachate and carbonate smothering have had a deleterious effect the local ecosystem.

Therefore, treatment of leachate to reduce alkalinity (and metal concentrations) within a

short distance of the source is recommended. Previous studies have demonstrated the

efficacy of wetland treatment (Mayes and Younger, 2006) or cascade systems (Gomes et

al., 2017) in neutralisation of leachate and sequestering metals from solution.

6.5 Conclusions

Concentrations on V in steel slag leachate are frequently sufficiently high to be an

environmental concern at the Howden Burn source, however, V is removed downstream

by a mechanism contemporaneous with CaCO3 precipitation. XANES analyses showed

that V was present in the V5+ oxidation state (the most toxic form) in all solids recovered

from neutralisation experiments indicating its mobilisation in leachate as the vanadate

(VO4
3-) oxyanion (which is the prevailing form at high pH). Leachate neutralisation

experiments indicated that V is initially attenuated downstream due to incorporation into

neo-formed CaCO3. Whilst V incorporation is limited, mass balance suggests that this



168

mechanism is responsible for the majority of V removal at high pH due to the rapid rate

of CaCO3 precipitation and the large volumes produced. Subsequently, adsorption to Fe

(oxy)hydroxides provides the most important sink for V. EXAFS analysis showed that V

adsorbs to goethite by formation of strong inner-sphere complexes due to its higher pHpzc

(7 – 9.5) which increases interactions between vanadate oxyanions and the positively

charged mineral surface as solution pH drops. Additional sites for adsorption may be

provided by precipitation of Al or Fe3+ (oxy)hydroxides (e.g. ferrihydrite) as solution pH

falls. Removal of V from solution may lead to a corresponding enrichment in sediments

and future remediation schemes should look to balance efficient removal of V from

leachates with safe management of any impacted sediments.
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Chapter 7 Summary and future work

7.1 Summary

V is the principal contaminant of concern associated with steel slags due to its

relatively high concentration in the waste (0.04 – 1.48 wt%; Proctor et al. (2000);

Tossavainen et al. (2007)), its potential toxicity and its mobility at high pH waters as the

vanadate oxyanion. V displays complex environmental behaviour with solubility which is

strongly influenced by pH and redox conditions.

The aim of this study was to establish the mechanisms controlling the behaviour of

V during leaching of steel slags, its subsequent mobility in the environment and the surface

hydrochemistry of steel slag leachate. This thesis has presented a comprehensive study of

the effects of different environmental conditions on the generation of steel slag leachate,

precipitation of secondary phases and their effects on V release and fate in the

environment. This concluding chapter summarises the major findings of the thesis and

links to the original research objectives specified in Chapter 1. The wider implications of

the work and potential avenues for future research are also discussed.
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7.2 Major findings and implications

Figure 7.1 – Conceptual site model with V mobilisation/attenuation pathways indicated as
determined by experimental work from this thesis. Blue dashed lines represent
approximate flow pathways. Blue arrows represent relative V concentrations in leachate.
Red dashed lines represent CO2 in-gassing. Green numbers represent hypothetical pH
values.

Despite the large volume of steel slag produced annually worldwide, in addition to

abandoned legacy sites with a recognised environmental impact, previous studies of steel

slag leaching behaviour have been limited in both number and scope, often focusing on

air-excluded leaching or pHstat leaching tests at circumneutral pH levels (despite steel slag

leachate generally being > pH 9).



175

The research presented in this thesis provides the first comprehensive study of V

mobility during heap leaching processes and the subsequent release of leachate to the

wider environment (Fig. 7.1). It therefore demonstrates a significant advance in our

understanding of the processes governing the mobility of V during weathering and

leaching of steel slags. Development of leachate chemistry during leaching under aerated

(unsaturated) and air-excluded (saturated) conditions is detailed with particular emphasis

on V, including its mobilisation under both aerated and air-excluded conditions and its fate

during neutralisation of leachate. The primary V-hosting phases within BOF slag have

been clearly identified and their dissolution behaviour and thus contribution to V release

during leaching has been determined. In addition, the role of secondary precipitates

(including CaCO3 and Ca-Si-H phases) in controlling leachate composition and V

concentrations under differing conditions has been fully explored.

V was predominantly present in unweathered slag in dicalcium aluminoferrite as

octahedrally coordinated V4+ and tetrahedrally coordinated V5+ in addition to a smaller

proportion which was found as tetrahedrally coordinated V5+ in dicalcium silicate which

had not previously been identified. V release was found to be significantly enhanced under

aerated conditions (~860 ppb compared to ~490 ppb in block leaching experiments).

Previous research had suggested that this may be due to oxidation of V3+ and V4+ to V5+

during weathering of dicalcium aluminoferrite (Chaurand et al., 2007; De Windt et al.,

2011), however, µXAS data presented in Chapter 4 found no indication that this occurs

and suggested that instead, V5+ is released during dissolution of dicalcium silicates.

Dicalcium aluminoferrite dissolution does not contribute significantly to leachate

composition. Subsequently equilibrium with neo-formed Ca-Si-H phases under air-

excluded conditions resulted in high concentrations of Ca in leachate leading to saturation

with respect to Ca3(VO4)2 which precipitates, thus limiting V concentrations under these

conditions. Under aerated conditions formation of CaCO3 provide a sink for aqueous V.
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Therefore V concentrations in aerated leachate steadily increase as Ca concentrations

decrease during evolution of leachate from Ca(OH)2 equilibrium through Ca-Si-H

equilibrium to finally equilibrate with CaCO3.

These results provide important insights for safe storage of steelmaking wastes

where exposed to weathering processes. It is clear that the specific waste storage

environment strongly influences both leachate chemistry and secondary phase formation.

Therefore, storage of waste under saturated conditions designed to minimise in-gassing of

atmospheric CO2 would prevent significant accumulation of V in leachates by providing a

Ca-rich environment leading to precipitation of Ca3(VO4)2. In systems where aeration is

high, the formation of a Ca-Si-H-rich altered zone on slag blocks may limit V

concentrations, partly by incorporating aqueous V during precipitation but principally by

providing a diffusion barrier kinetically slowing further dissolution of the dicalcium silicate

phase. However, significant accumulations of V can still develop in leachates and careful

treatment of the leachate would be required to prevent potential environmental harm. In

scenarios where steel slags may be used for CO2 sequestration the formation of weathering

rinds may be problematic, as they limit the volume of the slag blocks available for

conversion.

Results from this research and from observations at legacy sites indicate that V

concentrations in emerging steel slag leachate can be environmentally significant. Data

presented here shows that V is released in the toxic V5+ oxidation state as the vanadate

oxyanion (VO4
3- is the prevailing form at high pH; Wehrli and Stumm (1989)) which can

persist in leachates at circumneutral pH (Takeno, 2005) making it potentially problematic.

However, whilst declining V concentrations distal to the source during neutralisation of

steel slag leachate have been noted at legacy sites, they have not investigated systematically.

Leachate neutralisation experiments conducted under aerated conditions indicated that V

could be incorporated sparingly into neo-formed CaCO3 which is likely to represent an
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important sink for V due to the large volumes precipitated at impacted sites. Addition of

mineral surfaces showed that kaolinite clay had little to no effect on V removal due to

leachate equilibrating at 7.5 – 8.5, which is well above the pHpzc of most clay minerals.

However, in the presence of goethite (α-FeOOH), V removal was significantly enhanced 

throughout the neutralisation experiments. The pHpzc of goethite is between 7 – 9.5,

therefore as the leachate pH evolves towards this value, interactions between the

increasingly positively charged mineral surface and vanadate oxyanions increase. EXAFS

analysis showed that vanadate adsorbs to goethite by the formation of strong inner-sphere

complexes. TEM analysis of neutralisation products indicated the presence of nano-scale

crystallites of 2-line ferrihydrite which may provide additional adsorption surfaces in

leachates.

This study therefore provides a mechanism for V attenuation under both high pH

and circumneutral regimes (either via incorporation into neo-formed CaCO3 or via

sorption to neo-formed, colloidal or streambed sediment Fe (oxy)hydroxides respectively).

This data provides new insights into the spatial impact of steel slag leachate on the wider

environment and also demonstrates that removal of V from leachate over long time

periods may result in an enrichment in stream sediments. Therefore remediation schemes

which may be implemented at legacy sites will need to balance effective removal of V from

leachates with safe management of any impacted sediments.

7.3 Future considerations

The slag leaching system as described in this thesis presents both aerated

(unsaturated) and air-excluded (saturated) conditions as discrete environments. In reality,

as noted in Chapter 4, section 4.4.5, CO2 concentrations within slag heaps are likely to be

variable, with uptake due to carbonate precipitation and gas diffusion rates into the heap
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leading to generally lower CO2 concentrations compared to atmospheric values (~70 ppm,

P. Renforth, personal communication, September 2017). CO2 concentrations may

influence both the rate and total extent of CaCO3 precipitation within the heap. CaCO3

appears to partially protect Ca-Si-H phases which would otherwise dissolve as leachate pH

falls below 10, therefore the thickness of the CaCO3 portion of the altered region is an

important factor in controlling long-term V release. Future work investigating the rate of

CaCO3 deposition as a function of CO2 concentration would begin to fully explore the

processes taking place within slag heaps and their likely long term behaviour.

The results presented in this thesis are from a maximum of 6 months leaching.

Long term leaching experiments were beyond the scope of this work. Previous studies

have shown that leachates associated with legacy slag heaps show declining pH and Ca

concentrations as Ca-rich phases are depleted over time (Riley and Mayes, 2015). Research

has indicated that the many slag phases become increasingly soluble as solution pH

decreases towards neutral values (Engström et al., 2013). The dicalcium aluminoferrite in

BOF slag contains the highest concentrations of V by weight and thus represents a

potentially significant source of V. Currently the potential for this phase to release V to

leachates as pore water pH falls over time is unknown.

The role of organic matter in controlling V mobility in steel slag leachates was not

investigated as part of this thesis. Complexation with humic acids can stabilise V5+ against

reduction thus enhancing its mobility. Alternatively organic V5+ complexes can be essential

intermediates during reduction. The vanadyl oxycation (VO2+) is readily complexed by

organic ligands which can enhance its mobility in groundwater. Since the dicalcium

aluminoferrite phase contains V in both the V5+ and V4+ oxidation state, V released during

its dissolution may persist in leachates as part of organic complexes (Huang et al., 2015).

Similarly the microbial processes potentially affecting V mobility in leachates have yet to

be determined.
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CO2 capture estimates using steel slags are generally based on crushed specimens

or assume whole-mass conversion (Renforth et al., 2011). The formation of a Ca-Si-H-rich

weathered region on the surface of slag blocks may reduce the volume of slag available for

carbonation as well as the rate at which it occurs. Future research to quantify these effects

are required to improve the prospects for slag reuse as a sink for atmospheric CO2.
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Appendix A Detection limits of experimental methods

Table A 1 - Limit of detection (LOD) and uncertainty for aqueous analyses determined on
Thermo iCAP 7400 radial ion-coupled plasma optical emission spectrometer (ICP-OES)
and Thermo iCAP Qc ion-coupled plasma mass spectrometer (ICP-MS) reported in
Chapter 4 – 5 and Chapter 6*.

LOD % Uncertainty @ 95% confidence interval
Major elements
(ppm)
Ca 0.01 1
Si 0.02 6.8
Mg 0.002 1
K 0.01 2.1
Na 0.002 1.3
Al 0.002 3.2
Minor elements
(ppb)
Cr 0.002 1
Fe 0.1 1.7
Li 0.1 3.2
Mn 0.04 3.1
V 0.001 1.5
Fe* 1.88* 2.34*
Li* 1.93* 4.4*

Table A 2 - LOD and standard deviation (mean from 3 x blank) for aqueous analyses
determined on a Perkin Elmer Optima 5300DV ICP-OES reported in Chapter 5.

Determinand mean SD blank (ppm) LOD (ppb)
Ca 317.933 0.0008 2.4
Ca 315.887 0.0026 7.7
Si 251.611 0.0081 24.4
Si 212.412 0.0058 17.3
Mg 279.077 0.0116 34.9
Fe 238.204 0.0004 1.3
Fe 259.939 0.0005 1.5
V 290.880 0.0006 1.7
V 310.230 0.0003 1.0
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Table A 3 - Lower limit of detection (LLD) for analysis undertaken on a PANalytical
Axios Advanced X-ray Fluorescence (XRF) spectrometer reported in Chapter 5.

Determinand LLD (wt %)
CaO 0.005
Fe2O3 0.004
SiO2 0.062
MgO 0.010

Mn3O4 0.003
Al2O3 0.026
P2O5 0.002
V2O5 0.003
TiO2 0.004
Cr2O3 0.004
SO3 0.003
K2O 0.003
Na2O 0.012
SrO 0.002
ZrO2 0.001
BaO 0.005

NiO 0.002

CuO 0.002

ZnO 0.001

PbO 0.002
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Abstract

Alkalinity generation and toxic trace metal (such as vanadium) leaching from BOF

steel slag particles must be properly understood and managed by pre-conditioning if beneficial

reuse of slag is to be maximised. Water leaching under aerated conditions was investigated

using fresh BOF slag at three different particle sizes (0.5-1.0 mm, 2-5 mm and 10 x 10 x 20

mm blocks) and a 6 month pre-weathered block. There were several distinct leaching stages

observed over time associated with different phases controlling the solution chemistry: (1) free

lime (CaO) dissolution (days 0 – 2); (2) dicalcium silicate (Ca2SiO4) dissolution (days 2 – 14);

and (3) Ca-Si-H and CaCO3 formation and subsequent dissolution (days 14 – 73). Experiments

with the smallest size fraction resulted in the highest Ca, Si, and V concentrations, highlighting

the role of surface area in controlling initial leaching. After ~2 weeks the solution Ca/Si ratio

(0.7 – 0.9) evolved to equal those found within a Ca-Si-H phase that replaced dicalcium silicate

and free lime phases in a 30 – 150 µm altered surface region. V release was a two stage

process; initially V was released by dicalcium silicate dissolution, but V also isomorphically

substituted for Si into the neo-formed Ca-Si-H in the alteration zone. Therefore, on longer

timescales the release of V to solution was primarily controlled by considerably slower Ca-Si-

H dissolution rates, which decreased the rate of V release by an order of magnitude. Overall the

results indicate that the BOF slag leaching mechanism evolves from a situation initially

dominated by rapid hydration and dissolution of primary dicalcium silicate / free lime phases,

to a slow diffusion limited process controlled by the solubility of secondary Ca-Si-H and

CaCO3 phases that replace and cover more reactive primary slag phases at particle surfaces.

Keywords: Steel slag; Vanadium; Alkaline waste; Leaching; Particle size; Reuse.
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Introduction

Steelworks slag is an important industrial by-product, with an annual global production

of 170-250 million tonnes (van Oss 2016). It is produced when CaO (or limestone / dolomite)

is added to the steel furnace as a flux that reacts with process impurities (primarily silica) and

separates them from the molten steel (Bobicki et al. 2012, Eloneva et al. 2010). The slag

produced is named after the steelmaking process in which it is generated: basic oxygen furnace

(BOF), electric arc furnace (EAF) and ladle furnace (LF) (Bobicki et al. 2012, Bonenfant et al.

2008, De Windt et al. 2011, Navarro et al. 2010, Wang et al. 2010). At the start of the 21st

century more than 60% of the world’s steel is produced by the basic oxygen process, with the

remaining production by EAF (Smil 2006).

BOF slag, which is sometimes called basic oxygen steelmaking or Linz-Donawitz slag,

has a composition that varies slightly with the iron source and the processing details, but its

bulk chemical composition is relatively consistent between locations worldwide. The major

element chemistry is dominated by Ca, Fe and Si, with lesser amounts of Mg, Mn and Al

(Hobson et al. 2017, Shen et al. 2009, Tossavainen et al. 2007, Yildirim &Prezzi 2011). The

mineralogical composition can be complex but BOF slag typically contains Ca-rich silicates

(e.g. Larnite, β-Ca2SiO4; Merwinite, Ca3Mg(SiO4)2, Rankinite, Ca3Si2O7, Akermanite,

Ca2MgSi2O7), Ca-Fe-Al-oxides (e.g. Brownmillerite, Ca2FeAlO5, Srebrodolskite, Ca2Fe2O5),

Periclase (MgO) and refractory Fe-Mg-Mn-Ca-oxides (e.g. Wustite, FeO) together with unused

free lime (CaO) (Geiseler 1996, Hobson et al. 2017, Mayes et al. 2008, Piatak et al. 2015,

Roadcap et al. 2005). EAF slag has a similar chemical composition to BOF slag, although its

composition varies slightly with the type of scrap steel used, and it contains similar mineral

phases (Tossavainen et al. 2007, Yildirim &Prezzi 2011).

The production of slag is an inevitable consequence of steel manufacturing, but this

need not result in its disposal as waste, as steel slags have been used as secondary raw materials

for more than 100 years (EuroSlag 2006). However steel slag reuse rates vary enormously

around the world (published reuse rates rarely differentiate between chemically similar BOF

and EAF slags). For example only 22% of steel slag is reused in China (Yi et al. 2012) and

30% is reused in India (Tiwari et al. 2016) whereas in Europe more than 75% of slag is reused

(EuroSlag 2012), and in the USA 90% of steel slag is reused (van Oss 2016). These differences

probably reflect differences in national policy and regulatory environments, which in the EU

and USA promote the use of alternative raw materials, however even in these markets steel slag

commands a low unit value (EuroSlag 2006, van Oss 2016).

The largest market for BOF slag is as aggregate for civil engineering applications, such

as road construction (Ahmedzade &Sengoz 2009, Geiseler 1996, Huang et al. 2007, Qiang

&Peiyu 2010, Yi et al. 2012). The most important properties of such aggregates are particle
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shape, strength, bulk density, volume stability, water absorption characteristics, resistance to

breakdown during freeze/thaw cycles, crushing resistance, and (for highway surface layers)

resistance to abrasion and polishing (ASA 2002, Motz &Geiseler 2001). Many of these

properties of slag-based aggregates are comparable with, or even better than those of natural

aggregates (Motz &Geiseler 2001), but concerns about the volume stability of BOF slag can

prevent its immediate use in significant quantities (Sasaki &Hamazaki 2015). Free

(unhydrated) lime (CaO) and periclase (MgO) in BOF slag can result in volumetric expansion

upon hydration (Ahmedzade &Sengoz 2009, Motz &Geiseler 2001, Wang et al. 2010).

Therefore limits are sometimes placed on the free lime content of BOF slag, or a period of slag

conditioning is required before reuse is permitted (ASA 2002, Dippenaar 2004, Huang et al.

2007, Wang et al. 2010). Typically it is stockpiled for a period of months, and rainfall (or other

water) is allowed to infiltrate to promote the hydration process (Dippenaar 2004). In the UK a

construction company is processing and conditioning BOF slag produced at a major steelworks

in the North of England to produce an aggregate for road construction (UKEA 2014b, a). Here

de-metallised BOF slag is crushed and screened to <20mm and left to weather in windrows for

>6 months, to reduce the free lime content and make it suitable for road construction (UKEA

2014b, a).

When BOF slag comes into contact with water (e.g. when rainwater infiltrates a slag

stockpile) it produces very highly alkaline leachate. Two processes generate alkalinity: rapid

hydration and subsequent dissociation of free lime, and slower dissolution of Periclase (if

present) and Ca-silicates minerals, such as Rankinite, Larnite, and Akermanite (Mayes et al.

2008, Roadcap et al. 2005). Steel slags can contain trace metals from the primary ore, such as

Al, Cr, Mo and V, which become concentrated in the slag by processing (steel slag production

is about 10% to 15% of steel output; van Oss 2016). The fate of these trace metals during slag

leaching depends both on the chemical form of the trace metal, and the stability of the specific

host phases present in the slag. For example vanadium can be hosted by dicalcium silicate

phases as V(V) in tetrahedrally coordinated silicate sites, and by dicalcium aluminoferrite

phases as both V(III) and V(IV) in octahedrally coordinated Fe(III) sites and as V(V) in

tetrahedrally coordinated silicate sites (Chaurand et al. 2007a, Chaurand et al. 2007b, Hobson

et al. 2017). Dissolution of dicalcium silicates can therefore release V(V) to solution to produce

aqueous orthovanadate species at high pH (Wehrli &Stumm 1989), which may subsequently be

precipitated in neo-formed phases (oxyanions CrO4
2- and AsO4

3- with a similar tetrahedral

structure can substitute for silicate in calcium silicate hydrates; (Cornelis et al. 2008) or be

released from the slag. Uncontrolled leaching of steel slag at abandoned sites has resulted in

water containing up to 100 µg L1 of vanadium entering local water courses (33 ±25 µg L1,

n=12; (Mayes et al. 2008, Riley &Mayes 2015, Roadcap et al. 2005).
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Currently there is significant uncertainty about the factors controlling the kinetics of

slag leaching, particularly for aggregate-sized slag particles, where the formation of surface

alteration layers on the slag significantly affects the leaching process (Costa et al. 2016,

Hobson et al. 2017, Huijgen &Comans 2006, Huijgen et al. 2005, Nikolić et al. 2016). This 

makes it difficult to specify the optimum weathering/leaching regime for slag conditioning (for

example the recommended weathering period for BOF slag varies widely between one month

and 12 months; ASA 2002, Dippenaar 2004, Huang et al. 2007, UKEA 2014a, Wang et al.

2010). Also, the release of potentially toxic trace elements, such as Cr and V, from slag is not

widely perceived as an issue, provided release occurs primarily during slag conditioning where

the generated leachate can be managed. However, this implies that better understanding is

needed of how trace metal release evolves over time with the geochemistry of the system to

ensure that trace metals do not become an issue that adversely effects the beneficial reuse of

slag.

This study will investigate leachate generation processes in BOF slag–water–air

systems as a function of time (up to 3 months), and assess the effect of changing particle size

on leachate generation. In addition, slag mineral alteration and the development of an alteration

rind will be investigated using electron microscopy. The effect of pre-treatment (6 months total

immersion in aerated water) will be determined with respect to the potential for further leachate

generation after the initial treatment process.

Methods and Materials

2.1 Sample collection and preparation.

BOF steel slag was collected in May 2013, within one week of its deposition, from the

Yarborough Landfill at the Tata Steel Europe steelworks in Scunthorpe, UK (LAT

533522.24 LONG 03541.52). The initial sample consisted of irregularly shaped 50 - 500 g

blocks. Three 10 x 10 x 20 mm cuboids of BOF slag were cut from intact slag blocks using a

diamond saw. Two were used directly in the leaching tests reported below (which will be

referred to as the blocks), whereas one was soaked in deionised water (DIW; 18 MW; 2L;

Hobson et al. 2017) that was continually aerated using an aquarium pump in a glass Duran

bottle stoppered with an air-permeable foam bung for 6 months prior to use (the pre-weathered

block). Water losses due to evaporation were regularly replaced by deionised water. The

remainder of the BOF steel slag sample was crushed using a jaw crusher and sieved into

separate size fractions. Two size fractions were retained for testing; 0.5 – 1 mm (sand

particles), and 2 mm – 5 mm (fine gravel particles). This provided three sized fractions
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representative of medium and fine gravels and sand used in standard aggregate mixtures for

highway base and subbase layers (ASTM 2001).

2.2 Leaching Tests.

Triplicate crushed slag samples (~2 g) were placed in 250 ml Duran bottles (Duran

Group) containing DIW (~200 mL) to produce a liquid to solid ratio of 10 g L-1. The three 10 x

10 x 20 mm blocks (one pre-weathered, each ~8 g) were placed in 1 L Duran bottles containing

DIW (~800 mL) to produce the same liquid to solid ratio. The Duran bottles were stoppered

with air-permeable foam bungs to allow interaction with the atmosphere. The Duran bottles

were kept on the lab bench at roughly 20 C. Periodically (after 0, 1, 2, 5, 8, 14, 28, 57 and 73

days) the bottles were gently swirled, allowed to settle until the supernatant was visually clear,

and then measured for pH and conductivity. Solution samples (1 mL) were taken of the clear

supernatant from each replicate and acidified with 5% HNO3 (9 mL; AnalaR NORMAPUR,

VWR) before ICP-OES analysis. After sampling, the experiments were made-up to their initial

volumes with DIW. After the final solution samples were collected, the entire solid fractions

were recovered using a 90 mm Buckner funnel and micro-glass fibre filters (Fisherbrand

MF200-90).

2.3 Scanning Electron Microscopy.

The recovered slag fractions were set in Araldite® epoxy resin (Huntsman Advanced

Materials), and the surface of the resulting resin blocks were polished using 3, 1, and 1/4 µm

diamond paste (Struers) to expose the slag pieces in cross-section. Back-scatter electron

micrographs were collected on a Quanta FEG 650 scanning electron microscope (SEM), which

was equipped with an Oxford Instruments INCA 350 energy-dispersive X-ray spectroscopy

(EDS) system controlled by AZtec acquisition software (i.e. for semi quantitative elemental

analysis and mapping applications; elemental composition data was calibrated using a Co metal

target). The AZTec software only reports EDS peaks that are >3 above baseline noise and

uses theoretical element peak area relationships to deconvolute any overlapping EDS peaks

(e.g. to avoid overestimation of the V K peak area in the presence of an overlapping Ti K

peak). Calibrated EDS data from each spot analysis was converted to mol%, and the total

elemental abundance was normalised to 100% to allow determination of stoichiometric ratios

(e.g. Ca/Si, V/Si etc.) within the phases analysed. Limits of detection are element specific, but

normally were between 0.1 – 0.2 mol%. The average surface alteration depth for each sample

was determined using perpendicular measurements at 50 µm intervals along the surface seen in

8-10 separate SEM images from each sample (n = 80 – 120; SI Fig. S1).
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2.4 Geochemical Analysis.

Solution pH and conductivity were measured using a Hach HQ40d multi-parameter

meter and regularly calibrated electrodes. Elemental concentrations in aqueous solutions were

determined by inductively coupled plasma atomic emission spectroscopy using a Thermo

Fisher iCAP 7400 Radial ICP-OES (limit of detection for each element is presented in SI Table

S1). Major and minor element composition of solid samples was determined by x-ray

fluorescence (XRF) spectroscopy using an Olympus X-5000 XRF analyser. Mineralogical

analysis was performed using a Bruker D8 X-ray diffractometer (XRD) using Cu K-alpha

radiation.

Results

3.1 Slag composition

The elemental composition of the slag was dominated by Ca, Fe and Si with Mn and

Mg as minor constituents (Table 1). XRD analysis (SI Fig. S2) showed it contains phases

structurally matched to larnite (dicalcium silicate; β-Ca2SiO4), brownmillerite (dicalcium

aluminoferrite; Ca2(Al, Fe)2O5), free lime (CaO) and a wüstite-like phase (FeO).

3.2 Leaching tests

The solution pH behaved similarly in the leaching tests of all the BOF slag size

fractions (Fig. 1). After 20 minutes of reaction the pH of all tests was 9 (including the

weathered block test), the maximum pH value was recorded after ~1 day and then the pH value

gradually decreased with time. The sand-sized slag fraction reached the highest pH value after

24 hrs (pH 11.7), and the gravel-sized fraction and the blocks reached progressively lower

maximum values (10.7, and 10.4 respectively). The pre-weathered block rapidly buffered the

solution to pH 9.0, but only a very modest further increase over the first 24 hrs (to pH 9.1)

before the pH decreased steadily until the end of the test.

The concentration of calcium ([Ca] mmol L-1) in the leaching tests on fresh slag

exhibited a similar pattern with time for all the size fractions (Fig. 1). Initially there was a rapid

increase in [Ca] to a short-term peak, a decrease in [Ca] at intermediate times, followed by a

subsequent increase in [Ca] in the long-term. Generally, the [Ca] was highest in the leaching

test on the sand-sized fraction, and progressively lower with increasing slag particle size. The

peak [Ca] in the leaching test on the sand-sized fraction occurred after 24 hrs (1.1 mmol L-1),

and unlike the tests on other size fractions, was larger than in the long-term [Ca] (0.58 mmol L-
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1). With the gravel-sized fraction the short-term peak also occurred after 24 hrs (0.34 mmol L-

1), but was less pronounced and exceeded by the long-term [Ca] (0.60 mmol L-1). With the

block samples the short-term peak (0.30 mmol L-1) occurred after 5 days, was quite modest in

magnitude and was just exceeded by the long-term [Ca] (0.34 mmol L-1). The leaching test on

the pre-weathered block exhibited no short-term peak, just a gradual increase in the [Ca] with

time, reaching a final [Ca] just slightly lower than other blocks (0.25 mmol L-1).

The variation in silicon concentrations ([Si], mmol L-1) with time exhibited a similar

pattern in all the leaching tests (Fig. 1); a gradual increase in concentration with time to a near

constant value after 73 days. Typically, at any time point, the [Si] was largest with the smallest

size-fraction (sand-sized), decreased with increasing particle size, and was smallest with the

pre-weathered block (the final concentrations were 1.1, 0.91, 0.47 and 0.08 mmol L-1 for sand-

sized, fine gravel-sized, blocks and pre-weathered block, respectively). Aqueous [Ca]/[Si]

ratios were consistently > 1 during the early part of the tests (< 5 days) for each size fraction

(SI Fig. S3). However, at later time points (>14 days) the [Ca]/[Si] ratios are consistently

between 0.7-0.9 (Table 2, SI Fig. S3) for all size fractions except the pre-weathered block

([Ca]/[Si] > 1 for the entire test).

The vanadium concentration ([V], mmol L-1) during leaching tests (Fig. 1) exhibits

very similar patterns to the [Si] concentrations, except [V] concentrations are approximately

4% of [Si] for each size fraction ([V]/[Si] ratios varied from 0.03-0.05 throughout each test;

Table 1, SI Fig. S3). As with [Si], the [V] was highest in the sand-sized fraction tests. The

concentrations of Na, Mg, K, Fe, Al, P, Cr, Mn, Ti, Zn, and As were also measured and largely

below detection limit in all leaching tests (SI Table S2).

3.3 SEM analysis of slag recovered from the leaching tests.

SEM analysis showed that the centre of slag particles consist an interlocking crystalline

matrix of typically 10-50 m grains (Fig. 2; SI Fig. S1). The major phases identified by XRD

analysis were also confirmed by EDS spot analysis (SI Fig. S4). The free lime phase was

substituted with Fe, Mn, Mg and Sc; the wüstite-like phase contained Fe, Mn, Mg and Ca; the

dicalcium silicate phase also contained a range of trace elements including P, Fe and V (SI

Table S3); and the dicalcium aluminoferrite phase also contained Ti, Mn, Cr and V.

All size fractions exhibited an alteration zone around the edge of particles, visible on

back-scatter electron micrographs (Fig. 2). The average alteration zone depth (as delineated by

the unaltered dicalcium aluminoferrite and refractory oxide fragments) was highly variable

within slag fractions, but generally increased with increasing particle size from ~30m on the

sand sized particles to ~150 m on the blocks (Table 3). The alteration zone depth on the
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surface of the pre-weathered block (~80m) was thinner (but within error) of the blocks despite

the additional period of leaching. EDS spot analysis indicated that dicalcium aluminoferrite and

refractory oxide phases remained in the altered zone, but free lime and dicalcium silicate are

largely absent, replaced by a low density Ca and Si containing phase, previously identified as a

calcium-silicate-hydrate phase (Ca-Si-H; SI Table S3; Hobson et al. 2017). SEM images of the

block samples (SI Fig. S5a) indicated that there were occasional voids within the specimens

remote from the block surface, and that some of these voids contained Ca-Si-H after

weathering. Furthermore, an additional Ca and O-containing layer (presumed to be CaCO3) was

occasionally seen on the surface of selected sand-sized slag particles, and the pre-weathered

block (SI Fig. S5b).

Detailed analysis of the Ca-Si-H layer present in the altered surface region of the slag

particles showed considerable variation between samples (Fig. 3a). Ca/Si ratios were generally

lower in the Ca-Si-H than that recorded in the dicalcium silicate phase (2.3 ±0.2) and averaged

0.7, 1.1 and 1.4 respectively in the altered surface region found in the sand, gravel and blocks

respectively (Table 2; SI Table S4). The Ca-Si-H phase was generally found to have an

amorphous structure, except for parts of the alteration zone of the block samples, which had a

blade like morphology similar to the Ca-Si-H(II) phase jennite (Allen et al. 2007, Richardson

1999). The surface (0-3 µm) of the Ca-Si-H phase was Ca depleted relative to the bulk phase,

except in sand sized particles. V/Si ratios in the Ca-Si-H phases were generally within

measurement error of the values found in the dicalcium silicates phase, although there was a

slight trend to decreasing V/Si with decreasing Ca/Si ratio in the Ca-Si-H phase (Fig. 4a). This

trend was also evident with some other trace elements within the Ca-Si-H (e.g. V, P, W, Al, Sc,

Mg; see Fig. 4 for selected examples), which indicates preferential trace element uptake to Ca-

Si-H with increasing Ca/Si ratio. However other trace constituents (e.g. Fe, Mn, Ti) do not

exhibit a strong trend with changes in Ca/Si of the Ca-Si-H phase.

Discussion

4.1 Surface alteration during BOF slag weathering under aerated conditions.

Dicalcium silicate and free lime dissolution, constitute the initial sources of dissolved

alkalinity, Ca, Si (and associated trace metals) during BOF slag weathering. The very high

aqueous Ca/Si ratios observed in the first five days of the leaching tests (SI Fig. S3) most likely

relate to a short period dominated by very rapid hydration and dissolution of free lime (Eqns 1

and 2; Shi et al. 2002).

CaO (s) + H2O  Ca(OH)2 (s) (1)
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Ca(OH)2 (s) Ca2+(aq) + 2OH- (2)

This is followed by a longer period (5-14 days) when [Si] and [Ca] were increasing and slower

dicalcium silicate dissolution dominates (Eqn. 3a; Taylor 1986);

Ca2SiO4(s) + 2H2O  2Ca2+(aq) + H2SiO4
2-(aq) + 2OH- (3a; pH <9)

6Ca2SiO4(s) + 12H2O  Ca5Si6O16(OH)2·4H2O (s) + 7Ca2+ (aq) + 14OH- (3b; pH <11)

6Ca2SiO4(s) + 14H2O  Ca9Si6O18(OH)6·8H2O (s) + 3Ca(OH)2 (s) (3c; pH >12)

(reactions 3b and c are simplified equations for the formation of tobermorite (Ca-Si-H (I)) and

jennite (Ca-Si-H (II)), respectively).

Weathering of BOF slag produced an altered zone at the surface on the slag particles

where free lime and dicalcium silicate were largely absent. In this zone a new, low density, Ca-

Si-H phase formed between the unaltered fragments of dicalcium aluminoferrite and wüstite.

Ca-Si-H gel phases are the main products when dicalcium silicate reacts with water (Chen et al.

2004, Jennings 1986, Taylor 1986) and rapidly form from solution by heterogeneous nucleation

(Garrault &Nonat 2001). In addition, the dicalcium silicate hydration mechanism is highly

dependent on water availability, and therefore, there is propensity for oversaturation and

retention of Ca(OH)2 within the alteration products (Eqns. 3b, c). There was no evidence for

extensive Ca-Si-H phases forming beyond the original surface of the slag particles. There were

occasional observations of alteration in pore space within the slag (BOF slag has effective

porosity of ~6% and accumulation of alteration products within voids is thought to contribute

to the increased aggregate strength observed in post-weathered BOF slags; Wu et al. 2007).

An additional Ca-containing layer was occasionally observed on the surface of the slag

particles that is consistent with calcium carbonate (CaCO3) which readily forms where alkaline

Ca2+-rich solutions are in contact with atmospheric CO2 (Eqn. 4).

Ca2+(aq) + CO2(aq) + 2OH-  CaCO3(s) + H2O (4)

At high pH, CaCO3 precipitation from Ca(OH)2 solutions is rapid, and limited only by the rate

of CO2 in-gassing and diffusion (Hodkin et al. 2016, Inskeep &Bloom 1985, Noyes et al.

1996). Thus, CO2 in-gassing and CaCO3 formation was responsible for the rapid reduction in

[Ca] immediately following the period of free lime dissolution and the general trend of

reducing pH with time during these experiments.

4.2 Effect of particle size on dicalcium silicate reaction.

There was a clear difference in the Ca/Si ratio of the neo-formed Ca-Si-H phase in the

slag leaching tests using sand, fine gravel, and the 10x10x20 mm blocks (0.7, 1.1 and 1.4

respectively). The Ca/Si ratio retained in Ca-Si-H phases gives a good indication of the solution
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chemistry in contact with the Ca-Si-H during precipitation. Ca-Si-H phases with a Ca/Si ratio <

1.0 form at relatively low pH (< 11), low [Ca] (< 2 mmol L-1) and high [Si] (> 1 mmol L-1)

(Walker et al. 2016, reviewed the experimental conditions in 777 separate Ca-Si-H

crystallisation experiments which produced phases with Ca/Si ratios ranging from 0.0 to 3.0).

Therefore the Ca-Si-H phase formed in the experiments using sand-sized particles is broadly

consistent with the bulk solution chemistry measured after 5 (Eqn. 3b). The solution chemistry

in the experiments using gravel particles and blocks also favour formation of Ca-Si-H with low

Ca/Si ratios. However, the Ca/Si ratios in the altered zone of the fine gravel particles and

medium gravel blocks were 1.1 and 1.4 respectively. Ca-Si-H phases with Ca/Si ratios >1

indicate formation from solutions with progressively higher [Ca], lower [Si] and high pH (up to

20 mmol L-1 Ca, pH 12.5, and <0.01 mmol L-1 Si; Walker et al. 2016). Therefore the local

microenvironment within the gel phase during Ca-Si-H precipitation must have been at

considerable disequilibria with respect to the bulk solution in these experiments. As there was

no obvious difference in slag composition between the experiments, the variation in the Ca-Si-

H Ca/Si ratios must relate to altered surface region thickness.

After the leaching tests, the depth of alteration zone increased with decreasing slag

surface area to volume ratio, i.e. alteration zone depth was greatest in the largest particles. This

was probably because systems with larger slag surface area initially caused more rapid changes

in the solution chemistry (resulting in higher [Ca] and [Si] in solution). Thus, when averaged

over the test, the degree of disequibria between the bulk solution and the alteration zone was

lower in tests with larger surface area, resulting in slower progression of the alteration zone

front into the smaller particles. For these particles, the shorter ion diffusion pathways led to

formation of a Ca-Si-H phase in conditions close to equilibrium with the bulk solution.

Conversely, for large particles, the thicker alteration zone indicates more rapid progression of

the alteration front, which led to longer ion diffusion pathways and more difference between

the chemistry of the alteration front and the bulk solution, and precipitation of Ca-Si-H with

higher Ca/Si ratios (Eqn. 3c; explaining the occasional observed jennite-like structures and

composition found in the block samples).

After two weeks in all experiments the rate of change in solution chemistry reduced

and the aqueous Ca/Si ratio evolved from that expected from initial free lime and dicalcium

silicate dissolution (> 2) to values much closer to those found in the Ca-Si-H layer (0.7 – 0.9).

This suggests that the rate of slag leaching had slowed significantly over the period of testing,

probably as a result of Ca-Si-H formation in the altered zone, and CaCO3 on the slag surface.

Thus leaching of fresh slag likely becomes a diffusion controlled process, limited by the rate at

which water can diffuse through the neo-formed precipitates to the zone within the slag where

free lime and dicalcium silicate are available to hydrate.
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There is also evidence that the surface of the Ca-Si-H layer that was originally in

contact with solution is depleted in Ca relative to the bulk of the Ca-Si-H layer. This may

represent an incipient secondary alteration front forming within the Ca-Si-H layer. In Portland

cement evolution, early formed Ca-Si-H(II) with an imperfect jennite structure containing

Ca(OH)2 and a Ca/Si of 1.5 – 2.2 (typically 2.0; Chen et al. 2004, Gard &Taylor 1976)

commonly recrystallizes as pore fluid composition evolves to lower [Ca] and lower pH to form

Ca-Si-H(I) with an imperfect tobermorite structure with a Ca/Si of 0.67 – 1.5 (typically ~0.8;

Chen et al. 2004). In these experiments, however, it is more likely that this surface alteration

simply represents the preferential loss of more soluble elements (i.e. Ca) from the Ca-Si-H

phase prior to full dissolution. Trace element ratios (e.g. V/Si and P/Si) within the Ca-Si-H

were also notable lower in areas with lower Ca/Si ratios (Fig. 4). Therefore, Ca-Si-H alteration

potentially also offers a mechanism for trace element release to solution.

4.3 Controls on Vanadium release during slag weathering.

V release from BOF slag is of concern due to its generally high concentration in slag

(Chaurand et al. 2006, De Windt et al. 2011, Proctor et al. 2000, Tossavainen et al. 2007), its

high aquatic toxicity as dissolved V(V) (Barceloux 1999, Jensen-Fontaine et al. 2014, Mišík et

al. 2014), and the increased mobility of the vanadate oxyanion at high pH (Peacock &Sherman

2004, Wehrli &Stumm 1989). During BOF slag leaching [V] is thought to be ultimately limited

by Ca3(VO4)2 solubility (Ksp = 10-17.97; Allison et al. 1991, Cornelis et al. 2008, De Windt et al.

2011, Huijgen &Comans 2006, Schindler et al. 2000). Due to the inverse relationship of [Ca]

and [V] implied by Ca3(VO4)2 solubility, and high [Ca] due to Ca(OH)2 equilibrium, [V] is

normally limited to very low concentrations in slag leachates (Fig. 5). However, under aerated

leaching conditions [Ca] and hydroxide are removed by CaCO3 precipitation (Eqn. 4), leading

the conditions where V can accumulate in solution at much higher concentrations. In all the

slag leaching experiments, the solution composition evolves with time towards equilibrium

with both CaCO3 and Ca3(VO4)2. Experiments using sand-sized particles reach this end point

most rapidly due to higher surface area, and total Ca2SiO4 dissolved, but the experiments with

the gravel and block samples show significant progression towards that end point. The initial

release of V to solution is due to dicalcium silicate dissolution (Eqn. 3a) but as the reaction

progresses V is probably isomorphically substituted for Si within the neo-formed Ca-Si-H

phase (Eqn. 3b, c; as observed by Hobson et al. 2017). After 2 weeks, V release is reduced as

slow Ca-Si-H dissolution becomes the dominant V leaching process in all experiments. This

ultimate end-point is most clearly illustrated by the leaching experiment using the pre-

weathered block, in which the initial rapid dicalcium silicate / free lime dominated leaching

phase is not observed and solution chemistry is controlled by slower dissolution of secondary

Ca-Si-H and CaCO3 phases present at the slag surface (with notably lower rates of V release).
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4.4 Implications of storage and reuse of BOF slag.

There are 3 distinct phases during the weathering on BOF slag particles under aerated

conditions. Firstly, a relatively short period when leaching is dominated by hydration and

dissolution of free lime; secondly the hydration and dissolution of dicalcium silicate present at

the surface of the slag particles; and thirdly a longer period when leaching is primarily

controlled by much slower dissolution of secondary phases that form on the surface of slag

particles.

Although CO2 is available from atmosphere the initial rate of leaching is such that high

pH, high [Ca] leachates are rapidly produced, especially if fine high surface area particles are

present with crushed slag gravels. Over time, CO2 in-gassing removes Ca and hydroxide,

moderating solution pH and [Ca]. However, This produces conditions highly conducive to the

accumulation of the V released from dicalcium silicate in solution (i.e. low [Ca] permits much

higher [V] before equilibrium with Ca3(VO4)2 is reached). Therefore, it is important that during

slag weathering (e.g. in windrows) the early formed leachates are carefully monitored and

managed to avoid any potential for environmental harm. Potential environmental harm may be

minimised by conducting initial BOF Slag pre-conditioning under water saturated conditions

(limiting CO2 in-gassing, and limiting V accumulation in leachates), followed by leachate

treatment (e.g. aeration) designed to promote CO2 in-gassing, Ca removal and pH reduction

(Gomes et al. 2017).

After the initial weathering period, a Ca-Si-H surface layer was formed on the slag

particles. The presence of this layer indicates a shift from rapid solubility controlled weathering

of dicalcium silicate to a slower diffusion limited process. In addition, other slag phases

embedded in the Ca-Si-H such as V-hosting brownmillerite (Chaurand et al. 2007a, Chaurand

et al. 2007b, Hobson et al. 2017), which becomes unstable below pH 8 (Engström et al. 2013),

will be protected by buffering of micro-habits within the surface region by Ca-Si-H to pH > 9,

reducing the potential for metal leaching. Release of trace elements (including V) from the pre-

conditioned blocks will largely depend on the dissolution / recrystallization rates of the Ca-Si-

H host phases. However, the formation of thick alteration layers, and the fact that the Ca-Si-H

is still present at the original slag surface after 9 months (in the pre-weathered block), indicates

that Ca-Si-H weathering rates are slow. In addition, diffusion limited hydration of dicalcium

silicate may cause the Ca-Si-H layer to thicken over time, increasing the water diffusion

pathway until dicalcium silicate hydration also becomes limited by Ca-Si-H dissolution rates.

Thus, unless the BOF slag particles are physically broken to expose fresh surfaces, future

generation of highly alkaline metal-rich leachates during after use is not expected, leading to

low potential for environmental harm during most after use situations.
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Conclusions

Initial leaching of BOF slag under aerated conditions is dominated by rapid hydration

and dissolution of the free lime and dicalcium silicate phases present at particle surfaces.

Preconditioning of BOF slag under fully aerated water promotes accumulation of V in solution.

Therefore, initial leaching under air-excluded conditions is advisable as V concentrations are

orders of magnitude lower in Ca(OH)2 saturated solutions (although this may necessitate

separate leachate treatment to reduce alkalinity prior to leachate discharge). After a relatively

short period (two weeks under water immersion) solution chemistry becomes dominated by

dissolution of the secondary Ca-Si-H and CaCO3 phases that replace and covered the primary

slag phases at the surface of the particles. This isolates the more reactive primary slag phase in

the interior of particles and slows the overall release of alkalinity and metals to solution,

leading to much lower potential for environmental harm during after use in a range of

engineering applications.
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Tables and Figures

Table 1. Major element composition of Yarborough BOF steel slag (21 samples).

Oxide % w/w

CaO 40 ±5.4

FeO 32 ±9.4

SiO2 14 ±3.4

MgO 5.2 ±1.1

MnO 4.5 ±0.8

Al2O3 1.2 ±0.4

P2O5 1.3 ±0.4

V2O5 0.81 ±0.24

TiO2 0.30 ±0.13

Cr2O3 0.24 ±0.13

SO3 0.23 ±0.09

TOTAL 98.7

Table 2. SEM-EDS element ratios determined in the unreacted Ca2SiO4 phases and the Ca-Si-
H phase found in slag particle surface layers after 73 days water leaching; and, corresponding
aqueous solution ratios calculated for solutions in contact with the slag particles.

Fraction Phase Ca/Si# V/Si# n

Sand fraction
0.5-1 mm

Ca2SiO4 2.31 ± 0.02 0.011 ± 0.004 7

Bulk Ca-Si-H 0.72 ± 0.29 0.008 ± 0.005 37

Ca-Si-H Surface layer* 0.71 ± 0.15 0.006 ± 0.002 7

Aqueous solution^ 0.70 ± 0.23 0.033 ± 0.003 12

Gravel fraction
2-5 mm

Ca2SiO4 2.24 ± 0.02 0.010 ± 0.002 6

Bulk Ca-Si-H 1.12 ± 0.54 0.009 ± 0.005 31

Ca-Si-H surface layer* 0.73 ± 0.30 0.006 ± 0.003 4

Aqueous solution^ 0.67 ± 0.11 0.029± 0.002 12

Blocks
20x10x10 mm

Ca2SiO4 2.30 ± 0.16 0.029 ± 0.021 17

Bulk Ca-Si-H 1.40 ± 0.32 0.051 ± 0.033 21

Ca-Si-H surface layer* 1.15 ± 0.22 0.021 ± 0.012 4

Aqueous solution^ 0.89 ± 0.10 0.045 ± 0.006 8
#element ratio uncertainty is 1 SD.
*0-3 µm from particle surface
^average of data after 14 days reaction
n is the number of EDS measurements for each phase.
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Table 3. Thickness of the weathered zone on different sized BOF slag particles after leaching
for 73 days

Slag fraction Size range Specific
Surface area

(m2/kg)

Alteration
depth (µm)#

n

Sand 0.5-1 mm 1.7-3.3* 31 ± 20 111

Gravel 2-5 mm 0.3-0.7* 57 ± 22 90

Block 10x10x20mm 0.15 147 ± 74 115

Pre-weathered block 10x10x20 0.15 80 ± 34 80
#Alteration depth uncertainty is 1 SD
*Assumes cuboid particles and a slag density of 3600 kg/m3

n is the number of alteration depth measurements.

Figure 1. Evolution of solution pH, and aqueous Ca, Si and V concentrations (mmol L-1)

measured in leaching tests using 3 different sized BOF slag particles. Dashed lines show the

limit of detections. Error bars show one standard deviation of triplicate measurements; where

not shown, error bars are less than the size of the symbols used.

A) B)
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Figure 2. Example backscattered electron micrographs collected from the alteration zones

present in different sized BOF slag particles after leaching for 73 days. All images shown at

same scale, white arrows indicate measured alteration thickness.

Figure 3. Distribution of SEM-EDS element ratios determined in the Ca-Si-H phase in the

altered surface layer observed at the surface of slag particles after 73 days leaching.
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Figure 4. Variation in A) V/Si, B) P/Si, C) Ti/Si and D) Fe/Si as a function of Ca/SI ratio

within the Ca-Si-H phases found in the surface alteration zone on slag particles.
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Figure 5. Plot of [V] versus [Ca] during the leaching tests on different BOF steel slag size
fractions. Selected field data and end-point data from other aerated and air excluded leaching
tests are shown for comparison (Experimental data from De Windt et al. 2011, Hobson et al.
2017, Huijgen &Comans 2006, site data from Mayes et al. 2008, Riley &Mayes 2015, Roadcap
et al. 2005). Dotted line marks the solubility limit for Ca3(VO4)2 at 20 °C (Log Ksp = -17.97;
Allison et al. 1991). Vertical dashed lines indicate [Ca] in solutions in equilibrium with calcite
in contact with atmospheric CO2 or with Ca(OH)2 respectively (both at 20 °C).
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SI Table S1. Limits of detection for each element measured by ICP-OES.

Element
Limit of Detection

(mmol L-1)

Na 0.2857
Mg 0.0178
K 0.0793
Fe 0.0075
Si 0.0416
Al 0.0312
P 0.0031
V 0.0008
Cr 0.0009
Mn 0.0011
Ti 0.0010
Ca 0.0204

Zn 0.0002
As 0.0004
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SI Table S2. Experimental conditions and solution concentrations, as determined by ICP-OES. DL = below detection limit.

Size
Fraction

Day pH
Conductivity Na Mg K Fe Si Al P V Cr Mn Ti Ca Zn As

(μS) (mmol L-1)

0

10.9 53 DL DL DL 0.020 DL DL DL DL DL 0.004 DL 0.155 DL DL

- - - - - - - - - - - - - - - -

10.7 32 DL DL DL 0.008 DL DL DL DL DL 0.002 DL 0.064 DL DL

1

11.8 790 DL DL DL DL DL DL DL DL DL DL DL 1.087 DL DL

11.6 664 DL DL DL DL DL DL DL DL DL DL DL 0.944 DL DL

11.7 725 DL DL DL DL DL DL DL DL DL DL DL 1.182 DL DL

2

11.6 731 DL DL DL DL DL DL DL DL DL DL DL 1.064 DL DL

11.5 575 DL DL DL DL DL DL DL DL DL DL DL 0.816 DL DL

11.5 679 DL DL DL DL DL DL DL DL DL DL DL 0.987 DL DL

5

11.0 186.1 DL DL DL DL 0.091 DL DL 0.002 DL 0.001 DL 0.443 0.001 DL

10.6 105.7 DL DL DL DL 0.081 DL DL 0.002 DL DL DL 0.231 0.004 DL

10.9 166.5 DL DL DL DL 0.092 DL DL 0.002 DL DL DL 0.340 0.001 DL

8

10.5 137.5 DL DL DL DL 0.333 DL DL 0.011 DL 0.001 DL 0.420 DL DL

10.4 118.2 DL DL DL DL 0.296 DL DL 0.007 DL DL DL 0.306 DL DL

10.4 119.7 DL DL DL DL 0.292 DL DL 0.008 DL DL DL 0.415 DL DL

14

10.3 168.1 DL DL DL DL 0.875 DL DL 0.024 DL 0.003 DL 0.683 DL DL

10.2 146.9 DL DL DL DL 0.793 DL DL 0.020 DL 0.001 DL 0.511 DL DL

10.1 120.1 DL DL DL DL 0.676 DL DL 0.018 DL 0.002 DL 0.431 DL DL

28

9.5 133.2 DL DL DL 0.028 1.161 DL DL 0.031 DL 0.008 DL 0.810 DL DL

9.8 127.5 DL DL DL DL 1.100 DL DL 0.029 DL DL DL 0.536 DL DL

9.9 133 DL DL DL DL 1.092 DL DL 0.029 DL 0.001 DL 1.163 DL DL

57

8.5 116.9 DL 0.019 DL 0.026 1.212 DL DL 0.036 DL 0.006 DL 0.932 DL DL

8.6 118.6 DL DL DL DL 1.119 DL DL 0.034 DL DL DL 0.518 DL DL

8.7 122.9 DL DL DL 0.008 1.716 DL 0.004 0.051 DL 0.003 DL 0.867 DL DL

73

8.8 119.9 DL DL DL DL 1.155 DL DL 0.037 DL DL DL 0.551 DL DL

8.7 116.5 DL DL DL DL 1.112 DL DL 0.036 DL 0.001 DL 0.547 DL DL

8.7 114.2 DL DL DL 0.012 1.165 DL DL 0.037 DL 0.004 DL 0.655 DL DL
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SI Table S2. Continued

Size
Fraction

Day pH
Conductivity Na Mg K Fe Si Al P V Cr Mn Ti Ca Zn As

(μS) (mmol L-1)

0

10.3 24.9 DL DL DL DL DL DL DL DL DL DL DL 0.038 DL DL

10.2 20.59 DL DL DL DL DL DL DL DL DL DL DL 0.026 DL DL

10.0 19.22 DL DL DL DL DL DL DL DL DL DL DL 0.034 DL DL

1

10.8 156.9 DL DL DL DL DL DL DL DL DL DL DL 0.386 DL DL

10.7 132 DL DL DL DL DL DL DL DL DL DL DL 0.322 DL DL

10.7 134.4 DL DL DL DL DL DL DL DL DL DL DL 0.313 DL DL

2

10.3 89.7 DL DL DL DL 0.070 DL DL 0.001 DL DL DL 0.221 DL DL

10.2 94.1 DL DL DL DL 0.083 DL DL 0.002 DL DL DL 0.239 DL DL

10.1 86.2 DL DL DL DL 0.091 DL DL 0.002 DL DL DL 0.210 DL DL

5

10.0 85.9 DL DL DL DL 0.255 DL DL 0.006 DL DL DL 0.233 DL DL

9.8 80.2 DL DL DL DL 0.229 DL DL 0.006 DL DL DL 0.219 DL DL

10.1 96.4 DL DL DL DL 0.315 DL DL 0.007 DL DL DL 0.281 0.000 DL

8

9.8 91.1 DL DL DL DL 0.398 DL DL 0.009 DL DL DL 0.263 DL DL

9.7 87 DL DL DL DL 0.370 DL DL 0.009 DL DL DL 0.251 DL DL

9.8 92.7 DL DL DL DL 0.456 DL DL 0.010 DL DL DL 0.283 DL DL

14

9.6 94.2 DL DL DL DL 0.714 DL DL 0.017 DL DL DL 0.332 DL DL

9.4 88.5 DL DL DL DL 0.594 DL DL 0.014 DL DL DL 0.301 DL DL

9.4 91.6 DL DL DL DL 0.646 DL DL 0.015 DL DL DL 0.314 DL DL

28

9.2 144.7 DL DL DL DL 0.859 DL DL 0.021 DL DL DL 0.405 DL DL

9.1 110.3 DL DL DL DL 0.716 DL DL 0.018 DL DL DL 0.384 DL DL

9.3 110.9 DL DL DL DL 0.801 DL DL 0.019 DL DL DL 0.407 DL DL

57

8.5 138 DL DL DL DL 0.918 DL DL 0.024 DL DL DL 0.620 DL DL

8.4 131.5 DL DL DL DL 0.824 DL DL 0.022 DL DL DL 0.562 DL DL

8.5 135.6 DL DL DL DL 0.810 DL 0.003 0.022 DL DL DL 0.608 DL DL

73

8.5 133.3 DL 0.019 DL DL 0.967 DL DL 0.028 DL DL DL 0.636 DL DL

8.4 124.2 DL DL DL DL 0.892 DL DL 0.026 DL DL DL 0.572 DL DL

8.3 128.2 DL DL DL DL 0.876 DL DL 0.025 DL DL DL 0.581 DL DL
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SI Table S2. Continued

Size
Fraction

Day pH
Conductivity Na Mg K Fe Si Al P V Cr Mn Ti Ca Zn As

(μS) (mmol L-1)

0
9.6 11.89 DL DL DL DL DL DL DL DL DL DL DL DL DL DL

9.4 11.57 DL DL DL DL DL DL DL DL DL DL DL DL DL DL

1
10.5 84.3 DL DL DL DL DL DL DL DL DL DL DL 0.152 DL DL

10.3 66.7 DL DL DL DL DL DL DL DL DL DL DL 0.114 DL DL

2
10.3 100.3 DL DL DL DL 0.059 DL DL 0.001 DL DL DL 0.248 DL DL

10.1 80.5 DL DL DL DL 0.049 DL DL 0.001 DL DL DL 0.183 DL DL

5
10.1 106.5 DL DL DL DL 0.124 DL DL 0.003 DL DL DL 0.316 DL DL

9.9 95.9 DL DL DL DL 0.106 DL DL 0.003 DL DL DL 0.279 0.001 DL

8
9.7 85.2 DL DL DL DL 0.178 DL DL 0.005 DL DL DL 0.249 DL DL

9.6 81.5 DL DL DL DL 0.153 DL DL 0.004 DL DL DL 0.231 DL DL

14
9.5 73.3 DL DL DL DL 0.271 DL DL 0.009 DL DL DL 0.231 DL DL

9.4 72.8 DL DL DL DL 0.240 DL DL 0.008 DL DL DL 0.230 DL DL

28
9.3 77.9 DL DL DL DL 0.366 DL DL 0.014 DL DL DL 0.263 DL DL

9.2 79.2 DL DL DL DL 0.321 DL DL 0.011 DL DL DL 0.258 DL DL

57
8.3 101 DL DL DL DL 0.479 DL DL 0.021 DL DL DL 0.351 DL DL

8.2 94.2 DL DL DL DL 0.415 DL DL 0.017 DL DL DL 0.293 DL DL

73
8.0 95.6 DL DL DL DL 0.508 DL DL 0.024 DL DL DL 0.379 DL DL

7.6 87.3 DL DL DL DL 0.434 DL DL 0.019 DL DL DL 0.309 DL DL

0 9.0 10.28 DL DL DL DL DL DL DL DL DL DL DL DL DL DL

1 9.1 18.45 DL DL DL DL DL DL DL DL DL DL DL DL DL DL

2 9.0 20.53 DL DL DL DL DL DL DL DL DL DL DL DL DL DL

5 8.9 28.5 DL DL DL DL DL DL DL DL DL DL DL 0.042 DL DL

8 8.7 33.6 DL DL DL DL DL DL DL DL DL DL DL 0.062 DL DL

14 8.6 43 DL DL DL DL DL DL DL 0.001 DL DL DL 0.115 DL DL

28 8.6 63.6 DL DL DL DL 0.064 DL DL 0.002 DL DL DL 0.198 DL DL

57 7.8 91 DL DL DL DL 0.084 DL DL 0.003 DL DL DL 0.282 DL DL

73 6.7 85.7 DL DL DL DL 0.076 DL DL 0.003 DL DL DL 0.248 DL DL
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SI Table S3. Average phase composition determined by SEM-EDS spot analysis performed on the
unreacted Ca2SiO4 phase within BOF slag particles and the Ca-Si-H phase that replaces Ca2SiO4 in
the surface alteration zone.

Element

A.Ca2SiO4 B. Ca-Si-H Enrichment
factorn = 17 n = 89

Mol % ± 1σ Mol % ± 1σ (B/A)

O 56.4 ±2.7 55.6 ±9.2 1.0

Mg 0.13 ±0.09 0.41 ±0.77 3.2

Al 0.20 ±0.14 0.70 ±0.33 3.4

Si 11.8 ±0.65 17.7 ±5.9 1.5

P 1.41 ±0.08 4.45 ±1.46 3.2

S n.d.* 0.16 ±0.14 -

Cl n.d.* 0.12 ±0.07 -

Ca 27.4 ±1.4 16.1 ±5.1 0.6

Sc 0.19 ±0.04 0.12 ±0.08 0.6

Ti 0.14 ±0.10 0.50 ±0.28 3.6

V 0.22 ±0.22 0.28 ±0.35 1.3

Mn 0.05 ±0.02 0.25 ±0.44 5.5

Fe 0.50 ±0.11 2.43 ±2.43 5.0

W 0.06 ±0.01 0.13±0.04 2.2

Total 98.5 99.0

*not detected.
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SI Table S4. Chemical composition of phases in the surface alteration zone as a function of distance from the surface. Measured by SEM-EDS.

Size
Fraction

Phase
Distance from surface O Mg Al Si P S Cl Ca Sc Ti V Mn Fe Lu W

(μm) mol % 

Ca-Si-H 0 67.25 0.21 0.69 15.30 3.26 0.04 0.12 10.81 0.07 0.40 0.12 0.14 1.52
-

0.02
0.09

Ca-Si-H 3 49.11 0.24 0.78 24.01 3.88 0.06 0.12 17.92 0.12 0.74 0.23 0.15 2.43 0.04 0.18

Ca-Si-H 5 38.82 0.24 0.83 31.47 3.84 ND 0.20 19.61 0.12 1.04 0.24 0.17 3.21 ND 0.23

Ca-Si-H 10 49.61 0.33 0.72 26.09 2.62 0.18 0.17 15.13 ND 0.89 0.33 0.21 3.65 ND 0.07

Ca-Si-H 15 43.79 0.29 0.86 27.52 3.63 0.07 0.20 18.03 0.13 0.63 0.20 0.26 4.26
-

0.04
0.18

Ca-Si-H 18 59.47 0.36 0.65 21.80 3.52 0.07 0.12 11.70 0.08 0.38 0.10 0.10 1.53 0.00 0.12

Ca-Si-H 25 39.27 0.26 0.52 23.23 2.86 ND 0.17 14.63 0.10 0.59 0.23 0.14 2.20 ND 0.15

Ca-Si-H 29 55.93 0.41 0.56 24.75 3.93 ND 0.11 11.79 0.11 0.40 0.12 0.08 1.67 ND 0.14

Ca-Si-H 34 57.13 0.42 0.50 23.12 4.00 ND 0.11 12.35 ND 0.41 0.10 0.11 1.64 ND 0.13

Ca-Si-H 40 55.98 0.39 0.46 23.83 3.98 ND 0.15 12.86 ND 0.38 0.14 0.08 1.58 ND 0.16

Ca-Si-H 46 65.06 0.51 0.58 20.14 2.76 0.16 0.08 8.71 0.07 0.28 0.08 0.09 1.36 0.01 0.08

Ca-Si-H/Ca2SiO4 52 62.32 0.19 0.19 11.32 1.39 0.06 ND 23.50 0.14 0.07 0.09 0.06 0.54 ND 0.05

Ca2SiO4 60 57.38 ND 0.14 12.08 1.50 ND ND 27.91 0.17 0.09 0.11 0.04 0.53 ND 0.05

Ca2SiO4 63 52.07 0.23 ND 10.99 1.32 ND ND 25.70 0.26 0.07 0.19 0.04 0.53 0.00 0.06

Ca2SiO4 65 50.47 ND 0.16 10.66 1.30 ND ND 24.82 0.24 0.07 0.16 0.06 0.54 ND ND

Ca-Si-H 0 55.84 0.30 0.65 23.12 4.41 ND 0.22 12.74 ND 0.39 0.12 0.17 1.87 0.00 0.11

Ca-Si-H 3 44.99 0.35 0.55 26.44 4.82 ND 0.19 18.88 0.10 0.56 0.15 0.17 2.58 ND 0.23

Ca-Si-H 6 36.24 0.50 0.67 31.73 5.29 ND 0.22 19.66 0.16 0.61 0.15 0.43 4.15 ND 0.19

Ca-Si-H 10 37.81 1.26 0.62 28.67 4.53 0.19 0.21 15.63 0.10 0.51 0.13 1.26 8.79 ND 0.20

Ca-Si-H 16 47.30 0.47 0.69 30.12 3.65 ND 0.19 12.88 0.08 0.62 0.15 0.34 3.22 ND 0.16

Ca-Si-H 20 56.86 0.34 0.82 26.10 2.63 0.12 0.17 9.76 0.09 0.57 0.10 0.17 2.18 0.00 0.08
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SI Table S4. Continued.

Size
Fraction

Phase
Distance from surface O Mg Al Si P S Cl Ca Sc Ti V Mn Fe Lu W

(μm) mol % 

Ca-Si-H 0 65.06 0.51 0.47 18.69 3.27 0.11 0.12 9.29 0.07 0.28 0.08 0.40 1.45 ND 0.10

Ca-Si-H 5 58.32 0.72 0.59 24.48 3.20 ND 0.15 9.61 ND 0.44 0.09 0.11 2.16 ND 0.13

Ca-Si-H 19 53.42 0.80 0.69 31.03 1.99 ND 0.17 8.50 0.56 0.07 0.04 0.10 2.55 ND 0.15

Ca-Si-H 37 42.48 0.40 0.38 22.43 5.57 ND 0.10 24.71 0.16 0.48 0.24 0.22 2.67 ND 0.16

Ca-Si-H 41 58.02 0.29 0.92 14.62 4.19 0.05 0.05 17.86 0.15 0.63 0.36 0.20 2.51 ND 0.11

Ca-Si-H 49 45.29 0.24 0.26 10.14 2.92 ND 0.06 11.26 0.08 0.18 0.10 0.06 1.07 ND 0.11

Ca-Si-H 52 44.59 0.35 0.81 16.15 5.75 0.07 0.10 26.08 0.15 0.56 0.55 0.31 4.26 ND 0.13

Ca-Si-H 61 52.57 0.49 0.40 22.62 5.18 ND 0.10 16.32 0.11 0.33 0.13 0.10 1.51 ND 0.13

Ca-Si-H 68 47.27 0.54 0.51 26.61 4.50 0.06 0.13 17.39 0.10 0.42 0.15 0.08 2.03 ND 0.17

Ca-Si-H 71 61.57 0.80 0.41 20.39 3.30 0.07 0.07 11.66 0.08 0.25 0.09 0.05 1.12 ND 0.11

Ca-Si-H/Ca2SiO4 76 56.04 0.23 0.17 13.25 1.72 ND ND 27.65 0.17 0.13 0.05 0.53 ND ND 0.07

Ca2SiO4 79 56.46 ND 0.13 12.34 1.51 ND ND 28.62 0.19 ND 0.12 0.05 0.43 ND 0.07

Ca2SiO4 82 57.33 ND 0.15 12.10 1.51 ND ND 27.89 0.18 0.10 0.14 0.05 0.47 ND ND

Ca-Si-H 0 61.93 0.44 0.53 14.90 4.24 ND 0.12 13.26 ND 0.24 0.12 0.57 3.49 0.02 0.10

Ca-Si-H 2 62.35 0.21 0.53 16.08 4.69 ND 0.06 14.11 0.11 0.24 0.13 0.13 1.26 -0.02 0.12

Ca-Si-H 4 37.73 0.58 0.39 21.29 4.94 ND 0.06 19.54 ND 0.38 0.17 0.10 2.26 12.38 0.19

Ca-Si-H 7 26.63 0.55 0.39 22.48 5.34 ND 0.08 21.70 ND 0.34 0.26 3.23 18.66 ND 0.19

Ca-Si-H 11 37.51 0.19 0.39 17.89 4.75 ND 0.08 18.40 0.12 0.26 0.15 0.14 1.43 -0.02 0.15

Ca-Si-H 16 42.89 0.24 0.35 23.89 5.84 ND 0.10 23.45 0.12 0.42 0.20 0.16 2.12 ND 0.22

Ca-Si-H 18 52.35 0.29 0.32 21.43 4.89 ND 0.06 17.99 0.08 0.32 0.19 0.17 1.74 ND 0.16

Ca-Si-H 22 55.20 0.36 0.38 22.93 4.39 ND 0.09 14.32 0.07 0.33 0.12 0.10 1.57 ND 0.14

Ca-Si-H 28 61.15 0.40 0.44 22.21 3.42 ND 0.12 10.32 0.08 0.28 0.09 0.08 1.31 ND 0.11

Ca-Si-H 33 53.74 0.25 0.30 18.19 2.67 ND 0.06 22.59 0.15 0.29 0.13 0.10 1.34 ND 0.14

Ca-Si-H/Ca2SiO4 36 58.90 0.23 0.23 15.47 2.22 ND 0.03 21.60 0.12 0.14 0.11 0.06 0.80 ND 0.10

Ca2SiO4 38 58.29 0.06 0.10 12.00 1.44 ND ND 27.24 0.15 0.07 0.08 0.05 0.46 ND 0.06

Ca2SiO4 44 57.28 ND 0.11 12.23 1.48 ND ND 28.12 0.19 ND 0.10 0.04 0.39 ND 0.07

SI Table S4. Continued.
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Size
Fraction

Phase
Distance from surface O Mg Al Si P S Cl Ca Sc Ti V Mn Fe Lu W

(μm) mol % 

Ca-Si-H 0 48.10 0.51 0.71 21.90 4.68 0.06 0.16 20.14 0.14 0.83 0.19 0.14 2.29 ND 0.16

Ca-Si-H 3 52.03 0.45 0.54 19.30 3.76 ND 0.14 20.09 0.16 0.88 0.17 0.07 2.28 ND 0.15

Ca-Si-H 5 41.22 0.55 0.48 23.08 4.60 0.09 0.20 25.00 0.17 1.06 0.21 0.10 3.05 ND 0.19

Ca-Si-H 3 59.69 0.45 0.56 17.39 4.05 0.05 0.15 15.12 ND 0.41 0.12 0.08 1.81 ND 0.10

Ca-Si-H 2 67.08 0.08 1.50 15.79 3.49 ND 0.15 8.21 0.06 1.01 0.12 0.13 2.24 ND 0.07

Ca-Si-H 3 58.48 0.18 1.36 13.86 5.21 0.24 0.12 13.96 0.09 0.67 0.27 0.24 5.14 ND 0.09

Ca-Si-H 2 51.91 0.37 0.92 10.38 2.90 0.04 0.08 7.02 0.05 0.41 0.05 0.17 1.82 ND 0.07

Ca-Si-H 8 55.01 0.20 0.97 13.19 7.15 0.07 0.10 19.60 0.15 0.56 0.15 0.16 2.41 ND 0.15

Ca-Si-H 12 61.21 0.14 0.67 8.82 6.46 0.08 0.07 18.21 0.11 0.35 0.17 0.29 3.04 ND 0.09

Ca-Si-H 17 56.68 0.17 0.76 10.69 7.74 0.24 0.07 20.40 0.11 0.38 0.15 0.23 2.09 ND 0.13

Ca-Si-H 23 63.36 0.20 0.48 7.60 6.16 0.31 0.06 19.20 0.11 0.30 0.12 0.19 1.75 ND 0.09

Ca-Si-H 30 68.69 0.17 0.58 8.25 6.44 0.27 0.04 13.69 0.08 0.22 0.08 0.11 1.04 ND 0.09

Ca-Si-H 39 58.98 0.14 0.62 10.96 8.03 0.16 0.09 18.32 0.14 0.36 0.11 0.17 1.57 ND 0.14

Ca-Si-H 48 63.14 0.18 1.72 19.36 3.19 0.11 0.14 8.94 ND 0.75 0.13 0.16 2.06 ND 0.08

Ca-Si-H 63 59.38 0.28 0.35 17.68 3.89 0.13 0.03 16.11 0.09 0.31 0.15 0.10 1.28 ND 0.12

Ca-Si-H 66 69.45 0.36 0.38 14.47 3.95 0.11 0.02 10.07 0.07 0.16 0.08 0.05 0.66 ND 0.10

Ca-Si-H 69 62.32 0.22 0.33 18.34 4.16 0.11 ND 13.01 0.08 0.18 0.11 0.07 0.86 ND 0.12

Ca-Si-H 72 66.14 0.24 0.36 18.80 2.81 ND ND 10.45 0.07 0.15 0.09 0.05 0.65 ND 0.10

Ca-Si-H/Ca2SiO4 75 71.34 0.07 ND 10.63 1.31 ND ND 15.88 0.12 0.07 0.03 0.34 ND ND 0.04

Ca2SiO4 78 60.35 ND 0.19 11.95 1.35 ND ND 25.41 0.17 ND 0.10 0.03 0.39 ND 0.05

Ca2SiO4 83 59.63 ND 0.17 12.00 1.34 ND ND 26.01 0.18 ND 0.10 0.04 0.40 ND 0.06

Ca2SiO4 90 57.99 0.09 0.20 12.06 1.47 ND ND 26.64 0.31 ND 0.13 0.10 0.77 ND 0.05
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SI Table S4. Continued.

Size
Fraction

Phase
Distance from surface O Mg Al Si P S Cl Ca Sc Ti V Mn Fe Lu W

(μm) mol % 

Ca-Si-H 0 73.76 0.16 1.49 13.59 1.77 0.06 0.51 6.55 0.05 0.40 0.06 0.09 1.52 ND ND

Ca-Si-H 1.5 65.11 0.17 1.71 18.65 2.69 0.06 0.16 8.55 0.53 ND 0.07 0.11 2.11 ND 0.08

Ca-Si-H 9 61.02 0.20 0.89 13.36 6.78 0.14 0.11 14.76 0.12 0.41 0.12 0.17 1.82 ND 0.12

Ca-Si-H 19 57.59 0.15 0.85 15.37 6.37 0.08 0.07 16.15 0.12 0.56 0.11 0.15 2.27 ND 0.16

Ca-Si-H 28 61.18 0.12 0.61 11.91 7.34 ND 0.13 16.18 0.10 0.36 0.12 0.13 1.60 ND 0.13

Ca-Si-H 38 58.24 0.09 0.44 9.96 8.76 ND 0.11 20.02 0.15 0.30 0.15 0.18 1.50 ND 0.08

Ca-Si-H 56 58.36 0.19 0.40 9.75 8.50 0.38 0.05 19.96 0.13 0.26 0.15 0.17 1.38 ND 0.13

Ca-Si-H 69 64.58 0.36 0.75 13.30 4.83 0.32 0.08 12.37 ND 0.32 0.12 0.24 2.21 ND 0.10

Ca-Si-H 69 48.90 7.30 0.71 11.70 3.53 0.22 0.08 10.11 ND 0.22 0.08 2.38 14.04 ND 0.08

Ca-Si-H 88 61.38 0.28 0.50 15.86 5.72 0.54 0.12 13.06 0.10 0.29 0.10 0.14 1.45 ND 0.10

Ca-Si-H 106 65.82 0.28 0.37 12.77 5.28 0.58 0.13 12.74 0.07 0.24 0.10 0.12 1.13 ND 0.11

Ca-Si-H 125 56.46 0.34 0.42 17.26 5.76 0.45 0.07 16.75 0.12 0.27 0.13 0.12 1.35 ND 0.15

Ca-Si-H 144 57.79 0.38 0.39 17.90 5.40 0.32 0.04 15.45 0.11 0.28 0.14 0.08 1.22 ND 0.15

Ca-Si-H/Ca2SiO4 156 50.21 ND 0.11 10.05 1.34 ND ND 22.77 0.13 0.08 0.09 0.05 0.43 ND ND

Ca2SiO4 163 57.31 ND 0.17 11.82 1.45 ND ND 28.11 0.17 0.10 0.16 0.04 0.56 ND 0.06

Ca2SiO5 181 57.22 ND 0.10 12.30 1.46 ND ND 28.14 0.20 ND 0.10 0.04 0.40 ND 0.05

Ca2SiO6 206 57.16 ND 0.11 12.35 1.41 ND ND 28.25 0.18 ND 0.11 0.02 0.37 ND 0.05
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SI Table S4. Continued.

Size
Fraction

Phase
Distance from surface O Mg Al Si P S Cl Ca Sc Ti V Mn Fe Lu W

(μm) mol % 

Ca-Si-H 0 70.66 0.13 1.47 11.50 3.73 0.06 0.07 9.73 0.05 0.73 0.10 0.08 1.57 ND 0.06

Ca-Si-H 0 71.39 0.13 1.11 8.10 4.80 0.13 0.20 11.18 ND 0.65 0.30 0.19 1.74 ND 0.09

Ca-Si-H 0 53.78 0.30 1.55 14.90 7.53 ND 0.19 18.02 ND 0.92 0.21 0.21 2.22 ND 0.12

Ca-Si-H 1 56.62 0.39 0.72 14.84 4.74 0.11 0.17 19.38 ND 0.56 0.50 0.08 1.75 ND 0.13

Ca-Si-H 2 63.87 0.46 0.56 13.48 4.37 ND 0.13 15.09 0.10 0.34 0.29 0.05 1.18 ND 0.07

Ca-Si-H 2 51.53 0.71 0.97 13.99 4.39 0.53 0.28 21.52 0.14 0.72 0.65 0.41 4.01 ND 0.11

Ca-Si-H 3 51.84 0.30 0.59 14.07 4.69 0.06 0.12 24.77 0.15 0.70 0.68 0.04 1.81 ND 0.17

Ca-Si-H 8 56.87 0.33 0.62 14.09 4.80 ND 0.10 20.36 0.15 0.52 0.54 0.07 1.43 ND 0.13

Ca-Si-H 15 54.30 0.24 0.87 15.19 4.47 ND 0.08 21.50 0.14 0.74 0.78 0.08 1.49 ND 0.12

Ca-Si-H 24 42.35 0.16 1.41 16.55 3.41 0.12 0.08 28.32 0.15 1.62 1.48 0.24 3.98 ND 0.14

Ca-Si-H 33 55.85 0.18 1.07 13.61 3.53 0.33 0.05 19.71 0.14 0.88 1.29 0.35 2.92 ND 0.10

Ca-Si-H 42 50.52 0.24 0.86 16.16 3.89 ND 0.05 22.11 ND 1.04 1.30 0.55 3.13 ND 0.15

Ca-Si-H 51 59.57 ND 0.46 11.84 1.64 ND ND 24.50 0.16 0.41 0.69 0.05 0.62 ND 0.06

Ca-Si-H 57 49.35 ND 0.93 13.02 3.27 0.04 ND 28.62 0.16 0.87 1.85 0.08 1.74 ND 0.09

Ca-Si-H/Ca2SiO4 60 56.90 ND 0.77 11.31 1.75 0.05 ND 26.85 0.15 0.39 0.86 0.05 0.86 ND 0.06

Ca2SiO4 63 51.03 ND 0.57 10.17 1.31 ND ND 26.39 0.14 0.26 0.77 0.04 0.46 ND 0.07

Ca2SiO5 72 55.65 ND 0.54 11.10 1.40 ND ND 29.20 0.16 0.37 0.76 0.05 0.72 ND 0.06

Ca2SiO6 78 56.15 ND 0.19 12.12 1.37 ND ND 29.00 0.17 0.15 0.31 0.04 0.46 ND 0.05
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SI Table S4. Continued.

Size
Fraction

Phase
Distance from surface O Mg Al Si P S Cl Ca Sc Ti V Mn Fe Lu W

(μm) mol % 

Ca-Si-H 0 65.12 0.31 0.62 11.67 3.68 ND 0.29 13.43 ND 0.31 0.28 1.20 2.96 ND 0.11

Ca-Si-H 1 72.27 0.34 0.50 10.21 3.49 ND 0.10 11.39 ND 0.28 0.20 0.12 0.93 ND 0.07

Ca-Si-H 4 56.29 0.29 1.12 14.85 4.17 0.15 0.15 18.64 0.10 0.60 0.54 0.72 2.31 ND 0.09

Ca-Si-H 9 63.47 0.25 0.63 13.16 4.16 ND 0.13 15.44 0.11 0.46 0.41 0.27 1.39 ND 0.11

Ca-Si-H 18 60.92 0.18 0.59 13.08 4.30 ND 0.14 18.01 0.10 0.56 0.59 0.11 1.32 ND 0.10

Ca-Si-H 22 56.35 0.19 0.94 16.01 3.70 ND 0.05 18.89 0.11 1.00 0.98 0.13 1.51 ND 0.13

Ca-Si-H 25 51.85 0.21 1.05 16.49 3.64 0.05 0.05 21.36 0.14 1.22 1.46 0.20 2.13 ND 0.11

Ca-Si-H/Ca2SiO4 28 58.13 ND 0.58 11.57 1.52 ND 0.03 25.99 ND 0.51 0.79 0.06 0.75 ND 0.05

Ca2SiO4 32 56.37 ND 0.23 12.19 1.26 ND ND 28.84 0.17 0.13 0.26 0.04 0.43 ND 0.05
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SI Figure S1. Example BSEI electron micrograph showing the primary (Ca2S – larnite; B –
Brownmillerite; L – Lime; W – Wusite; V – void space) and secondary Ca-Si-H and CaCO 3

phases present at the surface of the aerobically weathered 20 mm BOF slag blocks after 6
months total immersion. All phases where identified by EDS spot analysis of representative
regions. Alteration depths were defined as the changed surface region within the original
volume of the slag particle (presence of refractory phases allows good estimation of the original
particle size); the thickness of any CaCO3 layer was not included in the analysis.
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SI Figure S2. XRD pattern collected from the crushed steel slag sample annotated with major
phase peaks detected.

SI Figure S3. Elemental cross-plots showing; A) The relationships between aqueous [Ca] and
[Si], and; B) Aqueous [Si] and [V] in individual replicates during the leaching tests.
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SI Figure S4. Composite false colour SEM-EDS elemental map showing phase discrimination

within the 6 month pre-weathered BOF slag block. A-D) Example EDS spectra collected from

each of the 6 major phases detected with the slag; and E-F) Example EDS spectra from neo-

formed phases present in the altered surface layer.
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SI Figure S5. BSE images of different sized BOF slag particles after leaching for 73 days; (a)
Block showing possible Ca-Si-H formation within occasional voids remote from the block
surface, and (b) Sand-sized fraction showing CaCO3 crystals on the weathered surface.
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Appendix C Conference presentations

This appendix provides a summary of all presentations given during the tenure of

this PhD which have included contributions from the author.
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