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Abstract

Global environmental change is accelerating both species extinctions and species
invasions, with extinction risk and invasion success thought to be mediated by biological, life-
history and ecological traits. It is, therefore, important to understand how traits, phylogeny and
environmental factors interact to characterise imperilment and invasiveness and to determine
the vulnerability of species to climate change. In this thesis | aim to determine the key traits of
invasive, native, and threatened marine invertebrates and to provide a framework for predicting
native species likely to become invasive and for determining the life-history and environmental
traits correlated with extinction risk and invasiveness. | compile trait datasets for 2,322
invertebrate species and use multivariate analysis to identify the discriminating traits between
non-indigenous and native species and to propose a list of ‘potentially invasive’ native species.
| further show that species from different risk categories display contrasting, although not
opposite, life-history traits and that the risk status of marine molluscs is largely driven by
phylogeny, with invasiveness and extinction risk not randomly distributed across families. |
then combine species-trait data with environmental data to show that there is a strong
phylogenetic signal in species’ realised thermal niches. The relationship between the range of
temperatures a species experiences (thermal tolerance breadth) and the maximum temperature
to which it is exposed is stronger in shallow-water invasive species than other risk categories.
Finally, 1 show that life-history variation across marine molluscs is largely consistent with
Thorson’s rule that in lower latitude environments species are typically small-bodied, early
maturing and highly fecund, while the reverse is true in higher latitude environments. This
thesis provides a foundation for future comparative macroecological studies investigating
invasive and threatened species and makes a unique contribution to understanding the traits of
marine invertebrates across multiple risk categories and their likely response to environmental

change.
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1. General Introduction

1.1. Marine Macroecology

Macroecology first emerged around three decades ago due to the realisation that the
abundance and distribution of species could not be explained solely by small-scale processes
(Keith et al. 2012). The term ‘macroecology’ was first coined by James H. Brown and Brian
A. Maurer in a 1989 paper in Science and has since stimulated broader scale thinking in the
search for generalizable patterns in the distribution of biodiversity at large spatial and temporal
scales (Brown & Maurer 1989). Macroecology is now a distinct field of research which is
largely empirical in nature, involving the search for statistical patterns within and between key
macroecological variables including species abundance, distribution, diversity, body size and

range size (Brown & Maurer 1989; Brown 1995).

Initially macroecology was primarily a terrestrial endeavour (Raffaelli et al. 2005), with
only two of the 21 chapters in Gaston and Blackburn’s (2000) book ‘Patterns and Processes in
Macroecology’, covering marine organisms. Although early treatments of macroecological
relationships (e.g., Kritzer and Sale 2006), focused more on population dynamics, evolution
and biogeography than on species richness, species diversity or species abundance, by the
release of Whitman & Roy’s ‘Marine Macroecology’ (2009) book, there was a clear trend
towards quantifying macroecological patterns in the sea. The initial focus on terrestrial
ecosystems likely stemmed from the fact that the marine environment presents several
challenges (both logistical and financial) which makes collecting datasets comparable to those
relied upon by terrestrial macroecologists difficult (Raffaelli et al. 2005). Despite the initial
slow start in researching macroecological patterns in the marine environment, we now
understand that these patterns are governed by many of the same broad trends as seen on land
(Webb et al. 2012). For instance, most marine species are rare, whether you consider the
number of individuals (species abundance distributions, SADs) (Grey et al. 2006) or the spatial
distribution of species (species-range size distributions) (Gaston 2003). Furthermore, the
relationship between local abundance and regional distributions (the abundance-occupancy
relationship, AOR) is typically positive (Webb et al. 2011) and, in both marine and terrestrial
systems, there is support for the species-area relationship (SAR) whereby larger areas contain

more species and thus have a higher species richness (Neigel 2003; Drakare et al. 2006).
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Likewise, species richness increases from polar regions towards the equator (Hillebrand 2004;
Saeedi et al. 2019), reflecting a latitudinal gradient in species richness, while geographic range
size tends to decrease from the polar region towards the equator, a pattern known as Rapoport’s
rule (Fortes & Absaldao 2004). Finally, Bergmann’s rule (Torres-Romero et al. 2016), which
states that larger bodied species are found in colder regions while smaller bodied species are
found in warmer regions, is an ecogeographical pattern which tends to be observed in both

terrestrial and marine systems.

1.2. Biological Traits in Macroecology

Trait-based ecology aims to understand the drivers and processes of organismal trait
diversity and their influence on ecosystem functioning (Mouillot et al. 2021). The ecosystem
services we rely on are strongly dependent on the ecological processes occurring within the
environment, which in turn are driven by the functional diversity of biological, life history and
ecological traits possessed by constituent species (Marchini et al. 2008). This view that species
can be categorised based on their traits has reshaped how ecologists determine ecosystem
vulnerability, biological diversity and inter-species relationships (Cadotte et al. 2011). The
growth of this approach has been facilitated by the realisation that species traits, more so than
taxonomic nomenclature, influence how organisms respond to drivers of change (Tyler et al.
2012), and that taxonomically unrelated individuals can display similar trait attributes (Hewitt
et al. 2014). This has enabled macroecologists to apply trait-based analysis to studies of

community ecology (Naeem & Bunker 2009).

Traits are defined as measurable characteristics of organisms which influence their
fitness and adaptability (Cadotte et al. 2011). Traits that determine how species affect
ecosystem functioning, termed effect traits, may differ from those that mediate species
response to environmental change, termed response traits (Diaz et al. 2013). Biological traits,
when linked to ecosystem functioning, provide the opportunity to investigate the consequences
of environmental pressures on species community assemblages (Queirds et al. 2015) and have
the capacity indicate how changes in biodiversity affect ecological resilience and ecosystem
service delivery (Tyler et al. 2012). Macroecology typically couples the ecological trait
attributes of species (such as their thermal tolerance, latitudinal ranges and depth limits) with

biological traits linked to life history (e.g. body size, longevity), reproduction (e.g. fecundity,
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maturity) and behaviour (e.g. dispersal activity) to predict the spatial-temporal distribution of

marine biota over large scales (Tyler et al. 2012).

There has been a recent proliferation in trait-based research across numerous
disciplines, from evolutionary science (Salguero-Gomez et al. 2018) to global patterns of
biodiversity (Kort et al. 2021; Jackson 2022) and the relationship between ecosystem functions
and species assemblages (Weiss & Ray 2019; Leuzinger & Rewald 2021). Despite the
importance of trait-based approaches, their use is limited due to a heavy dependence on the
availability and compatibility of trait data in addition to the level of taxonomic and regional
coverage they provide (Schneider et al. 2019; Kuijk et al. 2021; Leitz 2022). Trait datasets
remain further underexploited as they typically suffer from a lack of standardization and
heterogeneity in data formats, meaning it can be difficult to combine trait information compiled

by multiple data providers (Schneider et al. 2019).

Several global trait databases do exist, however, across both the terrestrial and marine
realm. TRY, the plant trait database, for example provides information on 160,000 plant taxa
spanning 2100 traits, including those associated with morphology, physiology and phenology
(Kattge 2020) while Elton Traits is a species-level compilation of the diet and foraging
attributes of the worlds extant bird and mammal species (Wilman et al. 2014). In the marine
realm, Fishbase is a database of >33,000 fish species with information on their trophic ecology,
life history and uses, as well as historical data reaching back 250 years (Froese & Pauly 2022),
and DISPERSE is a trait database to assess the dispersal potential of European Aquatic
Macroinvertebrates across 480 taxa including annelids, arthropods, molluscs and
platyhelminths (Sarremejane et al. 2020). More specifically, Brun et al. (2017) developed a
trait database for marine copepods looking across traits such as body size, egg size, fecundity
and feeding mode while PolyTraits details approximately 60 biological traits of polychaetes
(Faulwetter et al. 2014). Furthermore, the Biological Traits Information Catalogue (BIOTIC)
considers over 40 biological trait categories for species present in benthic communities in NW
European seas (MarLIN 2006).

1.3. Invasion Ecology

Human exploration and globalization have considerably changed the geographic

patterns of invasion, increasing the rate at which species are able to colonise new areas
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(Lockwood et al. 2013; Geburzi & McCarthy 2018). Rates of European plant, invertebrate and
mammal invasions continued to increase throughout the 20" Century (Hulme 2009). This mass
reshuffling of the Earth’s biota has helped species to overcome several biogeographic barriers,
and resulted in the redistribution of many organisms, creating novel ecosystems (Hobbs et al.
2009) and constituting a major feature of the Anthropocene (Lewis & Maslin 2015). An
important avenue for research is the extent to which this species reshuffling breaks or modifies

the macroecological patterns exhibited by native species (Blackburn 2019).

In contrast to terrestrial, and in some cases freshwater invasions, early texts give little
attention to marine invasions (Hewitt et al. 2009). Over the last two decades however, a
considerable volume of research has highlighted the scope and scale of marine invasions (Ruiz
et al. 2000; Chan 2017), with almost every marine ecoregion on Earth subjected to the
introduction of species (e.g., Leppakoski et al. 2002; Lewis et al. 2003; Castilla et al. 2005;
Gollasch 2006). Ocean-going vessels now transport approximately 90% of all global trade via
more than 50,000 commercial ships (Hulme 2009). It is unsurprising then, that one of the most
comprehensive assessments of marine invasions to date (Molnar et al. 2008) found that over
80% of all known marine invaders were introduced through unintentional transport. In the
Mediterranean Sea for example, a new invader was discovered every week for five years, from
2004 to 2009 (Rilov & Crooks 2009), with estimates now suggesting that roughly 7000 species
are being transported in global ballast water at any moment in time, resulting in invasion rates
which far exceed natural background levels (Rilov & Crooks 2009). Conspicuous examples of
aquatic invasive species include the lionfish Pterois volitans in coral reef systems, the bivalve
Mytilus galloprovincialis along temperate rocky shores, the reef-building polychaete
Ficopamatus enigmaticus in estuaries and the zebra mussel Dreissena polymorpha in Great

Lake communities (Preisler et al. 2009).

Most of our understanding of marine invasions comes from shallow coastal
environments with very few studies having investigated how invasion rates compare between
different marine habitats (Preisler et al. 2009). Introduced aquatic species have received more
attention in north-western Europe recently following synopses from Britain and Ireland (Eno
et al. 1997; Minchin and Eno 2002), Norway (Hopkins 2002), and the North Sea (Gollasch
1996; Reise et al. 1999), and from the compilation of inventories of invasive species for the
German Coast (Nehring 2002; Nehring 2005), the Danish Coast (Jensen & Knudsen 2005) and
the Dutch coast (Wolff 2005). A more recent global initiative for recording invasive species is
the World Register of Introduced Marine Species (WRiIMS), a database directly linked to the
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World Register of Marine Species (WoRMS), which includes all introduced marine species

and distinguishes between their native and introduced region (Rius et al. 2022).

It is important that we develop a clearer understanding of invasive species as they can
be problematic at various ecological scales. At the genetic level for instance, invasives can
hybridize with natives, producing often sterile offspring and altering the gene pool, causing a
loss of genetic integrity. At the individual level, invasives can causes changes in the traits or
fitness of natives, including morphological, behavioural, or demographic changes (Lockwood
et al. 2013). At the population level, invasive species can influence native species abundance
across its entire range, which, if persist for several years, could potentially drive native
populations to extinction (Lockwood et al. 2013). Typically, invasives compete with natives
for critical resources such as food, light or space, prey upon, or parasitise, native populations,
or physically limit the growth or reproduction of natives, all resulting in changes to the native

species’ population structure, distribution, or abundance (Lockwood et al. 2013).

Finally, community and ecosystem level impacts can arise from invaders which bring
novel diseases, use a wide variety of resources, or extract novel resources unobtainable by the
native community (Schindler et al. 2001). Harris mud crabs, Rhithropanopeus harrisii, for
instance, are carriers of white spot syndrome, a viral infection which causes a highly lethal
contagious disease in commercially harvested and aquacultured penaeid ships (Katsanevakis
et al. 2014). Furthermore, the presence of one non-native species can facilitate the
establishment of several other non-natives. For instance, the bryozoan Watersipora
subtorquata is tolerant of anti-fouling paints often applied to boat hulls to reduce encrusting
non-native organisms, and so can establish colonies on these hulls (Floerl et al. 2004). W.
subtorquata colonies have themselves been colonised by 22 non-native taxa found exclusively
in association with this species (Floerl et al. 2004), some of these taxa being 248 times more
abundant on W. subtorquata colonies than on non-bryozoan encrusted surfaces (Floerl et al.
2004).

The term “invasive species” has been widely adopted by many in the field to mean a
non-indigenous species which has a demonstrable ecological, societal, or economic impact
(Young & Larson 2011; Lockwood et al. 2013). Roughly a third of ecologists surveyed by
Young & Larson (2011), however, felt that a species should be defined as invasive if its
populations are self-sustaining and spreading in a new environment, regardless of impact

(Richardson et al. 2000; Daehler 2001). While this removes the need for evidence of impact,
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which is often unavailable, it creates additional ambiguity with regards to what counts as
‘spreading’. For this reason, throughout this thesis, I use the former definition of an invasive
species. Non-native species on the other hand are simply species which are living outside of
their native distributional range and have been transported either intentionally or

unintentionally by human mediated transport.

Although species dispersal, like species extinction, is a natural event, the current rate
of human-mediated dispersal deposits species outside of their native range far quicker than that
of natural dispersal (Vermeji 2005; Lockwood et al. 2013). Human-mediated dispersal differs
from natural dispersal in that it: (i) deposits individuals into a novel environment multiple times
and (ii) introduced individuals are from multiple source populations rather than just one
(Lockwood et al. 2013). These two differences alter the genetic variation of colonizing
populations, typically skewing them in favour of establishment success due to an ability of
individuals selected to thrive in a broad range of habitats (Lockwood et al. 2013). Human-
mediated dispersal also typically selected individuals which display generalized, opportunistic,
weedy, or ruderal traits via selection pressures which are unlikely to come into play in natural
dispersal scenarios (Lockwood et al. 2013; Qin et al. 2020). Therefore, the very process by
which invasive species are transported tends to select for the most tolerant individuals
(Lockwood et al. 2013) as the living conditions faced by individual organisms en route within
the transport vector are harsh, and only those best able to tolerate changes in environmental
conditions can survive and establish populations within the recipient region (Lockwood et al.
2013).

Stohlgren and Schnase (2006) state that, “Invasion is possible only when a vulnerable
habitat meets with a species whose traits allow for establishment, growth and spread.” Many
authors have thus attempted to characterize the trait profile of a successful invader (Williamson
& Fitter 1996; Kolar & Lodge 2002; Devin & Beisel 2007; Grabowski et al. 2007; Statzner et
al. 2008; Grabowska et al. 2015) to answer the critical question, “Do species traits determine
the success of an invader?” And by extension, “Can species traits be used to predict and manage

invasive species?”’.
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Figure 1: Unified framework for invasion ecology which combines the invasion stage, invasion
barrier and invasion promoting traits.

~

Large home range size, wide thermal and

physiological tolerances, phenotypic
plasticity

Establishment

Failure to
Spread

Failure to
Establish

Spread

"

A non-native species is faced with several complex challenges at each stage of the
invasion process (Figure 1). How they respond to these challenges, be they biotic (predation,
competition, mutualism) or abiotic (temperature, salinity, or pH fluctuations) depends largely
on their life history (Kolar & Lodge 2001; Cassey et al. 2004). Several studies (e.g., Kolar &
Lodge 2001; Cassey et al. 2004; Marchetti et al. 2004) have demonstrated that alternate suites
of species-specific traits (trait syndromes) can be influential at different stages of the invasion
processes (either positively or negatively), ultimately shaping the likelihood of establishment,
spread and impact.

1.4. Biological Traits and Invasiveness

Life-history and biological traits commonly investigated in association with invasion
success include maximum body size or body mass, propagule pressure, age of maturity,
reproductive frequency, and annual fecundity, all of which are often considered to be key traits
enabling success during the establishment stage (Kolar & Lodge 2001; Chen et al. 2021)
whereby a population must overcome barriers associated with reproduction and survival i.e.,
those accompanying population density and biotic resistance (Lockwood et al. 2013). Dispersal
ability is another oft cited trait associated with invasion success (Lockwood et al. 2013) and is
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considered to be important during the spreading stage of the invasion process whereby
populations must overcome barriers associated with dispersal and environmental heterogeneity
(Kolar & Lodge 2001).

Ecological characteristics of a species also come into play, with traits such as home
range size, thermal tolerance, physiological tolerance, trophic level, and diet breath also
playing a role (Lockwood et al. 2013; Fournier et al. 2019). Thermal tolerance breadth,
specifically, is likely a key trait enabling success during the transportation stage whereby a
population must overcome geographic barriers to survive the journey to the recipient
environment (Lockwood et al. 2013). Additionally, phenotypic plasticity (the ability of an
individual to alter its morphological, physiological, or behavioural traits in response to a change
in the environment) and ecological competence (the ability to tolerate a wide range of
environmental conditions) are also widely considered to be key traits of a successful invasive

species (Davidson et al. 2011).

Kolar & Lodge (2002) were among the first to evaluate species traits across more than
one invasion stage, focusing on non-native fishes in the North American Great Lakes. They
found that traits could distinguish between both fast and slow spreading invaders with
considerable accuracy (94%) and between high and low impact species (with 89% accuracy).
Using these models, Kolar & Lodge (2002) created a list of 22 species which were predicted
to pose a high risk of establishment in the Great Lakes. This work built on the previous findings
of Rejmanek & Richardson (1996) that traits could distinguish between successful and failed

invasions.

Differences in the traits of native and invasive species have further been proposed as a
mechanism which may explain invasion success (Hulme and Bernard-Verdier 2017). If
invasive species are functionally distinct from native species, they may face minimal
competition and therefore more easily establish within communities by facilitating the
exploration of unoccupied niches (Olden et al. 2006; Hulme and Bernard-Verdier 2017). This
theory underpins both the biotic resistance hypothesis (that native species have the ability to
compete with, and limit the spread of, invasive species) and Darwin’s naturalization hypothesis
(that colonization is less likely when the colonizing individuals are related to members of the
invaded community) (Catford et al. 2008; Hulme and Bernard-Verdier 2017, Yannelli et al.
2017). On the other hand, the environmental filtering hypothesis (whereby the abiotic

environment selects for species with only certain trait values) suggests that a higher trait
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similarity between invasive and native species may indicate the potential for competitive
exclusion (Hulme and Bernard-Verdier 2017) as species with similar traits are likely to
compete for occupation of the same niche, with invasive species typically prevailing if they
pOssess space-occupying traits such as being larger bodied, faster growing or displaying earlier
or prolonged reproduction and higher reproductive output. To date, there is support for both
trait differences (Cleland et al. 2011; Statzner et al. 2008) and trait similarities (Leishman,
Thomson & Cooke. 2009; Sol et al. 2022) between invasive and native species, but there is
evidence that several life history traits do characterize successful invaders (Devin & Beisel
2007; Kolar & Lodge 2007; Grabowski et al. 2007; Statzner et al. 2008; Grabowska et al. 2015)
and further, that traits can be used to discriminate between successful and failed invaders
(Rejmanek & Richardson 1996; Miller 2000; Kolar and Lodge 2001; Prinzing et al. 2002;
Miller et al. 2007; Miller 2009).

1.5. Threatened Species

In the Earth’s history there have been five mass extinction events: the Ordovician-
Silurian extinction 440 mya, the Devonian extinction 365 mya, the Permian-Triassic extinction
250 mya, the Triassic-Jurassic extinction 210 mya and the Cretaceous-Tertiary extinction 65
mya. Currently, we are faced with a sixth mass extinction event whereby species are becoming
extinct at a rate 1000 to 10,000 times faster than background levels of extinction (Chirchorro
et al. 2019). Unlike previous mass extinction events, however, the sixth mass extinction event

is driven largely by anthropogenic factors.

Human activities have impacted 87-90% of global ocean surface (Halpern et al. 2015;
Jones et al. 2018; Luypaert et al. 2019). Fishing, for instance, has caused marine fish
abundances to decline by 38% compared to 1970 levels (Hutchings et al, 2010), while
seagrasses and mangrove habitats have been depleted by over two-thirds (Lotze et al. 2006).
Atmospheric carbon dioxide levels have increased by over 40% relative to pre-industrial levels
due to anthropogenic activity (Caldeira & Wickett 2003) which has reduced ocean pH by 0.1
units in the past century, negatively impacting calcifying organisms (Orr et al. 2005). The
cumulation of these impacts, alongside those witnessed on land, have resulted in a loss of global
biodiversity comparable with previous mass extinction events (Barnosky et al. 2011; Ceballos
et al. 2015; Luypaert et al. 2019).
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Extinction risk is ultimately the measure of how likely a species is to undergo
considerable population declines in the future (Chichorro et al. 2019). The International Union
for the Conservation of Nature (IUCN), launched in 1964, has established the most
authoritative and comprehensive system for quantifying extinction risk, compiling and
regularly updating the global Red List of Threatened Species, which currently reports the
conservation status of more than 147,500 species (IUCN 2022). Currently, 28% of assessed
species (41,300) are threatened with extinction (IUCN categories Critically Endangered (CR),
Endangered (EN) and Vulnerable (VU)). However, the RedList, is highly skewed towards the
most well-known taxa, with 67% of vertebrates having already been assessed compared to just
over 6% of marine animal species (Webb & Vanhoorne 2020). Current estimates suggest that
it will take decades until a reasonable proportion of many less-well known taxa, such as marine

invertebrates, are assessed (Cardoso et al. 2011; Chichorro et al. 2019).

Despite the increasing concern and attention attributed towards the effects of human
activities on the marine environment, extinctions in the sea remain scarce (Webb & Mindel
2015). Of the >850 recoded extinctions, only 19-24 of these are marine, implying a 9-fold
lower rate of marine extinction compared to non-marine (Webb & Mindel 2015). Despite the
difficulties in detecting marine extinctions (Webb & Mindel, 2015) there are several notable
examples of gastropod molluscs becoming extinct. The eelgrass limpet Lottia alveus, for
instance, was once widespread around Long Island but went extinct due to disease decimating
eelgrass populations (Carlton et al. 1991), while the horn snail Cerithidea fuscata, once
restricted to San Diego Bay, went extinct following development of mudflats in the area
(Carlton 1993).

The widely held, historical belief that marine species cannot be driven to extinction by
exploitation has been disproven by the collapse of several fisheries worldwide (Mullon et al.
2005) and recent aquatic extinctions (Dulvy et al. 2014). Webb and Mindel (2015) compared
extinction and extinction risk globally between marine and non-marine species and found that
the lower rates of extinction in marine systems are at least partly explained by lower rates of
conservation assessments: marine organisms represent less than 15% of all species assessed by
the IUCN (IUCN 2021), and few of those are invertebrates (Collins et al. 2018; Webb &
Vanhoorne 2020) but rates of extinction among those that have been assessed are frequently
comparable to those in terrestrial taxa (Webb & Mindel 2015).
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For instance, 33% of reef corals, 37% of sharks and rays and 28% of crustaceans are
threatened with extinction (IUCN 2022). Rates are lower for gastropod (7.5%) and cephalopod
(1.5%) molluscs (IUCN2021), but there have been substantial increases in the number of
threatened molluscs recorded more generally over the course of the 215 Century (IUCN 2021).
Given that much marine diversity remains to be discovered and described (Luypaert et al.
2019), methods for rapidly predicting the extinction risk of poorly known species are urgently
needed (Chichorro et al. 2019).

1.6. Biological Traits and Extinction Risk

Traditionally, the vulnerability of species to extinction has been assessed using
population dynamics, habitat suitability and genetics (Alvarez-Yepiz et al. 2019). More
recently, however, investigations into the specific combinations of life-history, biological and
ecological traits likely to lead to greater extinction risk have shown that extinction risk is non-
random with regards to species life-histories (Gonzélez-Suérez & Revilla 2013a, 2013b; Béhm
et al. 2016; Verde Arregoitia 2016; Chichorro et al. 2019; Butt et al. 2022; Chen et al. 2022),
with specific traits, or combinations of traits (termed trait syndromes), often conferring a higher
risk of extinction than others (Van Allen et al. 2012).

Body size, for instance, is frequently cited as a trait positively correlated with extinction
risk across multiple taxa (Seibold et al. 2015; Terzopoulou et al. 2015; Verde Arregoitia 2016).
This is typically because larger species require more resources and are more easily targeted by
exploitative fishing practices, or because body size is a proxy for other traits (species with a
larger body size typically have slower life cycles in which they mature later in life, produce
fewer offspring, and are live longer, meaning they have a slower response to change)
(Chichorro et al. 2019). A small geographic range, narrow habitat breadth, specialist diet, poor
dispersal ability, and lower reproductive output have also been linked to a greater extinction
risk of species (Cardillo 2003; Gonzélez-Suarez & Revilla 2013b; Bohm et al. 2016; Pinsky &
Byler 2015; Chichorro et al. 2019).

The idea that high fecundity confers resilience to extinction has led to a perception that
the threat of extinction in the sea is lower than that on land (Hutchings et al. 2012), because of
the very high fecundity of many marine fish and invertebrates (Dulvy et al. 2003; Hutchings et

al. 2012). However, for marine organisms which do possess a low annual fecundity they are
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likely at greater risk of extinction (Baker et al. 2009; Miranda et al. 2022) This is largely
because low fecundity is associated with slower reproductive rates and reduced genetic
diversity meaning that low-fecundity populations take longer to recover from population
declines which could result in demographic collapse during periods of rapid environmental
change (Bennet & Owens 1997; Purvis et al. 2000; Cardillo et al. 2003; Pincheira-Donoso et
al. 2020).

A poor dispersal ability is another trait commonly linked to a high extinction risk
(Chichorro et al. 2020). As climate change is causing habitats to become increasing
fragmented, the ability to move to a more suitable habitat in the face of a changing environment
is crucial to avoiding population declines (Chichorro et al. 2020). Species which are largely
sedentary or have poor dispersal abilities are, therefore, likely to be unable to shift their
distribution to keep pace with shifting areas of environmental suitability (Chichorro et al.
2020). Ecological traits have also been proposed to influence species vulnerability to extinction
with characteristics such as ecological and habitat specialization, narrow thermal and diet
breadth, and high susceptibility to harvesting (usually due to ease of capture from occurring in
the upper ocean or on continental shelves) having been further linked to an increased risk of
extinction (Powles et al. 2000). Additionally, Pearson et al. (2014) investigated the life history
and spatial traits which predict extinction risk from climate change specifically and found that
occupied range, population size and generation length were the most important in defining risk.
It has been suggested that the loss of species threatened with extinction according to the IUCN
will result in an increase in species’ generalists and fewer species with unique trait

combinations, potentially leading to morphological homogenization (Hughes et al. 2022).

It is vitally important to understand the causes of population decline and why some
small populations go extinct (as with threatened species) while others can expand (as with
recently introduced invasive species) (Kotiaho et al. 2005). As we become more aware of the
key life history, biological and ecological traits which contribute to species vulnerability and
species invasion success, we will become increasingly able to use trait profiles to identify both
species at risk of extinction and species likely to become invasive (Chichorro et al. 2020). This
would allow for a coherent framework to be created to help inform management of both species

in need of protection and species likely to become successful invaders.
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1.7. Thesis Structure

In this thesis | am going to determine the life-history and biological traits which
characterize invasive, non-indigenous, native, threatened, non-threatened and data deficient
marine invertebrate species. | will provide a framework for predicting native species likely to
become invasive and for determining the life history and environmental traits highly correlated
with extinction risk and invasiveness of marine molluscs. The remainder of this thesis is

structured as follows:

Chapter 2: Biological trait profiles discriminate between native

and non-indigenous marine invertebrates

The rate of marine biological invasions has increased to unprecedented levels in the
latter half of the 20" century (Hulme 2009; Ojaveer et al. 2018). Central to the progress of
understanding marine invasion biology is determining the trait attributes which underpin the
ability of NIS to become invasive within new geographic regions (Gribbon et al. 2013).
Therefore, in Chapter 2 | address two central questions in invasion biology: what allows an
invader to be successful, and which species are likely to become invasive? | further propose a
method based on trait profiles which can be used to predict non-indigenous species likely to
cause the greatest impacts and native species with a tendency for invasion. Specifically, | use

multivariate methods to determine:

= The main discriminating traits and typical trait profile of non-indigenous and native
species.

= The accuracy with which traits can discriminate between native and non-indigenous
marine invertebrates.

= The position of non-indigenous species and native species in the context of the POSE
(Precocial-Opportunistic-Survivor-Episodic (Kindsvater et al. 2016) life history
framework.

= The influence of non-indigenous marine invertebrates on the biological trait
composition of marine communities.

= The accuracy with which potentially invasive native species can be predicted.
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Chapter 3: A global comparative analysis of life-history traits

associated with imperilment and invasiveness in marine molluscs

Growing evidence suggests that both extinction risk and invasion success are mediated
by certain life history traits which influence intrinsic vulnerability, population dynamics and
adaptive capacity to change (Olden et al. 2006; Chichorro et al. 2019). There is the assumption
that globally abundant species, particularly invasives, share certain characteristics which are
absent from the trait profile of threatened or extinction prone species (Jeschke & Strayer 2008).
Therefore, in Chapter 3 | investigate the two-sides-of-the-same-coin hypothesis which suggests
that the traits associated with invasiveness are the inverse of those associated with imperilment.

Specifically, I apply a phylogenetic approach to test:

= Which traits correlate more strongly with, and are the most important drivers of,
extinction risk and invasiveness.
=  Whether invasive and threatened species lay at opposite ends of the POSE life history

framework.

| discuss these findings in relation to taxonomic biases in the distribution of invasive-

prone or extinction-prone species.

Chapter 4: Global analysis of the relationship between life-history
traits and thermal tolerance, latitude and depth of invasive and

threatened marine molluscs

Predicting how species and communities will respond to increasing temperatures is key
to understanding the wider consequences of global climate change (Webb et al. 2020). A
central tenet of macroecology is that physiological processes of organisms are linked to large
scale geographic patterns in environmental conditions, such as those related to latitude, depth,
and temperature (Sunday et al. 2011). Therefore, in Chapter 4 | undertake a global analysis to
compare the response of invasive, native, threatened, non-threatened and data deficient species
to thermal stress, to determine whether invasive species are less affected by temperature
increases, as a product of climate change, compared to native and threatened species.
Specifically, | use the species trait dataset from Chapter 3 coupled with occurrence records
from the Ocean Biodiversity Information System (OBIS), an open access repository of

occurrence records of marine species (OBIS 2022), and global sea temperature datasets from
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the Bio-ORACLE database, which provides marine layers for ecological modelling, (Assis et

al. 2017; Tyberghein et al. 2012) to investigate according to different depth strata:

= The relationship between thermal tolerance breadth and absolute latitude.

= The relationship between thermal tolerance breadth and maximum thermal limit.
= The relationship between maximum temperature and life history traits.

= The relationship between latitude and life-history traits.

Chapter 5: General Discussion

In Chapter 5 I synthesise the results of Chapters 2-4, discussing the main findings and
the contributions they make to marine invertebrate macroecology, invasion ecology and life-
history theory. | highlight the applicability of these findings to the management of invasive
species and the allocation of conservation resources for threatened species. | conclude by
discussing avenues of future research which could expand upon the work presented in this
thesis.
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2. Biological trait profiles discriminate between
native and non-indigenous marine invertebrates

Published as:
Quell, F., Schratzberger, M., Beauchard, O., Bruggeman, J., Webb, T. (2021).
Biological trait profiles discriminate between native and non-indigenous marine

invertebrates. Aquatic Invasions, 16(4): 571-600

2.1. Abstract

The increasing rate of marine invasions to Western Europe in recent decades highlights
the importance of addressing the central questions of invasion biology: what allows an invader
to be successful, and which species are likely to become invasive? Consensus is currently
lacking regarding the key traits that determine invasiveness in marine species and the extent to
which invasive and indigenous species differ in their trait compositions. This limits the ability
to predict invasive potential. Here | propose a method based on trait profiles which can be used
to predict non-indigenous species likely to cause the greatest impact and native species with a
tendency for invasion. | compiled a database of 12 key biological and life history traits of 85
non-indigenous and 302 native marine invertebrate species from Western Europe. Using
multivariate methods, | demonstrate that biological traits were able to discriminate between
native and non-indigenous species with an accuracy of 78%. The main discriminant traits
included body size, lifespan, fecundity, offspring protection, burrowing depth and, to a lesser
extent, pelagic stage duration. Analysis revealed that the typical non-indigenous marine
invertebrate is a mid-sized, long-lived, highly fecund suspension feeder which either broods its
offspring or has a pelagic stage duration of 1-30 days and is either attached-sessile or burrows
to a depth of 5 cm. Biological traits were also able to predict native species classed as
‘potentially invasive’ with an accuracy of 78%. Targeted surveillance and proactive
management of invasive species requires accurate predictions of which species are likely to
become invasive in the future. My findings add to the growing evidence that non-indigenous
species possess a greater affinity for certain traits. These traits are typically present in the

profile of ‘potentially invasive’ native species.
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2.2. Introduction

The rate of marine biological invasions has increased to unprecedented levels in the
latter half of the 20th century (Hulme 2009; Ojaveer et al. 2018). The so-called ‘great
acceleration’ of human activities (Steffen et al. 2015), including growing ease of trade, travel
and transport, has facilitated the spread of invasive species beyond their traditional biotic range
through various pathways of introduction, especially aquaculture, canal construction and
shipping (Katsanevakis et al. 2014). This has resulted in new marine communities displaying
novel combinations of biological traits which have unknown consequences on long-term
ecosystem functioning and service provision (Guy-Haim et al. 2018). Upon arrival to recipient
environments, non-indigenous species (NIS) face several reproductive, dispersal, biotic and
environmental barriers (Theoharides and Dukes 2007). ‘Invasive’ species often constitute a
subset of introduced NIS which have successfully overcome these barriers and established
viable breeding populations. This establishment is often to the detriment of resident native
species, with impacts to biodiversity, ecological processes, socio-economic values and
ecosystem service delivery (Alpert 2006; Molnar et al. 2008: Olenin et al. 2010; Katsanevakis
et al. 2014; Early et al. 2016; Hevia et al. 2017). Such invasive species are increasingly

recognised as a major driver of biodiversity loss worldwide (IUCN 2018).

Central to the progress of understanding marine invasion biology is determining the
trait attributes which underpin the ability of NIS to become invasive within new geographic
regions (Gribben et al. 2013). Traits are measurable characteristics of organisms which
influence their fitness and adaptability (Cadotte et al. 2011). Traits hypothesized to aid invasion
include those related to reproduction, growth and dispersion, e.g. high fecundity, large body
size, and long pelagic stage duration (Statzner et al. 2008; Cardeccia et al. 2018). From an adult
life-history perspective, r-selected strategies or “opportunistic traits” e.g. short lifespan, small
offspring size and lack of parental care are further expected to typify marine invasive species
(McMahon 2002; Allen 2017; Jaspers et al. 2018). Furthermore, if NIS are functionally distinct
from resident natives, then they may face minimal competition and thus more easily establish
within communities, facilitating the exploration of unoccupied niches (Olden et al. 2006;
Hulme and Bernard-Verdier 2017). This assumption underpins both the biotic resistance
hypotheses (the ability of native species to compete with, and limit the spread of, invasive
species) and Darwin’s naturalisation hypotheses (that colonization is less likely when

colonizing individuals are related to members of the invaded community) (Catford et al. 2009;
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Hulme and Bernard-Verdier 2017; Yannelli et al. 2017). Alternatively, supporting the
environmental filtering hypothesis (whereby the abiotic environment selects species with
similar trait values) (\Varbiro et al. 2020) is the theory that higher trait similarity between NIS
and natives may indicate the potential for competitive exclusion (Hulme and Bernard-Verdier.
2017), with NIS typically prevailing if they possess space-occupying traits such as an earlier

or prolonged reproductive period and higher reproductive output.

This combination of management relevance and theoretical interest has stimulated
considerable research into whether the traits of NIS differ systematically from those of native
species, but to date evidence remains mixed with some studies suggesting that invasive species
are remarkably similar to resident natives (Cleland 2011) while others suggesting that invasives
differ in key functional traits (Hodgins et al. 2018; Mathakutha et al. 2019). In addition, much
of the work comparing the traits of native and NIS has focused on terrestrial plants (van
Kleunen et al. 2010; Leffler et al. 2014; Hulme et al. 2017), while studies investigating aquatic
species have largely focused on non-native freshwater fish (Alcaraz et al. 2005; Garcia-Berthou
2007; Grabowska and Przybylski 2015), and freshwater invertebrates, specifically amphipods
(Devin and Beisel 2007; Grabowski et al. 2007; Pdckl 2007). Identifying the key traits that
determine invasiveness of marine organisms has, however, proved particularly difficult (van
Kleunen et al. 2010; Verberk et al. 2013, Miller et al. 2018), with some arguing that because
few traits have significant effects on invasiveness, and because of the potential rapid evolution
of introduced species’ ‘invasive traits’, biological traits may be poor predictors of invasive
potential in marine species (Costello et al. 2015). Such inconsistencies, fuelled in part by the
complex interactions between species invasive propensity (associated with propagule pressure
and population growth rate) and recipient environmental characteristics (specifically biotic
resistance and the availability of empty niches) (Miller et al. 2018), mean as yet, no consensus
has been reached regarding how invasive and indigenous species differ in their trait

compositions, and indeed whether these differences are universal across all taxonomic groups.

A more systematic approach to this question is particularly important given that,
although the increase in terrestrial and freshwater European invasions has begun to level-off in
recent years, marine and estuarine invasions continue to rise, with invertebrates at the forefront
of this growth (Tricarico et al. 2016; EEA 2010, 2019). Since 1950, the number of non-
indigenous invertebrates in European Seas has increased 94-fold (EEA 2019), with
invertebrates now considered to be the most dominant, widespread and problematic of all

marine invaders (Pettitt-Wade et al. 2017), making up ~63% of marine NIS in Europe (EEA
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2019). Most research in Europe however has focused on the Mediterranean Sea (Kalogirou et
al. 2012; Belmaker et al. 2013; Nawrot et al. 2015) which has been subject to increasing
biological invasions from the Red Sea as a result of maritime traffic along the Suez Canal
(Zenetos et al. 2017). Some attempts have been made to profile the traits of marine NIS in
Western Europe (Cardeccia et al. 2018), and in other regions the trait overlap of native and
tsunami-transported NIS has been used to identify subsets of native species which possess traits
similar to invasives (Miller et al. 2018). However, to date there has been no comprehensive
comparison of the biological traits of native and non-indigenous marine benthic invertebrate
species throughout Western European seas, despite this region harbouring numerous invasive

species (Leppékoski and Olenin 2000).

Here | address the aforementioned taxonomic and geographical limitations of the
current knowledge of the trait profiles of marine NIS by determining, at the scale of Western
European seas, the influence of non-indigenous marine invertebrates on the biological trait
composition of marine communities. | further propose a method based on trait profiles which
can be used to identify native species possessing invasive characteristics, and predict those
which may, therefore, have a tendency for invasion if they were to undergo the transportation
stage. Although only a small proportion of introduced species are able to invade and thrive in
non-native habitats, the most invasive of these species (those which are quick to colonize and
reproduce) tend to alter the environment at the expense of native species, typically resulting in
direct competition and native biodiversity loss (Molnar et al. 2008). In total, | characterized
387 species (85 non-indigenous and 302 native) using 12 biological and life history traits.
These species include all known invasive invertebrates and a taxonomically matched set of
common native European marine invertebrates. The specific objectives are: i) to ascertain the
most common biological traits of non-indigenous invertebrates with the a priori expectation
that traits indicative of successful invaders are related to opportunistic (r-selected) strategies
e.g. short life expectancy and high fecundity (Sakai et al. 2001); ii) to test for differences in
biological trait composition between native and non-indigenous species iii) to identify the
characteristics of “key” ecosystem altering species, with the expectation being that NIS with
severe impacts will be those which either differ markedly from native species in their trait
compositions, (sensu “niche opportunists”, Olden et al. 2006), or those which have minor trait
dissimilarities, thus influencing community composition via competitive exclusion (Hulme and
Bernard-Verdier 2017); and iv) to identify indigenous species which have trait profiles similar

to NIS to discover if traits can predict which native species could become invasive under the
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right conditions (Swart et al. 2018). The over-arching goal is to inform pro-active policies
intended to limit the establishment of new NIS while also producing an updated inventory for
both high-impact causing non-indigenous species and potentially invasive native species, i.e.
those harbouring invasive-promoting, space-occupying, traits which mean they could be poised
for invasion success were they to be transported beyond their native range (Keller et al. 2011).
In doing this, I help address the difficulty in characterizing potent invasive species through life
history and biological traits that promote invasion success (McKnight et al. 2017; Jaspers et al.
2018). This will be of use for meeting the Post-2020 Global Biodiversity Framework Target 5;
that “By 2030, manage, and where possible control, pathways for the introduction of invasive
alien species, achieving [50%] reduction in the rate of new introductions, and control or
eradicate invasive alien species to eliminate or reduce their impact, including in at least [50%)]
of priority sites” (CBD 2020).

2.3. Materials and methods

2.3.1. Biological data

A list of 85 Western European non-indigenous invertebrate species (Table 1) was
compiled using DAISIE (Delivering Alien Species Inventories for Europe; http://www.europe-
aliens.org/aboutDAISIE.do), selecting for the areas encompassing Western Europe including
the Eastern Atlantic Ocean, the North Sea, the English Channel, the Bristol Channel and the
Irish Sea. Whilst my search incorporated all aquatic environments (marine, freshwater and
oligohaline) only species recorded in WoRMS (World Register of Marine Species; WoRMS
Editorial Board 2019) and OBIS (Ocean Biodiversity Information System; OBIS 2019) and
listed as marine by EASIN (European Alien Species Information Network;
https://easin.jrc.ec.europa.eu/easin) were included in the dataset. Information regarding the
native region of NIS was collected from a variety of different sources including EASIN, JNCC
(Joint Nature Conservation Committee; http://jncc.defra.gov.uk/), CABI’s Invasive Species
Compendium (Centre for Agriculture and Bioscience International; https://www.cabi.org/isc),
BIOTIC (Biological Traits Information Catalogue; http://www.marlin.ac.uk/biotic/),
NOBANIS (European Network on Invasive Alien Species; https://www.nobanis.org/),
NEMESIS (National Exotic Marine and Estuarine Species Information System;

https://invasions.si.edu/nemesis/) as well as journal articles and DAISIE (Supporting
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Information, Table S4), while information relating to their introduction pathway and impact
were collated primarily using EASIN databases. The list of NIS includes, alongside soft-bottom
species, several conspicuous taxa such as biofouling, epifaunal, planktonic and parasitic
species.

A complementary list of the most commonly recorded native marine invertebrate
species of Western Europe was compiled using occurrence records from OBIS (OBIS 2019).
The ten most commonly recorded native species from each of the 32 orders present in the NIS
dataset were taken (less than ten when fewer such species occurred), to comprise a dataset of
302 native species that was taxonomically balanced with the NIS dataset. This native dataset
builds upon a list of native species with documented qualitative life history traits (those listed
in Table 2), collated by Beauchard et al. (submitted).
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Table 1: The 85 non-indigenous species known to occur in the Eastern Atlantic Ocean, the English Channel,
the Bristol Channel and the Irish Sea. *indicates species which have a high impact according to the EASIN,

bold species are those which are also listed on DAISIE’s 100 Worst List. Numbers (#) correspond to their
position on the FCA plots and cluster dendrogram (Figure 2) and introduction refers to their primary
introduction pathway with colours corresponding to introduction dates (red = pre-1900, dark orange = 1901-

1949, light orange = 1950-1999, yellow = 2000-2018). Native refers to the native range whereby | = Indian,
I-P = Indo-Pacific, M = Mediterranean, NE A = NE Atlantic, NE P = NE Pacific, NW A = NW Atlantic,
NW P = NW Pacific, P-C = Ponto-Caspian, SE P = SE Pacific, SW A = SW Atlantic, SW P = SW Pacific,
U = Unknown. POSE refers to their life-history strategies whereby P = precocial, O = opportunistic, S =
survivor and E = episodic, corresponding to their groups within the cluster dendrogram (Figure 2a).

Taxonomic name Introduction  Native POSE # | Taxonomic name Introduction  Native POSE #
Annelida Chordata
Boccardia polybranchia Unknown NE A P 23 | Botrylloides violaceus* Stowaway NW P P 45
Clymenella torquate NW A P 18 | Corella eumyota Stowaway | 0 50
Desdemona ornate Stowaway M 0] 19 | Molgula manhattensis* _ NW A (0] 3
Ficopomatus enigmaticus I-P (o} 20 | Perophora japonica Stowaway I-P (0] 2
Goniadella gracilis Stowaway NW A (0] 17 | Styela clava Stowaway NwW P (o} 4
Hydroides dianthus* Stowaway NW A 0 21
Hydroides ezoensis* Stowaway NW P (0] 22 | Cnidaria
Marenzelleria neglecta Stowaway NW A 0 52 | Diadumene cincta NW P E 1
Neodexiospira brasiliensis Stowaway SWA 0 26 | Diadumene lineata NW P E 64
Pileolaria berkeleyana* Stowaway NW P 0 27 | Gonionemus vertens* NW P (o] 12
Polydora ciliate Unknown I-P P 24 | Maeotias marginata Corridor P-C 0 58
Streblospio benedicti _ NW A P 25 | Nemopsis bachei _ NW A P 11
Terebella lapidaria Containment M (0] 28

Mollusca
Arthropoda Anomia chinensis _ NW P (0] 57
Acartia tonsa* _ I-P (0] 62 | Aulacomya atra Stowaway SEP E 77
Acartia (Acartiura) omorii Stowaway I-P (0] 46 | Bankia fimbriatula _ U (0] 39
Ammothea hilgendorfi Stowaway NW P 0 29 | Brachidontes exustus Unknown NW A E 65
Amphibalanus amphitrite Unknown I-P 0 72 | Calyptraea chinensis Containment M (o] 30
Amphibalanus eburneus _ NW A o 73 | Corambe obscura Containment NW A (0] 32
Amphibalanus improvisus Stowaway NW A (o) 74 | Crassostrea rhizophorae Unknown NW A 0 70
Austrominius modestus* | Stowaway | swpP (0] 81 | Crassostrea virginica* - NW A E 38
Fistulobalanus albicostatus Stowaway NW P 0] 79 | Crepidula fornicata NW A (o} 31
Bythocaris cosmetops Unknown U (6] 60 | Dendostrea frons* Corridor NW A E 71
Callinectes sapidus* _ NW A o 6 | Ensis leei Stowaway NW A o 84
Caprella mutica* Stowaway NW P P 43 | Gibbula albida Containment M P 41
Eriocheir sinensis* [Stowaway™ nNwP o 8 | Haliotis tuberculata Escape M E 33
Eurytemora pacifica Stowaway NE P 0] 56 | Hexaplex trunculus Containment M P 34
Eusarsiella zostericola _ NW A P 13 | Magallana angulata Unknown NW P E 85
Grandidierella japonica Stowaway NW P P 59 | Magallana gigas _ NW P E 82
Hemigrapsus takanoi* Stowaway NW P 0 63 | Magallana rivularis Release NW P E 83
Homarus americanus* Escape NW A o 47 | Mercenaria mercenaria* _ NW A E 42
Macromedaeus voeltzkowi _ I-P o 53 | Mya arenaria* Stowaway NW A E 37
Megabalanus tulipiformis Unknown NE A (6] 5 Mytilopsis leucophaeata Stowaway NW A 0 48
Monocorophium sextonae* SW P P 44 | Mytilus platensis* Release SEP E 78
Mytilicola intestinalis* M 0] 15 | Ocinebrellus inornatus Containment NW P P 80
Mytilicola orientalis* Containment NW P 0] 16 | Ostrea angasi Escape SWP E 66
Palaemon macrodactylus* Stowaway NW P 0] 51 | Ostrea chilensis Escape SEP E 67
Penaeus japonicus* Escape SW P 0] 54 | Ostrea denselamellosa Escape NW P E 68
Pseudomyicola spinosus Containment NW A 0] 14 | Ostrea puelchana Escape NW P E 69
Rhithropanopeus harrisii* Containment NW A 0] 7 Ostrea stentina Escape NW A E 76
Synidotea laticauda Stowaway NE P (0] 61 | Petricolaria pholadiformis* NW A 0 49

Rapana venosa Escape NwW P o 35
Bryozoa Ruditapes philippinarum* Containment NW P E 55
Tricellaria inopinata Containment NW A (o} 9 Teredo navalis I-P (o} 40
Victorella pavida* Stowaway P-C P 10 | Urosalpinx cinerea * NW A P 36

Platyhelminthes

Koinostylochus ostreophagus Containment NW P 0 75
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2.3.2. Selection of traits for analysis

Currently, no accepted method exists for selecting the most appropriate traits to include
in macroecological analyses (Marchini et al. 2008; Bolam et al. 2017), with selection partially
guided by data availability (Bolam et al. 2017). For my purposes, | selected a suite of 12
biological and life history traits (Table 2) based on those expected to affect invasive ability and
survival potential in non-native habitat (Bolam et al. 2017; Cardeccia et al. 2018). Traits
included those related to growth (body size, longevity), reproduction (age at maturity,
fecundity), resilience to physical disturbance (offspring protection, burrowing depth) and
dispersal (mobility, pelagic stage duration). The 12 traits were subdivided into a total of 56
modalities to comprise the range of possible attributes of the species included. Modalities
represent possible values that a trait can take (e.g. the modalities for body length are <1cm, 1-
3cm, 3-10cm, 10-20cm and >20cm). There were between two and nine modalities for each
trait, with ordinal categories for some traits (e.g. body length) and qualitative categories for
others (e.g. mobility) (Paganelli et al. 2012). Biological trait information for NIS and native
species was collected from a variety of published sources including trait databases such as
BIOTIC, SeaL.ifeBase, Polytraits and from a large range of dispersed expert knowledge within
both published and unpublished literature (Table S5, S6 and S7), with DAISIE also being used
specifically for NIS. The full list of references used to construct the trait databases for native

and NIS are provided in the Supplementary material (Appendix S1 and S2).

Species life-history traits can be broadly categorised into four strategies: Precocial,
Opportunistic, Survivor and Episodic (POSE) (Kindsvater et al. 2016; Dulvy 2017). Short
lifespans, quick maturity, small body size and the production of copious small non-protected
offspring are the defining traits of opportunistic species, with precocial differing only in terms
of their reproductive strategy, instead producing few large offspring. Survivor and episodic
species are large bodied, long-lived, late maturing species with the former producing few large
offspring and the latter producing many small offspring. This framework, which builds upon
the work of Winemiller (2005), splits traits along two dimensions; the first being between fast
(precocial and opportunistic) and slow (survivor and episodic) life-histories and the second
being between high (opportunistic and episodic) and low (precocial and survivor) juvenile
mortality rates (Kindsvater et al. 2016; Dulvy 2017). Superimposed on this framework are r

and K-selected strategies; the former being synonymous with opportunistic species and the
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latter with survivor species, which will henceforth be referred to in terms of this POSE
framework (Figure S3). Each NIS was broadly categorised into one of these four life history
strategies based on the trait modalities previously assigned. The trait modalities associated with

each of the four life history strategies are detailed in Figure S3.
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Table 2: Biological and life history traits considered, and the modalities included for each. 1 = the maximum
reported length in cm. 2 = the movement of species, which influences foraging mode, dispersal and predator
escape. 3 = the common diet of an organism and how that organism acquires energy via food. 4 = the
maximum lifespan in years. 5 = the age at which species are able to reproduce. 6 = the regularity of
reproductive events. 7 = an organism’s reproductive capacity (the number of offspring produced per year).
8 = the form of offspring released from the female body, and the stage at which offspring are fully capable
of feeding themselves. 9 = the diameter of eggs spawned by an organism in um. 10 = a parental trait which
enhances offspring fitness once it is released from the female body. 11 = the length of time offspring spends
in the water column before settling. 12 = the ability of species to dig beneath substrate, linked to
environmental position. POSE refers to life-history traits associated with precocial-opportunistic-survivor-
episodic strategies.

No. Biological Trait Trait Modalities Trait Code P (@) 5 E
1 Body length <1lcm B1 + +
1-3cm B2 + +
3-10cm B3
10-20cm B4 + +
>20cm B5 + +
2 Mobility Crawler M1
Crawler-Swimmer M2
Swimmer M3
Drifter M4
Tubicolous M5
Attached-Sessile M6
Planktonic M7
Burrower M8
3 Feeding method Deposit feeding F1
Suspension feeding F2
Deposit-suspension F3
Carnivore F4
Omnivore F5
Parasite F6
Scavenger F7
Wood-boring F8
Herbivore F9
4 Longevity <lyear L1 + +
1-3 years L2 + +
3-10 years L3 + +
>10 years L4 + +
5 Age of maturity <1 year Aml + +
1-3 years Am2
>3 years Am3 + +
6 Reproductive frequency Continuous Rf1
Seasonal Rf2
7 Annual fecundity <100 Afl + +
100-1000 Af2 + +
1000-10,000 Af3
10,000-100,000 Af4 + +
>100,000 Af5 + +
8 Offspring type? Egg o1
Juvenile 02
Larva 03
9 Offspring size <100 Osl + +
100-500 0s2 + +
500-1500 0Os3 + +
>1500 Os4 + +
10 Offspring protection Brooding Opl
Gel Op2
Capsule Op3
None Op4
11 Pelagic stage duration 1-15 days P1
15-30 days P2
1-2 months P3
>2 months P4
Benthic P5
12 Burrowing depth 0-5cm Bdl
5-15cm Bd2
>15cm Bd3
None Bd4

aEggs for instance would result from oviparous individuals in which the development of offspring occurs outside
the mother’s body, while juvenile/larvae (with juveniles referring to a post-larval stage in which the individual is
not yet sexually mature) occur from viviparous individuals in which fertilization and development occurs within
the female body with the embryo receiving direct nourishment from the female and being released as live young
(Smiseth, et al. 2012; Faulwetter et al. 2014).
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2.3.3. Traits data, encoding and interpolation

The values of a given trait can vary within species with age, biotic interactions and
environmental conditions (Bolam et al. 2017). As such, it becomes difficult to assign some
species to a single modality within a trait. Therefore, a fuzzy coding approach (Chevenet et al.
1994) was adopted which allows for species to have an affinity to multiple modalities by
assigning a score of between 0-3 for each category within a trait. A score of 0 indicates no
affinity, 1-2 indicates partial affinity and 3 indicates a high affinity (Bolam et al. 2017).
Following Bremner (2005) and Cardeccia et al. (2018), the total of the affinity score for each
trait was limited to 3. This allowed for qualitative information to be transformed into
quantitative values appropriate for multivariate analysis (Table S5, S6 and S7). For consistent
application of the fuzzy coding approach i) the modality representative of the adult life stage
always received the highest affinity compared to the larval stage as this is typically the life
stage in which an individual spends most of its time and is more likely to influence native
species and ecosystem functioning and ii) expert judgement, based on taxonomically similar
species, was used to assign values for which the literature provided contradictory information,

typically choosing the trait value which was most recently published (Cardeccia et al. 2018).

Similar to other studies of biological traits (Tyler et al. 2012), | lacked complete trait
data. For NIS trait information was missing for between 2.4% (body size) and 58.8%
(burrowing depth) of species, while for native species trait information was missing for
between 3% (each for feeding method, mobility and offspring type) and 24.8% (pelagic stage
duration) of species. Trait Explorer (http://www.marine-ecosystems.org.uk/Trait Explorer)

was used to fill in these gaps by applying “automated expert judgement” to estimate the missing
trait values based on their taxonomic relationships and patterns of covariation between traits

(see Bruggeman et al. 2009 for detailed methods).

While NIS trait data was recorded both in qualitative and fuzzy coded format, the native
species dataset was only available as a qualitative table. Therefore, for combined analysis to
enable comparisons between the two datasets, both were subsequently converted into a
complete disjunctive binary table whereby a value of 1 was ascribed to the dominant modality
shown per trait, with O elsewhere (Beauchard et al. 2017). Any analysis performed only on NIS
used the fuzzy coded dataset. NIS displaying crawling and swimming modalities at different
life stages and hence fuzzy coded as crawling (2) and swimming (1) for instance, would

translate as crawling (1) in the binary table as opposed to crawler-swimmer. However, the
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modality crawler-swimmer is still possible in the binary table if species are fuzzy coded as

either having an affinity of 3 or 2 to this modality.

2.3.4. Data analysis

2.34.1. Dominant traits of NIS in the context of the POSE framework

Fuzzy Correspondence Analysis (FCA) was used to ordinate species based on their
Euclidean distances in fuzzy coded trait space (Chevenet et al. 1994; Paganelli et al. 2012;
Cardeccia et al. 2018). Fuzzy coded affinity scores for each trait modality were used to
summarise the distribution of traits by taxa. FCA produced two-dimensional ordination plots
for the NIS dataset as a whole and for each trait individually, summarising the fuzzy coded
data across multiple variables into two principal components. A hierarchical k-means cluster
analysis was performed on the matrix of species x trait modalities, using the silhouette method
which revealed the optimal number of clusters to be 5 for the NIS dataset and 8 for the native
and NIS dataset. This identified functional groups present within the data as well as clusters of
species with similar or identical trait characteristics (termed ‘ecological equivalents’)

(Cardeccia et al. 2018).

To investigate whether traits indicative of successful invaders are related to
opportunistic life history strategies, the number of NIS displaying opportunistic traits according
to the POSE framework (Table 2, Figure S3) were filtered from the dataset and investigated
according to their level of impact and taxonomic group. Species with attributes indicative of
precocial, survivor, and episodic life-history traits were also extracted from the dataset as a
means of further characterizing the functional groups identified earlier.

2.3.4.2. Differences between native and NIS

To test for differences in biological traits between native and NIS, the complete
disjunctive table of native trait data was combined with the existing NIS trait dataset. |
calculated and plotted the percentage of native and NIS expressing each modality, to determine

their dominant biological trait characteristics.
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2.3.4.3. Predicting invasiveness

Regularized Discriminant Analysis (RDA) was used to determine if I could reliably
identify invasiveness on the basis of traits alone. RDA is robust to the presence of
multicollinearity, and so is particularly suitable for large multivariate datasets with potentially
correlated predictor variables (Friedman 1989). RDA used a random subset of 20% of the
combined native and NIS dataset (77 species, 17 non-indigenous and 50 native) to test how
well traits could be used to categorise species as either native or non-indigenous. To determine
whether NIS (Table 1) differ markedly from natives in terms of their trait compositions, i) high-
impact, ii) worst-list, and iii) key species were compared to the wider dataset of both NIS and
native species. High impact species are those present on the ‘high impact’ species lists of GISD,
NOBANIS, CABI, and SEBI-2010 according to EASIN 2019; worst-list species are those
present on DAISIE’s ‘100 of the Worst’ list; and key species are those known to influence
community structure and diversity and which are thus considered ‘key species’ according to
Cardeccia et al. (2018), specifically the crabs Callinectes sapidus (Rathbun, 1896), Eriocheir
sinensis (Edwards, 1853), and Rhithropanopeus harrisii (Gould, 1841), the oyster Magallana
gigas (Thunberg, 1793), and the tubeworm Ficopomatus enigmaticus (Fauvel, 1923). Cluster
analysis was again used to identify functionally similar native and NIS, allowing for the
creation of a list of potentially invasive native species (those possessing invasive-promoting
traits which make them successful colonizers of space) which was then assessed in terms of

their general trait assemblages and taxonomic composition.

All data manipulation and analysis were performed in R 3.5.1 (R Core Team 2018),
using the packages ‘ade4’ (Bougeard and Dray 2018) and ‘mda’ (Hastie, Tibshirani and
Friedman 2009).
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2.4. Results

2.4.1. Dominant traits of NIS in the context of the POSE framework
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Figure 2: A) Cluster dendrogram of non-indigenous species split into functional groups using
the optimal number of clusters indicated by the silhouette method, with a bar showing their
taxonomic group. Numbers correspond to the species names listed in Table 1. B) The position
of individual non-indigenous invertebrate species within a Fuzzy Correspondence Analysis,
coloured according to their functional groups defined in cluster analysis. Variables close to the
centre of the plot are less important to explain the first components. Key invasive species are
labelled, and asterisks correspond to ‘worst list’ species.

A hierarchical k-means cluster dendrogram revealed five key clusters - or functional
groups - in the trait profiles of NIS (Figure 2a). Based on the fuzzy coded data, no NIS are
ecological equivalents (i.e. none display the exact same biological profile), hence all NIS
considered in the study are biologically unique with respect to their trait affinities. However,
when considering the qualitative trait data several groups of individuals have the same trait

profile (Table S5). The key biological and life history characteristics of each functional group
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are visualised in Figure 2b. Broadly speaking, the 19 NIS in Group 1 are episodic in terms of
their life history characteristics, being larger bodied, longer-lived and later maturing than any
other group, and producing many, reasonably small, offspring. The 21 NIS in Group 2 are more
difficult to place within the life history framework on account of them being commonly small
bodied, long-lived, quick maturing species which display a range of fecundities. The same is
also true of Group 3, comprised of 10 species from four phyla (platyhelmines, arthropods,
cnidaria and molluscs) which are typically small bodied, short-lived, quick maturing species
which produce few small offspring. The 20 species in Group 4, however, display traits typically
of an opportunistic life history on account of them being small bodied, short lived, quick
maturing species which produce many small offspring. Finally, the 15 species in functional
Group 5 display traits typical of a precocial life history, i.e. they are small bodied, short-lived,
quick maturing species which produce few offspring. Group 4 has the greatest proportion of
high impact species (55%) and three of the five key species (Callinectes sapidus Rathbun,
1896, Rhithropanopeus harrisii Gould, 1841, Eriocheir sinensis Edwards, 1853), while Group

2 has six of the ten species listed on DAISIE’s worst list, shown in Figure 2b.

Across the 12 biological traits investigated for NIS, the first FCA axis explains 10.7%
of total variation in trait composition and is strongly correlated with body size, longevity and
fecundity and the second axis explains 9.1% of total variation and is moderately correlated with
offspring protection, pelagic stage duration and burrowing depth (Figure 2b, Figure S1). As
shown in Figure 2b the first axis (dimension 1) distinguishes small bodied, short lived,
parasitic, egg releasing species with a low annual fecundity (mainly upper right quadrant
corresponding to Group 3 species, with some extreme parasitic positioning at points 15
(Mytilicola intestinalis) and 16 (Mytilicola orientalis)) from mid-sized, omnivorous, crawler-
swimmers with high annual fecundities (lower left quadrant of the plot corresponding mainly
to Group 4). The second axis (dimension 2) extricates large-bodied, long-lived, highly fecund,
attached suspension feeders (upper left quadrant corresponding to Groups 1 and 2) from small
bodied, short lived, less fecund, crawling deposit-suspension feeders (lower right quadrant
corresponding mainly to Group 5. The trait modalities driving the greatest variation along the
axes of this plot, with correlation ratios higher than 0.4 are L1 (lifespan of <1 year), B1 (body
size of <lcm), O1 (production of eggs), Afl (<100 offspring) and Af2 (100-1000 offspring)
for axis 1 and Am2 (maturing at 1-3 years), F5 (omnivory feeding method) and M2 (crawler-
swimmer) for axis 2 (Table S2). Modalities associated with longevity are highly correlated

with both axes (Table S2). Conversely, no modalities from the traits ‘reproductive frequency’
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exhibit any strong correlation (positive or negative) with the axes, revealing that this trait
accounts for low variability within the NIS dataset. Patterns of feeding method and mobility
modalities are better encompassed within axis three (Figure S2) which is correlated with the
following trait modalities; B5 (a body length >20cm), F6 (a parasitic feeding method), M2
(crawling-swimming mobility), Af2 (a low fecundity of 100-1000) and Bd2 (a burrowing depth
of 5-15cm).

Due to the nature of fuzzy coded data, NIS were able to show affinity to multiple
modalities within a trait. Within the category ‘reproductive frequency’ only 11% of species
showed an affinity to both Rfl and Rf2, while for ‘offspring type’ 75% of species displayed an
affinity to multiple modalities, mostly represented by species with an affinity to both O1 (eggs)
and O2 (juveniles). Few species (12) had an affinity to multiple feeding methods, with the most
dominant combination being an affinity for omnivory and one other feeding method. The few
behaviours of ‘offspring protection’ for which only 8% of species show an affinity to multiple
modalities, are mainly represented by species expressing an affinity to both brooding and no
protection. Conversely, the numerous behaviours of ‘longevity’ include several combinations
of trait categories including an affinity to a lifespan of <1 year and a lifespan of 1-3 years, and

a lifespan of 3-10 years and one other modality.

The trait ‘pelagic stage duration’ includes unique trait modality groupings whereby
only one species (Mytilus platensis d’Orbigny, 1842) displays an affinity to both a pelagic stage
duration of >2 months and 1-2 months, signifying a low level of affinity for this trait in NIS.
In terms of the proportion of all possible modality combinations, 70% are observed for
‘offspring type’ (7 out of 10 possible combinations) and 65% for both ‘longevity’ and
‘burrowing depth’ (13 out of 20 possible combinations). Fewer ‘occupied’” modality
combinations were found for ‘feeding method’ (only 18%), ‘mobility’ (only 32%) and ‘body
size’ (only 37%).

24.1.2. POSE Framework

Across the dataset four NIS display all trait modalities considered typical of
opportunistic species (shown in Table 2), three belonging to functional Group 2 (Hydroides
ezoensis Okuda, 1934, Amphibalanus amphitrite Darwin, 1854, Amphibalanus improvisus
Darwin, 1854) and one belonging to functional Group 4 (Hemigrapsus takanoi Asakura &
Watanabe, 2005). With the inclusion of species lacking offspring protection (a trait commonly
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considered typical of r-selected species but currently not integrated into the opportunistic
section the POSE framework) and the exclusion of any body size limits (typically not
mentioned in r-selected characterization), seven such NIS were found. Two of these occur on
the worst list: Styela clava (Herdman, 1881) and Marenzelleria neglecta (Sikorski & Bick,
2004), with all but one (Megabalanus tulipiformis Ellis, 1758) also considered to be high
impact according to EASIN. No species included in the dataset presents all biological attributes
considered typical of a survivor life-history strategy. Three species were identified as
possessing all the traits indicative of a precocial life history strategy: Monocorophium sextonae
(Crawford, 1937), Botrylloides violaceus (Oka, 1927) and Bythocaris cosmetops (Holthuism
1951). The first two clustered within functional Group 5 (dominated by species displaying
broadly precocial life histories) and the last within Group 4 (dominated by species displaying
broadly opportunistic traits). With regards to episodic species, these typically display bet-
hedging life histories (as displayed in Table 2). Two such species (Mya arenaria Linnaeus,
1758 and Ostrea angasi Sowerby, 1871), both of which are within functional Group 1, are
present within the dataset and display all traits indicative of an episodic life history. Ten species
are considered both worst-list and high-impact species, of these, nine are considered
opportunistic in terms of their life-history traits, with only Magallana gigas (Thunberg, 1793)

considered episodic.

2.4.2. Differences between native and NIS

The combined faunal list (including both NIS and natives) comprised seven phyla:
Annelida, Arthropoda, Bryozoa, Chordata, Cnidaria, Mollusca and Platyhelminthes, each
present in both datasets in similar percentages (Table S1). Molluscs (101 native and 32 NIS),
Arthropods (80 native and 27 NIS) and Annelids (50 native and 13 NIS) were the three largest
phyla, making up 34.4%, 27.7% and 16.3% of the combined NIS and native species dataset

respectively.
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Figure 3: Affinity (in %) of 302 native and 85 non-indigenous invertebrate species to the 56
modalities of 12 biological traits. Offspring size is measured in micrometres. Native species
are indicated by a cross and non-indigenous species by a black triangle.

The differences in the affinity of non-indigenous and native species to trait modalities

varied depending on the trait considered (Figure 3). Five key traits discriminated between
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natives and NIS: body size, lifespan, fecundity, offspring protection, burrowing depth and, to
a lesser extent, pelagic stage duration. NIS most commonly display some combination of the
following trait modalities: body size of 3-10cm (31.8%), lifespan of 3-10 years (30.6%), high
fecundity (40% have an annual fecundity of >100,000), offspring protected via brooding
(48.2%), pelagic stage duration of either 1-15 or 15-30 days (both 30.6%), and a burrowing
depth of 0-5cm (36.5%). Native species, in contrast, are more frequently smaller bodied (28.5%
are <lcm), short lived (36.1% live <1 year), less fecund (28.5% produce fewer than 100
offspring), offering no offspring protection (43.4%), with a short pelagic duration of 1-15 days
(32.1%) and no burrowing behaviour (48.7%). Both native and NIS exhibited similar patterns
in terms of their mobility (both typically attached-sessile, 34.1 % and 48.2% respectively, with
their secondary mobility being crawling), feeding method (both commonly suspension feeders,
39.7% and 48.2% respectively) age of maturity (both typically maturing at < 1 year, 68.5% and
63.5%, respectively) and reproductive frequency (both typically reproducing seasonally,
77.6% and 79.5%, respectively). Similarly, with regards to offspring type natives and NIS
typically produce eggs (59.3% and 65.9%, respectively) 100-500 um in size (59% and 45.9%

respectively).

Regularized discriminant analysis (RDA) accurately discriminated species being either
native or non-indigenous with an accuracy of 77.9% based on biological traits alone.
Notwithstanding, RDA also falsely classified eight natives as NIS: Corbula gibba (Olivi,
1972), Polycarpa scuba (Monniot, 1970), Ostrea edulis (Linnaeus, 1758), Littorina littorina
(Linnaeus, 1758), Upogebia deltaura (Leach, 1816), Anomia ephippium (Linnaeus, 1758),

Solen marginatus (Pulteney, 1799) and Propeamussium lucidum (Jeffreys, 1879).

2.4.3. Predicting invasiveness

2.4.3.1. None-indigenous and native clusters

A hierarchical cluster dendrogram of all native and NIS, delimited via the silhouette
method, revealed eight groups (or clusters) of species, the life history and biological traits of
which are described in Table 3. Group 1 contains two opportunistic species, both of which are
native molluscs (Nototeredo norvagica Spengler, 1792, and Psiloteredo megotara (Hanley in
Forbes & Hanley, 1848) while Group 2 contains 76 primarily mollusc species (55 native and
21 NIS) which are broadly episodic in terms of their life-history. Group 3 has the highest

number of NIS (26, with 37 natives) most of which are annelids, which, on account of their
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mid-range lifespan, body size and fecundity do not clearly fit into a life history strategy. Nine
native mollusc and arthropod species make up Group 4 which, despite being small bodied, are
broadly survivor species. Precocial life histories dominate in Groups 5 (46 mostly mollusc
species, 5 NIS, 41 native), 6 (35 mostly arthropod species, 8 NIS, 27 native) and 7 (111 species,
22 NIS, 89 native) on account of these species producing few large offspring (particularly
Group 6), and being small-bodied, short lived and quick maturing. Finally, Group 8 (35 mostly
arthropod species, 3 NIS, 32 natives), much like Group 3, does not fit clearly into a life-history

strategy on account of producing few, small offspring.

Table 3: Dominant trait modalities of the groups identified in cluster analysis of both native
and non-indigenous species.

Group Body Mobility Feeding Lifespan  Age of Annual Offspring  Offspring Pelagic
size method maturity  fecundity size protection stage

1 1-3cm Burrowers Wood-borer  1-3 years <1 year >100,000 <100um None 15-30 days
2 3-10cm Attached Suspension ~ >10years  1-3years >100,000 <100pm None 15-30 days
3 3-10cm  Tubicolous Deposit 1-3 years <1 year 100-1000 100-500um None 1-15 days
4 <lcm Crawling Herbivore >10 years >3 years <100 100-500pum Gel 1-15 days
5 1-3cm Crawling Carnivores <1 year <1 year 100-1000 100-500pum Capsule Benthic or
1-15days

6 <lcm Crawler- Deposit <1 year <1 year <100 >1500pm Brooding Benthic

swimmer
7 <lcm Attached Suspension <1 year <1 year <100 100-500pum None 1-15 days
8 <lcm Planktonic Parasitic <1 year <1 year <100 <100um Brooding 1-15 days
2.4.3.2. Potentially invasive native species

Potentially invasive native species are considered to be those which possess invasive-
promoting, space-occupying, life history or biological traits e.g. larger body size, higher
fecundity, greater dispersal etc, which mean they could be poised for invasion success were
they to be transported beyond their native range (Keller et al. 2011). In this study | define
potentially-invasive native species as those closely clustered to NIS, i.e. sharing at least half of
their trait profile with a known NIS, or those predicted to be non-indigenous according to RDA
(Table S3). Three species were found to meet both of these criteria: Corbula gibba (Olivi,
1792) Ostrea edulis (Linnaeus, 1758), and Littorina littorea (Linnaeus, 1758), which are all
molluscs. These species express traits generally indicative of the wider NIS trait profile in that

they are larger bodied (typically medium sized, 3-10 cm), longer lived (3-10 years), highly
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fecund (10,000-100,000 or >100,000 offspring) species, which have a long pelagic stage
duration (either 15-30 days or >2 months).

Fifty-nine native species (39% molluscs, 20% arthropods and 19% annelids) were
identified more widely as potentially invasive to varying degrees, 54 identified through cluster
analysis and a further five through RDA. Generally speaking, these fifty-nine potentially
invasive native species also display traits which more widely reflect the characteristics of NIS
i.e. they are typically 3-10cm and live for 1-3 years rather than the typical <l1cm body size and
<1-year lifespan of native species. These potentially invasive species also produce >100,000
offspring, compared to natives more generally which tend to produce <100. Of the 54 species
identified through cluster analysis, 37 share between 6-9 traits with a known NIS, 14 share 10-
11 traits and three have an identical trait profile to a known NIS (the chordate Polycarpa
pomaria Savigny, 1816, and the molluscs Euspira catena da Costa, 1778, and Atrina pectinata)
(Table S3).

P. pomaria displays the same trait profile as the non-indigenous Megabalanus
tulipiformis (Ellis, 1758). Despite the former being chordate and the latter being an arthropod
both species are mid-sized (3-10cm), attached-sessile, suspension feeders which live 1-3 years,
mature at <1 year and release 10,000-100,000 offspring annually which receive no protection
and are pelagic for 1-15 days. E.catena is biologically similar to the invasive Urosalpinx
cinerea (Say, 1822), both of which are carnivorous bivalves which grow to 3-10 cm, live for
3-10 years and produce 10,000-100,000 eggs annually which are protected via capsules while
A. pectinata, is biologically identical to the highly invasive Magallana gigas (Thunberg, 1793).
Both are large bodied (>20 cm), long lived (>10 years), highly fecund species (>100,000
offspring annually) which produce small offspring (<100 um) which receive no protection and
are pelagic 15-30 days. 18 (33%) of these potentially invasive native species identified through
cluster analysis are from Group 7, followed by 13 (24%) from Group 2, 12 (22%) from Group
3, 6 (11%) from Group 5 and 5 (9%) from Group 4. Species classed as ‘potentially invasive
native species’ could be predicted from the wider native dataset with a 78% accuracy

(misclassification rate of 13.58% (apparent) and 19.50% (cross-validated)).
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2.5. Discussion

| proposed a method based on trait profiles to predict native species with a propensity
for invasiveness and NIS likely to cause the greatest impact. | attempted to discriminate
between likely and unlikely future invasive species based on natives with similar biological
profiles to known highly invasive species. This was done in response to two of the most central
questions in invasion biology: which species are likely to become invasive and what are their
likely impacts? (Fournier et al. 2019). Presently, increased pressure exists to accurately predict
species likely to become invasive in order to provide targeted surveillance and proactive
management against the growing threat of biological invasions (Vila et al. 2010; Capinha et al.
2013; Seebens et al. 2015; Anton et al. 2019; Fournier et al. 2019). Knowledge of the biological
traits that confer invasiveness would therefore be invaluable to create effective screening of
potential invaders and allow for a rapid response to invasions based upon early detection
(Devin and Beisel 2007; Kaiser et al. 2010). Trait-based risk assessments are increasingly used
to profile species which may have invasive potential and are becoming a valuable tool to
control species introductions (Liu et al. 2017), yet this investigation goes beyond traditional
biological trait analysis by using such attributes to estimate species invasiveness applied to a

dataset of non-invasive species, complimentary to the work of Fournier et al. (2019).

The previous use of invasive profiling within the terrestrial environment indicates that
this framework is applicable to other taxa for which there is known information regarding the
traits of current NIS. Fournier et al. (2019) for instance, applied a similar approach using
ecological characteristics to predict ant species likely to invade and those with the most
detrimental impacts. Based on the profiles of 1,002 ant species they identified 13 native ants
with ecological profiles matching those of known invasive species and suggested that these
species are poised to become the next global invaders (Fournier et al. 2019). While this
investigation is limited in terms of coverage (and hence may only be applicable to Western
European marine species), the pool of non-indigenous invertebrate species was large due to the
imputation method of Trait Explorer which allowed us to estimate values for which trait
information was lacking. This has the advantage of meaning less well-known species were not
removed, which could have resulted in biased parameter estimates and improper predictions of

native species with invasive propensity.

Post hoc analyses of the fifty-nine potentially invasive native species identified

throughout my investigation found that 13 of these species are currently known to be invasive
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outside of their native Western European range. Corbula gibba, Ostrea edulis and Littorina
littorea, all identified through RDA and cluster analysis to be potentially invasive, were among
the species found to be invasive elsewhere. Corbula gibba, for instance, invaded Port Philip
Bay, Australia as early as 1987 and has since become widespread and abundant due to its fast
growth rate which provides it with a competitive advantage over native endemic species of
commercial importance, such as the scallop Pecten fumatus. Ostrea edulis has itself been
introduced to numerous regions around the world for cultivation purposes, and has since
established wild populations in some of these regions, North America in particular (ISSG,
2021). While in Atlantic waters, Ostrea edulis became infected with a parasitic disease known
as bonamiasi (Bonamia ostreae), which upon translocation of North American invasive
populations back to Europe has been responsible for widespread mortality among the native
European populations (ISSG 2021). Also invasive to North America is L. littorea, typically
transported through aquaculture. It has been reported that L. littorea competes with other native
littorines and drastically alters intertidal communities as it aids the slower growing Chondrus
crispus in overtaking the faster growing green algal species (Global Invasive Species Database
2021).

2.5.1. Dominant traits of NIS and differences between native and NIS

This is the first research of its kind to successfully discriminate between native and NIS
based upon their biological traits with an accuracy of 77.9%, with body size, lifespan,
fecundity, offspring protection, burrowing depth and, to a lesser extent, pelagic stage duration
identified as the most important distinguishing traits. Western European non-indigenous
benthic invertebrates are typically medium-sized, fast maturing, attached suspension feeders
which reproduce seasonally, producing >100,000 small eggs protected via brooding or which
are pelagic for 1-30 days and have a typical burrowing depth of 0-5cm. This suggests that non-
indigenous species do indeed display a greater affinity for certain ‘invasive promoting’ traits
than their native counterparts. Overall, | found that NIS are typically 3-10 cm while natives are
<lcm, supporting the underlying assumption that NIS are typically larger-bodied and thus
display enhanced performance, in terms of resource and space acquisition, over native species
in their introduced regions (Roy et al. 2002; Grosholz and Ruiz 2003; Darling et al. 2011,
Hénfling et al. 2011; Parker et al. 2013; Liu et al. 2017). Despite the evidence for this
assumption, however, there is a growing body of literature suggesting that the perceived

tendency for invasives to be larger-bodied is strongly context dependent and should not be
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generalized (Parker et al. 2013; Junior et al. 2015). For example, Miller et al. (2002) found no
relationship between invasion success and body size in marine bivalves, while Junior et al.
(2015), examined fish species on neotropical floodplains and found no colonization advantage
for larger species. When looking within the specific taxonomic groups of my investigation, it
is clear that the assumption that NIS are larger bodied does not always hold true. With regards
to molluscs, both NIS and native molluscs were both commonly found to be 3-10 cm, while
native annelids were in fact larger bodied (3-10 cm), than NIS annelids (typically 1-3 cm). It
is clear therefore, that NIS must also remain competitively advantageous via other traits.

The widely-held theory that invasive species have short lifespans in which they rapidly
reproduce (Sol et al. 2012) was not supported by this investigation. Instead, | found NIS to
commonly live for 3-10 years while natives lived <1 year. Despite this difference in lifespan,
both NIS and native species commonly became sexually mature at <1 year of age. This may
indicate that non-indigenous benthic invertebrates are able to make both current and future
reproduction a high priority, initially investing in rapidly producing large broods, thereby
allowing the population to grow quickly (population growth hypothesis) and also reproducing
throughout their longer lifespan, providing time for the introduced individuals to adapt to the

new environment, without initially delaying reproduction.

Fecundity is a key trait distinguishing between native and non-indigenous invertebrates,
with the former more commonly producing fewer than 100 offspring and the latter typically
producing in excess of 100,000 offspring. Several studies (Torchin et al. 2001; Lockwood et
al. 2005; Keller et al. 2007; Lockwood et al. 2009) also highlight propagule pressure as a key
trait explaining invasive success of marine and freshwater non-indigenous species,
encompassing both the number of reproductive events and number of offspring released
(Brandner et al. 2018). Despite the well-documented correlation between body size and
fecundity (Gribben et al. 2013) this association does not appear to be the driving force of the
high prolificacy of NIS within this investigation given the low number of large bodied NIS
(6%) within my dataset. While thirty-four NIS produce in excess of 100,000 offspring annually,
only four of these species are large bodied (>20cm) with species sized between 3-10cm being
more frequently highly fecund (15 in total). This instead indicates that high fecundity is an
inherent trait of successful invaders and that these attributes favour a tendency to spread from
native regions to colonize new areas, possibly aided by early maturity and small offspring size
(Alonso and Castro-Diaz 2008: Brandner et al. 2018), also observed to be dominant traits of

non-indigenous benthic invertebrates within my investigation.
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NIS further possessed a greater affinity towards brooding than any other form of
offspring protection, alongside a higher affinity to producing a large number (>100,000) of
offspring. Several studies have shown that invasive molluscs display brooding parental care
and a high reproductive output, as in the case of Crepidula fornicata (Richard et al. 2006; Le
Cam et al. 2009). This is also supported by Marchetti (2004) who investigated fish invasions
throughout California and found that NIS display a high reproductive capacity and exhibit
parental care, the latter being favourable to invasiveness via increasing offspring survival rates
and reducing dispersal into unfavourable environments. Marchetti (2004) also observed that a
wide physiological tolerance (to temperature, salinity, oxygen and turbidity), and prior invasion
success are important distinguishable characteristics which promote invasion success. My
investigation, however, did not consider physiological tolerance nor other traits (e.g. metabolic
and growth rate (Le Cam et al. 2009; Lagos et al. 2017)) reported to be important to invasive
success, nor was it within the scope of this paper to investigate phenotypic plasticity, primarily
due to a lack of species-specific data (Weis 2010). It is likely, however, that invasion success
stems from an affinity to multiple biological trait modalities (Hanfling et al. 2011), many of

which were captured within this investigation.

Non-indigenous species acting as “ecosystem engineers” via bioturbating activities
such as burrowing represents a major impact of invasive species on aquatic systems. Many
species choose to burrow for refuge, defence or reproductive purposes (Harvey et al. 2019) and
while burrowing may bring ecosystem benefits via contributing to nutrient cycling, it also
changes the landscape many native species are adapted to, potentially resulting in these species
being outcompeted (Harvey et al. 2019). In the case of my investigation, burrowing depth was
identified as a key trait distinguishing between native and NIS, with natives being more likely
to display no burrowing behaviour and NIS more often burrowing to 0-5cm. In crustaceans,
certain behaviours associated with burrowing have been shown to contribute to their success
over native species (Weis et al. 2010). Predator avoidance and habitat alteration are two such
examples, whereby NIS are more successful at avoiding predators than natives due to their
burrowing behaviour which subsequently also alters the environment in a way that may
displace natives (Weis et al. 2010). Once these burrows are created there is also evidence that
invasive species are more likely to occupy these shelters, often directly displacing native
species and thus increasing their risk of predation (McDonald et al. 2001; Gilbey et al. 2008).
In my investigation, while almost a quarter of NIS are able to burrow to >15 cm, conversely

this is the case for only 7% of natives. Comparing within taxonomic groups and the same trend
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is observed for molluscs, arthropods and annelids, with NIS universally displaying enhanced
burrowing behaviour. Although I did not consider aggression directly, this may represent an
important behavioural trait which is instrumental in allowing invasives to dominate over
natives for both habitat and food (Weis et al. 2010).

The final trait which, to a lesser extent, distinguishes between native and NIS is pelagic
stage duration. In NIS which are not brooders, a pelagic stage duration of either 1-15 days or
15-30 days was common, longer than that of natives which was typically only 1-15 days.
Organisms which have a longer planktonic or pelagic stage are particularly prone to ‘spill over’
from their culture areas into the surrounding environment (Geburzi et al. 2018). In the case of
NIS this allows for long-distance dispersal beyond the point of introduction, and as such, is a
key invasive-promoting trait which ultimately enhances dispersal potential to new

environments.

Although | did not directly quantify the potential for NIS to exploit human
transportation systems, | observed that NIS possess a higher affinity towards being attached-
sessile, likely to be favourable for vessel hull fouling, and were more commonly small, rather
than large bodied, enabling easier concealment and infiltration within cargo and ballast water.
This coincides with Alonso and Castro-Diez (2008) who reported that a high dispersal ability
via natural mechanisms (i.e., a long pelagic stage duration), is favourable to invasives,
alongside high plasticity that allows for the colonization of new environments, and
aggressiveness/ territoriality (particularly among crustaceans) (Hanfling and Kollmann 2002).
| found, however, that NIS which were not brooders displayed the lowest affinity towards a
long pelagic stage of >2 months and hence are unlikely to be primarily dispersed in this way.
Furthermore, although both native and NIS commonly produce similar sized eggs (between
100-500um), non-brooding NIS possessed a higher affinity than natives towards small
offspring sizes (<100pm). These smaller eggs allow for easy dispersal as they can enter ballast
water tanks undetected and require less energy investment possibly allowing for a greater

overall egg production (McAlister et al. 2012).

2.5.2. High impacts species

The impact of invasive species is not necessarily related to their invasiveness (Ricciardi
and Cohen 2007), suggesting that different sets of traits may be associated with impact than

invasiveness. | addressed this by considering the traits of the highest impact NIS, (i.e. those
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present in the ‘high impact’ or ‘worst invasive’ species lists of DAISIE, GISD, NOBANIS,
CABI, and SEBI-2010 according to EASIN 2019). Five of the NIS | consider are known to
influence community structure and diversity and are considered ‘key species’ according to
Cardeccia et al. (2018); crabs Callinectes sapidus, Eriocheir sinensis, and Rhithropanopeus
harrisii, the oyster Magallana gigas, and the tubeworm Ficopomatus enigmaticus (Fauvel,
1923). Ten are also present on DAISIE’s ‘100 of the Worst’ list including the limpet Crepidula
fornicata, the clam Ensis leei, the whelk Rapana venosa (Valenciennes, 1846) and the sea
squirt Styela clava with a further thirty-eight classified by EASIN as having a ‘high’ impact.
With regards to Mallagana gigas for instance, several expressed traits appear to contrast with
those suggested by Ricciardi (2015) to characterize invasiveness e.g. displaying episodic life-
history strategies such as being long-lived and late-maturing, yet this high-impact invasive
bivalve is known to cause national concern within the UK where it is known to displace
Sabellaria spinulosa (Leuckart, 1849; Dubios et al. 2006) reefs, compete with natives such as
the European Oyster Ostrea edulis (Zwershke et al. 2018), for food and space during the
creation of large oyster beds, and hybridize with local oyster species promoting the transferal
of disease and parasites to native populations (Padilla 2010; Herbert et al. 2012; Goedknegt et
al. 2019).

| found that high impact species (including key and worst-list species) generally have
traits reflecting the wider non-indigenous dataset, although there were some noteworthy
differences regarding discrepancies in body size, feeding method and age of maturity. For
instance, key NIS tend to be either large bodied (>20cm) or small bodied (1-3cm) rather than
the typical mid-size (3-10cm) to which the greatest affinity is given across the whole dataset,
and are more commonly omnivorous crawlers with a later maturity at 1-3 years. Moreover,
deposit-suspension feeders are more commonly represented in worst list species than in the full
NIS list, with high impact NIS more likely to have a higher reproductive output (42% produce
>100,000 offspring annually), than low-impact NIS (36%) or natives (12%), a trend that is
commonly noted in other studies (Kolar and Lodge 2001; 2002; Kulhanek et al. 2011).
However, it is not universally the case that high-impact NIS possess these traits (Sol et al.
2012). For instance, in my dataset while Eriocheir sinensis, a key Arthropoda species
influencing community structure and diversity, produces in excess of >100,000 eggs annually
(Czerniejewski 2013), the ‘high impact’ Arthropoda Caprella mutica produces <100

propagules annually.
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The invasive crab Rhithropanopeus harrisii, a key and high-impact species, was found
to be biologically unique within my dataset. Rhithropanopeus harrisii carries white spot
syndrome and affects ecological functioning and ecosystem service delivery by competing with
native crabs and altering food webs (Jormalainen et al. 2016). My result thus appears to give
weight to the hypothesis that non-indigenous invertebrates capable of causing the greatest
ecological impacts are those which are functionally distinct from native taxonomically-similar
species, indicating that the similarity (or lack thereof) of traits between native and non-native
species influences invader impact (Ricciardi and Atkinson 2004; Ricciardi and Mottiar 2006;
McKnight et al. 2017).

While some NIS rapidly spread and have negative ecological impacts on their recipient
communities, other introduced species may have minimal or positive impacts beyond their
native geographical range (Rodriguez 2006; Bates et al. 2013). These positive impacts could
stem from introduced species sharing similar ecological roles to natives and thus providing
functional redundancy, helping to retain ecosystem functioning in the event of species loss
(Stavert et al. 2017). Ficopomatus enigmaticus, for instance, is a small polychaete key high-
impact species known to positively affect other benthic species via improving water quality
and both oxygen and nutrient conditions (Keene 1980; Davies et al. 1989). This filter-feeding
species also has a beneficial effect on native communities as it removes material from
suspension (particularly advantageous within enclosed waterbodies) (Thomas and Thorp 1994)
and is a well-documented ecosystem engineer capable of creating new habitats for epibenthic
species amongst the reef tubes it builds (Thomas and Thorp 1994). This successful non-native
species is characterized by traits previously hypothesized to be favourable for invasives,
including low age of maturity and the production of small, non-protected eggs. Despite its
benefits, F. enigmaticus is still considered high impact largely due to both its socio-economic
impacts, including fouling aquaculture ponds and blocking thermal effluents and its high
probability of being introduced to new regions, particularly estuaries and harbours (CABI
2021).

2.5.3. Outlook

Coordinated research through databases such as WoRMS and OBIS likely offer a
promising avenue for furthering our knowledge of the key traits of invasive and non-indigenous
marine species (Swart et al. 2018). It is likely that as biological trait information becomes more

widely available for marine species there will be a greater ability to detect differences between
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native and NIS in order to provide a clearer delineation of an invader profile (Verberk et al.
2013; Miller et al. 2018). Once additional information is collated present lines of enquiry
should be readdressed, with species listed as potentially invasive being investigated further to
enable predictions to be made regarding both the regions they are likely to invade (via plausible
introduction pathways (Roy et al. 2018)) and their likely impact upon arrival (Devin and Beisel
2007) based on similar invasive species. Prior invasion history has been identified as a potential
predictor of future invasion success (Kulhanek et al. 2011; Fournier et al. 2019) and coupled
with biological traits was used here to strengthen my list of potentially invasive native species.
Although beyond the scope of the current investigation, which considers only mean trait values
at the species level, the role of intraspecific trait variability may also influence invasive success

and should be considered in future studies.

Once established in a suitable location, non-indigenous benthic invertebrates are near
impossible to eradicate due to the difficulty in dealing with species within the marine
environment (which is an open and continuous habitat allowing easy dispersal of marine
species). Considering, therefore, the growing number of NIS introduced to Western Europe in
recent decades, reliable estimates of the potential impacts and dominant biological traits of
invasive species would greatly help to prioritize limited management resources towards highly
disruptive and potential invaders (Ricciardi 2003; Kulhanek et al. 2011). Predictive tools, like
the one presented here, which can forecast native species likely to become invasive would
greatly benefit detection programs world-wide and provide an insight into invasion dynamics
via the monitoring of potential invaders (Hui and Richardson 2017). This framework provides
the opportunity to implement targeted and timely management to marine biological invasions.
I recommend applying this methodology to assess and predict the invasive potential of other

taxa for which biological and life-history trait information exists (Fournier et al. 2019).
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2.6. Supporting material

Table S1: The proportion of each phyla included in the native and non-indigenous species

dataset. The total number is given, with the percentages in parenthesis.

Table S2: The most important positive and negative loadings of trait modalities on dimension
1 and dimension 2 of the bidimensional plot encompassing the whole non-indigenous species
dataset (Table 1, Figure 2b).

Table S3: List of fifty-nine potentially invasive native species. * signifies those identified
through RDA, ** indicates those which share 6-9 traits with a known NIS, *** represents
those share 10-11 traits with a known NIS, and bold indicates those with identical trait profiles
to a known NIS. Invasive refers to whether these native European species are themselves

invasive elsewhere.
Table S4: References for the native ranges of non-indigenous species used in the study.

Table S5: Qualitative biological traits information for non-indigenous species. Red are the

traits filled in using Trait Explorer.

Table S6: Raw data: Disjunctive table of trait modalities for NIS and native species. Trait
codes correspond to the modalities listed in Table 2. The species number is its AphialD in the
World Register of Marine Species.

Table S7: Raw data: fuzzy coded data for non-indigenous species. Trait codes correspond to
the modalities listed in Table 2. The species number is its AphialD in the World Register of

Marine Species.
Appendix S1: Reference list for the trait data of non-indigenous species used in Chapter 2.
Appendix S2: Reference list for the trait data of native species used in Chapter 2.

Figure S1: Fuzzy Correspondence Analysis bidimensional plots representing the 12 biological
traits investigated. Each plot represents the distribution of trait modalities across the first two
axes, with points (dots) corresponding to non-indigenous species listed in Table 1. Eigenvalue
bars informs on the dimensionality of the cloud of species, i.e., how much variance is explained

by each axes or dimension, with each bar representing an axis from 1 to 10 (left to right).
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Figure S2: Fuzzy Correspondence Analysis bidimensional plot representing the 12 biological
traits investigated. Each plot represents the distribution of trait modalities across axes 1 and 3,

with points (dots) corresponding the non-indigenous species listed in Table 1.

Figure S3: Adapted from Kindsvater et al (2016). Life history traits typical for each category
of the POSE framework (Precocial-Opportunist-Survivor-Episodic) as dictated by differences
in adult and juvenile mortality, shown on the left. Trait modalities considered in this

investigation are also placed within this framework, shown on the right.
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3. A global comparative analysis of life history traits
associated with imperilment and invasiveness in
marine molluscs

3.1. Abstract

Global environmental change is accelerating both species extinctions and invasions,
contributing to the mass reshuffling and potential taxonomic and functional homogenization of
species assemblages. Evidence indicates that both extinction risk and invasion success are
mediated by life-history traits. Here, | aim to determine on a global scale whether invasive and
imperilled (IUCN Red List) marine molluscs lay at opposite ends of the life-history continuum
and attempt to correlate species life-history traits with the likelihood of being either imperilled
or invasive. | collated life history trait data (including body size, longevity, maturity, fecundity,
pelagic stage duration and egg size) for 1935 gastropod and bivalve molluscs, which were also
classified according to risk status (Invasive, Native, Non-threatened, Threatened and Data
Deficient). Using principal component analysis (PCA) and phylogenetic generalised least
squares (PGLS) models I identified that while phylogeny may be used to predict risk status in
marine molluscs, the inclusion of trait data adds very little to the predictive power of the
models. Extinction risk and invasiveness were not randomly distributed across families, with
some families containing larger proportions of threatened (Provannidae and Pinnidae) or
invasive-prone (Teredinidae and Chamidae) species than others. | observed a disparity between
life-history-driven sensitivity to extinction and invasion whereby different risk categories
occupied differing positions within trait space. Considering where a species’ life history falls
on the POSE spectrum can help to diagnose vulnerability to human exploitation and can also

show which species may be poised for invasion success.
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3.2. Introduction

Global environmental change is accelerating both species extinctions and invasions,
contributing to the mass reshuffling and potential taxonomic and functional homogenization of
species assemblages (Jeschke & Strayer 2008; Ceballos et al. 2015; Liu et al. 2017).
Conservationists and invasion ecologists are equally interested in understanding the causes of
extinction risk at low population sizes (van Kluenen & Richardson 2007; Blackburn & Jeschke
2009). The former approach the issue with the aim of preventing extinctions in threatened and
imperilled populations by discovering which traits allow small populations to persist through
time (Blackburn & Jeschke 2009). The latter focus more on understanding how founder
populations of exotic species can overcome the barriers faced by small population sizes, and
subsequently spread (Blackburn & Jeschke 2009). The processes of extinction and invasion are
worth studying in tandem as this allows the key question to be addressed of whether certain
traits mediate extinction probability at low population sizes, and if so, how these trait ranges

then vary between invasive and extinction prone species (Blackburn & Jeschke 2009).

Growing evidence suggests that both extinction risk and invasion success are mediated
by certain life history traits which influence intrinsic vulnerability, population dynamics and
adaptive capacity to change (Olden et al. 2006; Bradshaw et al. 2008; Larson & Olden 2010;
Chichorro et al. 2019). Links between life history and either invasion success or extinction risk
have been documented predominantly in vertebrates, including mammals (Isaac 2009;
Capellini et al. 2015), birds (Sol et al. 2012; Wang et al. 2017), reptiles (Allen et al. 2017,
Tingley et al. 2013), amphibians (Salice 2009; Allen et al. 2017) and fish (Vila-Gispert et al.
2005; Olden et al. 2006; Reynolds et al. 2005; Liu et al. 2017). Most studies of invertebrates
have focused on terrestrial or freshwater arthropods (Larson & Olden 2010; Krushelnycky et
al. 2010; Engelkes & Mills 2011), although recent analysis has revealed life history correlates
of invasiveness in marine invertebrates too (Quell et al. 2021). Suggested life-history correlates
of increased extinction risk include K-selected strategies (or ‘slow’ life histories) such as a
large body size (Gaston & Blackburn 1995; Fisher & Owens 2004; Chichorro 2019), long
lifespan, late maturation (Reynolds et al. 2005) and low fecundity, all of which increase a
species’ vulnerability to human exploitation and reduce their ability to compensate for losses
(Webb 2002; Fisher & Owens 2004; Olden et al. 2007). Life history correlates of invasiveness,
meanwhile, include r-selected strategies (or ‘fast’ life histories) such as a small body size, short

lifespan, quick maturation and high fecundity (Statzner et al. 2008; Cardeccia et al. 2018).
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These traits, along with a widely dispersive larval phase, provide invasives with a high recovery

potential and allow for quick reproduction and spread in their recipient environment.

Building upon the ideas of the r/K selection theory is the POSE framework (Kindsvater
et al. 2016; Dulvy & Kindsvater 2017). This conceptual framework allows species life-history
traits to be broadly categorised into four strategies: Precocial, Opportunistic, Survivor and
Episodic. Short lifespans, quick maturity, small body size and the production of copious small
non-protected offspring are the defining traits of opportunistic species, with precocial species
differing only in terms of their reproductive strategy, instead producing few large offspring.
Survivor and episodic species are large bodied, long-lived, late maturing species with the
former producing few large offspring and the latter producing many small offspring. This
framework, which builds upon the work of Winemiller (2005), splits traits along two
dimensions; the first being between fast (precocial and opportunistic) and slow (survivor and
episodic) life-histories and the second being between high (opportunistic and episodic) and low
(precocial and survivor) juvenile mortality rates (Kindsvater et al. 2016; Dulvy & Kindsvater
2017).

Much of this research has fuelled the two-sides-of-the-same-coin hypothesis which
suggests that the traits associated with invasiveness are the inverse of those associated with
imperilment (Lockwood 1999; Jeschke & Strayer 2008; Bradshaw et al. 2008: Blackburn &
Jeschke 2009; Liu et al. 2017). This debate reflects the assumption that globally abundant
species, in particular invasives, share certain characteristics which are absent from the trait
profile of threatened or extinction prone species (Jeschke & Strayer 2008). Evidence to date is
inconclusive, either supporting or contradicting the two-sides-of-the-same-coin hypothesis
with several existing studies differing in terms of taxonomic resolution and spatial extent. For
instance, Larson and Olden (2010) found evidence supporting the hypothesis and reported that
invasive crayfish from south-eastern USA were typically highly fecund, large bodied, habitat
generalists, while threatened crayfish were less fecund, small bodied, habitat specialists.
Previous studies (Davies et al. 2004; Munday 2004; Moyle and Marchetti 2006; Bates et al.
2013) have also supported the theory that habitat and diet generalists are less extinction-prone
and more likely to become invasive, than specialists. It is also widely assumed that species with
larger geographic ranges are less likely to face extinction and more likely to be introduced to
new environments, while the inverse is true for species with small geographic ranges (Reynolds
et al. 2005; Jeschke & Strayer 2009).
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Other studies, however, have raised doubts as to the validity of this theory and its
applicability across different taxonomic groups. Jeschke & Strayer (2008) and Blackburn and
Jeschke (2009), for instance, found that the attributes of invasive birds and freshwater fish from
Europe and North America were not opposite in sign to those of threatened species. In birds,
both extinction risk and invasion success increased with body mass, while for fish, egg size
increased with the growing risk of both extinction and invasion (Jeschke & Strayer 2008). As
such, the validity of the two-sides-of-the-same-coin hypothesis is very much still in question
(Liu et al. 2017). Despite this uncertainty, however, trait-based risk assessments have been
applied to species profiling in an attempt to predict and prevent future invasions and extinctions
(Liu et al. 2017). Given the pressing need to manage both species in decline and species on the
move, comparative studies are increasingly used to understand which life history and biological
traits are critical for determining whether a species is likely to become imperilled or invasive
(Murray et al. 2002; Gabrielova et al. 2013).

Molluscs, the second largest animal phylum after Arthropods, make up 23% of all
named extant marine organisms (Joseph 2017; MolluscaBase 2020). Despite sixty percent of
described mollusc species being marine, and thus representing the single largest marine
phylum, non-marine molluscs tend to dominate the literature with regards to studies of
extinction risk and global decline (Cuttelod et al. 2011; Lydeard et al. 2014; Seddon et al.
2014). Not only do molluscs stand out as a group most severely impacted by extinction (around
40% of recorded extinctions over the past five centuries are molluscs, primarily gastropods,
Lydeard et al. 2004; Cowie et al. 2017), but invertebrates in general are typically poorly
assessed (fewer than 10% have been assessed or are planned to be assessed by 2030; Cazalis
etal. 2022). In addition to having the highest number of recorded extinctions, molluscs are also
the world’s most ecologically and economically damaging invasives (Tang & Aldridge 2019).
However, no global review has been undertaken to determine the life history traits indicative

of imperilled and invasive marine molluscs.
The principal aims of this investigation are, therefore,

(a) to determine on a global scale whether invasive and imperilled (IUCN Red List
categories VU, EN, and CR) molluscs lie at opposite ends of the life-history continuum
and

(b) to correlate species life-history traits with the probability of being either imperilled or

invasive.
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To achieve this, two objectives must be met:

(1) to determine which trait combinations are the most important drivers of extinction risk
and invasiveness and to evaluate the relative importance of these life-history traits in
predisposing species to an elevated extinction or invasion risk. This will involve testing
the hypothesis that (H1) age of maturity and fecundity are likely to be key drivers of
elevated extinction or invasion risk.

(2) to determine how the life-history traits of invasive, native, threatened, non-threatened
and data deficient molluscs differ. This will be achieved by testing three hypotheses:
(H2) invasive species are more likely to display fast or ‘r-selected/opportunistic’ traits
(i.e., are faster-lived, quick maturing and more highly fecund) compared to imperilled
species, (H3) invasive species display greater trait variability than imperilled species
(assuming that different traits are likely to be selected for at different stages of the
invasion processes whereas more specific trait combinations predispose species to a
higher risk of extinction (Liu et al. 2017)), and (H4) threatened species (those
categorised as Critically Endangered, Endangered or Vulnerable) will be larger bodied
species which display slower life histories (i.e., are longer lived, later maturing and less
fecund) compared to non-threatened species (those categorised as Near Threatened or

of Least Concern).

This comparative analysis will provide the first global-scale assessment of the
association between life history traits and invasion success or extinction risk for marine bivalve
and gastropod molluscs and will determine the feasibility of developing effective risk
assessment protocols aimed at proactively identifying species which are likely to become

imperilled or invasive in the future.

3.3. Materials and methods

3.3.1. Biological data

Six life history traits were investigated across a total of 1935 species of marine
gastropod and bivalve molluscs (see Appendix S3 and S4). These species fall into one of three

categories according to their distributional status at a global scale. Invasive alien species (n =
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250) are those which have been introduced, either accidentally or deliberately, outside of their
native range, typically with negative consequences for their recipient environment. The
invasive dataset was downloaded from the World Register of Introduced Marine Species on
the 1% September 2020. The search was completed at the species level selecting for any global
origin and any measure of invasiveness. On the same date, the Red List dataset (n = 689) was
downloaded from the IUCN Red List of Threatened Species using the advanced search option
to select for gastropod and bivalve molluscs from all marine regions. Red List species are
further split into three sub-categories; Threatened species (n = 65) which are those listed as
Critically Endangered (CR, n = 8), Endangered (EN, n = 24), or Vulnerable (VU, n = 33), Non-
threatened species (n = 519) which are those considered to be either Near Threatened (NT, n=
20) or Least Concern (LC, n =499), and Data Deficient species (DD, n = 105) which are those

with insufficient information for an adequate assessment of conservation status.

| define a third category that | term ‘Native species’ (n = 996), including species which
are not invasive and have not been Red List assessed. As gastropods comprised 85% of the
invasive and imperilled dataset combined, an equivalent ratio was decided when collecting the
native species dataset which was compiled on the 13" October 2020 by downloading species
with the greatest number of occurrence records from the Ocean Biodiversity Information
System (OBIS 2022). OBIS, an open access global repository, is the largest holder of marine
bioregional datasets with >59M occurrence records of >120,000 marine species. | selected
species with a large number of occurrence records because more trait data is available for
species with a greater number of OBIS occurrence records (Tyler et al. 2012). Additionally,
this method of selecting native species minimises the chance of including species that would
be classified as threatened if formally IUCN assessed, as species with many distribution records
are more likely to be non-threatened than threatened (albeit this trend is rather weak; Webb &
Vanhoorne 2020). For the native group, selected a similar number of gastropods and bivalves
as present in the combined invasive and Red List datasets, including only marine species, and
excluding any species already present in these other two datasets. The final database contained
1652 gastropods (149 invasive, 650 Red List and 853 native) and 283 bivalves (101 invasive,
39 Red List and 143 native) from 39 orders and 238 families. Although the categories of Red
List, invasive and native species are not always mutually exclusive in nature, in this case no
species were included which were both invasive and threatened. Nevertheless, given that the
goal of this study is to identify broad relationships and signals of status, this investigation

should be robust to a few outlying cases of species groups overlapping.
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3.3.2. Taxonomic bias in assessments of invasiveness and threat status

IUCN assessments have not been conducted on a phylogenetically random subset of
molluscs and the very process of assessing extinction risk is taxonomically biased. For
example, certain taxa have been targeted for IUCN assessment (e.g., the >600 species in the
genus Conus; Peters et al. 2013), whereas species with narrow distributions, smaller body sizes
and lower dispersal abilities have often been excluded (Cardoso et al. 2011). As of 2010, only
4% of all mollusc species had been evaluated (IUCN 2010; Cardoso et al. 2011), and, given
the taxonomic biases in these evaluated species, it follows that many species which may be
considered threatened have currently not been assessed. Although phylogenetic clustering has
been found to be much weaker in studies of invasiveness (Lambdon 2007; Pigot et al. 2017), it
is still the case that assessments of invasive species are highly taxonomically biased and not
phylogenetically random (Jelbert et al. 2019). For instance, Pysek et al. (2008) found that
between 1980 and 2006, although 892 invasive species were the subject of at least one detailed
study, certain species were more intensively researched than others, with the Zebra mussel
Dreissena polymorpha for instance, being the subject of 64 separate studies. This non-
randomness in species sampling is commonplace in phylogenetic studies of both invasiveness
and extinction risk (Hau & Lanfear 2018), mine being no exception. Estimates of phylogenetic
signal in either invasiveness or IUCN assessment status are, therefore, likely to overstate the

true signal across all molluscs.

3.3.3. Trait data

Traits included were maximum body size (in cm, defined as the maximum linear
dimension), lifespan (defined as the maximum number of years an organism lives), age at
maturation (the time taken for an organism to become sexually mature, in years), annual
fecundity (defined as the total number of eggs or offspring produced in one year), egg size
(defined as the mean diameter of mature ovarian oocytes in micrometres), and pelagic stage
duration (the length of time offspring spend in the water column before settling, in days). Life
history trait data was collected from a variety of online published sources. For invasive species
this included trait databases such as BIOTIC (Biological Traits Information Catalogue)
(MarLin 2006), NEMESIS (National Exotic Marine and Estuarine Species Information)
(Fofonoff et al. 2018), CABI (Invasive Species Compendium) (CABI 2022) and SeaL ifeBase
(Palomares & Pauly 2022). For Red List species the IUCN Red List of Threatened Species
(IUCN 2022) and The Conus Biodiversity Website (https://biology.burke.washington.edu)
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proved useful, while for native species GBIF (the Global Biodiversity Information Facility)
(https://lwww.gbif.org), BIOTIC, The Natural History Museum of Wales
(https://naturalhistory.museumwales.ac.uk) and the Animal Diversity Web (Myers et al. 2022))
were frequently consulted. In addition, data from a large range of dispersed expert knowledge

within both published and unpublished literature proved useful in filling all three datasets.

Table 4: Summary of data availability for the six life history traits investigated according to
each  species  status  before using  Trait  Explorer  (https://www.marine-
ecosystems.org.uk/Trait_Explorer). Both total number and percentages (in parentheses) are
shown.

Trait Invasive Native Red List Total

Body size 247 (98.8%) 994 (99.8%) 668 (96.8%) 1909 (98.5%)
Lifespan 82 (32.8%) 272 (27.4%) 31 (4.5%) 385 (19.9%)
Age at maturity 82(32.8%) 139 (14.0%) 14 (2.0%) 235 (12.1%)
Annual fecundity 87 (34.8%) 189 (19.1%) 46 (6.7%) 322 (16.6%)
Offspring size 86 (34.4%) 259 (26.1%)  83(12.0%) 428 (22.1%)
Pelagic stage duration 93 (37.2%) 216 (21.8%) 119 (17.3%) 429 (22.1%)

Similar to other studies using biological and life-history traits (Tyler et al. 2012; Liu et
al. 2016), | initially lacked a complete trait dataset. The mean proportion of missing trait data
varied across the databases from 54.9% for invasive species, to 68.4% for Red List species and
65.3% for native species (Table 4). Overall body size had the most trait data available, missing
only 1.5% in total, while age of maturity was missing for 87.9% of species across the three

datasets. In order to complete the datasets Trait Explorer (http://www.marine-

ecosystems.org.uk/Trait_Explorer) was used to fill in these gaps by applying “automated expert

judgement” to estimate the missing trait values based on their taxonomic relationships and
patterns of covariation between traits (see Bruggeman et al. 2009 for a full explanation of the
methods). Following this extrapolation additional ground-truthing was performed ensuring for
example that age of maturity is always less than lifespan. The datasets used in this study are
fully documented in the University of Sheffield’s Online Research Data repository (Appendix
S3and S4).
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3.3.4. Mollusc phylogeny

| relied on phylogeny from the Open Tree of Life using the ‘rotl’ package (Michonneau
et al. 2016) which produces branched and rooted phylogenetic trees built by combining
taxonomic information with published phylogenies. For the purpose of analysis, separate
phylogenetic trees were created for gastropods and bivalves. The names of species in the
phylogenetic trees were matched to those in the bivalve and gastropod datasets ensuring
taxonomic name consistency throughout. After dropping unmatched taxa 275 species were
plotted within the bivalve phylogenetic tree and 1458 species within the gastropod
phylogenetic tree. For these species branch lengths were computed using the Grafen method
(see Grafen 1989 for more details). Phylogenetic trees of the bivalves and gastropods are shown
in Figure 4. Although these are not definite phylogenies, they provide a useful framework, and
the comparative analysis | conducted is robust to small inaccuracies in phylogeny (Symonds &

Blomberg 2014). The trees were made using ggtree version 3.6.2 (Yu 2022).

3.3.5. Data analysis

Statistical analysis was carried out in R version 4.2.1. (R Core Team 2021). Principal
Component Analysis (PCA) was performed on the bivalve and gastropod datasets separately,
using the “prcomp” function within the ‘factoextra’ package v1.0.7 (Kassambara & Mundt
2020), to reduce the dimensionality of the dataset. To address H1 that age of maturity and
fecundity are likely to be key drivers of elevated extinction or invasion risk | recorded the
proportion of variation explained by principal components one and two, along with the trait
loadings for both PC1 and PC2. The principal component analyses plotted were colour coded
for each risk category (Data Deficient, Invasive, Native, Non-Threatened and Threatened),
helping to test H2 that invasive species are more likely to display fast or ‘r-
selected/opportunistic’ traits compared to threatened (imperilled) species, H3 that invasive
species display greater trait variability than threatened species and H4 that threatened species
will be larger bodied and display slower life histories compared to non-threatened species. All

life-history predictor variables are continuous and log-transformed for analysis.

To further investigate H1, gastropods and bivalves were then plotted independently
within the POSE framework whereby individual species were categorized according to their
age at maturation and fecundity (Dulvy & Kindsvater 2017). Age of maturation is inversely
related to adult morality rates, as delayed maturation indicates a low natural mortality

(Kindsvater et al. 2016) while fecundity is related to juvenile survival as species with lower
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fecundities tend to have greater survival. Again, the species were colour coded within the POSE
framework to highlight their level of risk (Data Deficient, Invasive, Native, Non-Threatened
and Threatened), helping to address H2 and H4.

As species are not independent data points for analysis due to a shared evolutionary
history, phylogenetic generalized least squares models (PGLS) were used to determine which
traits are the most important drivers of extinction risk and invasiveness in marine molluscs
while accounting for nonindependence of data due to shared ancestry (Pagel 1999; Freckleton
et al. 2002). PGLS fits a linear regression to investigate the impact of one or more predictor
variables on a single response variable while controlling for potential phylogenetic signal in
the response. | followed Revell (2010), Bohm et al. (2017) and Wang et al. (2017) and
optimized Pagels A, a branch length transformation indicating the strength of the phylogenetic
signal, in each PGLS model using the maximum likelihood method (lambda = ‘ML’). Models
were run without an intercept to determine the coefficient for each risk level. In order to address
H1 two groups of PGLS models were run. | began the analysis by examining the significance
of the relationship between risk category and PC1 and PC2 (identified during principal
component analyses) for both bivalves and gastropods. | then tested the importance of the
relationship between risk category and age of maturation and annual fecundity for both bivalves
and gastropods. The function “pgls” was used within the package ‘caper’ to run the models
(Orme et al. 2013). This function has been found to outperform other comparative methods
when the response variable is ordinal and the phylogenetic tree includes a large number (>100)
taxa (Graber 2013; Caviedes-Solis et al. 2020).
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3.4. Results

3.4.1. Trait differences between invasive, native, threatened, non-
threatened and data deficient molluscs
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Figure 4: Phylogenetic trees of (A) 1458 marine gastropod species and (B) 275 marine bivalve
species, coloured according to key clades Inserts show the number of species belonging to each
risk category (Data Deficient, Invasive, Native, Non-threatened and Threatened).
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Figure 5: A) Principal Component Analysis (PCA) of 1652 gastropod species split by five risk
categories (Data Deficient (n=91), Invasive (n=149), Native (n=853), Non-threatened (n =500)
and Threatened (n=59)) defined by the first two principal components (PC1 and PC2). PCA is
a form of multivariate data analysis which is used to reduce the dimensionality of the data in
order to provide a set of summary indices. Arrows indicate mean loadings (direction and
weighting) of each life history trait in the PCA. Each point represents the position of a species
within two-dimensional space. B) Boxplot of each risk category against PC1 C) Boxplot of
each risk category against PC2. Width of the boxplots are scaled to the number of observations.

In gastropods, 91.3% of variation in life history traits is explained by the first two
principal components (PC1 = 54.37% and PC2 = 36.93%) (Figure 5a). Axis 1 of the PCA was
effective in separating species with large and small body sizes, long and short lifespans and

early and delayed maturation while axis 2 of the PCA was effective in separating species
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according to annual fecundity, egg size and pelagic stage duration (Figure 5a, Table 5).
Longevity, maturity, and body size were all strongly positively correlated with PC1 (0.96, 0.94
and 0.98, respectively), while pelagic stage duration, egg size, and fecundity were all strongly
negatively correlated with PC2 (-0.95, -0.77 and -0.72 respectively).
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Figure 6: A) Principal Component Analysis (PCA) of 283 bivalve species split by five risk
categories (Data Deficient (n= 14), Invasive (n=101), Native (n=143), Non-threatened (n =19)
and Threatened (n=6)) defined by the first two principal components (PC1 and PC2). PCAis a
form of multivariate data analysis which is used to reduce the dimensionality of the data in
order to provide a set of summary indices. Arrows indicate mean loadings (direction and
weighting) of each life history trait in the PCA. Each point represents the position of a species
within two-dimensional space. B) Boxplot of each risk category against PC1 C) Boxplot of
each risk category against PC2. Width of the boxplots are scaled to the number of observations.
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In bivalves, 90.7% of variation in life history traits was explained by the first two
principal components (PC1 = 57% and PC2 = 33.68%) (Figure 6a). Axis 1 of the PCA was
effective in separating species according to large and small body sizes, number of offspring
produced (annual fecundity) and pelagic stage duration, while axis 2 of the PCA was effective
in separating species according to long and short lifespans and early and delayed maturation
(Figure 6a, Table 5). Fecundity, pelagic stage duration and body size were all strongly
positively correlated with PC1 (0.97, 0.91 and 0.90, respectively), while egg size was
negatively correlated with PC1 (-0.78). Age at maturity and longevity were strongly positively
correlated (0.95 and 0.87) with PC2.

Table 5: Summary of Principal Component Analysis (PCA) of trait data for gastropod (n =
1652) and bivalve species (n = 283) split according to risk (Invasive, Native, Data Deficient,
Non-threatened and Threatened).

Gastropods Bivalves

PC1 PC2 PC1 PC2
Variation explained (%) 54.4 36.9 57.0 33.7
Trait loadings (%)
Body Size 234 6.0 23.7 0.6
Longevity 27.9 0.5 5.3 37.7
Age at maturity 27.1 34 1.7 44.9
Annual Fecundity 11.2 231 27.5 0.1
Pelagic Stage Duration 0.1 40.4 243 4.3
Egg Size 10.4 26.7 17.6 12.4
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Table 6: Results of the Phylogenetic Least Squares Models showing the relationship between
Risk and PC1 and Risk and PC2 for both gastropod and bivalve species. Models are fitted with
lambda = ‘ML’ (Maximum likelihood) and without an intercept.

Gastropods
Risk Coefficient S.E t- Pr(>|t]) p- Model Lambda Lambda 95% ClI
Estimate value value adjusted [ML] (lower, upper)
RZ
PC1 0.054 0.004 0.811 0.773,
0.845
Data Deficient -0.763 0.662 -1.151 0.250
Invasive -0.734 0.642 -1.143 0.253
Native -0.582 0.637 -0.913 0.361
Non-Threatened -0.493 0.654 -0.754 0.451
Threatened -0.802 0.663 -1.210 0.227
PC2 0.012 0.006 0.802 0.755,
0.840
Data Deficient -0.313 0.696 -0.450 0.653
Invasive -0.736 0.673 -1.093 0.274
Native -0.847 0.668 -1.269 0.205
Non-Threatened -0.598 0.687 -0.871 0.384
Threatened -0.168 0.670 -0.241 0.810
Bivalves
Risk Coefficient S.E t- Pr(>|t]) p- Model Lambda Lambda 95% CI
Estimate value value adjusted [ML] (lower, upper)
R2
PC1 0.011 0.034 0.626 0.407,
0.802
Data Deficient -0.532 0.736 -0.723 0.470
Invasive 0.188 0.549 0.343 0.732
Native -0.442 0.545 -0.811 0.418
Non-Threatened 0.121 0.658 0.185 0.854
Threatened 1.435 1.029 1.39 0.164
PC2 0.138 0.011 0.621 0.356,
0.842
Data Deficient -0.092 0.626 -0.147 0.883
Invasive -0.100 0.466 -0.215 0.830
Native 0.319 0.463 0.689 0.492
Non-Threatened -0.144 0.559 -0.258 0.800
Threatened 0.921 0.876  1.051 0.294

PGLS analysis showed that in gastropods there is a strong phylogenetic signal in both

PC1 and PC2 (A = 0.811 and 0.802, respectively; Table 6). Accounting for this phylogenetic
structure, both PC1 (which distinguishes between species with long and short lifespans and
early and delayed maturation) and PC2 (which separates species according to egg size and
pelagic stage duration) were significantly associated with risk status (p = 0.05 and 0.01,

respectively), although in both cases the models have very low explanatory power (adjusted R?
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=0.004 and 0.006, respectively; Table 6). The largest differences in PC1 values were between
threatened and non-threatened species, while native and threatened gastropods differ the most
with respect to PC2, although none of the coefficients individually differed significantly from
0 (Table 6). For both PC1 and PC2, however, invasive and native species differed very little.

PGLS analysis further showed there to also be a moderate phylogenetic signal in both
PC1 and PC2 for bivalves (A = 0.626 and 0.621, respectively; Table 6), although slightly less
so than for gastropods. Accounting for this phylogenetic structure, only PC1 (which separates
species according to large and small body size, number of offspring produced and pelagic stage
duration) was significantly correlated with risk status (p = 0.01), while this was not the case
for PC2 (p = 0.14). In both cases, however, the models have low explanatory power (adjusted
R?=0.034 and 0.011; Table 6). Although PC1 values differed the most between data deficient
and threatened species, large differences were also observed between both threatened and non-
threatened species and invasive and native species (Table 6). With regards to PC2, non-
threatened and threatened species differed the most, although again, none of the coefficients
individually differed significantly from 0 (Table 6). Large differences were also observed
between invasive and native bivalves with regards to PC2 (Table 6).
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3.4.2. Importance of age at maturity and annual fecundity in driving
extinction and invasion risk
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Figure 7: A) The relationship between life history and Precocial, Opportunistic, Survivor and
Episodic (POSE) category for 182 families of gastropods representing 1652 species. The
natural log of fecundity (x-axis) is assumed to correlate with juvenile mortality. The inverse of
age at maturity, standardized between 0 and 1, reflects adult mortality risk, as increased adult
mortality leads to earlier maturation (Dulvy & Kindsvater 2017). Each point represents a
species, and the colour corresponds to risk category split by Data Deficient, Invasive, Native,
Non-threatened (IUCN categories of Least Concern or Near Threatened) and Threatened
(TUCN categories of Vulnerable, Endangered and Critically Endangered). B) Boxplots showing
the relationship between risk status and age at maturity. C) Boxplots showing the relationship
between risk status and annual fecundity. Width of the boxplots are scaled to the number of
observations.
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Age of maturity contributes considerably, and is highly correlated, to PC1 for
gastropods and PC2 for bivalves, and annual fecundity contributes considerably, and is highly
correlated, to PC2 for gastropods and PC1 for bivalves (Figures 5 and 6, Table 5), supporting
H1. | investigate this further within the POSE framework which explicitly considers both
maturity (the inverse of which reflects adult mortality) and fecundity (the natural log of which
is assumed to correlate with juvenile mortality). Figure 7a and 8a highlight the disparity
between life-history-driven sensitivity to extinction and risk category. Almost all non-
threatened gastropods are positioned between survivor and episodic life history strategies and
are therefore characterized by being larger bodied, long-lived species which mature later in
life, relative to other gastropods (Figure 7a, b). Comparatively, threatened gastropods, in
relation to other species in my dataset, are mainly positioned near the centre of the plot, with
several falling close to the categories of Precocial and Survivor, but none near Opportunistic.
This indicates that threatened gastropods are typically characterised by the production of few,
large offspring (as shown in Figure 7c where they have the lowest fecundity of any risk
category), highlighting an extreme parental investment in their offspring, again supporting H2
for gastropods. Native gastropods occupy all life history strategies available while many, but
not all, invasive gastropods are positioned around and between Precocial and Opportunistic life

history strategies (Figure 7a), confirming H2 for gastropods.

In bivalves (Figure 8a), threatened species, when scaled to the range of my data, are
exclusively positioned between the opportunistic and episodic life history strategies,
suggesting the production of many, small offspring (as supported by Figure 8c in which
threatened bivalves have the highest annual fecundity relative to other risk categories). Of the
two life history strategies, threatened bivalves which fall into the episodic category typically
have the lower compensatory capacity due to their slower growth rate and later maturation.
Figure 8b confirms that due to threatened bivalves typically maturing later in life than other
risk categories, it is likely they fall more within the episodic than opportunistic life history
strategy, supporting H2 for bivalves. Similarly, non-threatened bivalves, although closest to
the opportunistic life history strategy, typically lie in the centre of the plot relative to other
bivalves. Considering invasive bivalves, Figure 8a shows that, like threatened bivalves, these
tend to cluster between episodic and opportunistic life history strategies relative to other
bivalves, with a few positioned near the precocial life history strategy but none considered to
express a survivor life history. Figure 8b confirms that invasives mature earlier in life than any

other risk category (apart from data deficient) and as shown in Figure 8a, are therefore, more
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commonly associated with an opportunistic life history strategy, confirming H2 for bivalves.
As was the case with native gastropods, native bivalves also tend to broadly occupy all life

history strategies,
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Figure 8: A) The relationship between life history and Precocial, Opportunistic, Survivor and
Episodic (POSE) category for 56 families of bivalves representing 283 species. The natural log
of fecundity (x-axis) is assumed to correlate with juvenile mortality. The inverse of the age at
maturity, standardized between 0 and 1, reflects the adult mortality risk, as increased adult
mortality leads to earlier maturation (Dulvy & Kindsvater 2017). Each point represents a
species and the colour corresponds to risk category split by Data Deficient, Invasive, Native,
Non-threatened (IUCN categories of Least Concern or Near Threatened) and Threatened
(TUCN categories of Vulnerable, Endangered and Critically Endangered). B) Boxplots showing
the relationship between risk status and age at maturity. C) Boxplots showing the relationship
between risk status and annual fecundity. Width of the boxplots are scaled to the number of
observations.
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Table 7: Results of the Phylogenetic Least Squares Models showing the relationship between
Risk and Age at Maturity and Risk and Annual Fecundity for both gastropods and bivalve
species. Models are fitted with lambda = ‘ML’ (Maximum likelihood) and without an intercept.

Gastropods
Risk Coefficient S.E t-value  Pr(>|t]) p-value Model Lambda Lambda
Estimate adjuste [ML] 95% ClI
d R? (lower,
upper)
Age at 0.019 0.006 0.769 0.723,
Maturity 0.809
Data Deficient -0.038 0.091 -0.417 0.677
Invasive -0.086 0.088 -0.970 0.332
Native -0.045 0.087 -0.519 0.604
Non-Threatened -0.009 0.090 -0.104 0.917
Threatened -0.035 0.092 -0.384 0.701
Annual 0.008 0.007 0.824 0.786,
Fecundity 0.857
Data Deficient 3.023 0.502 6.020 <0.001
Invasive 3.223 0.487 6.615 <0.001
Native 3.301 0.484  6.820 <0.001
Non-Threatened 3.245 0.496 6.539 <0.001
Threatened 2.897 0.502 5.766 <0.001
Bivalves
Risk Coefficient S.E t-value  Pr(>|t]) p-value Model Lambda Lambda
Estimate adjuste [ML] 95% Cl
d R? (lower,
upper)
Age at 0.192 0.008 0.479 0.185,
Maturity 0.763
Data Deficient 0.002 0.111 0.019 0.985
Invasive 0.057 0.074  0.766 0.445
Native 0.120 0.074 1.634 0.104
Non-Threatened 0.050 0.095 0.524 0.601
Threatened 0.272 0.151 1.804 0.072
Annual 0.033 0.025 0.696 0.489,
Fecundity 0.844
Data Deficient 4.856 0.453 10.719 <0.001
Invasive 5.308 0.355 14.958 <0.001
Native 4.957 0.354 13.996 <0.001
Non-Threatened 5.203 0.413 12.587 <0.001
Threatened 5.730 0.640 8.948 <0.001

PGLS analysis showed that in gastropods there is a strong phylogenetic signal in both
age at maturity and annual fecundity (0.769 and 0.824, respectively; Table 7). Accounting for
this phylogenetic structure, both age at maturity and annual fecundity were significantly
associated with risk status (p = 0.019 and 0.001 respectively), supporting H1 for gastropods,
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although in both cases the models have very low explanatory power (adjusted R? = 0.006 and
0.007, respectively; Table 7). Although the largest differences in age at maturity values were
between invasive and non-threatened species, both threatened and non-threatened species and
invasive and native species also showed large differences in coefficient estimates (-0.035 and
-0.009, -0.086 and -0.045, respectively). With regards to annual fecundity native and
threatened gastropods differed the most, with large differences also being seen between
threatened and non-threatened species, although none of the coefficients individually differed
significantly from O (Table 7). With regards to annual fecundity, invasive and native gastropods
differed very little with coefficient estimates of 3.2 and 3.3, respectively (Table 7).

PGLS analysis further showed that in bivalves there is also a moderate phylogenetic
signal with regards to both age at maturity and annual fecundity, particularly the latter (0.479
and 0.696, respectively; Table 7), though both are lower than in gastropods. Accounting for
this phylogenetic structure, only annual fecundity was significantly correlated with risk status
(p = 0.03), partially supporting H1 for bivalves, although for both age at maturity and annual
fecundity the models have very low explanatory power (adjusted R? = 0.008 and 0.025,
respectively; Table 7). The largest differences in both age at maturity values and annual
fecundity values were between threatened and data deficient bivalves. Not including data
deficient, however, threatened and non-threatened species bivalves differ the most with regards
to age at maturity, with large differences also being observed between invasive and native
species (Table 7). With regards to annual fecundity moderate differences are apparent between

the coefficient estimates of threatened and non-threatened species (Table 7).
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Table 8: The most and least threatened and most invasive taxonomic families of gastropods
and bivalves of those so far IUCN assessed.

Least Threatened Gastropod Families Least Threatened Bivalve Families

1. Agquatic snails (Stenothyridae 80%) 1. Bean clams (Donacidae 80%)
2. Cone snails (Conidae 80%) 2. True oysters (Ostreidae 17%)
3. Nerites (Neritidae 32%)
4. Palmleaf snails (Assimineidae 25%)

Most Invasive Gastropod Families Most Invasive Bivalve Families
1. Dorid nudibranchs (Polyceridae 83%) 1. Shipworms (Teredinidae 100%)
2. Sea hares (Aplysiidae 83%) 2. Jewel box clams (Chamidae 100%)
3. Pyramid shells (Pyramidellidae 43%) 3. Ark clams (Arcidae 56%)
4. Ceriths (Cerithiidae 28%) 4. Venus clams (Veneridae 48%)
5. Predatory sea snails (Muricidae 18%) 5. Mussels (Mytillidae 44%)

6. True oysters (Ostreidae 40%)
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3.5. Discussion

My study is the first to investigate in tandem the drivers of extinction and invasion risk
in marine molluscs to determine if they occupy opposite ends of the life-history continuum and
whether traits can be used to predict risk status. | observed that while traits themselves were
unable to distinguish between different risk categories, there was a considerable phylogenetic
component to risk. As such, | found risk status in both bivalves and gastropods to be more
driven by phylogeny than by traits, and that while phylogeny may be used to predict risk status
in marine molluscs, the inclusion of trait data adds very little to the predictive power of the
models. Furthermore, extinction risk and invasiveness of marine molluscs in this study was not
randomly distributed across families, but rather certain families contained a larger proportion
of threatened and invasive-prone species than others, as has been observed in other studies
(Bennet & Owens 1997; Purvis et al. 2000; Wang et al. 2017). For instance, | found that pen
shells (Pinnidae) are the most threatened bivalve family (Table 8), largely as a result of illegal
fishing activities, pollution, habitat loss and their relatively large body size, while the most
threatened gastropod families are predominantly deep-water dwelling snails and limpets from
the families Provannidae and Peltospiridae. Least threatened families, in my study, are
comprised of clams and oysters for bivalves and venomous predatory cone snails for gastropods
(Table 8), owing largely to their wide distribution and abundance, while nudibranchs and sea
hares are particularly dominant invasive gastropods (Table 8), likely due to their fast growth
and often larger body sizes compared to natives, and shipworms and box clams are the most

invasive bivalves, the former likely related to its wood-boring ability.

Considerable evidence now exists to suggest that extinction risk clusters according to
phylogeny, more so than simply by chance (Bennet & Owens 1997; Purvis et al. 2000). One of
the main explanations for this observation of phylogenetic non-randomness is that members of
the same evolutionary lineage share specific endangerment promoting life-histories
predisposing them to extinction (Bennet & Owens 1997; Purvis et al. 2000; Wang et al. 2017).
Extinction events tends to remove large bodied, long-lived species with slow life histories and
small geographic ranges. As many of these extinction-promoting traits demonstrate
phylogenetic conservatism (Fritz & Purvis 2010) (whereby they are clustered
phylogenetically), it follows that extinction risk also clusters according to phylogeny
(Yessoufou & Davies 2016). Phylogenetic selectivity in extinction risk may also arise from

geographical patterns of extinction whereby closely related species tend to occur in close
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geographical proximity and share similar niches and habitats, meaning they will be exposed to
similar drivers of decline (Yessoufou & Davies 2016). Furthermore, as IUCN assessments have
not been conducted on a phylogenetically random subset of molluscs, the very process of
assessing extinction risk is taxonomically biased with regards to well-studied species e.g., those
in the genus Conus (Peters et al. 2013).

A common approach to determining generalized predictors of risk status is to correlate
species’ ecological and life history traits with the probability of becoming either extinct or
invasive (Carmona et al. 2021). Despite life history traits in my study overall not being very
discriminatory between these different risk categories, | did detect, after accounting for shared
ancestry, some significant correlations between life history principal components and risk. In
gastropods, for instance, PC1 distinguished between species with large and small body sizes,
long and short lifespans and early and delayed maturation while PC2 separated species
according to egg size and pelagic stage duration. In bivalves, | found that PC1 distinguished
between species with varying body sizes, annual fecundities and pelagic stage durations while
PC2 was found not to be statistically significant with respect to life history traits. The models,
however, showed a low explanatory power (small adjusted R? values of less than 0.03 for both
gastropods and bivalves) and a moderate-strong phylogenetic signal (lambda values greater
than 0.6 for bivalves and 0.8 for gastropods). Previous studies have also found there to be weak
correlations between life history traits and extinction risk and invasiveness. Jeschke & Strayer
(2006) for instance, found that body size and most life history variables (such as fecundity,
offspring size and age at reproduction) were poor predictors of invasion success in vertebrates
while Sodhi et al. (2008) found that, despite accounting for phylogeny, only a small degree of
the variation in extinction probability in angiosperms could be explained by life history traits.

Despite the caveats of low explanatory power and high phylogenetic signal, | found
there to be statistically significant differences between risk status and the traits associated with
PC1 and PC2 in gastropods and between risk status and the traits associated with PC1 in
bivalves. The first principal component in both gastropods and bivalves splits species according
to their body sizes. A larger body size has repeatedly been linked to an elevated extinction risk
across multiple taxa (Chichorro et al. 2019; Carmona et al. 2021), including marine fish (Olden
et al. 2007), marine invertebrates (Payne et al. 2016), beetles (Seibold et al. 2015), lizards
(Tingley et al. 2013), birds (Wang et al. 2017), and mammals (Cardillo et al. 2005). This
relationship is likely due to either direct effects (whereby larger species require more

resources), as a proxy for other traits (e.g., larger species tend to have slower lifecycles and as
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such respond more slowly to change) (Carmona et al. 2021) or simply because larger species
tend to be hunted more often (Chichorro et al. 2019). Conversely, short generation times and
small body sizes are traits commonly linked to increased invasion risk across multiple taxa
including reptiles (Tingley et al. 2013), amphibians (Allen et al. 2017), and fish (Grabowska et
al. 2015). | observed that in the case of gastropods, invasive species were on average 5% larger
than threatened species, whereas for bivalves threatened species were on average 30% larger

than invasives.

| further found that both age at maturity and annual fecundity were significantly
associated with risk status in gastropods, while only annual fecundity was significantly
associated with risk status in bivalves. However, as with the correlation between risk status and
principal components, | observed a strong phylogenetic signal and for both traits the models
had a very low explanatory power (with adjusted R? values of <0.007). Nevertheless, fecundity
is another trait often reported to be strongly associated with both extinction and invasion risk
(Torchin et al. 2001; Lockwood et al. 2005; Liu et al. 2016; Chichorro et al. 2019; Jelbert et al.
2019). In my study, | observed that invasive and non-threatened gastropods displayed higher
average fecundities than did threatened gastropods, while annual fecundity of bivalves was
similar for both invasive and threatened species. These results partially mirror those of other
studies which suggest that threat status is positively related to reduced fecundity (Béhm et al.
2016; Chichorro et al. 2019) (in the case of gastropods in my study) and longer generation
lengths and lifespans (Anderson et al. 2011; Hanna & Cardillo 2013; Chichorro et al. 2019) (as
is the case with both threatened gastropods and bivalves in my study). Low fecundity and long
lifespans are considered traits which reduce the capability of species to compensate for high
mortality rates (Purvis et al. 2000). In the case of invasiveness, previous studies have correlated
fast life histories (specifically being short lived and quick maturing) with promoting invasion
success in amphibians and reptiles (Allen et al. 2017) by allowing for rapid increases in
population size and limiting vulnerability to stochastic events. A successful reproductive
strategy is crucial to the success of the establishment stage during the invasion processes
(Grabowska et al. 2015) and many studies have identified reproductive traits as predictors of
success or failure during this stage (Garcia-Berthou 2007). As was observed in my
investigation, however, the relationships between fecundity and intrinsic sensitivity to
extinction is weak (this has also been observed in Dulvy et al. 2003 and Dulvy & Kindsvater

2017). This is often reported to be because populations of highly fecund species are more likely
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to have strong density-independent juvenile mortality (see Kinsdvater et al. 2016., for more

information).

An inability to predict invasion or extinction risk using biological and life history traits
may indicate that my choice of variables failed to include the main traits driving risk. However,
given that the traits I included in the analysis were selected based on those which previous
studies have found to be important in independently driving invasion success or extinction risk,
this seems unlikely. Alternatively, an important aspect of extinction risk or invasion success is
the physical process of threat (e.g., overfishing, water pollution, climate change) or
transportation (e.g., an increase in oceangoing vessels covering greater distances, thus
connecting multiple environments), and so it could be that these processes are greater drivers
of risk irrespective of traits. A third explanation, which supports my results, is that phylogeny
is a more dominant driver of extinction risk and invasion success in molluscs than previously
thought. While this is likely the case, analysing the environmental context and ecological

affinities of threatened and invasive species would also be worthwhile.

The analyses presented here support the previous findings of Jeschke & Strayer (2008),
Blackburn & Jeschke (2009), Tingley et al. (2013) and Colautti et al. (2017), that invasive and
threatened species are not simply ‘two sides of the same coin’ and the assumption that they lie
on opposite ends of a continuum appears to be an oversimplification. | observed for instance,
that with regards to the POSE framework (which explicitly considers the traits of annual
fecundity and age at maturation; the former of which was found to differ significantly with risk
status in both gastropods and bivalves, and the latter of which differed significantly with risk
status in gastropods), that both threatened and invasive bivalves were commonly positioned
near opportunistic and episodic life histories while both threatened and invasive gastropods
were typically positioned near to the precocial life history strategy, relative to other gastropods.
The limited support for the ‘two sides of the same coin hypotheses’ contradicts the cross-
continental study of Liu et al. (2017), which investigated freshwater fishes and found mean
trait differences between invasive and threatened species, and the US based study of Larson &
Olden (2010) which investigated latent extinction and invasion risk of crayfish populations.
Discrepancies in evidence for this hypothesis may arise from differences in taxonomic
composition (the previous studies considering freshwater fishes and crayfish while my study
investigates marine gastropod and bivalve molluscs), the geographical area of the study (global

vs regional scales), the statistical approaches taken to compare species (e.g. multivariate
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methods vs machine learning algorithms) or the varying definitions of invasive species (e.g.

any introduced species or specifically those causing negative impacts).

Although 1 did not find strong support for the hypothesis that individual traits
predispose species to becoming threatened or invasive, or that invasive and threatened species
lay at opposite sides of the life-history continuum, 1 did find that species belonging to different
risk categories display contrasting life histories with regards to certain traits and are thus at
varying, although not opposite, positions within the POSE framework. For instance, threatened
gastropods commonly displayed either precocial or survivor life history strategies relative to
other gastropods, and as such typically produced few, large offspring, in addition to having the
lowest fecundity of any risk category. These traits may contribute to their higher extinction risk
due to an inability to compensate for species loss due to either human driven population
declines or environmental change. Conversely, non-threatened gastropods were typically
positioned between survivor and episodic life history strategies, therefore being characterised
by along lifespan and late maturity. Non-threatened gastropods also displayed the highest
fecundity of any risk category, likely contributing to their lower extinction risk. Invasive
gastropods and bivalves in my study are relatively opportunistic meaning that a key
characteristic is their early maturity and high fecundity. Typically, species which mature earlier
in life can capitalize on sudden favourable environmental conditions, which aid the
establishment of invasives. Threatened bivalves on the other hand, were typically episodic and
matured later in life than any other risk category. As such threatened bivalves are characterized
by high juvenile mortality and low adult mortality and likely display bet-hedging life histories.
This reproductive strategy can be quickly overwhelmed by density independent processes such
as unfavourable climate and is thus driven largely by environmental variability (Dulvy &
Kinsdvater 2017). As demonstrated, the POSE framework provides insights complementary
to, and beyond what is gained, from the principal component analysis of life history traits, and
allows for connections to be made between life histories and sensitivity to risk even when little
is known about a species population biology. Conversely, both non-threatened and native
bivalves typically lie at the centre of the plot with the former typically being closer to
opportunistic and thus differing from threatened bivalves in terms of their growth rate, body
size, maturity, and lifespan. The POSE framework explicitly considers the relationship between
species life history traits and the strength of density-dependent regulation of populations
(Kindsvater et al. 2016) and explores factors relating to species resilience and compensatory

capacity, which is crucial for effective management and conservation.
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Considering where a species’ life history falls on the POSE spectrum can help to
diagnose vulnerability to human exploitation or other drivers of decline and can also show
which species may be poised for invasion success. This can be useful particularly for data
deficient species. Although the IUCN is the most authoritative organization in classifying
species according to a particular extinction risk category, they do not have the time or resources
to undertake in depth analyses of all species, meaning inferences have to be made based on
phylogeny and life histories. As such, | want to emphasize that conservation and management
of marine molluscs should be informed by these life histories and, therefore, call for more
studies to investigate extinction risk and invasiveness in tandem to determine to what extent
certain life histories mediate extinction probability at low population sizes, or in the case of
invasives, what allows these species to overcome the challenges faced by small populations.
Future work should incorporate human affiliation and the specific threats faced by species in
addition to investigating differences in adaptive plasticity (which has been suggested to help

facilitate the spread of invasive species within novel environments (Colautti et al. 2017)).

From a life history perspective, | suggest that management for long-lived marine
molluscs should focus on protecting the age classes with the greatest reproductive potential and
those most likely to contribute to population fitness (MacArthur 1960). Typically, this means
females recently starting to reproduce or juvenile stages with a high per capita survival
(Kindsvater et al. 2017). Focus should also be placed on protecting habitats associated with
key life stages. With regards to invasive species, | encourage more attention to be given to the
dispersal ability of potential invaders when transporting species for use as bait or in the
aquarium trade. When it comes to control efforts, | suggest that prioritizing the removal of
highly dispersive or highly fecund life stages would be most beneficial (Elofsson & Gren
2014). Future studies should also aim to explore the role of habitat characteristics and biotic
resistance which is likely to affect the establishment success of invasive species equally as
much as life history traits. Previous studies (Tayeh et al. 2015) have found that life history can
evolve quickly during the invasion process and that this is not necessarily in favour of a faster
reproductive strategy. As such, | further propose that future studies should investigate species
in decline or species undergoing expansions at varying stages of these processes. Increasing
the number of species for which adequate trait data is available, ensuring integration of
different data sources (Webb & VVanhoorne, 2020; Feng et al. 2021) and improving accessibility
of this data is another priority. This would allow for more assessments to be conducted by the

IUCN on a wider range of taxa.
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3.6. Supporting material

Appendix S3: Complete biological trait dataset of 1935 species used in Chapter 3.

Appendix S4: Biological trait dataset of 689 IUCN Red List Species used in Chapter 3.
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4. Global analysis of thermal tolerance, latitude and
depth zone of invasive and threatened marine
molluscs

4.1. Abstract

Thermal tolerances vary considerably between species and according to latitude and
vertical zonation, meaning that the impacts of increasing temperatures are not uniformly
distributed within and between communities. Consequently, thermal traits may differ
systematically between winners (e.g., non-threatened species, invasive species) and losers
(threatened species) as a result of global climate change, however, global reviews across of the
relationship between vertical zonation, latitude, and thermal tolerance across different risk
groups remains scarce, particularly in marine invertebrates. To address this, | collected
environmental data (thermal traits, latitude, and depth), and life history trait data (body size,
longevity, maturity, fecundity, pelagic stage duration and egg size) for 1530 marine mollusc
species which were classified according to risk status (Invasive, Native, Threatened, Non-
threatened and Data Deficient). | used phylogenetic generalized least squares models to test for
relationships between a) thermal tolerance breadth and latitude, b) thermal tolerance breadth
and maximum temperature, and ¢) maximum temperature and absolute latitude with primary
axis of life history variation. | observed a moderate phylogenetic signal in the relationship
between both thermal tolerance breadth and absolute latitude (A = 0.443), and thermal breadth
and maximum temperature (A = 0.615), suggesting that ectothermic species retain their
ancestral climatic affinities through evolutionary time, making it difficult for such species to
adapt to climates which differ considerable from those inhabited by their ancestors. Controlling
for phylogeny, | further found a significant positive correlation between thermal breadth and
maximum temperature in both the deep and shallow sea, with this relationship being strongest
in shallow water invasive species compared to native or threatened species. My analysis
indicates that life-history variation across benthic marine molluscs is largely consistent with
Thorson’s rule. In the warmer, lower latitude environments, species which are smaller bodied
and produce numerous offspring favoured, whereas in colder environments at higher latitudes,
larger bodied species which produce fewer eggs, delay reproduction, and mature later in life

are favoured.
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4.2. Introduction

Predicting how species and communities will respond to increasing temperatures is key
to understanding the wider consequences of global climate change (Webb et al. 2020).
Temperature is among the most important abiotic factor in determining a species distribution
(Somero 2005), critically influencing its physiology, behaviour, and abundance (Sunday et al.
2011). As temperature shifts further from a species’ optimal range, the ability of individuals to
grow and reproduce is reduced (Portner & Farrell 2008; Crozier & Hutchings 2014). Thermal
tolerances and thermal breadths (that is, the range of temperatures at which a species can
survive and thrive) vary considerably between species, however, meaning that these impacts
are not uniformly distributed within and between communities. A central tenet of
macroecology is that physiological processes of organisms are linked to large scale geographic
patterns in environmental conditions (Sunday et al. 2011). Species at higher latitudes, for
instance, experience greater seasonal variation in temperatures and consequently can withstand
greater temperature extremes (Sunday et al. 2011, 2012, 2019). Nearer to the equator, where
seasonal variation in temperature is minimal, thermal tolerance breadths are relatively narrow
in comparison (Sunday et al. 2011, 2019). In the marine environment, the vertical zonation of
species further affects their thermal tolerances, with increasing temperatures likely to first
affect species occurring in the upper ocean within coastal areas or on the continental shelf
(Brown & Thatje 2014). Such links between physiology and large-scale geography likely also
have considerable implications in understanding the relative vulnerability of different species
to climate change (Sunday et al. 2011, Parmesan & Yohe 2003).

One consequence of this is that thermal traits (including upper thermal tolerance and
thermal breadth) may differ systematically between winners (e.g., non-threatened species,
invasive species) and losers (threatened species) in the Anthropocene. For instance,
eurythermality, the ability to maintain physiological functions across a wide range of
temperatures, is a trait which has been widely theorized as a mechanism of ectotherm invasion
success (Bates et al. 2013; Kelley 2014), while stenothermality, the ability to tolerate only
small temperature ranges, may be a trait more commonly associated with threatened, endemic,
or cold-dwelling species (Somero 2005; Somero 2011). Ultimately, species with a greater
ecological generality, and an ability to tolerate more extreme abiotic conditions, have an
increased capacity to survive transportation and successfully establish within a novel

environment (Bates et al. 2013). Invasive species, therefore, are expected to have a larger

94



thermal breadth, be highly plastic, or have a high adaptive potential when faced with new
environments that are climatically different to where they evolved (Zerebecki & Sorte, 2011;
Tepolt & Somero 2014, da Silva et al. 2021). As a result of these traits, invasive species are
likely to have an increased capacity to cope with a warming climate compared to species with
stable or contracting distributions (such as many threatened species) (Bates et al. 2013).
Although it is expected that this greater thermal tolerance and larger thermal breadth are
cornerstones of an invasive phenotype, the extent to which this is true is not well established
empirically (Kelley 2014).

Species with narrow thermal tolerances, on the other hand, are expected to be more
vulnerable to climate change. This is likely to be most pronounced for ectotherms in the tropics
living near to their upper thermal limits (Sunday et al. 2011; Kellermann et al. 2012, Waldock
et al. 2019; Webb et al. 2020) with narrow thermal tolerances or a low capacity to acclimatize
to thermal change, and consequently limited latitudinal ranges (Comte & Olden 2016; da Silva
et al. 2021; Tepolt & Somero 2014, Zerebecki & Sorte 2011). Thermal tolerances may also
influence vulnerability indirectly through correlations with other life history and biological
traits such as body size (Rubalacaba & Olalla-Tarraga 2020; Peralta-Maraver & Rezende
2020), growth rate (Angilletta et al. 2004) and reproductive traits (e.g., reproductive mode and
fecundity) (Baer et al. 2000; lossa et al. 2019; Heerwaarden & Sgr6 2021; Xing & Zhao 2022).

Whether these expected systematic differences in thermal traits between threatened and
non-threatened species are generally observed, however, remains unknown, as few studies have
compared the physiological and environmental tolerance of taxonomically similar species that
differ in the extent to which they can extend their distributions (Zerebecki & Sorte 2011). In
part, this is because of the difficulty in obtaining experimental derivations of thermal tolerance
(Eme & Bennett 2009, Comte & Olden 2016). However, there is now good evidence that the
“realized thermal niche” of a species - the environmental temperatures at which individuals are
actually observed to occur in the wild (Magnuson, Crowder & Medvick 1979) — provides a
good proxy for physiological thermal limits, especially in marine species (Sunday et al. 2019,
Webb et al. 2020), and metrics derived from species realized thermal niches can be used to
predict changes in marine communities at both the species and ecosystem level (Day et al.
2018). This is encouraging as such metrics can be derived from data that is much more widely
available, for a far greater range of species, than experimentally derived thermal tolerance
limits (Webb et al. 2020).
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In this study, | take advantage of the ready availability of realised thermal tolerance
estimates to undertake a global analysis of thermal tolerance, latitudinal range and depth
zonation of invasive, threatened (those listed as critically endangered, endangered and
vulnerable on the IUCN Red List of Threatened Species (IUCN 2022) non-threatened (those
listed as near threatened and least concern by the IUCN), ‘native’ (frequently observed species
which are not invasive and have not been Red List assessed), and data deficient marine
molluscs. Over 50,000 valid marine mollusc species are recognised (WoRMS Editorial Board
2022), making them the second largest marine animal phylum. In this study, I focus specifically
on gastropods and bivalves, two groups of taxa which include some of the most ecologically
and economically damaging invasives (Tang & Aldridge 2019) and which have also been more
comprehensively IUCN assessed than many other invertebrate groups (Lydeard et al. 2004;
Cowie et al. 2017). Gastropods and bivalves provide essential ecosystem services including
habitat structuring, food for benthic organisms and purification of water through filtration
(Parker et al. 2013), and even sub-lethal impacts on these molluscs due to climate change may
have considerable consequences for marine ecosystems (Parker et al. 2013). However, to my
knowledge, there are no global reviews that attempt to determine the relationship between
vertical zonation, latitude, and thermal tolerance across different risk groups of molluscs, while

controlling for phylogeny.

| collated occurrence-derived thermal tolerance traits for 1279 benthic gastropods and
251 benthic bivalve species from 37 orders encompassing 212 invasive alien species and 436
species which have had their conservation status formally assessed by the IUCN, of which 36
are considered to be threatened with extinction. | further classified species into depth strata
(shallow and deep sea). | used this dataset to test whether invasive species have a larger thermal
breadth, wider latitudinal range, and higher upper thermal limit then either native or threatened
species (objective 1). | also examined the relationships between thermal breadth, thermal
affinity, maximum thermal limit, latitude, and depth strata, across different species statuses
(objective 2). Finally, 1 used data on mollusc life history traits (see Chapter 2) to explore the
relationship between thermal traits and latitudinal distribution with the primary axes of life
history variation, with the prediction that larger bodied and slower maturing species will have
a lower maximum temperature as theory predicts that organisms should grow to be larger in
colder environments (Angilletta et al. 2003; 2004), while fecundity will correlate positively
with a higher thermal tolerance as organisms tend to grow and mature faster in warmer

environments (Angilletta et al. 2004; 2006) (objective 3). | also predict that, in accordance with
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Thorson’s Rule, lower latitude species will produce many offspring, smaller eggs and will have

longer pelagic stage durations (Thorson 1957).

4.3. Materials and Methods

4.3.1. Biological data

A total of 1530 macrobenthic species were investigated, 1279 gastropods and 251
bivalves from 37 orders, 205 families and 658 genera (see Appendix S5). These species fall
into one of five categories according to their distributional status at a global scale. Invasive
alien species (n = 212) are those which have been introduced, either accidentally or
deliberately, outside of their native range, typically with negative consequences for their
recipient environment. The invasive dataset was downloaded from the World Register of
Introduced Marine Species on the 1st September 2020 (Rius et al. 2022). The search was
completed at the species level selecting for any global origin and any measure of invasiveness.
On the same date, the Red List dataset (n = 436) was downloaded from the IUCN Red List of
Threatened Species (IUCN 2022) using the advanced search option to select for gastropod and
bivalve molluscs from all marine regions. | use the Red List data to classify species into one of
three categories; Threatened species (n = 36) which are those listed as Critically Endangered
(CR, n =5), Endangered (EN, n = 10), or Vulnerable (VU, n = 21); Non-threatened species (n
= 357) which are those considered to be either Near Threatened (NT, n= 6) or Least Concern
(LC, n = 351); and Data Deficient species (DD, n = 43) which are those with insufficient
information for an adequate assessment of conservation status. The final group of species |
term ‘Native species’ (n = 882) which includes species which are widespread and/or frequently
observed, but which are not invasive and have not been Red List assessed. The native species
dataset which was compiled on the 13th October 2020 by downloading accepted marine
gastropod and bivalve species across all marine regions with the greatest number of occurrence
records from the Ocean Biodiversity Information System (OBIS 2022). This method of
selecting native species minimises the chance of including species that would be classified as
threatened if formally IJUCN assessed, as species with many distribution records are more likely
to be non-threatened and threatened (albeit this trend is rather weak; Webb & Vanhoorne 2020)
Additionally, any native species which already occurred on the Invasive, Threatened or Non-
threatened lists were excluded(Webb & Vanhoorne 2020). Given, that the goal of this
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investigation is to identify broad relationships and signals of status, this study should thus be
robust to a few outlying cases where species groups overlap. All species names were matched
to WoRMS (WoRMSEditorialBoard, 2022), allowing us to assign a valid WoRMS Aphia 1D

to each species.

4.3.2. Occurrence records

Data on where marine species occur can be found using the Ocean Biodiversity
Information System (OBIS 2022), a large, open access, global repository of >100M occurrence
records of >120,000 marine species. Each occurrence record is accompanied by spatial
(longitude and latitude) and temporal (month, year) information, with depth also sometimes
being available. Occurrence records for each species were obtained from OBIS using the robis
package v2.1.10 (Provoost & Bosch 2019). Only species with > 1 occurrence record were kept
for the purpose of this study (hence only 1530 species, rather than the 1935 species in Chapter
2) Of these 1530 species, 42 Red List species (CRn=1,ENn=1,VUn=6,LCn=26,NTn
=2, DD n =6), and 16 invasive species have only 1 record. Of the whole dataset of 1530 species,
87% have > 10 records and 70% have > 100 records, including all native species (Table 9). In
total, across the 1530 species, there were 1,768,647 occurrence records.

Table 9: Summary of OBIS occurrence records available for the 1530 marine molluscs
included. Both total number and percentages (in parenthesis) are shown.

<10 >10 >100 >500 >1000 Total
records records records records records

Invasive 43 (20%) 169 (80%) 106 (50%) 37 (18%) 22 (10%) 212
Native 0 (0%) 882 (100%) 882 (100%) 387 (44%) 216 (25%) 882
Threatened 18 (50%) 18 (50%) 5 (14%) 3 (8%) 1 (3%) 36
Non-threatened | 116 (32%) 241 (68%) 81 (23%) 13 (4%) 3 (<1%) 357
Data Deficient 28 (65%) 15 (354%) 0 (0%) 0 (0%) 0 (0%) 43
Total 205 (13%) 1325 (87%) 1074 (70%) 440 (29%0) 242 (16%) 1530

4.3.3. Environmental data

Occurrence records from OBIS typically lack any in situ measures of environmental
temperature, so | used the workflow derived by Webb et al. (2020) to obtain occupancy-derived
thermal affinities by matching OBIS occurrences to the Bio-ORACLE (Assis et al. 2018;
Tyberghein et al. 2012) global sea bottom temperature layers using the sdmpredictors package

v0.2.8 (Bosch 2018) to import the temperature data as raster layers in R v4.2.1 (R Core Team
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2022). The full workflow was implemented using the tidyverse v1.2.1 suite of packages
(Wickham 2017). Summary statistics were then derived which describe the realized thermal
affinity of each species. I calculated a range of measures of ‘thermal affinity’ including
measures of both central tendency and upper and lower bounds of the temperatures at which
species have been recorded to occur. Specifically for each species | calculated the mean,
minimum, maximum, median, and 5th and 95th quantiles of each temperature measure. | used
sea bottom temperature as species in this study are all benthic according to WoRMS. | used the
Bio-ORACLE layers maximum sea water temperature at mean bottom depth, mean sea water
temperature at mean bottom depth, and minimum sea water temperature at mean bottom depth
(SBT, °C, mean from monthly climatologies 2002-2014 at mean bottom depth). Occurrence
records for which I could not obtain a temperature match were excluded from calculations of
thermal affinity. | further extracted from OBIS the maximum, minimum, mean and range of
latitude, longitude, and sample depth for each species. Separate minimum and maximum depth
records were also obtained for each species using published literature sources and trait
databases, primarily SealLifeBase (Palomares & Pauly 2022) and BIOTIC (Biological Traits
Information Catalogue) (MarLIN 2006).

Thermal tolerance breadth was calculated using the 95th quantile for maximum
temperature at mean depth minus the 5th quantile for minimum temperature at mean depth
while absolute latitude was calculated using the absolute value of mean latitude. Interpretation
of any results must, however, take into consideration the measurement error associated with
thermal breath. Global gridded bathymetry datasets, for instance, fail to incorporate any subgrid
scale variation in depth and temperature, as a result there are likely to be inherent and
unresolvable measurement errors in occurrence records which result in imperfect values for
temperature at depth points. These errors are likely to be more pronounced in studies of deep-

sea and benthic species rather than pelagic species.

Species were also split into one of two depth zones depending on their upper depth
limit. Shallow sea species were those which had a minimum depth of <100 meters, while deep-
sea species had a minimum depth of >100 meters. Of the 1530 species, 94% occurred in the
shallow sea with 6% in the deep sea (84% and 16% for data deficient species, 98% and 2% for
invasive species, 96% and 4% for native species, 92% and 8% for non-threatened species and
50% and 50% for threatened species). See Figure S4 of the Supplementary Material for the
relationship between the minimum depths of OBIS generated depths and minimum depths of
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literature generated depths which shows a strong correlation. For the purpose of this study, the
literature generated depths are used for any measure of minimum depth as they incorporate
expert judgement which likely helps to overcome sampling biases in OBIS occurrence records.
See also Figure S5 for the number of OBIS occurrence records against both thermal breadth
and maximum temperature, split by risk category. Figure S5 highlights that native species
typically have the greatest number of occurrence records in OBIS and that all risk categories
display a wide range of maximum temperatures and most risk categories, except for threatened,

display a wide range of thermal breadths.

4.3.4. Trait data

As | wanted to explore the relationship between thermal tolerance and biological and
life history traits the following six traits were included in the dataset for each species: body
size (in cm, defined as the maximum linear dimension), lifespan (defined as the maximum
number of years an organism lives), age at maturation (the time taken for an organism to
become sexual mature, in years), annual fecundity (defined as the total number of eggs or
offspring produced in one year), egg size (defined as the mean diameter of mature ovarian
oocytes in micrometres), and pelagic stage duration (the length of time offspring spend in the
water column before settling, in days). Life history and biological traits were collected from a
variety of online published sources (Chapter 2). For invasive species this included trait
databases such as BIOTIC (Biological Traits Information Catalogue) (MarLIN 2006),
NEMESIS (National Exotic Marine and Estuarine Species Information) (Fofonoff et al. 2018),
CABI (Invasive Species Compendium) (CABI 2022) and SeaLifeBase (Palomares & Pauly
2022). For Red List species the IUCN Red List of Threatened Species (IUCN 2022) and The
Conus Biodiversity Website (https://biology.burke.washington.edu) proved useful, while for
native species GBIF (the Global Biodiversity Information Facility) (https://www.gbif.org),
BIOTIC, The Natural History Museum of Wales (https://naturalhistory.museumwales.ac.uk)
and the Animal Diversity Web (Myers et al. 2022)) were frequently consulted. In addition, data
from a large range of dispersed expert knowledge within both published and unpublished

literature proved useful in filling all three datasets.

Similar to other studies using biological and life-history traits (Tyler et al. 2012; Liu et
al. 2016), I initially lacked a complete trait dataset, and so | used imputation to fill gaps, as
documented fully in Chapter 2. Briefly, in order to complete the datasets Trait Explorer

(https://www.marine-ecosystem.org.uk/Trait_Explorer) was used to fill in the gaps by applying
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“automated expert judgement”, to estimate missing trait values based on their taxonomic
relationships and patterns of covariation between traits (see Bruggeman et al. 2009 for a full
explanation of the methods). Following this extrapolation additional ground-truthing was
performed ensuring for example that age of maturity is always less than lifespan. The dataset
used in this study is fully documented in the University of Sheffield’s Online Research Data
repository (Appendix Sb).

4.3.5. Data Analysis

Statistical analysis was carried out in R version 4.2.1. (R Core Team 2021). | relied on
phylogeny from the Open Tree of Life using the ‘rotl’ package (Michonneau et al. 2016) which
produces branched and rooted phylogenetic trees built by combining taxonomic information
with published phylogenies. After dropping unmatched taxa 1382 molluscs were included in
the phylogenetic analysis. For these species branch lengths were computed using the Grafen
method (see Grafen 1989 for more details). Although these are not definite phylogenies, they
provide a useful framework, and the comparative analysis | conduced are robust to small
inaccuracies in phylogeny (Symonds & Blomberg 2014).

As species are not independent data points for analysis due to a shared evolutionary
history, generalized least squares models which incorporated phylogeny (PGLS) were used to
investigate the relationship between both species’ environmental tolerance traits and risk status,
to address Objectives 1 and 2 and species’ environmental tolerance traits and life-history traits,
in order to address Objective 3. PGLS analysis accounts for the non-independence of data due
to shared ancestry (Pagel 1999; Freckleton et al. 2002) and fits a linear regression to investigate
the impact of one or more predictor variables on a single response variable while controlling
for potential phylogenetic signal in the response. | followed Revell (2010), Béhm et al. (2017)
and Wang et al. (2017) and optimized Pagels (1), a branch length transformation indicating the
strength of the phylogenetic signal, in each PGLS model using the maximum likelihood method
(lambda = “ML”). Models were run without an intercept to determine the coefficient for each

risk level.

Four PGLS models were run. | began the analysis by fitting Model 1 to investigate the
relationship between thermal tolerance breadth, risk, depth, and absolute latitude to address

objective 1:
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Thermal tolerance breadth ~ Risk + Depth + Absolute latitude + Risk : Absolute latitude +
Depth : Absolute latitude + Risk : Depth + Risk : Depth : Absolute latitude

Model 2 was then used to explore the relationship between maximum temperature, risk,

depth, and thermal tolerance to address objective 2:

Thermal tolerance breadth ~ Risk + Depth + Maximum temperature + Risk : Maximum
temperature + Depth : Maximum temperature + Risk : Depth + Risk : Maximum

temperature : Depth

To explore the relationship between thermal traits and latitudinal distribution with
primary axis of life history variation (PC1 and PC2), | ran two PGLS models. Model 3

investigated the relationships between maximum temperature, risk, depth, PC1 and PC2:

Maximum temperature ~ Risk + PC1 + PC2 + Depth + Risk : PC1 + Risk : PC2 + Risk : Depth
+ Depth : PC1 + Depth : PC2 + Risk : Depth : PC1 + Risk : Depth : PC2

Model 4 investigated the relationships between absolute latitude, risk, depth, PC1 and
PC2:

Absolute latitude ~ Risk + PC1 + PC2 + Depth + Risk : PC1 + Risk : PC2 + Risk : Depth +
Depth : PC1 + Depth : PC2 + Risk : Depth : PC1 + Risk : Depth : PC2

The function “pgls” was used within the package “caper” to run the models (Orme et
al. 2013). This function has been found to outperform other comparative methods when the
phylogenetic tree includes a large number (>100) taxa (Graber 2013; Caviedes-Solis et al.
2020). For visualisation of the model outputs, I refitted the models using the function ‘gls’
within the package “nlme” (Pinheiro et al. 2013), with phylogenetic distances determining the
variance-covariance matrix. Coefficient estimates are effectively identical using the two
approaches, however the gls method could be plotted using the ggeffects package (v1.1.2.1)
(LUdecke 2018).
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4.4. Results

4.4.1. Thermal tolerance breadth and absolute latitude if invasive and
threatened species

Deep sea Shallow sea
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Figure 9: Thermal breadth against absolute latitude, colour coded for each risk level and split
by depth strata. Lines show fits from a generalized least squares model which accounts for
phylogeny. Thermal breadth is calculated using the 95" quantile of maximum temperature at
mean depth minus the 5" quantile minimum temperature at mean depth. Points are scaled to
the number of OBIS occurrence records per species.

Overall, model 1 (fitted in Figure 9) was highly significant (Fi9, 1301 = 16.6, A = 0.443,
adjusted R?=0.183, p = < 0.0001) (Table 10). There was a significant relationship between
thermal tolerance breadth and absolute latitude (F19, 1301 = 102.5, p < 0.0001), between thermal
tolerance breadth and depth strata ((F1o, 1301 = 17.3, p <0.0001), and between thermal tolerance
breadth and risk (F19,1301 = 29.8, p = < 0.0001) with a steeper negative slope in deep sea invasive
species (-0.90 £ 0.54) and non-threatened species (-0.34 £ 0.40) compared to native (-0.20 +
0.40) and threatened species (-0.10 + 0.52) (which are all also negative) (Table 10). There
was also a steeper negative slope in shallow sea non-threatened species (-0.34 = 0.40) compared
to all other risk categories, particularly in comparison to threatened species which had a strong
positive slope (0.12 = 0.52). Similar differences were obsered between invasive and native
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species, the former of which had a positive slopes (0.04 = 0.54), while the latter a negative
slope (-0.13 + 0.40. There were further significant interactions between risk and absolute
latitude with thermal tolerance breadth (Fig, 1301 = 14.9, p = < 0.0001) (Table 10). At low
latitudes in the deep sea, threatened species typically had the lowest thermal breadth (Figure 9)
and this declined with increasing latitude (slope of -0.10 £ 0.52), whereas in the shallow sea,
the thermal tolerance of threatened species increased with absolute latitude (slope = 0.12 +
0.52). There was a negative relationship between thermal tolerance and absolute latitude in
both deep sea (-0.21 + 0.40) and shallow sea native species (-0.14 + 0.40). The PGLS analysis
showed a moderate phylogenetic signal in the relationship between thermal breadth and
absolute latitude (A = 0.443), however the model does have relatively low explanatory power
(adjusted R? = 0.183) (Table 10).

Table 10: Results of the Phylogenetic Least Squares Model showing the relationship between

thermal tolerance breadth, risk, depth, and absolute latitude. Models are fitted with lambda =
‘ML’ (Maximum likelihood) and without an intercept.

Coefficient SE t-value Pr(>|t]) P-value Model Lambd Lambda
estimate adjusted a[ML] 95% ClI
R? (lower,
upper)
Thermal tolerance breadth ~ <0.001 0.1833 0.443 0.123,
0.700
Data Deficient 8.558 8.363 1.023 0.306
Invasive 33.270 7.177 4.635 0.000
Native 21.722 3.948 5.502 0.000
Non-Threatened 20.274 3.709 5.466 0.000
Threatened 3.336 8.881 0.376 0.707
Shallow Sea 1.863 8.193 0.227 0.820
Absolute Latitude -0.047 0.389 -0.120 0.904
Invasive : Absolute Lat -0.849 0.538 -1.577 0.115
Native : Absolute Lati -0.159 0.397 -0.401 0.689
Non-threatened : Absolute Lat -0.290 0.402 -0.721 0.471
Threatened : Absolute Lat -0.051 0.516 -0.099 0.921
Shallow Sea : Absolute Lat 0.005 0.401 0.013 0.989
Invasive : Shallow Sea -17.425 10.670 -1.633 0.103
Native : Shallow Sea -0.973 8.802 -0.111 0.912
Non-threatened : Shallow Sea -1.497 8.593 -0.174 0.862
Threatened : Shallow Sea 1.297 12.402 0.105 0.917
Invasive: Shallow Sea : Absolute Lat 0.932 0.548 1.701 0.089
Native: Shallow Sea : Absolute Lat 0.064 0.409 0.157 0.875
Non-threatened: Shallow Sea:
Absolute Lat -0.005 0.415 -0.012 0.991
Threatened: Shallow Sea :
Absolute Lat 0.212 0.542 0.391 0.696
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4.4.2. Maximum temperature and thermal tolerance breadth of invasive and
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Figure 10: Boxplots showing the relationship between risk status and maximum temperature
at which a species has been recorded to occur (95" quantile), for shallow (<100m) and deep

(>100m) water species. Width of boxes are scaled to the number of species.

105



Threatened species have the lowest maximum temperature in both the deep and shallow
sea (median of ~2°C and ~16°C, respectively) and the greatest range of maximum temperatures
in the shallow sea (~13°C- 26°C) (Figure 10). In the deep sea, invasives have the highest
maximum temperature of ~28°C whereas in the shallow sea, this is true of non-threatened
species with a maximum temperature of ~29.5°C, closely followed by invasive species with a
maximum temperature of ~29°C. In the deep sea, non-threatened species have the greatest
range of maximum temperatures (~8°C-24°C) whereas threatened species have the narrowest
range. In the shallow sea, threatened and non-threatened species show the greatest difference
in median maximum temperature.
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Figure 11: Maximum temperature against thermal breadth, colour coded for each risk status
and split by depth strata. Lines show fit from a generalized least squares model which accounts
for phylogeny. Thermal breadth is calculated using the 95" quantile of maximum temperature
at mean depth minus the 5™ quantile minimum temperature at mean depth. Points are scaled to
the number of OBIS occurrence records per species.

Overall, model 2 was highly significant (Fig, 1301 =27.06, A =0.615, adjusted R? = 0.273,
p = <0.0001) (Figure 11, Table 11). There was a significant interaction between both depth
strata and thermal tolerance breadth (Fio, 1303 = 17.20, p = <0.0001), and between risk and
maximum temperature with thermal tolerance breadth (Fu9, 1301 = 3.38, p = 0.009). There was a
more positive slope in deep sea threatened species (1.08 + 1.53) compared to non-threatened
species (0.52 + 0.31) and other risk categories in the deep sea (all of which were also positive).
Deep sea invasive and native species, however, showed very similar patterns. With regards to

shallow sea species, invasives showed a more positive slope (0.69 + 1.18) compared to native
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species (0.43 £ 0.31) and other risk categories (which again all showed positive slopes).

Shallow water threatened species showed the shallowest slope (0.06 = 1.53), compared to

shallow water non-threatened species (0.311 + 0.31). There is a moderate phylogenetic signal

in the relationship between thermal breadth and maximum temperature (A= 0.615) and, overall,

this model had a moderate explanatory power (adjusted R? = 0.273) (Table 11).

Table 11: Results of the Phylogenetic Least Squares Model showing the relationship between
thermal tolerance breadth, risk, depth, and maximum temperature. Models are fitted with
lambda = ‘ML’ (Maximum likelihood) and without an intercept.

Coefficient SE t-value Pr(>|t]) P-value Model Lambda Lambda
estimate adjusted [ML] 95% ClI
R? (lower,
upper)
Thermal tolerance breadth ~ <0.001 0.2728 0.615 0.327,
0.758
Data Deficient 5.503 6.345 0.867 0.386
Invasive 4.954 32.552 0.152 0.879
Native 3.917 3.907 1.003 0.316
Non-threatened 2.501 3.769 0.664 0.507
Threatened -1.041 5.088 -0.205 0.838
Shallow Sea -6.251 6.149 -1.017 0.310
Max Temperature 0.016 0.283 0.057 0.955
Invasive : Max Temperature 0.521 1.176 0.443 0.658
Native : Max Temperature 0.573 0.314 1.824 0.068
Non-threatened: Max Temperature 0.505 0.308 1.639 0.102
Threatened : Max Temperature 1.060 1.527  0.694 0.488
Shallow Sea : Max Temperature 0.406 0.304 1.338 0.181
Invasive : Shallow Sea 1.795 33.138 0.054 0.957
Native : Shallow Sea 10.028 6.764 1.483 0.138
Non-threatened : Shallow Sea 2.522 6.644 0.380 0.704
Threatened : Shallow Sea 13.591 8.526 1.594 0.111
Invasive : Shallow Sea :Max
Temperature -0.257 1.186 -0.217 0.828
Native : Shallow Sea : Max
Temperature -0.564 0.335 -1.685 0.092
Non-threatened : Shallow Sea : Max
Temperature -0.311 0.331 -0.941 0.347
Threatened : Shallow Sea : Max
Temperature -1.419 1.546 -0.918 0.359
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4.4.3. Environmental correlates of the primary axis of life history variation
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Figure 12: Maximum temperature by risk category, split according to depth strata, against A)
PC1 effective in separating species according to annual fecundity and B) PC2 effective in
separating species according to pelagic stage duration, age at maturity, longevity, and body
size. Points are scaled to the number of OBIS records per species. All fitted with a generalized
least squares model which accounts for phylogeny.

Overall, model 3 was highly significant (Fa, 1201 =10.26, A = 0.862, adjusted R? =0.169,
p = < 0.0001) (Figure 12, Table 12). There were significant relationships between risk and
maximum temperature (F2o, 1201 = 27.30, p = < 0.0001), between depth and maximum
temperature (Fog, 1201 = 57.01, p = <0.0001) and between PC1 (which splits species according
to annual fecundity, see Figure S6 and Table S8) and maximum temperature (F29, 1201 = 29.37,
p =<0.0001). There were also significant three-way interactions between risk, PC1, depth and
maximum temperature (F29, 1201 = 2.66, p = 0.0311) and between risk, PC2 (which splits species

according to pelagic stage duration, age at maturity, lifespan and body size, see Figure S6 and
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Table S8) depth and maximum temperature (Fz9, 1201 = 5.11, p = 0.0004). Likewise, there were
also significant interactions between risk and PC1 with maximum temperature (F2g, 1201 =11.29,
p =<0.0001), and, to a lesser extent, between PC1 and depth strata with maximum temperature
(F29, 1201 = 4.12, p = 0.0426). With regards to PC1 for deep sea species, only data deficient and
threatened species showed a positive slope (0.28 + 2.80 for threatened species) compared to
non-threatened species (0.94 + 3.00), while the steepest negative slope was in invasive species.
However, considering there are very few deep-sea invasive species (n=4), this has resulted in
a lack of precision in parameter estimates (95% confidence intervals ranging from -40.49 to
83.84 for invasive deep-sea species on Figure 12b) that are likely further impacted by the
phylogenetic correctness in the fitted PGLS. This means that the fitted lines for this group in
Figure 12b and 13b specifically are not a good fit to the data and, therefore, this group was no
longer considered further in the interpretation of the results Considering PC1 for shallow water
species, only threatened species showed a negative slope while the steepest positive slope was
in non-threatened species (2.72 + 2.96). For shallow water species with regards to PC1,
invasives showed a more positive slope (1.062 + 4.95) than native species (0.37 £2.74). With
regards to PC2 for deep sea species, all risk categories, except for natives (-0.38 = 12.31),
showed a positive slope, the steepest of which was in non-threatened species (21.36 + 12.98)
and the shallowest of which was in threatened species (2.99 + 13.70). Considering PC2 for
shallow species, all risk categories showed negative slopes, the steepest of which was in
threatened species (-10.58 + 13.7) and the shallowest of which was in non-threatened species
(-0.79 £ 12.98) and native species (-0.24 £ 12.31), compared to invasives (-1.05 + 16.21) PGLS
analysis showed that there is a strong phylogenetic signal in both PC1 and PC2 when
considered alongside maximum temperature (A = 0.862), however again the model has

relatively low explanatory power (adjusted R? =0.169) (Table 12).
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Table 12: Results of the Phylogenetic Least Squares Model showing the relationship between
maximum temperature, risk, PC1, PC2 and depth. Models are fitted with lambda = ‘ML’
(Maximum likelihood) and without an intercept.

Coefficient SE t-value Pr(>|t]) Lambda

estimate 95% CI

(lower,

upper)

Maximum Temperature ~ 0.810,

0.897
Data Deficient 17.769 8.488 2.093 0.037
Invasive 33.674 11.210 3.004 0.003
Native 22.986 4.278 5.373 0.000
Non-threatened 7.365 4,954 1.487 0.137
Threatened 4.997 4.685 1.066 0.286
PC1 6.842 2.647 2.585 0.010
PC2 8.655 12.197 0.710 0.478
Shallow Sea 5.660 7.453 0.759 0.448
Invasive : PC1 -7.316 4,952 -1.477 0.140
Native : PC1 -7.035 2.738 -2.569 0.010
Non-threatened : PC1 -5.898 2.958 -1.994 0.046
Threatened : PC1 -6.564 2.796 -2.348 0.019
Invasive : PC2 -2.187 16.209 -0.135 0.893
Native : PC2 -9.036 12.313 -0.734 0.463
Non-threatened : PC2 12.701 12.979 0.979 0.328
Threatened : PC2 -5.664 13.704  -0.413 0.679
Invasive : Shallow Sea -11.212 12.803 -0.876 0.381
Native : Shallow Sea -0.655 7.513 -0.087 0.931
Non-threatened : Shallow Sea 12.550 7.966 1.575 0.115
Threatened : Shallow Sea 16.716 8.980 1.862 0.063
PC1 : Shallow Sea -5.059 2.749 -1.841 0.066
PC2 : Shallow Sea -11.765 12.486 -0.942 0.346
Invasive : PC1 : Shallow Sea 6.597 5.009 1.317 0.188
Native : PC1 : Shallow Sea 5.627 2.837 1.983 0.048
Non-threatened: PC1: Shallow Sea 6.835 3.081 2.218 0.027
Threatened : PC1 : Shallow Sea 4,947 3.012 1.642 0.101
Invasive : PC2 : Shallow Sea 4.243 16.433 0.258 0.796
Native : PC2 : Shallow Sea 11.906 12.598 0.945 0.345
Non-threatened : PC2 : Shallow Sea -10.380 13.350 -0.778 0.437
Threatened : PC2 : Shallow Sea -1.807 15.173 -0.119 0.905
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Figure 13: Absolute latitude by risk category, split according to depth strata, against A) PC1
effective in separating species according to annual fecundity and B) PC2 effective in separating
species according to pelagic stage duration, age at maturity, longevity, and body size. Points
are scaled to the number of OBIS occurrence records per species. All fitted with a generalized
least squares model which accounts for phylogeny.

Overall model 4 was highly significant (F2g, 1201 = 10.30, A = 0.402, adjusted R? = 0.170,
p = < 0.0001) (Figure 13, Table 13). There were significant interactions between PC1 and
absolute latitude (F29, 1201 = 92.19, p = <0.0001), and between risk and PC2 with absolute
latitude (F29, 1201 = 4.97, p = 0.0006). For PC2 there was a steeper positive slope in shallow
water threatened species (20.73 £ 32.66) compared to non-threatened (6.282 £+ 30.55) and all
other risk categories (which for shallow water species were all positive). With regards to PC2
there was also a steeper positive slope in both deep sea threatened (2.68 + 32.66) and native
(4.88 + 28.55) species compared to non-threatened (-11.77 + 30.55) which has the steepest
negative slope of all risk categories. With regards to PC1, deep sea species all had negative

slopes (except for invasive species), the steepest of which were in non-threatened (-3.01 + 6.87)

111



and threatened species (2.72 + 6.33). Considering PC1, shallow water species all have negative
slopes except for threatened species which was positive (1.96 + 6.33) compared to non-
threatened species (-4.18 £ 6.87). Although both negative, shallow water invasive species (-
4.02 £ 12.60) had a steeper negative slope than natives (-3.04 + 6.28) PGLS showed that for
both PC1 and PC2 when considered against absolute latitude, model 4 has the lowest
phylogenetic signal (A = 0.402), but again, the model has a low explanatory power (adjusted
R%=0.170) (Table 13).
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Table 13: Results of the Phylogenetic Least Squares Model showing the relationship between
absolute latitude, risk, PC1, PC2 and depth. Models are fitted with lambda = ‘ML’ (Maximum
likelihood) and without an intercept.

Coefficient SE t-value Pr(>|t]) P-value Model Lambda Lambda
estimate adjusted [ML] 95% CI
R? (lower,
upper)
Absolute latitude ~ <0.001 0.170 0.402 0.262,
0.539
Data Deficient 34.921 16.940 2.061 0.039
Invasive 3.918 28.633  0.137 0.891
Native 41.985 5.217 8.047 0.000
Non-threatened 40.223 8.063 4,988 0.000
Threatened 24,551 6.885 3.566 0.000
PC1 -1.376 5.956 -0.231 0.817
PC2 -2.345 28.161 -0.083 0.934
Shallow Sea -9.360 16.596 -0.564 0.573
Invasive : PC1 2.460 12.598 0.195 0.845
Native : PC1 -0.339 6.276 -0.054  0.957
Non-threatened : PC1 -1.630 6.869 -0.237 0.812
Threatened : PC1 -1.346 6.326 -0.213  0.831
Invasive : PC2 0.976 41.539 0.023 0.981
Native : PC2 7.225 28.555 0.253 0.800
Non-threatened : PC2 -9.421 30.547 -0.308 0.758
Threatened : PC2 5.025 32.666 0.154 0.878
Invasive : Shallow Sea 34.406 32.809 1.049 0.295
Native : Shallow Sea 6.530 16.806 0.389 0.698
Non-threatened : Shallow Sea -3.019 17961 -0.168 0.867
Threatened : Shallow Sea 5.964 20.003 0.298 0.766
PC1 : Shallow Sea -4.036 6.287 -0.642 0.521
PC2 : Shallow Sea 8.173 29.228 0.280 0.780
Invasive : PC1 : Shallow Sea -1.070 12.768 -0.084 0.933
Native : PC1 : Shallow Sea 2.707 6.599 0.410 0.682
Non-threatened: PC1 : Shallow
Sea 2.859 7.231 0.395 0.693
Threatened : PC1 : Shallow Sea 8.715 7.020 1.242 0.215
Invasive : PC2 : Shallow Sea 1.241 42.294  0.029 0.977
Native : PC2 : Shallow Sea -11.988 29.609 -0.405 0.686
Non-threatened: PC2 : Shallow
Sea 4.533 31.732 0.143 0.886
Threatened : PC2 : Shallow Sea 9.874 36.303 0.272 0.786
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4.5. Discussion

This study is the first to investigate on a global scale the relationship between thermal
traits (specifically thermal tolerance breadth and maximum temperature), absolute latitude,
vertical zonation and life histories of marine gastropod and bivalve molluscs, while accounting
for phylogeny. Understanding the extent to which phylogeny constrains the ability of species
to adapt to warming climates is crucial for anticipating climate-related impacts on the marine
environment (Comte & Olden 2016). | observed a moderate phylogenetic signal in the
relationship between both thermal tolerance breadth and absolute latitude and thermal breadth
and maximum temperature. This is supported by the previous work of Comte and Olden (2016)
who observed a strong phylogenetic signal in the thermal tolerance of freshwater fish and Nati
et al. (2021) who found a strong phylogenetic signal in the upper thermal temperature limits of
fish. Several studies (Weines et al. 2010; Bennett et al. 2011; Huey et al. 2012) have suggested
that ectothermic species retain their ancestral climatic affinities through evolutionary time
making it difficult for such species to adapt to climates which differ considerable from those

inhabited by their ancestors.

The analyses presented here support previous findings from a range of taxa including
fish and marine benthic invertebrates that a broad range of temperature tolerances (larger
thermal breadth) is associated with a higher upper thermal tolerance threshold, and that this
relationship is more positive in invasives than natives (Kelley 2014; Zerebecki & Sorte 2011;
Moyle and Marchetti 2006). In my investigation | observed that there is a strong positive
correlation between thermal breadth and maximum temperature in both the deep and shallow
sea and that for the shallow sea, this relationship is stronger in invasive species than either
native or threatened species (Figure 11). Eurthermality, the ability to maintain function across
a wide range of temperatures, has been previously theorized as a mechanism of invasion
success (McMahon 2002, Zerebecki & Sorte 2011; Bates et al. 2013) and species which
experienced a broader ancestral thermal width may be better equipped, or preadapted, for
survival if they are introduced to novel environments (Kelley 2014). As well as a wider thermal
breadth, invasive species have previously been found to inhabit locations with a higher
maximum temperature than native species (Zerebecki & Sorte 2011), mirroring my findings
for both deep sea and shallow sea species whereby invasives have a higher maximum
temperature than either native or threatened species (Figure 10). Invasive species are therefore
expected be more successful than native and endemic or threatened species as temperature

increases with climate change (Zerebecki & Sorte 2011; da Silva et al. 2021). The flipside of
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this is that species with the lowest thermal tolerances are likely to be the most susceptible to
global warming (Zerebecki & Sorte 2011) and | observed that for both the deep and shallow
sea, threatened species typically have the lowest maximum temperature.

My study showed that the thermal tolerance of deep-sea species declines with distance
from the equator, with this relationship being stronger in invasive species and weaker in
threatened species (Figure 9). However, because my investigation uses the latitudinal midpoint
to determine absolute latitude, it potentially conflates latitudinal positions with latitudinal
range. Nevertheless, my findings largely contradict the previously observed pattern that in
ectothermic animals, thermal tolerance breadth increases with latitude (Shah et al. 2017; Rohr
et al. 2018). In shallow water species, however, the thermal tolerance of both invasive and
threatened species increases with distance from the equator, while the opposite is true for other
risk groups (Figure 9), partially supporting the macroecological pattern observed in previous
studies (Payne & Smith 2016). Janzen’s extension of the climate variability hypothesis for
instance, suggests that higher latitudes experience greater seasonal variation than lower
latitudes and as such these locations favour a larger thermal breadth in temperate organisms
compared to their tropical counterparts (Shah et al. 2017). Previous studies, however, have
shown that that there is a lower rate of increase in thermal tolerance breadth with latitude in
marine species than terrestrial species, with marine species commonly displaying a poleward
decrease in upper thermal limits (Sunday et al. 2011). This may be because Janzen’s hypothesis
is more relevant to species occupying shallow seas rather than deeper water as seasonality in

temperature is much greater in shallow water compared to deep water (Webb 2012)

Although surprisingly few studies have attempted to link thermal tolerance traits of
species to their IUCN threat status, Rohr et al. (2018) found that threatened ectothermic species
encompassing fungi and marine, freshwater, and terrestrial invertebrates tended to have
narrower thermal breadths and acclimated more slowly to rising temperatures. They further
found that thermal acclimation capacity (the degree to which organisms can alter their optimal
temperature and critical thermal limits) increases with latitude (Rohr et al. 2018). In this
investigation, | found that at low latitudes in both the shallow and deep sea, threatened species
typically had the lowest thermal breadth of all risk categories (Figure 9). Rohr et al. (2018)
further found that threat level decreased as latitude increased. In agreement with this, 1 only
found threatened species in the deep sea at absolute latitudes <40°, however no such pattern

was observed in the shallow sea (Figure 9).
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The relationship between life history traits and environmental temperature in
ectotherms has puzzled ecologists for decades due to the paradoxical effects of temperature on
growth rate, body size and size at maturity (Angilletta et al. 2004). While most optimization
models predict that in colder environments which stunt growth individuals will be smaller
bodied and reach maturity at a smaller size, in reality, lower temperatures typically cause
ectotherms to grow slower and mature at a larger body size (Angilletta et al. 2004). This
suggests that despite their slow growth rates, individuals inhabiting colder environments
prolong their growth and delay reproduction in order to reach larger sizes (Angilletta et al.
2004). After accounting for shared ancestry, | observed significant relationships between life

history principal components and maximum temperature for each risk category.

Pelagic stage duration, age at maturity, lifespan and body size were all strongly loaded
on PC2 (see Chapter 3) which, in all shallow sea risk categories, was negatively related to
maximum temperature (Figure 12). Thus, for shallow sea species, as maximum temperature
decreased, pelagic stage duration decreased while, age at maturity, lifespan and body size all
increase, with this relationship particularly pronounced for threatened species (Figure 12). The
relationships between life history principal components and absolute latitude further support
this: across all shallow sea risk categories PC2 was positively related to absolute latitude
(Figure 13), such that the traits associated with low maximum temperature are also associated
with higher latitudes. These trends are less pronounced in the deep sea, with positive
relationships between PC2 and absolute latitude only observed in native and threatened species,
possibly because temperature and latitude are less tightly correlated in deeper water (e.g., Webb
2012). In general, my results support previous conclusions that in colder environments marine
ectotherms are larger bodied, live longer, and reach maturity later in life (Angilletta et al. 2004;
Moss et al. 2016; Ibanez et al. 2018). One explanation could be that a longer lifespan may be
a consequence of a decrease in disturbance frequency with high latitudes which allows species
to not only live longer and grow larger, but also to delay the onset of reproduction for years, or
in some cases, decades (Moss et al. 2016).

Despite the caveat of low explanatory power, the analysis highlighted significant
interactions between the principal components of life history variation and absolute latitude.
With regards to PC1 (which split species according to annual fecundity) all deep-sea species
(except for those considered to be invasive) and all shallow water species (except for those
which are threatened) showed negative correlations between annual fecundity and absolute

latitude (Figure 13) suggesting fecundity declines with distance from the equator. In the
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shallow sea, this relationship is likely linked to the fact that water temperature typically
declines from lower to higher latitudes. My analysis further showed a significant relationship
between PC1 (annual fecundity) and maximum temperature in the shallow sea whereby each
risk category showed a positive relationship between annual fecundity and maximum
temperature except shallow sea threatened species (Figure 12). In the deep sea, this
relationship was less clear with only threatened and data deficient species showing a positive
relationship between annual fecundity and maximum temperature (Figure 12). Nevertheless,
this suggests that, generally, fecundity increases and maximum temperature increases,
particularly in shallow sea species. These patterns lend support to Thorson’s rule which posits
that benthic marine invertebrates at low latitudes tend to be highly fecund and produce many
eggs which develop into widely dispersing, pelagic large whereas at high latitudes such
organisms tend to produce fewer offspring which are typically brooded rather than pelagic.
Previous studies (Clark 1992; Gallardo & Penchaszadeh 2001) have further confirmed that
Thorson’s Rule holds well for gastropod molluscs with the original work by Thorson being

based on gastropod molluscs from Thailand, Denmark, and Greenland (Thorson 1936;1950).

In summary, my analysis seems to agree that life-history variation across benthic
marine molluscs is largely consistent with Thorson’s rule. In the warmer, highly stochastic,
lower latitude environments, species which are smaller bodied, produce numerous offspring
are favoured, whereas in colder environments at higher latitudes, larger bodied species which
produce fewer eggs, delay reproduction, and mature later in life are favoured. Typically, the
traits displayed by species occupying lower latitudes are consistent with an r-selected strategy
whereas the traits displayed by species occurring in higher latitudes are more consistent with a
K-selected strategy.

Findings must be considered in light of the fact that my method of collecting
environmental data, specifically the grid-scale temperature values assigned to each occurrence
record from Bio-Oracle, involves using approximations from imperfect data and is thus an
imprecise estimate of the temperature experienced by the individual (Webb et al. 2020). This
is especially true for species occupying certain habitats such as the intertidal zone or deep sea
near seamounts, where both bathymetry and temperature arranged over the grid scale
(approximately 9km) may not accurately reflect the conditions experienced by organisms living
there. Although the values for maximum temperature and thermal breadth of species should be
interpreted with this in mind, given the scale and speed at which climate change is impacting

marine species, making best use of available data and including as many species as possible
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into the analysis to allow predictions to be made with regards to the impact of warming oceans

on benthic marine molluscs is imperative (Webb et al. 2020).

Although the analysis presented here provide an important step in understanding how
thermal traits are distributed according to latitude, depth, life history characteristics and risk
status, the knowledge that a large proportion of variation can be attributed to phylogenetic
inertia implies that thermal tolerances are constrained by phylogeny. Thus, a species response
to climate change is likely to be limited by genetic constraints, with these constraints seemly
affecting certain groups (those which are threatened), more so than others (those which are
invasive). Ultimately, my results indicate that invasive species, particularly those occurring in
shallow waters, may be better poised than threatened species to thrive under increasing
temperatures as a consequence of global climate change, largely due to their higher maximum
temperature and larger thermal tolerances. This work emphasises the importance of studying
invasive and threatened species in tandem to clearer delineate the trait profiles of each and to
understand, and potentially predict, their likely response to warming temperatures. It is hoped
that future studies will take this work further by considering biotic factors, such as competition
and predation, alongside life history traits and environmental affinities to better determine the
species most at risk of becoming invasive or extinct. This would allow for clearer management
action to prevent either species loss or species establishment. An ongoing priority should also
be to increase the number of species for which we have adequate trait data and to ensure
accessibility and integration of such information (Webb & Vanhoorne 2020). This would allow
for an increased number of assessments to be conducted by the IUCN, meaning more accurate

comparisons could be made between different risk categories.
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4.6. Supporting Material

Figure S4: The minimum depth of species using depth data collected from various online
sources including SealifeBase, BIOTIC, published, and unpublished literature, against
minimum depth calculated using depth summaries from OBIS. Points are scaled to the number

of OBIS records per species and split according to each risk category.

Figure S5: Number of OBIS occurrence records (log transformed) against A) thermal breadth
(calculated using the maximum mean temperature at mean depth minus the minimum mean

temperature at mean depth) and B) maximum temperature. Colour coded for each risk category.

Figure S6: A) Principal Component Analysis (PCA) of 1530 marine molluscs split by five risk
categories (Data deficient (n = 43), Invasive (n = 212), Native (n = 882), Non-threatened (n =
357), and Threatened (n = 36)) defined by the first two principal components (PC1 and PC2).
PCA is a form of multivariate data analysis which is used to reduce the dimensionality of the
data in order to provide a set of summary indices. Arrows indicate mean loadings (directions
and weighing) of each life history in the PCA. Each point represents the position of a species
within two-dimensional space. B) Boxplot of each risk category against PC1. C) Boxplot of
each risk category against PC2. Width of the boxplots are scaled to the number of observations.

Table S8: Summary of the Principal Component Analysis (PCA) of trait data for marine
molluscs (n = 1530).

Appendix S5: Biological trait dataset of 1530 mollusc species used in Chapter 4
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5. General Discussion

Throughout this thesis | have investigated the macroecology of biological, ecological,

and life-history traits of invasive, native, and threatened marine invertebrates with the aim of

attempting to identify which traits predispose species to a heightened risk of invasion or

extinction and to determine whether traits can be used to help predict and manage both species

in decline and species on the move. Here, | summarise the key findings of this research (Section

5.1) and discuss them in relation to trait-based approaches and trait-based predictions (Section

5.2) and the incorporation of phylogeny into studies of extinction and invasion risk (Section

5.3). | then go on to consider future avenues of research which could build on the work

presented here (Section 5.4.).

5.1. Key Findings

After assembling a trait database of 85 non-indigenous species and 302 native
species | showed that the typical non-indigenous marine invertebrate is a mid-sized,
long-lived, highly fecund suspension feeder which either broods its offspring or has
a pelagic stage duration of 1-30 days and is either attached-sessile or burrows to a
depth of 5cm (Chapter 2). This helped to answer one of the most pressing questions
in invasion biology: what allows an invader to be successful?

| further showed that the main traits discriminating between non-indigenous and
native species were body size, lifespan, annual fecundity, offspring protection,
burrowing depth and, to a lesser extent, pelagic stage duration (Chapter 2), and that
these traits could distinguish between non-indigenous and native species with an
accuracy of 78%. My findings thus add to the growing evidence that non-indigenous
species possess a greater affinity for certain traits than do native species.

Using this dataset (Chapter 2) | was able to propose a method based on trait profiles
which can be used to predict native species with a tendency for invasion. These
“potentially invasive” native species were able to be predicted from the wider native
species dataset, using only biological traits, with an accuracy of 78%. This method
may, therefore, be used to aid targeted surveillance and proactive management of
species which are likely to become invasive if they were to successfully establish

in a new environment.
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Vi.

Vii.

A second trait database of 1935 gastropod and bivalve molluscs highlighted that
risk status in both gastropods and bivalves is more driven by phylogeny than by
traits (Chapter 3). | found that while phylogeny may be used to predict risk status
in marine molluscs, the inclusion of trait data adds very little to the predictive power
of the models.

| further found that extinction risk and invasiveness are not randomly distributed
across families and instead certain families contain a greater proportion of either
threatened or invasion prone species than others. This is likely due to the strong
phylogenetic component to extinction and invasion risk whereby species which
share an evolutionary lineage, or geographic range are more like to have certain
endangerment or expansion promoting traits than others. This finding means that
families more at risk, such as pen shells (Pinnidae) and deep-water dwelling snails
and limpets (Provannidae and Peltospiridae) can be made the focus of management
action to prevent their declines further (Chapter 3).

| did not find strong support for the hypothesis that individual traits predispose
species to becoming threatened or invasive, or that invasive and threatened species
lay at opposite ends of the life-history continuum. 1 did find, however, that species
belonging to different risk categories display contrasting life histories with regards
to certain traits and thus lay at varying, although not opposite, positions within the
POSE framework. Considering where a species’ life history falls on the POSE
spectrum can help to diagnose vulnerability to human exploitation and can also
indicate which species may be poised for invasion success were they to be
transported beyond their native range (Chapter 3). It should be noted, however, that
the exploratory power of my PGLS models is typically quite low suggesting a
degree of unexplained variation. Therefore, these findings are general trends rather
than strong patterns.

| supplemented the species-trait dataset collected in Chapter 3 with environmental
data including thermal traits, latitude and depth and used phylogenetic generalized
least squares models to show that there is a moderate phylogenetic signal in the
relationship between thermal tolerance breadth and absolute latitude and between
thermal tolerance breadth and maximum temperature (Chapter 4). This indicates
that ectothermic species retain their ancestral climatic affinities through
evolutionary time, potentially making it difficult for such species to adapt to

climates which differ considerably from those inhabited by their ancestors.
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viii.  Controlling for phylogeny, | also found a significant positive correlation between
thermal breadth and maximum temperature in both the deep and shallow sea. This
relationship was strongest in shallow water invasive species compared to either
native or threatened species. This suggests that invasive species occurring in
shallow waters may be better poised than native or threatened species to survive
under increasing temperatures from global climate change.

IX. Analysis indicated that life history variation across benthic marine molluscs is
largely consistent with Thorson’s rule. In the warmer, lower latitude environments,
species which are smaller-bodied and produce numerous offspring are favoured,
whereas in colder environments at higher latitudes, larger bodied species which
produce fewer eggs, delay reproduction, and mature later in life are favoured.
Again, however, the exploratory power of my PGLS models is typically quite low

which should be considered when interpreting the strength of these patterns.

5.2. The Trait-Based Approach and Traits-Based
Predictions

Traditionally, the impacts of invasive species have been studied with regards to species
composition and species abundance. Although in certain circumstances this approach is
desirable, for example, documenting the change in abundance of a commercially important
species, it has been argued that considering the impact of invasive species on the composition
of life-history, biological and functional traits is of increasing importance, thus requiring us to
embrace the ‘trait-based approach’ (McGill et al. 2006; Mouillot et al. 2013; Bremner et al.
2005). There has been a recent proliferation in trait-based research across numerous disciplines:
from evolutionary science (Salguero-Gémez et al. 2018) to global patterns of biodiversity (Diaz
et al. 2013) and the relationship between ecosystem functions and species assemblages (Bello
et al. 2010; Mouillot et al. 2013) which has resulted in a shift from the previously common
species-centred approach. This shift has meant that groups of individuals are able to be

categorised instead according to their biological, life history or functional traits.

A trait-based approach is commonly used in the marine environment (Degen et al.
2018), specifically with regards to species invasions. For instance, such approaches are used to
assess the response of communities and ecosystems to species invasions in European seas (see
Hewitt et al. 2016 and Weigel et al. 2015 for invasive polychaetes in the northern Baltic Sea),

to assess the potential of certain species to become invasive (Cardeccia et al. 2018; Geburzi &
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McCarthy 2018) and to understand the effects of climate change on ecosystem functioning
(Suding et al. 2008) and species vulnerability (Butt et al. 2022; Green et al. 2022). Here, | have
investigated the traits typical of non-indigenous species and identified traits which discriminate

between native and non-indigenous marine invertebrates.

| observed that the typical profile of a non-indigenous marine invertebrate is one in
which the species is a mid-sized, long-lived, highly fecund suspension feeder which either
broods its offspring or has a pelagic stage duration of 1-30 days and is either attached-sessile
or burrows to a depth of 5cm. Additionally, | highlighted that body size, lifespan, annual
fecundity, offspring protection, burrowing depth and, to a lesser extent, pelagic stage duration
are the main traits discriminating between native and non-indigenous marine invertebrates.
Since the publication of this work, van Kuijk et al. (2021) investigated traits which enable
crayfish invasion success in the Netherlands and found that traits associated with higher
reproductive output, including high fecundity and continuous reproduction, long distance
dispersal and migration, higher aggression levels and broader environmental tolerances are key
to distinguishing successful from failed invaders. Similarly, Leitz (2022) investigated the traits
which predict invasion success in the Laurentian Great Lakes and found that non-indigenous
fish species with higher fecundities, longer lifespans and higher ages at maturity were capable
of invading further than species which lacked these traits. Recent work, therefore, confirms
that fecundity is likely to be a key trait enabling the success of invasive species, potentially

acting as a major determinant of a species ability to spread beyond the point of introduction.

| further proposed a method based on trait profiles which can be used to predict non-
indigenous species likely to cause the greatest impact and native species with tendency for
invasion. This resulted in a list of 59 potentially invasive native species. Predictive tools such
as the one presented in Chapter 2 of this thesis, which can forecast native species likely to
become invasive, would greatly benefit detection programmes worldwide and would help to
provide an insight into invasion dynamics. Post hoc analysis of these 59 potentially invasive
native species revealed that 13 of these species are currently known to be invasive outside of
their native Western European region. This research builds on the work of Rejmanek &
Richardson (1996) who were among the first to apply quantitative statistical analysis to
invasive species prediction and Kolar & Lodge (2002) who led one of the earliest investigations
evaluating species traits across more than one invasion stage. Rejmanek & Richardson (1996)
investigated twenty-four species in the genus Pinus across the Northern Hemisphere, twelve of

which were invasive and twelve non-invasive (despite plantings on multiple continents they
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have had no reported spread). For each species, they gathered information on 10 life history
characteristics and used discriminant function analysis (DFA) to assign each species to one of
two groups (invader or non-invader). DFA correctly classified all species, suggesting that mean
seed mass and minimum juvenile period were among the three characteristics most important
for discriminating between the two (Rejmanek & Richardson 1996). This simple tool remains
one of the better methods for predicting invasive species (Lockwood et al. 2013) and has been
built-upon by Kolar & Lodge who developed a risk-assessment protocol for non-native fishes
in the North American Great Lakes over three invasion stages (establishment, spread and
impact). They identified 24 established species (split into fast spreading species with negative
impacts and slower dispersing species with minimal impacts) and 21 introduced species and
collected data on 24 traits including those associated with life-history, ecology, and invasion
history (Kolar & Lodge 2002). They then conducted DFA and categorical and regression tree
analysis (CART) on both establishment and spread data and found that they could discriminate
between successful and failed invasions with an 87-94% accuracy, between fast and slow
spreading invaders with a 94% accuracy and between high and low impact invaders with 89%
accuracy (Kolar & Lodge 2002). Using these models Kolar & Lodge (2002) then created a list
of 22 species predicted by both DFA and CART to pose a high risk of establishment in the
Great Lakes.

The work presented in this thesis further lends to the more recent approaches of
Fournier et al. (2019) who used ecological characteristics to predict ant species likely to invade
and those with the most detrimental impacts. This was done by matching ecological profiles of
known invasive species to currently native species to suggest which native species are poised
to become the next global invaders. Since publication of this work, Chen et al. (2021) has also
shown that specific traits such as prior invasion success, lower fecundity, higher tropic level,
and involvement in the aquarium trade can be useful predictors of freshwater fish invaders in
Southeast Asia. They propose that incoming freshwater species should be screened for these
traits to allow the arrival of likely invaders to be prohibited.

5.3. Incorporating Phylogeny into Predictions of
Extinction and Invasion Risk

In Chapters 3 and 4 | incorporated phylogeny to investigate which traits correlate more

strongly with extinction risk and invasiveness and to compare the response of invasive, native,
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threatened, non-threatened and data deficient species to thermal stress. My analysis revealed
that there is a strong phylogenetic signal in invasion and extinction risk whereby species which
share an evolutionary lineage are more likely to have certain invasive promoting or
endangerment promoting traits. There has been a wealth of recent studies linking phylogeny to
both extinction risk and invasion success. Suhonen et al. (2022) for instance, investigated
dragonflies and damselflies from Central Finland. They applied PGLS models, much like the
ones | used in Chapters 3 and 4, to show that species relatedness, i.e., phylogenetic signal, did
not affect local extinction risk. They further found that incorporating phylogeny into the
analysis did not improve the use of functional traits in predicting local species extinctions
(Suhonen et al. 2022). Contrastingly, Koppel et al. (2022) investigated phylogenetic patterns
of climate-driven phenology shifts in bumblebee species across Canada and found that these
shifts in phenology were strongly structured according to phylogeny. Similarly, Chen et al.
(2022) used PGLS models to determine the key predictors of extinction across cetacean species
and found that nearly all predictors of extinction showed significant phylogenetic signals, with

a Pagels A of close to 1.

With regards to predicting invasiveness using phylogeny, in contrast to my findings,
Shao-Peng et al. (2019) investigated laboratory bacterial communities and revealed that
phylogeny was not found to be a reliable predictor of invasion success and that instead fitness
hierarchy between invasive and native species played a greater role. Park et al. (2020) on the
other hand, investigated the evolutionary relatedness between native and non-native plants and
found that this relatedness can be used to predict invasion success, particularly across large
spatial scales. Similarly, Sol et al. (2022) also investigated the longstanding theory that
invasion risk can be predicted based on phylogenetic relatedness between non-native and native
species. They found that in the case of global bird communities, the ecological niches of species
are phylogenetically conserved, and that invasion success increases when native and invasive
species are more phylogenetically similar. Any interpretation of phylogenetic signal in invasive
species, however, must be considered alongside the knowledge that introduced species
themselves are not randomly selected, that is, human-induced invasions tend to involve specific
clades such as those of commercial interest, or, in the case of marine species, those occurring
in shallow coastal waters easily transported by maritime traffic (Sol et al. 2022). Similarly, the
phylogenetic conservatism of ecological niches suggested by Sol et al. (2022), likely supports
the notion proposed in Chapter 4, that species retain their ancestral climatic or ecological niches

throughout evolutionary time, meaning species may have a predisposition to being able to
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expand their range, or not. Furthermore, my finding that invasion risk in non-randomly
distributed across families concurs with a slightly older study by Pigot et al. (2018) which,
when investigating birds on a global level, found that introductions were non-random, with a

strong phylogenetic bias towards wide-ranging species from specific clades and regions.

Ultimately, the use of phylogeny to predict either invasion success or threat status relies
on the assumption that phylogeny is indicative of meaningful differences between species.
Thus, studies which combine species traits alongside phylogeny, such as in this thesis, are
likely to predict invasiveness and extinction risk more accurately. Additionally, the
incorporation of information regarding the environmental context of species is likely to aid in
the usefulness of such predictions.

Therefore, in Chapter 4 | further identified a moderate phylogenetic signal in the
relationship between thermal tolerance breadth and absolute latitude and thermal tolerance
breadth and maximum temperature. This is mirrored by the recent work of Nati et al. (2021)
which investigated the thermal tolerances of tropical and temperate fishes. They found that the
variation in maximum temperature among fish shows a strong phylogenetic signal and that this
may indicate an evolutionary constraint to adapting to rising global temperatures (Nati et al.
2021). Likewise, Faria et al. (2020) investigated crab species from tropical to sub-Antarctic
South America and found that the physiological traits exhibited at upper thermal limits evolved
in a phylogenetic manner, whereas traits linked to lower thermal limits evolved to be more
plastic. This suggests that both trait inheritance and thermal environment help to explain

thermal tolerances in both warmer and colder environments.
5.4. Limitations

There are four main limitations of the work presented here: missing trait data, the use
of trait imputation methods, the biases in IUCN assessments and the approximations of Bio-

Oracle temperature records. | will discuss each of these in turn, staring with missing trait data.

Although traits have been widely used in ecological and phylogenetic comparative
studies for decades now, often trait data is unavailable for many species of interest (Johnson et
al. 2020). Thus, despite the importance of these trait-based approaches, their use is limited due
to a heavily dependence on the availability and compatibility of trait data in addition to the
level of taxonomic and regional coverage they provide (Schneider et al. 2019). Trait datasets

are thus largely underexploited as they typically suffer from a lack of standardization and
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heterogeneity in data formats, meaning it can be difficult to combine trait information compiled
by multiple data providers (Schneider et al. 2019). One commonly cited limitation of trait
databases is that while some traits may be largely static, such as feeding method, others, such
as burrowing behaviour, may be highly variable. Thus far, there is no consistent framework in
place to determine how often during the day, or year, a species must exhibit a particular trait in
order to assign that species to a specific burrowing behaviour, movement or feeding method
for instance. For this reason, a fuzzy coding approach was taken for non-indigenous species in
Chapter 2 which allowed for species to display an affinity towards multiple trait modalities.
Traditionally, species with missing trait data were simply excluded without further analysis,
however, the estimation of missing trait values using imputation techniques is becoming more

standard practice to deal with this issue (Johnson et al. 2020).

Therefore, as a result of incomplete trait datasets, in Chapters 2 and 3 | used Trait
Explorer to estimate missing trait information for species in my dataset. Trait Explorer works
by inferring traits values for species listed in the World Register of Marine Species, it applies
“automated expert judgement” to estimate missing trait values based on species taxonomic
relationships and patterns of covariation between traits (Bruggeman et al. 2009). The trait
values estimated by Trait Explorer reflect the accuracy and amount of information fed into it.
For instance, in Chapter 2 only 2.4 % of species were missing body size data, therefore Trait
Explorer was able to provide more accurate inferences for this trait, whereas 59% of species
were missing any value for ‘burrowing depth’, meaning imputed values for this trait are likely
much less certain. Similarly, in Chapter 3 the mean proportion of missing trait data across the
six traits investigated was 68.4% for Red List species, 65.3% for native species and 54.9% for
invasive species. Again, body size had the most data available, missing only 1.5% in total,

while age at maturity was missing for 87.9% of species.

One benefit of using Trait Explorer is that is uses the phylogenetic relatedness of
species to estimate these missing trait values, as it is expected that more closely related species
will display similar traits (Bruggeman et al. 2009). Error is reduced by not only looking at the
single parent species, which may have trait values which are missing or inaccurate, but by
considering more distantly related species in the phylogeny (Bruggeman et al. 2009). Trait
Explorer, therefore, provides an estimation of trait values weighed according to phylogenetic
proximity to closely related species with known traits (Bruggeman et al. 2009). One criticism
of this approach, however, is that the accuracy of Trait Explorer’s phylogenetic predictions

depends on the underlying ‘Brownian motion’ model of evolution which assumes values
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change through genetic drift (Bruggeman et al. 2009). It has been suggested that this model
overemphasises the randomness of trait value changes in both direction and distance over time,
as opposed to more directional change due to natural selection (Bruggeman et al. 2009).
Nevertheless, the Brownian motion model has been shown to provide a robust model for
phylogenetic analysis in cases where no information is known about the exact process which

governed the evolutionary change (Bruggeman et al. 2009), as is the case in this thesis.

An initial concern regarding the analysis performed in Chapters 3 and 4 was the
circularity of the analysis i.e., fitting an evolutionary model (PGLYS) to traits generated using
an evolutionary model (that which is applied when using Trait Explorer). However, in principal
inputting data using a method such as Trait Explorer, so long as it is robust, will likely reduce
possible bias within the PGLS model. Subsequently, I decided to proceed with this method of
analysis, considering the usual caveats of reliability over imputation methods when a large

quantity of trait data is missing.

In Chapter 3 I incorporate IUCN assessed species into my analysis to better understand
the drivers of invasion and extinction and to determine whether invasive and threatened species
lay at opposite ends if the life history continuum. One inherent limitation of this is that there
are taxonomic biases in the assessments of both threat status, and, to a lesser extent,
invasiveness. IUCN assessments for instance, have not been conducted on a phylogenetically
random subset of species and there is a clear taxonomic bias to well-studied species (Donaldson
et al. 2016). As a result, the finding that extinction and invasion risk are not randomly
distributed across families and instead certain families contain a greater proportion of either
threatened or invasion prone species than others, may in some part be due to this taxonomic

bias.

In addition, the marine realm is still poorly covered by the IUCN Red List, with < 15%
of species assessed. Invertebrates are also largely under-assessed with <2% of the known
species (IUCN 2018) currently evaluated. In my investigation, | found that IUCN Red List
assessments overwhelmingly targeted certain taxa (e.g., the 600 species of Conus; Peters et al.
2013), which thus likely conflates the traits of Conus species with the traits of Red List species.
Given the biased taxonomic coverage in evaluated species, it follows that many species which
may be considered threatened have currently not been assessed or have been deemed to be data
deficient. Currently only 7% of the world’s described species have had their extinction risk

assessment completed. This lack of comprehensive coverage within the [JUCN Red List likely
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limits its usefulness in large scale analysis of threat status. Hence, the IUCN Red List now has
a goal to assess at least 160,000 species (currently 147,500 have been assessed). Yet with no
date stated for this goal to be met, it is likely that the taxonomic coverage may not be improved
for some time. Furthermore, although phylogenetic clustering has been found to be much
weaker in studies of invasiveness (Lambdon 2007; Pigot et al. 2018), it is still the case that
assessments of invasive species are highly taxonomically biased and not phylogenetically
random (Jelbert et al. 2019). Given that this non-randomness in species sampling is
commonplace in phylogenetic studies of both invasiveness and extinction risk (Hau & Lanfear
2018), mine being no exception, the estimates of phylogenetic signal found in both
invasiveness and IUCN assessment status are likely to overstate the true signal across all
molluscs. This is also likely true of the phylogenetic signals found between thermal tolerance
breadth and absolute latitude and between thermal tolerance breadth and maximum temperature
in Chapter 4.

Individual traits have also been shown to differ in their degree of phylogenetic signal
(Blomberg et al. 2003; Maitner et al. 2021) meaning that in cases where invasion success is
determined by traits which have a weak phylogenetic signal, phylogeny may not be a useful
metric. The traits used in all chapters however, were decided after much exploration of the
literature to determine the traits most appropriate for discriminating between a) non-indigenous
and native species b) invasive and threatened species and c) invasive, native, threatened, non-
threatened and data deficient species with regards to abiotic factors. Nevertheless, the
phenotypic plasticity of traits, that is- the ability of individuals to express different phenotypes
in response to changing environmental conditions- can also weaken the usefulness of
phylogeny as a trait proxy (Maitner et al. 2021; Relyea et al. 2018), this is likely to be
particularly relevant with regards to Chapter 4 whereby species occur at a variety of different

geographical locations subject to varying environmental conditions.

In Chapter 4 | collect environmental data, specifically grid-scale temperature values
from Bio-Oracle, which are assigned to each OBIS occurrence record. This was necessary
given that very few occurrence records have in situ measures of environmental temperature
recorded alongside them, meaning that it becomes necessary to match the occurrence records
to environmental temperatures post hoc. Currently, however, no standard protocol exists for
doing this. Additionally, because occurrence records from OBIS are known to contain spatial,
temporal, and taxonomic biases, there are potential sources of error when combining these

occurrence records with temperature records to generate species level thermal affinities.
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Consequently, the findings of Chapter 4 must be considered in light of the fact that this
method of collecting environmental data involves using approximations from imperfect data
and thus is an imprecise estimate of the temperature experienced by the individual. Therefore,
interpretation of any results, must also take into consideration the measurement error associated
with thermal breadth. The use of Bio-Oracle gridded temperature records also introduces
several sources of error. For instance, given that global gridded bathymetry datasets fail to
incorporate any subgrid scale variation in depth and temperature, there is likely to be inherent
and unresolvable measurement errors in records which result in imperfect values for
temperature at depth points. This is especially true for species occupying certain habitats such
as the intertidal zone or the deep sea near seamounts, where both bathymetry and temperature
arranged over the grid scale (approximately 9km) may not accurately reflect the conditions
experienced by organisms living there. Although the values for maximum temperature and
thermal breadth of species should be interpreted with this in mind, given the scale and speed at
which climate change is impacting marine species, making best use of available data, and
including as many species as possible into the analysis to allow predictions to be made with
regards to the impact of warming oceans on benthic marine molluscs is imperative (Webb et
al. 2020). As such, the usefulness of open access databases such as OBIS and Bio-ORACLE
should not be underestimated (Webb et al. 2020).

5.5. Future Directions

Coordinated research through databases such as WoRMS, OBIS, and BioOracle will
likely offer a promising avenue for furthering our knowledge of the key traits of invasive, non-
indigenous and threatened species. It is likely that as biological trait information becomes more
widely available, standardized, and centralized, there will be a greater ability to detect
differences between native and NIS and threatened and invasive species to provide a clear
delineation of an invader profile. Primary data collection through fieldwork and observational
experiments will likely be needed, focusing on species identified by the IUCN to be threatened
or data deficient to better understand their life history traits and environmental tolerances.
Species identified as being potentially invasive in Chapter 2 should also be further investigated
to enable predictions to be made regarding both the regions they are likely to invade and their
impacts. Once additional information is collated, present lines of enquiry explored in this thesis

should be readdressed.
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Several avenues of further research are available which are suggested as a continuation

of the work presented in this thesis. These avenues are centred around three main themes: the

temporal and spatial patterns of traits, environmental traits, and behavioural and personality

traits:

a) Temporal and Spatial Patterns of Traits

b)

Do the traits important for invasion success differ at each stage of the invasion
process (e.g., are the traits important during the initial uptake stage different from
those which enable success during the transport, establishment and spread stages?)
How do the traits driving an organism’s response to environmental variability differ
between the stages of invasion? (e.g., is a large thermal breadth the primary trait
conveying success of the transportation stage?)

How do the traits of species (either those which are invasive or threatened) change
ontogenically (e.g., from larval, to post larval to adulthood) and over shorter
timescales (e.g., diurnally)?

To what extent can prior invasion history be used as a predictor of future invasion
success?

How do the traits of invasive marine molluscs differ between their native and

invaded regions?

Environmental Traits

To what extent is there intraspecific variation in the environmental traits of species,
and how does this differ between invasive, native, and threatened species?

What impact does temperature have on the interactions between native and invasive
species? Previous studies have shown examples of condition-specific competition
whereby invasive species are more likely to displace native species at higher

temperatures (Carmona-Catot et al. 2013).

Behavioural and Personality Traits

How do the dominant behavioural and personality traits (e.g., aggression, boldness,
exploratory activity, sociability) differ between native, invasive, and threatened

species?
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= Do these behavioural and personality traits also differ within invasive species? (e.g.,
are certain traits more important during the transport stage with others e.g.,
increased boldness or exploratory activity, more important during the spread phase?

= Finally, how do these behaviours and personalities mediate an organism’s response

to climate change?
5.6. Concluding Remarks

The work presented in this thesis provides a foundation for future comparative
macroecological studies aimed at understanding how the traits of invasive, native, and
threatened marine invertebrates differ and how phylogeny and environmental factors (e.g.,
temperature, latitude, and depth) interact to determine climate change vulnerability. The work
presented in this thesis provides a unique contribution to understanding the traits of marine
invertebrates, specifically molluscs. By building on the work of Rejmanek & Richardson
(1996), Kolar & Lodge (2002), and Cardeccia et al. (2018), | have been able to provide the first
comprehensive comparison of the biological traits of native and non-indigenous marine
invertebrate species throughout Western European Seas. This work goes beyond traditional
biological trait analysis by using such attributes to estimate species invasiveness applied to a
dataset of currently non-invasive species, complimentary to the work of Fournier et al. 20109.
From this, | have developed a method based on trait profiles which can be used to predict non-
indigenous species likely to cause the greatest impact and native species with tendency for
invasion. Predictive tools such as the one presented in this thesis, which can forecast native
species likely to become invasive, would greatly benefit detection programmes worldwide and
would help to provide an insight into invasion dynamics. My research has further shown the
relevance of combining a traits-based approach with phylogeny and existing life history
frameworks to build on the previous work of Liu et al. (2017) and Kindsvater et al. (2016).
Moreover, this thesis comprises the first global review of the relationship between vertical
zonation, latitude, and thermal tolerance across risk groups of molluscs while also controlling
for phylogeny and sets the stage for future trait-based assessments of marine invasive and

threatened benthic invertebrates.
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7.Supporting Material

Table S1: The proportion of each phyla included in the native and non-indigenous species
dataset. The total number is given, with the percentages in parenthesis.

Non-indigenous species Native species All species
Annelida 13 (15.3%) 50 (16.6%) 63 (16.3%)
Arthropoda 27 (31.8%) 80 (26.5%) 107 (27.5%)
Bryozoa 2 (2.4%) 20 (6.6%) 22 (5.7%)
Chordata 5 (5.9%) 20 (6.6%) 25 (6.5%)
Cnidaria 5 (5.9%) 22 (7.3%) 27 (7%)
Mollusca 32 (37.5%) 101 (33.4%) 133 (34.4%)
Platyhelminthes 1(1.2%) 9 (3%) 10 (2.6%)
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Table S2: The most important positive and negative loadings of trait modalities on dimension
1 and dimension 2 of the bidimensional plot encompassing the whole non-indigenous species
dataset (Table 1, Figure 2b).

Modality Dim1 Modality Dim2
Positive
L1 (<lyear) 0.611 Am2 (1-3years) 0.516
B1 (<1cm) 0.608 F5 (Omnivore) 0.459
01 (eggs) 0.539 M2 (Craw-Swim) 0.454
Af1 (<100) 0.452 Bd2 (5-15cm) 0.389
Af2 (100-1000) 0.452 L2 (1-3years) 0.372
Negative
B3 (3-10cm) -0.528 M6 (Atta-Sessile) -0.488
F2 (Suspension) -0.556 L1 (<lyear) -0.525
0Os2 (100-500um) -0.558 M3 (Swimmer) -0.552
Af5 (>100,000) -0.640 Bd4 (None) -0.613
03 (Larvae) -0.644 P1 (1-15days) -0.614
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Table S3: List of fifty-nine potentially invasive native species. * signifies those identified
through RDA, ** indicates those which share 6-9 traits with a known NIS, *** represents
those share 10-11 traits with a known NIS, and bold indicates those with identical trait profiles
to a known NIS. Invasive refers to whether these native European species are themselves

invasive elsewhere.

Species Phylum Invasive Species Phylum Invasive
Chaetopterus variopedatus**  Annelida Yes Polycarpa scuba* Chordata No
Goniada maculata*** Annelida No Actinothoe sphyrodeta** Cnidaria No
Lanice conchilega** Annelida No Clava multicornis** Cnidaria Yes
Hediste diversicolor** Annelida No Ectopleura larynx** Cnidaria No
Hydroides norvegica** Annelida No Hydractinia echinate** Cnidaria No
Lepidonotus squamatus** Annelida No Aequipecten opercularis** Mollusca Yes
Poecilochaetus serpens** Annelida No Anomia ephippium* Mollusca No
Pygospio elegans** Annelida Yes Atrina pectinate Mollusca No
Spiophanes bombyx** Annelida No Corbula gibba** Mollusca Yes
Streblospio shrubsolii** Annelida No Diodora graeca** Mollusca No
Thelepus cincinnatus** Annelida No Euspira catena Mollusca No
Adna anglica*** Arthropoda No Littorina littorea** Mollusca Yes
Anthura gracilis** Arthropoda No Littorina obtusata** Mollusca No
Calanoides carinatus*** Arthropoda No Lutraria lutraria** Mollusca No
Chirona hameri*** Arthropoda No Mimachlamys varia** Mollusca No
Conilera cylindracea** Arthropoda No Modiolus adriaticus*** Mollusca No
Eurydice pulchra** Arthropoda No Modiolus modiolus*** Mollusca No
Eurydice spinigera*** Arthropoda No Mytilus edulis** Mollusca Yes
Eurydice truncate*** Arthropoda No Nucella lapillus** Mollusca Yes
Pisidia longicornis** Arthropoda No Ocenebra erinaceus** Mollusca No
Portumnus latipes** Arthropoda No Ostrea edulis** Mollusca Yes
Semibalanus balanoides*** Arthropoda Yes Palliolum tigerinum** Mollusca No
Upogebia deltaura* Arthropoda No Phaxas pellucidus** Mollusca No
Chorizopora brongniartii***  Bryozoa No Propeamussium lucidum* Mollusca No
Escharella ventricosa*** Bryozoa No Pteria hirundo** Mollusca Yes
Microporella ciliate*** Bryozoa No Similipecten similis** Mollusca No
Porella concinna*** Bryozoa No Solen marginatus* Mollusca Yes
Ciona intestinalis*** Chordata Yes Steromphala umbilicalis** Mollusca No
Dendrodoa grossularia** Chordata No Talochlamys pusio** Mollusca No
Polycarpa pomaria Chordata No
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Table S4: References for the native ranges of non-indigenous species used in the study.

Scientific name

Native range

Reference

Acartia tonsa

Indo-Pacific

Leppakoski E., Olenin S. (2000). Non-native
species and rates of spread: lessons from the
brackish Baltic Sea. Biological invasions,
2(2), 151-163.

Acartia omorii

Indo-Pacific

Galil B.S., Clark P.F., Carlton J.T. (Eds.).
(2011). In the wrong place-alien marine
crustaceans: distribution, biology and impacts
(\Vol. 6). Springer Science & Business Media.

Ammothea hilgendorfi

NW Pacific

Eno, N.C., Clark, R.A. & Sanderson, W.G.
(eds). (1997). Non-native marine species in
British waters: a review and directory, JNCC,
Peterborough.

Amphibalanus amphitrite

Indo-Pacific

Cohen A.N. (2005). Guide to the Exotic
Species of San Francisco Bay. San Francisco
Estuary Institute, Oakland, CA.

Amphibalanus eburneus

NW Atlantic

Galil B.S., Clark P.F., Carlton J.T. (Eds.).
(2011). In the wrong place-alien marine
crustaceans: distribution, biology and impacts
(\Vol. 6). Springer Science & Business Media.

Amphibalanus improvisus

NW Atlantic

Shalaeva, E (2022). Balanus Improvisus. In:
Invasive Species Compendium. Wallingford,
UK: CAB International. www.cabi.org/isc.

Anomia chinensis

NW Pacific

Fofonoff PW, Ruiz GM, Steves B, Simkanin
C, & Carlton JT. (2018). National Exotic
Marine and Estuarine Species Information
System.

Aulacomya atra

SE Pacific

Eno, N.C., Clark, R.A. & Sanderson, W.G.
(eds). (1997). Non-native marine species in
British waters: a review and directory, JNCC,
Peterborough.

Austrominius modestus

SW Pacific

Jones D.S. (1992). A review of Australian
fouling barnacles. Asian Marine Biology, 9,
89-100.

Bankia fimbriatula

Unknown

Boccardia polybranchia

NE Atlantic

Goumri, M., Gillet, P., Chaouti, A., Chouikh,
N., Maarouf, A., Cheggour, M., Mouabad, A.
(2017)  Journal of  Materials and
Environmental Science, 8 (10), 3606-3611.

Botrylloides violaceus

NW Pacific

Carver, C.E., Mallet, A.L., Vercaemer, B.
(2006). Biological Synopsis of the Colonial
Tunicates  (Botryllus  Schlosseri  and
Botrylloides Violaceus). Bedford Institute of
Oceanography.

Brachidontes exustus

NW Atlantic

Abbott, R.T. & Morris, P.A. (1995). A Field
Guide to Shells: Atlantic and Gulf Coasts and
the West Indies. New York: Houghton
Mifflin,17.
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Bythocaris cosmetops

Unknown

Callinectes sapidus

NW Atlantic

Zenetos, A., Gofas, S., Russo, G., Templado,
J., Briand, F. (2003). CIESM Atlas of Exotic
Species in the Mediterranean. Volume 3.
Molluscs.

Calyptraea chinensis

Mediterranean

Kerckhof, F., Haelters, J & Gollasch, S.
(2007). Alien species in the marine and
brackish ecosystem: the situation in Belgian
waters. Aquatic Invasions. 2(3), 243-257.

Caprella mutica

NW Pacific

NOBANIS. (2022) Available  from
http://www.NOBANIS.org. Data of access
9/9/2022.

Clymenella torquata

NW Atlantic

Leidy, J. (1855). Contributions towards a
knowledge of the marine Invertebrate fauna of
the coasts of Rhode Island and New Jersey.
Journal of the Academy of Natural Sciences
of Philadelphia. 3(2) no. 11: 135-152, pls. 10-
11.

Corambe obscura

NW Atlantic

Reise K., Gollasch S., Wolff W.J. (1999).
Introduced marine species of the North Sea
coasts. Helgolander Meeresuntersuchungen,
52(3), 219-234.

Corella eumyota

Indian

Millar, R.H. (1982). The marine fauna of New
Zealand:  Ascidiacea.  New  Zealand
Oceanographic Institute Memoirs, 85, 1-117.

Crassostrea rhizophorae

NW Atlantic

Carpenter, K.E. (ed.) 2002 The living marine
resources of the Western Central Atlantic.
Volume  1: Introduction, molluscs,
crustaceans, hagfishes, sharks, batoid fishes,
and chimaeras. FAO Species Identification
Guide for Fishery Purposes and American
Society of Ichthyologists and Herpetologists
Special Publication No. 5, Rome. 600pp

Crassostrea virginica

NW Atlantic

Buroker, N. E. (1983). Population genetics of
the American oyster Crassostrea virginica
along the Atlantic coast and Gulf of Mexico.
Marine Biology 75:99-112.

Crepidula fornicata

NW Atlantic

Blanchard M. (1997). Spread of the slipper
limpet Crepidula fornicata (L. 1758) in
Europe. Current state and consequences.
Scientia marina, 61(2), 109-118.

Dendostrea frons

NW Atlantic

Abbott, R.T. & Morris, P.A. (1995). A Field
Guide to Shells: Atlantic and Gulf Coasts and
the West Indies. New York: Houghton
Mifflin, 35.

Desdemona ornata

Mediterranean

Bisby, F.A., M.A. Ruggiero, K.L. Wilson, M.
Cachuela-Palacio, S.W. Kimani, Y.R.
Roskov, A. Soulier-Perkins and J. van Hertum
(2005). Species 2000 & ITIS Catalogue of

175



Life: 2005 Annual Checklist. CD-ROM;
Species 2000: Reading, U.K.

Diadumene cincta

NW Pacific

HELCOM. (2010). Revision of HELCOM list
of non-indigenous, cryptogenic and harmful
native species in the Baltic Sea and HELCOM
target species.

Diadumene lineata

NW Pacific

Reitzel A.M., Darling J.A., Sullivan J.C.,
Finnerty J.R. (2008). Global population
genetic structure of the starlet anemone
Nematostella vectensis: multiple
introductions  and implications  for
conservation policy. Biological invasions,
10(8), 1197-1213.

Ensis leei

NW Atlantic

Abbott, R. T. & Morris, P. A. (1995). Shells
of the Atlantic and Gulf Coasts and the West
Indies., Boston, Peterson Field Guides,
Houghton Mifflin Company.

Eriocheir sinensis

NW Pacific

Galil, B., Froglia, C., Noél, P. (2002). CIESM
Atlas of Exotic Species in the Mediterranean.
Vol. 2. Crustaceans: decapods and
stomatopods. [F.Briand, Ed.]. 192 pages.
CIESM Publishers, Monaco.

Eurytemora pacifica

NE Pacific

Jean-michel, B., Courcot, L., David, V.,
Sautour, B. (2016). Expansion of the North
Pacific copepod Eurytemora pacifica Sato,
1913 (Copepoda: Calanoida: Temoridae)
along the Atlantic coast of France.
Biolnvasions  Records. 5. 245-250.
10.3391/bir.2016.5.4.09.

Eusarsiella zostericola

NW Atlantic

Faasse M. (2013). The North American
ostracod Eusarsiella zostericola (Cushman,
1906) arrives in  mainland  Europe.
Biolnvasions Records, 2(1), 47-50.

Ficopomatus enigmaticus

Indo-Pacific

Jensen, K. R. (2010): NOBANIS — Invasive
Alien Species Fact Sheet — Ficopomatus
enigmaticus — From:

Identification key to marine invasive species
in Nordic  waters —  NOBANIS
www.nobanis.org.

Fistulobalanus
albicostatus

NW Pacific

Henry, D. P. & McLaughlin, P. A. (1975). The
barnacles of the Balanus amphitrite complex
(Cirripedia, Thoracica). Zoologische
Verhandelingen, 141: 1-203.

Gibbula albida

Mediterranean

Zenetos, A.; Gofas, S.; Verlaque, M.; Cinar,
M.; Garcia Raso, J.; Bianchi, C.; Morri, C.;
Azzurro, E.; Bilecenoglu, M.; Froglia, C.;
Siokou, 1.; Violanti, D.; Sfriso, A.; San
Martin, G.; Giangrande, A.; Katagan, T.;
Ballesteros, E.; Ramos-Espla, A.;
Mastrototaro, F.; Ocana, O.; Zingone, A,
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Gambi, M.; Streftaris, N. (2010). Alien
species in the Mediterranean Sea by 2010. A
contribution to the application of European
Union’s Marine  Strategy  Framework
Directive (MSFD). Part I. Spatial distribution.
Mediterranean Marine Science. 11(2): 381-
493

Goniadella gracilis

NW Atlantic

Eno, N.C., Clark, R.A. & Sanderson, W.G.
(eds). 1997. Non-native marine species in
British waters: a review and directory, JINCC,
Peterborough.

Gonionemus vertens

NW Pacific

Tambs-Lyche H. (1964). Gonionemus vertens
L. agassiz (limnomedusae)—A
zoogeographical puzzle. Sarsia, 15(1), 1-8.

Grandidierella japonica

NW Pacific

Fofonoff PW, Ruiz GM, Steves B, Simkanin
C, & Carlton JT. (2018). National Exotic
Marine and Estuarine Species Information
System. http://invasions.si.edu/nemesis.

Haliotis tuberculata

Mediterranean

Bouchet, P.; Gofas, S. (2012). Haliotis
tuberculata  Linnaeus, 1758. Accessed
through: World Register of Marine Species

Hemigrapsus takanoi

NW Pacific

Asakura A., Watanabe S. (2005).
Hemigrapsus takanoi, new species, a sibling
species of the common Japanese intertidal
crab H. penicillatus (Decapoda: Brachyura:
Grapsoidea). Journal of Crustacean Biology,
25(2), 279-292.

Hexaplex trunculus

Mediterranean

Marzouk, Z., Chenuil, A., Blel, H & Said, K.
(2016). Morphometric Variation of Fishery-
Exploited Muricidae (Hexaplex trunculus) in
the Mediterranean Sea and the Northeastern
Atlantic Ocean: Implications for Stock
Identification. Turkish Journal of Fisheries
and Aquatic Sciences. 16(2), 327-338.

Homarus americanus

NW Atlantic

Van der Meeren, G, Stattrup J, Ulmestrand M,
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Table S5: Qualitative biological traits information for non-indigenous species. Red are the
traits filled in using Trait Explorer.

Link available from ORDA: https://doi.org/10.15131/shef.data.21185953

182


https://doi.org/10.15131/shef.data.21185953

Table S6: Raw data: Disjunctive table of trait modalities for NIS and native species. Trait

codes correspond to the modalities listed in Table 2. The species number is its AphialD in the
World Register of Marine Species.

Link available from ORDA: https://doi.org/10.15131/shef.data.21185953
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Table S7: Raw data: fuzzy coded data for non-indigenous species. Trait codes correspond to

the modalities listed in Table 2. The species number is its AphialD in the World Register of
Marine Species.

Link available from ORDA: https://doi.org/10.15131/shef.data.21185953
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Appendix S2: Reference list for the trait data of native species used in Chapter 2.

Link available from ORDA: https://doi.org/10.15131/shef.data.21185953
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Figure S1: Fuzzy Correspondence Analysis bidimensional plots representing the 12 biological
traits investigated. Each plot represents the distribution of trait modalities across the first two
axes, with points (dots) corresponding to non-indigenous species listed in Table 1. Eigenvalue
bars informs on the dimensionality of the cloud of species, i.e., how much variance is explained
by each axes or dimension, with each bar representing an axis from 1 to 10 (left to right).
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Figure S2: Fuzzy Correspondence Analysis bidimensional plot representing the 12 biological
traits investigated. Each plot represents the distribution of trait modalities across axes 1 and 3,
with points (dots) corresponding the non-indigenous species listed in Table 1.
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High

Adult
mortality

Low

Figure S3: Adapted from Kindsvater et al (2016). Life history traits typical for each category
of the POSE framework (Precocial-Opportunist-Survivor-Episodic) as dictated by differences
in adult and juvenile mortality, shown on the left. Trait modalities considered in this
investigation are also placed within this framework, shown on the right.

. ITrecocf;aI ) " Opporﬁu?flst' High Precocial Opportunist
';W lef%eg spring asny Sﬂ)a d° Spring Af1 (<100), Af2 (100-1000) Af4 (10,000-100,000), Af5 (>100,000)
mall body size ~ >mallbody size 0s3 (500-1500 pm), Os4 (>1500 pm) 0s1 (<100 pm), Os2 (100-500 um)
Fast growth, early maturity Rapid growth, early maturity B1 (<1 cm), B2 (1-3 cm) B1 (<1 cm), B2 (1-3 cm)
Short lifespan Short lifespan Am1 (<1 year) Aml (<1 year)
L1 (<1 year), L2 (1-3 years) L1 (<1 year), L2 (1-3 years)
Adult
mortality
Survivor Episodic Survivor Episodic
Few large offspring Many small offspring Af1 (<100), Af2 (100-1000) Af4 (10,000-100,000), Af5 (>100,000)
Large body size Large body size 0s3 (500-1500 pm), Os4 (>1500 pm) 0s1 (<100 pm), Os2 (100-500 pm)
Slow growth, late maturity Slow growth, late maturity B4 (10-20 cm), B5 (>20 cm) B4 (10-20 cm), B5 (>20 cm)
Long lifespan Long lifespan Am3 (>3 years) Am3 (>3 years)
Low L3 (3-10 years), L4 (>10 years) L3 (3-10 years), L4 (>10 years)
Low Juvenile mortality High Low Juvenile mortality High
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Appendix S3: Complete biological trait dataset of 1935 species used in Chapter 3.

Link available from ORDA: https://doi.org/10.15131/shef.data.21185953
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Appendix S4: Biological trait dataset of 689 IUCN Red List Species used in Chapter 3.

Link available from ORDA: https://doi.org/10.15131/shef.data.21185953
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Figure S4: The minimum depth of species using depth data collected from various online
sources including SealifeBase, BIOTIC, published, and unpublished literature, against
minimum depth calculated using depth summaries from OBIS. Points are scaled to the number
of OBIS records per species and split according to each risk category.
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Figure S5: Number of OBIS occurrence records (log transformed) against A) thermal breadth
(calculated using the maximum mean temperature at mean depth minus the minimum mean
temperature at mean depth) and B) maximum temperature. Colour coded for each risk category.
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Figure S6: A) Principal Component Analysis (PCA) of 1530 marine molluscs split by five risk
categories (Data deficient (n = 43), Invasive (n = 212), Native (n = 882), Non-threatened (n =
357), and Threatened (n = 36)) defined by the first two principal components (PC1 and PC2).
PCA is a form of multivariate data analysis which is used to reduce the dimensionality of the
data in order to provide a set of summary indices. Arrows indicate mean loadings (directions
and weighing) of each life history in the PCA. Each point represents the position of a species
within two-dimensional space. B) Boxplot of each risk category against PC1. C) Boxplot of
each risk category against PC2. Width of the boxplots are scaled to the number of observations.
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Table S8: Summary of the Principal Component Analysis (PCA) of trait data for marine
molluscs (n = 1530).

PC1 PC2
Variation explained (%) 79.6 12.8
Trait loadings
Body Size 5.0 111
Longevity 1.1 16.2
Age at Maturity 0.2 19.8
Annual Fecundity 77.4 2.7
Pelagic Stage Duration 155 43.5
Egg Size 0.8 6.8

In marine molluscs, 92.4% of variation in life history traits is explained by the first two
principal components (PC1 = 79.6% and PC2 = 12.8%) (Figure S3, Table S1). Axis one of the
PCA was effective in separating species with varying annual fecundities while axis 2 of the
PCA was effective in separating species with varying pelagic stage durations, ages of maturity,
lifespans, and body sizes (Figure S6, Table S8). Annual fecundity was strongly positively
correlated with PC1 (1.31), while egg size was negatively correlated with PC1 (-0.13). For
PC2, maturity and longevity were positively correlated (0.27 and 0.24, respectively), while

pelagic stage duration was negatively correlated (-0.39).
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Appendix S5: Biological trait dataset of 1530 mollusc species used in Chapter 4

Link available from ORDA: https://doi.org/10.15131/shef.data.21185953
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