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Abstract 
 
This work aimed to assess the potential for valorisation of waste materials in order 

to minimise the environmental impact of hazardous air pollution control residues by 

solidification/stabilisation. The potential for immobilisation in a primarily pozzolanic 

matrix was examined. Pulverised fuel ash resulting from the co-combustion of coal 

and biomass, which did not meet end of waste criteria for construction purposes, 

and a waste caustic solution resulting from the cleaning of aluminium extrusion dyes 

were utilised as reagents. 

 

A range of variables were examined with regards to mix design and curing 

conditions. The mineralogy, reaction kinetics and pore structure of the samples were 

examined and performance assessed based on physical tests and leaching 

performance with regard given to current legislation within the UK. A detailed 

understanding of the treatments potential was thereby developed along with an 

understanding of the factors determining the observed performance. 

 

The treatment option proved unsuccessful primarily due to the lack of potential for 

immobilisation of the high levels of soluble chloride salts present in the air pollution 

control residues and the gas production typically observed when blending air 

pollution control residues with a caustic solution. Compared to more traditional 

cement based solidification/stabilisation systems other disadvantages were 

observed relating to slower reaction kinetics and therefore the need for increased 

curing temperatures, matrix durability, and increased sulphate leaching. 

Nevertheless the reagents showed some potential and may be suitable for use 

treating alternative waste streams, providing an economic option which is beneficial 

for the environment as a whole. 

 

In addition the impact of the known variability in air pollution control residue 

composition, on the potential treatment by solidification/stabilisation with cement 

was assessed. Significantly different performance was observed which implied the 

necessity to modify any such treatment.  
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1 Introduction 

 

Within this thesis a potential treatment option for hazardous air pollution 

control (APC) residues, collected when controlling the flue gas emissions 

created during solid waste incineration in a modern energy from waste (EfW) 

facility, was examined. This chapter aims to provide a background to the 

work which is presented, including a brief summary of waste policy and the 

regulatory framework surrounding waste management within the UK. The 

importance of incineration of waste within this policy along with the negative 

implications in terms of residue production, and the obligations for 

management of these residues are discussed. From this, the aims and 

objectives of the work here reported are established. 

1.1 Introduction 

 

The overarching framework for waste management within the European 

Union is established in the waste framework directive (WFD), the first drafts 

of which appeared in 1975 [1], and which was last updated in 2008 [2]. This 

document sets out a hierarchy of management options for waste which is 

also discussed and represented graphically (Figure 1.1) in the Waste 

Strategy for England [3], the 2011 Review of Waste Policy in England [4] and 

Waste (England and Wales) Regulations 2011 [5].  

 

Figure 1.1 Waste Hierarchy, [4] 
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The UK aims to become a ‘zero waste economy’ [4]. This refers to zero 

landfilling of waste being achieved by employing processes further up the 

waste hierarchy. The waste fraction which is not re-used, recycled or 

composted is labelled as residual waste [6] and is subject to energy recovery 

methods or disposal in a landfill site. 

 

The generation of residual waste is unavoidable in a modern society. In 2008 

~54 million tonnes of waste was sent to landfill which included 19 million 

tonnes of commercial and industrial waste [6]. In the Waste Strategy for 

England (2007) published by DEFRA [3], the target quantity for municipal 

waste not re-used, recycled or composted in 2020 was given as 12.2m 

tonnes, a 50% reduction per person on the quantity in 2000 [6]. This waste 

may be subject to landfilling or energy from waste (EfW) processes such as 

incineration. Waste incineration is a rapidly growing choice of processing 

these wastes in many developed countries [6-8] due to its many advantages 

such as energy recovery and reduction in volume and mass of waste 

requiring disposal. Whilst there are other methods which can achieve this 

such as anaerobic digestion, pyrolysis and gasification, incineration is by far 

the most common because it is suitable for processing the bulk of the 

residual waste whilst other EfW processes may be suitable for only a small 

fraction of the waste composition e.g. anaerobic digestion requires organic 

waste [9]. Additionally EfW incineration is commercially proven.  

 

Residues are created during the waste incineration process. These include 

bottom ash which may represent around 25% by weight of initial waste and 

air pollution control (APC) residues which represent ~3% by weight of 

incinerated waste [10]. Rani et al [11] estimated UK APC residue production 

in 2008 to be 128,000 tonnes and, due to increasing use of EfW incineration 

this figure is rising [8]. Should government targets be met, in 2020 12.2m 

tonnes of waste would require either disposal directly to landfill or via EfW 

processes. Assuming half of this 12.2m tonnes is incinerated (which would 

result in much being sent directly to landfill unless new technologies are 

developed) production of these residues in 2020 would be close to 
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• 305,000 tonnes of APC residue 

• 1.22m tonnes of bottom ash 

 

Whilst bottom ash is often classed as inert, APC residues have an absolute 

hazardous classification in the European Waste Catalogue (EWC) (19 01 

07*).  Therefore despite the advantages of EfW incineration over sending 

waste directly to landfill, there are residues remaining which require 

characterisation, treatment and disposal/valorisation accordingly. The WFD 

[2] requires wastes are managed such that: 

 

• the risk to human health or the environment is minimised, in particular  

the risks to water (groundwater and surface water), air, soil, plants or 

animals,  

• nuisance (noise or odours) is avoided 

• countryside or places of special interest are not adversely affected. 

 

These obligations should be met using the best available technique, i.e. that 

which is considered to provide the most effective high general level of 

protection for the environment as a whole [12]. The strategy for hazardous 

waste management in England [8] outlines a framework to assist with 

decision making in order that this be achieved and sets out a hierarchy for 

hazardous waste management with similar principles to those presented in 

Figure 1.1 (Figure 1.2). 

 

There is currently a lack of sustainable, cost effective treatment options 

capable of recycling, valorising or stabilising the hazardous APC residues to 

a level suitable for disposal in landfill sites according to emissions limits set 

out in the landfill directive [13]. Consequently, development of potential 

treatment options is an area of great research interest.  
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Figure 1.2 Hazardous waste management hierarchy [8] 

 

The aim of this study was to investigate the potential stabilisation of APC 

residues using other waste materials which would be subject to either 

disposal or treatment and subsequent disposal. Valorising waste materials as 

reagents for minimising the environmental impact of hazardous waste would 

have significant economic and environmental advantages, avoiding the need 

for raw material extraction and processing to produce reagents, and avoiding 

direct disposal of the wastes.  

 

Mixing of hazardous waste with other waste materials purely to meet 

emissions limits by dilution is banned by the WFD and Landfill regulations in 

order that dilution is not seen as a treatment. The UK government 

interpretation of the landfill regulation [14] defines a treatment as a 

physical/chemical/thermal or biological process, including sorting, which 

changes the characteristics of the waste in order to reduce its volume, 

reduce its hazardous nature, facilitate its handling or enhance its recovery. 

Mixing of hazardous waste with other waste may therefore be allowed, as 

long as it induces these changes in the waste and is shown to be the best 
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available technique for achieving the management objectives established in 

the WFD. 

 

With these considerations in mind, the primary objectives of the research 

included 

 

• Mineralogical and morphological characterisation of APC residues, 

including identification of principal environmental concerns, 

• Identification of suitable waste materials for use as stabilising 

reagents, 

• Investigating performance properties which are required to meet the 

regulatory limits for stable non-reactive hazardous waste sites and 

produce an industrially feasible treatment, with a view to optimisation 

of the treatment. 

• Chemical and microstructural characterisation of the treated waste, 

allowing an understanding of the performance by identifying 

contaminant immobilisation methods and structural development.    

• Examination of treatment robustness i.e. its ability to handle inevitable 

changes in composition which occur with wastes. 

 

2 Literature Review 

 

This chapter reviews the current literature to give a more comprehensive 

picture of the operation of EfW incineration, the nature of the residues 

produced and the current waste management options. Particular attention is 

paid to treatment by solidification/stabilisation, including the science 

underpinning its performance, because this was the primary treatment option 

investigated throughout this study.  

2.1 The Incineration Process 

 

Figure 2.1 shows a schematic of a typical EfW incinerator. The incineration of 

waste is a carefully controlled process with very stringent emissions limits 

which are important for pollution control and public perception. The EU waste 
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incineration directive (WID) [15] dictates the operation of waste incinerators 

although this has been superseded by the large combustion plant directive 

[16] which applies to all combustion plants with a rated thermal input 

exceeding 50MW. In concurrence with the integrated pollution prevention and 

control (IPPC) directive [12] there are best available technique reference 

documents to complement these directives [17, 18]. These directives are 

concerned with the efficiency of fuel use and the by-products of the 

incineration process, such as emissions to the atmosphere, contaminated 

wastewater and contaminated ash residues. 

 

Primary concerns with respect to emissions to the atmosphere include, 

particulates, heavy metals, pollutant gases such as HCl, HF, SOx and NOx, 

and organic pollutants (occurring as products of incomplete combustion) 

such as dioxins, furans and polycyclic aromatic hydrocarbons (PAH). 

Measures are taken to keep these emissions below the levels dictated in the 

WID which affect the operation of the incinerator and result in the production 

of air pollution control (APC) residues. 

 

Waste can be incinerated as a principle fuel or in co-combustion with other 

fuels [19]. Co-combustion would primarily be undertaken should the waste be 

burning at insufficient temperatures (<850°C or 1100°C for at least 2 seconds 

for certain hazardous wastes) and therefore additional, more combustible 

fuels are used to encourage incineration. This is rare, generally waste can be 

left to burn self sufficiently once the process is started. However, during start 

up and shut down additional fuels are required to control emissions before 

the required temperatures are met. These temperatures are prescribed in 

order to maximise efficiency and ensure complete combustion thereby 

avoiding production of the aforementioned organic pollutants. Additional to 

these temperature restrictions complete combustion is assisted by 

incinerating the waste on a slow moving grate to provide turbulence and time 

for complete combustion, as well as ensuring a sufficient oxygen supply [17, 

20, 21]. Non-volatile material (bottom ash and metals) is moved along the 

grate and quenched. Ferrous metals are separated from the bottom ash by a 

magnetic separator and recycled.  
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The gases in the combustion chamber (~850˚C) pass through water tube 

boilers, generating steam and cooling the gases (~140˚C). Cooling is rapid in 

order to minimise de novo synthesis of organic pollutants which occurs 

primarily when cooling through the temperature range 250-400°C [21].  

 

The high pressure steam produced during cooling of the incinerator gasses 

can be used to power turbines and thereby create electrical energy for 

internal power demands and export to the national grid. The schematic in 

Figure 2.1 shows distribution of this steam into two turbines. Steam can also 

be transferred to a heat transfer station where it can be passed through heat 

exchangers, creating high pressure hot water which can be used for 

industrial and district heating. When both electricity production and heating 

are employed the facility is considered a combined heat and power (CHP) 

plant [21]. 

 

Values for residues and energy production for a typical EfW plant are given in 

Table 2.1. Due to the significant energy recovery possible it is now incredibly 

rare for a waste incinerator to operate without EfW capability. In addition to 

the reduction in mass and volume of waste previously mentioned, the 

recovery of energy from waste in this manner has environmental benefits; 

recovering value from the waste and reducing the need for raw, finite material 

consumption in energy production. There are also potential economic 

benefits for the operator, as it is possible to earn renewable obligation 

certificates (ROCs) from waste incineration, although the criteria are 

complicated. The energy efficiency must be high enough for the process to 

be defined as recovery (calculated as set out in annex II of the WFD [2]). 

Additionally, unless the waste is a solid recovered fuel the facility must be a 

qualifying CHP plant and only the energy content in the biomass fraction of 

the waste is counted [22]. 
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Figure 2.1 Schematic of an EfW incinerator [23] 
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Waste Incinerated 240,000    tonnes per annum 

Energy Exported 85,000      MWh per annum 

Metals Recovered 5,000        tonnes per annum 

Bottom Ash 46,000      tonnes per annum 

APC Residues 8,000        tonnes per annum 

Table 2.1 Typical figures for energy and residue production from Coventry EfW 

incinerator [23] 

 

Following the boiler the gases may pass through an economiser, as shown in 

Figure 2.1, producing further hot water. The cooled gases are then cleaned. 

Particulates may initially be removed by an electrostatic precipitator or 

cyclone. The gases then pass into a reactor tower where an alkaline 

scrubber and activated carbon are injected to absorb pollutants. Lime is most 

commonly used to neutralise acid gases such as HCl and SO2 as shown in 

equations 2.1-2.4 [24, 25]. 

 

Equation 2.1  Ca(OH)2 + HCl → CaClOH + H2O 

Equation 2.2  CaO + HCl → CaClOH 

Equation 2.3  2Ca(OH)2 + 2SO2 + O2 → 2CaSO4 + 2H2O 

Equation 2.4  2CaO + 2SO2  + O2 → 2CaSO4 

 

Carbon is typically added at concentration levels between 0.1 and 0.5gm-3 of 

waste gas in order to absorb organic pollutants and metals, particularly those 

which may be present in the vapour phase such as Hg or Se [18, 21, 26]. 

Other metals may condense as the gases cool post-furnace, either 

heterogeneously on the surface of the particulates or via homogeneous 

condensation [19, 21]. The gases then pass through a fabric filter to remove 

the carbon and fine particulates. A large proportion of the gas may be re-

circulated to optimise the cleaning process. 

 

Additionally treatment is necessary to control the amount of NOx gases (NO 

and NO2) released. Treatment for NOx can be separated into two categories, 

primary measures which prevent the production of NOx gases in the 

combustion chamber, and flue gas treatments which involve addition of 
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compounds to remove NOx from flue gases. Primary measures may include 

treatment such as re-circulation of a proportion of the cleaned, cooled gases 

to the combustion chamber, reducing the temperature peaks, in turn reducing 

thermal NO production, a major contributor to NOx emissions, which 

depends on the reactions shown as equations 2.5-2.7 [27].  

 

Equation 2.5  N2 + O → NO + N 

Equation 2.6  N + O2 → NO + O 

Equation 2.7  N + OH → NO + H 

 

Production of thermal NO is highly dependent on temperature and oxygen 

concentration. Keeping the combustion temperature below 1400˚C 

significantly reduces thermal NO production [27]. 

 

Flue gas treatments involve the addition of compounds such as ammonia, 

urea or cyanuric acid to reduce the NOx to molecular nitrogen (Equations 2.8 

and 2.9) [27]. 

 

Equation 2.8   4NO + 4NH3 + O2 → 4N2 + 6H2O 

Equation 2.9  2NO2 + 4NH3 + O2 → 3N2 + 6H2O 

 

These processes may be used alongside primary measures in order to meet 

NOx emissions limits. Additionally there are other methods of controlling NOx 

emissions such as wet scrubbing with water, or processes which 

simultaneously treat SOx and NOx such as the copper oxide process or dry 

absorption onto activated carbon [27]. 
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2.2 Residues Created by Waste Incineration 

2.2.1 Bottom ash 

 

Production of bottom ash is around 25% by weight and 10% by volume of 

waste input [10, 28] a proportion of this, such as large metal fragments, can 

be recovered and recycled. The remaining bottom ash consists of the ash 

collected from the grate and the hoppers beneath the grate. It therefore 

includes the incombustible waste fragments and non-volatile elements [19]. 

Generally a significant amorphous phase is present as well as 

siliceous/aluminosilicate crystalline phases such as quartz, anorthite, 

gehlenite and hydrocalumite, along with iron oxides such as hematite and 

magnetite [20, 28-31]. Fresh bottom ash frequently contains CaO which, on 

storage, reacts with moisture to form Ca(OH)2. As a result, the pH of bottom 

ash before aging can be as high as 12.6 [20, 28, 29, 32]. The acid 

neutralisation capacity (ANC) to pH 4.5 of fresh bottom ash observed by 

various authors ranges between 1.2-4.1mEq/g [20, 31, 32] although may be 

slightly higher [29]. 

 

The elemental composition of bottom ash is unsurprisingly affected by the 

composition of the waste being incinerated as well as the incineration 

conditions. Typically however, bottom ash is rich in Ca, Si, Al and Fe, and 

may also contain significant concentrations of Na, K and Mg [20, 29-31, 33-

36]. Table 2.2 shows concentration of selected elements reported in [20] for 

worldwide bottom ash composition. A proportion of the toxic and heavy 

metals present in the waste remain present in the bottom ash [20, 28, 30, 

37]. However, only a small fraction is generally available for leaching, even 

under acidic conditions [31]. There is also a variable organic content in 

bottom ash, including the possibility of carcinogenic compounds such as 

dioxins and furans, although this should be minimised by proper operation of 

the incinerator i.e. conditions which allow complete combustion [20, 21, 28, 

38]. The WID dictates that incinerators should be operated such that the total 

organic carbon content of the bottom ash is <3% or loss on ignition (LOI) 

<5% of the dry material [15]. 
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Element mg/kg 

Al 21,900-72,800 

Ca 370-123,000 

Cl 800-4190 

Fe 4120-150,000 

K 750-16,000 

Mg 400-26,000 

Na 2870-42,000 

S 1000-5000 

Si 91,000-308,000 

Table 2.2 Typical concentration of selected elements in bottom ash [20] 

 

The major elements viewed in bottom ash from a hospital incinerator 

reported by Kougemitrou et al [37], Idris et al [39] and Whittaker et al [40], 

were similar to those typically found in bottom ash occurring from a municipal 

solid waste incinerator. There may be differences in the minor and trace 

element contents e.g. Cu, Cr, Ba, Ni. Hospital incinerators may be subject to 

operation at higher temperatures (>1100°C [15, 37]) which affects the 

composition. This is perhaps the reason for the particularly low unburnt 

material present in the ash examined by Kougemitrou et al [37], indicated by 

a loss on ignition (LOI) of 0.1%. One noticeable difference between the 

bottom ash characterised by Kougemitrou et al [37] and those resulting from 

municipal waste incinerators presented throughout other literature here 

referenced is the lack of any clear crystalline phases in the XRD analysis. 

This was possibly a result of the operating conditions of the incinerator, 

specifically the rate at which the ash is cooled by quenching rather than the 

waste composition, although no specific details were provided. The ash 

studied by Idris et al [39] was also largely amorphous although showed 

evidence of similar crystalline phases to those found in MSW bottom ash, 

including quartz, kaolinite, albite, and gibbsite. Hospital waste incinerator 

ashes were also studied by Genazinni et al [41, 42] which showed some 

similar crystalline phases to municipal waste bottom ash (quartz, hematite, 

calcite, portlandite, feldspars, anhydrite) but significantly different elemental 
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composition including higher concentrations of calcium and sulphur, and 

much lower Si concentration (SiO2=0.39%). It is noted that despite this low 

SiO2 concentration quartz was listed as one of the main XRD peaks. Such 

compositional variation surely reflects variation in feedstock composition 

although it is unclear why variation was so large.  

 

Bottom ash has a mirror entry in the European waste catalogue (EWC) (19 

01 11* and 19 01 12), thus its hazardous nature must be assessed. Typically 

the concern is ecotoxicity due to its metal content and possibly Cl or SO4 

salts. However bottom ash may exhibit other hazardous properties, for 

example it may be carcinogenic, or classed as an irritant/corrosive due to 

elevated alkalinity [43]. When classed as inert, bottom ash is relatively cheap 

to landfill, subject to a lower rate of landfill tax. 

 

When end of waste criteria are met, bottom ash may also find uses in such 

as concrete or asphalt pavements, road bases, fill or embankment 

applications [34, 44]. Bottom ash is highly heterogeneous with a very large 

particle size distribution [33]. Before use the ash is often pre-treated to adjust 

particle size distribution or by aging to reduce the pH and enhance physical 

and chemical stability. This process reduces the chance of release of metals 

or salts which may be contained [20, 28, 34, 44, 45]. A significant amount of 

research has also been done looking into the thermal treatment of bottom 

ash to improve stability [29, 31, 33, 36, 46, 47]. Such treatment causes 

mineralogical and physical changes in the bottom ash, reducing the leaching 

potential and therefore improving the safety and improving the potential for 

reuse. The ANC of the bottom ash is however reduced after sintering, 

therefore use in applications in which the ash may contact acidic 

environments can results in undesired leaching [29, 31, 46]. A possible 

application studied for the reuse of thermally treated bottom ash is blending 

with a binder (clay), pellitising, and utilisation as a synthetic aggregate in 

concrete, which may give improved workability and only slightly lower 

strength than a comparable natural aggregate mix [47].  
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The high Si, Al and Ca content of bottom ash has also prompted research 

into its potential use as a cement replacement material although a linear 

decrease in strength with %w/w cement replacement was observed along 

with a reduction in workability, rendering the potential limited to lower 

strength applications [35]. The increased water demand for a given 

workability when including bottom ash in a mix was probably due to the high 

capacity for water absorption as demonstrated by various authors [20, 31], 

owing to the mineralogical composition and high surface area of the bottom 

ash. The reduction in strength was most likely a result of the large fraction of 

the ash which was of low reactivity, or did not react to produce phases which 

positively contribute to the strength of the cement. Oxidation of the aluminium 

and iron in bottom ash may also cause swelling and therefore degradation of 

cement/concrete [48]. Hydrogen production evolved from the aluminium in 

bottom ash, when blended with concrete has previously caused accidents 

meaning its use must be carefully controlled [49].  

 

Life cycle risk assessment performed by Shih and Ma [50] showed that reuse 

of bottom ash presented risk to labourers, primarily due to Cr and Cd 

inhalation and dermal contact. However, due to the reduction in population 

size affected by the risk, this was considered easier to control than that 

presented through disposal and potential pollution of groundwater and 

therefore ingestion by drinking or food chain contamination. Reuse of bottom 

ash in road construction, embankments, and other civil works was reported in 

2007 to be greater than 70% in Denmark, France, Germany and the 

Netherlands [44]. 

2.2.2 Fly Ash 

 

Fly Ash results from the particulates entrained in the gases created during 

incineration. The ash contains volatile elements such as Na, K, Pb, Zn, Cl 

and S. These elements condense as the temperature in the incinerator is 

decreased after the furnace [19, 21]. Fly ash can be recovered from the gas 

stream by a combination of precipitators and cyclones but is generally 

incorporated into the air pollution control (APC) residues [11, 20]. Fly ash 
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would typically contain higher concentrations of Al and Si than APC residues. 

This is largely due to the incidental dilution which occurs when adding lime 

and carbon and absorbing the acid gases. 

2.2.3 Air Pollution Control Residues 

 

APC residues including fly ash are produced in quantities close to 3% by 

weight of waste input [10]. They are collected by the injection of an alkaline 

scrubber, usually lime, in order to neutralise and collect acid gases (HCl, HF, 

SO2) and particulates when controlling incinerator emissions.  The scrubber 

also contains activated carbon to absorb heavy metals, dioxins and furans 

[21, 51]. 

 

The variety of possible NOx treatments as discussed in 2.1 adds to the 

variability in the composition of APC residues, which is also significantly 

affected by other factors, including: 

 

• Varying waste composition which changes with place and season 

although no particular trends can be distinguished for seasonal 

variation. Figure 2.2 [10] demonstrates seasonal changes in the 

concentration of various metals in APC residues resulting from 

different plants. Whilst most EfW incinerators operate with a municipal 

solid waste input, incineration is also used for treatment of, and energy 

recovery from many other types of waste including for example clinical 

waste [52], hospital waste [37, 38, 53], animal waste [53, 54], or 

sewage sludge [55-58].  

 

• Scrubber systems may be dry (injection of powdered lime), semi-dry 

(injection of a lime slurry) or wet. The wet scrubbing process involves 

removal of the fly ash by cyclones or electrostatic precipitation, and 

collection of acid gases and trace elements such as metals by 

bubbling through an alkaline effluent. The effluent is dewatered and 

frequently mixed with the fly ash resulting in a scrubber sludge [11, 

20]. The water content of wet scrubber sludges is clearly much higher 
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than dry or semi-dry systems, which produce powdered material. Loss 

of soluble salts in the waste water stream also occurs in wet scrubber 

systems, resulting in a much lower content of certain elements, 

notably Cl [20]. The effluent may however be recycled, by circulating it 

back into the gas stream after the boiler in order to cool the gases. By 

this process the water is evaporated and the soluble salts are retained 

on bag filters. This circulation of the effluent produces residues with 

much greater concentration of chlorides and associated cations but 

avoids discharge of the scrubber effluent [59]. The residues resulting 

from semi-dry and dry scrubber systems appear very similar in 

physical properties and chemical composition although some 

morphological differences can occur. Some results suggest than a 

finer particle size distribution occurs from semi-dry scrubber systems 

[20]. 

 

• Different grades of lime are available for use in scrubber systems. This 

choice varies between plants and has a significant effect on the APC 

residue composition. Variation in the scrubber occurs in factors such 

as surface area. Higher surface area lime used in scrubbers is much 

more absorbent therefore less has to be used to meet emissions 

regulations. This results in residues with much lower % w/w Ca 

content. Very occasionally alternative alkaline scrubbers are used 

instead of lime which may include NaOH, NaHCO3 or Na2CO3 [60, 61]. 

 

• Storage conditions of the collected residues also have a large effect 

on the residue composition. One obvious example of this is 

carbonation which can occur if the residues are left exposed to 

ambient conditions. Hydration reactions and leaching may also occur 

due to exposure to water during weathering. These changes affect 

both the physical and chemical characteristics of the residue, for 

example altering the density, particle morphology, initial pH and 

buffering behaviour, leaching behaviour, and reactivity. 
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Figure 2.2 Variability in composition of APC residues produced from different 

incinerators between July-Decemember 2001. Y axis units in mg/kg [10] 
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Despite the many variations which can occur, commonly APC residues will 

contain high levels of Ca due to the scrubber, and Cl, with intermediate levels 

of Na, K, S, Al and Si. Trace contents of heavy and toxic metals such as Pb, 

Zn, Cu, Cd, and Cr may are also present in variable concentrations [10, 20, 

28, 51, 62-70]. A guide for the bulk elemental composition of residues 

resulting from the incineration process is given in Table 2.3 [20]. The Al and 

Si contents shown for semi-dry and dry residues in Table 2.3 appear high 

compared to values observed in more recent literature, as do the 

concentrations for Mg, Zn and Pb. The composition of APC residues has 

changed over time as different portions of the waste stream entering EfW 

incinerators may be removed for treatment further up the waste hierarchy 

such as recycling or reuse. One example of this is the removal of PVC 

window frames (uPVC) and PET. Because Pb is commonly used as a 

stabiliser in PVC and PET, Pb concentration in APC residues has decreased 

considerably with their removal [71, 72]. PVC is also a source of Cd in the 

APC residues [61, 71] and since it is typically between 25-53% weight 

chlorine, is also a significant contributor to the concentration of Cl and other 

elements associated with the scrubber and scrubber products [61]. 

 

In addition to variations in chemical composition, there are also variations in 

mineralogy. Major crystalline phases typically include Ca(OH)2, CaCO3 and 

CaClOH, whilst in lower concentrations NaCl, KCl, and CaSO4 are also 

frequently observed [19, 24, 37, 51, 59, 62, 64-67, 73-79]. Occasionally 

quartz is observed along with other aluminosilicate species [51, 64, 73, 77, 

79].  

 

It has been suggested that at the typical operational temperature of 850°C 

melting of the ash is not significant therefore the amorphous content tends to 

be low [62]. However, other authors have shown a significant glass content in 

APC residues [24, 67, 80] which together with crystalline phases present 

below XRD detection limits may be as high as 50%w/w [24]. Le Forestier et 

al, [80] suggested APC residues to include a calcium-rich aluminosilicate 

glass phase. Based on infrared (FTIR) observations Bodenan and Deniard 

[24] suggested ‘the form of the non-crystalline Ca phases is not necessarily 
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different from that of the crystalline phases’. Electrostatically precipitated fly 

ash may have a more significant glass content [19, 80] which is diluted when 

blended with the more crystalline scrubber residue. 

 

Table 2.3 General range of elemental composition of APC residues [20] 

 

Morphological and physical characterisation of APC residues has shown a 

high surface area, agglomerated material consisting of irregular, 

polycrystalline and occasional spherical particles [51, 66, 67, 74, 77, 81]. 

Particle size has shown a trimodal distribution [51, 73] with the majority of 

particles having an effective diameter <400µm. The fineness and irregular 
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particle morphology results in a high BET specific surface area, as 

determined by nitrogen adsorption of ~5.92m2/g [51]. 

 

The composition discussed above applies to incineration of municipal waste, 

but a fairly similar composition appears to occur when clinical waste and 

medical waste is combusted [24, 37] due to the similarity in the composition 

of ~80%w/w of the waste [39, 71]. However, clinical waste is generally 

expected to contain a higher PVC content than MSW [61] and therefore a 

greater amount of scrubber is required and residues may show higher 

concentrations of elements such as Ca and Cl [61]. Residues from sewage 

sludge or animal waste incinerators may contain much higher contents of P, 

Fe, Si and Al as well as higher concentrations of metals such as Cd, Cr, Cu, 

Mn, Ni, Pb and Zn due to the very different composition of the initial waste 

stream [53, 55-58]. 

 

APC residues are classified under chapter 19 of the European Waste 

Catalogue (EWC) ‘Wastes from Waste Management Facilities, off-site Waste 

Water treatment Plants and the Preparation of Water Intended for Human 

Consumption and Water for Industrial Use’ and specifically classified as 19 

01 07* ‘solid wastes from gas treatment’. This is an absolute hazardous entry 

in the catalogue, i.e. there is no non-hazardous mirror entry. APC residues 

therefore do not have to be characterised before they are classified as 

hazardous, although common hazardous characteristics include  

• H8/H4 - corrosive/irritant due to the high pH and alkalinity, evident 

from an initial pH of a distilled water batch extraction>11.5 [20, 51, 67, 

73, 76] and ANC to pH 4.5 ~8-16mEq/g [20, 59, 69, 82, 83]. Such 

characteristics result primarily from the use of excess alkaline 

scrubber to ensure neutralisation of the acid gases. The wide range of 

ANCs recorded for APC residue is largely a result of the concentration 

of excess scrubber present. This is an effect of plant operating 

conditions, the amount of scrubber injected, and the extent to which 

the scrubber is recycled through the flue gases [20].    
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• H14 - ecotoxic, harm to the aquatic environment and organisms, flora 

and fauna may result from release of metals and soluble salts from the 

APC residues if incorrectly disposed of [84, 85].  

 

The hazards posed by disposal of APC residues are largely due to the high 

solubility of some of the components of the residues. Residues typically have 

a soluble content of 270,000-380,000mg/kg (27-38%w/w) [20] releasing 

soluble chloride and sulphate salts along with toxic and heavy metals [63, 65, 

67, 86-90]. The release of soluble salts and metal species poses significant 

risk to the environment, particularly to groundwater, which is an important 

resource for agriculture and for provision of safe drinking water [91]. 

 

As such, APC residues cannot be considered safe for landfill and require 

treatment in order to either valorise or stabilise them to a level where 

disposal in a landfill cell can be undertaken without risk to the environment. 

There are numerous management options proposed and currently in use, as 

detailed in the following section. 

2.3 Options for Management of APC Residues 

2.3.1 Landfilling with Derogated Waste Acceptance Criteria 

 

The EU landfill directive [13] defines separate classes of landfill in order to 

avoid co-disposal of hazardous and non-hazardous waste. Landfill cells are 

distinguished by accepting either 

• hazardous waste 

• stable non-reactive hazardous waste and non-hazardous waste 

deposited in the same cell with such waste, 

• or non-hazardous/inert waste 

In assessing the suitability of waste for a specific type of cell, waste 

acceptance criteria (WAC) are defined according to the Landfill (England and 

Wales) (Amendment) Regulations 2005 [92]. These criteria consist of limits 

for the leaching of contaminants during specified testing procedures and are 

discussed in more detail later. APC residues may exceed several of the limits 

established for acceptance at hazardous waste landfill cells. Cl and Pb are 
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the most common problematic elements [59, 67, 88]. Wastes which do not 

meet acceptance criteria, and for which there is no recognised, efficient and 

effective waste management option for minimising the environmental impact 

can be sent to sites with derogated WAC (up to a factor of 3). This is 

conditional to a site specific risk assessment and annual reports in order that 

waste management options for the waste are frequently reviewed [93]. A 

significant proportion of APC residues are currently sent to sites with such 

WAC derogations, between 1996-2000 88% of air pollution control residues 

were sent directly to landfill [10]. This is certainly not considered a long term 

option. 

2.3.2 Storage in Deep Salt Mines 

 

Due to the fact they are dry and therefore leaching is avoided, deep salt 

mines are used as an option for storing several types of hazardous waste 

including APC residues [11, 28, 94, 95]. The waste is left in sealed capsules 

or bags, or occasionally blended with other wastes or cement and placed in 

the mines. Prevention of infiltration and percolation of water is assisted by an 

impermeable geology, as such no pathway is available for pollutants to enter 

the biosphere [95]. Such treatment is referred to as ‘total containment’ or 

‘entombment’ [95]. In Germany filling of salt caverns with APC residues has 

even been considered utilisation [28].This method of treatment is clearly 

limited by available space. The mine currently operated by Veolia in 

Cheshire, UK for example can take a maximum annual input of 75,000-

100,000 tonnes per year [96, 97] -less than the current annual production of 

APC residues [8]. Furthermore, with a planned life of around 20 years [96], 

space becomes problematic, particularly as there is competition from other 

waste producers.  

2.3.3 Waste Acid Treatment  

 

Between 1996-2000 ~12% of APC residues produced in the UK were used in 

treatment of acidic liquid or sludge waste such as emulsion paint residues, 

latex, waxes and greases [10]. The APC residues act as sorbents for these 

types of waste due to their hygroscopic nature and large surface area [51, 
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67, 73, 74, 81]. The waste can then be handled as a solid waste, typically 

pressed into a filter cake and landfilled. Adding the alkali APC residue 

neutralises the acid and certain compounds are converted to those with lower 

risk classification. An example of this is the conversion of calcium hydroxide 

to calcium chloride shown in equation 2.10 [11]. 

   

Equation 2.10  2HCl + Ca(OH)2 → CaCl2 + 2H2O 

 

Due to such reactions, and the incidental dilution which occurs during this 

process, the concentration of hazardous compounds can drop below the 

limits for hazardous waste. APC residues which have been blended with 

waste acids in this way are assessed for hazardous properties and classed 

as either 19 02 05*- ‘sludges from physico/chemical treatment containing 

dangerous substances’ or the non-hazardous mirror entry 19 02 06- ‘sludges 

from physico/chemical treatment other than those mentioned in 19 02 05’.  

When non-hazardous criteria are met the resultant waste can be landfilled at 

a non-hazardous site without the need for leach testing. However, more 

commonly the waste remains hazardous and is sent to a site with derogated 

WAC. Despite this, the treatment goes some way to minimising the 

environmental impact of the residues and the acidic waste. Greater amounts 

of APC residues are not treated in this way due to the limited quantities of 

waste acid available. 

 

The EA permits a process in the UK carried out by ‘Future Industrial 

Services’ which involves first washing the residue before reacting it with 

sulphuric acid to produce gypsum which can be used in industrial 

applications such as cement manufacture. The gypsum produced is 

contaminated with low levels of metals which are then incorporated into the 

cement. The level of acceptable contamination in the gypsum is defined by 

the cement producer and due to the low amounts of gypsum added to 

cement [98], coupled with the low metal concentration in the gypsum, is often 

not problematic. The wash eluate has to be treated and recovery of 

components is difficult due to the impurity. The eluate may however be 

reused several times for the washing stage [99]. 
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2.3.4 Chemical Stabilisation 

 

Chemical stabilisation processes may prevent leaching of contaminants by 

conversion to insoluble/sparingly soluble species or adsorption processes. 

Various chemical stabilisation processes have been or are being developed 

including: 

 

The Ferrox® Process developed by Lundtorp et al [68] involves the addition 

of a ferrous sulphate solution and recycled water to the APC residue. 

Insoluble iron oxides are formed before the suspension is filtered to separate 

the residue and waste water. Most of the salts are removed with the waste 

water whilst the metals remain. The leachability of many of the metals (Pb, 

Cd, Zn, Cu) is significantly reduced, attributed to the surface bonding of iron 

oxides [68]. Such work is based on the principal that iron oxides are stable in 

terrestrial and aquatic environments and able to bind significant quantities of 

heavy metals [68]. As such iron oxides may be used to remove heavy metals 

from waste water [100]. Immobilisation of Cr and Hg is however much less 

effective [11, 68, 101]. 

 

The VKI process involves washing to remove soluble salts and addition of 

carbon dioxide or phosphoric acid to stabilise the residue. This process 

reduces leaching as metal carbonates and phosphates have low solubility. 

Treated residues meet the relevant EU WAC for hazardous landfill sites and 

in most cases for non hazardous sites [11]. Due to the potential formation of 

stable and sparingly soluble minerals, several authors have examined the 

use of phosphates to immobilise metals [83, 102-107]. The WES-PHix 

process [103] is reportedly used in the USA and does not involve a washing 

stage. Whilst many divalent metals such as Pb, Zn, Cu, and Ni can be 

stabilised by the addition of phosphates [83, 104], leaching of Cl salts from 

the resultant waste is unaffected and therefore remains high [83, 106] and Cr 

leaching may in fact be increased [83].  

 

Acid extraction sulphide stabilisation (AES) is used in Japan and treats 

incinerator fly ash residue to a level which meets the required landfill limits 



25 

 

[11]. This is achieved by washing to remove soluble salts, acid extraction of 

soluble heavy metals using HCl and addition of NaHS to stabilise those 

remaining as insoluble metal sulphides. The process produces waste water 

from the removal of salts, which is treated by evaporation/crystallisation with 

both the solid salt residue and waste water being reportedly recycled. The 

process is therefore only suitable for plants with high level waste water 

treatment equipment [108]. The process also produces a waste stream from 

the acid extraction of heavy metals. It is unclear how heavy metals in the 

waste water are treated. 

 

Quina et al [83] examined the potential of various chemical additives for 

immobilisation of metals (Pb, Zn, Cu, Ni, Cr, Cd) in APC residues, concluding 

that the addition of soluble phosphates (H3PO4) and silicates (Na2O·SiO2) 

were the most efficient and cost effective. Although it is possible to reduce 

the mobility of metals by such treatment methods, they do little for the 

immobilisation of chlorides which is why they tend to involve a separation 

stage such as washing. In order to be economically and environmentally 

sound, when separating fractions of waste like this, the aim has to be to 

recover value from the separated waste stream or at the very least increase 

the ease with which it can be treated. Introducing a separation stage into a 

treatment process increases the monetary cost of the treatment process and, 

unless a fraction can be valorised increases the volume of waste and is in 

contrast to the IPPC directive since pollutants are moved from one 

environmental media to another. 

 

In order to valorise a separated fraction of the waste it is desirable to 

separate a fairly pure stream of the target fraction. A washing stage capable 

of removing solely the chloride salts from APC residue for example, would 

produce an eluate which could be easily treated to produce a recyclable 

material. Several of these processes go some way towards achieving this. 

However, without further treatment to immobilise metals, removal solely of 

chloride salts from APC residues is not feasible [64, 65, 89, 109]. In order to 

increase the ease with which metals can be recovered from separated 

eluates it is also desirable to increase the concentration of the target element 
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[110]. Concentrations can be increased by methods such as re-circulating the 

wash eluate or modifying the eluant to increase the solubility of target 

elements. Acid washing, as used during the AES process previously 

discussed, can increase the level of metals removed due to their highly pH 

dependent solubility [69, 90, 111-113]. 

2.3.5 Thermal Treatment 

 

Thermal treatment of APC residues has been examined in the form of 

vitrification which may be followed by crystallisation to form glass ceramics 

[114-117]. This high temperature treatment (~1400˚C) has been shown to 

immobilise certain hazardous elements, destroy organic pollutants with an 

efficiency of 99.9% [114, 117] and significantly reduce the volume of the 

waste [115, 117]. Vitrification may require addition of glass formers if Si 

content of the waste is low [115, 116]. In 2000 melting technology was 

reportedly in use in 24 waste incinerator plants in Japan [117]. 

 

This stabilisation of metals by vitrification has been attributed to the formation 

of a compact, highly polymerised glass [115]. Treatment with heat and silica 

has also been reported to improve APC residue leaching behaviour by 

reduction of chemically instable phases such as the water soluble CaClOH, 

and an increase in silicate phases such as CaSiO2 which keep the material 

structurally stable and may incorporate the heavy metals [118]. Treatment of 

the residues at elevated temperatures causes volatisation of Cl and many of 

the metals present in APC residue [78, 117, 119]. Therefore this treatment 

itself requires air pollution control measures.  

 

Thermal treatment may be performed using fuel burning furnaces or electric 

melting systems. An example of the latter is a plasma melting furnace in 

which a high temperature plasma is formed, usually from air or an inert gas, 

which is then directed at the waste [117, 120]. In the process commercialised 

by Tectronics ltd. the APC residues are mixed with a source of silica and 

alumina (e.g. quartz and corundum) to encourage glass formation, and a 

feed of typically ~70%w/w APC residue is treated [120]. A significant fraction 
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of the chlorides volatilised can be recovered by bubbling through solution to 

produce HCl which can be used for applications such as steel pickling [121]. 

Despite this recovery, the process produces a secondary APC residue which 

has a high concentration of chlorides and contains a large fraction of the 

metals present in the initial APC residue [120]. 

 

Thermal treatments can be an effective way of treating hazardous residues 

and may produce useful by products for re-use in civil engineering 

applications such as fill for road surfaces, additives in asphalt or concrete 

mixture, or use in products such as bricks and tiles [114, 117]. Nishida et al 

[114] crystallised the vitreous slag produced from the melting process to 

improve the mechanical properties and produce stones suitable for use as an 

aggregate for concrete or asphalt, showing mechanical properties equal to or 

better than using natural crushed stone aggregates. The crystallised slag 

material was also shown suitable for producing permeable pavement blocks, 

with 1800m² of these blocks used commercially in a park in Chiba Prefecture 

[114]. The inert glassy slag produced by plasma melting referred to as 

‘Plasmarok’ by Tectronics ltd. may find application as an aggregate, ceramic 

product or as a raw material for production of geopolymers [122, 123]. Due to 

the high temperatures required thermal treatments have very large energy 

and cost demands and may concentrate volatile hazardous elements in by-

products. With escalating landfill tax however, the cost of such a treatment is 

becoming more feasible and if the concentration of metals in the by-products 

is high enough recovery may become viable.   

2.3.6 Bitumen Encapsulation 

 

Bitumen encapsulation is an effective way of immobilizing many hazardous 

and radioactive waste streams. This is generally coupled with storage in steel 

drums [11]. Despite its effectiveness there are serious cost and sustainability 

issues with a treatment which is so dependent on crude oil. 
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2.3.7 Carbonation  

 

Carbonation is used for pre-treatment of bottom ash and APC residues and 

may be considered a chemical stabilisation method although the treatment is 

usually performed using gaseous CO2 either simply by exposure to the 

atmosphere or accelerated by exposure to higher CO2 concentrations. To be 

effective carbonation must be comprehensive [124]. This may require 

addition of water, since an initial presence of water is essential for 

carbonation to proceed (equations 2.11 and 2.12) [125]. If insufficient water is 

present the potential for carbonation is much lower [126, 127].  

 

Equation 2.11 CO2 + H2O ↔ H2CO3 

Equation 2.12 Ca(OH)2 + H2CO3 → CaCO3 + 2H2O 

 

Carbonation of air pollution control residues causes a drop in pH [74, 81, 82, 

124, 126, 128] primarily due to the conversion of Ca(OH)2 to CaCO3. This pH 

drop, to below 11.5, ensures that the residues are not classified as corrosive 

[84]. The mobility of some of the problematic metals such as Pb and Zn may 

also be reduced [74, 77, 81, 82, 124, 126, 128] due to formation of their less 

soluble carbonate forms, which may occur via dissolution and precipitation of 

calcium carbonate polymorphs [129]. The reduced solubility of the 

amphoteric metals such as Pb and Zn with carbonation is also assisted by 

the pH reduction, since these metals have a minimum solubility at pH around 

8-10 [69, 82, 112]. Additionally, adsorption onto calcium carbonate 

polymorphs may occur [75, 129, 130].  

 

The carbonated residues agglomerate and form solids with reduced porosity 

due to the expansive formation of calcite from Ca(OH)2 [81, 126, 128]. This 

can also assist in preventing leaching of contaminants by reducing the 

infiltration of water and therefore active surface area. The reduced mobility of 

toxic and heavy metals reduces the ecotoxic potential of the residues. 

However, carbonation may not reduce the leaching potential of all metals. An 

increase in mobility of Sb when carbonating APC residues has been 

observed [74, 75, 82, 128, 131] which eventually led to leach limits for 
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hazardous waste landfill sites being exceeded by the APC residue treated by 

Cappai et al [75] despite an inert classification according to release from the 

untreated residue. Increase in release of Cd was also observed [128, 132] 

and Cr when carbonating bottom ash [131], primarily due to the pH drop 

caused by carbonation. These effects may result in the need for additional 

treatment if using carbonation as a treatment for APC residues. 

 

If aiming to meet WAC a washing stage would also be required to remove 

chlorides. Whilst a reduction in chloride leaching from APC residues due to 

carbonation has been reported [81, 132] this did not reduce chloride release 

to acceptable levels for landfilling and generally chloride release is reported 

as unaffected or negligibly affected [74, 75, 128]. This is not surprising since 

other than the physical changes which occur to the residue, reducing active 

surface area, the only chemical change which would affect chloride release 

would be the carbonation of CaClOH as shown in equation 2.13. 

 

Equation 2.13  2CaClOH + H2CO3 → CaCl2 + CaCO3 + 2H2O  

 

Whilst this reaction was also proposed by Wang et al [128], XRD analysis of 

the carbonated residue instead showed KCaCl3, possibly due to a complex 

reaction with KCl. CaCl2·4H2O has been observed in carbonated APC 

residue containing less KCl [133]. These chloride bearing reaction products 

are all highly soluble however, such that the reaction has very little effect on 

chemical immobilisation of Cl. 

 

Despite the negligible effect carbonation has on chloride mobility, and the 

negative effect it may have on release of some other pollutants such as 

antimony and other oxyanions, a process is employed by the UK based 

company carbon8 to produce aggregate, which has been granted end of 

waste status by the EA. The residue is carbonated and pellitised by mixing 

with a filler such as sand and often cement (in a worst case scenario 

incorporating 50%w/w APC residue). The pellets are classed as a product 

and can be used for concrete block manufacture. The pellets are unsuitable 

for monoliths containing reinforcement due to the risk of corrosion due to Cl. 
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However, due to the environment in which the monoliths would find 

application, surrounded by cladding etc, exposure to water would be minimal 

and, assisted by the dilution factor as the aggregate is bound in the concrete 

block, leaching is not a concern [134, 135]. 

 

Additionally the treatment of APC residues has the advantage of 

sequestration of CO2, offering potential use and capture of the greenhouse 

gas. Total sequestration capacity may be very low compared to CO2 

emissions associated with EfW incineration however [124]. The CO2 

sequestration capacity of APC residues varies on the residue and operation 

conditions but may be as high as 250g/kg [74, 75, 81, 124, 126, 136]. 

2.3.8 Cement Manufacture 

 

A study by Wu et al [78] examined the suitability of replacing raw material in 

sulphoaluminate cement clinker production with APC residue. The 

replacement of raw material resulted in a decrease in compressive strength 

of the resultant cement but reasonable compressive strengths were still 

obtained with APC residue content up to ~45% weight of the raw materials. 

No problems were observed from leach testing the resultant cement pastes 

after 28 days curing for a range of metals and oxyanions including Pb, Zn, 

Cu, Cd, Cr, Ni, As and Se. This was assisted by the temperatures (>1150°C) 

used for the cement formation, at which it was demonstrated that >80% of 

the Cd, Zn, Pb, As, Se were volatilised, whilst >80% of the Cr, Cu and Ni 

remained in the clinker. Cl release was not studied, though it is reasonable to 

assume the majority of the Cl would have been volatilised. Chloride 

volatisation during the production of the cement can cause significant 

corrosion to equipment [78, 137].  

 

Although the majority of the chlorides would be volatile, increasing 

replacement of raw materials with the waste did result in formation of a 

C11Al7·CaCl2 phase in the clinker [78]. The C11Al7·CaCl2 cement clinker 

phase has been shown to hydrate to form Friedel’s salt, calcium aluminate 

hydrates and Al5Cl3(OH)12·7.5H2O [138] and is often found alongside alinite 
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[119, 137, 139-144]. The utilisation of APC residues as a raw material for 

alinite cement production perhaps holds some potential. Such cements utilise 

the addition of chloride salts in the raw materials, which allows the clinkering 

temperature to be reduced to ~1100°C [137, 139, 142, 144]. Typically CaCl2 

is used although other salts may be used with implications on the resultant 

clinker [140, 143, 145]. Following hydration, the Cl may be water soluble, 

particularly when excessive Cl is included [140, 141, 146] and therefore such 

cements are unsuitable for use with reinforcement or applications where 

leaching is of concern [137, 144, 147].  

 

Although the elemental complexity of APC residues may play an important 

role due to the incorporation of additional elements in the cement, alinite has 

been said to form well in ‘dirty’ systems containing different elements [142]. 

Substitution of Cl with Br and F is possible [142] and other studies have 

shown the potential substitution of Mg for Zn which appeared to remain 

bound within the alinite structure and therefore immobile [141]. Fe may also 

replace Al although the ionic size difference had significant implications on 

the clinker phases formed [141]. As such alinite formation with waste 

materials has previously been examined [119, 143, 148] including the use of 

MSWI bottom ash and fly ash or APC residue [119, 143]. Additional CaCl2 

had to be added alongside the chlorides present in the fly ash, along with 

CaCO3 and additional sources of Si, Al and Mg. Increasing the APC residue 

content in the raw mix beyond 30% weight was shown by XRD analysis to be 

detrimental to alinite formation [119]. With 30% APC residue content in the 

raw mix, the alinite cement had lower water demand, shorter setting times, 

higher 1 day and lower later age compressive strength than ordinary Portland 

cement (CEM I 42.5). Addition of gypsum increased the later age 

compressive strength to values similar to that of the ordinary Portland cement 

but also increased the water demand and reduced the setting time further 

[119, 143]. Leaching was not observed to be a problem, largely assisted by 

similar volatisation as was observed when attempting to produce the 

aforementioned sulphoaluminate cements [78, 119]. Due to the volatisation 

of the metals, chlorides and sulphates, further air pollution control measures 
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would be required if using APC residues as a raw material for manufacture of 

cements, producing a secondary residue. 

 

Saikia et al [149] examined the potential use of MSWI fly ash for production 

of ordinary Portland cement clinker, with the addition of CaCO3, Fe2O3 and 

SiO2. Washing of the fly ash was beneficial to this process and utilisation for 

the production of alinite appears a more suitable management option. 

Such results suggest further work is merited to investigate the performance 

of the cements resulting from this management option. Work would have to 

consider the secondary residue produced and equipment corrosion as well 

as the durability of the resultant cements and the implications of the 

variability in APC residue composition. 

2.3.9 Solidification/Stabilisation 

 

Solidification/Stabilisation (S/S) involves both chemical and physical 

immobilisation methods. Solidification of waste materials by mixing with 

reagents to form a monolithic product changes the physical form of the waste 

increasing the ease with which it can be handled, and reducing the risk of 

redistribution by wind. Conversion to a monolith also reduces the exposed 

surface area, therefore offering some physical encapsulation of 

contaminants. Typically the encapsulation is assisted by the micro or 

nanoporous nature of the products [20, 150, 151]. Since fluids will follow the 

path of least resistance, when the hydraulic conductivity of the monolithic 

product is sufficiently low, leaching by an advection or percolation 

mechanism is avoided in favour of a slower, diffusion controlled process 

during which leaching occurs predominantly from the surface of the product 

[20, 87, 152].  

 

Stabilisation is the process of converting contaminants into less soluble, 

mobile or toxic forms. This involves processes such as precipitation, 

adsorption and diadochy i.e. substitution of contaminant ions into mineral 

structures [111, 150, 153-156]. The potential for immobilisation by adsorption 

is dependent on the surface and pollutant ion charges as well as the 
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available surface area and competing ions within the pore solution. Sorption 

may be physical, resulting from unsatisfied surface charges, or more specific 

chemical adsorption in which molecules have a high affinity and may 

covalently bond [154]. The potential for diadochy is dependent on the charge 

of the ion along with its size and geometry, thus specific minerals present a 

greater potential for immobilisation of specific pollutant ions [111]. Matrix pH 

is a particularly important factor during s/s, determining the speciation and 

therefore solubility of contaminants, particularly metals [69, 112, 157, 158]. 

 

Treatment by s/s therefore reduces leaching to a diffusion controlled process 

for which the rate of contaminant diffusion through the matrix is governed by 

physical and chemical retardation due to the permeability and tortuosity of 

the matrix, along with chemical retardation factors [87]. 

Solidification/stabilisation has proven an effective method of minimising the 

environmental impact of both inorganic and organic waste materials [150, 

159, 160] in accordance with the IPPC regulations and Landfill directive. 

There are several forms of s/s involving different reagents and treatment 

conditions however the reagents used in almost all s/s systems are one of 

the following [159]  

• Portland cement 

• Cement/fly ash 

• Cement/soluble silicate 

• Lime/fly ash 

• Kiln dust 

• Phosphate-based processes 

 

Reportedly [159] the first s/s treatments were performed in the 1950s for 

radioactive nuclear waste materials which were blended with large amounts 

of cement and disposed of at sea or in deep underground storage in drums. 

In attempts to combat the retarding effects the waste often had on the 

cement setting and increase the waste/binder ratio, thereby reducing the 

costs of disposal due to a reduction in volume and weight, the technology 

developed by the inclusion of other reagents such as sodium silicate, fly ash 
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and clay. S/S processes were also developed using lime blended with fly 

ash, soil or cement in order to neutralise acidic wastes, treat APC residues 

resulting from scrubbing SOx gases with lime in power plants, and increase 

ease of handling/landfilling. Cement/fly ash blends and ground granulated 

blast furnace slag were also used as reagents for treating high volume 

sludge from electric power plants. Before the introduction of regulations such 

as the WFD (1975), and landfill directive (1999) in Europe, and the resource 

conservation and recovery act (1976) in the USA, no strict quality controls 

were implemented. The introduction of these legislative guidelines drove the 

development of the technology forwards from the mid 1970s. 

 

The effectiveness of an s/s product can be judged based on its physical 

characteristic such as compressive strength, permeability, porosity and 

durability, along with chemical characteristics, in particular the leachability of 

contaminants from the waste form. This is the primary concern for stabilised 

waste and forms the dominant part of the waste acceptance criteria for 

landfill acceptance [92]. Concerns relating to durability stem from the risk of 

increased, unsafe leaching of pollutants resulting from changes in the waste 

form which may be dramatic after environmental exposure [161, 162]. Defra 

refer to stable non-reactive waste forms as those for which “the leaching 

behaviour of the waste will not change adversely in the long-term in the 

waste alone or under the impact of water, air, temperature or by other wastes 

including leachate or gas.” [8]. Tests can be conducted in the laboratory to 

simulate the typical threats to the integrity of an s/s product, such as 

measuring the products acid corrosion resistance or acid neutralisation 

capacity (ANC). Exposure to acidic groundwater can have serious 

implications for the leaching of contaminants due to the heavily pH 

dependent solubility of metals and the dissolution of minerals which may be 

chemically immobilising pollutants or offering physical encapsulation [163-

165]. As such an initial pH between ~11.9-12.2 determined by a distilled 

water batch extraction test [157] and an ANC to pH=9 of >1 or >3 mEq/g 

depending on the precise disposal scenario are recommended [152]. 

Exposure to carbonic acid results in carbonation which significantly affects 

the pH and leaching of pollutants. Carbonation of s/s monoliths can be 
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particularly disruptive. This is due to the affects of carbonation on calcium 

silicate hydrates (C-S-H), the principal binding phase in cementitious or 

pozzolanic systems (utilising cement or lime/fly ash). Decalcification of C-S-

H, results in the destruction of the primary binding phase responsible for 

immobilisation [166-168]. Other durability concerns may relate to factors such 

as the ability of the product to withstand freeze/thaw and wet/dry cycles 

without physical degradation such as cracking, which increases the surface 

area available for leaching [152]. 

 

The effectiveness of an s/s system for immobilising certain pollutants, mainly 

those which form oxyanions, is also dependent on the potential for reduction-

oxidation reactions (or redox reactions) within the matrix. Certain elements 

show much greater solubility and mobility in certain oxidation states. Cr3+ for 

example is known to be much less mobile and therefore hazardous than Cr6+ 

[111, 155]. S/S is further aided by the greater ability of Cr3+ to form insoluble 

Ca minerals [111, 155]. Oxidation is the process of an atom loosing electrons 

whilst reduction is the process of an atom gaining electrons. These reactions 

must therefore take place simultaneously i.e. something must be reduced for 

something else to oxidise. The redox potential (Eh, with units mV) is 

therefore dependent on the presence of species which can be readily 

reduced or oxidised. A reducing environment displays a negative Eh, whilst 

an oxidising environment displays a positive Eh. Common reducing species 

(species which are readily oxidised and therefore cause reduction) include 

organic matter and reduced forms of iron, aluminium and sulphur [111]. The 

addition of these species can be used to control the Eh within matrices. For 

example the addition of iron blast furnace slag which may contain reduced 

forms of iron (Fe2+) can cause a reducing environment [155]. The redox 

potential is also correlated with the amount of dissolved oxygen, becoming 

more reducing with lower oxygen content [169]. Redox reactions may also 

commonly be facilitated by bacteria, which use them to gain energy [169]. 

 

Figure 2.3 [20] summarises the key factors influencing leaching from a 

monolithic s/s product. 
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Figure 2.3 Factors affecting leaching from a monolithic s/s product [20] 

 

In order to meet UK WAC monolithic products resulting from s/s treatment 

must also demonstrate a 28 day compressive strength of at least 1MPa. This 

enables them to support their own weight and overbearing loads such as 

vehicular traffic [157]. Several other parameters also need to be considered 

to ensure the treatment is feasible on a commercial scale [157]. These 

considerations include workability, setting time and potential for bleeding of 

the blend, all of which play an important role in the ease and cost with which 

the treatment can be applied. The amount of waste which can be 

incorporated should also be considered. This is inherently related to the 

increase in mass and volume the waste will undergo by the s/s process and 

therefore influences disposal as well as treatment costs. According to the 

IPPC directive [12], environmental as well as economic costs should be 

considered in order to truly manage the waste in a way which is beneficial for 

the environment as a whole. This implies consideration of the environmental 

costs of the reagents used and process conditions (including transport) [152, 

157].  
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Treating APC residues and similar wastes by s/s has been studied using 

various reagents. The choice of reagent is very important due to the 

mineralogical and microstructural variations which are achieved as well as 

the economic implications. These processes are reviewed in the following 

sections in order to identify key concerns. 

2.3.9.1 Solidification with Water 

 

Todorovic et al [170] mixed APC residue with demineralised water and tested 

compressive strength and leaching behaviour. Compressive strengths close 

to 7MPa were achieved when cured at 100˚C for 29 days (l/s=0.35). Leach 

results showed release of 95% of available Cl, 88% of K, 89% Na, 40% Cr. 

WAC for stable non-reactive (SNR) sites or hazardous sites without 

derogated WAC was not met. However, release of Pb, Zn, and Mn was 

0.31% or less of availability, and that of Hg was only 1.7%. Carbonation 

conditioning the pH of the leach test was perhaps the greatest influence on 

the observed release. Leachate fractions were observed to produce pH 

between 8.7 and 11.8, close to the minimum solubility range for Pb and Zn 

[69, 112, 157, 158]. 

 

Mixing APC residues with waste water has the advantages of producing a 

solidified product which is less susceptible to redistribution by the wind and 

has a lower specific surface area, somewhat slowing leaching. However, long 

term behaviour and durability of the resultant solidified waste is not known 

[11] but would be expected to be very low due to the high fraction of water 

soluble solids. This treatment option is clearly not ideal as the waste has not 

been stabilised sufficiently to meet the recommended leach limits and still 

has to be sent to specific sites with derogated WAC. 

2.3.9.2 Cement Based S/S 

 

For the purpose of this literature review the term ‘cement’ will be used to refer 

to CEM I as defined in BS EN 197-1:2011. Cement is one of the most 

common reagents used for s/s application and the implications of its use are 
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therefore discussed here. Hydration of cement (CEM I) produces the 

following primary reaction products [155]. 

• C-S-H (50-60%) 

• Ca(OH)2 (20-30%) 

• AFm phases (0-10%) 

• AFt phases (0-10%) 

 

C-S-H is cement shorthand for calcium silicate hydrate (C=CaO, S=SiO2, 

H=H2O) [155]. C-S-H produced from cement hydration at ambient 

temperatures is an amorphous or poorly crystalline phase, consisting of 

various morphologies, often distinguished by their position relative to the 

original cement clinker particle [154, 171, 172]. This phase is primarily 

responsible for the high compressive strength and low porosity of 

cementitious materials [172-174]. The hyphens indicate the variable 

composition of this phase [173] which, in neat cement pastes, may have a 

Ca/Si ratio between ~1.2 to~2.3 with a mean ~1.75 [171]. In blended systems 

this ratio may vary.  

 

Unless there is a significant alkali presence in the waste, at 28 days, when 

testing against WAC is generally conducted, the pH in cement/waste blends 

will be predominantly controlled by Ca(OH)2 produced form the cement 

hydration. However, the Ca/Si ratio also has implications for the resulting pH 

of liquid in equilibrium with the C-S-H. A high Ca/Si can produce a pH as high 

as ~12.5 whilst low Ca/Si reduces the pH to as low as 10.5 [155, 164, 173, 

175] or even 9.9 [175]. The pH of the C-S-H is significant since it is the main 

binding phase and as such plays an important role in the buffering capacity of 

the matrix [164], determining the pH at which buffering will occur. The large 

range in C-S-H pH values has important implications for the solubility of 

metal contaminants in the system [69, 112, 158]. According to the literature 

[173, 175] a Ca/Si ~1.1-1.4 would condition pH to within the preferential 

range for s/s products (11.9-12.2) [157]. But pH during batch extractions is 

unlikely to be a result of only the C-S-H. 
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The Ca/Si ratio of C-S-H also affects the surface charge, which is 

appriximately 0 when the Ca/Si is ~1.2 [150], with a high Ca/Si ratio the 

surface charge becomes positive, encouraging adsorption of anionic species, 

SO4 and Cl being those of greatest concern in APC residues. At low Ca/Si 

the surface charge of C-S-H is negative, encouraging adsorption of cations 

from solution [155, 176]. All C-S-Hs have a range of sorption sites however, 

regardless of the Ca/Si, and therefore never adsorb solely cations or anions 

[155].  

 

Substitution of elements into the C-S-H structure may also occur. Trivalent 

cations such as Fe3+ or Al3+ may be included in C-S-H, replacing Si in the 

bridging tetrahedra [177]. Elsewhere it has been suggested that Si may be 

substituted by Cr3+ or other oxyanions [111, 154, 155, 178-181]. The 

potential for incorporation of Cr6+ is much more limited and not the primary 

mechanism of immobilisation [182, 183]. Substitution of a trivalent cation for 

the Si4+ cation results in a more negative charge which must be balanced. 

This is generally achieved by the inclusion of Na+, K+ or Ca2+ in the interlayer 

[177]. The sorption of alkali metal cations removes them from liquid in contact 

with the solid, lowering the pH [155].  

 

Literature suggests C-S-H may also immobilise other cations, including Zn 

[156, 184-189] and Pb [156, 184-186, 190, 191], amongst others [150, 154-

156, 192]. The precise mechanism of immobilisation of these cations, 

whether they balance surface charge by inclusion in the interlayer, sorption 

on the outer surfaces, or substitution of the structurally bound Ca ions is 

unclear. Interlayer incorporation would perhaps be more dependent on the 

size and geometry of the ions. Substitution of structurally bound Ca appears 

to be more likely in crystalline calcium silicate hydrates [185, 193, 194] 

therefore the immobilisation of metal cations by substitution into the 

amorphous C-S-H structure created by hydration of cement appears to play a 

minor role. The primary mechanisms of immobilisation by C-S-H clearly 

depend on the precise contaminant but appear to be the pH, resulting in the 

precipitation of sparingly soluble compounds including metal hydroxides [150, 

154, 155, 168, 180, 182-184, 195-197], along with the low permeability 
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providing physical encapsulation, and the large specific surface area of C-S-

H [144, 150] encouraging surface adsorption. As discussed, adsorption is 

dependent on the surface charge and therefore the Ca/Si ratio and the extent 

of Si substitution.  

 

C-S-H plays a much smaller role in the immobilisation of anions, such as Cl, 

although may offer encapsulation of anion salts, reducing contact with water. 

Surface sorption and interlayer incorporation of Cl in C-S-H may occur, 

particularly at high Ca/Si [198, 199]. This Cl remains easily removed by water 

however. The amount of Cl held by C-S-H such that it cannot be removed by 

leaching is very low (<0.25% weight) [199] and as such C-S-H can make little 

contribution to the chemical immobilisation of the Cl present in APC residues.  

 

A non-comprehensive summary of species which have been shown to 

experience some level of immobilisation in C-S-H gel is shown in Table 2.4 

[192]. 

 

Table 2.4 Species reported as immobilised by C-S-H [192] 

 

The AFm and AFt phases formed in CEM I binders constitute lower 

percentage weight than C-S-H but can play an important role in immobilising 

a range of pollutant ions. 

 

Ettringite is one of the AFt group of minerals which can be considered as 

having the formula [Ca3(Al,Fe)(OH)6·12H2O]2·Y3·XH2O, in which X is usually 

≤2 and Y is occupied by a divalent, or occasionally two monovalent anions 

[144]. The trivalent metal is usually Al or Fe but may also be, for example, Cr 

3+ [200]. Several articles review the incorporation of pollutants into ettringite 
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[111, 192, 201]. Gougar et al [192] described ettringite as a very ‘forgiving’ 

structure, meaning it can withstand significant compositional changes without 

changing structure. A summary of the ions which have been shown to 

substitute into the ettringite structure is shown in Table 2.5.  

 

Table 2.5 Possible ionic substitutions into ettringite[192]  

 

Although it displays significant potential for immobilising pollutants, ettringite 

only persists when the anion/trivalent cation ratio is high. In a pure CEM I 

paste the ettringite converts to the monosulphate AFm phase once the 

Al(OH)4/SO4 concentration is reduced [111, 144, 202]. Ettringite occurs in 

cement pastes as a result of gypsum addition in a process designed to slow 

the hydration of the calcium aluminate phase and thereby avoid excessively 

fast setting times which hinders the ease with which the cement or concrete 

can be cast [203, 204]. Ettringite formation at later ages is often seen as 

problematic because the reaction can be expansive which can cause 

cracking in hardened pastes [203, 204]. Ettringite is also susceptible to 

carbonation [166], is not stable below a pH~10, and is destabilised at pH 

higher than ~12.8 [201, 205-207]. 

 

The AFm phase formed from conversion of the ettringite has also been 

shown to offer immobilisation of several pollutant ions by substitution [111, 

150, 156, 201], and has been reported to possess a greater capacity for 

incorporation of monovalent anions [150]. The AFm phase in cement can be 

described with the general formula [Ca2(Al,Fe)(OH)6]
+Y-·mH2O in which the 
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square brackets enclose a positively charged layer unit which is charge 

balanced by anions (Y) in the interlayer [144]. AFm phases tend to be more 

soluble than AFt phases, although solubility depends on the exact chemical 

composition [201] as well as environmental conditions (temperature, 

pressure, composition of pore water or aqueous environment). These factors 

will also dictate the formation of AFt or AFm phases. The solubility of AFm 

and AFt phases are much lower than those of minerals more commonly 

found in as-collected APC residue, particularly Cl and SO4 salts such as 

NaCl, KCl, CaClOH, gypsum and anhydrite Table 2.6.  

Mineral logKsp (approximate) Reference 

Ettringite -44-45 [200, 202, 205, 208] 

AFm (SO4) -28-29 [202, 205] 

Gypsum/Anhydrite -4.5/-4.3 [205, 209] 

AFm (Cl) -27.1 [210] 

NaCl 1.57 Based on solubility of 357g/L 

[209] 

KCl 1.33 Based on solubility of 347g/L 

[209] 

Table 2.6 Solubility data for a range of chloride and sulphate bearing minerals 

 

The formation of Friedel’s salt, an aluminium containing AFm phase in which 

the anion position is occupied by Cl, is of interest for cement and concrete 

scientists because it provides a possible binding mechanism for chlorides 

[210-212] which can cause corrosion of reinforcement. It is therefore also of 

interest in waste management since chloride release must be monitored 

when testing against WAC. The Fe containing analogue of Friedel’s salt also 

possesses chloride binding potential [211, 213]. The anion site in AFm 

minerals may also be occupied by SO4, as is more commonly found in 

cement and concrete due to the gypsum addition. SO4 must also be 

monitored for WAC compliance. AFm phases are very sensitive to changes 

in material composition and service environment, which affect the aqueous 

phase in contact with the AFm containing solid. This results in formation of 

various phases including possible solid solutions dependent on the local 

environment [198, 213, 214]. Whilst this means that similar materials can be 
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used to initially stabilise a range of waste materials containing different 

anions, some studies suggest that when the activity is similar, uptake of ions 

occurs preferentially. For example, formation of Friedel’s salt only occurs 

following nearly total uptake of SO4 [166, 215, 216], making immobilisation of 

chloride ions more difficult. The ease with which AFm phases can change 

also creates the risk of contaminant release over time as the local 

environment changes, e.g. by infiltration of CO2 or ion rich water [214, 217, 

218]. 

 

Contaminants present in waste materials may significantly affect the cement 

hydration process [180, 184, 190, 219-222], the behaviour of the blend in its 

plastic state [67, 157] and the resultant properties of the solidified product, 

such as the pH and ANC [164, 165, 223], compressive strength [180, 219, 

221, 222, 224, 225] and porosity [67, 180, 183, 226, 227].  

 

More often than not wastes contain a mix of different metals, oxyanions and 

salts, which may have individual effects on the product and interactions 

between these effects may be significant [165, 221]. Cheeseman and 

Asavapisit [228] studied the effects of calcium chloride, a known accelerator 

of cement hydration [229], on cement containing Pb, known to retard setting 

time [180, 190, 220], and observed the competing processes. The CaCl2 

addition reduced the retarding effect of the Pb, encouraging formation of 

Ca(OH)2 therefore reducing OH concentration, and in turn, preventing 

dissolution of the Pb and formation of Pb(OH)3
-. The adsorption of Pb(OH)3

- 

onto hydrating cement forms a barrier to continued hydration, hence the 

retarding effect of Pb [228]. Blends of inorganic industrial wastes with cement 

would become more complicated still due to an increased variety of 

contaminants which would chemically interact with the process. A brief 

summary of the effect of some metals on cement hydration is presented in 

Table 2.7 [150]. 
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Metal Interference effect 

Pb Retards hydration due to precipitation 

of impermeable coating. Weakens 

lime/fly ash and cement/fly ash 

mixtures. 

Zn Prevents hydration at high 

concentrations. Reduces 

compressive strength. May increase 

ettringite formation and reduce 

porosity. 

Hg Does not retard, carbonate formation 

is enhanced. 

Cd Associated with increased ettringite 

formation, expansion and 

compressive strength loss. 

Cr Cr3+ associated with increased 

ettringite formation, and compressive 

strength loss in C3A/gypsum 

blends[230] and may promote C3S 

hydration [184]. Strength loss after 7 

days with Cr6+ may not be significant 

in cement matrices [231]. 

Table 2.7 Summary of effects of some metals on cement adapted from [150] 

 

The presence of high concentrations of anions in APC residues, such as Cl 

and SO4, also alter the nature of the products. As previously discussed, their 

relative availabilities may encourage formation of various AFt or AFm 

phases. Cl, the anion of key concern in APC resides, has also been shown to 

affect the pore structure of cementitious blends [227, 232-235]. Several 

studies have shown the addition of chlorides to cement pastes, mortars or 

hydrated C3S at the time of casting, to result in a greater pore volume and 

coarser pore size distribution [232-234]. Others have shown a reduction in 

the mean pore diameter and pore volume when chloride admixtures were 

added [227, 235]. Which was attributed to a change in the morphology of the 
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C-S-H to a denser structure after exposure to chloride solutions [227]. The 

effect is dependent on the cation originally associated with the Cl solution 

[227, 233]. Perhaps hydration of cement in the presence of Cl results in a 

smaller average pore radii but greater overall porosity which is consistent 

with the reduced strength observed for Cl exposed samples when the extent 

of hydration was equal [234]. Additionally calcium leaching is increased in Cl 

solutions which can increase the rate of C-S-H dissolution and therefore the 

integrity of the pore structure [236].  

 

Cement pore solutions tend to show oxidising conditions [155, 237, 238] but 

these may be readily modified with the addition of reductive or oxidative 

agents, as may be found in supplementary materials or wastes [155, 238]. 

2.3.9.2.1 S/S of APC Residue with Cement 

 

Several authors have reported results for blends of APC residues with CEM I 

including [67, 76, 104, 166, 239, 240]. There is a notable reduction in mix 

consistency with increased APC residue addition [67] or increased water 

demand for standard consistency [166]. This is attributed to the deliquescent 

nature along with the high specific surface area of the residue [67, 241]. High 

lime content of the APC residue would also increase the water demand.  

 

APC residue addition up to a threshold has been shown to accelerate the 

hydration of cement, and reduce the setting time [67, 166]. This can be 

explained by the Cl content in the APC residue behaving as an accelerator 

[229] or has been attributed to the formation of gypsum resulting in ‘false set’ 

[166]. Perhaps a combination of the effects is present, and the magnitude 

would depend on the composition of the specific waste, certainly the 

compositional variation has an influence on the measured properties, hence 

the variation in the threshold level observed in the literature (30% [67] or 50% 

[166]). Above the threshold the setting time of the blends is increased [67, 

166] and very little hydration is evident by calorimetery [67]. The acceleratory 

behaviour of chloride salts is concentration dependant [242], in higher 

concentrations chlorides such as NaCl retard setting time and cement 
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hydration [242]. This may then explain the threshold behaviour observed as 

the APC reisdue:CEM I ratio is adjusted. Additionally retardation of the 

cement hydration by the metals present in the APC residue may occur [220, 

228].  

 

Samples containing higher levels of APC residue exhibited greater porosity 

[67] with a reduction in unconfined compressive strength (UCS) [67]. Despite 

the lack of evidence by calorimetery for hydration reactions for blends 

containing more than 30%w/wsolid APC residue [67], blends containing up to 

90% APC residue still showed compressive strengths greater than the 1MPa 

required to satisfy WAC. Importantly samples with greater than 50% APC 

residue suffered a decrease in compressive strength as a result of 7 days 

submersion in de-ionised water. This is a result of the loss of solids owing to 

the large soluble content. With addition of less than 50% APC residue no 

significant compressive strength loss was observed [67], a result of lower 

soluble solid content and therefore lower release coupled with further cement 

hydration. 

 

The significant quantity of soluble solids in the CEM I/APC residue blends 

was apparent from the leach results obtained. Chloride release was always 

especially high [67, 166] and well above WAC unless incidental dilution was 

achieved by including very low quantities of the waste, or a pre-washing 

stage was implemented [239, 240]. This is due to the very low potential for 

chemical retention of chlorides in a CEM I/APC residue waste forms, owing 

to the paucity of insoluble chloride containing minerals which can be formed. 

Chemical retention is dependent on the low sorption capacity of C-S-H, and 

formation of AFm phases such as Friedel’s salt, Kuzel’s salt and solid 

solutions [198, 199, 210, 212]. The potential for formation of AFm phases in a 

CEM I system is limited by the low availability of aluminium in the clinker, 

which is typically made up of the equivalent %w/w of CaO~67%; SiO2~22%; 

Al2O3~5%; Fe2O3~3%; Other~3% [144]. The Al content in cement is 

controlled in order to allow ettringite formation, preventing flash setting but 

also avoid problems associated with sulphate attack. The limited binding 

capacity of such systems was demonstrated by XRD analysis [243] which 
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showed retention of the CaClOH and NaCl phases with low CEM I addition 

and evidence of Ca2Al(OH)7·2H2O. This indicates that not all of the available 

aluminium was involved in chloride binding, possibly due to solid solution 

formation, and the high availability of OH [198, 244] in the pore solution. The 

chloride anion would also be competing with sulphate anions [198, 214, 245] 

which would be present in the CEM I and maybe also in the APC residue. 

XRD analysis by Alba et al [166] showed significant ettringite presence which 

appeared to form preferentially before Friedel’s salt, consistent with other 

work [215, 216]. 

 

The potential for immobilisation of the chlorides in an APC residue/CEM I 

blend is therefore limited almost entirely to the physical encapsulation offered 

by the monoliths. High waste/binder ratios result in a very large water 

demand, high porosity and compressive strength loss upon leaching [67]. 

Therefore with high waste/binder ratios the physical retardation of chloride 

diffusion is not sufficient to meet WAC. Very low waste/binder ratios would be 

required to meet WAC and produce a stable product, rendering the treatment 

unfeasible due to the implied costs and volume increase in the waste. 

 

Potential for immobilisation of metals including Pb, Zn and Cd has been 

reported in cement/APC residue matrices [76, 104, 166, 243] although Pb 

release has been shown to exceed monolithic WAC for hazardous waste 

landfill cells with a waste/binder ratio>1 [243] and granular WAC with 

waste/binder between 2 and 10 depending on the APC residue [76, 104] 

(using similar leach test to that required by WAC but with particle size 

<10mm rather than 4mm therefore perhaps slightly greater retention would 

be expected). The availability of the metals in the specific batch of APC 

residue appears to play a significant role.  

 

The most significant drawback with the use of cement for immobilisation of 

APC residues is the limited ability to immobilise the high levels of chlorides. 

The potential for formation of Friedel’s salt can be greatly enhanced by the 

addition of supplementary materials containing high concentrations of 

available aluminium [212]. The addition of such materials in theory may also 
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increase the capacity of chemical retention of Pb and Zn by sorption 

processes owing to  a more negative surface charge through substitution of 

Al for Si in C-S-H [177]. 

2.3.9.3 Alternative Cementitious Binders 

 

This section reviews the use of alternative cementitious binders for 

stabilisation of APC residues. This includes material such as ground 

granulated blast furnace slag (ggbs) and pulverised fuel ash (PFA). These 

materials were initially considered waste materials however due to their 

chemical composition are frequently used as a partial replacement for 

cement. Many types of cement include a significant weight fraction of such 

materials [98]. Since they are industrial by-products, use of these materials 

has environmental benefits including the avoidance of raw material extraction 

and processing, and the disposal of the by-products which may themselves 

contain the potential for release of contaminants into the environment [246, 

247]. Due to their well established suitability for use as a cement replacement 

there may still be significant economic costs associated with them, 

particularly blast furnace slag. However, materials which do not meet end of 

waste quality criteria [248] e.g. EN 450-1:2005 [249] for PFA as a cement 

replacement material, may be particularly cost and resource efficient, and 

suitable for s/s applications [226, 250-253]. 

 

The use of alternative materials for s/s matrices is not uncommon [160] 

however due to their inconsistent composition, is less reliable than the use of 

cement. Often when used in the absence of cement e.g. lime/fly ash 

matrices, these blends may take a considerable amount of time to react and 

therefore set and develop strength [160], hindering their applicability 

commercially. This reactivity can be accelerated by methods such as curing 

at elevated temperatures [254-256]. Elevated curing temperatures can 

increase the rate at which a matrix reacts and therefore reduce setting time 

and increase early age strength, however, the ultimate compressive strength 

developed by the product may be lower and porosity greater than that which 

can be achieved at lower temperatures [255-257]. This occurs because the 
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rapid solidification of reaction products behaves as a barrier, hindering the 

diffusion of reactants throughout the matrix, resulting in uneven distribution of 

hydration products and less reacted material [256-258]. Curing of binders 

containing significant quantities of Al and SO4 at temperatures greater 

than~70°C may also result in problems with delayed ettringite formation, 

causing expansion and cracking of the solidified product [259].  

 

Despite the possible slower reactivity, there may be advantages to the use of 

alternative materials to CEM I for s/s binders. As discussed previously, 

increasing the availability of reactive Al (or Fe3+) in the blend can increase 

the potential for immobilisation of chlorides and sulphates by binding into AFt 

and AFm phases [212] and also encourage sorption of cations onto C-S-H 

through charge balancing of Si substitution with trivalent cations [177, 193]. 

The C-S-H in such blends may also have a lower Ca/Si ratio [155, 171] 

resulting in a more negative surface charge [150, 155, 176], and lower pH of 

the C-S-H [173, 175, 260], the reduction of which is also assisted by the 

sorption of alkali metals [155, 260].  

 

At early ages the pH of blended systems is still likely to be controlled by the 

presence of Ca(OH)2. The production of Ca(OH)2 as cement hydrates results 

in pH buffering ~12.4-12.6 which is above the preferential range of ~11.9-

12.2 suggested by Stegemann and Zhou [157]. However, in the presence of 

a pozzolan, the Ca(OH)2 is consumed, producing further hydration products 

resulting in lower pH values of blended systems than pure cement systems. 

The rate at which this consumption occurs will depend primarily on the rate of 

the dissolution of the pozzolan. This is both temperature and pH dependant 

[261]. Consumption of Ca(OH)2 also reduces the buffering or ANC of the 

matrix therefore blended systems tend to display a lower ANC than CEM 

I/waste matrices [223, 260]. The pozzolanic reactions which consume the pH 

also result in a denser microstructure due to the formation of the C-S-H which 

is more beneficial for reduced permeability and increased UCS, and 

consequently blended cements tend to perform better in these respects at 

later ages [204]. This is assisted by the ‘foil like’ morphology of the C-S-H 
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with low Ca/Si which results in less well connected capillary pores than the 

‘fibrillar’ C-S-H with high Ca/Si [171]. 

 

The pore solutions for alternative binders may also display different redox 

potential than that of CEM I due to the presence of reductive or oxidising 

agents [155, 238, 260]. 

 

Several advantages and disadvantages for using alternative binders have 

been discussed which may be summarised as 

 

Advantages 

• Economic and environmental benefits of using industrial by-products 

and avoiding cement manufacture. 

• Greater potential for formation of calcium-aluminate minerals 

including AFm and AFt phases, which may offer chemical 

immobilisation of anions and cations. 

• More negative surface charge beneficial for sorption of metal cations 

owing to reduced Ca/Si ratio and replacement of Si with Al in C-S-H. 

• Less permeable microstructure at later ages, offering enhanced 

physical retardation of contaminant diffusion. 

• Reduced pH below the excessive 12.4-12.6, owing to consumption of 

Ca(OH)2, sorption of alkali metals and reduction in Ca/Si ratio of C-S-

H. 

 

Disadvantages 

• Less consistent material composition and therefore less reliable than 

cement. 

• Slower reactivity, delaying setting time, strength development and 

immobilisation potential. 

• Lower ANC due to Ca(OH)2 consumption. 

 

It is important to consider that the range of materials which may be used as 

alternative binders is extensive and each material has a different composition 
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and behaviour. Additionally waste materials are, of course, variable and 

therefore the most effective binder for one waste is not necessarily the most 

effective for another. Due to this reasoning some of the factors listed as 

‘advantages’ or ‘disadvantages’ may alternate between lists depending on 

the waste being treated. The lists above were drawn up considering APC 

residue. The range of available binders makes it possible to tailor an s/s 

treatment to a specific scenario, although a detailed understanding of the 

scenario and as such the behaviour of the s/s product is essential for 

successfully achieving this. 

 

2.3.9.3.1 Alternative Cementitious Binders for S/S of APC Residue 

  

The use of ground granulated blast furnace slag (ggbs) has been studied by 

several authors for s/s treatment of APC residues [76, 241, 243, 262, 263]. 

Lampris et al, [241, 263] blended APC residue with ggbs utilising the high 

lime content in the APC and its inherent alkalinity, coupled with the high Si 

and Al content in ggbs, allowing pozzolanic reactions to occur when 

hydrated. Albino et al [262] blended ggbs with cement and CaSO4·1/2H2O to 

encourage ettringite formation, whilst Geysen et al [76] utilised CEM II, CEM 

III A, CEM III B and CEM III C. CEM II contains a minimum of 65%w/w clinker 

and up to 35%w/w pozzolanic material which is unspecified in the paper. 

CEM III A, B and C contain %w/w clinker of 35-64, 20-34 and 5-19 

respectively, with the rest of the weight (except for 0-5% ‘minor additional 

constituents’) accounted for by ggbs [98].  

 

As with APC residue/CEM I blends, compressive strengths reduced with 

increasing APC residue content [241, 262] and higher APC residue addition 

resulted in dissolution of the matrix upon submersion in water for 7 days 

[241]. Setting time of APC residue/ggbs blends increased with increased 

waste/binder whilst workability was reduced [241]. Similar curing conditions 

and mix proportions applied to APC residue/ggbs blends showed 

considerably slower setting times than that of the CEM I blends [263] which is 
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due to the nature of the raw materials and reactions occurring. The ggbs 

blends also had a greater water demand for a given level of workability. 

 

As with cement stabilised samples, chloride immobilisation was minimal. 

XRD showed evidence of Friedel’s salt [243] however quantification for 

comparison with CEM I blends was not possible. Granular leach tests 

showed greater chloride release from ggbs samples [263] which may suggest 

lower chemical immobilisation of the chlorides, although other factors may 

affect the results such as adjustments to the density of the dry matter through 

chemically binding water which may adjust the availability of chlorides 

(mg/kg) despite similar initial mixture proportions. Chloride release exceeded 

granular hazardous WAC limits [241] and the limited chemical fixation meant 

release from monolithic samples was primarily controlled by physical 

retardation which was insufficient for meeting the monolithic WAC leach 

limits. Release from ggbs blends was slower than release from cement 

blends [67, 241] perhaps due to the greater potential for Friedel’s salt 

production and therefore chemical retardation of diffusion, or improved 

physical encapsulation.  

 

Along with slower Cl release, measured release of Pb and Zn during 

monolithic leach testing on 28 day old samples has been observed to be 

lower from APC residue/ggbs samples than equivalent CEM I blends with 

similar waste:binder [243]. Monolithic WAC for stable non-reactive (SNR) 

hazardous waste cells was satisfied [243]. The pH of the leachates produced 

were lower for ggbs blends than CEM I blends [263] which, as previously 

discussed, is a result of the consumption of lime by the pozzolanic reactions 

occurring in the ggbs blends in comparison to hydration of the CEM I which 

produces Ca(OH)2. This reduction may have contributed to the lower release 

of the amphoteric Pb and Zn in the ggbs matrices than the CEM I blends 

[243]. The immobilisation potential of binders containing ggbs during granular 

leach testing was lower than that of a CEM I matrix after 7 days curing [76], 

likely due to the slower reaction kinetics. After 5 weeks curing performance 

was similar [76]. 
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Albino et al, [262] examined the release of metals from blends of APC 

residue with ggbs/cement/CaSO4·1/2H2O as well as 

PFA/cement/Ca(OH)2/CaSO4·1/2H2O, such blends were designed to 

encourage ettringite formation. Blends made with ggbs performed better than 

the PFA blends in terms of compressive strength and leach performance. 

Both ggbs and PFA blends showed sufficient compressive strength for WAC 

(1MPa). A higher waste:binder ratio could be achieved using the ggbs blends 

whilst still meeting US legal limits from granular testing. US legal limits were 

satisfied with waste:binder up to 3:2 using ggbs whilst limits were met with 

waste :binder up to 2:3 using the PFA blend. Direct comparison of the 

effectiveness of PFA and ggbs was not possible however since the 

concentration of other reagents used differed. Blends were designed based 

on optimum physico-mechanical performance [262]. 

 

The EPA leaching test used for assessment against US legal limits is 

considered to be a more aggressive leach procedure than that required for 

UK WAC [264]. The EPA test involved buffering to pH 5.2 [262] at l/s=20 as 

opposed to use of de-ionised water and l/s=10 for UK granular WAC, which 

is therefore undertaken at the sample’s natural pH. It is therefore considered 

that the legal limits for granular UK WAC could be met.  

 

Quina et al, [106] examined a range of CEM types including CEM IV 

(pozzolanic cement) and CEM II (65% clinker +pozzolan) a 1:1 blend of CEM 

I and PFA for the immobilisation of an APC residue, with waste:binder=1:0.62 

showing release from all types which would satisfy waste acceptance criteria 

for hazardous cells for Cd, Cr, and Pb but exceed WAC for Cl. 

 

2.3.9.3.2 Summary of Alternative Cementitious Binders for S/S of APC 
Residue 

 

Consistent with the work which utilised CEM I, the main concern for s/s of 

APC residues with alternative binders is the poor immobilisation of the 

chlorides, which remain present as highly soluble salts or associated with the 



54 

 

C-S-H. Formation of Friedel’s salt is the principal immobilisation mechanism, 

which is increased with increasing calcium and aluminium concentration and 

as such may be higher when using alternative binders than CEM I. The molar 

ratio of Ca:Al:Cl in Friedel’s salt is 2:1:1 [210] i.e. a weight ratio of 80:27:35.5. 

Considering the interaction of Ca and Al with other reaction products formed 

in APC residue blends including the formation of C-S-H and the reported 

preferential formation of SO4 phases before Cl, a considerable excess of Ca 

and Al would be necessary to bind enough of the Cl to meet WAC limits. Any 

s/s treatment for unwashed APC residues must therefore utilise a binder with 

considerable Al content whilst the Ca may, at least in part, be contributed by 

the APC residue itself.  

 

Additionally there are concerns about the slower reaction kinetics of 

pozzolanic binders. Physical encapsulation and immobilisation of 

contaminant metal cations may ultimately be as good as or superior to more 

costly CEM I binders at later ages. However, the longer curing times required 

to set, develop strength and attain these levels of leach performance can 

hinder the  feasibility of such systems commercially, implying the need for 

significant storage time before monoliths are physically stable enough for 

handling and can be safely disposed of. The demand for large quantities of 

binder and water to produce a workable mix, and structurally stable block 

observed in previous work, also increases the cost of such a treatment both 

in terms of binder cost and the increase in the volume and mass of the waste 

sent to the landfill cell.  

2.3.9.4 Alkali Activated S/S Systems 

 

Before discussing the materials analysed in this section it should be stressed 

that the majority of s/s systems are alkaline, resulting from the often alkaline 

nature of the binders and wastes used. As such, blending APC residues with 

pozzolanic materials, which require a high pH to react, can result in reaction 

even when the liquid phase is water. This was demonstrated by the work of 

Lampris et al [241] who took advantage of the alkalinity in order to blend APC 

residues with ggbs as previously discussed. This section however examines 
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the use of alkali metal solutions as the liquid phase in s/s matrices, the use of 

which can have several effects depending on a range of factors, such as 

solution type and concentration and raw material composition, as will be 

discussed. 

 

Shi and Fernandez-Jimenez [265] reviewed the use of alkali activated 

cements for s/s of hazardous and radioactive wastes. These were discussed 

in two groups dependent on the starting materials and therefore the reaction 

products.  

2.3.9.4.1 Alkali Activated Cementitious Systems 

 

The first group discussed is cementitious or pozzolanic materials which result 

in C-S-H formation. The typical example used by Shi and Jimenez [265] is 

alkali activated blast furnace slag (AAS) but other matrices such as lime/fly 

ash blends fall into the same category. The effects of alkali activation on such 

systems may include increasing the rate of (or initiating) reaction, 

encouraging dissolution of the aluminosilicate glass network [261, 266, 267]. 

Setting time is therefore shortened compared to water activation [268] and 

strength development may be accelerated [256, 269] particularly when 

coupled with increased curing temperatures. 

 

The combined effect of activator addition and temperature on compressive 

strength and pore structure may be detrimental [256]. The detrimental effect 

has been attributed to excessively fast reaction resulting in hindered diffusion 

and thereby non-uniform distribution of hydration products which can prevent 

complete hydration, reducing strength and also hindering crystal growth due 

to spatial constraints [256]. Such conditions may affect the nature of the 

reaction products. NaOH addition has been observed to suppress ettringite 

formation, with sulphate instead present as Na2SO4, a more soluble salt than 

ettringite and a disadvantage when trying to meet waste acceptance criteria 

(WAC) limits [256]. The production of Na2SO4 as opposed to ettringite may 

have been a result of the reduced ettringite stability due to the high pH [205, 

207] and Na availability, and perhaps spatial constraints due to the rapid 
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reaction rate at early ages. The additional ions introduced into the chemically 

active system can be incorporated into hydration products therefore the 

nature of the activator affects the products formed [270-272]. The nature of 

the activator including type, concentration and pH also affects the extent to 

which the reaction kinetics [267, 268, 273-275] and mechanical performance 

[256, 268, 270, 276] are influenced. In addition the nature of the activated 

material determines the effectiveness of a specific activator type or 

concentration [270, 272].  

 

The hydration products of alkali activated ggbs have been studied by several 

authors including [277-279]. The high pH appears to result in a semi-

crystalline C-S-H (I) i.e. poorly crystalline tobermorite with a low Ca/Si (<1.2) 

[172, 277, 279] which is more crystalline at higher curing temperatures [279] 

and, due to the high Al availability in ggbs, may show significant substitution 

of Si at later ages, when the silicate chains are more polymerised. The Ca/Si, 

being below 1.2, would encourage sorption of metal cations and have a pH of 

~11.5 [173]. This is below the threshold suggested by Stegemann and Zhou 

(11.9-12.2) [157]. However, the C-S-H would not be the only phase 

influencing pH when produced in a waste matrix, particularly not one 

involving APC residues. Secondary hydration products such as AFm phases 

may also be present [277-279] the nature of which is clearly dependent on 

the nature of the local chemical environment and as such varies depending 

on the composition of the activated material. Lime/fly ash [271] and 

lime/metakaolin [273, 280] blends also produce C-S-H when alkali activated 

with low concentration (<~5M) solutions, along with secondary reaction 

products which may include AFm, AFt or zeolitic phases. As discussed in the 

next section, the effect of activator concentration can be decisive for the 

reaction products obtained.  

 

AAS may effectively immobilise Cd, Zn, Pb and Cr6+ cations [281, 282], 

release of which may be lower than that from a Portland cement matrix [281]. 

Immobilisation of Hg and Zn in AAS matrices by formation of silicates, 

calcium minerals and incorporation in C-S-H has also been demonstrated 

[283, 284] although higher concentrations (2% by mass of ggbs) were seen 
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to significantly retard the formation of C-S-H. The lower porosity of the alkali 

activated slag matrices relative to those of typical Portland cement was 

stressed [282]. Physical encapsulation appeared to play a particularly 

important role for Cr6+ immobilisation since good correlation between the 

observed diffusion coefficient for Cr6+ and the pore structure were 

demonstrated [281].   

 

Work by Shi et al [285] showed high concentrations of Pb, Zn, Cr, Hg, Ni and 

B present in electric arc furnace dust to have less effect on the hydration of 

alkali activated blast furnace slag than water activated CEM I. This was 

shown by a much lower reduction of the maximum heat evolution rate when 

the arc furnace dust was added. The retardation of setting time was greater 

for the activated slag however. Other work [281, 282] has shown the addition 

of Pb and Cr6+ to alkali activated slags to have little effect on compressive 

strength development or pore size distribution of activated ggbs. Pb is known 

to retard cement hydration and strength development as previously 

discussed [150, 231]. Cr6+ may not have significant implications for the 

compressive strength of cement matrices after 7 days [231]. Additionally 

alkali activated slag materials or lime/fly ash pastes may show superior 

resistance to acid corrosion than CEM I pastes despite the lower ANC, due to 

the production of a protective siliceous layer of low permeability [163]. 

 

As previously mentioned sulphates may be more mobile in alkali activated 

blends due to depressed ettringite formation and instead formation of more 

soluble alkali sulphates [256]. Little literature is available on the mobility of 

chlorides in alkali activated cementitious or pozzolanic matrices. Roy et al 

[269] showed slower diffusion of external chlorides through alkali activated 

ggbs/CEM blends than water activated blends which was consistent with a 

lower porosity observed by mercury intrusion porosimetry. However, Shi 

[276] showed the strength, pore structure and permeability of alkali activated 

slags to vary considerably relative to that of a type III Portland cement, 

depending on the activator used. CaCl2 can itself be used as an activator for 

lime/fly ash and lime/natural pozzolan blends, increasing compressive 
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strength and reducing setting time [272, 286]. NaCl has no such effect 

however, appearing inert or even reducing the strengths observed [272, 286].  

2.3.9.4.2 Geopolymeric Systems 

 

With low availability of Ca or very higher activator concentration, activation of 

aluminosilicates, such as metakaolin and PFA, with alkali metal solutions, 

such as NaOH or KOH, can result in the precipitation of zeolitic phases [287] 

or semi-crystalline aluminosilicate gels referred to as geopolymers by 

Davidovits [265]. These are the second group of alkali activated s/s matrices 

discussed by Shi and Jimenez [265]. The primary reaction products observed 

appear to be dependent on the nature of the raw materials used, in particular 

the dominant cation present i.e. the alkali metal/Ca ratio, and the 

concentration of the alkaline activator [273, 280, 288, 289]. Increasing the 

activator concentration would affect the alkali metal/Ca ratio, however, the 

high OH- concentration encountered when using alkali hydroxide activators 

>~10M also encourages precipitation of Ca(OH)2 which can result in 

formation of geopolymeric phases even when Ca is present in the activated 

material [273, 280, 288]. Without Ca(OH)2 present, low concentration 

activators (<5M) result in insufficient OH- concentration for rapid dissolution 

of the aluminosilicate material, preventing reaction and setting [280]. 

Temperature increase may encourage reaction in such conditions [261, 275, 

290]. With low activator concentration and increased temperatures, 

crystalline zeolitic phases are likely to precipitate [287]. 

  

The use of geopolymeric matrices for the immobilisation of various waste 

ions has been studied by several authors [231, 265, 291, 292]. Such systems 

are considerably different to cementitious matrices and their applicability 

depends on the nature of the waste material. For example, Palomo and 

Palacios [231] examined the potential for immobilisation of Cr6+ and Pb in 

geopolymeric matrices, comparing the results with those for Portland cement. 

Geopolymeric matrices were vastly superior for Pb immobilisation showing 

low leaching and only a small loss of strength. The same addition of Pb to a 

cement matrix resulted in no strength development. The potential for Cr6+ 
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immobilisation was the reverse however. In high Ca systems such as alkali 

activated slag cements and Portland cement, calcium chromate (CaCrO4 or 

Ca2CrO5·3H2O [182]) can precipitate, with low solubility and little negative 

impact on compressive strength [231, 282]. In the low Ca alkali activated fly 

ash systems studied by Palomo and Palacios [231] Cr6+ formed the highly 

soluble Na2CrO4·4H2O which prevented Na condensing with the 

silicoaluminates and therefore prevented any mechanical strength 

development. Pb is often a concern in APC residue treatment, however the 

concentration would be significantly lower than that studied by Palomo and 

Palacios [231] and the principal concern would be the Cl salts. 

 

The effect of Cl addition to geopolymeric matrices, along with other inorganic 

salts, was studied by Lee and van Deventer [293]. Chloride addition 

increased early age strengths, but reduced the later-age compressive 

strength, consistent with other work [294]. Effects observed by Lee and van 

Deventer [293] were consistent with changes in mineralogy and morphology 

of the products and were very sensitive to the cation associated with the Cl 

and with the strength of the alkali solution used for activation. Higher solution 

concentrations resulted in lower strengths but were also less affected by 

chloride contamination. 

 

When curing conditions of alkali activated aluminosilicates allow formation of 

crystalline reaction products, generally from curing hydrothermally with low 

concentration (<5M) alkali solutions, zeolites may form [265, 287]. The type 

of zeolite formed will depend on various factors including raw material 

composition (in particular the Si/Al ratio of the glass matrix), the curing time 

and temperature, activator type and concentration, and l/s ratio of the 

synthesis. Zeolites can have a cation exchange capacity (CEC) as high as 

5meqg-1 [287] and therefore offer potential for immobilising hazardous metal 

cations [295-299]. However, in blends with high Ca availability zeolitic phases 

may not be stable as they may be consumed in pozzolanic reactions [295, 

300, 301]. As discussed previously, alkali activation with an alkali solution 

≤5M of cement or pozzolanic blends in which there is high availability of Ca, 

may not produce zeolites [254, 256, 277, 279], but rather C-S-H is the 
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primary hydration product. With the correct conditions however, zeolites may 

exist alongside Ca-bearing reaction products such as C-S-H [266, 295, 298, 

302, 303]. 

2.3.9.4.3 Alkali Activated Matrices for S/S of APC Residues 

 

The inclusion of APC residues or MSWI fly ash in geopolymeric matrices has 

been studied by several authors. Kourti et al [122, 123] examined the 

possibility of geopolymerisation of the glass collected from plasma melting of 

APC residues with quartz and corrundum as described in section 2.3.5 and 

[120]. As there are no leaching concerns associated with the plasma treated 

residue [120, 122], leaching from the produced geopolymer was negligable 

[123]. The study focused on optimising the mechanical and physical 

properties of the geopolymer, which were dependent on factors such as the 

alkali solution concentration and were shown for a range of properties to be 

suitable for various commercial applications [123]. 

 

Zheng et al [79] examined the possibility of geopolymerisation for 

immobilisation of an APC residue (referred to as fly ash but containing 

CaClOH therefore considered to include the scrubber residue and as such be 

APC residue according to the definitions of [20]) along with the implications of 

a pre-washing stage to remove the soluble salts. No supplementary materials 

were added by to encourage geopolymerisation, which was possible due to 

the extraordinarily high Si and Al concentration in the residue studied 

(SiO2=15.4%, Al2O3=7.2%). Studies on the geopolymerisation of MSWI fly 

ash [304, 305] used additional alumino silicate sources despite typically 

higher concentration of Si and Al in the fly ash. 

 

Compressive strengths up to ~26MPa were obtained from the washed APC 

residue geopolymer (made with 10M NaOH and 0.8M Na2SiO3 solution) with 

lower strengths observed at all ages for the unwashed residue [79]. This was 

most likely associated with the removal of Cl by washing, which as previously 

discussed may have a negative effect on the compressive strength of 

geopolymers [293, 294]. Washing also causes enrichment in the 
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concentration of the less soluble compounds present in the residue, resulting 

in an increased elemental concentration of Si, Al and Ca which would benefit 

geopolymerisation and/or C-S-H production thus improving strength 

development. Despite inevitably leaching during the washing stage, several 

metals were enriched in the washed residue including Cr. None of the 

negative impacts of Cr observed in other literature [231] were evident, most 

likely due to the significantly lower concentration.  

 

The porosity, measured by mercury intrusion porosimetry, of geopolymers 

produced from the unwashed residue was initially slightly lower than those 

produced from the washed residue [79], attributed to the presence of the 

crystalline chlorides. During leaching however there was wash-out of the 

soluble salts and significant damage to the samples was observed. Thus the 

initial lower porosity was only temporary. XRD analysis of the geopolymers 

revealed large amounts of NaCl. These chlorides were therefore not 

chemically immobilised and, although Cl leach results were not presented, 

would be expected to exceed WAC limits. This was consistent with low levels 

of Cl retention by chemical immobilisation, observed through 

geopolymerisation of MSWI fly ash and fabric filter ash [305]. Due to the low 

Ca concentration, and high, Na and CO3 concentration in the fabric filter ash 

studied in reference [305] it is suspected a Na based scrubber (NaHCO3 of 

Na2CO3) was used. 

 

Leaching of metals present in the APC residue and MSWI fly ash was 

generally below regulatory limits for SNR WAC [304] and low in comparison 

to their availability [79, 305]. Luna Galliano et al [304] compared the 

geopolymeric s/s products produced from geopolymerisation of MSW fly ash 

with Portland cement or Portland cement/lime blends. Sb was more 

successfully immobilised in the cementitious systems whilst other metals 

such as Pb and Ba appeared to be better retained in the geopolymeric 

matrices. Both matrices showed pH dependent leaching and significantly 

different ANC due to the different reaction products. Greater buffering at 

pH~12 was observed for cementitious blends which was a result of the 

increased Ca(OH)2 content. 
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Zheng et al [79] observed crystalline ettringite and calcium aluminate 

hydrates alongside the amorphous fraction of the products. As previously 

discussed ettringite production in alkali activated products may be 

suppressed due to the pH [207]. Zheng et al utilised a very low l/s ratio 

however (2.5ml solution/12g residue), and the NaOH appeared to be 

neutralised by reaction with the CaClOH to produce NaCl and Ca(OH)2. The 

samples prepared using the washed APC residue contained no CaClOH and 

did not produce ettringite with sulphates instead identified as Na2SO4. 

Sodium sulphate formation would also neutralise the NaOH. Potentially the 

ettringite formation was then dependant on the availability of the Na to 

combine with the SO4 which was lower in the unwashed samples due to the 

formation of NaCl. It is likely that amorphous C-S-H was also present 

alongside the geopolymeric gel as discussed by Yip et al [289] and appeared 

to be evident in the alkali treated plasma product studied by Kourti et al [123] 

due to the high availability of Ca in the residue. 

2.3.9.5 S/S of EfW Fly Ash 

  

Whilst the review so far has focused on papers which report treatment of 

APC residues, many papers report treatment of fly ash collected from EfW 

incinerator by s/s. A selection of these papers includes [166, 215, 216, 306-

314]. As discussed in 2.2.2, the fly ash is collected before the addition of the 

alkaline scrubber to absorb the acid gases and therefore typically contain 

lower concentration of Ca, Cl and SO4 and higher concentration of Si and Al. 

The mineralogy is also different, without the formation of CaClOH and lower 

Ca(OH)2 and (therefore potentially) CaCO3 content [20]. Some similarities 

may be considered however as fly ashes may still contain high levels of 

chloride and sulphate salts including NaCl, KCl and CaSO4 along with metal 

pollutants [20, 215, 216, 310, 311]. 

 

Work on s/s of MSW fly ash demonstrates the potential for immobilisation in 

various cementitious or pozzolanic systems including with cement [166, 311] 

pozzolanic cement [312, 313], a lime/pozzolan matrix [216] and using 
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calcium aluminate cement [215]. Immobilisation of metals including Pb and 

Zn within such binders has been demonstrated [166, 215, 311, 312]. Leach 

results for chlorides remain high from CEM I matrices [166] and are not 

presented in the studies using alternative binders. Based on characterisation 

the release is expected to remain high, although reduced, with the use of 

high Ca and Al binders which results in significant formation of Friedel’s salt 

[215, 216, 312]. Remond et al [310] observed greater evidence for Friedel’s 

salt production when using a cement with higher C3A content. 

 

Other authors performed very energy, resource and economically expensive 

pre-treatments on MSW fly ash before s/s treatment including melting at 

1400°C and pulverising [314], or washing followed by addition of phosphoric 

acid, and calcination at >600°C [306, 307], or performing washing stages 

[309]. As previously discussed, whilst washing is a simple method of 

removing soluble salts from the APC residue, unless the contaminants in the 

effluent can be recovered this process appears not to satisfy the IPPC 

directive [12] since the pollutants are moved from one media to another. And 

therefore the treatment may not be considered beneficial for the environment 

‘as a whole’.  

 

In a novel approach Massiardier et al [308] extruded MSW fly ash with 

melted polymers to produce pellets which were then solidified in mortar. Pb 

release was increased when PVC was included as a polymer for pellitisation 

due to the Pb stabiliser in PVC. Some immobilisation of Zn was observed. 

The possibility of including waste plastic in such a treatment reduces the 

economic costs and increases resource efficiency although removes the high 

calorific materials from the incinerator. 

 

Work has also been performed on the geopolymerisation of EfW fly ash [304, 

305]. These papers were discussed in chapter 2.3.9.4.3. 
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2.3.10 Summary of APC Residue Treatment Options 

 

Despite the many treatment methods reviewed there is not yet an 

inexpensive, sustainable solution for treating the quantities of APC residue 

which are being produced to a level suitable for landfill sites which are not 

classed as hazardous. With residue production expected to continue rising it 

is important that such a treatment, or preferably a method of valorising the 

waste, is developed. This problem results in ~90% of UK APC residue being 

sent to hazardous landfill sites with derogated WAC. Table 2.8 [110] shows 

the global nature of this problem by a summary of primary treatment methods 

in various countries.     

 

Treatment options may be categorised into two types. The first type of 

treatment would include methods of encapsulating the waste, preventing 

liquid contact with the waste and therefore avoiding leaching of 

contaminants. A typical example of this type of treatment would be bitumen 

encapsulation, or storage in deep salt mines. The second type of treatment 

involves chemically incorporating the hazardous elements in insoluble (or 

less soluble) compounds. Included in this category would be treatment by 

carbonation and the various chemical stabilisation methods such as the 

Ferrox process, VKI and AES. Although most treatment options bridge both 

categories to some extent, this is most clear with s/s and thermal treatments 

including cement production. The amount of chemical immobilisation and 

physical encapsulation vary depending on the materials and treatments used.  

 

Whilst immobilisation of metals and oxyanions by various methods seems to 

be achievable to limits required by the WAC, Cl leach seems to be a 

consistent problem for all kinds of treatment due to the very high 

concentrations present in the residues. Many treatment methods therefore 

require a washing stage in order to remove a large proportion of the soluble 

salts from the waste prior to additional treatment. Thermal treatments 

similarly remove the salts by volatisation and offer more potential for their 

recovery than a water washing stage. Removal of salts adds expense and 

results in a further waste stream (the wash eluate or secondary APC 
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residue). Unless the elements present in wash eluates can be recovered, 

such treatment appears contradictory to the IPPC regulations because the 

pollutants are being moved from one environmental media to another. 

Though they may be recirculated, recovery of wash eluates is difficult due to 

the solubilised metals and oxyanions alongside the chloride and sulphate 

salts.  

 

Based on the literature review it was decided to examine the potential use of 

a pulverised fuel ash, high in Si and Al, as a reagent for s/s of APC residue, 

utilising the reactive Ca contents in the residue for consumption in pozzolanic 

reactions and production of AFm/AFt minerals. The high concentration of 

reactive aluminium present in PFA was considered to perhaps offer potential 

for immobilisation of significant proportions of the chloride ions by 

incorporation within the Friedel’s salt AFm phase. Such lime/fly ash systems 

are not uncommon for s/s binders and the involvement of the Ca present in 

the APC residue could allow for a high waste:binder ratio, increasing the 

efficiency of the treatment. Activation of the system with an alkali solution, 

and using elevated curing temperatures were considered primarily in order to 

increase the reaction kinetics which are otherwise slow causing commercially 

unfeasible setting times and microstructure development.  

 

A PFA was identified which did not meet end of waste criteria established in 

EN 450. The use of such a PFA has several advantages, reducing economic 

and environmental costs associated with reagents and avoiding disposal of 

the PFA. Conversely, there are also potential disadvantages to the use of 

such materials, including high water demand and addition of pollutant ions 

which require monitoring for WAC and may have detrimental influence on the 

matrix integrity. A waste alkali solution resulting from cleaning of extrusion 

dyes in an aluminium plant was also identified. Such a waste would require 

treatment and disposal which is avoided by its use as a reagent. A perceived 

additional advantage of using such a waste was the contained soluble 

aluminium content which can contribute alongside the aluminium present in 

the PFA to sparingly soluble mineral production. 
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Table 2.8 Overview of management of EfW incineration residues internationally 

[110] 
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3 Experimental Techniques 

3.1 Sample Preparation 

 

Samples were prepared as 50 mm cubes by mixing dry materials, adding the 

liquid phase and blending until homogenous before compacting using a 

vibrating table or hand tamping as necessary. Samples were cured at various 

constant temperatures. Humidity was controlled by sealing in plastic bags to 

prevent excessive drying until test age. 

3.2 Chemical Characterisation Techniques 

 

This section reviews test methods which were undertaken in order to 

characterise, the chemistry and morphology of the reactants and products 

studied. Characterisation was undertaken in order to offer insight into 

reasons for the achieved level of performance. Characterisation of the 

treated waste products was also important since ‘the government considers 

that simple physical dilution, without any concurrent chemical or physico-

chemical changes, is not an acceptable treatment process’ [14]. It is 

therefore necessary when testing an s/s product to ensure that physico-

chemical changes in the waste form occur, which reduce its hazardous 

nature. Whilst leach tests may give some indication of chemical changes, 

confirmation can be achieved with characterisation techniques. 

3.2.1 Hydration Stopping Techniques and Sample Storage 

 

Before analysis by XRD and SEM samples were hydration stopped, a 

technique designed to drive water from the sample in order to allow storage 

of samples without further reactions which depend on the presence of water, 

such as hydration reactions and carbonation, occurring before analysis. 

Additionally, during the present study, hydration stopping was necessary in 

order to observe the soluble reaction products as can be seen in Appendix A. 

 

Several techniques can potentially be used to initially remove water from 

samples such as oven drying, freeze drying and solvent replacement. These 

techniques all have implications on the mineralogy and pore structure of the 
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sample which must be considered [315-321]. In this study hydration stopping 

was undertaken by submersion in isopropyl alcohol (IPA) for 24 hours 

followed by vacuum drying for a further 24 hours which was sufficient to 

result in a %weight change over 4 hours of <0.1% classed as dry according 

to BS EN 1924-2:1990 [322]. 

 

This technique was decided upon based on a review of the literature which 

suggested replacement of pore water with a solvent of lower surface tension 

and greater volatility enables relatively rapid drying in a vacuum with less 

damage to the pore structure than removal of water directly [315, 320]. This 

is discussed further in (3.3.9). Solvent replacement may alter the mineralogy 

of cementitious samples, thereby giving misleading results from subsequent 

chemical analysis, particularly by thermal analysis [315-319, 321]. The extent 

of this influence appears dependant on the solvent used. IPA was decided 

upon for the solvent since according to the referenced literature there 

appeared to be less chemical influence on mineralogy similar to that present 

in the samples examined in the present study.  

 

The minimal effect of submersion in isopropanol and vacuum drying was 

confirmed by results presented in appendix A. It was shown that other than 

the appearance of the highly soluble phases, x-ray diffraction (XRD) patterns 

obtained for a typical sample dried by submersion in IPA and vacuum drying 

showed little to no deviation from that obtained for the undried sample. This 

technique was therefore considered suitable for hydration stopping of 

samples when storage was necessary. Once water was removed, samples 

were stored in sealed plastic bags over a hygroscopic self indicating silica gel 

in a desiccator to prevent re-absorption of water from the atmosphere.  

3.2.2 Simultaneous Thermal Analysis (STA) 

 

STA was undertaken in order to gain insight into the chemical/mineralogical 

composition of samples. The STA applied involved the use of 

thermogravimetric analysis (TGA) and differential thermal analysis (DTA).  
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TGA monitors the weight change of the sample as a function of temperature 

or time. Weight changes occur as substances decompose and gases are 

given off. TGA curves may be presented with temperature or time along the x 

axis and weight, %weight or relative molecular mass plotted on the y axis 

[323]. Results may also be presented as a first derivative of the TGA curve, 

known as derivative thermogravimetric (DTG) curve. DTG curves may be 

used to achieve greater clarity when weight losses due to different processes 

overlap. A change in sample mass due to a known decomposition can be 

used to quantify the amount of a particular phase in the sample (%w/w).  

 

DTA monitors the temperature of the sample relative to that of an inert 

reference material subjected to equal conditions. In this way exothermic and 

endothermic reactions which occur as samples suffer physical and chemical 

changes as a function of time and/or temperature can be observed. This is 

achieved by plotting chamber temperature (or time) along the x axis and 

temperature difference between sample holder and inert reference material 

holder on the y axis. This information can inform on the compounds present 

in the sample. Peaks are most distinguishable for crystalline phases present 

in high concentrations due to the large concentration of material undergoing 

the changes simultaneously. 

 

STA has been widely used throughout scientific literature due to its relative 

simplicity and in particular the quantitative analysis which can be achieved 

with the use of TGA curves. The extent of cement hydration for example is 

frequently undertaken via STA by monitoring the presence of Ca(OH)2 [144].  

Similarly monitoring of the Ca(OH)2 peak has been used to observe 

pozzolanic reactivity, in which the Ca(OH)2 is consumed [324-326]. 

 

Whilst qualitative anaylsis of materials with the use of STA is possible, it 

should ideally be used alongside additional, complementary techniques such 

as XRD which is more sensitive to subtle changes in phase composition, or 

only when there is already a relatively sound understanding of the materials 

and the phases which are likely to be present. Many phases suffer 
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physical/chemical changes at similar temperatures and therefore 

identification of an unknown material by STA alone is unadvisable.  

 

Several factors can affect the results obtained by STA and therefore must be 

considered in order to achieve meaningful, reproducible results, these factors 

have been summarised in [323]. 

• Heating rate- Peaks corresponding to phase changes will occur at 

lower temperatures when using a lower rate of heating, the 

temperature range of a reaction (from start to finish) may also appear 

to be lower at lower heating rates. The heating rate can be lowered in 

order to achieve higher resolution of STA curves, generally a 

compromise is made between curve resolution and analysis time. 

• Furnace atmosphere- The atmosphere within which heating of a 

sample takes place has significant consequences on the behaviour of 

the sample. Ideally the atmosphere should remain constant throughout 

the experiment. This is hindered by the evolution of gases from the 

sample and convection currents which occur within the furnace. These 

issues are generally overcome by allowing flow of a controlled gas 

through the furnace, maintaining a constant pressure. The selection of 

the type of gas used and therefore the atmosphere in which heating 

takes place is an important one. Different atmospheres may affect the 

temperature at which physical/chemical changes occur, e.g. 

decomposition of CaCO3 occurs at much higher temperatures in a CO2 

atmosphere than N2 [323]. Heating in an atmosphere which contains 

oxygen also allows combustion of the sample which is not possible in 

oxygen free, inert atmospheres such as N2. This behaviour can be 

taken advantage of. For example Paya et al [327] suggested a method 

for determining the organic carbon content of PFA by first heating in 

an inert N2 atmosphere to remove mass due to water, hydrated lime 

and CaCO3, before cooling, switching to a reactive  atmosphere and 

re-heating the sample to allow mass loss due to organic carbon 

combustion. This method offers a more accurate determination of 

organic carbon content than more traditional loss on ignition methods 
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of determination such as BS EN 12879:2000. Atmospheres may be 

chosen and manipulated depending on the information desired from 

the analysis. 

• Crucible geometry- The geometry of the crucible used to hold the 

sample during analysis has implications on the diffusion of evolved 

gases and therefore may affect the atmosphere in which the sample is 

heated. 

• Sample preparation- Care must be taken when preparing samples for 

STA in order to obtain reproducible results. The weight and volume of 

sample used may affect the diffusion of evolved gases and heat during 

reactions. Particle size also has significant impact on the behaviour of 

a sample during thermal analysis. Criado and Ortega [328] showed 

activation energy for decomposition of CaCO3 to decrease with 

decreasing particle size. 

3.2.2.1 STA methods used in the present study 

 

STA was performed throughout this study using a Stanton-Redcroft STA 

1500. Whilst it is possible to increase the chamber temperature of this 

equipment to 1500˚C which may give further information on sample 

composition, this was avoided due to the possible corrosion of equipment 

which may occur as chlorides and sulphates are volatilised, which are 

present in large quantities in APC residues. Equipment was calibrated by a 

contract worker due to the difficulty of the process. Calibration was checked 

running materials of known behaviour such as CuSO4·5H2O and Zn. 

Periodically laboratory reagent grade Ca(OH)2 was also used in order to 

check the calibration. Since the STA equipment was readily available 

hydration stopping of samples as described in section 3.2.1 was not 

necessary and therefore avoided due to the possibility of obtaining erroneous 

results. 

 

Samples were prepared by first grinding to a fine powder with a pestle and 

mortar in order to normalise particle size. Analysis was performed 

immediately after preparing the sample as a fine powder. A mask was worn 



72 

 

in order to mitigate against carbonation of the sample during preparation 

which may be accelerated due to the increased surface area after grinding 

the sample. Between 15-18mg of sample was used for each run which 

generally consisted of heating from 20-1000°C at a rate of 20°C/min in a N2 

atmosphere at a flow rate of 58ml/min.  

 

Attached to the STA was a mass spectrometer. This collected gases evolved 

during the heating of the sample and identified their masses. Identification of 

mass allowed identification of the gases produced, providing further 

information on decomposition processes and assisting with phase 

identification. 

 

Quantification of phases identified by STA analysis was achieved by drawing 

tangents to the TGA curve at the start and end of the mass loss and 

measuring the loss at the midpoint as depicted in [144]. This method allows 

for a sloping baseline due to gradual loss of water from amorphous phases 

and subject to attractive surface forces [203]. Depending on pretreatment, C-

S-H and hydrated aluminate phases may for example loose bound water 

from ~90°C to beyond 550°C [144]. The % value obtained at the midpoint 

was used as ∆y in equation 3.1. Where mass losses overlapped this method 

could not be used to achieve accurate results.  

Equation 3.1.   y
mw

mw
w

v

c ∆= *)(%  

In which  %w= the % weight of the compound 

  mwc= the molecular weight of the compound 

  mwv= the molecular weight of the volatilised fraction 

  ∆y= the % weight loss measured by TGA 

 

Analysis of as received APC residues by STA presented overlapping peaks 

and mass losses due to the decomposition of Ca(OH)2 and CaClOH. Several 

methods were evaluated for quantification which are discussed and 

compared in appendix B. The method used involved analysis of the DTA 

peak areas. Although particle size may affect the DTA peak area [144], good 
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linearity between DTA peak area and %w/w Ca(OH)2 content determined by 

analysis of the TGA curve was observed for a range of samples studied 

within this work (Figure 3.1).  
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Figure 3.1 Response of DTA peak area to %w/w Ca(OH)2 determined by analysis of 

the TG curve 

 

The method of quantification by analysis of the DTA peaks involved first 

subtracting a baseline, created by drawing a tangent across the overlapping 

DTA peaks, before fitting a Gaussian peak to the DTA peak corresponding to 

Ca(OH)2 using Origin Pro software. This peak was then integrated and the % 

weight Ca(OH)2 calculated assuming the linear relationship shown in Figure 

3.1. The weight loss due to Ca(OH)2 could then be calculated. The rest of the 

loss observed by the TGA curve occurring within the range of the overlapping 

peaks was attributed to loss of water from CaClOH. 

 

As is shown in Appendix B the different methods of analysing the overlapping 

peaks resulted in some variation in the observed concentrations. The 

quantification was therefore only considered suitable for comparison of the 

relative concentration of compounds within materials to which the same 

analysis method was applied. This technique was only necessary for analysis 
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of the APC residues as received. Quantification of the TGA curves for other 

samples could be undertaken by drawing tangents as previously described. 

3.2.3 X-ray Diffraction (XRD) 

 

XRD was used to characterise the crystalline phase of samples. This 

technique consists of directing x-rays at the sample. An intensity peak of 

diffracted x-rays occurs when the distance travelled by rays diffracting from 

consecutive atomic planes differs by an integral number of wavelengths of 

the x-ray, causing constructive interference. This occurs when atoms are 

periodically distributed throughout the sample i.e. the material is crystalline.  

Mathematically this is written as Bragg’s law, (equation 3.2), derivation of 

which can be found in [329]. Plotting intensity against d-spacing or °2θ gives 

a pattern characteristic of the crystal structure which can be examined 

against databases of previously determined patterns to identify crystalline 

phases present [330]. 

 

Equation 3.2.  λθ nd =sin2  

 

In which λ =x-ray wavelength 

θ =scattering angle 

d=inter plane distance of lattice 

n=an integer representing the order of the diffraction peak. 

 

The relative intensities of peaks can be used to give some indication of the 

%w/wcrystalline of a given phase. This process can be performed using 

computer software such as Phillips X’pert Highscore in which the Semi-

quantitative, normalised reference intensity ratio (RIR) method is employed. 

RIR values are calculated from the intensity (height) ratio of the strongest line 

of the phase in question relative to the strongest line of corundum in a 

mixture of equal weight percentages [331, 332]. Chung [332] stated that 

three important factors for achieving high precision and accuracy when using 

this method included: 
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• Grinding to achieve optimum particle size and sample homogeneity. 

Alexander et al (1948) recommended a particle size <10µm [331]. 

Smaller particle or grain size generally increases the amount of 

crystals in all orientations which can be examined in the irradiated 

area, increasing the chances of correctly orientated crystals to reflect 

x-rays at each characteristic °2θ. “When the grains are too large there 

is not enough room within the irradiated volume for a sufficient number 

of crystals to lie in all possible orientations. The reflections will still lie 

on a curve of constant θ but the resulting powder reflection will no 

longer be a smooth line.” [333]. When reflections or ‘Debye rings’ 

become spotty the intensity becomes uneven which can affect the 

intensity registered by the detector [334]. However, if particles become 

too small, peak broadening or damage to crystals may occur [334, 

335].  

• Loading of sample into sample holder by free-fall in order to avoid 

preferred orientation. Preferred orientation has similar effects to large 

grain size in that the statistical distribution of crystals in each 

orientation is uneven, impacting on observed intensities and in severe 

cases causing the absence of peaks [331, 334, 335]. The effects of 

preferred orientation are most pronounced when analysing crystals 

with anisotropic shapes such as calcite or gypsum [334, 335]. 

• That the phase used for the reference intensity and the phase to be 

analysed have equal levels of perfection or imperfection in crystal 

structure. Differences in crystallinity can be seen in the width of the 

diffraction lines or peaks. The width of peaks can also vary depending 

on the crystal size. Analysis of peak widths can be performed to inform 

on the crystal dimensions [333]. 

In addition it is important to analyse a flat surface when performing powder 

diffraction. Without a level surface, errors in the observed °2θ may occur 

[329, 334]. 

 

Errors tend to occur when using this quantification method for materials 

which are not pure due to variations in crystallinity and non-perfect statistical 
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distribution/orientation of crystals. The method is therefore only considered to 

give a broad indication of relative proportion of phases present.  

 

The restriction imposed by the need for periodic atom distribution, allowing 

only identification of crystalline phases by sharp peaks, allows the proportion 

of the sample which is crystalline to be calculated. This may be done by 

comparing the %w/wcrystalline of a phase as shown by XRD with the % weight 

in the total sample of the same phase as determined by alternative 

characterisation techniques (e.g. STA). Alternatively addition of a known 

weight of crystalline material to the sample can give similar information. This 

method is commonly referred to as the internal standard method and 

corundum is commonly use as the crystalline material added due to its low 

amorphous content, small grain size and because it generally shows little 

preferred orientation [336].  

 

XRD has become a widely used method for characterisation of reactants and 

products. Though in cementitious and pozzolanic systems the primary 

reaction products are largely amorphous, XRD allows identification of 

secondary reaction products which may be of significant importance to the 

performance of the materials. Occasionally ‘semi-crystalline’ products may 

also be observed as broad peaks on XRD patterns for example semi-

crystalline C-S-H (I) [277, 279].  

 

It is also possible to derive some information on amorphous phases from 

XRD data. Amorphous phases give broad diffuse humps or ‘halos’, the 

position of which is ‘usually centred near the main peak of the crystalline 

compound that the glass would form if devitrified’ [337]. Identification of 

materials from amorphous XRD patterns is not generally undertaken, due to 

the simplicity of the patterns and difficulties in distinguishing materials. If a 

significant amount of information about the material is already known 

however, such that the range of possibilities is narrow, reasonable 

assumptions on the composition of amorphous phases can be made based 

on XRD analysis. Diamond [337] for example, noted correlations between the 

°2θ value corresponding to the maximum point of the amorphous hump in 
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PFA and the composition of the glassy material present. Analysis of 

amorphous materials can produce a radial-distribution function, informing on 

the density of atoms relative to any reference atom in the solid, and as such 

giving information on the local atomic environment [329].  

 

3.2.3.1 XRD measurements made during the Present Study 

 

Samples analysed by XRD in the present study were prepared by grinding 

with a pestle and mortar and backfilling, in order to avoid preferred 

orientation and obtain a level surface for analysis, into a sample holder with 

10mm sample surface diameter. Samples were rotated during analysis, by 

this process “the number of crystals contributing to the formation of each 

powder line is considerably increased and the line becomes smoother” [333]. 

A spinner revolution time of 2-4 seconds per revolution was used. 

 

XRD analysis was performed using a Phillips X’pert Pro diffractometer with 

X’celerator detector; Cu Kα x-ray source operated at 40kV and 40mA; Ni β 

filter, in place to absorb the Kβ wavelength, removing associated peaks and 

thereby simplifying results and avoiding incorrect assignment [329]; 0.04 

radian Soller slits, used to minimise axial divergence of the beam which can 

result in peak asymmetry and misleading peak positions particularly at low 

angles [329, 334]; divergence and anti-scatter slits programmed to give an 

irradiated/observed length of 10mm. Data was typically collected with a step 

size of 0.0334°2θ and a time per step of 120 seconds. Most samples were 

analysed between 5-90°2θ although some deviation occurred depending on 

information gathered during trial runs performed with less time per step. 

 

Samples were hydration stopped by submersion in isopropanol and vacuum 

drying prior to analysis by XRD as described in chapter 3.2.1. 

 

3.2.4 X-ray Fluorescence (XRF) 

 

Bulk analysis of the chemical composition of certain samples was performed 

by XRF. This technique gives the concentration of elements present as a 
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weight percentage. As in XRD an x-ray is aimed at the sample to be 

examined. Unlike XRD, XRF relies on absorption of the x ray. If the x-ray had 

sufficient energy electrons are ejected from the inner shells creating 

vacancies, this process is known as the photoelectric effect and is taken 

advantage of for techniques such as photoelectron spectroscopy. The 

vacancies left in the inner shells of the atom are filled by electrons moving in 

from the outer shells. This causes fluorescence of an x-ray photon of energy 

equal to the difference in the initial and final state of the atom. XRF measures 

the energy of, and counts these x-ray photons. Due to the unique energy 

levels of elements, composition identification is possible [338, 339]. By 

measuring the intensity of x-rays of discreet energies it is possible to quantify 

the concentration of each element in the material. This quantification can be 

quantitative or semi-quantitative dependant on sample preparation. 

 

Samples prepared for XRF should ideally be homogeneous such that the 

analysed material is representative of the bulk material. This may mean 

controlling particle size prior to analysis [335, 339]. Semi-quantitative XRF 

involves pressing the powdered sample into a pellet generally with an organic 

binder. Quantitative analysis involves fusing the sample with typically borate 

fluxes at ~800-1200˚C [339]. More reliable information than semi-quantitative 

analysis may be obtained by fusion because matrix, particle size and 

mineralogy effects are reduced by the formation of a glass like homogeneous 

liquid which hardens when cooled [339]. The fusion temperature must be 

considered however. High temperatures can result in volatisation of a 

significant proportion of certain materials, APC residues for example, which 

consist of the volatile fraction of the waste at 850°C may undergo a very high 

loss and therefore XRF results obtained by quantitative analysis would be 

misleading. 

3.2.4.1 XRF measurements made during the present study 

 

Samples analysed by XRF in the present study were sent away for analysis 

to Sheffield Hallam University, sample preparation was performed by 

pressing into a pellet with an organic binder. XRF analysis of APC residues 
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was not undertaken due to the risk of volatisation of certain fractions by 

quantitative preparation, and the need for greater accuracy in determining 

concentrations of trace elements. As such Bulk elemental analysis of APC 

residues was undertaken by acid digestion and ICP-MS or ICP-OES. 

3.2.5 Scanning Electron Microscopy (SEM) 

 

SEM analysis was performed in order to obtain greyscale images of samples 

magnified up to ~10,000* [340] allowing features to be seen in detail or in 

relation to their surroundings. At lower levels of magnification it is possible to 

study such as the arrangement of particles, defects in pastes and porosity. At 

higher magnifications it is possible to distinguish the morphology of reaction 

products and the extent of hydration [340]. Electron microscopy involves 

firing a beam of electrons at the sample and measuring the intensity of the 

return signal. Many signals may be measured including secondary electrons 

(SE) and back scattered electrons (BSE).  

 

Backscattered electrons occur due to the return of incident beam electrons to 

the detector after interaction with the sample. They have energy between that 

of the primary electron (as aimed at the sample therefore elastic scattering) 

and, if multiple collisions within the sample have occurred resulting in energy 

loss before re-emergence, 50eV (by convention) [341]. BSEs offer 

information on average atomic number as this has a predominant effect on 

the intensity of the return signal. Areas of high average atomic number 

appear brighter on BSE images therefore when the contrast and brightness 

are carefully set, identification of compounds by their greyscale is possible 

and quantification of compounds (and pores) within the observed area can be 

performed [340]. This can be a useful technique, however, consideration 

must be given to the limited sample area being analysed as well as the 2D 

nature of the image which influences such as estimation of particle and pore 

size distribution [340]. Additionally the 2D nature of the BSE images means 

the connectivity of pores and therefore permeability of the sample cannot be 

deduced.  
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The greyscale response observed in BSE imaging is not only affected by the 

average atomic number but by the topography of the sample. In order to 

avoid the influence of the latter samples are prepared as flat, resin 

impregnated and polished surfaces which may affect pore structure. 

Additionally samples must be dried before analysis in high vacuum SEM 

which can have significant affects on the pore structure depending on the 

process used (discussed further in chapters 3.2.1 and 3.3.9) [340, 341]. 

Drying of samples can be avoided by the use of environmental or low 

vacuum SEM, this technique also avoids the need to apply a conducting coat 

to non-conductive samples in order to avoid charge build up as is necessary 

in a vacuum. In a low vac SEM the gas surrounding the sample includes 

positively charged ions which neutralise the negative charge build up on the 

sample after exposure to the electron beam [342]. 

 

Secondary electrons (SE) are sample atom electrons liberated through 

inelastic scattering of the incident beam electrons. They therefore have low 

energies (<50eV) and offer information on surface topography and films 

[341]. SE imaging has the advantages of clearer resolution than BSE imaging 

and therefore it is easier to distinguish morphology and voids, additionally 

three-dimensional morphology of particles may be observed which is not 

possible with BSE imaging due to the need for a flat, polished surface. Due to 

the low energy of SEs, this type of analysis is limited to a very thin area at the 

sample surface. SE imaging is commonly performed on fracture paths which 

are typically weak sections of the sample and are therefore unrepresentative 

of the bulk [341]. The surfaces observed by flattening and polishing as is 

typical for BSE imaging may be more representative [340]. 

 

If electrons in the incoming beam collide and eject an inner shell electron 

from a sample atom, such that an outer shell electron drops to the inner shell, 

analysis of the characteristic x-rays emitted from the sample (similar to that 

measured during XRF as previously discussed) can offer localised chemical 

analysis of the features in the paste which can be compared to the visual 

image produced. This type of analysis is known as energy dispersive x-ray 

spectroscopy (EDX) or energy dispersive spectroscopy (EDS). Due to the 
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extreme localised chemical analysis it can be possible to determine which 

elements are associated with one another in the reaction products. It is 

however important to consider the type of analysis with respect to the area of 

the sample which will be studied. This is summarised in Figure 3.2 [340]. Due 

to the higher energy of the electrons, BSE analysis penetrates deeper into 

the sample than secondary electron analysis. X-rays as measured in EDX 

are generated throughout an entire pear shaped interaction zone and 

therefore EDX analysis may not correspond directly to the image produced 

by BSE. 

 

Figure 3.2 Interaction zone for SEM and EDX analysis [340] 

 

SEM imaging has been used by several authors for analysis of waste 

matrices including [161, 167, 168, 178, 180, 262]. Observations have 

included, the impact of specific wastes on the reaction rate and products of 

the matrices [180], the influence of leaching on the matrices [167, 168], and 

the influence of carbonation and in-situ degradation [161, 167, 168]. Several 

authors have also used the technique to observe the presence of metals due 

to their bright response with BSE imaging coupled with energy dispersive x-

ray (EDX) analysis [168, 178, 262]. This can inform on their behaviour during 

leaching and the reaction products with which they are associated. Due to 

the different interaction zones of the signals previously discussed, and the 

often fine intermixing of reaction products, such observations require 

additional evidence. SEM analysis is also commonly incorporated in a suite 
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of analysis techniques for raw materials, offering information on such as 

particle morphology and size distribution. 

3.2.5.1 SEM analysis in the present study 

 

Sample morphology was examined using an FEI XL-30 environmental SEM 

with an accelerating voltage of 20 kV. Although the use of an ESEM 

precludes the need to dry samples prior to analysis, the microscope was 

typically operated with a chamber pressure of 1 torr, effectively working in 

low vacuum mode. At this level the relative humidity would be reduced to 

such an extent that samples would be in a dry state as viewed. For example, 

at 20°C the saturation vapour pressure of water is 17.54 torr, operation of the 

ESEM at a chamber pressure of 1 torr would therefore allow a maximum 

%RH of 100/17.54=5.7%. Use of the microscope at this level did however 

prevent the need for application of a conductive coating to prevent charge 

build up during analysis.  

 

Fracture surfaces were viewed using a gaseous secondary electron detector. 

Raw materials were viewed by SE and BSE detection after sprinkling a thin 

coating onto a carbon pad. BSE imaging was also performed after resin 

impregnating flattened cross sections of samples with Struers Epofix resin 

and hardener. Following hardening of the resin, samples were polished with 

various grades of silicon carbide paper and cloths to which Struers DP-Stick 

P polish was added containing various size polycrystalline diamonds, along 

with a Kemet type OS lubricant. Polishing was performed mechanically using 

a Struers Rotopol-35 and PDM Force-20 in order to achieve regularity.  

 

An EDX attachment was available for the FEI XL-30 ESEM equipment. 

However, due to the highly heterogeneous nature of the samples studied at 

the level viewed in the SEM, and the fine intermixing of the hydration 

products, EDX analysis was considered unreliable for phase identification 

[343]. Although it is possible to overcome this problem to an extent by 

extended use of EDX and plotting elemental ratios in order to determine 
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trendlines, as used in various previous studies e.g. [344] this type of analysis 

was not prioritised during the present study.  

3.2.6 Calorimetry 

 

Isothermal conduction calorimetry was used to measure the heat of hydration 

of the samples. This technique involves measuring the heat flow of the 

sample when both the sample and surrounding environment are maintained 

at approximately isothermal conditions [345]. Plots can then be obtained for 

the rate of heat evolution over time (W/g/sec). This is an important indicator 

of when critical reactions in the matrix development occur and therefore 

informs on when characterisation is best performed (e.g. before and after 

reactions). Results may show some correlation with setting time and strength 

development since both are largely dependant on the reaction kinetics [346]. 

Plots may also be obtained for cumulative or total heat evolution (W/g). The 

heat of hydration is an important factor in itself, if excessive heat is given off 

this has implications for the casting process should it be performed on an 

industrial scale, however, blends which do not show, or show minimal heat 

evolution may not be sufficiently reactive and therefore may not develop 

strength by formation of reaction products other than carbonation products 

and drying which would have severe implications for the integrity of the 

matrix [157]. 

 

For accurate interpretation of calorimetry results it is important to take into 

account the time interval between completion of mixing and beginning 

recording data, if the test specimen rapidly reacts this period could be of 

significant interest. Additionally the mixing method employed should be 

considered since heat may be imparted into the paste by mixing which has 

been shown to decrease the time to reach the maximum rate of heat 

evolution, and reduce the total het evolved [347, 348]. 

3.2.6.1 Calorimetry measurements made during the present study 

 

In the present study, calorimetry was undertaken using an 8 channel TAM air 

90°C isothermal heat conduction calorimeter. In which the aluminium 
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calorimetric block sits inside an insulated chamber in which the air is 

conditioned with a thermostat to between 5-90°C. Reaction ampoules are 

twined with a reference ampoule which should be inert and was left empty for 

the measurements taken in the present study, the observed signal is the 

difference between the reaction and reference ampoules. Twined reactive 

and reference ampoule configuration reduces a significant quantity of 

external noise in the signal, allowing for high sensitivity and baseline stability.  

Signals were detected by Seebeck heat flow sensors positioned beneath the 

ampoules, as a voltage proportional to the heat flow.  

 

Mixing of samples was performed by hand with each sample being subject to 

the same mixing time (until the driest mix became homogeneous) and rate 

(based on judgement) before loading into the calorimeter. Approximately 15g 

of sample was loaded into each reaction ampoule with each sample being 

run in duplicate. Two further reaction ampoules were left empty in order to 

check for cross heating within the calorimeter. In order to minimise the heat 

imparted by mixing, a large excess of material was mixed (300g mixed with 

30g tested). Mechanical mixing was attempted in order to better normalise 

the mixing procedure although was insufficient to enable complete mixing of 

materials due to the dry nature of some of the samples.  

 

3.3 Performance Related Tests 

 

This section gives details of test methods which were used to directly 

determine the performance of the treated waste. Performance characteristics 

which were examined include workability, setting time, compressive strength, 

porosity, permeability, granular and monolithic leach behaviour and acid 

neutralisation capacity (ANC). 

3.3.1 Workability 

 

Workability is a measure of the ease with which the fresh blends can be cast 

and compact in order to remove the air and produce a solid product. It 

therefore has important implications for the applicability of the treatment on 
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an industrial scale. Blends which are excessively dry and cannot be poured 

or easily moulded are not suitable for casting monoliths however may be 

treated by compaction, e.g. rolling into place [157]. Excessively high 

workability also creates problems, resulting in a paste which is difficult to 

handle and pour safely. Since workability is largely a result of water content, 

consideration must be given to the influence a change in water content would 

have on the matrix. For example, limited water content may prevent optimum 

formation of hydration products through a lack of water which can be bound, 

and, since the volume of the freshly compact mix consists of the solid 

particles dispersed in the liquid, a lack of volume in which the expansive 

hydration products can form [144, 204]. Excessive water content on the other 

hand leaves residual water occupying volume within the hardened product 

which results in interconnected pores, increasing the porosity and 

permeability of the s/s product. A compromise is therefore necessary 

between minimising water to that required for optimum hydration of the 

binder, minimising permeability, and ensuring enough water is present to 

produce a workable paste. Stegemann and Zhou [157] suggested a 

workability corresponding to a flow measurement ~175mm as determined by 

BS EN 1015-3:1999 [349]. 

 

Since workability is a measure of the ease with which a paste consisting of 

solids suspended in a liquid will flow, and this type of assembly generally 

behaves as a fluid, the behaviour can be characterised by fundamental 

rheology [144, 330]. S/S matrices, similar to concrete, mortars and cement 

pastes, would tend to behave as Bingham plastics, such that flow begins 

(viscosity is reduced) after an initial application of stress, known as the yield 

stress [330]. Assuming constant temperature and pressure, several factors 

can affect the viscosity and yield stress of such pastes as discussed in [330] 

including  

 

• The volume fraction of solids- since crowding restricts the ability of 

particles to flow, increased volume fraction of solids causes an 

increase in yield stress and viscosity. 
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• Particle shape- intrinsic viscosity is lower for spherical particles than 

non equant, higher specific surface area shapes. Spherical particles 

therefore have a lower water demand for a given workability (where 

other properties are equivalent). 

• The degree of flocculation or dispersal- flocculation of particles 

increases the viscosity of the paste, and the yield stress since 

flocculations need to be dispersed in order to flow. Often breakdown of 

flocculations is not complete at the yield stress therefore suspensions 

show thixotropic behaviour i.e. viscosity is reduced with time under a 

constant stress level. After the applied stress is removed, particles 

may flocculate again causing a reversal in the viscosity decrease. 

Dispersed suspensions may behave as a Newtonian fluid in which no 

yield stress is required unless the volume fraction of solids is high. 

3.3.1.1 Workability measurements made during the present study 

 

The workability of the fresh mix was assessed using BS EN 1015-2:1999 

‘Determination of consistence of fresh mortar (by flow table)’ [349].  This test 

involves filling a conical mould of known dimensions with the fresh mix before 

removing the mould and ‘jolting’ the cone of fresh material (standardised 

lifting and dropping of table) 15 times over approximately 15 seconds. The 

spread of the material which occurs as a result of the energy from the drop 

action is then measured with callipers in two directions perpendicular to each 

other. The mean of these measurements is given as the flow value in mm. 

Two cones are tested, if the flow values differ by more than 10% from their 

mean the test is repeated. The equipment required for the test is shown in 

Figure 3.3. 

 

The test offers no simple indication of any fundamental rheological property 

but is an empirical indication which may be used to compare the relative 

workability of the mixes studied. There are many such tests however the flow 

table was considered the most suitable for the materials being studied due to 

the limited amount of material required and speed with which the test can be 

conducted. 
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Figure 3.3 Equipment for flow table test, BS EN 1015-2:1999 

 

3.3.2 Setting Time 

 

The setting time of the mixes was determined using EN 480-2:2006 [350]. 

This test consists of periodically penetrating the sample (held in a mould of 

regulated dimensions) and measuring the depth of penetration. Initial setting 

time refers to the time at which the mix begins to stiffen i.e. there is a 

dramatic increase in the yield stress, and is determined by the time from 

completion of mixing until the time when the needle penetrates to a depth 

4mm above the base plate (bottom of the sample). The sample is then 

inverted to determine the final setting time which is the time at which the 

plasticity of the mix is lost [346]. Final setting time is given as the time from 

completion of mixing until the needle no longer penetrates 2.5mm into the 

sample. Equipment required for this test is shown in Figure 3.4. 
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Figure 3.4 Determination of setting time, EN 480-2:2006 

  

The standard was designed to compare setting time of mixes with a standard 

consistence. In the current work the test was employed to compare setting 

time of mixes which may vary in consistence but share other properties (e.g. 

equal APC residue content or l/s). Additionally the standard method dictates 

that the samples be stored underwater between measurements. This was not 

adhered to since such a curing regime would be unfeasible for the samples 

studied in the current work due to leaching. 

 

Stegemann and Zhou [157] suggested an initial setting time between ~2-8 

hours in order to offer sufficient time for casting of the blend, and final setting 

time <~24 hours in order that cast s/s monoliths need not be stored for 

excessive periods before they can be handled and moved. Stegemann and 

Zhou suggested determination of setting time by BS EN 196-3:2005 [351]. In 

this study BS EN 480-2:2006 was used. 196-3 was designed for testing of 

cement pastes whilst 480-2 was designed for testing of mortars. The principle 

differences include the use of a needle with 5mm diameter ring attachment 

0.5mm from the tip, for determination of final setting time in 196-3 whilst in 

480-2 the same needle is used for initial and final setting time (1.13mm tip). 

The penetration depths for initial and final setting time are also slightly 

different in BS EN 196-3:2005, initial set being specified as 6mm from the 
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base plate and final set as <0.5mm penetration (ring attachment leaves no 

mark). Values for initial and final set determined by the two tests would 

therefore vary (196-3:2005 giving slightly longer setting times) however the 

criteria suggested by Stegemann and Zhou [157] was still considered as a 

guide, with consideration given to the implied variations. 

3.3.3 Compressive Strength 

 

Compressive strength is of primary interest for construction materials due to 

the demanding loads they have to withstand. For s/s products the 

compressive strength is of less importance however monolithic WAC does 

require a 1 MPa compressive strength after 28 days [92] and products may 

be required to withstand the load of material placed above in the landfill cell 

and possibly vehicular traffic [157]. The compressive strength is however 

generally a good indicator of other properties of monoliths such as porosity 

[204] and the progression of reactions which contribute to a dense, durable 

microstructure [157]. 

    

Compressive strength was assessed using BS EN 12390-3:2009 [352] in 

which samples are loaded until failure under compression. The maximum 

load sustained by the sample was recorded and the compressive strength 

calculated as shown in equation 3.6. Three samples were tested for each 

determination of compressive strength allowing standard deviation 

calculations. Compressive strength was reported as the mean.  

 

Equation 3.6   UCS=F/A 

 

In which  UCS= unconfined compressive strength (MPa) 

  F= Maximum load at failure (N) 

  A= Cross sectional area of test piece (mm2) 

 

50mm cubes were cast for compressive strength testing. This is a 

modification to the standard which was undertaken in order to avoid using 
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more material than is required. Such deviation is however allowed for in 

Annex B of BS EN 12390-3:2009.  

3.3.4 Density 

 

Various density measurements were made as are discussed in the following 

sections. Although the density of s/s products would have some impact on 

the handling ease and cost of landfilling, measurement of density was not 

undertaken for presentation but in order to use the values in calculations of 

such as availability and porosity. 

3.3.4.1 Fresh mix density 

 

Density of the fresh, compact mix was determined by monitoring the weight 

of moulds of known volume (3*50mm3) after carefully compacting, levelling 

and ensuring excess mix was not present on the mould. This process is 

similar to that described in BS EN 1924-2:1990 section 2.1 ‘Determination of 

the dry density/moisture content relation’ [322], without the subsequent 

determination of dry mass. Testing was performed at least in duplicate using 

separate batches and the average weight used for calculation of density. 

3.3.4.2 Test piece density 

 

Determination of the density at a given age was determined by weighing of a 

known volume of the test piece (usually 50mm3) and converting to density 

(kg/m3). 

3.3.4.3 Dry density of test pieces 

 

Dry mass density was calculated by weighing a known volume (generally 

50mm3) of test piece at a given age before drying a representative granular 

sub sample of the piece at 105°C for 24 hours to determine percentage dry 

weight. Sub samples were typically 2-4g of granular material (<4mm), which 

gave a standard deviation in percentage dry weight low enough to be 

considered representative of the bulk sample (Table 3.1). Weight was 
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determined on analytical balance correct to 4dp giving a lower detection limit 

of 0.005-0.0025%. Percentages accurate to 1dp were used. 

 Sample 1 Sample 2 

sub sample 1 71.5 71.8 

sub sample 2 71.3 71.5 

sub sample 3 71.5 71.6 

Standard Deviation 0.12 0.15 

Table 3.1 Repeatability of % dry weight by drying for 24 hours at 105°C 

 

This drying temperature may remove interlayer water from C-S-H [144, 279] 

as well as chemically bound water in, for example, ettringite and gypsum 

[144, 322], and therefore may result in an overestimation of free water. A 

comparison of dry mass determined by oven drying at 105°C and 

submersion in IPA followed by vacuum drying, for a sample typical of those 

studied in the current work is presented in Table 3.2. Oven drying indicated 

significantly less dry mass. Additionally alkaline samples may undergo 

carbonation therefore gaining weight during the drying process which could 

result in an underestimation of free water. This can be avoided by the use of 

a N2 atmosphere to exclude CO2. This drying method, without the use of a N2 

atmosphere was considered accurate enough for determination of dry 

weights in this work however. It has been extensively used throughout the 

literature and is a standardised procedure [322, 353]. 

 

105°C IPA+Vac 

72.6 78.6 

Table 3.2 Dry weight % according to different drying methods 

The % dry weight was applied to the weight of the test piece to calculate the 

dry mass of the test piece which could be converted to density (kg/m3). 

3.3.4.4 Density of dry mass 

 

The density of the dry mass was determined with a Quantachrome 

Ultrapycnometer 1000, helium pycnometer in which the volume of sample is 

determined by displacement of helium at a defined pressure. Granular 

samples were first submerged in isopropanol for 24 hours and vacuum dried 
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for a further 24 hours which was sufficient to dry the sample such that 

%weight change over 4 hours was lower than 0.1% (defined as dry in BS EN 

1924-2:1990 [322]). This type of drying was used instead of oven drying to 

remove water before analysis in order to avoid removal of chemically bound 

water and alteration to the mineralogy and therefore density of the sample. 

The dried sample was finely ground with a pestle and mortar and weighed 

into the pyconometer cell using an analytical balance correct to 4dp.  

3.3.5 Bulk Porosity 

 

Bulk porosity was calculated using the dry mass density of test pieces and 

the dry mass density calculated using the helium pycnometer. Bulk density 

could be calculated as the volume of the test piece minus the volume 

occupied by the dry mass as shown in equation 3.7 [67]. Since dry mass 

density of the test piece was determined by drying the sample at 105°C and 

density of dry mass determined after drying by solvent replacement and 

vacuum drying there may be some error in the results due to the discrepancy 

in these drying procedures (Table 3.2). With hindsight the author recognises 

the same drying procedure should have been used for both density 

determinations. However, since the same procedure was used for all 

samples analysed, results are still considered to give an indication of relative 

bulk porosity. 
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Equation 3.7. Calculation of bulk porosity [67] 

 

This method for determination of bulk porosity has been used by several 

authors including [67, 226, 241, 354]. 

3.3.6 Leach Tests 

 

There are many different leach tests available. Variations occur in such as 

[20] 
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• Sample type- Typically granular or monolithic of defined sizes. 

Granular leach tests are more aggressive due to increased surface 

area and negligible physical encapsulation. Granular tests can 

therefore be used for assessing the extent at which analytes are 

chemically immobilised. Monolithic tests conversely may be used for 

assessing the physical encapsulation offered by a solidified/stabilised 

waste form and the integrity of the matrix. Release from monoliths is 

typically analysed per unit surface area over time and by renewing the 

leachant in order to maintain a concentration gradient, can offer 

information on the diffusion rate of analytes through the waste form. 

 

• Leach Medium- Often de-ionised water but may be acidic or basic 

solutions. The leach medium will have implications on the leach 

results due to the variation in solubility of compounds which can occur 

with variation in pH and the influence of ionic species present in 

solution. 

 

• L/S (w/w)- Higher l/s result in a more aggressive leach test, reducing 

the risk of saturation and therefore solubility limitations. Whilst 

concentration of analytes in the leachate may be lower due to dilution, 

release of ions by concentration in the sample is greater. A higher l/s 

may also reduce the variation in pH of the leachant. This can be 

altered as elements in the solid are released into the solution and due 

to higher concentrations, may be more significant at lower l/s.  

 

• Hydrogeological Conditions- The way the leachant flows around the 

samples. Higher speed flow of the leachant around the particles 

increases their rate of dissolution creating a more aggressive leach 

test. Flow rate can be incurred through agitation during testing. 

Agitation also ensures the solid phase is constantly mixed, preventing 

any encapsulation by settlement. 
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• Temperature may also affect the solubility of species and rate of 

reactions therefore has to be dictated and controlled in leach tests.  

 

For assessment against WAC [92] a granular or monolithic test can be used 

both of which are performed at room temperature, using de-ionised water 

and therefore at the pH conditioned by the sample. The prescribed monolithic 

leach test is EA NEN 7375:2004 [355] which involves no agitation and 

leachant renewals at set intervals. 

 

Granular WAC requires the use of the tests BS EN 12457/1-3 [356-358]. 

These tests are all performed on sample crushed so 95%w/w of the sample 

has a grain size less than 4mm. The sample is agitated in the leachant during 

the leaching period in order to avoid settlement and therefore any 

encapsulation. The granular test methods vary in the l/s ratio employed and 

procedure for addition of the water. Differences can be summarised as 

 

• EN 12457-1, one stage leach test at l/s=2 (l/kg) for 24 hours 

• EN 12457-2, one stage leach test at l/s=10 for 24 hours 

• EN 12457-3, two stage leach test at l/s=2 for 6 hours and l/s=8 for 18 

hours. 

 

EN 12457-2 is more aggressive than 12457-1 due to the higher l/s. EN 

12457-1 is not suitable for wastes with a moisture content greater than 

33%w/w. EN 12457-3 results can be analysed as a cumulative release or as 

separate fractions, offering information on the rate of analyte release and 

possible solubility limits.  

3.3.6.1 Leaching tests used in the present study 

3.3.6.1.1 Granular tests 

 

For convenience, granular leach testing was performed according to BS EN 

12457-2:2002 [357]. The method was adapted to accommodate the use of a 

rotating table operating at 90rpm rather than an end-over-end tumbler. A brief 

test showed only slight differences in the chloride leach from as-recieved 
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APC residue with stirring as opposed to tumbling, with the former giving a 

mean release of 166,033 mg/kg with σ=26,565 mg/kg and tumbling releasing 

160,000mg/kg. Thus, whilst it is appreciated that results from a rotating table 

will not be identical to those obtained with an end over end tumbler, the 

chloride release was similar, and the test still enabled the performance of the 

mixes to be compared with one another. A principal risk of using a horizontal 

stirrer was the settlement of sample and therefore some form of 

encapsulation during the test. In order to mitigate against this risk, sample 

size was reduced from the standardised 90g to 20g. Repeated testing 

suggested that this size sample was still representative of the bulk of the test 

pieces (Table 3.3).  

 Cl release (mg/kg) 

Sample 1 45,900 

Sample 2 47,500 

Sample 3 45,400 

Standard Deviation 1097 

Table 3.3 Reproducibility of granular leach results using modified 20g sample size 

 

Crushing was achieved through repetitive impact followed by sieving with a 

4mm sieve. The weight of sample required was calculated by first calculating 

the dry matter content as a %w/w, by drying a sub sample at 105˚C for 24 

hours and applying equation 3.8. 

 

Equation 3.8  DR=100*MD/MW 

 

In which,  DR= the dry matter content ratio (%) 

       MD= the mass of the dried test portion (kg) 

       Mw= the mass of the undried test portion (kg) 

 

The mass of the undried test portion to be used for leach analysis was then 

calculated by rearranging equation 3.8 and taking MD as 20. DR % correct to 

1dp was used. The test sample was then mixed with 18MΩ de-ionised water 

to establish the defined l/s ratio. The moisture content of the test sample was 

taken into consideration here. The resultant mixture was agitated for 24h +/-
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0.5h at 20˚C before vacuum filtration using 0.45µm filters. Following filtration 

leachate pH was immediately measured. After determination of analyte 

concentrations (as discussed in chapter 3.3.7), interpretation was performed 

as shown in equation 3.9. 

 

Equation 3.9.   A=C*[(L/MD)+(MC/100)] 

 

In which,  A= the release of a constituent (mg/kg of dry matter) 

  C= the concentration of a constituent in the eluate (mg/l) 

  L= the volume of leachant used (l) 

  MC= the moisture content ratio= 100*(Mw-MD)/MD 

 

Results could be compared with availability which was calculated by equation 

3.10. 

 

Equation 3.10.   Ut=(Df/Dt)*Uf 

 

In which, Ut= Availability at test age (mg/kg dry mass) 

   Uf= Availability in fresh mix (mg/kg) 

  Dt= Dry mass density at test age 

  Df= Density of fresh mix 

 

In which densities were determined as described in sections 3.3.4.3 and 

3.3.4.1. 

3.3.6.1.2 Monolithic Leach Testing 

 

Monolithic leach testing was performed according to the standard prescribed 

in the monolithic WAC, EA NEN 7375:2004 [355]. Leachant renewals are 

undertaken after 0.25, 1, 2.25, 4, 9, 16, 36 and 64 days resulting in 8 

leachate fractions. 18MΩ de-ionised water was used as the leachant at a 

liquid/solid (by volume) ratio of 5. 50mm3 test pieces were used which were 

supported on stainless steel, mesh stands in sealable plastic containers in 

order to give the required clearance for the test, allowing release from the 
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entire surface area. A blank run was performed using 18MΩ de-ionised water 

exposed to the containers and stainless steel stand for 64 days (without 

leachate renewal) which showed no contamination with anions. 

 

Leachates fractions from the test were stored and analysed individually as 

described in subsequent sections (3.3.7). Analysis of results obtained from 

such a monolithic leach test can be performed in order to observe measured 

cumulative release, and also calculate the mechanism controlling the release 

of the analyte. According to EA NEN 7375:2004, the mechanism is 

determined by analysis of the gradient of intervals on a plot of the log of 

derived cumulative release against the log of time. Derived cumulative 

release is given by equation 3.11 and as such equals the cumulative release 

which would have occurred from the start of the test to the end of the fraction 

being analysed, if release had occurred at a constant rate proportional to the 

square root of time, i.e. by a diffusive mechanism. 

Equation 3.11  
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In which εn = the derived cumulative leaching of a component for period 

comprising fraction i=1 to n (mg/m2) 

 
*
iE = the measured leaching of the component in fraction i 

(mg/m2) 

 it = the replenishment time of fraction i, i.e. time at the end of 

fraction i (s) 

 1−it = the replenishment time of fraction i-1 i.e. time at the start 

of fraction i (s). 

 

Analysis of the gradient of the log-log plots therefore gives an indication of 

the change in the rate of leaching throughout the test. When release is 

diffusion controlled (proportional to the square root of time), the linear 

regression of the log derived cumulative release-log of time plot will give a 

gradient of 0.5. An increase in the rate of release indicates some dissolution 
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of the matrix and a reduced rate of release indicates depletion of the analyte 

or a possible change in the chemical form, resulting in greater chemical or 

physical retardation of release. Increments to be analysed and the 

interpretation of data is summarised in Table 3.4 [355]. 

 

Table 3.4 Interpretation of the gradient (rc) of log-log plots during EA NEN 7375 

[355] 

 

When a diffusion controlled increment is identified, the derived 64 day 

release can be calculated as equation 3.12, based on the rate of release 

during the diffusion controlled increment. When no diffusion controlled 

increment can be identified the derived cumulative leaching of a component 

over 64 days is equal to the measured release [355]. 

Equation 3.12  
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In which  ε64= the derived cumulative leaching of a component over 64 

days (mg/m2) 

a and b= dimensionless indices by which an increment a-b is 

indicated for which a diffusion mechanism is established 

according to criteria in Table 3.4 

it  and 1−it = the replenishment time of fraction i and i-1 

respectively (hours) 
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If leaching is diffusion controlled a diffusion coefficient may also be calculated 

as equation 3.13. 

Equation 3.13   f
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In which De= the average, effective diffusion coefficient for a given 

component (m2/s) 

 ρ= the dry density of the test piece determined as described in 

chapter 3.3.4.3 (kg/m3) 

 Uavail= the leachable available quantity determined according to 

EA NEN 7371 (mg/kg) 

 f= a factor equal to 1/s 

 

EA NEN 7371 is a granular leach test performed on finely ground material at 

l/s=50 and buffered to pH~7 for 3 hours followed by pH~4 for 3 hours with 

HNO3 in order to determine availability. In order to determine availability of 

chlorides and sulphates in this work the release from granular samples 

buffered to pH<4 with HNO3 at l/s=10 for 24 hours was used which was 

believed to give suitable indication of the leachable availability of chlorides 

and sulphates. Availability may also be taken as total availability which can 

lead to overestimations of the amount available for leaching since some of 

the analyte may be unavailable for leaching due to its chemical form [20]. 

This overestimation results in smaller diffusion coefficients. Importantly the 

same method should be used for determining availability in all samples such 

that diffusion coefficients are comparable. Diffusion coefficients illustrate the 

rate at which an analyte can diffuse through a matrix and therefore the 

chemical and physical retention of the anlayte [20]. 

 

Diffusion coefficients are reported as the –log (pDe) and can be interpreted 

as 

 pDe>12.5  component with low mobility 

12.5>pDe>11.0  component with average mobility 

 11.0>pDe  component with high mobility 
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A pDe value below 9.5 is said to have no physical significance as the material 

has no internal tortuosity [355]. 

 

Additionally, an approximate % release of analytes was calculated by 

determining the availability in a test piece in mg from the density of the fresh 

mix (3.3.4.1), analysis of the raw materials and dilution. Release was 

calculated in mg as the concentration in the leachate (ppm or mg/l) multiplied 

by the initial leachate volume (625ml). Compressive strength of samples 

following the monolithic test was also determined and the granular test BS 

EN 12457-2 performed in order to attain an indication of water soluble 

chlorides and sulphates retained. 

3.3.7 Analysis of Leachate 

3.3.7.1 pH 

 

The pH of the leachate was determined using a Denver instrument ultrabasic 

pH meter with a range of pH 0-14, resolution of 0.01pH units and accuracy of 

+/- 0.01 pH units. All pH results were recorded to an accuracy of 1dp in a 

room with temperature ranging from 20-25°C although pH was measured 

with a pH combination electrode with temperature, and auto pH temperature 

compensation was used to a default temperature of 25°C. The meter was 

calibrated with buffer solutions of pH=4, 7 and 9.2. Solutions were made 

periodically (every 4-8 weeks) from buffer tablets (Fisher Scientific UK 

catalogue numbers B/4760/77, B/4765/77 and B/4770/77 for pH 4, 7 and 9.2 

respectively).  

3.3.7.2 Total Dissolved Solids (TDS) 

 

TDS were measured according to BS EN 15216:2007 [359]. A 25ml sub 

sample of leachate was used. The sample size prescribed in the standard is 

enough to leave a residue of 20-1000mg which was satisfied by 25ml 

samples. Samples were dried in glass evaporating dishes. After determining 

the weight of the dried dish, 25ml of leachate was added using a 5ml 

micropipette and weighed on analytical scales correct to 4dp. The leachate 

was dried at 105°C +/- 3°C to a constant mass to determine TDS.  
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3.3.7.3 Sample Storage 

 

Leachate samples for analysis of individual ion concentrations were stored 

according to BS EN ISO 5667-3:2003 [360]. HDPE bottles were used, with 

caps of inert material to avoid contamination and minimal head space to 

exclude air. Samples to be analysed for chlorides and sulphates were stored 

in a fridge between 1-5°C.  

3.3.7.4 Anion Analysis 

 

Anion analysis was performed using liquid chromatography (LC). This 

technique involves the liquid sample being transported by a conductive 

eluent through an ion exchange separator column which separates ions of 

interest using exchange sites. For anion exchange separation these are 

positively charged sites whilst for cation exchange separation they are 

negatively charged. The different affinity of the ions for the ion exchange 

sites, largely as a result of radius and valence [361], results in ions eluting 

from the column separately over time. This allows identification of ion type by 

its retention time within the exchange column. Conductivity is plotted against 

time and peaks occur which correspond to the elution of different ions (Figure 

3.5). The peak heights or areas can be compared with a calibration curve 

created using standard solutions with known ion concentrations, in order to 

offer quantitative analysis. 

 

The eluent is degassed in order to prevent bubbles which cause noise in the 

detector cell and loss of pressure in the valves and pump heads [362]. The 

eluent is the source of competing anions which establish equilibrium with the 

analyte ions within the ion exchange column. As such greater eluent 

concentration reduces the retention time of analyte anions. Excessive 

concentration of eluent ions may cause poor resolution of peaks and a high 

baseline [361]. Other ions present in the matrix may also affect the peak 

heights and areas of analytes observed if for example, they are eluted from 

the column after a similar retention time. Matrix effects can be checked for 

using the standard addition method in which a sample is spiked to increase 
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the concentration a known amount [362, 363]. Responses (ppm) are plotted 

against the concentration added. If no matrix effects are present the results 

should plot in a linear correlation with an x intersect of –the original solution 

concentration such that the linear regression has the equation 3.14.  

 

Equation 3.14  Y=X+SR 

 

In which  SR= the unspiked sample result (original solution 

concentration) 

 

Acceptable limits (indicating no matrix effects) give %R=80-120 [363] where 

%R is determined as shown in equation 3.15. 

 

Equation 3.15  100*
)(

%
SA

SRMSSR
R

−
=  

In which MSSR= Matrix spike sample result 

  SA= Spike added 

 

If %R lies within 80-120 then the linear regression for MSSR against SA will 

take equation 3.16. 

 

Equation 3.16  Y=kX+SR 

 

In which  0.8<k<1.2 

 

The eluent containing the sample ions moves from the exchange column to a 

suppressor column which, for anion analysis, contains a cation exchange 

resin. This converts the highly conductive eluent and analyte ions to their 

acid forms, reducing background magnitude, enhancing peak height and 

resolution, and increasing detection sensitivity [361]. After passing through 

the suppressor column the conductivity of the sample is measured. 
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This type of analysis is restricted by several factors. Samples must be 

aqueous solutions without particulates. Any particulates must be filtered 

before injection into the chromatograph in order to avoid blockage. Samples 

must also be of very small size, typically ~50µl. Larger sample quantities 

should be avoided as they reduce column efficiency and increase the water 

dip which occurs as the water in the sample elutes. This water dip can be 

seen in Figure 3.5 and is due to the lower conductivity of water in the sample 

than the suppressed eluent which dictates the baseline conductivity [362]. 

For reliable quantification, analyte concentration must also be within the 

analytical range for which the response of the chromatograph is known to be 

linear. This often requires dilution of the samples. 

3.3.7.4.1 LC measurements made during the present study 

 

Anion concentrations in leachates were analysed with a Dionex DX500 liquid 

chromatograph system with IonPac AS14 anion exchange column, GP50 

gradient pump and ED40 electrochemical detector. The leachate sample was 

transported by a conductive eluent comprising of 2mM Na2CO3 and 2.5mM 

NaHCO3. The eluent was degassed with an inert gas (helium). 

 

The calibration standard plot is shown in Figure 3.5. The response (peak 

area) was calibrated using a standard solution containing 

5ppm Fl 

10ppm Cl 

25ppm Br 

25ppm NO3 

40ppm PO4 

30ppm SO4 

which was periodically remade at 100* concentration and diluted in order to 

assist in accuracy when weighing reagents. No nitrite was added because 

nitrites were not of interest for the current study and readily oxidise to nitrates 

due to atmospheric O2 exposure [364], disrupting the standard. An analytical 

balance correct to 4dp was used for weighing standard reagents. Fresh 

standard was tested against the old standard before acceptance. 
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Figure 3.5 Ion chromatography plot for calibration standard 

 

Before injection into the chromatograph samples were filtered with a 0.22 

micron syringe filter. The equipment operates with a sample size of 0.25µl.  

 

For Cl analysis of the leachates being studied, dilution was required in order 

to ensure the concentration lay within the analytical range. Dilution was also 

undertaken in order to avoid a residue building on the column which could 

produce false readings. In order to confirm residue had not collected on the 

column 18MΩ de-ionised water was periodically run through the 

chromatograph to check for peaks. Solutions studied were diluted using 

18MΩ de-ionised water to produce ppm reading between 5-50ppm Cl. The 

calibration curve for this range, obtained with duplicate dilutions is shown in 

Figure 3.6. All dilutions were undertaken using micropipettes of various 

volume ranges and volumetric flasks. Pipette calibration was checked before 

use and periodically using a balance and de-ionised water. 
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Figure 3.6 Cl calibration curve in the concentration range analysed 

 

In order to check for matrix effects the standard addition method was 

performed in duplicate, using a leachate resulting from a granular leach test 

on a typical sample studied. As can be seen in Figure 3.7 the linear 

regression had the equation y=1.1106x+7.455, corresponding to %R=111.06 

therefore EPA criteria were satisfied, showing no matrix effects [363]. 

y = 1.1106x + 7.455
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Figure 3.7 Results for standard addition (matrix spike) of leachate 
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Additionally the stability of the chromatograph was assessed over time by 

periodically running the anion standard. Result obtained by L.Arkless 

(University of Leeds) are presented in Figure 3.8. Based on the result 

equipment was left to stabilise for at least two hours before calibrating and 

beginning analysis. 
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Figure 3.8 Chromatograph stability results obtained by L.Arkless 

 

Results obtained as described above were compared with those obtained in 

an industrial lab in order to further validate accuracy which was confirmed 

(Table 3.5). 

Result obtained in 

University 

Result obtained by 

UKAS accredited lab 

% difference 

47,500 47,000 1 

57,500 55,000 4.5 

40,500 40,000 1 

45,000 44,000 2.8 

Table 3.5 Comparison of Cl release analysed on site and at a UKAS accredited 

laboratory 

3.3.7.5 Additional Analysis 

 

In addition to the analysis of anions described above, selected samples were 

analysed at a commercial laboratory for full WAC analysis which involved 
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determination of concentration of metals by ICP OES, and dissolved or total 

organic carbon (DOC or TOC respectively) by oxidation and infrared 

detection. Selected raw materials were also characterised by these methods 

after total acid digestion. 

3.3.8 Acid Neutralisation Capacity 

 

Acid neutralisation capacity, is a particularly important parameter regarding 

s/s waste products [152] because acidic exposure can corrode the matrix, 

reducing integrity [163], and because the solubility of contaminants is often 

pH dependant [69]. In the current study ANC was measured by two methods. 

First, the method described in DD/CEN TS 15364:2006 [365] in which a 

series of separate extractions with l/s=10 and different mEq/g acid addition 

(HNO3) are undertaken for a minimum of 48 hours was used. Tests were 

conducted in HDPE bottles sealed to exclude CO2. Atmospheric exposure 

during pH measurements was kept to a minimum. Bottles were agitated on a 

rotating table at 90rpm and agitated by hand after each pH measurement to 

avoid any encapsulation due to settlement. According to DD/CEN TS 

15364:2006 [365] the pH of the sample is considered stable once a 

difference of less than 0.3pH units is observed over a period of 4 hours. 

Whilst this condition was satisfied by the samples analysed after several 

days agitation, it was observed that satisfying this criteria did not correspond 

to a pH equilibrium since sample pH continued to rise. To ensure pH stability 

was achieved, the criteria were adjusted such that the pH was considered 

stable if deviation over 48 hours was <0.3pH units.  

 

Deviation from DD/DEN TS 15364:2006 occurred by the use of samples with 

dry mass=5g (determined as described in chapter 3.3.6.1.1) and allowing 

greater than 1.5 pH units deviation between extractions. Greater deviation 

was allowed due to the great number of extractions which would have been 

required to analyse all samples to pH<4 according to this criteria. This 

deviation, whilst still allowing comparison of the relative alkalinity of samples, 

did not allow for identification of plateaus for reaction products due to the low 

resolution of the resultant curves.  
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In order to obtain higher resolution curves, ANC was also tested by titration. 

This method is described by Young et al [366] and is recommended in 

technical guidance WM2 for assessment against H4/H8 corrosive/irritant 

thresholds [84]. This method is also described in appendix B of DD/CEN TS 

15364:2006. Titrations were performed by initially establishing a l/s ratio of 9, 

with 5g dry weight of granular sample and 18MΩ de-ionised water, and 

adding 70% HNO3 (15.8M HNO3) in additions of 0.16 or 0.32ml, 

corresponding to addition of 0.5 or 1mEq/g respectively. Volume change 

resulting from the addition of the HNO3 was considered negligible due to the 

logarithmic nature of the pH scale, and the small volume of acid added due to 

the use of 70% HNO3. The effect of volume adjustment on pH (at both ends 

of the scale) by addition of 10mEq/g (3.2ml) is shown below for pH 12 and 4. 

The pH was recorded to 1dp. 

  

Effect of volume adjustment for alkaline pH (12) 

• Assuming 50ml has pH=12, then H+=10-12M =10-12g/L =5*10-14g 

• If volume is adjusted +3.2ml then H+= 5*10-14g in 53.2ml = 9.4*10-

13g/L 

• If H+= 9.4*10-13, pH=12.03 

Effect of volume adjustment for acidic pH (4) 

• 50ml has pH=4, H+=10-4M =10-4g/L =5*10-6g 

• 5*10-6g in 53.2ml =9.4*10-5g/L 

• If H+=9.4*10-5g/L, pH=4.03   

 

Disadvantages of performing ANC by titration may include repeated 

exposure to atmospheric CO2 due to repeated pH measurements, and the 

time required for the test to reach completion which may enable further 

reactions (e.g. hydration) to occur in the sample. The pH of all ANC samples 

was considered stable once deviation of less than 0.3pH units occurred over 

48 hours. For titrated samples this generally took ~7 days (Figure 3.9). 
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Figure 3.9 Example of pH development over time for titrated samples, showing 

time required to reach a stable pH. Drops in pH indicate addition of 0.5mEq/g 

HNO3. Rapid drops indicate additions of 0.5mEq/g 

 

ANC to pH 4.5 was calculated by linear interpolation of data points either side 

of pH 4. This value was used to calculate alkalinity as %CaCO3 equivalent 

assuming equation 3.17. 

 

Equation 3.17  2HNO3 + CaCO3 → H2O + CO2 + Ca(NO3)2 

 

Since 1Eq of HNO3 corresponds to 1M (63g), the mEq/g HNO3 was 

converted to mg/g by multiplying by 63. Since 2M HNO3 reacts with 1M 

CaCO3 (100g) (equation 3.4) the mg/g CaCO3 was calculated as equation 

3.18 and converted to %CaCO3 equivalent. 

 

Equation 3.18.   (100/126) * mg/g HNO3 = mg/g CaCO3 

3.3.9 Permeability 

 

Permeability of s/s products is an important property which as discussed in 

chapter 2.3.9 and by Poon et al [367], governs the interrelated properties of 

durability and leachability. Bone et al [150] also mention the importance of 

permeability with regards to the release of gas from the waste into the 
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atmosphere. Since long term performance of construction materials is largely 

a result of durability, permeability measurements have received much 

attention in this field [144, 368].  

 

Permeability is experimentally determined by measuring flow rate of a fluid of 

known viscocity, through a sample specimen of known dimensions. The 

intrinsic permeability of the sample can then be determined using D’arcy’s 

law (equation 3.19) 

 

Equation 3.19   
pa

Lv
K

∆
=

η
 

 

In which   v =flow rate (m3s-1) 

  K = intrinsic permeability (m2) 

  a =cross sectional area (m2) 

  p∆ =change in fluid pressure (Pa) 

  η =fluid viscocity (Pa·s) 

  L =length of specimen (m) 

 

Since the viscocity of the fluid is considered in the equation, intrinsic 

permeability is an indication only of the properties of the sample with units 

m2. In contrast, results for hydraulic conductivity are presented as a velocity 

(m/s) and reflect the properties of the fluid and the sample. For s/s products 

the hydraulic conductivity is the primary property of interest as the transport 

of aqueous solutions has the most significant effects on leachability, and 

transporting dissolved, reactive ions such as sulphates and carbonates into 

the matrix. Carbonates may diffuse into the matrix as a gas, however 

solubilisation is necessary for carbonation reactions to occur therefore water 

must be present in the pores and carbonates ions may also be carried into 

the matrix after dissolving.  

 

There are several difficulties which arise when attempting to measure the 

hydraulic conductivity of s/s products. Disadvantages discussed by Poon et 



111 

 

al [367] and Feldman et al [369] include the reactivity of water within a typical 

cementitious or pozzolanic matrix which coupled with long time periods 

required to reach a steady flow rate, results in continued hydration and 

therefore changes to the product during testing. Pores may also become 

blocked by transport and crystallisation of calcium hydroxide, formation of 

calcite and silting [368, 369]. Changes in solution composition may also 

affect the permeability results obtained [370]. These changes may be 

considerable due to leaching from s/s products during the experiment. 

Leaching would also clearly affect the pore structure of the sample and would 

occur whilst vacuum saturating the sample in order to avoid capillary forces 

[144] if using a high pressure permeability test. Whilst a steady state of flux 

could eventually be achieved, this may relate to a modified pore structure. 

S/S products may also have low strength relative to construction materials 

which can also affect the result obtained for hydraulic conductivity. 

Differences in the coefficient obtained may occur with eluted sample volumes 

and sample size Ganjian et al [370]. Low sample strength increases the 

probability of damage to sample when using high pressures for permeability 

testing, sample damage such as cracking can significantly affect data 

obtained [369, 371]. 

 

As long as a gas which is unreactive within the s/s matrix is used, measuring 

gas permeability at low pressures avoids many of these problems, including, 

of primary concern during the present study, leaching during testing. The 

relationship between the intrinsic permeability recorded using gas and liquids 

is however complicated due to effects such as the ‘slip’ phenomena 

otherwise known as the Klinkenberg effect. 

 

The ‘slip’ or non-zero velocity of gas along pore walls described by 

Klinkenberg in 1941 [372, 373], as opposed to the zero velocity observed for 

liquids [372], was suggested to explain the consistently higher results 

obtained when measuring permeability with gas compared to liquid. This has 

also been noted by several other authors including Bamforth [374].  
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The Klinkenberg effect is more prominent when the Knudsen number 

(defined as mean free path/physical restraint e.g. pore diameter) is high, 

because collisions between molecules and the pore walls become dominant 

therefore the ‘wall velocity’ becomes more significant with respect to the 

average velocity [373]. The definition of the Knudsen number shows that the 

effects of slip, and therefore the discrepancy between liquid and gas 

permeability values, becomes more prominent as the pore diameter 

(reducing the physical restraint) or the pressure of the gas (increasing the 

mean free path) are reduced. Differences between liquid and gas 

permeability are therefore generally greater for less permeable media [374, 

375]. Additionally a non linear relationship between pressure and flow rate 

occurs as experimentally observed by several authors including [375]. Whilst 

measurement at low pressures is beneficial as sample damage is avoided, 

results obtained at such pressure must be considered with this in mind.  

 

Another important factor when measuring gas permeability is the moisture 

content of the samples. Liquid in pores hinders the flow of gas through the 

sample [367, 375]. Samples must therefore be dried before measurement of 

gas permeability or at least be prepared in such a way that moisture content 

can be assumed to be consistent in all samples as was relied upon by 

Bamforth [374]. Pore structure may be affected by drying in various ways 

depending on the method used therefore drying methods should be selected 

appropriately.  

 

Lynsdale [375] and Sanjuan [376] investigated the effect of oven drying at 

various temperatures on the permeability coefficient obtained. Sanjuan [376] 

showed an increase in permeability with increased drying temperature. 

Somewhat in contrast, Lynsdale observed drying at 60°C to result in greater 

permeability than 40°C and 105°C. Residual water was said to be present in 

the samples dried at 40°C whilst greater permeability of samples dried at 

60°C compared to 105°C was attributed to the higher surface tension, 

resulting from the slower movement of water during drying, causing greater 

damage to the pore structure [375].  
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The results of Lynsdale [375] also show mix design to affect the changes in 

permeability with different drying temperatures. Increased reaction kinetics at 

higher temperatures can result in significant changes in permeability during 

the drying process due to continued reaction. The extent of reaction is 

dependent on the temperature and the time required to reach a constant 

weight. This process is more prominent in samples in which reactions may be 

significant even at later ages such as those in which pozzolanic reactions 

occur.  

 

Damage to pore structure by oven drying has been observed by several 

authors including [315, 377]. Typically the process results in damage to 

smaller pores and as such a coarsening of the pore structure. Pore structure 

has also been studied after removal of water by freeze drying techniques 

[315, 377] evidence of damage to the microstructure and formation of cracks 

due to thermomechanical stresses is presented. 

 

Other methods used for drying samples for gas permeability measurements 

in the literature include vacuum drying [369, 378]. Shafiq and Cabrera 

allowed moisture content to equilibrate in controlled humidity [379]. 

Submersion in isopropanol followed by drying at 38°C has been suggested to 

cause the least disruption to pore structure [369]. As discussed in chapter 

3.2.1 replacement of pore water with fluids of lower surface tension including 

isopropanol followed by drying was also observed to result in less damage to 

pore structure in several other studies [315, 320, 377]. 

Reviewing the literature suggests that whilst drying, or at least normalising 

moisture content is essential for measuring gas permeability, as stated by 

Hearn [371] “Any conditioning process that involves drying of the specimen 

introduces microcracking in the matrix, thus opening up the microstructure”. 

In the same paper Hearn highlighted that cracking caused by drying 

shrinkage, as opposed to mechanical loading, is not localised and therefore 

has a much more significant effect on the permeability. 

 

Finally the temperature plays an important role in measurements, 

significantly affecting the analysis gas viscosity. 
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Due to the many effects discussed throughout this section, and reviewed in 

the referenced literature, permeability values obtained using both liquid and 

gas fluids should not be viewed as absolute or precise values, consistent 

methods should be used within any study in order that results can be used to 

offer a ranking of sample permeability. Neville [368] suggested that scatter of 

permeability results even on “similar concrete, at the same age, using the 

same equipment, is large. Differences such as between, say, 2*10-12 m/s and 

6*10-12 m/s are not significant, so that reporting the order of magnitude, or at 

the most 0.5*10-1m/s, is adequate.” Where comparison of values obtained 

with values presented in literature are desired, it is essential sample 

preparation and test methods are borne in mind and the likelihood of 

significant variations are accepted. 

3.3.9.1 Permeability measurements made during the present study 

 

During this study measurement of permeability was performed using the 

‘Leeds gas permeameter” (Figure 3.10) Designed by Cabrera and Lynsdale 

[380]. Varying input pressures between 1 and 4 bars were used. 

Measurements were made at room temperature with atmospheric outlet 

pressure. N2 was used as the analysis gas and flow rates were measured on 

a bubble flow meter. 

 

The equation used to calculate intrinsic permeability is shown in equation 

3.20. This is a modified D’arcy equation in which the analysis gas volume is 

calculated at the average pressure within the sample. 

 

Equation 3.20. 
11

22
10*

)(

2 −

−
=

outin

out

ppa

vLp
K

η
 

 

In which  pin= absolute pressure in (bar) 

pout=atmospheric pressure=1.01325 bar 

v  is measured in cm3/s 

L and a measured in m and m2 respectively 
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η  is the viscocity of N2 at 25°C=1.77*10-5 Ns/m2 

 

 

Figure 3.10 Leeds gas permeameter (Image from [354]) 

 

 

Samples were cast as 52mm diameter cylinders, before testing samples 

were all measured using veneer callipers. After curing the pore structure was 

opened by sanding as cutting resulted in ‘smearing’ of the surface (Figure 

3.11). After sanding high pressure air was aimed at the sample surface to 

remove any debris. The results of this method of sample preparation is 

shown in Figure 3.12.  

  

Figure 3.11 'Smearing' of sample surface after cutting to expose the internal pore 

structure 
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Figure 3.12 Sample as cast (left) and after exposing internal pore structure (right) 

 

Several methods were attempted for drying samples in order to compare 

results. Samples were also tested without drying. Methods employed for 

drying included  

• submersion in IPA followed by vacuum drying. Both the submersion 

and vacuum drying process were undertaken for a minimum of 3 days.  

• Freeze drying was also undertaken which involved submersion in 

liquid N2 until the liquid settled followed by storage in a vacuum at 

temperatures <-20°C.  

• Oven drying was also undertaken at 60°C until a constant weight was 

achieved. Constant weight was defined as a difference in sample 

weight after cooling to room temperature of not more than 0.1% over a 

4 hour period, as in BS EN 1924-2:1990. 60°C was chosen as drying 

temperature as a compromise between drying rapidly to avoid 

excessive additional curing, and avoiding temperatures at which 

reaction products of the samples were known to be altered. 

For many of the samples studied oven drying and freeze drying resulted in 

cracking (Figure 3.13). The majority of the work was therefore performed by 

submerging samples in IPA for 3 days and vacuum drying for a further 3 

days. This technique offered no guarantee that samples were fully dried or 

dry weight normalised. Results may be exaggerated since lower permeability 

samples would dry at a slower rate [381] and therefore retain more water at 

the time of testing. Several samples were also tested after submersion for 7 

days in de-ionised water, similar to the procedure described by Stegemann 

and Zhou [157] coupled with measurement of UCS, for assessment of matrix 

integrity and strength development by methods other than drying. Such 
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samples were subjected to the same drying procedure, due to the initially 

much greater water content in such samples, if drying was not 

comprehensive permeability measurements would be expected to be 

underestimations. Due to the implications of this drying regime results 

obtained were considered qualitative rather than quantitative. 

 

   

Figure 3.13 Examples of sample cracking after oven drying (left) and freeze drying 

(right) 

 

Following drying samples were coated around the curved sides with a silicon 

rubber compound (RS Stock No. 555-558), this provided a more effective 

seal between the sample and gas permeameter and prevents leakage of gas 

through the curved face of the sample as described by Bamforth [374]. 

Coating by Bamforth was more important due to the permeameter used 

which did not otherwise constrain the samples curved face. 
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4 Results and Discussion- Analysis of Raw Materials. 

4.1 Characterisation of as received air pollution control residues 

 

Several APC residues were studied throughout this work, collected from 

different EfW incinerators. The residues are identified by the nomenclature 

A1-A5. A1 resulted from a clinical waste incinerator in which emissions limits 

for NOx established in the WID could be met without flue gas treatment by 

injection of nitrogenous compounds. Other residues involved the injection of 

urea to reduce NOx gas emissions. Clinical waste is generally expected to 

have >1% halogenated organic substances (e.g. dioxins and furans) 

therefore a furnace temperature of 1100°C for at least two seconds is 

required [15]. The other residues resulted from incineration of municipal solid 

waste (MSW) at ~850°C. All residues were collected from incinerators which 

used semi-dry scrubber systems in which Ca(OH)2 was used as the 

scrubber. 

 

As received residues were leach tested in duplicate according to BS EN 

12457-2 from which water soluble Cl, SO4, TDS and pH were determined 

(Table 4.1). Full WAC analysis by BS EN 12457-2 and total elemental 

content by acid digestion and ICP OES of A1 was determined at a 

commercial laboratory and are presented in Table 4.2 along with SNR and 

hazardous WAC limits. Values which exceed the limits for SNR WAC are 

highlighted in the table.  

 

The mineralogy of the residues was characterised by STA and XRD. DTA 

and TGA plots for the residues are shown in Figure 4.1 and Figure 4.2 

respectively. Quantification of compounds identified by STA including 

Ca(OH)2, CaClOH and CaCO3 are shown in Table 4.1 as a percentage of the 

dry weight determined by drying for 24 hours at 105°C. The minimum dry 

weight observed was 97.5%, corresponding to residue A5. The compounds 

were quantified as described in chapter 3.2.2.1. Figure 4.3 shows the STA of 

A1 together with the mass spectrometry curves for H2O (mass 18) and CO2 

(mass 44) indicating the evolution of these gases as compounds were 
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thermally decomposed. XRD patterns for the residues are shown in Figure 

4.4 with semi quantitative analysis according to the normalised RIR method 

presented in Table 4.3. Reference patterns for the matched phases are 

presented for the readers’ convenience in Figure 4.5.  

 

Several of the phases have overlapping diffraction peaks which can result in 

apparent broadening of peaks, peak asymmetry and intensity differences 

relative to the reference patterns. Peaks for Ca(OH)2 and CaClOH for 

example overlap at 2Ө positions of ~18°, ~47°, ~51° and ~63° (Figure 4.5). A 

set of three peaks belonging to CaCl2·2H2O (hkl=(121), (113) and (004)) 

occur very close together ~29°2Ө and result in an apparently broad, 

asymmetric peak (Figure 4.5). CaCl2·2H2O was present in residue A5 with 

the presence of these peaks resulting in an apparent broadening and 

asymmetry to the (104) CaCO3 peak occurring at a similar °2Ө (Figure 4.4). 

The most intense peak corresponding to the CaCl2·2H2O phase ((122) at 

~32°2Ө) lay between peaks for NaCl (200) and CaClOH (102) and was 

therefore difficult to distinguish. However, the (111) and (102) peak doublet 

for CaCl2·2H2O could be clearly identified at 2Ө values of ~21° along with 

several other minor peaks including the (002) reflection at ~14.7°2Ө (Figure 

4.4). 

 

Overlapping of three KCaCl3 peaks ((211), (031) and (112)) at ~28-29°2Ө, 

with peaks corresponding to KCl (200) and CaClOH (101), resulted in a 

broad asymmetrical feature in the pattern for residue A3 (labelled K (KCl) in 

Figure 4.4). Other KCaCl3 reflections just above 29°2Ө were hidden beneath, 

or visible as shoulders on the strong CaCO3 reflection (104). However, other 

peaks corresponding to these phases could be clearly identified, including 

KCaCl3 peaks at 2Ө values of ~17° (101), 19° (111) and 24° (121) (Figure 

4.4). The most intense reflection from KCaCl3 ((040) at ~34°2Ө) could also 

be clearly distinguished due to the very minor concentration of Ca(OH)2 

present in residue A3 as evident from the XRD pattern and STA (Figure 4.4 

and Table 4.1 respectively). 
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Importantly no RIR was available for the KCaCl3 reference patterns (ICDD 

PDF- 21-1170 or 25-0625) therefore peaks for this compound remained 

unmatched during the analysis, resulting in an overestimation, and some 

error in the quantity of the other compounds. XRD was also performed on A1 

following BS EN 12457-2 and vacuum drying (Figure 4.6).  

 

Table 4.1 also includes the alkalinity of the APC residues, defined as ANC to 

pH 4.5 and presented as %w/w CaCO3 equivalent. Titration curves are 

presented in Figure 4.7. Finally the morphology of A1 was studied by ESEM 

analysis using GSE and BSE detectors (Figure 4.8). 

 

As discussed in the literature review APC residues may contain trace levels 

of organic pollutants including dioxins and furans. These were not evident in 

any of the residues studied in concentrations of concern and were not the 

subject of the current study. 

 

  A1 A2 A3 A4 A5 

Cl Release 12457-2 

(mg/kg) 

157,400 105,300 132,400 112,600 233,600 

SO4 Release  

12457-2 (mg/kg) 

3500 8500 11,800 12,300 5700 

pH 12457-2 12.4 12.5 12.4 12.5 12.2 

Alkalinity (%CaCO3 

equiv) 

87.5 55 62.5 50 58.5 

TDS 12457-2 333,300 235,130 304,670 271,800 460,480 

Ca(OH)2 (%w/w) 40.2 15.0 0.5 2.6* 3.8 

CaClOH (%w/w) 15.3 8.6 9.8 18.4* 7.4 

CaCO3 (%w/w) 4.4 7.3 28.6 10.3 nd 

Table 4.1 Release of Cl and SO4, pH and TDS during BS EN 12457-2, Alkalinity and 

%w/wdry of compounds identified by STA. nd-not determined. *suspected 

erroneous results, see text. 
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Analyte 

HAZ 

WAC SNR WAC 

A1 total 

(mg/kg) 

A1 12457-

2 (mg/kg) 

As 25 2 3 0.3 

Ba 300 100 380 69.0 

Cd 5 1 11 <0.1 

Cr total 70 10 27 2.0 

Cu 100 50 590 1.4 

Hg 2 0.2 26 2.3 

Mo 30 10 <10 1.2 

Ni 40 10 15 0.1 

Pb 50 10 1700 200 

Sb 5 0.7 29 <0.1 

Se 7 0.5 <10 0.5 

Zn 200 50 1900 8.2 

Cl- 25,000 15,000 200,000b 157400b 

F- 500 150 <1b 18.0b 

SO4²
- 50,000 20,000 19,500a 3500.0b 

TOC 1000 800 6000c 520.0c 

TDS 100,000 60,000  333300d 

Table 4.2 Release from A1 during BS EN 12457-2 compared to total availability and 

WAC limits. Highlighted figures exceed SNR WAC limits. 
a
determined by semi-

quantitative XRF, 
b
determined by IC, 

c
determined by oxidation and infrared, 

d
determined by gravimetric analysis, other results determined by ICP OES 
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Figure 4.1 DTA curves (y axis range normalised) of as received APC residues 

heated at 20°C/min in a N2 atmosphere 
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Figure 4.2 TGA of as-received APC residues 

 

 

Figure 4.3 STA of as-received A1 showing TGA, DTA and mass spectrometry for 

H2O (mass 18) and CO2 (mass 44). Y axis for DTA and mass spec data not shown. 
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Figure 4.4 XRD patterns (y axis range not normalised) for as-received APC 

residues. P=Ca(OH)2 (ICDD PDF=84-1264), C=CaCO3 (ICDD PDF=72-1652), 

Cl=CaClOH (ICDD PDF=36-0983), Cl2=CaCl2∙2H2O (ICDD PDF=70-0385), H=NaCl 

(ICDD PDF=05-0628), K=KCl (ICDD PDF=75-0296), A=CaSO4 (ICDD PDF=86-2270), 

L=CaO (ICDD PDF=82-1690), Clcal=KCaCl3 (ICDD PDF=21-1170) 
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Figure 4.5 Reference patterns for phases identified in as-received APC residues 

(Figure 4.4) 

 A1 A2 A3* A4 A5 

Ca(OH)2 39 40 4 9 12 

CaCO3 9 13 47 14 7 

CaClOH 41 14 6 28 37 

CaCl2·2H2O     10 

NaCl 11 6 21 13 19 

KCl  5 5 15  

CaSO4  17 16 22 14 

CaO  5    

Table 4.3 Semi-quantitative analysis of XRD patterns using normalised RIR. *No 

RIR was available for KCaCl3 therefore results are given without accounting for 

this compound. 
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Figure 4.6 XRD patterns (y axis range not normalised) for residue A1 before and 

after leaching according to BS EN 12457-2 and vacuum drying 
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Figure 4.7 ANC titration curves for as-received APC residues 
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(a) 

 

(b) 

Figure 4.8 ESEM images of A1 including BSE(a) and GSE (b) 
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4.1.1 Discussion of as received APC residue characterisation results 

 

 

The composition and leach behaviour of the residues studied here were 

consistent with those reported in the literature. As previously observed [24, 

25, 51, 59, 74, 75] endothermic reactions and corresponding weight losses 

due to thermal decomposition of the scrubber related compounds Ca(OH)2 

(peak~400-450°C), CaClOH (peak~490-550°C), and CaCO3 (peak~650-

750°C) occurred during STA (Figure 4.1 and Figure 4.2). XRD analysis of the 

residues (Figure 4.4) confirmed the presence of the compounds identified by 

STA. In addition XRD analysis showed the APC residues to consist of other 

crystalline compounds which were not detected by STA and have been 

identified in previous literature [24, 59, 62, 66, 67, 73-79, 120] including alkali 

metal chlorides associated with the fly ash [61, 76], along with CaSO4, 

KCaCl3 and CaO. All of the residues had a noticeable amorphous content, 

evidenced by the baselines of the XRD patterns. This amorphous content 

was not quantified and therefore the semi-quantitative results presented in 

Table 4.3 were only suitable for comparison of the ratio of compounds. These 

ratios often showed discrepancies with those observed by STA (Table 4.1). 

This may have been a result of poor crystallinity of some of the compounds. 

It has previously been suggested that the amorphous Ca phases in APC 

residue may be similar to the crystalline [24].  

 

Thermal decomposition of Ca(OH)2, CaClOH and CaCO3 resulted in 

volatisation of H2O and CO2 as shown by the mass spectrometry (Figure 

4.3). No volatisation of HCl was observed (mass 36 or 38), confirming the 

decomposition of the CaClOH phase occurred according to equation 4.0 

rather than equation 4.1 as proposed previously [51]. This has implications 

for the quantification of the mass loss observed by TGA. Mass spectrometry 

of gasses evolved during thermal analysis in an inert (argon) atmosphere 

was also reported by Bodenan and Deniard [24] showing similar results. 

 

Equation 4.0.  2CaClOH → CaCl2 + CaO + H2O 

Equation 4.1.  CaClOH → CaO + HCl 
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More than one DTA peak may appear within the range associated with 

CaClOH decomposition [24, 59]. This was most prominent in the plot for A3 

(Figure 4.1) which showed peaks with maxima at ~500°C and ~540°C. No 

other candidates could be identified by XRD analysis (Figure 4.4) which 

would decompose to produce this peak. Both peaks were attributed to 

CaClOH by Bodenan and Deniard [24]. Occurrence of a double peak may 

perhaps occur if particle size is not homogeneous. However, pestle and 

mortar grinding performed in the present study should have prevented this. A 

double peak may also occur if there is variation in the crystallinity/crystal unit 

cell dimensions [382]. Such variations would also explain the discrepancy 

between the ratios of compounds observed by STA and XRD. Alternatively, 

since the peak 540°C appeared to occur after the weight loss recorded by 

TGA (Figure 4.2), it may be associated with a melting event. Melting 

temperatures of salts may be unpredictable in such a complex system. The 

melting of CaCl2 for example, normally occurs ~772°C. However, an 

equimolar mixture of CaCl2 and NaCl will melt at~550°C [59]. No CaCl2 was 

evident in the XRD patterns for the as received residues but CaCl2 would be 

produced during the analysis due to the decomposition of CaClOH according 

to equation 4.0. The presence of KCaCl3 in A3 would seem to coincide with 

the appearance of this endothermic event suggesting this compound may be 

involved in the melt. However, except for A5 the residues remained friable 

after analysis. If they had melted it is believed this would not be the case but 

instead the residues would be expected to cool as a solid mass, as was the 

case with residue A5. This observation would appear to therefore support the 

variation in crystallinity/crystal dimensions explanation of the double peak. 

 

A5 showed evidence of two distinct endothermic peaks below 200°C (Figure 

4.1), the first of which can be attributed to the loss of free water and water 

subject to low, attractive surface forces in the sample. This is water which 

would be lost upon drying at 105°C [203]. The second peak, occurring 

between 100-150°C has occasionally been observed by other authors [24, 

59]. Such a peak may be attributable to dehydration of CaSO4·2H2O or 

CaCl2·2H2O [25, 59]. Other authors have placed both peaks in the bracket of 

partially bound water [24]. Based on XRD analysis of the residues (Figure 
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4.4) and the water soluble Cl and SO4 content of A5 (Table 4.1), the peak is 

considered primarily attributable to CaCl2·2H2O. This compound occurs when 

the scrubber/HCl ratio is low as in equation 4.2 [25] and as such is not 

commonly found alongside excess Ca(OH)2 [61]. Coupled with the very high 

soluble Cl content present in A5, the presence of CaCl2·2H2O suggested 

recirculation of the scrubber. Geysen et al [59] observed this compound 

alongside CaClOH in residue collected from a wet scrubber system in which 

the scrubber effluent is recycled to cool the gas stream, evaporating the 

water and leaving the salts on the bag filters. Such a process would reduce 

the scrubber/HCl ratio. The reasons for the simultaneous presence of 

Ca(OH)2, CaClOH and CaCl2·2H2O in A5 are unclear, but perhaps is the 

result of blending residues collected at different times. The CaCl2·2H2O 

phase would not be expected to persist, reacting with the excess portlandite 

as equation 4.3 [25]. 

 

Equation 4.2  Ca(OH)2 + 2HCl → CaCl2·2H2O 

Equation 4.3  Ca(OH)2 + CaCl2·2H2O → 2CaClOH·2H2O 

 

Pure CaCl2·2H2O also shows an endothermic peak without a corresponding 

weight loss at ~780°C due to melting of CaCl2 [59]. As previously mentioned 

the melting temperature may be altered in such a complex system. A5 

showed a very diffuse endothermic peak ranging from ~560-900°C (Figure 

4.1) which may well have encapsulated the endotherm associated with 

melting as well as volatisation of the Cl and SO4 salts [19] and that 

associated with CaCO3 decomposition. The endothermic event was perhaps 

so broad due to the overlapping temperature range of all of these events. 

Despite the large mass loss evident by TGA between ~650-900°C for residue 

A5, peaks observed by XRD corresponding to CaCO3 were of a low intensity 

(Table 4.3). This perhaps indicated the significant mass loss was a result of 

volatisation of other compounds such as the Cl. A5 contained a much greater 

Cl content relative to the other residues, as shown by the release during BS 

EN 12457-2 (Table 4.1). As a result, the CaCO3 content of A5 could not be 

quantified by TGA because it could not be distinguished from the mass loss 

associated with the volatisation of other compounds (Figure 4.2). 
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Despite showing a relatively large weight loss (2.4%) across the range 

corresponding to Ca(OH)2 and CaClOH decomposition by TGA (Figure 4.2), 

residue A4 showed very little DTA response (Figure 4.1). Weight loss from 

A5 for example was 1.6% and this residue showed a much more significant 

DTA response. This discrepancy in the behaviour of A4 resulted in what is 

believed to be an overestimation of the CaClOH content. This belief is based 

on the Cl release observed during BS EN 12457-2 (Table 4.1) and the 

quantity of NaCl and KCl observed in this residue according to XRD analysis 

(Table 4.3). If all of the 112,600mg/kg Cl release from A4 occurred from 

CaClOH, NaCl and KCl, according to the ratios observed by XRD the 

CaClOH content would be ~12.2%w/wdry. Any soluble Cl contributed from 

other compounds would reduce this percentage. Potentially the DTA 

response was affected by an alternate influence. Particle size may affect 

DTA response [144] although treatment of the samples with a pestle and 

mortar should have prevented this. A4 showed several overlapping peaks on 

the DTA trace in the temperature range ~360-525°C which may have been a 

result of varying crystallinity/crystal size of the compounds and affected the 

DTA response. Such variation would also affect the semi-quantitative 

interpretation of the XRD patterns by the RIR methods. Back calculation 

assuming 12.2% CaClOH indicated 5% Ca(OH)2 but such values can only be 

considered very approximate. 

 

In pure systems the Ca(OH)2 content may be predicted according to pH 

buffering above pH~12. However, the buffering observed (Figure 4.7) 

appeared to indicate a greater Ca(OH)2 content than was observed by STA 

analysis, particularly for residue A5. This suggests additional alkaline buffers 

were present in the APC residues, such as CaClOH. The extent of the 

plateaus at pH~12 were however loosely correlated with the observed 

Ca(OH)2 content of the residues, suggesting this to be the primary buffer at 

high pH and residue A4 to contain slightly more Ca(OH)2 than residue A3. 

 

Consistent with other work [69, 82, 104], along with the plateau at pH~12 the 

ANC titration showed buffering at pH~4.5-7. The extent of the plateaus at 

pH~4.5-7 increased with greater CaCO3 concentration, consistent with the 
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behaviour of APC residue before and after treatment by accelerated 

carbonation [74, 82]. ANC to pH 4.5 of 8-16mEq/g has been reported for 

several APC residues [20, 59, 69, 82, 83] in agreement with the capacity 

observed for the MSW residues analysed here. Alkalinity of the clinical waste 

residue was considerably higher as a result of the significantly greater 

Ca(OH)2 concentration observed by thermal analysis (Table 4.1). Generally 

higher levels of PVC in clinical waste than MSW are expected (~4.4%w/w 

compared to ~0.7%w/w respectively) [61]. Chlorine released from PVC and 

organic compounds during incineration tends to enter the gas phase as HCl 

[61]. Clinical incinerator flue gases are therefore expected to consist of higher 

HCl concentration and as such greater quantities of scrubber may be used. 

Additionally, to ensure emissions limits were complied with, the scrubber in 

the incinerator from which A1 was derived was not recirculated. The resultant 

excess Ca(OH)2 has implications not only for the ANC of the residue but also 

for its potential treatment in pozzolanic systems. Such excess reduces or 

even removes the need for lime addition as a reagent. Although Bacciochi et 

al [74] also observed a large excess of Ca(OH)2 in an APC residue collected 

from a hospital waste incinerator,  high excess of Ca(OH)2 does not appear 

to be necessarily associated with clinical or hospital waste incineration. Little 

excess Ca(OH)2 has been observed in hospital waste APC residues studied 

previously [24, 37] and occasionally considerable excess is observed in 

MSW APC residues [24, 104]. 

 

All of the residues would be classed as corrosive due to the high pH resulting 

from BS EN 12457-2 Table 4.1 [84] and the alkalinity (Table 4.1). The pH of 

the leachate produced could be primarily attributed to Ca(OH)2 content 

(Figure 4.1 and Figure 4.4), and is consistent with previous work [20, 51, 67, 

76]. The pH in such leachates would however be a very complicated result of 

the concentration, and interactions between all of the ions solubilised from 

the crystalline compounds and the amorphous phase [20, 76]. As such, 

variations from that expected based on Ca(OH)2 concentration may occur 

[76]. Lower pH was observed for A5 than the other residues for example, 

despite the higher Ca(OH)2 content than A3 or A4. This was perhaps a result 

of the greater concentration of Cl ions in the leachate interacting with the 
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alkali and alkali earth metals which would form bases. The complexity of the 

systems is highlighted by the greater buffering at pH~12 (Figure 4.7) despite 

the lower natural pH (12.2) of A5 determined according to BS EN 12457-2 

(Table 4.1). Variation in pH during BS EN 12457-2 was very low, as reported 

previously [51, 67, 76]. Standard deviation of all pH values observed in this 

study and the referenced literature was just 0.2 pH units with a mean of 12.5 

and all values fell within the 11.6-12.8 range reported in [67]. The pH would 

therefore appear to be reasonably predictable and the influence on leaching 

would be fairly consistent.  

 

Consistent with previous work [51, 62, 67, 76] the residues contained a large 

soluble fraction, observed as TDS during BS EN 12457-2. A considerable 

proportion was due to the soluble Cl and SO4 salts (Table 4.1) identified by 

STA and XRD (Figure 4.1 and Figure 4.4). The dissolution of CaClOH and 

NaCl during BS EN 12457-2 was confirmed by XRD analysis of A1 following 

leaching and vacuum drying (Figure 4.6) and [66]. Following leaching, 

residue A1 appeared as slighlty carbonated Ca(OH)2 when analysed by XRD. 

The removal of CaClOH caused a loss of intensity in the peak at ~47°2Ө 

which in the as-received residue comprised of the (012) Ca(OH)2 reflection 

and the (110) CaClOH reflection. In the leached residue this peak appeared 

to be broad relative to other Ca(OH)2 peaks (Figure 4.6). Broadening of 

peaks may result from a reduction in the crystal size because the angles at 

which the reflections from consecutive planes are perfectly out of phase 

occurs at greater deviation from the ideal Bragg conditions in smaller 

crystals. This is demonstrated by equation 4.4 [333].  

 

Equation 4.4  δӨ=λ/2t cosӨ 

 

In which  δӨ= the deviation from the ideal Bragg angle, 

  λ= the X-ray wavelength, 

  Ө= the Bragg angle, 

t= the thickness of the crystal= md in which d=the inter plane 

distance of the lattice and m= the number of lattice planes. 
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It is evident from Figure 4.6 that the (012) Ca(OH)2 reflection has broadened 

to a greater extent than other peaks. This would suggest the Ca(OH)2 crystal 

dimensions normal to the (012) plane to be smaller than along other axis and 

therefore suggets crystal anisotropy. Broadening of XRD reflections may also 

result from instrumental factors and microstrain as well as solid solution 

states which effectively result in a number of reflections across a small range 

of angles. The latter factor is unlikley in the sample analysed here and crystal 

anisotropy is considered to be the most probable explanation for the 

anisotropic peak broadening. Crystal sizes were not calculated however 

since the instrumental broadening was not determined.      

 

The residues showed a considerable variation in TDS, Cl and SO4 release 

during BS EN 12457-2, with a range of 128,300mg/kg for Cl release and a 

standard deviation of 51,805mg/kg. The Cl release from A5 was significantly 

greater than the mean value for the five wastes, suggesting the chloride 

content of this residue was unusually high. Such behaviour was consistent 

with the observation of CaCl2·2H2O as well as CaClOH and would support 

the idea that this residue had been recirculated. Results presented 

throughout the literature obtained with similar test procedures also showed 

significant variability [51, 67, 75, 76, 82] ranging from 96,300mg/kg [51] to 

237,690mg/kg [82]. Despite the expected higher HCl concentration in the flue 

gases expected from clinical waste the Cl release from residue A1 was very 

close to the mean observed for residues examined here and throughout the 

literature because CaClOH was not the only contributor to water soluble Cl 

and XRD analysis of A1 showed less evidence of the alkali chlorides 

associated with the fly ash. 

 

Residues examined in this study showed a range for SO4 release of 

8800mg/kg with a standard deviation of 3810mg/kg. Results presented 

throughout the literature [51, 67, 82] ranged from 7000mg/kg [67] 

20,490mg/kg [51]. SO4 release from A1 was considerably below the mean 

result observed for the residues studied here and lower than the range 

observed in the literature. Lower SO4 release may be a result of slight waste 

composition differences between MSW and clinical waste, or simply a 
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reflection of the inherent variability of the residues. A5 also showed low SO4 

release during BS EN 12457-2 for example. An absence of crystalline 

sulphates was also observed in hospital waste residues studied by Bodenan 

and Deniard [24], but CaSO4 was present in the residue studied by 

Kougemitrou et al [37]. 

 

Such significant variability in the residue quality has implications when trying 

to design a suitable treatment process. It suggests modifications to the 

treatment may be required in order to handle a specific residue. This could 

increase associated costs and difficulty due to the assessment and 

alterations required. 

 

The storage conditions of the samples between production and arrival at the 

university also had a significant impact on the mineralogy. Although CO2 may 

be present in the gas stream at concentrations up to ~10% volume [24], 

greater CaCO3 concentration in several of the residues (in particular A3) was 

attributed primarily to carbonation of the excess CaO/Ca(OH)2 during storage 

and transport. A consequence of the formation of CaCO3 and corresponding 

reduction in Ca(OH)2 and CaO concentration of the residue is an implied 

reduction in the reactivity of the residue in pozzolanic systems. Unless 

additional Ca(OH)2 was to be added to the system, it would be crucial to treat 

the residues before carbonation if pozzolanic reactivity was the primary 

mechanism of s/s. KCaCl3 was also present in residue A3 (Figure 4.4) which 

has previously been observed as a carbonation product [128]. KCaCl3 is 

perhaps a result of carbonation of CaClOH in the presence of KCl. Despite 

showing a significant DTA peak in the range associated with CaClOH (Figure 

4.1) and corresponding weight loss (Figure 4.2), very little CaClOH was 

apparent by XRD (Figure 4.4). Carbonation may have continued during XRD 

sample preparation and analysis. The degree of carbonation witnessed did 

not significantly affect the initial pH, i.e when exposed to de-ionised water 

(Table 4.1). Carbonation was reflected in the acid neutralisation behaviour, 

causing a shift in the pH buffering plateau (Figure 4.7). This would 

significantly alter the leaching behaviour due to pH variations if exposed to 

acidic solutions.  
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The majority of the work here reported was performed on residue A1 since it 

was available from the start of the project whilst other residues were later 

acquired. A1 was therefore subject to additional examination. Elemental 

composition of A1 was determined by acid digestion and ICP OES analysis 

at an industrial laboratory. Full WAC analysis was also performed according 

to BS EN 12457-2. Some difference in the trace elements present A1 would 

be expected owing to the fact that this residue resulted from clinical waste 

incineration. Clinical waste is defined as:  

 

“(i) any waste which consists wholly or partly of human or animal tissue, 

blood or other body fluids, excretions, drugs or other pharmaceutical 

products, swabs or dressings, or syringes, needles or other sharp 

instruments, being waste which unless rendered safe may prove hazardous 

to any person coming into contact with it; and 

 

(ii) any other waste arising from medical, nursing, dental, veterinary, 

pharmaceutical or similar practice, investigation, treatment, care, teaching or 

research, or the collection of blood for transfusion, being waste which may 

cause infection to any person coming into contact with it” [383]. 

 

In practice much of the waste composition is composed of plastics, paper 

and cardboard resulting from packaging and disposable equipment used in 

medical practices and laboratories. Idris et al [39] suggested 80% of hospital 

wastes to be comparable to domestic solid waste. Only a small proportion of 

hospital wastes may actually pose a risk of infection but large amounts of 

more general refuse items are disposed in the same way [384, 385]. Delay et 

al [71] reported clinical waste composition as approximately 35% plastic, 

23% paper, 8% food, 5% metals, 4% glass and 2% cardboard amongst other 

fractions. The composition of municipal waste has been reported as 

approximately 10% plastic, 23% paper/cardboard, 18% food, 4% metal, 6% 

glass [386]. Key differences appear to be greater plastic content in clinical 

waste and greater food content in municipal waste. A fraction of the MSW 

would be recycled or sorted for other purposes such as composting. It is 

difficult to obtain data on the composition of waste incinerated. Recycling and 
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sorting of clinical waste would be less prominent due to perceived risks of 

infection when handling the waste.  

 

Table 4.2 shows that, consistent with previous literature [63, 67, 76, 79, 86-

88, 90], in addition to the soluble phases identified by STA and XRD, other 

metals and oxyanions present in A1 were water soluble during BS EN 12457-

2. Untreated A1 would exceed SNR WAC for Hg, Pb, Se, Cl and TDS 

(highlighted in Table 4.2) and hazardous WAC for Hg, Pb, Cl and TDS. Pb 

release from APC residues has frequently been reported as problematic [51, 

59, 67, 73, 75, 76, 81, 82, 88]. This is a result of the Pb concentration in the 

residues along with the high pH (Table 4.1) which allows dissolution of Pb as 

Pb(OH)3 or Pb(OH)4 [69, 76] and possibly the presence of soluble lead 

chlorides in APC residues [73, 82, 88, 387]. Similar to Pb, Zn shows 

amphoteric behaviour [112, 157] but leaching from APC residues is rarely 

observed above hazardous WAC thresholds despite its relatively high 

availability [63, 88]. Several other elements were present in high enough 

concentrations in the residue to exceed WAC but are sparingly soluble due to 

the alkaline conditions of the leach test and their speciation [69, 387].  

 

Although Pb, Zn and Cd are associated with PVC [61, 71], a greater 

concentration of which is expected in clinical waste [61], the concentrations 

of Pb, Zn and Cd observed in the residues was low in comparison to the 

ranges presented in previous literature [20, 67]. This was perhaps an effect 

of the greater scrubber injection, and lack of recirculation, which could in 

effect dilute the metal concentration in the residues. It has however 

previously been reported that emissions of Pb, Cd, As and Cr are lower from 

medical waste (which comprises a large fraction of clinical waste) than MSW 

[388]. 

 

Hg release from APC residues has been observed to exceed relevant 

regulatory limits [77], but is often not observed to be problematic from MSW 

APC residues [73, 86]. Certain dental wastes (dental amalgam [383]) can be 

significant sources of Hg. However, the incineration of such waste is 

discouraged [383]. Se release from APC residues is very rarely reported. The 
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availability of Hg and Se observed in A1 both fell within the limits presented 

previously for MSW APC residue [20, 67]. The leachable Se at l/s=10 was 

within the limits presented by Lampris et al [67] although 2.3mg/kg Hg 

release was greater than the 0.5mg/kg upper limit. Hg and Se availability in 

the hospital wastes studied by Kougemtirou et al, [37] were not as significant 

as those present in A1 (0.32mg/kg and 2mg/kg respectively) and also fell 

within the limits suggested for MSW residues [20, 67]. Although some 

difference in the concentration of trace elements in APC residues resulting 

from clinical and MSW EfW incineration would be expected, clear trends are 

difficult to identify throughout the literature and there appears to be significant 

overlap between the composition of both types of residue. Certainly the 

crystalline phases identified in clinical waste, hospital waste and MSW 

residues analysed here and throughout the literature (e.g. [24, 37]) appear 

similar. 

 

SEM images presented in Figure 4.8 of A1 showed various size 

agglomerations of crystals resulting in very high surface area particles which 

results in increased rate of solubilisation [20] and contributes to the high 

water demand observed when including APC residues in s/s systems [67, 

166, 241]. Such observations are consistent with those reported in previous 

work [51, 66, 67, 74, 77, 81] although slightly larger spherical agglomerations 

have also been observed [66, 67]. Carbon deposits could also be seen (top 

left corner of Figure 4.8). Unusually the agglomeration in Figure 4.8 showed 

evidence of bright specks, indicating a high average atomic number and 

therefore discreet heavy metal particles when viewing BSE (Figure 4.8 (a)). 

EDX analysis of this agglomeration showed trace evidence of Pb, Zn as well 

as Cu. 
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4.1.2 Conclusions for as received APC residue characterisation 

 

• APC residues examined here showed similar elemental, mineralogical 

and morphological composition to those which had been studied 

elsewhere in the literature. 

• All APC residues had a significant water soluble chloride content, and 

a lower soluble sulphate content. The variability in this content was 

considerable, residues tested in the current study showed a range for 

Cl of 128,300mg/kg and standard deviation of 51,805mg/kg, and a 

range for SO4 of 8800mg/kg and standard deviation of 3810mg/kg. 

• This variability in the leachable anion concentration would have 

significant implications for treatments applied to different residues. 

Requiring modification to the treatment depending on the residue 

composition. 

• The crystalline compounds identified in APC residues resulting from 

the incineration of clinical waste are largely the same as those 

identified from MSW residues although some difference in the relative 

concentrations may occur.    

• Due to a generally higher PVC content in clinical waste, clinical waste 

incinerators may use a greater concentration of, and not recirculate, 

the scrubber. This resulted in a higher Ca(OH)2 and CaClOH 

concentration in the APC residue which resulted in a much more 

alkaline residue. This excess scrubber would also be beneficial for 

treating the waste in a pozzolanic s/s matrix, precluding the need for 

additional Ca(OH)2. 

• Some difference in the concentration of trace elements in clinical 

waste and MSW APC residues would be expected. However, since 

the concentration of trace elements in the wastes is inherently so 

variable, and there is significant overlap between the composition of 

residues resulting from clinical and MSW incineration, it is difficult to 

identify clear trends. A more comprehensive study would be required, 

preferably also monitoring the composition of waste entering the 

furnace.  
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4.2 Characterisation of as received PFA 

 

A PFA resulting from the co-firing in a power station with coal and biomass 

(palm kernel expeller) was studied in this work. Co-combustion of pulverised 

coal with biomass is performed due to environmental [389, 390] and 

economic advantages [391]. The economic advantages are complicated, 

depending on a number of variables however advantages may be found due 

to gaining ROCs, the lower price of biomass and energy crops than coal, and 

reduced costs associated with greenhouse gas emissions [391]. The source 

of the biomass is also a large factor in both the economic and environmental 

costs [390, 391]. However, it has been suggested that ‘Importing waste / co-

product biomass is unlikely to have significant negative environmental 

impacts. GHG (greenhouse gas) emissions associated with bulk transport by 

sea are low in relation to the GHG benefits from avoided fossil fuel 

combustion.’ [390]. 

 

Co combustion affects the composition of the flue gases and the resultant 

PFA and therefore has implications for the possible uses for this material. 

End of waste criteria for PFA as a cement replacement material involves 

restrictions on the use of co-combustion PFA. ASTM C618 does not allow for 

co-combustion PFA in cement or concrete. EN 450 dictates coal must 

constitute a minimum of 80% dry weight of the combustion materials. 

Additional criteria set out in EN 450 for the use of PFA as a cement 

replacement material (for use in structural concrete according to BS EN 206 

and 8500) includes but is not limited to 

 

•  LOI< 7% mass   

•  SO3< 3% mass 

•  Fineness (45µm sieve retention) < 45% mass 

•  Water requirement-95% of cement alone 

•  SiO2+Al2O3+Fe2O3>70% mass 

 

Table 4.4 includes the elemental composition of the co-fired PFA utilised in 

the present study (as oxides) as determined by XRF analysis after pressing 
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into a pellet with a cellulose binder. The PFA did not meet the standards set 

out in BS EN 450 for use in construction applications, exceeding the limits for 

SO3 equivalent and loss on ignition (LOI).  

 

Element Ca Si Al Fe Na K Mg Zn S LOI 

%weight 4.3 51.5 19.3 5.5 1.1 2.3 1.7 0.3 9.4 10.4 

Table 4.4 Elemental composition (as oxides) of co-fired PFA  

 

The high LOI could be attributed to significant levels of unburnt carbon which 

were present in the PFA, identified as large vesicular particles [392, 393] by 

ESEM analysis (Figure 4.9). Such a high content of unburnt carbon has been 

shown to have several implications when utilising the fly ash in cementitious 

materials including increasing the water demand [394]. The role of organic 

matter in an s/s matrix is difficult to assess. High organic carbon content in 

s/s systems may be beneficial, offering sorption sites for certain 

contaminants [150, 250, 387]. However, degradation of organic matter can 

produce acids which may have deleterious influence on the matrix and the 

matrix pH [155] and there are WAC limits for dissolved organic carbon 

(granular SNR=800mg/kg, granular hazardous WAC limit=1000mg/kg). 

Additionally oxidation of organic matter may cause a reducing environment 

[169]. This has perceived benefits for mobility of oxyanion species such as Cr 

and Se [111]. Some studies on s/s of wastes using PFA which exceeded the 

LOI limits established in EN 450 [226, 250-252, 270, 395] have shown good 

reactivity, compressive strength development, porosity, hydraulic 

conductivity, and improved leaching behaviour for certain pollutants. Poon et 

al [251] examined s/s of a synthetic heavy metal sludge containing Pb, Zn, 

and Cu in a pozzolanic system using a high carbon, non-EN 450 PFA. The 

immobilisation potential was observed to be equal or superior to that 

obtained by a finer fly ash after 56 days’ curing. 
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(a) 

 

(b) 

Figure 4.9 GSE ESEM images of co-fired PFA 
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High LOI and such particle morphology has been previously identified in co-

fired PFAs [396, 397]. No correlation between biomass content as a weight of 

the combustion materials and LOI of the resultant PFA has been noticed 

however [398, 399]. Similarly no correlation between biomass content and 

SO3 concentration in the resultant PFA is apparent [398, 399]. Despite the 

substantial sulphur content identified by XRF in the co-fired PFA, no 

evidence of sulphates was detected by XRD analysis (Figure 4.10) except for 

perhaps very weak evidence for trace amounts of K2SO4. This suggested the 

sulphur to be present in the amorphous fraction of the PFA. The high unburnt 

carbon content of this ash indicated incomplete combustion which may 

suggest the sulphur remained present as reduced or intermediate forms, 

possibly in the organic fraction [400]. Such speciation of sulphur meant that 

despite the relatively high content only 2800mg/kg sulphate was water 

soluble during BS EN 12457-2.   

 

The elemental composition of the material (Table 4.4) showed high 

concentrations of Si, Al and Fe. SiO2+Al2O3+Fe2O3 was greater than the 70% 

mass required by BS EN 450. Such composition is important from the 

perspective of utilising the PFA as a pozzolanic reactant or indeed to produce 

zeolites [266, 287]. The reactivity of the PFA is also dependant on the 

mineralogy however. Primarily the amorphous content is soluble in alkaline 

conditions and therefore involved in reactions [266, 287, 401]. The presence 

of a siliceous glass matrix in the PFA was confirmed by XRD analysis which 

showed a large amorphous hump with a maxima ~23-27°2θ (Figure 4.10) 

[337]. In addition crystalline compounds including quartz, mullite and iron 

oxide (Fe21.34O32 ICDD PDF- 83-0112) were present which are all typical of 

conventional coal combustion PFA [266, 287, 337, 394, 401]. Such 

mineralogy has been observed in co-combustion PFA containing different 

forms of biomass [396, 398, 399, 402]. As such the potential for significant 

strength development and mechanical performance across a range of 

properties has been demonstrated by substitution of cement with co-fired 

PFA [399, 402]. 
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Figure 4.10 XRD pattern for as-received co-fired PFA and matched phases.  

 

A large part of the co-fired PFA studied here was composed of spherical 

cenospheres and plerospheres (Figure 4.9) which are typical of conventional 

coal PFAs and are composed of the silicon and aluminium rich glass matrix 

which may contain mullite and quartz crystals, or may be iron rich [393, 394]. 

The spherical nature of the particles presents a low specific surface area 

which lowers water demand for a given workability [330]. The workability is 

also influenced by the size distribution of the spheres, a coarser particle size 

distribution resulting in a higher water demand [394]. A very large particle 

size distribution was evident from ESEM analysis (Figure 4.9). Spherical 

particles were observed from an undetermined minimum diameter up to 
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~20µm. In Figure 4.9 (b) it can be seen that some of the unburnt carbon 

particles greatly exceeded this limit across several dimensions. Particle size 

distribution of the PFA was determined using a Malvern mastersizer 2000, 

measuring laser diffraction. Results showed 45µm sieve retention would be 

33.7% mass which was acceptable regarding the limits established by BE EN 

450 however amongst the coarsest of a range of coal combustion fly ashes 

previously studied [394]. Such coarse particle size distribution not only 

affects the workability of blends produced, but also the reaction kinetics. 

Finer particle size distributions result in increased reaction rate and 

development of hydration products and therefore particle size distribution 

affects the rate of strength and microstructure development [394, 401].  

4.3 Characterisation of Waste Caustic Solution 

 

The waste caustic solution resulted from the cleaning of aluminium extrusion 

dyes. The solution was considered promising for use as an activator for 

pozzolanic systems due to the alkalinity and the soluble aluminium content 

which would be contained. Typically a small proportion of this highly alkaline 

cleaning residue is used to neutralise highly acidic waste waters which are 

generated from the anodising process [403]. However a significant amount 

remains. In Europe it was estimated that ~14,000m3 of such waste was 

produced in 2001 [404]. Methods of valorising this waste stream have 

previously been studied. Tansens et al [405] suggested precipitation of the 

aluminium as aluminium hydroxide followed by washing to increase purity 

and enable sale of the material, coupled with recirculation of the remaining 

NaOH solution into the cleaning bath. Iglesia et al [404] examined the 

potential use of such waste for production of zeolites, concluding zeolites 

suitable for use in detergents could be synthesised when the waste was 

blended with silica sources. In order to reduce the impurities in the caustic 

solution, which included 0.6mg/g Mg, 0.3mg/g F, 0.1mg/g K and Fe as well 

as a range of other impurities in lower concentrations, the waste was 

centrifuged prior to use. 
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The waste caustic solution examined by Iglesia et al [404] contained 

259,200mg/l NaAlO2 (3.16M) and 129,000mg/l NaOH (3.23M). The waste 

studied by Tansens et al [405] contained 808,000mg/l Na and 199,000mg/l 

Al. Tansens et al [405] discuss the high viscocity of the effluent. This is in 

contrast to the solution which was utilised during the current project which 

appeared to have a very low viscosity, similar to water. 

XRF analysis was performed on the waste caustic (WC) solution after 

evaporating the solution to dryness which showed TDS of 238,700mg/kg 

(267,800mg/l). Analysis of the dry material showed the presence of Na and 

Al. Along with trace contaminants including Si, S at concentrations 

<1200mg/l. Analysis of the WC solution by ion chromatography suggested 

1831mg/l (1506mg/kg) SO4 contamination, in close agreement with the 

1626mg/kg suggested by XRF analysis after conversion of S to SO4. A 

sodium concentration of 96,794mg/l would correspond to a NaOH 

concentration of 4.2M, however not all of the Na would be present as NaOH. 

A proportion would be present as NaAlO2 [404] and it is highly likely Na2CO3 

would also be present due to atmospheric exposure. If carbonation and trace 

impurities are not considered, and elemental concentrations determined by 

XRF are applied, assuming all the Al is initially present as NaAlO2, and the 

remaining Na is present as NaOH, concentrations for NaAlO2 and NaOH are 

1.2M and 3M respectively.  

 

pH Density 

(kg/l) 

TDS 

(mg/l) 

Na 

(mg/l)a 

Al (mg/l)a NaOH 

(M)a 

NaAlO2 

(M)a 

13.6 1.216 267,800 96,794 32,224 3 1.2 

Table 4.5 Characteristics of the WC solution. 
a 

calculated based on XRF analysis 

 

Solution concentrations were checked by titration with HCl. If the solution had 

undergone partial carbonation, several reactions would occur during the 

titration as shown in equations 4.5-4.8. Such reactions would result in three 

distinct plateaus [406-408]. Quantification of the acid required to reach the 

first inflection point provides quantification of the NaOH [406-408], signalling 

completion of equation 4.5. The sodium aluminate and carbonate cannot be 
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quantified however because equations 4.6 and 4.8, and 4.7 and 4.9 occur in 

similar pH ranges [406, 407]. In order to quantify the aluminate and the 

carbonate several methods are possible. These may include precipitation of 

Al(OH)3 according to equation 4.6 followed by complexation with KF [404, 

406], or addition of BaCl2, resulting in precipitation of BaCO3 according to 

equation 4.10, which results in a distinguishable plateau from those 

associated with equations 4.6 and 4.7 [407]. The latter method was 

employed in this study, following the procedure described by Kowalski et al 

[407]. The titration was repeated with different volumes of solution in order to 

ensure accuracy. Dilution was undertaken prior to titration to reduce the ionic 

strength to within the range observed to give repeatable results [407], and 

also to allow submersion of the pH electrode without requiring very large 

volumes of HCl. Saturated BaCl2·2H2O solution was injected into the WC 

solution in high enough volumes to guarantee complete reaction of Na2CO3. 

Following injection of the BaCl2, the solution turned slightly cloudy indicating 

precipitation. The titration curve obtained is presented in Figure 4.11. 

 

Equation 4.5  NaOH + HCl → NaCl + H2O 

Equation 4.6  NaAlO2 + HCl + H2O → Al(OH)3 + NaCl 

Equation 4.7  Al(OH)3 + 3HCl → AlCl3 + 3H2O 

Equation 4.8  Na2CO3 + HCl → NaCl + NaHCO3 

Equation 4.9  NaHCO3 + HCl → NaCl + CO2 + H2O 

Equation 4.10 Na2CO3 + BaCl2 → 2NaCl + BaCO3 

 

Despite the visible precipitation, no distinguishable plateau occurred which 

may indicate the low concentration of the Na2CO3 present in the solution. 

The precipitate observed may have been BaSO4. The low concentration of 

Na2CO3 was also supported by the lack of gas evolution observed whilst 

titrating in the range of the third plateau (Figure 4.11) which would 

correspond to the reaction shown in equation 4.9 and produce CO2. 

Quantification of the titration curve for NaOH and NaAlO2 according to the 

first and second inflections evident from the derivative and equations 4.5 and 

4.6 indicated concentrations of 4.4M NaOH and 0.78M NaAlO2 i.e. 

119,140mg/l Na and 21,060mg/l Al. There is clearly discrepancy between the 
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results observed by XRF and titration. However, it can be said that the 

solution contained 3-5M NaOH and ~1M NaAlO2.  

 

Figure 4.11 Titration and derivative of WC solution after injection of BaCl2 

 

5 Results and Discussion- Characterisation of Products  

 

Within this chapter characterisation of reaction products produced when 

blending the materials characterised in chapter 4 is discussed. Residue A1 

was used for this work. Characterisation was undertaken using XRD, STA, 

and SEM techniques. Such analysis is important when demonstrating that 

treatment induces physico-chemical changes in the waste and does not 

simply cause dilution. This is crucial for satisfying the landfill redulations [14]. 

 

Several variables were studied including 

• Waste:binder ratio- higher waste incorporation provides a more 

economical and resource efficient treatment. Waste content is often 

limited by consequences for the performance of the s/s product. 

• Curing temperature- increased curing temperatures can accelerate 

setting and strength development, offering benefits for reactions with 

slow kinetics. Temperature variation can also alter the observed 
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mineralogy. Curing at higher temperatures would be economically 

feasible for an on-site treatment option, utilising the heat produced at 

the incinerator. 

• Activator type (WC solution or de-ionised water)- Use of the WC 

solution has benefits since it is valorising the waste and may increase 

otherwise slow reaction kinetics. However, characterisation of an 

equivalent blend using de-ionised water was undertaken to assess its 

effects on the mineralogy of the samples. Additionally considering the 

availability of the WC solution compared to that of APC residue it is 

clear that insufficient WC solution would be available for treatment of 

all APC residue. 

• Sample age- most samples were studied after 28 days curing, 

however selected samples were also studied after 28 days curing at 

38°C followed by storage in sealed plastic bags up to ages of 18-

20months in order to assess development over longer periods of time. 

 

Sample 

nomenclature 

APC 

(g) 

PFA 

(g) 

WC 

(g) 

DIW 

(g) 

l/s 

(w/w) 

Curing 

Temp 

(oC) 

1:4 10 40 50  1 38 

2:3 (23) 20 30 50  1 23 

2:3 20 30 50  1 38 

2:3 DIW 20 30  41.1a 0.82a 38 

2:3 (80) 20 30 50  1 80 

3:2 30 20 50  1 40 

Table 5.1 Mix proportions, curing temperature and nomenclature. APC=A1, 

PFA=Co-fired PFA, WC=Waste caustic solution, DIW=de-ionised water. 
a
DIW 

content was calculated as the same volume as the WC solution 

 

Samples were generally cured at 38°C using the waste caustic solution as an 

activator. Table 5.1 indicates the mix proportions used in the current chapter.  

Curing temperatures were indicated in brackets whilst the use of de-ionised 

water was indicated by the initials DIW. Mix designs were centred around the 

mix 2:3 cured at 38°C which preliminary tests suggested to be close to the 
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optimum ratios for compressive strength development and workability 

(~175mm flow table spread [157]). In an attempt to avoid excessive 

workability due to the density difference between the WC solution and DIW, 

the DIW mix was designed with a l/s similar to that of the WC blends working 

on a v/w basis. In addition, selected samples were characterised before and 

after regulatory granular leach testing (BS EN 12457-2) in order to examine 

phase stability during such a procedure. 

 

Table 5.2 includes a key for peak labels used throughout this chapter, 

including corresponding chemical formula, mineral names and inorganic 

crystal structure database (ICDD PDF) reference numbers. 

 

Peak Label Chemical Formula Mineral 

Name 

ICDD PDF 

Ref 

P Ca(OH)2 Portlandite 84-1264 

Cl CaClOH  36-0983 

H NaCl Halite 05-0628 

C CaCO3 Calcite 72-1652 

V CaCO3 Vaterite 74-1867 

M Al4.75Si1.25O9.63 Mullite 79-1454 

Q SiO2 Quartz 46-1045 

Fe Fe21.34O32  83-0112 

Al AlCl3·6H2O  77-1884 

F (monoclinic) Ca2Al(OH)6Cl·2(H2O) Friedel’s salt 78-1219 

F (rhombohedral) Ca2Al(OH)6Cl·2(H2O) Friedel’s salt 35-0105 

ZP1 Na6Al6Si10O32·12H2O Na-P1 Zeolite 71-0962 

K Ca2.93Al1.97Si0.64O2.56(OH)9.44 Katoite 84-0917 

CI CaO·SiO2·H2O C-S-H (I) 34-0002 

Vs Na8Al6Si6O24(SO4)·2H2O Vishnevite 46-1333 

X Na8Al6Si6O24Cl2 Sodalite 82-0517 

Table 5.2 Peak labels for XRD patterns with corresponding chemical formula, 

mineral names and ICDD PDF reference numbers 
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5.1 Effects of variation in waste:binder ratio 

 

Figure 5.1 shows the concentration of Ca(OH)2 determined by TGA, present 

in samples prepared with varying waste:binder ratios over the first 28 days 

curing at 38°C. By monitoring the sample weights, concentrations were 

normalised to a %weight of the fresh mix. Samples were kept in sealed 

containers and bags in order to avoid carbonation, leading to erroneous 

results. Negligible difference in CaCO3 content was observed over the 28 

days. Evident from the results was the consumption of Ca(OH)2, and the 

presence of residual Ca(OH)2 in the samples after 28 days curing. 
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Figure 5.1 Ca(OH)2 concentration (%weight, normalised as weight of fresh mix) 

over 28 days of curing at 38°C, samples prepared with varying APC residue:PFA 

ratio, l/s=1 

 

Samples with greater APC residue:PFA ratios retained a higher 

concentration of Ca(OH)2 because the APC residue was the source of 

Ca(OH)2. Consumption appeared to occur slightly quicker in samples at a 

lower APC residue:PFA ratio, particularly at early ages (0-3days). After 7 

days the rate of consumption slowed significantly as Ca(OH)2 became 

depleted. It was noticed that all samples showed an increase in Ca(OH)2 
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content compared to that calculated from analysis of the as-received 

materials and dilution. The expected concentration of Ca(OH)2 calculated 

from the raw material composition is shown by dashes on the y axis in Figure 

5.1 (3:2>2:3>1:4). Such an increase was the result of the CaClOH reacting 

with the NaOH in the WC solution according to equation 5.1. This reaction 

has previously been proposed by Zheng et al [79] based on XRD 

observations. To confirm and quantify this, residue A1 was blended with a 

laboratory NaOH solution (3g A1+5ml 3.5M NaOH) and dried in a vacuum 

desiccator before analysis by XRD and STA. The XRD pattern for the reacted 

residue is shown in Figure 5.2. Quantification of the TGA curve for the 

resultant residue showed a Ca(OH)2 concentration of 50.9% weight, a 

CaCO3 concentration of 10.9%weight and no CaClOH. The increased 

carbonate content was likely a result of carbonation during drying and 

preparation for STA. These empirically determined values were in good 

agreement with calculated values based on complete conversion of the 

CaClOH in the as-received material, determined in chapter 4.1, which would 

result in 52.4% weight Ca(OH)2. These values were used to calculate the 

initial Ca(OH)2 concentration of the residues as shown in Figure 5.1. 

 

Equation 5.1.  CaClOH + NaOH → NaCl + Ca(OH)2 

 

Also presented in Figure 5.2 is the XRD pattern for residue A1 after blending 

with the WC solution and vacuum drying. The reaction shown in equation 5.1 

has occurred and in addition there was production of aluminate phases 

including Friedel’s salt. Such mineral formation highlights an advantage of 

valorising the WC solution for this type of application, contributing reactive 

aluminium to the matrix, increasing the potential for immobilisation of anions 

within sparingly soluble minerals. 
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Figure 5.2 XRD patterns (y axis range not normalised) for APC residue A1 before 

and after blending with NaOH and the WC solution and vacuum drying. 

 

Figure 5.3 and Figure 5.4 show the XRD patterns and DTA traces 

respectively for samples prepared with varying APC residue:PFA ratios. Due 

to the highly polycrystalline nature of the samples there were many 

overlapping peaks causing apparent broadening or discrepancies in peak 

intensities compared to the reference patterns. In order to demonstrate this, 

patterns for samples 1:4 and 3:2 are shown alongside the reference patterns 

for the primary phases present in Figure 5.5 and Figure 5.6 respectively. 

Patterns in have been corrected using the X’pert HighScore software to 

display intensities as collected by fixed divergence slits in order that 

intensities may be compared with reference patterns.  
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Figure 5.3 XRD diffraction patterns (y axis range not normalised), for samples 

prepared at varying APC residue:PFA ratios, l/s=1, cured at 38°C for 28 days 

 

Several phases were found in every sample, such as the unreacted quartz 

and mullite from the PFA, and Ca(OH)2 and CaCO3  from the APC residue, 

with the latter two also identified by DTA endotherms at ~450 and ~700oC 

respectively. The considerable presence of NaCl can be explained by the 

reaction between the CaClOH and NaOH plus the initial presence of NaCl in 

the APC residue. 

 

Reaction products also included Friedel’s salt, formed from the high content 

of soluble calcium, aluminates and chlorides. Friedel’s salt was evidenced by 

XRD and DTA via an endothermic peak at ~320°C and ~120°C as interlayer 

water is lost, thus reducing the crystallinity of the structure [210]. The initial 
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endotherm relating to Friedel’s salt has been seen as late as 160-180°C 

[216, 312] corresponding with the peak seen in samples 2:3 and 3:2. 

Friedel’s salt recrystallises exothermically at ~670°C [210]. Such a peak was 

not clear in the plots shown in Figure 5.4, but was evident in other samples 

analysed, obscuring the endothermic peak associated with CaCO3. XRD 

analysis showed Friedel’s salt to be present in both monoclinic and 

rhombohedral forms. This reversible phase transition occurs above 30°C 

[409, 410] although the transition temperature may change as Cl is 

substituted by OH [198]. The presence of both phases may be explained by 

the curing and storage regime. 

 

Figure 5.4 DTA patterns (y axis range normalised) for samples prepared with 

varying APC residue:PFA ratios, l/s=1, cured at 38°C for 28 days 
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Figure 5.5 XRD pattern for sample 1:4 corrected to fixed divergence slits, and 

reference patterns for principal crystalline phases present. 

 

Diffraction patterns also showed semi-crystalline C-S-H (I) (CI in Figure 5.3) 

which gives an endothermic DTA peak around 90-110°C and was observed 

in NaOH activated ggbs by Wang and Scrivener [279], and KOH activated 

ggbs by Richardson et al [277]. This phase became more prominent as the 

APC residue content increased, probably due to the greater Ca availability. 

As well as more prominent C-S-H (I) reflections, sample 3:2 showed the 

presence of katoite which was less prominent in 2:3 and not evident in 1:4. 

This suggests the Na/Ca ratio was crucial in determining katoite formation, 

consistent with observations by La Rosa et al [298], who saw katoite 
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formation when activating PFA:cement with NaOH  at a PFA:cement ratio of 

1:4 but not 4:1, i.e. katoite formed with a lower Na/Ca. Dehydration of katoite 

has been shown to occur at 250-350°C [411] and therefore the DTA 

endotherm corresponding to this event would overlap with that of Friedel’s 

salt. The production of katoite, C-S-H (I) and Friedel’s salt would explain the 

consumption of Ca(OH)2 observed by STA. 

 

Figure 5.6 XRD pattern for sample 3:2 corrected to fixed divergence slits, and 

reference patterns for principal crystalline phase present. 

 

Analysis of samples prepared at 1:4 and 2:3 by XRD showed evidence of the 

zeolite Na-P1 (Figure 5.3). This zeolite has been found when activating PFA 
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with NaOH solutions [287, 412], and may also occur in the presence of 

cements [295, 298, 302]. Na-P1 has a high cation exchange capacity and 

large internal cavities allowing adsorption of pollutants [287, 295]. As such 

the zeolite has potential for hazardous waste treatment [287, 295, 297] 

although the efficiency is reduced in alkaline media such as that which would 

be present in the pores and leachates of the samples studied here [295]. Na-

P1 was not present in the 3:2 samples; possibly due to the reduced Na/Ca. 

Lower availability of Ca appeared to allow formation and stability of this 

zeolitic phase up to 28 days. Where excess Ca(OH)2 is present zeolites such 

as Na-P1 may be consumed in pozzolanic reactions [295, 300, 301]. This 

may explain the lower quantities of this phase in later age samples. Analysis 

of 2:3 after 20 months showed very weak peaks for this phase and increased 

intensity of peaks due to C-S-H (I) (Figure 5.7). 

 

Figure 5.7 XRD patterns (normalised y axis range) for sample 2:3 after curing for 

28 days and 20 months 

 

At 28 days, sample 1:4 also showed peaks corresponding to sodalite. 

Sodalite is also a zeolitic phase but with smaller cavities and lower cation 

exchange capacity than Na-P1 [287]. Sodalite may include Cl within its 
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structure although has generally been observed as hydroxy-sodalite [273, 

287, 413] or ‘basic sodalite’ [303] in which the anion space is occupied by 

hydroxyl ions. XRD patterns for sodalite and hydroxy-sodalite are practically 

indistinguishable. The high Cl concentration in the samples studied here may 

encourage inclusion of Cl within the sodalite structure. Whilst at 28 days 

sodalite peaks were only detected in sample 1:4, after curing for 20 months 

they were also clear in 2:3 (Figure 5.7). This indicated the slow reaction 

kinetics involve in the production of sodalite at 38°C. Production was perhaps 

faster in sample 1:4 due to the greater quantity of PFA, and the lower 

availability of CaClOH which would neutralise the NaOH according to 

Equation 5.1, causing reduced dissolution of the PFA [261]. More rapid 

concentration increase of Si and Al in solution would therefore occur in 

samples prepared with lower waste:binder ratios. Accelerated reaction with 

lower waste:binder ratios was confirmed by monitoring the heat evolution of 

the samples by calorimetry as later reported (chapter 6.2) and was also 

consistent with the increased rate of Ca(OH)2 consumption in the initial 3 

days of curing (Figure 5.1). The presence of sodalite alongside C-S-H (I), in 

samples 2:3 after longer periods of curing, which showed evidence of 

unreacted Ca(OH)2 by TGA, also suggested that this phase is more stable 

than the Na-P1 zeolite in such environments, and not consumed in 

pozzolanic reactions.  

 

In 28 day samples, sulphate bearing reaction products could not be 

identified. Analysis of sample 2:3 cured for longer periods of time, showed 

clear evidence of vishnevite-Na8Al6Si6O24(SO4)·2H2O (ICDD PDF: 46-1333) 

(Figure 5.7). It is noted that vishnevite is a hydrated, sulphate containing 

analogue of sodalite. The production of the sulphate containing analogue 

would suggest a change in the ratio of the anions OH/Cl/SO4 over time. This 

may have occurred due to oxidation of the sulphur present in the PFA as a 

result of the high pH and exposure to atmospheric O2 [155, 414].  

 

XRD analysis of sample 1:4 showed a much more significant amorphous 

hump than other samples (Figure 5.3). This hump was due to unreacted PFA 

which was corroborated by the observation of a significant quantity of 
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unreacted, spherical PFA particles when viewing fracture surfaces by ESEM 

(Figure 5.8). Far fewer unreacted fly ash particles were evident in analysis of 

sample 3:2 corresponding to a much lower amorphous content visible by 

XRD. Fracture surface imaging showed distinctly different morphologies in 

samples 1:4 (Figure 5.8 and Figure 5.9) and 3:2 (Figure 5.11 and Figure 

5.12) which is as would be expected based on the phase identification by 

XRD. Consistent with the XRD analysis the samples appeared highly 

heterogeneous showing a broad range of morphologies, corresponding to a 

wide range of reaction products. Fernandez Jimenez et al [415] discussed 

microstructural development in alkali activated fly ash pastes, stating that 

several morphologies may coexist in the same paste owing to variations in 

factors such as particle size distribution and local chemistry (e.g. pH) 

throughout the paste. Varied conditions were also evident from the 

coexistence of Na-P1 and sodalite as observed by XRD analysis. The 

different zeolites may form from the same fly ash depending on the reaction 

conditions [287]. Figure 5.10 shows a fly ash particle which has been 

attacked at a discreet point which has then expanded into a larger hole. This 

is consistent with the mechanism described by Fernandez Jimenez et al 

[415] and allows alkali attack to occur from the inside of the cenosphere out, 

or, allows access to the smaller particles contained in the case of a 

plerosphere. Reaction products can be seen to have precipitated within the 

initially dissolved area of the fly ash particle. Additionally there was evidence 

of ‘crust’ formation around some of the particles, (Figure 5.13) due to rapid 

precipitation of hydration products of low permeability. Such formation delays 

further reaction of the fly ash particles since it must occur by a diffusive 

mechanism [415].  

 

Precise identification of reaction products by SEM was difficult and avoided 

due to the heterogeneity of the matrix. The morphology presented in Figure 

5.12 was not evident in sample 1:4, and bears a striking resemblance to the 

‘crumpled foil like morphology’ described for low Ca/Si C-S-H and observed 

previously with synthesised C-S-H (I) [416]. This would be consistent with 

analysis by XRD which showed C-S-H (I) in sample 3:2 but not sample 1:4 

(Figure 5.3).  
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Figure 5.8 Fracture surface of sample 1:4 cured for 28 days, viewed by GSE SEM 

 

 

Figure 5.9 Fracture surface of sample 1:4 cured for 28 days, viewed by GSE SEM 
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Figure 5.10 Partially reacted fly ash particle viewed by GSE SEM analysis of a 

fracture surface of sample 1:4 cured for 28 days 

 

 
Figure 5.11 Fracture surface of sample 3:2 cured for 28 days, viewed by GSE SEM 
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Figure 5.12 Fracture surface of sample 3:2 cured for 28 days, viewed by GSE SEM 

 

 

Figure 5.13 Resin impregnated and polished section of sample 2:3 cured for 28 

days, viewed by BSE SEM 
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5.2 Effects of variation in curing temperature 

 

Figure 5.14 shows the change in Ca(OH)2 concentration over the first 28 

days of curing in sample 2:3 cured at 38°C and 80°C. Consumption of 

Ca(OH)2 was much greater at 80°C. Such behaviour was consistent with the 

literature. Higher curing temperatures introduce more energy into the system, 

increasing the rate of fly ash dissolution and reaction kinetics [261, 274, 288, 

290, 417] and therefore Ca(OH)2 consumption. The rate of Ca(OH)2 

consumption appeared higher over the first three days, after which it was 

slower than the lower temperature sample. This was consistent with results 

presented by Shi and Day [290] and was likely a result of the initially rapid 

formation of hydration products forming largely impermeable ‘crusts’ around 

the PFA particles [415].    
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Figure 5.14 Ca(OH)2 concentration (%weight, normalised as weight of fresh mix) in 

sample 2:3 and sample 2:3 (80) cast with l/s=1 over the first 28 days of curing 

 

Figure 5.15 shows diffraction patterns for sample 2:3 cured at 38°C and 

80°C. Wang and Scrivener [279] reported more crystalline C-S-H (I) when 

curing at 80°C. The intensity of the peaks corresponding to C-S-H (I) were 
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not observed to be much greater in the samples analysed here. The clearest 

reflection was at ~7°2θ since other reflections tended to consist of 

overlapping peaks e.g. calcite, portlandite and katoite peaks overlapped the 

peak at ~29°2θ. Although the peak intensity was not noticeably greater, the 

peak was better defined suggesting greater crystallinity. Additionally there 

appeared to be a slight shift in the peak to a higher °2θ when curing at 80°C. 

This peak shift could be associated with loss of water from the C-S-H (I) [418] 

due to the higher curing temperature. 

 

Samples analysed in this study showed formation of zeolite Na-P1 at 38°C 

and sodalite at 80°C. Na-P1 was not present in the samples cured at 80°C. 

Initially this was believed to be a result of the increased rate of pozzolanic 

reaction and therefore increased rate of consumption of the Na-P1. However, 

samples analysed after 1 day showed no Na-P1, suggesting the phase did 

not form. This could perhaps be an implication of rapid hardening and spatial 

constraints, preventing the crystallisation of Na-P1. The absence of Na-P1 in 

samples cured at 80°C appeared to contradict previous results [287, 298, 

412, 413]. In the literature Na-P1 is still seen to form in samples cured at 

temperatures up to 200°C. Previous work has shown blends of NaOH and fly 

ash cured at 38°C and 80°C for less than a week led to faujisite formation at 

38°C and Zeolite P at 80°C [412]. Querol et al [287] discussed the effects of 

temperature and concentration of alkali activator on the type of zeolite 

formed. Higher activator concentration and temperature were suggested to 

produce low cation exchange capacity (CEC) zeolites such as hydroxy-

sodalite, with low temperature and activator concentration resulting in high 

CEC zeolites such as Na-P1. Whilst the zeolite phases seen in this study 

occurred in generally lower temperature ranges to those reported previously, 

the trend of sodalite as opposed to Na-P1 formation at higher temperatures 

appeared to hold true. A number of factors may have influenced the curing 

temperature range at which the different phases formed. Samples analysed 

here had been cured for 28 days as opposed to generally less than 7 in the 

literature which could have compensated for slower kinetics. Additionally the 

lower l/s applied to the samples studied here, as opposed to those typically 

applied when synthesising zeolites (l/s=1-20ml/g) [287] may alter the 
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temperature range in which phases form due to the quicker concentration 

increase in the solution. Characteristics of the raw material such as particle 

size distribution and glass phase composition could also result in changes in 

reaction products [287] and certainly the high concentration of chloride salts 

in the APC residue could have an influence.  

 

Figure 5.15 XRD patterns (normalised y axis range) for sample 2:3 and 2:3 (80), 

prepared with l/s=1, cured for 28 days 

 

Working with lower l/s ratios than those typically used for zeolite synthesis, 

sodalite has been observed to form as a result of several curing regimes. 

Basic sodalite was observed alongside C-S-H (I) when activating pre-treated 

fly ash with NaOH at 90°C for 24 hours [303]. Dombrowski et al [419], 

observed sodalite in 28 day old Ca(OH)2/fly ash blends activated with 8M 

NaOH and cured at 40°C for the initial 3 days whilst Alonso and Palomo 
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[273] identified hydroxy-sodalite in blends of metakaolin and Ca(OH)2 after 

curing at 45°C for 24 hours when activating with a NaOH solution of 

concentration greater than 5M. 

 

It is noticed that the sample cured at 38°C showed sodalite and vishnevite 

formation after 20 months curing (Figure 5.7). Curing at 80°C accelerated the 

formation of sodalite such that it was present in 28 day samples (Figure 

5.15). However, no vishnevite was evident in the sample cured at 80°C for 28 

days suggesting the same acceleratory effect was not present. Additionally 

no other crystalline sulphates were clearly evident at 28 days. This is 

perhaps indication that the formation of vishnevite is dependent on oxidation 

of some of the sulphur in the PFA.  

 

Increased curing temperature also showed increased prevalence of katoite, 

in agreement with previously discussed results, which suggest this phase to 

form in conditions which allow for rapid reaction. Peaks for Friedel’s salt were 

also much less intense when curing at higher temperature, consistent with 

previously reported results concerning the stability of Friedel’s salt with 

temperature [420].  

5.3 Effects of alkali activation 

 

Figure 5.16 shows the DTA plots for samples with APC residue:PFA 

ratio=2:3 activated by deionised water whilst XRD patterns are presented in 

Figure 5.17. Although characterisation of the alkali activated blends showed 

good repeatability, indicating a homogeneous matrix with regard to the 

quantities used for analysis by STA and XRD, immediately apparent in the 

DIW blends was the heterogeneity of the samples. At 28 days the DTA plot 

showed no evidence of CaClOH whilst the XRD pattern was dominated by 

peaks for this phase. XRD patterns for DIW samples showed a consistently 

greater amorphous content which can be attributed to the slower rate of PFA 

dissolution and reaction product formation [266, 274]. The slower rate of 

reaction was also apparent from the setting time of the water activated 

samples as discussed later.  
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Figure 5.16 DTA plots (y axis range normalised) for sample 2:3 DIW cured for 28 

days and 18 months 

 

Changes in phase composition when activating with water as opposed to the 

WC solution were also apparent. Both NaCl and Ca(OH)2 levels were lower 

since the absence of NaOH prevented its reaction with CaClOH. NaCl was 

present in low concentrations owing to its presence in the APC residue. 

CaClOH was still present in the DIW samples at 28 days (Figure 5.17), and 

was also observed to remain present in samples cast with high waste:binder 

ratios, when utilising CEM I as the binder [243]. After curing for 18 months 

CaClOH was no longer evident in the samples analysed, whilst Friedel’s salt 

appeared more so, suggesting that some of the Cl was now bound within this 

phase.  

 

The absence of Ca(OH)2  after 18 months in the sample analysed by XRD 

(Figure 5.17) appeared largely due to carbonation. CaCO3 was present in the 

DIW samples as calcite and vaterite, but only as calcite in the WC samples. 

Vaterite is rarely observed as a carbonation product but has been seen to 

form on Ca(OH)2 intermixed with Ca-rich C-S-H when exposed to ambient air 
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[421]. Vaterite perhaps did not form in the WC activated blends because 

alkali activated systems tend to produce C-S-H with low Ca/Si [254, 277, 

279].  

 

Figure 5.17 XRD patterns (y axis range not normalised) for sample 2:3 DIW cured 

for 28 days and 18 months 

 

The absence of additional NaOH led to the DIW samples containing no 

zeolitic phases. Furthermore, no evidence of C-S-H (I) or katoite was 

observed, consistent with the findings of LaRosa et al [298]. Katoite 

appeared to be produced in highly alkaline, high Ca systems. High alkalinity 

may assist katoite formation by increasing the solubility of Al and the reaction 

kinetics. 
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5.4 Effects of regulatory leach testing (BS EN 12457-2) 

 

Characterisation of selected s/s products before and after leaching was 

undertaken in order to provide useful information on water soluble phase 

composition and to explain leach performance examined later (chapter 6). 

Examination of the XRD patterns before and after leaching (according to BS 

EN 12457-2) (Figure 5.18 and Figure 5.19) showed the removal of halite and 

Na-P1. Conversely, there was a large increase in the intensity of the peaks 

due to quartz, which can be explained by the large TDS which occurred 

during leaching (2:3=148,500mg kg-1, 2:3(80)=122,500mg kg-1) leading to 

enrichment of phases of low solubility. The same mechanism can explain the 

increase in intensity of the peaks associated with Friedel’s salt, C-S-H (I), 

katoite and mullite. It is unclear why sodalite and vishnevite appeared after 

leaching. Such conditions were not typical of those used for synthesising 

zeolites, which generally involve higher temperatures to encourage 

dissolution of the fly ash [287]. Additionally leachate pH values observed 

during BS EN 12457-2 were ~12.5, occasionally increasing to ~12.7. Such 

pH values are lower than those typically associated with zeolite production 

[287]. Zeolite yield is known to be higher at higher l/s however. Such 

conditions encourage greater dissolution of the fly ash matrix, and provide 

space for crystallisation of zeolites [287]. It is perceivable that such an effect 

was responsible for zeolite production during the process of leach testing.  

Potentially the process of the leach test sped up the oxidation of the 

sulphates, increasing surface area due to particle size reduction and 

atmospheric exposure whilst in an aqueous alkaline environment which 

enabled vishnevite formation. After leaching an exothermic event ~900°C 

was apparent by DTA which may be associated with spinel transformation of 

the zeolites (Figure 5.20) [413].  
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Figure 5.18 XRD patterns (y axis range normalised) for sample 2:3 before and after 

leach testing according to BS EN 12457-2 

 

Leached samples also showed significant carbonation when analysed by 

XRD, resulting in a greater calcite peak and removal of the Ca(OH)2 peak. 

The extent of carbonation was not as apparent by STA analysis, carbonation 

could have occurred during sample preparation for XRD however it is likely 

that some Ca(OH)2 was also removed by the leaching procedure, particularly 

considering the high ionic strength of the solution due to the NaCl release 

[236]. Leaching of Ca(OH)2 was confirmed by TGA analysis of the sample 

before and after BS EN 12457-2. No Ca(OH)2 was apparent after leach 
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testing and the mass of CaCO3 observed was insufficient to explain the 

decrease in Ca(OH)2. 

 

Figure 5.19 XRD patterns (y axis range normalised) for sample 2:3 (80) before and 

after leach testing according to BS EN 12457-2 

 

Chlorides were retained as Friedel’s salt and sodalite during BS EN 12457-2, 

showing the potential for immobilisation of chlorides within these minerals 

(Figure 5.19). However, the anion occupies a very low molecular weight 

fraction within sodalite (Table 5.2) therefore the phase has little potential for 

immobilising the levels of chlorides present in APC residues. Additionally the 

predominant chloride phase was NaCl which was removed by leach testing 

suggesting a high chloride release. 
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Figure 5.20 DTA analysis of 2:3 before and after granular leach testing according to 

BS EN 12457-2 

 

5.5 Summary of sample characterisation 

 

• Reactions between APC residue and PFA when activated with water 

are very slow and large quantities of the PFA remain unreacted. 

Activation of such blends with an alkali metal solution drastically 

increases the rate of hydration products formed and also alters their 

nature. 

• The reaction products formed when alkali activating are dependent on 

a number of factors including the APC residue:PFA ratio, curing 

temperature and curing time. 

• Adjustments in the APC residue:PFA ratio causes a significant 

difference in crystalline reaction products from primarily Na based 

zeolitic products such as Na-P1 and sodalite with a low APC residue 

content, to primarily Ca based products such as C-S-H (I), Ca(OH)2, 
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Friedel’s salt and katoite with high APC residue contents. Higher 

waste:binder ratios are desirable for industrial application of s/s, 

reducing the amount of binder necessary and the increase in volume 

of the waste. As such the Ca rich reaction products would be more 

likely in an industrially attractive treatment.  

• Lower APC residue:PFA ratios may result in high amounts of 

unreacted PFA owing to both greater availability, and the lower 

availability of Ca+Na with which to precipitate reaction products. 

• Friedel’s salt was present at all APC residue:PFA ratios but increased 

with increasing APC residue input, a consequence of the greater Ca 

and Cl availability.  

• Over time the reaction products develop. Na-P1 may be consumed 

whilst sodalite and vishnevite are formed along with continued C-S-H 

formation. 

• Curing at higher temperatures rapidly accelerated the rate of reaction. 

Ca(OH)2 consumption was particularly accelerated over the first 3 

days of curing at 80°C. Sodalite formation was also accelerated 

however vishnevite was still not present in samples cured at 80°C for 

28 days. Vishnevite formation is believed to be dependent on the 

oxidation of the sulphur present in the PFA. 

• The formation of Friedel’s salt offered a method of Cl retention during 

regulatory leach testing. Small amounts of Cl may also be retained in 

sodalite but not to any real consequence. Due to the reaction of the 

CaClOH phase in the APC residue with NaOH, a significant proportion 

of the chloride was present as highly soluble NaCl suggesting high 

release during leach testing.  

• Leach testing also resulted in formation of sodalite and vishnevite for 

reasons which are not known. 
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6 Results and Discussion-Performance Testing 

 

In this chapter results and discussion of performance testing conducted on 

the samples characterised in chapter 5 is presented. Testing was performed 

in order to optimise and examine the suitability of the treatment. Results were 

assessed against the waste acceptance criteria for stable non-reactive (SNR) 

and hazardous waste cells [92], and the criteria detailed by Stegemann and 

Zhou [157].  

 

In addition to the variables examined in chapter 5, namely, waste:binder 

ratio, curing temperature, and the use of the WC solution or de-ionised water 

as the liquid phase, performance of blends with varied l/s was examined. 

Samples were also examined using CEM I and de-ionised water as reagents 

in order to compare the merits of the different treatment options.  

 

Table 6.1 shows the proportions used for the blends studied in this work. 

Residue A1 was again used throughout this chapter. Mix designs for samples 

also examined in chapter 5 are repeated for the readers’ convenience. 

Nomenclature, consistent with chapter 5, indicated waste:binder ratio 

followed by an indication of deviations from the standard conditions i.e.  

• use of the WC solution as an activator, 

• curing temperature of 38°C  

• use of the co-fired PFA as a reagent, 

• l/s=1 

Curing temperatures were indicated in brackets whilst reagents and 

activators were indicated by initials, CEM=CEM I, DIW=de-ionised water. 
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Sample 

nomenclature 

APC 

(g) 

PFA 

(g) 

CEM 

(g)  

WC 

(g) 

DIW 

(g) 

l/s 

(w/w) 

Curing 

Temp 

(oC) 

1:4 l/s=0.55 12.9 51.6  35.5  0.55 38 

1:4 l/s=0.75 11.4 45.6  43  0.75 38 

1:4 10 40  50  1 38 

2:3 (23) 20 30  50  1 23 

2:3 20 30  50  1 38 

2:3 DIW 20 30   41.1a 0.82a 38 

2:3 (80) 20 30  50  1 80 

3:2 30 20  50  1 40 

2:3 CEM 

l/s=0.5 

26.7  40  33.3 0.5 23 

2:3 CEM 

l/s=0.6 

25  37.5  37.5 0.6 23 

Table 6.1 Mix proportions, curing temperature and nomenclature. APC=A1, 

PFA=Co-fired PFA, CEM= CEM I 42.5, WC=Waste caustic solution, DIW=de-ionised 

water. 
a
DIW content was calculated as the same volume as the WC solution 

 

6.1 Effects of l/s ratio variation 

 

Increasing the l/s resulted in greater workability (Table 6.2), due to a 

reduction in the volume fraction of solids in the paste [330]. With an APC 

residue:PFA ratio of 1:4, flow criteria of >~175mm suggested by Stegemann 

and Zhou [157] was met with l/s≥0.75. With l/s=0.75, flow was well in excess 

of 175mm however, suggesting further reductions in l/s would be possible 

whilst still satisfying the criteria although a ratio of 0.55 was too low. 

  

Consistent with previous work [67, 241], setting times increased with 

increasing l/s ratio (Table 6.2). An increase in setting times of cement paste 

is also typical when increasing the w/c ratio since interparticle spacings are 

increased, and so a greater degree of hydration may be required to achieve 

final setting [422]. The final setting time criterion of <~24hours [157] was 

satisfied with l/s≤0.75 when APC residue:PFA ratio of 1:4 was used and 
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samples were cured at 38°C. All initial setting times surpassed the 8 hour 

criteria suggested. Setting times were considerably longer than blends of 

APC residue with CEM I or ggbs [67, 166, 241]. Shi [271] reported final 

setting time of 60.05 hours for a lime:fly ash blend (1:4) prepared with 

l/s=0.35 cured at 23°C. Other work has shown lime:fly ash (3:7) prepared 

with l/s=0.44, cured at 25°C to produce final setting times of 54 hours [268]. 

Addition of between 2-6% NaOH or NaCl were observed to reduce the final 

setting time to ~20 and 43 hours respectively [268]. Such values are of 

similar order of magnitude to the samples studied here, although some 

variation would be expected due to factors such as relative fly ash fineness, 

l/s ratio variations, curing temperature and the inclusion of the APC residue.  

 

Sample Flow 

Value 

(mm) 

Final 

Setting

Time (h) 

28d UCS 

(MPa) 

UCS 

 (7d sub) 

(MPa) 

Bulk 

Porosity 

(%) 

1:4 

l/s=0.55 

145 14.75 13.4 +/- 1.6 12.3 44.9 

1:4 

l/s=0.75 

215 22 10.1 +/-1.4 9.4 52.2 

1:4 > 31.75 4.6 +/-1.1 2 60.2 

Table 6.2 Workability, final setting time, UCS and bulk porosity results for samples 

with varying l/s. Prepared with APC residue:PFA=1:4, cured at 38°C. >=greater 

than testable by flow table 

 

The additional volume contributed by the liquid in the pastes at higher l/s also 

resulted in greater porosity and consequently lower compressive strength 

(Table 6.2 and Figure 6.1) [368]. Higher l/s also resulted in a greater 

proportional loss of compressive strength (from the mean) during submersion 

in water for 7 days (Table 6.2) as well as during the 64 days of EA NEN 7375 

(Table 6.3) due to wash out of solids. Notable strength loss was observed 

from sample 1:4 as a result of 7 days submersion, due to leaching of solids, 

whilst strength recorded with l/s=0.55 and 0.75 lay within 1 standard 

deviation of the mean and may therefore be considered insignificant. Over 64 

days submersion significant loss was recorded for samples with l/s=0.75 and 
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1 whilst sample 1:4 l/s=0.55 showed an increase in compressive strength 

suggesting continued formation of minerals which contributed to UCS, such 

as C-S-H, offset the loss due to leaching. All samples met monolithic WAC 

criteria for compressive strength of >1MPa with and without 7 days 

submersion as well as following 64 days submersion according to EA NEN 

7375. Samples remained cohesive with no signs of deleterious swelling 

during submersion procedures. Such behaviour confirmed strength 

development was due to reaction product formation rather than drying [157].  
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Figure 6.1 Effect of l/s on compressive strength development of samples prepared 

with APC residue: PFA ratio=1:4, cured at 38°C, over 28 days 

 

Greater strength loss during submersion indicated greater open porosity with 

higher l/s. This was also reflected in the monolithic leach behaviour. Rapid 

chloride release from samples prepared at a waste:binder ratio of 1:4 

resulted in depletion, as evident from the gradient of the log-log plots (Figure 

6.2, Figure 6.3 and Figure 6.4), and prevented calculations of diffusion 

coefficients. Slower chloride release with reduced l/s could however be seen 

from the measured cumulative release plots and was reflected in the reduced 

percentages of Cl released throughout the test (Table 6.4). Release from 

granular leach tests on the samples following the monolithic test showed little 

retention of water soluble chlorides in any of the samples. Slightly greater 
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release from sample 1:4 l/s=0.55 coincided with the lower percentage 

release calculated during the monolithic test (Table 6.4). Differences in the 

measured cumulative release (Table 6.4) could be explained in terms of the 

percentage release and variation in availability. Availability of Cl increased 

with reduced l/s due to an increased dry fraction and the different degree of 

compaction the samples underwent when casting. Due to their highly soluble 

speciation, primarily as NaCl as previously identified, all samples exceeded 

chloride limits in monolithic SNR and hazardous landfill cell WAC 

(10,000mg/m2 and 20,000mg/m2 respectively).  

  

 UCS before and after EA NEN 7375 
Sample Before 

(MPa) 
Standard 
Deviation 

After 
(MPa) 

% loss 

1:4 l/s=0.55 13.4 1.6 16.8 
-25.37 

1:4 l/s=0.75 10.1 1.4 8.1 
19.80 

1:4 4.6 1.1 2.1 
54.35 

Table 6.3 Compressive strength before and after EA NEN 7375. Samples prepared 

with varying l/s ratios, APC residue:PFA ratio=1:4, cured at 38°C 

 

 Chloride 

Sample ε*64 

(mg/m2) 

pDe Diffusion 

controlled 

increment 

% release 12457-2 

after 

(mg/kg) 

1:4 l/s=0.55 256,500 na none 67 5480 

1:4 l/s=0.75 279,300 na none 87 380 

1:4 234,800 na none 90 280 

Table 6.4 Monolithic leach (EA NEN 7375) chloride results for samples with varying 

l/s. Prepared with APC residue:PFA ratio=1:4, cured at 38°C. ε*64=measure 

cumulative 64 day release. pDe=-log of effective diffusion coefficient (De m
2
/s), 

na=not applicable 

 

The presence of chlorides as primarily NaCl meant the large majority were 

released during granular leach testing (Table 6.5). This resulted in samples 

generally exceeding the chloride limits established in the granular WAC for 

SNR and hazardous cells (15,000mg/kg and 25,000mg/kg respectively). 
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Release from sample 1:4 l/s=1 was slightly under the hazardous limit but 

remained very close to the threshold (Table 6.5).  

 

Figure 6.2 Log-log plot for sample 1:4 l/s=0.55, resulting from analysis of EA NEN 

7375 

 

Figure 6.3 Log-log plot for sample 1:4 l/s=0.75, resulting from analysis of EA NEN 

7375 
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Figure 6.4 Log-log plot of sample 1:4, resulting from analysis of EA NEN 7375 

 

Figure 6.5 Measured cumulative release during EA NEN 7375 from samples 

prepared with varying l/s, APC residue:PFA=1:4, cured at 38°C for 28 days 
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 1:4 l/s=0.55 1:4 l/s=0.75 1:4  

Cl availability 

(mg/kg) 

35,500 34,700 31,700 

Cl 12457-2 (mg/kg) 26,300 27,700 21,200 

SO4 availability 

(mg/kg)a 

83,100 81,300 74,400 

SO4 availability 

(mg/kg)b 

3341 3536 3526 

SO4 12457-2 

(mg/kg) 

4900 4350 2850 

pH 12.3 12.4 12.3 

pH (1mEq/g HNO3) 11.5 11.7 12 

TDS (mg/kg) 175,000 149,500 120,000 

Table 6.5 Granular leach (BS EN 12457-2) results for samples with varying l/s. 

Prepared with APC residue:PFA ratio=1:4, cured at 38°C. 
a
availability calculated

 

assuming all S is SO4 
b
availability calculated based on release from as-received 

materials according to BS EN 12457-2 and analysis by IC 

 

TDS from all samples also exceeded granular SNR and hazardous WAC 

(60,000 and 100,000mg/kg respectively) (Table 6.5). Samples prepared at 

higher l/s bound a greater proportion of water as observed by monitoring the 

change in dry mass density in the fresh mix and at 28 days. Samples 

prepared at l/s=0.55, 0.75 and 1 underwent a dry mass increase of 170,000, 

272,000 and 330,400mg/kg respectively. This would dilute the soluble 

fraction which may explain the decreased release of Cl, SO4 and TDS with 

increased l/s during granular leach testing. 

 

Sulphate release was constantly below granular SNR WAC limits 

(20,000mg/kg) and followed the same trend as chloride release, increasing 

with reduced l/s (Table 6.5). However, despite meeting granular WAC, 

release exceeded the monolithic limits for both SNR and hazardous sites 

(10,000mg/m2 and 20,000mg/m2 respectively). Conversion of the release 

during the monolithic test to mg/kg, based on the dry weight of the test piece 

(50mm cube) at 28 days, revealed the total sulphate release during the 



184 

 

monolithic test to be very similar, or slightly less than that of the granular test. 

Samples 1:4, 1:4 l/s=0.75 and 1:4 l/s=0.55 released 2763, 3999 and 

3620mg/kg respectively during EA NEN 7375. It is noted that sulphate 

release equal to the SNR granular WAC limit of 10,000mg/kg, occurring from 

a 50mm3 test piece with a dry mass of 150g would result in a measured 

release of 100,000mg/m2 well above the monolithic hazardous WAC limits. 

This highlights the extent to which leaching is expected to be reduced from a 

monolithic product. Such data suggests that similar to chloride release, 

sulphate release was slowed by physical encapsulation but not sufficiently to 

meet monolithic WAC. Sulphate release relative to availability calculated 

assuming all sulphur to be present as sulphate was very low, releasing <6% 

of available sulphate (Table 6.6 and Table 6.5). This appeared to be primarily 

a result of the presence of considerable concentration of reduced forms of 

sulphur in the PFA. When comparing the release relative to availability 

calculated by performing BS EN 12457-2 on the as-received APC residue 

and PFA, and analysing the WC solution by ion chromatography, a much 

greater percentage was released, occasionally greater than 100%. Release 

greater than 100% would perhaps support the idea of oxidation of the sulphur 

to increase the sulphate availability.   

 Sulphate 

% release Sample ε*64 

(mg/m2) 

pDe Diffusion 

controlled 

increment a b 

12457-2 

after 

(mg/kg) 

1:4 l/s=0.55 38,700 na none 3 109 2000 

1:4 l/s=0.75 36,800 na none 3 113 0 

1:4 22,900 na none 2.5 78 0 

Table 6.6 Monolithic leach (EA NEN 7375) sulphate results for samples with 

varying l/s. Prepared with APC residue:PFA ratio=1:4, cured at 38°C. a=availability 

calculated assuming all S is SO4, b=availability calculated based on SO4 release 

from raw materials according to BS EN 12457-2 and analysis by IC.  

 

Little difference was evident in the pH of the monolithic or granular leachates 

obtained with varying l/s (Figure 6.6 and Table 6.5 respectively). The NaOH 

in the WC solution appeared to be neutralised. A significant proportion would 
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be neutralised by the reaction with the CaClOH. However, considering the 

mix proportions this could not neutralise all of the NaOH. Other mechanisms 

of neutralisation may have included carbonation, zeolite formation, charge 

balancing C-S-H and perhaps Na2SO4 production. The pH of the granular 

leachates slightly exceeded the suggested pH thresholds of ~11.9-12.2 [157] 

which would have implications for the solubility of amphoteric metals such as 

Pb and Zn [69, 112]. It may be that the slightly higher pH in the earlier 

fractions of the monolithic test was related to the greater release of alkalis 

from the matrix, owing to the greater open porosity, whilst this was reversed 

in later fractions due to depletion with higher l/s.  

 
Figure 6.6 Development of leachate pH during EA NEN 7375. Samples with varying 

l/s ratio prepared with APC residue:PFA=1:4, cured at 38°C 

 

Full ANC curves were not obtained for samples with varying l/s. However, all 

samples showed ANC>1mEq/g to pH=9 and therefore met the criteria for 

segregated landfill disposal proposed by Stegemann and Cote [152]. With 

1mEq/g addition pH values of 11.5, 11.7 and 12 were observed for l/s=0.55, 

0.75 and 1 respectively showing perhaps a slightly greater capacity with 

higher l/s, coinciding with greater Na concentration. Since Na present as 
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NaCl would provide no alkaline buffering, the buffering would be attributed to 

the Na based reaction products formed from the NaOH remaining after 

complete reaction of the CaClOH. 

6.1.1 Summary of the effects of l/s ratio variation 

 

The following conclusions can be drawn on the effects of l/s ratio adjustment 

• Increasing l/s causes an increase in workability. Workability criteria of 

>~175mm flow table spread was exceeded for blends with l/s≥0.75 

cast with a waste:binder ratio=1:4. Results suggested criteria would 

still be met with a slight decrease in l/s. 

• Increasing the l/s increased the setting time of the blends. When 

working with a waste:binder ratio of 1:4 and curing at 38°C, increasing 

the l/s above 0.75 resulted in final setting times in excess of 24 hours. 

• Porosity was increased and compressive strength of the monoliths 

reduced at all ages between 7 and 28 days due to increased l/s. All 

samples met 28 day compressive strength of 1MPa as required by the 

WAC. 

• Compressive strength loss (deviation from mean) as a result of 7 days 

submersion was also greater at higher l/s. 

• Increased l/s ratio increased the rate of Cl release during the 64 day 

monolithic leach test EA NEN 7375. 

• Measured chloride release during EA NEN 7375 was a consequence 

of the rate of release, along with the varied availability. Increasing the 

l/s ratio decreased the availability in a given volume of sample due to 

varied dry mass density. 

• Variation in the l/s ratio had a minor effect on chloride and SO4 release 

during granular leach testing. Samples prepared at higher l/s bound a 

greater amount of water which resulted in dilution of analytes as a 

%w/w of dry mass. 

• pH of batch extractions of the samples with de-ionised water did not 

appear to be affected by variations in l/s.  
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In conclusion when optimising performance of an s/s matrix it is preferential 

to reduce the l/s ratio as far as possible without making the paste 

unworkable. This minimises setting time, increases compressive strength and 

increases physical encapsulation offered by the product. Minimising l/s also 

appeared to reduce the dilution of contaminants however, resulting in higher 

availability in a given volume or weight of s/s product. 

6.2 Effects of waste:binder ratio variation 

 

As found previously [67, 241] mix workability decreased as APC residue 

content was increased (Table 6.7). This is due to the hygroscopic nature of 

the residues owing to a high salt content and specific surface area/irregular 

morphology of the residue [67]. To meet the flow table spread criterion of 

>~175mm with an APC residue content >20%w/w, a l/s>1 would be required. 

This behaviour implies significant l/s would be required to achieve an 

economic and resource efficient treatment i.e. with a high waste:binder ratio. 

Increasing the l/s ratio had implications for the structure and durability of the 

samples as previously discussed (chapter 6.1) and would also have 

implications for the amount of residue which could be treated with the WC 

solution.  

 

Sample Flow 

Value 

(mm) 

Final 

Setting 

Time (h) 

28d UCS 

(MPa) 

UCS 

 (7d sub) 

(MPa) 

Bulk 

Porosity 

(%) 

1:4 > 31.75 4.6 +/-1.1 2 60.2  

2:3  180 31.25 8.7 +/-1.5 7.5 55.3 

3:2 135 49 6.5 +/-1.6 6.3 56.0 

Table 6.7 Workability, final setting time, UCS and bulk porosity results for samples 

prepared at varying APC residue:PFA ratios, l/s=1, cured at 38°C. >=greater than 

testable by flowtable 

 

The setting time of the blends was a result of several factors. Workability 

shows strong positive correlation with the setting time of pastes [67, 241]. 

Workability is largely a reflection of the interparticle spacings i.e. the volume 

fraction of solids/liquids [330]. Greater spacing (lower volume fraction of 
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solids) increases workability and, as previously discussed, also results in a 

greater degree of hydration necessary for the physical process of setting 

[422]. Although l/s was equal for the mixes prepared at different waste:binder 

ratios, the hygroscopic nature of the APC residue appeared to reduce the 

amount of active water, reducing workability and the interparticle spacing of 

the solids. Considering only the physical properties of the pastes (indicated 

by flow table spread), the setting time of the blends with varied APC 

residue:PFA ratios would be expected as 1:4>2:3>3:2. This wasn’t the case, 

samples 1:4 and 2:3 had very similar setting times, both considerably shorter 

than sample 3:2 (Table 6.7). The results therefore showed that when working 

at a constant l/s, increasing the waste:binder ratio (increasing the APC 

residue weight %) had a retarding influence on setting time which was offset 

to different extents by the physical properties of the pastes. This was 

confirmed by monitoring the heat flow from the samples with a calorimeter 

(Figure 6.7).  

 

Figure 6.7 Effect of varying APC residue:PFA ratio on heat evolution of samples 

prepared with l/s=1, cured at 38°C 
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Samples 1:4 and 2:3 showed similar heat evolution profiles consisting of 

three distinct peaks. With apparent acceleration as the APC residue content 

was reduced, highlighting the retarding effect on reaction kinetics of 

increasing the APC residue:PFA ratio. Sample 3:2 showed a constantly 

diminishing underlying heat evolution but the later two peaks were not 

observed despite monitoring the heat evolution for 28 days. In spite of these 

observations, sample 3:2 developed considerable compressive strength over 

this time (Table 6.7) and significant formation of reaction products was 

evident (chapter 5). Setting time could not be predicted from the heat 

evolution curves, since final set occurred at different positions relative to the 

peaks in each sample. This confirmed the influence of additional processes 

(the physical properties of the pastes) on setting, alongside the chemical 

reactions which can be monitored by calorimetry. Setting time of cement 

pastes may also vary in relation to heat evolution peaks depending on the 

w/c ratio [422], similarly showing the dependence on both the physical 

properties and chemical reactions. 

  

The retarding effect on the chemical reactions could perhaps be attributed to 

the variation in the mass ratio of CaClOH to NaOH. Increasing the APC 

residue content resulted in greater conversion of NaOH to NaCl and 

Ca(OH)2. Unlike NaOH, NaCl has little effect on accelerating setting time or 

strength development of lime/fly ash matrices [268, 272]. This is due to the 

greater effect NaOH would have on the dissolution of the glass matrix of the 

PFA owing to the higher pH [261]. Dissolution of the glass matrix is observed 

as the first, sharp exothermic peak evident when monitoring the heat flow 

over time (Figure 6.7) [267, 273]. Due to the delay between addition of the 

liquid phase and beginning calorimetry measurements (time for mixing, 

weighing and loading of sample<10 minutes+time for calorimeter to 

equilibrate after the drop in temperature due to opening and addition of 

materials ~20 minutes), a proportion of this peak was missed. However, the 

magnitude of the observed proportion of this peak was greatly increased with 

lower waste:binder ratio. This can be attributed to the greater NaOH content 

remaining after reaction with CaClOH as well as greater PFA content. To 

assist in clarity, the y axis of Figure 6.7 was limited to 4*10-4 W/g, however, 
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the height of the initial peaks for 1:4, 2:3 and 3:2 were ~8.9*10-4, 3.7*10-4 and 

2.1*10-4 W/g respectively. If the heat evolved was simply an effect of dilution 

then the peak height of sample 3:2 may have been expected to be 

approximately half of that observed for sample 1:4. It was considerably less, 

showing proportionally less dissolution of PFA, attributable to NaOH 

conversion to NaCl. In order to better study this peak, an attachment may be 

used to mix the samples within the calorimeter. Acceleration of the fly ash 

dissolution was consistent with the observed increase in the rate of Ca(OH)2 

consumption at early ages, and of sodalite formation in sample 1:4 than 2:3 

reported in chapter 5.1. The initial peak appeared to occur at the same time 

for all of the samples and consisted of a shoulder, indicating it was composed 

of multiple peaks. Such behaviour has previously been observed [267] and 

attributed to the rapid precipitation of reaction products which depend on the 

solution composition but may include calcium silicate and aluminate 

hydrates, or CaCO3 when Na2CO3 is introduced to the solution [267]. In the 

current samples, the formation of Ca(OH)2 as the NaOH solution reacts with 

the CaClOH phase in the APC residue may contribute although it is assumed 

this reaction would occur rapidly i.e. before or at the same time as dissolution 

of the glassy PFA matrix. Friedel’s salt was observed to be present in sample 

2:3 after 3 days curing (Figure 6.8) suggesting the formation of this phase 

may contribute. Rapid formation of Friedel’s salt may be assisted by the 

aluminium already solubilised in the WC solution which was observed to form 

Friedel’s salt upon blending with the APC residue (chapter 5.1).  

 

The cause of the heat production for the latter two peaks was less clear. 

Analysis by XRD on the sample 2:3 after 3 and 6 days curing (corresponding 

to either side of the second well defined peak observed by calorimetry) 

showed no new crystalline hydration products, (Figure 6.8) this peak may 

therefore be associated with formation of an amorphous product. This could 

include an amorphous zeolite precursor or calcium silico-aluminate [273]. 

The sample increased in crystallinity over time as evident from the increased 

intensity of the peaks including the quartz and mullite peaks. This indicated 

consumption of the amorphous glassy fraction of the PFA. Additionally, 

consistent with the TGA data previously reported (Figure 5.1), Ca(OH)2 was 



191 

 

consumed. This was apparent by the loss of portlandite peak intensity 

relative to the quartz peak. The peaks associated with C-S-H (I) were also 

observed to be more prominent at later ages, particularly after 6 days (Figure 

6.8). This may suggest the third peak was largely associated with C-S-H (I) 

formation. 

 

Figure 6.8 XRD patterns (y axis range normalised) for sample 2:3 cured for 3, 6 and 

28 days at 38°C. F=Friedel’s salt, M=mullite, P=portlandite, Q=quartz, H=halite, 

Zp1=Na-P1  

 

Figure 6.9 shows the effect of varying the APC residue:PFA ratio on 

compressive strength development of mixes with l/s=1. Since strength 

development was primarily due to pozzolanic reactions, then the variation in 

Ca/Al+Si as the APC residue:PFA ratio was changed, and the change in the 

nature of the reaction products can be assumed to have significantly 

impacted the UCS. Cumulative heat evolution over 28 days was greater with 

lower waste:binder ratios (Figure 6.10). However, this did not correspond to 
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increased compressive strength or reduced porosity since sample 1:4 

displayed lower strength and higher porosity than samples 2:3 and 3:2 

(Figure 6.9 and Table 6.7).  
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Figure 6.9 Effect of APC residue:PFA ratio on compressive strength development 

of samples prepared with l/s=1, cured at 38°C, over 28 days 

 

The variations in plastic behaviour of the mixes, and therefore the degree of 

compaction achieved also played a considerable role in structural 

development. Freshly compacted samples showed densities of 1580, 1625, 

and 1660kg/m3 for samples 1:4, 2:3 and 3:2 respectively. This degree of 

compaction achieved, coupled with the chemical reactions resulted in the 

observed porosities and compressive strengths. Sample 2:3 showed the 

highest strengths as well as the lowest porosity (Table 6.7).  

 

All samples surpassed monolithic WAC criteria for compressive strength 

before and after submersion procedures. Strength loss upon 7 days 

submersion was far greater from sample 1:4 than samples 2:3 and 3:2 (Table 

6.7), indicating strength loss during this procedure was mostly associated 

with the porosity rather than the soluble fraction present, which was observed 

by granular leach testing to be higher with increased waste:binder ratio 

(Table 6.8). Despite sample 3:2 having similar bulk porosity to 2:3, strength 

loss compared to the mean during 7 days submersion was lower, and a lower 



193 

 

effective diffusion coefficient was observed for chloride release during EA 

NEN 7375 (Table 6.9). 

 

Figure 6.10 Cumulative heat evolution over the initial 28 days curing of samples 

prepared at l/s=1, cured at 38°C 

 

 1:4  2:3 3:2 

Cl availability 

(mg/kg) 

31,700 62,400 97,800 

Cl 12457-2 (mg/kg) 21,200 45,900 70,900 

SO4 availability 

(mg/kg)a 

74,400 58,700 45,700 

SO4 availability 

(mg/kg)b 

3526 3580 3816 

SO4 12457-2 (mg/kg) 2850 2259 5420 

pH 12.3 12.5 12.5 

pH (1mEq/g HNO3) 12 12.3 12.5 

TDS (mg/kg) 120,000 148,500 159,500 

Table 6.8 Granular leach (BS EN 12457-2) results for samples prepared with 

varying APC residue:PFA ratios, l/s=1, cured at 38°C. 
a
availability calculated 

 

assuming all S is SO4 
b
availability calculated based on release from as-received 

materials according to BS EN 12457-2 and IC 
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 Chloride 

Sample ε*64 

(mg/m2) 

pDe ε64 Diffusion 

controlled 

increment 

% 

release 

12457-2 

after 

(mg/kg) 

1:4 234,800 na na none 90 280 

2:3 298,500 10.7 746,400 1-4 55 13,170 

3:2 466,300 11.5 434,300 2-7 55 22,660 

Table 6.9 Monolithic leach (EA NEN 7375) chloride results for samples prepared 

with varying APC residue:PFA ratios, l/s=1, cured at 38°C. ε*64=measure 

cumulative 64 day release. pDe=-log of effective diffusion coefficient (De m
2
/s), 

ε64=derived cumulative 64 day release (mg/m
2
), na=not applicable 

 

Considering the similar mineralogy of the chlorides in both samples, and low 

immobilisation observed by granular leach testing, these results appeared to 

indicate lower permeability. The permeability of samples 1:4, 2:3 and 3:2 was 

assessed at 28 days with and without 7 days prior submersion in de-ionised 

water and the results are presented in Figure 6.11. As discussed in chapter 

3.3.9.1, due to the drying method employed such results should be viewed 

qualitatively. A permeability ranking of 1:4>2:3>3:2 positively correlated to 

the rate of chloride release, evidenced by effective diffusion coefficients for 

2:3 and 3:2 and the rapid release precluding the calculation of a coefficient 

for 1:4. These results therefore suggested permeability of the monoliths to be 

responsible for the relative rates of diffusion observed. Considering the bulk 

porosity results this would indicate greater closed porosity in sample 3:2.  

 

Despite the qualitative nature of the permeability results, the increase in 

permeability upon 7 days submersion in de-ionised water showed good 

correlation with compressive strength loss (deviation from mean) upon the 

same procedure (Figure 6.12) indicating that the same mechanism may be 

responsible for both. Absolute values were plotted because proportional 

values were influenced by the initial permeability for which several orders of 

magnitude difference may apply. Absolute values were also considered more 

accurate because removal of 1g of NaCl from one sample would increase 

porosity by approximately the same absolute volume as removal from 

another, however the proportional effect may be very different. 
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Figure 6.11 Intrinsic permeability of samples measured using N2 with an absolute 

inlet pressure of 2bar, with and without 7 days submersion in de-ionised water. 

Samples prepared with varying APC residue:PFA ratios, l/s=1, cured at 38°C. Error 

bars indicate standard devation. Y scale is logarithmic. 

 

Figure 6.12 Relationship between absolute UCS loss and absolute permeability 

increase during 7 days submersion in de-ionised water 
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All samples showed an increase in permeability as a result of the submersion 

procedure. Such behaviour is important since the low permeability of s/s 

products is one of the key properties which prevent contaminant release, 

limiting the contact with water. As such an increase in the permeability may 

have significant consequences for the long term performance of an s/s 

product, reducing physical encapsulation of pollutants. These results also 

have implications for the suitability of prediction of long term release from 

similar s/s matrices based on diffusion coefficients obtained during EA NEN 

7375 since such calculations assume a constant permeability which is 

evidently not the case. Effective diffusion coefficients may therefore only be 

observed as relative indexes [20]. 

 

The change in permeability after submersion for longer periods was not 

measured, however, samples 2:3 and 3:2 appeared to gain strength after 

longer periods of submersion (Table 6.10). This was perhaps a result of the 

longer submersion time allowing pozzolanic reactions to continue sufficiently 

to compensate for the loss of solids by leaching. If permeability fluctuations 

positively correlated with strength development over longer periods, the 

permeability of these pozzolanic matrices may be expected to fluctuate, 

suffering an initial increase as soluble salts are removed, but then decreasing 

as pozzolanic reactions progress over longer periods. As was discussed in 

chapter 3.3.9.1 samples could not be dried to a constant weight without 

suffering cracking due to drying shrinkage. This highlighted a concern for the 

treatment. Any s/s product should be able to withstand wetting and drying 

cycles without degradation in order to maintain long term performance in the 

field [152]. 

 UCS before and after EA NEN 7375 
Sample Before 

(MPa) 
Standard 
Deviation 

After 
(MPa) 

% loss 

1:4 4.6 1.1 2.1 
54.35 

2:3 8.7 1.5 13.6 
-56.32 

3:2 6.5 1.6 8.4 
-29.23 

Table 6.10 Compressive strength before and after EA NEN 7375. Samples prepared 

with varying APC residue:PFA ratios, l/s=1, cured at 38°C 
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Despite the slower rate of release owing to the reduced permeability at 

higher APC residue:PFA ratios, the measured chloride release was positively 

correlated with availability for both granular (Table 6.8) and monolithic (Table 

6.9) tests and both granular and monolithic hazardous WAC limits were 

exceeded (or close to the limit in the case of sample 1:4). Such behaviour 

was consistent with the previously reported characterisation of the samples 

after leaching, showing removal of large quantities of NaCl. 

 

As observed for samples with different l/s ratios, sulphate release met SNR 

granular WAC limits but exceeded hazardous monolithic limits. Sulphate 

release was highest from sample 3:2 in both granular and monolithic tests 

(Table 6.8 and Table 6.11 respectively). Leach testing of the raw materials 

revealed SO4 release of 3500mg/kg from the APC residue, 2800mg/kg from 

the PFA and 1506mg/kg in the WC solution. If these values were maintained 

when blended the APC residue would be the most significant contributor to 

soluble SO4, in which case sulphate release from sample 3:2 would be 

expected to be the highest. Sulphate release from sample 3:2 exceeded that 

calculated as available based on release from the as-received PFA and APC 

residue according to BS EN 12457-2, and the concentration in the WC 

solution determined by IC. However, due to the high pH environment and 

atmospheric exposure, the reduced sulphur in the PFA would be expected to 

gradually oxidise [155, 414], supplying more SO4. This was evidenced by 

production of vishnevite over extended curing periods (chapter 5). The 

availability in sample 1:4 could therefore potentially increase beyond that of 

sample 3:2. The sustained high chloride release from sample 3:2 could also 

play a role in sulphate solubilisation. Sulphates are known to be more soluble 

in NaCl solutions due to solute-solvent ion interactions which reduce the 

activity of the sulphate ions therefore demanding greater solubilisation to 

maintain equilibrium [323, 423]. The same process increases the solubility of 

Ca(OH)2 and C-S-H in NaCl solutions [236]. This effect is concentration 

dependant, Duchesne and Reardon [424] showed changes to be most 

prominent in concentrations up to ~1M NaCl. Previous work has generally 

presented data in relation to equilibrium conditions. Monolithic leach tests are 

designed to avoid equilibrium conditions since the concentration gradient is 
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the driving force for diffusion which is the property being studied. However, if 

the same process also increases the rate of dissolution it may explain the 

often observed similarity between the log-log plots for the chlorides and 

sulphates. Fractions which demonstrated high chloride release also generally 

showed high sulphate release as evident from the log derived cumulative 

release-log time plots (e.g. Figure 6.13 and Figure 6.14). Such behaviour 

may also explain the greater percentage release of SO4 from sample 3:2 

during EA NEN 7375 (Table 6.11).  

 

Sample 3:2 showed a surface wash off during the monolithic test, which was 

evident from the shape of the log derived cumulative release-log time plot 

(Figure 6.14). Such an event was consistent with the observation of a ‘fluffy’ 

white efflorescence which XRD analysis revealed to be NaCl (Figure 6.15). A 

surface wash off may occur due to a soluble surface coating resulting from 

process conditions or a condensation process [20]. In this case, the high 

levels of NaCl present in the sample, coupled with the relatively low porosity, 

and transport of the chlorides as the sample dried appeared to form the 

efflorescence. The surface wash off explained the equal percentage chloride 

release observed from 2:3 and 3:2 (Table 6.9) despite the slower diffusion 

behaviour. 

 Sulphate 

% 

release 

Sample ε*64 

(mg/m2) 

pDe ε64 Diffusion 

controlled 

increment a b 

12457-2 

after 

(mg/kg) 

1:4 22,900 na na none 2.5 78 0 

2:3 21,200 11.2 48,700 1-4 2.5 68 1700 

3:2 28,900 11.5 34,700 2-7 4.5 88 1660 

Table 6.11 Monolithic leach (EA NEN 7375) sulphate results for samples prepared 

with varying APC residue:PFA ratios, l/s=1, cured at 38°C. a= availability calculated 

assuming all S is SO4, b=availability calculated based on release from as-received 

materials during BS EN 12457-2 and IC 
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Figure 6.13 Log-log plot for sample 2:3, resulting from analysis of EA NEN 7375 

 

 

 

Figure 6.14 Log-log plot for sample 3:2, resulting from analysis of EA NEN 7375 
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Figure 6.15 XRD pattern for NaCl efflorescence of sample 3:2 

 

The pH observed during BS EN 12457-2 varied very little with waste:binder 

ratio (Table 6.8) and consistently exceeded the suggested upper limit of 12.2 

[157]. Based on the pH values (~12.5) Ca(OH)2 appeared to be the 

controlling factor, which was identified in the samples by XRD and STA 

(chapter 5). Ca(OH)2 was likely to have leached in significant quantities, 

perhaps aided by the high Cl concentration in the early fractions of the test 

[236, 424]. Such behaviour, coupled with the availability of Ca(OH)2 in the 

samples (1:4<2:3<3:2 see Figure 5.1) resulted in significant variation in pH 

during the later fractions of the monolithic test (Figure 6.16). It was likely that 

following EA NEN 7375 Ca(OH)2 was no longer present in sample 1:4 and 

whilst some remnant was observed in sample 2:3 (results not presented), 

and would also be expected in sample 3:2. The pH of ~11.8 over the later 

fractions of EA NEN 7375 of sample 1:4 may be regarded as a result of 

buffering by some of the less soluble compounds present in the matrix. 

Sample 1:4 showed the lowest compressive strength and highest porosity but 

importantly did maintain cohesion and a UCS greater than 1MPa after EA 

NEN 7375 suggesting some stable hydration products were retained. 
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Leaching of synthetic C-S-H samples showed a pH of 11.8 to correspond to a 

Ca/Si ratio of 1.21 [173].  

 

In addition to maintaining a higher pH during the monolithic test, the greater 

alkalinity of samples prepared with higher waste:binder ratios was reflected in 

the ANC (Figure 6.17). All samples showed ANC to pH 9 >1mEq/g, satisfying 

minimum suggested criteria [152]. As would be expected from the STA 

analysis of the samples shown previously (chapter 5), i.e. Ca(OH)2 

concentrations in the order 3:2>2:3>1:4, ANC was greater with higher 

waste:binder ratios. Ca(OH)2 was not the only buffer present in the samples 

however. Buffering also occurred due to the C-S-H and other reaction 

products [164, 165]. 

 
Figure 6.16 Development of leachate pH throughout EA NEN 7375. Samples with 

varying APC residue:PFA ratio, prepared with l/s=1, cured at 38°C 

 

In purer systems it may be possible to distinguish inflexions and assign 

buffering plateaus to reaction products. This was difficult with the samples 

studied here due to the great diversity of reaction products present. In an 

attempt to further characterise the materials and understand the nature of the 
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acid buffering, batch extractions were performed with different levels of acid 

addition. After reaching equilibrium, the extractions were filtered and rinsed 

with de-ionised water before submersion in IPA and vacuum drying. Once 

dried the samples were analysed by XRD. Samples 1:4 and 3:2 were 

analysed since they contained the greatest variation in reaction products and 

ANC.  

 

Figure 6.17 ANC titration curves. Samples with varying APC residue:PFA ratio, 

prepared with l/s=1, cured at 38°C 

 

Based on the ANC titration curves obtained, batch extractions were 

performed at l/s=10 with 0, 2 and 6.5mEq/g HNO3 (corresponding to 

inflexions identified by the derivative). pH values obtained for the batch 

extractions were up to 2.1 pH units higher than observed for the titration 

curves. The discrepancies between pH values observed by titration and 

batch extractions were considered to be the result of atmospheric CO2 

exposure due to the longer time period associated with the ANC titrations 

and repeated opening of the containers in order to measure and titrate 

samples. Batch extractions of sample 1:4 with HNO3 addition of 2.5 and 
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6.5mEq/g showed pH values of 8.9 and 5.4 respectively. Extractions for 

sample 3:2 with HNO3 additions of 2.5 and 6.5mEq/g showed pH values of 

11.7 and 10.1 respectively. The samples were additionally analysed by XRD 

after a batch extraction with 8.5mEq/g HNO3, resulting in pH values of 3.6 

and 9.1 for sample 1:4 and 3:2 respectively. The XRD patterns obtained are 

presented in Figure 6.18 and Figure 6.19 for samples 1:4 and 3:2 

respectively.  

 
Figure 6.18 XRD patterns (y axis range normalised) for samples following batch 

extractions in different concentration HNO3 solutions. Samples with APC 

residue:PFA=1:4, l/s=1, cured at 38°C. F=Friedel’s salt, X=Sodalite, M=Mullite, 

Vs=Vishnevite, Q=Quartz, C=Calcite 

 

The samples without HNO3 addition had still been exposed to de-ionised 

water at l/s=10 explaining the removal of readily soluble phases such as 
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NaCl. However the patterns do not precisely correspond to testing according 

to BS EN 12457-2 because all samples were left in solution until the last 

sample had reached equilibrium (this was always the sample with the highest 

acid addition), in order to avoid differences due to exposure time. 

 

Regarding sample 1:4, it was not possible to determine a precise order for 

dissolution. Only trace evidence of Friedel’s salt was observed after 

extraction in de-ionised water and no evidence remained with 2.5mEq/g 

HNO3 addition. Vishnevite, sodalite, calcite, quartz and mullite remained 

evident with up to 6.5mEq/g HNO3 addition. The amorphous fraction of the 

sample became noticeably more significant as the acid concentration 

increased, eventually leaving just quartz, mullite and a very large amorphous 

hump centred~27°2θ indicating a siliceous glass structure [337]. In 

agreement with the pH titration curves presented in Figure 6.17, the ANC of 

sample 3:2 was evidently greater than that of sample 1:4, retaining several 

crystalline compounds and notably C-S-H (I) even with 8.5mEq/g HNO3 

addition. The remaining presence of C-S-H (I) suggests that pH equilibrium 

had not yet been achieved, despite being observed as stable for 4 days, 

since even with a very low Ca/Si the pH of C-S-H would be ~9.9 [175]. 

Additionally ettringite was present in sample 3:2 after 8.5mEq/g HNO3 

addition (resulting in a pH of 9.1) but has been shown by Gabrisova et al 

[206] to convert to gypsum and aluminium sulphate below pH 10. 

 

Ca(OH)2 was the first compound to react with the HNO3 providing the initial 

buffering plateau. All samples were susceptible to carbonation as a result of 

drying, storage and sample preparation for XRD which would reduce the 

Ca(OH)2 concentration. However, all samples underwent the same 

procedure and Ca(OH)2 was only present in the sample without HNO3 

addition. Additionally peaks corresponding to CaCO3 were weak in all the 

acidified samples indicating that carbonation was only slight and Ca(OH)2 

was removed due to HNO3 addition.  
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Figure 6.19 XRD patterns (y axis range normalised) for samples following batch 

extractions in different concentration HNO3 solutions. Samples prepared with APC 

residue:PFA ratio=3:2, l/s=1, cured at 38°C. CI=C-S-H (I), E=Ettringite, F=Friedel’s 

salt, M=Mullite, P=Portlandite, Q=Quartz, C=Calcite  

 

Friedel’s salt was again removed relatively quickly from the sample as acid 

addition was increased. Owing to both the greater initial concentration of 

Friedel’s salt, and the greater buffering capacity prior to Friedel’s salt 

consumption, Friedel’s salt remained present in sample 3:2 with up to 

6.5mEq/g, compared to removal from sample 1:4 with 2.5mEq/g. As Friedel’s 

salt was removed from sample 3:2, there was a notable increase in the 

presence of ettringite. Ettringite was not present in the sample before 

leaching and was not present without HNO3 addition. The results were 

repeated and confirmed. No contamination with sulphates was possible due 
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to the use of 18MΩ de-ionised water and high purity HNO3. The ettringite 

production was clearly an effect of the HNO3 exposure. Peak intensity 

increased as the acid concentration increased. Such production of ettringite 

could be associated with a reduction in the pH of the system to within the 

range of ettringite stability or greater crystallinity of ettringite [207, 425]. The 

pH recorded for the batch extraction performed with 0mEq/g HNO3 addition 

was 12.9, notably higher than that observed during BS EN 12457-2 and close 

to the upper limit of ettringite stability previously reported [205, 207]. 

Additionally HNO3 is a strong oxidising agent which may have resulted in an 

adjustment to the Cl/SO4 balance in the system, oxidising some of the 

reduced and intermediate forms of sulphur in the PFA. Cl concentration 

would certainly still be greater than SO4 concentration in the 3:2 system, 

however, sulphate uptake may occur preferentially to chloride uptake [166, 

215, 216]. Although results are not presented, exposure of samples to a high 

concentration sulphate solution was observed to similarly encourage 

ettringite formation at the expense of Friedel’s salt. If oxidation of the sulphur 

was occurring, a similar process would have been expected in sample 1:4. 

Sample 1:4 showed no evidence of ettringite production but did show 

vishnevite. Ettringite production in sample 1:4 perhaps did not occur due to 

the low availability of Ca. Additionally the rapid pH reduction of sample 1:4 

may have hindered observation of the reaction products, encouraging their 

dissolution. With continued acid addition ettringite formed in sample 3:2 

would be dissolved. 

 

The implications of such variation in the mineralogy on the leaching 

behaviour are not fully understood. Ettringite production has immediate 

negative implications for chloride binding and may cause expansive stresses 

resulting in loss of physical encapsulation. However, due to the high levels of 

ion substitution possible in ettringite, its production may improve the leaching 

behaviour of several contaminants [192, 201]. 
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6.2.1 Summary of the effects of APC residue:PFA ratio variation  

 

The following conclusions can be drawn on the effects of variation in APC 

residue:PFA ratio. 

• Increasing the APC residue:PFA ratio reduced the workability of the 

blend when working at constant l/s. A consequence of the high water 

demand of the APC residue. 

• Increasing the APC residue:PFA ratio delayed the chemical reactions 

responsible for setting, neutralising the NaOH and thereby slowing fly 

ash dissolution.  

• Setting was also affected by the physical properties of the paste which 

as indicated by the workability, varied with waste:binder ratio. As such 

a reduction in the reaction kinetics as the waste:binder ratio was 

increased, may be partially or completely offset by the physical 

property adjustment when working at a constant l/s ratio. 

• Optimum 28 day compressive strengths were obtained with an APC 

residue:PFA ratio close to 2:3 when working at l/s=1. This was a 

consequence of the variations in the chemistry of the mix design and 

the physical properties of the blends in their plastic state. 

• Permeability of the matrices was reduced as the APC residue:PFA 

ratio was increased. This was attributed to the increased dry mass 

density achievable when compacting the fresh mix. 

• Permeability increased after 7 days submersion in deionised water. 

This would have negative implications for maintained physical 

encapsulation of the monoliths and also highlights the lack of accuracy 

in predicting long term leaching based on effective diffusion 

coefficients calculated from monolithic leach testing. 

• Permeability increase and compressive strength decrease was higher 

at lower waste:binder ratios. This was a result of the initial permeability 

variations allowing rapid dissolution of a significant proportion of the 

matrix. 

• Primarily due to permeability variations, chloride and sulphate diffusion 

from the matrices was slower at higher waste:binder ratios.  
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• Little chemical immobilisation of the chlorides meant release from 

granular tests was availability driven. As such increased waste:binder 

ratio increased the concentration leached. WAC for chloride release 

could only be met by dilution with the binder, increasing the cost and 

efficiency of the treatment. 

• The pHs of leachates obtained by one step batch extractions (BS EN 

12457-2) were similar with all waste:binder ratios. However, owing to 

the high alkalinity of the APC residues, increasing the waste:binder 

ratio increased the ANC and maintained higher pHs over longer term 

leach tests (EA NEN 7375). 

• Exposure to nitric acid not only caused dissolution of crystalline 

phases in the matrices but also changes in mineralogy, notably 

causing ettringite production. This was considered to be a result of 

matrix pH reduction and possible oxidation of the sulphur in the PFA. 

6.3 Effects of variation in curing temperature 

 

Consistent with previous work, increasing the curing temperature drastically 

reduced the setting time of the blends [255]. This is associated with the 

greater energy in the system and the increased rate of dissolution of the fly 

ash [261]. The reduction in setting time observed when curing at 80°C 

bought it well within the suggested 24 hour upper limit [157]. Initial setting 

time of the sample cured at 80°C was ~2 hours, very close to the lower limit 

suggested to facilitate handling [157]. Concern relating to rapid setting and 

therefore handling difficulties were not an issue however since setting was 

not accelerated until exposure to higher temperatures which occurred after 

casting. Setting times observed when curing at room temperature showed 

the treatment to be unfeasible on an industrial scale due to the significant 

storage time which would be necessary before the monoliths could be 

handled. 
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Sample Flow 

Value 

(mm) 

Final 

Setting 

Time (h) 

28d UCS 

(MPa) 

UCS 

 (7d sub) 

(MPa) 

Bulk 

Porosity 

(%) 

2:3 (23) 180 120.75 3 +/-0.07 5.4 57.9 

2:3  180 31.25 8.7 +/-1.5 7.5 55.3 

2:3 (80) 180 5.75 7.9 +/- 0.18 4.2 58.5 

Table 6.12 Workability, final setting time, compressive strength and bulk porosity 

results for samples cured at various temperature, prepared with APC residue:PFA 

ratio=2:3 and l/s=1 

 

Accelerated compressive strength development was also observed with 

increased temperatures. Figure 6.20 shows the significant effect of curing 

temperature on the strength development of mixes prepared with a 

waste:binder ratio of 2:3, over 28 days. At 23°C strength gain was both slight 

and slow, with samples remaining malleable and therefore not suffering 

acceptable failure according to BS EN 12390-3 at 7 days. With an increase in 

curing temperature to 38°C there was more pronounced strength 

development, including at early age (3 days). This pattern was consistent 

with previous work showing moderately elevated temperatures to drastically 

increase pozzolanic activity and therefore the rate of strength development 

[254-256]. As the curing temperature was raised to 80°C, early-age strength 

was much greater, consistent with the increased rate of Ca(OH)2 

consumption over 28 days as was presented in chapter 5.2. Ca(OH)2 

consumption was very rapid over the first three days, after which it slowed 

considerably. This was also reflected in the compressive strength 

development. At 80°C 80-90% of the maximum strength was developed 

during the first 24 hours and little development was observed between 7 and 

28 days. Such behaviour is similar to that previously observed, for example 

Shi and Day [255] showed strength development of a pozzolanic system not 

to increase significantly after 10 days when curing at 65°C and 75 days when 

curing at 23°C. 
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Figure 6.20 Effect of curing temperature on compressive strength development of 

samples prepared with APC residue:PFA ratio of 2:3 and l/s=1, over 28 days 

 

After 28 days the strength of the samples cured at 80°C and 38°C were very 

similar with the 38°C samples perhaps showing slightly greater UCS (Figure 

6.20). Such behaviour is not unknown in cement science, where high curing 

temperatures induce more rapid hydration, and therefore higher early age 

strength, but result in uneven distribution of hydration products and possible 

resistance to complete hydration. Such conditions result in a more open 

microstructure and therefore lower later-age strength [255, 257, 258, 417]. 

This effect can also be seen by the increase in bulk porosity of the sample 

cured at 80°C (Table 6.12). The effects of temperature on pozzolanic 

systems can vary and as such the age at which temperature is detrimental to 

UCS may vary considerably. According to Ezziane et al [417] ‘the activation 

energy defines the temperature sensitivity of a mixture.’ The age at which 

compressive strengths overlapped in the current study was much later than 

reported by Puertas et al [254] or Wang et al [256] when studying NaOH 

activated blends of PFA/GGBS or PFA/CKD respectively; perhaps showing a 

lower initial reactivity i.e. higher activation energy of the materials used here. 

The mathematical relationship between compressive strength, curing 
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temperature and age derived by Shi and Day [255] for a water activated 

lime/pozzolan blend, showed compressive strengths obtained when curing at 

23°C and 35°C to exceed those achieved when curing at 65°C after 36 and 

15 days respectively. The overlap was delayed substantially when 4% 

CaCl2·2H2O was added, seemingly increasing the activation energy [255]. 

The overlap close to 28 days observed for the current samples may therefore 

also reflect the Cl concentration present. 

 

Samples cured at room temperature showed an increase in strength after 

submersion, despite considerable TDS. This suggested production of 

minerals with significant contribution to UCS between 21 and 28 days, such 

as C-S-H, overwhelmed the strength loss due to TDS. This was perhaps due 

to the extent of the reaction which had occurred prior to submersion, and the 

reaction kinetics at the time of submersion. For example, sample 2:3 (80) 

was no longer developing compressive strength at 21 days (Figure 6.20), and 

suffered significant compressive strength loss as a result of submersion for 7 

days (Table 6.12) and 64 days (Table 6.13). 

 

 UCS before and after EA NEN 7375 
Sample Before 

(MPa) 
Standard 
Deviation 

After 
(MPa) 

% loss 

2:3 (23) 3.0 0.069 9.6 
-220.00 

2:3 8.7 1.5 13.6 
-56.32 

2:3 (80) 7.9 0.18 3.6 
54.43 

Table 6.13 Compressive strength development during EA NEN 7375. Samples 

cured at various temperatures, prepared with APC residue:PFA ratio=2:3 and l/s=1 

 

Sample 2:3 (80) showed very rapid release of chlorides during EA NEN 7375 

as evident from the log-log plot and high % release (Table 6.14 and Figure 

6.21). Several samples cured at 80°C showed cracking due to drying 

shrinkage, an example of which is shown in Figure 6.22. Such cracking 

would have been responsible for the rapid ingress of water and chloride 

leaching observed by EA NEN 7375. This rendered such curing unsuitable as 

the physical encapsulation provided by the s/s product was greatly reduced. 
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Such problems could be avoided by curing for shorter times at high 

temperatures. 

 

Figure 6.21 Log-log plot for sample 2:3(80) resulting from analysis of EA NEN 7375 

 

 

Figure 6.22 Drying shrinkage cracking of sample 2:3 (80), cracks highlighted by 

arrows 
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 Chloride 

Sample ε*64 

(mg/m2) 

pDe ε64 Diffusion 

controlled 

increment 

% 

release 

12457-2 

after 

(mg/kg) 

2:3 (23) 340,600 na na none 63 9690 

2:3 298,500 10.7 746,400 1-4 55 13,170 

2:3 (80) 460,800 na na none 85 460 

Table 6.14 Monolithic leach (EA NEN 7375) chloride results for samples cured at 

various temperatures, prepared with APC residue:PFA ratio=2:3 and l/s=1. 

ε*64=measure cumulative 64 day release. pDe=-log of effective diffusion 

coefficient (De m
2
/s), ε64=derived cumulative 64 day release, na=not applicable 

 

Despite the sample cured at 23°C not showing a diffusion controlled 

increment for chlorides (Table 6.14 and Figure 6.23), an increment could be 

identified for sulphates (Table 6.15 and Figure 6.23). Comparison of the log-

log plots for chloride release from samples cured at 23°C and 38°C is shown 

in Figure 6.24. It is clear that very fine margins distinguish between whether 

or not a sample shows diffusion controlled release according to EA NEN 

7375. Despite the gradient of 2:3 (23) falling just below that required for 

calculation of a diffusion coefficient (increment 1-4 showed a gradient of 

0.33), depletion was not rapid. The ultimate percentage of chlorides released 

was only 63%, slightly higher than that from the sample cured at 38°C. This 

was reflected in the release from the subsequent granular leach test (Table 

6.14). 

 Sulphate 

% 

release 

Sample ε*64 

(mg/m2) 

pDe ε64 Diffusion 

controlled 

increment a b 

12457-2 

after 

(mg/kg) 

2:3 (23) 30,300 11.2 45,500 2-5 4 98 2240 

2:3 21,200 11.2 48,700 1-4 2.5 68 1700 

2:3 (80) 38,700 na na none 5 124 0 

Table 6.15 Monolithic leach (EA NEN 7375) sulphate results for samples cured at 

various temperatures, prepared with APC residue:PFA ratio=2:3 and l/s=1. 

a=availability calculated assuming all S is SO4, b=availability calculated based on 

release from as-received materials according to BS EN 12457-2 and analysis by IC 
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Figure 6.23 Log-log plot for sample 2:3 (23) resulting from analysis of EA NEN 7375 

 

 

Figure 6.24 Comparison of log-log plots for Cl release from sample 2:3 and 2:3 (23) 

resulting from analysis of EA NEN 7375 
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Samples cured at all temperatures exceeded hazardous granular (Table 

6.16) and monolithic (Table 6.14) WAC for chlorides. Hazardous monolithic 

WAC for sulphates was exceeded (Table 6.15) despite meeting SNR 

granular WAC (Table 6.16). Curing at 38°C gave the greatest extent of 

encapsulation which was attributed to the greater degree of curing at 38°C 

compared to 23°C, and the absence of the cracking seen at 80°C.  

 

Leachate pH obtained during BS EN 12457-2 was again observed to be at a 

level which suggested Ca(OH)2 to be the controlling factor (Table 6.16). pH 

of the leachate from 2:3 (23) was slightly higher at 12.7. This perhaps 

indicated hydrolysis of alkali metal hydroxides which may have been a result 

of the slower reaction kinetics, binding a smaller proportion of the Na. Based 

on a 4.4M NaOH concentration in the WC solution (determined by titration 

chapter 4.3) and a CaClOH concentration of 15.3% weight in A1 (chapter 

4.1), a slight excess of NaOH would be present after the reaction to produce 

NaCl and Ca(OH)2. Previously discussed results suggested slight variation in 

mineralogy of the samples as curing temperature varied. Zeolitic phases 

were more evident when higher curing temperatures were employed (chapter 

5) which would remove the strong alkali Na from solution. Full ANC curves 

were not obtained for samples cured at varying temperature. However, batch 

extractions showed all samples to exceed the suggested minimum capacity 

of 1mEq/g to pH 9 [152] and extractions with 2mEq/g for samples 2:3 and 2:3 

(80) showed pH of 11.7 and 10.1 respectively. This was in agreement with an 

expected lower Ca(OH)2 plateau when curing at higher temperatures due to 

the greater rate of Ca(OH)2 consumption as previously shown (chapter 5.2). 

The sample cured at 80°C showed a higher pH in the first leachate fraction of 

EA NEN 7375 but pH fell as the test progressed and the final fractions 

showed lower pH than samples cured at lower temperatures (Figure 6.25). 

This was perhaps due to the rapid solubilisation of the alkaline solids in the 

early fractions owing to the poor encapsulation, and depletion in latter 

fractions. The sample cured at 23°C maintained a slightly higher pH 

throughout most of the test which was perhaps a result of the greater 

Ca(OH)2 content due to the lower degree of pozzolanic activity reflected in 

the compressive strength development.  
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 2:3 (23)  2:3 2:3 (80) 

Cl availability 

(mg/kg) 

65,400 62,400 64,700 

Cl 12457-2 (mg/kg) 49.500 45,900 43,700 

SO4 availability 

(mg/kg)a 

61,500 58,700 60,800 

SO4 availability 

(mg/kg)b 

3750 3580 3712 

SO4 12457-2 

(mg/kg) 

4900 2259 2163 

pH 12.7 12.5 12.5 

pH (1mEq/g HNO3) 12.3 12.3 12 

TDS (mg/kg) 133,500 148,500 122,500 

Table 6.16 Granular leach (BS EN 12457-2) results for samples cured at various 

temperatures, prepared with APC residue:PFA ratio=2:3 and l/s=1. 
a
availability 

calculated
 
assuming all S is SO4 

b
availability calculated based on release from as-

received materials according to BS EN 12457-2 and IC 

 
Figure 6.25 Development of leachate pH throughout EA NEN 7375. Samples cured 

at varying temperatures. Prepared with APC residue:PFA ratio=2:3 and l/s=1 
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6.3.1 Samples cured at 80°C for 24 hours 

 

To avoid the shrinkage cracking observed at later ages when curing at 80°C, 

and because a quicker curing period would be more attractive industrially. It 

was considered of interest to examine the performance of the samples after 

just 24 hours curing at 80°C followed by storage at room temperature in a 

sealed container. These samples were assigned the nomenclature x:y (80 

1d+n) in which x:y was the waste:binder ratio and n was the number of days 

stored at room temperature. Samples were tested for compressive strength 

(singular result), and monolithic leach performance as well as being analysed 

by XRD. 

 

The compressive strength of sample 2:3 (80 1d+27) (7.9MPa) was the same 

as observed when curing at 80°C for 28 days (Table 6.12 and Table 6.13). 

Compressive strength of 7.2MPa was observed when curing for 24 hours at 

80°C and storage for a further 24 hours. This was considerably higher than 

the compressive strengths achieved for equivalent samples cured at 23°C or 

38°C after the same curing time (Figure 6.20). Consistent with the 

development curve observed for compressive strength at 80°C (Figure 6.20), 

strength was developed very rapidly. Very little additional compressive 

strength was then developed during the 27 days storage. The compressive 

strength gain and setting time of sample 3:2 were accelerated significantly 

compared to those observed at 38°C. Curing at 38°C sample 3:2 had not met 

final set until 49 hours (Table 6.7). Final setting time of 3:2 was reduced to 

6.6 hours when curing at 80°C and a compressive strength of 3.1MPa was 

achieved after 1 day curing at 80°C and 1 day storage at room temperature. 

Consistent with behaviour observed at 38°C (Figure 6.9), the sample 

prepared with APC residue:PFA=3:2 resulted in lower compressive strength 

than that prepared at 2:3. 

 

In contrast to the sample cured at 80°C for 28 days, the samples cured for 

just 24 hours at 80°C showed an increase in compressive strength following 

the EA NEN 7375 monolithic leach procedure (Table 6.17). This increase 

coincided with a much lower release of solids during the test as evidenced by 
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considerably lower chloride and sulphate release (Table 6.18 and Table 

6.19).  

 UCS (MPa) 

Sample Before 7375 After 7375 

2:3 (80 1d+1) 7.3 8.8 

2:3 (80 1d+6) nd. 9.32 

2:3 (80 1d+27) 7.9 10.0 

3:2 (80 1d+1) 3.1 5.3 

Table 6.17 Compressive strength development during EA NEN 7375 of samples 

cured at 80°C for 24 hours 

 

Chloride release from samples 2:3 (80 1d+n) did not exceed 27.7% of that 

calculated as available and release from sample 3:2 (80 1d+1) was just 34% 

(Table 6.18). This was significantly lower than the release observed when 

curing samples 2:3 and 3:2 at 38°C (both 55%), sample 2:3 at 23°C (63%), 

or sample 2:3 at 80°C for 28 days (85%). Sample 3:2 (80 1d+6) released 

only slightly more Cl (287,100mg/m2) than samples prepared with APC 

residue:PFA=1:4 cured at 38°C (234,800-279,300mg/m2) despite initially 

having approximately 3 times the available chloride content. The lower 

release was however not due to chemical fixation of the chlorides. BS EN 

12457-2 performed on 2:3 (80 1d+27) showed chloride and sulphate release 

of a similar order to that observed from sample 2:3, 2:3 (23) and 2:3 (80) 

(Table 6.20). Additionally the chlorides retained were solubilised during the 

granular leach test performed following EA NEN 7375 (Table 6.18), further 

proving a lack of chemical immobilisation. This was also corroborated by 

characterisation of the samples which showed significant NaCl presence, 

similar to that observed in previous samples (Figure 6.26). 

 

It was therefore believed that the reduced chloride leaching was due to 

improved physical encapsulation. The bulk porosity of sample 2:3 (80 1d+27) 

was determined as 57.8%, very close to the equivalent samples cured at 23, 

38 and 80°C for 28 days (57.9, 55.3 and 58.5% respectively). However, the 

sample was certainly not consistent throughout, a clear discrepancy between 

the moisture content around the edge and centre of the sample was evident 
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by visual examination after testing compressive strength, the centre of the 

sample retained much more moisture. The permeability of high temperature 

samples was not measured because evaporation of the mould oil whilst 

curing prevented demoulding of the samples without damage (permeability 

samples were cast in moulds requiring high pressure air to remove samples).  

 

 Chloride 

Sample ε*64 

(mg/m2) 

ε64 

(mg/m2) 

Diffusion 

increment 

% 

release 

12457-2 

after 

2:3 (80 1d+1) 121,400 na none 22.5 36,240 

2:3 (80 1d+6) 150,400 367,000 1-4 27.7 33,450 

2:3 (80 1d+27) 119,100 209,000 1-4 21.9 31,080 

3:2 (80 1d+1) 287,100 na none 34 38,090 

Table 6.18 EA NEN 7375, chloride leach results for samples cured at 80°C for 24 

hours 

 

 Sulphate 

% release Sample ε*64 

(mg/m2) 

ε64 

(mg/m2) 

Diffusion 

increment a b 

12457-2 

after 

2:3 (80 1d+1) 8300 4300 5-8 1.6 27 5070 

2:3 (80 1d+6) 8700 na none 1.7 28 4230 

2:3 (80 1d+27) 8400 13,500 2-5 1.7 27 4440 

3:2 (80 1d+1) 14,900 8200 5-8 3.8 48 3840 

Table 6.19 EA NEN 7375, sulphate leach results for sample cured at 80°C for 24 

hours. a=availability calculated assuming all S to be SO4. b=availability calculated 

based on release during BS EN 12457-2 from as received materials and analysis by 

IC. 

 

BS EN 12457-2 

Cl (mg/kg) SO4 (mg/kg) TDS (mg/kg) pH 

40,500 4900 137,700 12.7 

Table 6.20 BS EN 12457-2 results for sample 2:3 (80 1d+27) 

 

Despite similar measured release of chlorides and sulphates during EA NEN 

7375 from samples with comparable APC residue:PFA ratios cured at 80°C 



220 

 

for 24 hours, some showed diffusion controlled increments and others did not 

(Table 6.18 and Table 6.19). This highlights the fine margins between the 

mechanisms controlling release according to EA NEN 7375. Apparent 

depletion of chlorides following fraction 1-4 despite the low percentage 

released could be indicative of a change in chemical form i.e. a change in the 

solubility controlling phase [20]. However, there was no evidence for such 

behaviour by XRD analysis (Figure 6.26) and the chlorides were known to be 

retained as a soluble compound by the granular leach results (Table 6.18 

and Table 6.20). 

 

Figure 6.26 XRD patterns (y axis range normalised) for samples cast with varying 

APC residue:PFA ratios, cured for 24 hours at 80°C followed by storage at room 

temperature. F=Friedel’s salt, X=Sodalite, P=Portlandite, Q=Quartz, H=Halite, 

C=Calcite 
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The apparent depletion of chlorides, and the delayed diffusion observed for 

sulphate release, indicated by a diffusion controlled increment in fraction 5-8 

of the test (Table 6.19), may perceivably have been due to different 

conditions throughout the sample owing to the short term exposure to 80°C 

and evidenced by the clear moisture gradient by visual inspection. This could 

perhaps have resulted in a ‘shell’ formed around a less reacted centre of the 

cube and therefore, rather than a change in chemical retardation to analyte 

diffusion, a change in the physical retardation. Such an effect would be 

expected to become more prevalent if sample sizes were scaled up to sizes 

attractive for industrial application. Further work would be necessary to fully 

understand the behaviour observed for the samples cured at 80°C for 24 

hours. The most appropriate method to study the pore structure would 

perhaps be through slicing the samples in order to give sub samples 

representative of the structure at depths relative to the sample surface, and 

examination of polished cross sections by microscopy or fracture pieces by 

gas adsorption. 

 

Figure 6.27 Log-log plot corresponding to sample 2:3 (80 1d+1), resulting from 

analysis according to EA NEN 7375 
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Figure 6.28 Log log plot corresponding to sample 2:3 (80 1d+6), resulting from 

analysis according to EA NEN 7375 

 

Figure 6.29 Log log plots corresponding to sample 2:3 (80 1d+27), resulting from 

analysis according to EA NEN 7375 
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Figure 6.30 Log-log plot corresponding to samples 3:2 (80 1d+1), resulting from 

analysis according to EA NEN 7375 

 

Importantly, despite the large improvement in chloride immobilisation upon 

short term, high temperature curing, chloride release was still well above 

hazardous monolithic WAC limits. Sulphate immobilisation was also 

improved, this reduction caused sulphate release below SNR WAC limits for 

samples prepared with APC residue:PFA=2:3. Samples prepared with APC 

residue:PFA=3:2 exceeded SNR WAC limits but hazardous limits were met. 

The pH of the leachates fluctuated slightly throughout EA NEN 7375 but all 

fractions for all samples remained within pH boundaries of 11.6-12.3 (Figure 

6.31). The pH was generally slightly lower than that observed for samples 

cured at 23 or 38°C, or those cured at 80°C for longer time periods. This was 

likely a result of the lower release of the alkaline solids. 
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Figure 6.31 pH development during EA NEN 7375 of samples prepared with 

varying APC residue:PFA ratios cured at 80°C for 24 hours before storage at room 

temperature 

 

6.3.2 Summary of the effects of curing temperature 

 

The following conclusions could be drawn on the influence of curing 

temperature on the s/s products. 

• Increasing the curing temperature between 23°C and 80°C 

dramatically reduced the setting time of the samples, from 120.8 to 5.8 

hours. Compressive strength development was also rapidly increased.  

• At 28 days sample cured at 38°C showed slightly higher compressive 

strengths than those cured at 80°C. The small difference indicated the 

high activation energy required for the APC residue:co-fired PFA 

blend. 

• Curing at 23°C would be unfeasible for industrial application due to 

prolonged setting times and curing time required to develop 

compressive strengths and improve leach performance. 

• Although curing at 80°C resulted in shorter setting times and rapid 

compressive strength development, cracking induced by drying 



225 

 

shrinkage over longer times, and the more open microstructure, 

drastically reduced physical encapsulation of soluble salts. 

• Curing at 80°C for 24 hours followed by storage at room temperature 

resulted in much greater immobilisation of chlorides than any of the 

other samples analysed according to the monolithic leaching 

procedure, although hazardous WAC was still exceeded. Large 

quantities of NaCl were still evident by XRD analysis and granular 

leaching remained high. This suggested the immobilisation was 

physical rather than chemical and therefore a result of the pore 

structure achieved by this curing regime. However, further work would 

be required to characterise the pore structure and confirm this. 

• pH obtained in short term batch extractions may be similar at different 

curing temperatures. More rapid consumption of Ca(OH)2 at higher 

temperatures may result in a reduced initial buffering plateau when 

testing ANC. 

6.4 Effects of alkali activation 

 

There was a significant density difference between water and the waste 

caustic solution (1.216 kg/L) which affected the volume of liquid used when 

working on a w/w basis. Equivalent weight mixes were considerably more 

workable when mixed with water. Sample 2:3 DIW was cast with an 

equivalent volume of water and still showed a much greater workability than 

the WC mix, being too great to test by flow table. This suggested volume was 

not the only factor, perhaps the difference was due to the viscosity of the WC 

solution owing to the considerable TDS (267,800mg/l). This was not tested 

and no significant variability from that of water was noticeable by visual 

examination. However, the TDS present in the WC solution would effectively 

lower the l/s (v/w) of the blends.  

 

The final setting time of sample 2:3 DIW exceeded 62 hours when curing at 

38°C. DIW activated samples also demonstrated notable shrinkage and 

cracking and rarely surpassed WAC criteria of 1MPa compressive strength at 

28 days. As a result of these observations DIW activated samples were not 
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subjected to monolithic leach testing. Release of chlorides during granular 

testing was 45,200mg/kg suggesting very little chemical immobilisation, 

similar to the WC caustic samples (45,900mg/kg) despite the different 

speciation of the chlorides. No sulphate release was observed from the water 

activated samples. The WC solution contained 1506mg/kg SO4 but removal 

of this SO4 contribution would not have accounted for reducing release below 

detection limits. Perhaps alkali activation encouraged formation of more 

soluble sulphates such as Na2SO4 as was observed by Wang et al [256]. 

Leachate pH was 11.4, reflecting the lack of Ca(OH)2 observed in the 

samples at 28 days by STA (chapter 5). Sample heterogeneity is reiterated 

however since Ca(OH)2 was evident in the XRD pattern obtained for the 

same sample. The ANC of sample 2:3 DIW was considerably lower than the 

equivalent sample cast with the WC solution (Figure 6.32). This was perhaps 

a result of both the production of Ca(OH)2 and the alkalis contributed by the 

WC solution. Minimum criteria of 1mEq/g to pH 9 [152] was still achieved with 

the DIW sample. 

 

Figure 6.32 ANC titration curves for samples prepared with waste:binder=2:3, 

cured at 38°C for 28 days, activated with DIW or WC 
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6.5 Comparison with other binders 

 

Throughout this chapter a comparison of the s/s systems produced using the 

co-fired PFA and WC solution as reagents, was made with a more common 

CEM I/de-ionised water s/s system. The use of CEM I for s/s of APC residues 

had already been examined by Lampris et al [67] as discussed in the 

literature review. However, in order to eliminate the effect of varying the APC 

residue, and waste:binder ratio employed, blends were studied using residue 

A1 mixed with CEM I and de-ionised water at l/s ratios of 0.5 and 0.6, 

satisfying flow criteria [157]. 

 

The co-fired PFA/WC blends studied here required much higher l/s ratios 

than equivalent blends with CEM I (Table 6.21) [67]. The water demand also 

appeared to be greater than that required for ggbs blends [241]. Despite the 

high LOI and 45µm sieve retention of the co-fired PFA, it has been shown to 

improve workability in cement/PFA/DIW pastes [426]. The greater l/s required 

by the APC residue/PFA/WC solution blends can therefore be primarily 

attributed to the use of the WC solution. 

Mix Flow 

Value 

(mm) 

Final 

Setting 

Time (h) 

28d UCS 

(MPa) 

UCS 

 (7d sub) 

(MPa) 

Bulk 

Porosity 

(%) 

2:3 180 31.25 8.7 +/-1.5 7.5 55.3 

3:2 135 49 6.5 +/-1.6 6.3 56.0 

2:3 CEM 

l/s=0.5  

190 0.67 10.2 +/-2.3 11.3 45.4 

2:3 CEM 

l/s=0.6 

230 nd 7.3 +/-0.17 12.7 46.4. 

Table 6.21 Comparison of workability, final setting time, compressive strength and 

bulk porosity data for samples cast with PFA/WC or CEM I/DIW. 2:3 and 3:2 cast 

with co-fired PFA and WC solution, l/s=1, cured at 38°C. 2:3 CEM samples cast 

using CEM I and DIW, cured at 23°C. nd=not determined, na=not available 

 

Setting times of the PFA blends were considerably longer than setting times 

observed when blending APC residue with cement (Table 6.21). This was the 
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case even when curing the PFA blends at 80°C (final setting time of 2:3 (80)= 

5.75 hours). Initial setting time of the cement matrices were below 0.42 hours 

(25mins), less than the recommended minimum criteria of 2 hours to ensure 

ease of handling [157] whilst initial setting time of the PFA blends exceeded 

the 8 hour upper limit unless cured at 80°C (initial setting time ~2 hours). The 

slower reaction kinetics of pozzolanic reactions when compared to cement 

hydration is well documented, delaying the setting time and strength 

development as a greater fraction of cement is replaced by PFA [427]. 

Longer setting times were also observed for APC residue/PFA/WC solution 

blends studied here than ggbs blends previously studied with a waste:binder 

ratio of 1:1 [263]. Both the PFA and ggbs blends were dependant on 

pozzolanic reactions. Setting times of ggbs/CEM blends may be shorter than 

setting times for PFA/CEM blends [427] but considering the increased 

temperatures and activator used in the current study the longer setting times 

were surprising.  

 

Working with a similar workability and waste:binder ratio, slightly higher 28 

day compressive strengths and lower bulk porosities were observed when 

using CEM I as the reagent [67, 263](Table 6.21). Due to the increased 

reaction kinetics 28 day strengths would be expected to be higher for CEM I 

blends as well as shorter setting times. Higher ultimate compressive 

strengths are also generally achieved for cement than lime/pozzolan blends. 

Lime/pozzolan blends may only develop strengths of 10-20MPa even after 

curing for greater than 90 days [255, 290, 325]. Higher compressive 

strengths were also achieved with APC residue/ggbs blends prepared with 

waste:binder of 1:1 [241]. The reactivity of the ggbs used by Lampris et al 

[241] appears to have been significantly higher than that of the co-fired PFA 

studied here, yielding shorter setting times and higher 28 day compressive 

strengths despite a lower curing temperature and the absence of a NaOH 

activator. Zheng et al [79] observed compressive strengths close to 15MPa 

for an APC residue activated by 10M NaOH solution and 0.8M Na2SiO3. The 

slightly higher strengths than those observed for the samples examined in 

the current study were likely a result of the sample preparation methods. 

2.5ml activator solution was blended with 12g APC residue which was then 
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compressed under a uniaxial load of 6MPa i.e. the mixture was not flowable. 

This type of preparation would increase dry mass density resulting in reduced 

porosity and increased compressive strengths. 

 

Generally differences in compressive strength after 7 days submersion in 

water were of low statistical significance, lying within 1 standard deviation of 

the mean. Interestingly sample 2:3 CEM l/s=0.6 showed an increase in 

compressive strength (Table 6.21). This was perhaps a result of continued 

hydration of the cement when submerged in de-ionised water which offset 

the strength lost by the leaching of soluble solids. Pozzolanic reactions would 

also be expected to continue during the submersion process. This would 

explain the strength increase observed for several of the PFA blends as a 

result of the 64 day monolithic leaching procedure. Due to the slower 

kinetics, pozzolanic reactions may not offset the loss resulting from leaching 

over 7 days. This was perhaps supported by testing the gas permeability of 

the samples before and after submersion. Figure 6.33 shows the permeability 

of 2:3 CEM l/s=0.6 and samples 2:3 and 3:2 cast with the co-fired PFA and 

WC solution. Noticeably the change in the permeability of the cement blend 

was negligible. This was attributed to the expansive cement hydration 

products filling the pore space left by the leaching of solids. These result 

suggest that cement based binders may maintain physical encapsulation of 

contaminants to a greater degree than pozzolanic blends when exposed to 

short term leaching. However, longer term performance is not known and 

certainly variable results would be expected based on factors such as the 

reaction kinetics, the degree of cement hydration prior to leaching, and the 

initial pore structure of the monoliths which would affect both the loss of 

soluble material and the ingress of water required to hydrate the unreacted 

cement or facilitate pozzolanic reactions. 
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Figure 6.33 Intrinsic permeability of samples prepared with PFA/WC or CEM 

I/DIW, measured with N2 at an absolute inlet pressure of 2bar. Samples 2:3 and 

3:2 prepared with co-fired PFA and WC solution at l/s=1, cured at 38°C. 2:3 CEM 

prepared with CEM I, cured at 23°C. Error bars show standard deviation. 

Logarithmic Y scale. 

 

Lower measured cumulative release (ε*64) and lower percentage chloride 

release were observed from the PFA blends than the cement blends during 

EA NEN 7375. Greater measured release was observed from sample 2:3 

CEM l/s=0.6 (538,200mg/m2) than sample 3:2 (466,300mg/m2) despite the 

lower availability (per cube, given in mg in Table 6.22) and an initial surface 

wash off from sample 3:2. In addition slower diffusion of chlorides was 

observed by the effective diffusion coefficients (pDe) and derived 64 day 

release (ε64) (Table 6.22). Determination of diffusion appeared to be highly 

variable regarding the current samples however. Although the cement 

sample cast with l/s=0.6 showed a diffusion controlled increment, according 

to EA NEN 7375 no increment could be identified from the sample cast with 

l/s=0.5. This was counter-intuitive since reducing the l/s ratio should reduce 

the permeability of the sample [368] slowing the diffusion process.  
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 Chloride 

Sample Available 

(mg) 

ε*64 

(mg/m2) 

ε64 

(mg/m2) 

Inc. pDe % 12457-2 

after 

(mg/kg) 

2:3 8160 298,500 746,400 1-4 10.7 55 13,170 

3:2 12,620 466,300 434,300 2-7 11.5 55 22,660 

2:3 CEM 

l/s=0.5 

nd 583,200 na none na nd 3390 

2:3 CEM 

l/s=0.6 

11,170 538,200 1,272,100 1-4 10.3 95 3350 

Table 6.22 Comparison of monolithic leach (EA NEN 7375) results for samples 

prepared with PFA/WC or CEM I/DIW. ε*64=measured cumulative 64 day release. 

Inc.=diffusion controlled increment. ε64=derived 64 day release, pDe=-log of the 

effective diffusion coefficient (De m
2
/s) nd=not determined, na=not applicable 

 

Permeability results showed sample 2:3 (cast with PFA/WC) to be more 

permeable than sample 2:3 CEM l/s=0.6, suggesting lower physical 

immobilisation. Although sample 3:2 showed initially lower permeability, it 

appeared as though this would rapidly change during the leaching procedure, 

resulting in greater permeability than sample 2:3 CEM l/s=0.6 (Figure 6.33). 

These results suggest lower physical immobilisation in the PFA blends. The 

reduced chloride leaching from PFA blends was therefore perhaps a result of 

the greater aluminium availability, contributed by the PFA and WC solution, 

allowing greater production of Friedel’s salt and therefore greater chemical 

immobilisation of the chlorides. Thomas et al [212] showed the use of high 

aluminium materials such as PFA in cement to improve the chloride binding 

capacity. Such interpretation was corroborated by XRD observations which 

showed peaks of much stronger intensity for Friedel’s salt in the blends cast 

with the PFA (Figure 6.34) (although it is appreciated that without refinement 

and correction for the amorphous content of the samples this is a poor 

indication of concentration). Such observations were consistent with XRD 

patterns reported by Lampris et al who observed stronger peaks 

corresponding to Friedel’s salt in ggbs samples than CEM I samples [243] 

and slower chloride diffusion [67, 241]. However, considering the large 

difference in monolithic leach performance it was surprising that release of 
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chlorides during granular leach tests was so similar (Table 6.23). Additionally, 

the results of the granular leach test following the monolithic test suggested a 

greater amount of soluble chlorides were retained in the PFA monoliths. The 

greater release observed from the PFA samples following the monolithic 

leach test may have been a result of greater release of solids other than 

chlorides during EA NEN 7375 from the PFA samples. This would be 

expected based on the TDS observed during the granular tests (Table 6.23) 

and would increase the weight fraction that retained soluble chlorides would 

occupy. The release observed in subsequent granular tests gives an 

indication of water soluble chlorides retained, but due to changes in the 

sample during the leach test, including removal of solids and binding of water 

as pozzolanic reactions or cement hydration progress, is difficult to precisely 

relate to release during BS EN 12457-2 before the monolithic test or 

availability. Alternatively a greater retention of soluble chlorides may suggest 

the permeability results are not indicative of the relative permeability of the 

samples throughout the monolithic test, as the pore structure may continue to 

develop. Whilst the permeability results revealed some interesting qualitative 

information regarding the ranking of sample permeability and confirmed 

changes to the pore structure as a result of leaching, the method does test a 

modified pore structure due to the need for drying. The method is also 

severely limited with regards to the current materials due to the inability to dry 

the samples to a constant weight without inducing cracking. As such, flow 

through the samples would be inconsistent across the radius, preferentially 

flowing around a core which may have retained moisture. Certainly the test 

method would have to be further developed or alternative methods used to 

provide a more accurate idea of the influence of leaching on permeability of 

such products. 

 

Ultimately release of chlorides from all binders was well in excess of both 

granular and monolithic hazardous WAC. Chloride release from 

geopolymeric matrices has not been reported. However, considering large 

amounts of NaCl were evidenced by XRD analysis [79], it is expected that 

release from a geopolymeric matrix would also surpass WAC limits.  
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Figure 6.34 Comparison of most intense Friedel's salt peaks (monoclinic hkl=002, 

rhombohedral hkl=006) in XRD patterns of PFA and CEM samples. Normalised y 

axis range. Monoclinic and rhombohedral Friedel’s salt is evident for PFA blends. 

 

 2:3 3:2 2:3 CEM 

l/s=0.6 

2:3 CEM 

l/s=0.5 

Cl 

availability 

(mg/kg) 

62,400 97,800 70,200 nd 

Cl 12457-2 

(mg/kg) 

45,900 70,900 48,500 43,900 

SO4 

availability 

(mg/kg)a 

3580 3816 1228b nd 

SO4 12457-2 

(mg/kg) 

2259 5420 0 0 

pH 12.5 12.5 12.4 12.6 

TDS (mg/kg) 148,500 159,500 124,300 119,400 

Table 6.23 BS EN 12457-2 results for samples prepared with PFA/WC or CEM 

I/DIW binders. a=calculated based on release from as-received materials 

according to BS EN 12457-2 and IC. b=SO4 in CEM I not considered. nd=not 

determined 

 

No sulphate release was observed from the cement samples cast in this 

study. This appeared to be a consequence of the binding of sulphate within 

AFt, which was detected by XRD and may be prevented in alkali activated 

blends [207, 425]. The soluble sulphates contributed by the co-fired PFA and 
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WC solution would also have been removed. There would be sulphates 

present in the cement (typically <4% as SO3 [98]) but the composition of the 

CEM I used was not determined and would likely not be detectable by leach 

testing because it would react with the tricalcium aluminates and remain 

insoluble. Sulphate release was not observed from PFA samples cast with 

DIW. As such sulphate release may be associated with the use of the WC 

solution. It would be of interest to see if sulphate release occurred from 

cement samples if activated by NaOH or the WC solution.  

 

The pH of all leachates obtained from BS EN 12457-2 was similar, and 

suggested Ca(OH)2 to be the pH determining species. Leachate fractions of 

the monolithic leach test performed on cement samples showed increasing 

pH whilst a reduction or steady pH was observed for the PFA samples 

(Figure 6.35). This was due to the production of Ca(OH)2 as the cement 

hydrated, as shown by the increase in compressive strength upon immersion, 

compared with depletion of the Ca(OH)2 as the pozzolanic reactions 

progressed and as Ca(OH)2 and alkalis were leached. The end pH for the 

cement samples indicated a saturated Ca(OH)2 solution which was verified 

by the observation of a white precipitate in the leachates of the later fractions 

of EA NEN 7375. This precipitate was collected after filtration and STA 

showed it to be CaCO3. This was considered to be Ca(OH)2 which had 

carbonated during filtration and loading into the STA. The production of 

Ca(OH)2 as the cement hydrated also had significant influence on the ANC of 

the cement samples which was consequently significantly higher than the 

PFA blends (Figure 6.36).  
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Figure 6.35 pH development during EA NEN 7375, comparison of samples 

prepared with PFA/WC or CEM I/DIW 

 
Figure 6.36 ANC titration curves. Comparison of PFA/WC and CEM I/DIW samples. 
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6.5.1 Summary of binder comparison 

 

Although the use of pozzolanic binders appears to offer greater retention of 

chlorides during monolithic leach testing, no binders either studied here or 

throughout the literature have displayed the potential to immobilise the high 

amounts of chlorides which are present in APC residues by s/s treatment. 

 

Compared to more traditional CEM I s/s matrices, many disadvantage were 

observed when using PFA and the WC solution as reagents. These included 

higher l/s demand, prolonged setting times, lower compressive strengths up 

to 28 days when working with similar waste:binder ratios and consistence, an 

increase in permeability as a result of 7 days submersion in water, and lower 

ANC. The increased l/s required was not of particular concern considering 

the liquid fraction was a valorised waste material. However, excessively high 

demand would further limit the quantities of waste which could be treated due 

to limited WC solution supply. If the WC solution supplies were consumed, 

replacement with a non-waste caustic solution would increase the cost of the 

treatment, particularly with high demand. The lower compressive strengths 

were also not of great concern since WAC criteria were met by all samples. 

The increase in permeability as a result of 7 days submersion in de-ionised 

water was a particular concern for the durability of the products since 

physical encapsulation of contaminants would be drastically reduced. 

Although the PFA blends showed lower ANC, the capacity was still sufficient 

according to recommended criteria [152]. Sulphate release was also greater 

from the PFA/WC samples. This appeared to be a result of the immobilisation 

of sulphates as ettringite in the CEM I matrices. 

6.6 Summary of Performance Testing 

 

Considering the results observed for performance testing it is clear that s/s of 

air pollution control residues using the reagents studied is not a feasible 

waste management option. The mass of APC residue which could be treated 

would be limited due to the high l/s (w/w) ratio required at economically 

attractive waste:binder ratios, owing to the high water demand of the APC 
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residue and the implications of the TDS in the WC solution, and the limited 

quantities of WC solution available.  

 

Setting times were also prohibitive and typically longer than those which are 

judged to be industrially attractive. Setting times were a result of the reaction 

kinetics and physical properties of the pastes. Although reaction kinetics 

were significantly accelerated by alkali activation, neutralisation of the NaOH 

by the CaClOH present in the APC residue significantly reduced this effect at 

higher waste:binder ratios. Setting times could however be substantially 

accelerated by curing at elevated temperatures. 

 

Although the reagents were shown to be reactive by development of matrices 

of substantial compressive strength, greater than that required by WAC, and 

remained cohesive during 64 days submersion in water, durability was also a 

concern. Low resistance to wetting and drying cycles was observed which 

would risk cracking of the monolithic product, drastically reducing physical 

encapsulation of contaminants and durability. Additionally, due to the high 

water soluble proportion of the matrices, the pore structure was observed to 

alter significantly due to short term leaching. This process not only has 

implications for the maintained physical encapsulation offered by the 

monolithic product, but also highlights the lack of accuracy in predicting the 

long term leaching of contaminants from similar matrices based on effective 

diffusion coefficients calculated from the regulatory monolithic leaching 

procedure EA NEN 7375. The effect of leaching on matrices prepared with 

different binders may not be consistent. For example, although the 

pozzolanic matrices studied showed an increase in permeability as a result of 

short term leaching, cement based matrices showed no increase. This was 

considered to be a result of the different reaction kinetics of the binders 

during the leaching procedure and therefore the amount of expansive 

reaction products produced which may compensate for the leaching of water 

soluble solids. 

 

The significant proportion of the matrices which remained water soluble 

meant hazardous WAC for TDS was frequently exceeded. Primarily this was 
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owing to the high water soluble chloride salt content. Despite the relatively 

high availability of aluminium in the matrices, and observed production and 

retention of chlorides as Friedel’s salt during granular leach testing, the 

majority of the chlorides remained present as highly soluble NaCl and 

therefore release was essentially availability controlled and only slowed by 

physical encapsulation which was insufficient to meet hazardous WAC limits. 

In addition the alkali activated PFA matrices showed less potential for 

immobilisation of sulphates than cement based matrices. 

 

The pH obtained from the matrices during batch extraction tests in de-ionised 

water was also excessively high with implications for the solubility of 

amphoteric metals such as lead and zinc. The pH of the matrices appeared 

to be predominantly determined by Ca(OH)2. As such the pH observed 

during monolithic leaching of the pozzolanic matrices decreased over time as 

Ca(OH)2 was consumed or leached, whilst the pH of the cement based 

samples steadily increased to that of a saturated Ca(OH)2 solution as cement 

hydration continued. The Ca(OH)2 concentration of the matrices also 

appeared to have a dominant influence on the ANC observed and therefore 

lower ANC was observed for the pozzolanic than the cement based samples. 

All samples met the minimum recommended ANC to pH 9 of >1mEq/g 

however.  

 

7 Results and Discussion- Effects of variability in APC residue 
composition 

 

It is evident from the results presented in chapter 4.1, and from the literature 

that the composition of APC residues can vary considerably. Such variation 

may have implications for the application of treatment processes. In order to 

examine these implications, treatment by s/s using the WC solution and co-

fired PFA was attempted on different residues. Figure 7.1 shows an example 

of a monolith resulting from blending a different APC residue with the co-fired 

PFA and WC solution. Such treatment resulted in gas production and as 

such a highly porous monolith. Exposure of residues A2-A5 to a 3.5M NaOH 

solution resulted in similar gas production but gas was not produced when 
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blending the residues with PFA and DIW. This gas was collected by water 

displacement and exposed to a glowing/lighted splint. Such analysis revealed 

the gas was not hydrogen, oxygen or carbon dioxide. The precise nature of 

the gas is not known, considering the STA, XRD and elemental compositions 

of the residues there were no clear differences which would suggest gas 

production from residues A2-A5.  

 

Figure 7.1 Example of a porous monolith typical of those produced when alkali 

activating PFA/APC residue blends which include residues other than A1. Porous 

structure results from gas produced when blending APC residue with NaOH. 

 

A possible explanation could be the use of nitrogenous compounds to control 

NOx emissions in all of the gas streams except for that from which A1 was 

collected. Excess injected ammonia may combine with HCl in the gas stream 

to produce NH4Cl [20]. Ammonium chloride may then react with NaOH to 

produce ammonia gas as equation 7.1  

 

Equation 7.1  NH4Cl + NaOH → NaCl + H2O + NH3 

 

Several observations make such an explanation unlikely however. The gas 

produced did not have the odour associated with ammonia. No water 

solubility was observed (gas immediately displaced the water), and the pH of 

the water bath containing the displaced water remained neutral, whilst with 

dissolved ammonia would cause the pH to rise. The nature of the gas 

therefore remained undetermined. Collection and mass spectrometry would 

seem appropriate to assist in identification. 
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Such gas production meant alkali activation was unsuitable for most APC 

residues. Interestingly no gas production was noted for the residues blended 

with NaOH and Na2SiO3 by Zheng et al [79]. This residue was referred to as 

MSWI fly ash by Zheng et al however was collected from the fabric filter and 

contained significant amounts of CaClOH suggesting the scrubber had been 

injected and therefore the residue should be referred to as APC residue 

according to the definitions suggested by Chandler et al [20]. Luna Galliano 

et al [304] examined geopolymerisation of MSWI fly ash with NaOH and 

Na2SiO3 and did not mention gas production whilst Lancellotti et al [305] 

examined geopolymerisation with a NaOH/Na2SiO3 solution, of MSWI fly ash 

and scrubber residue collected separately. Gas production was not eluded to 

however images presented showed very large pores which may have been 

the result of gas production in the samples containing MSWI fly ash. Similar 

morphology was not apparent in the samples prepared with the scrubber 

residue. Bacciochi et al [74, 82] also added NaOH to a hospital waste 

incinerator APC residue and did not report gas production 

 

In order to examine the influence of APC variability on the performance of s/s 

matrices, blends were cast utilising CEM I and de-ionised water. In this way 

all the residues could be treated by the same process. A waste:binder ratio of 

2:3 was used. A l/s ratio of 0.5 was employed for all samples based on 

preliminary testing which showed this l/s was the most appropriate for 

keeping workability within sensible boundaries for all residues. Nomenclature 

used throughout this chapter refers to the waste:binder ratio and the residue 

used (A1-A5 corresponding with that used in chapter 4.1). 

 

The variability in water demand of the different residues was clearly evident, 

giving a large range of flow table spreads (Table 7.1). This demand appeared 

in part to be a result of the salt concentration in the residue. For example 

residue A5 gave the lowest flow table spread and was observed by 

performing BS EN 12457-2 to contain the highest concentration of soluble 

chlorides (chapter 4.1). The residues containing lower concentrations of 

chloride salts had much higher flow table spreads. Other factors must have 

had influence as well however. Residue A3 had a higher salt concentration 
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than A2 or A4 yet the viscosity of this blend was too low to test by flow table. 

It is likely that the lower water demand for the blend containing A3 was also a 

result of the carbonation this residue had undergone. Wang et al [128] 

showed the specific surface area of APC residues to reduce from 0.938 to 

0.34m2/g after natural carbonation in ambient conditions for 4 days. This 

decrease in specific surface area would reduce the water demand [330].  The 

sample prepared with a waste:binder ratio=2:3 incorporating residues A1-A4 

all met the >175mm flow table spread criteria, residue A3 was excessively 

workable and a reduction in the l/s ratio would be recommended. Sample 2:3 

A5 fell short of the 175mm flow criteria. 

 

Setting times also varied substantially (Table 7.1). Only samples cast with 

residues A3 and A4 met the minimum time for initial set recommended to 

facilitate handling, of ~2 hours [157]. All samples met final set within the 

recommended 24 hours [157]. Several factors would interact with regards to 

the setting time. Depending on the concentration, the chlorides may 

accelerate the set [67, 166, 229, 242] whilst the metals such as Pb would act 

as retarders [220, 228]. Hydration of CaSO4 to produce gypsum, and 

interlocking of gypsum crystals can cause false set i.e. stiffening occurs but 

the paste regains plasticity on further mixing [144]. Such phenomenon was 

not apparent in the current mixes. 

 

Setting 

Time (h) 

Sample Flow 

Value 

(mm) In. Fin. 

28d UCS 

(MPa) 

UCS 

 (7d sub) 

(MPa) 

Bulk 

Porosity 

(%) 

2:3 A1 190 0.3 0.7 10.2 +/-2.3 11.3 45.4 

2:3 A2 205 1.7 3.5 10.5 +/- 0.5 15.2 44.2 

2:3 A3 > 5.5 5.9 10.2 +/-0.9 14.4 47.2 

2:3 A4 195 5.2 5.5 10.2 +/-0.2 10.7 45.6 

2:3 A5 145 0.1 0.2 11.3 +/-0.2 9.0 40.3 

Table 7.1 Workability, Setting time (in=initial, Fin=final), compressive strength and 

bulk porosity results for samples prepared with different APC residues, APC 

residue:CEM I=2:3, l/s=0.5, cured at 23°C. >=greater than testable 
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Residues A2, A3 and A4 showed the longest setting times and contained the 

lowest concentration of chlorides (chapter 4.1) suggesting chloride 

concentration may be an important influence, accelerating the setting time. 

However, it is also noted that the setting time was typically correlated with the 

flow table spread. The physical properties of the pastes may be considered 

to have had significant influence on the setting times [422]. This influence is 

why the standard methods (BS EN 480-2 or BS EN 196-3) require standard 

consistence which was deviated from in the current work. 

 

Bulk porosity and compressive strength after 28 days appeared similar for all 

blends (Table 7.1) and compressive strength surpassed minimum WAC 

limits. Sample 2:3 A5 showed a slightly higher compressive strength and 

lower bulk porosity, which was perhaps an effect of the dry mass density 

achieved when compacting the blend, owing to the absorption of the water by 

the APC residue and therefore higher volume fraction of solids (indicated by 

the workability-flow table spread Table 7.1). In general the blends showed 

slightly higher compressive strengths following 7 days submersion in de-

ionised, indicating further hydration of the cement. Sample A5 showed a 

slight decrease in strength. Loss of strength from the blend containing this 

residue may have been a result of the higher soluble fraction of A5 (chapter 

4.1) which was reflected in the TDS from sample 2:3 A5 by the granular 

leach test (Table 7.2). The greater TDS was primarily due to the higher 

chloride release.  

 

Significantly higher chloride release was also observed from 2:3 A5 over the 

64 days monolithic leach test (Table 7.3). The samples were ranked in the 

same order (A5>A1>A3>A4>A2) for chloride release from untreated and 

cement stabilised residues, in both granular and monolithic tests. This 

highlighted the minimal fixation of chlorides in the s/s products, and as such 

availability controlled release of the chlorides. Minimal immobilisation of 

chlorides was confirmed by performing the granular test on the sample after 

monolithic leaching (Table 7.3). TDS was also ranked in the same order for 

cement solidified samples and untreated residues, highlighting the 

importance of the chlorides to TDS. 
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Mix Cl 12457-2 

(mg/kg) 

TDS 12457-2 

(mg/kg) 

pH 

2:3 A1 43,900 119,400 12.6 

2:3 A2 30,400 88,000 12.6 

2:3 A3 43,300 102,000 12.6 

2:3 A4 32,500 95,100 12.6 

2:3 A5 63,900 163,700 12.5 

Table 7.2 Granular leach results (BS EN 12457-2) for samples prepared with 

different APC residues, APC residue:CEM I=2:3, l/s=0.5, cured at 23°C 

 

Mix ε*64 

(mg/m2) 

Diffusion 

controlled 

increment 

12457-2 

after 

(mg/kg) 

UCS 

before 

(MPa) 

UCS after 

(MPa) 

2:3 A1 583,200 none 3390 10.2 +/-2.3 12.8 

2:3 A2 369,300 none 1710 10.5 +/- 0.5 12.6 

2:3 A3 460,400 none 2060 10.2 +/-0.9 18.2 

2:3 A4 392,100 none 1730 10.2 +/-0.2 17.1 

2:3 A5 859,300 none 3480 11.3 +/-0.2 9.2 

Table 7.3 Monolithic leach results (EA NEN 7375) for samples prepared with 

different APC residues, APC residue:CEM I=2:3, l/s=0.5, cured at 23°C 

 

Despite showing significantly different measured release of chlorides, the 

mechanisms controlling release were similar for all samples as was evident 

from the similarity of the log-log plots (Figure 7.2). All samples showed 

depletion controlled release. Gradients for fractions 1-4 of all tests were 

~0.30-0.33, just short of the 0.35 required by EA NEN 7375 to class 

behaviour as diffusion controlled. This similarity again highlights the lack of 

chemical immobilisation or physical encapsulation provided by the samples. 

All samples exceeded hazardous WAC limits for chloride release in granular 

and monolithic tests. Hazardous WAC limits for TDS were exceeded by all 

samples except those made with residues A2 and A4 which fell just below 

the 100,000mg/kg limit. No sulphate release was detected from any of the 

samples with a detection limit of 20mg/kg (after dilution); indicating SNR 

granular WAC limits were met. This was despite the relatively high SO4 
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concentration in some of the residues, but SO4 was observed to be bound as 

ettringite by XRD (Figure 7.3). 

 

Figure 7.2 Log-log plots resulting from analysis of EA NEN 7375 results for samples 

prepared with different APC residues, APC residue:CEM I=2:3, l/s=0.5, cured at 

23°C. 

 

The pH of the granular test leachates were all very close to one another and 

reflected the Ca(OH)2 content of the samples (Table 7.2). Slight differences 

were observed in the pH  of the early fractions of the monolithic leach tests, 

which corresponded to the pH obtained for the granular leachates produced 

by the untreated residues (chapter 4.1) i.e. residue A5 produced the lowest 

granular leachate pH and the lowest pH in the initial fractions of the 

monolithic test (Figure 7.4). As such the pH in the early fractions of EA NEN 

7375 reflected the pH of the individual APC residues. In later fractions the pH 

values converged and all reflected saturation with Ca(OH)2. As was 

previously discussed a Ca(OH)2 precipitate was evident in the leachates of 

the later fractions of EA NEN 7375 (chapter 6.5).  
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Figure 7.3 XRD patterns (y axis range not normalised) for samples prepared with 

different APC residues, APC residue:CEM I=2:3, l/s=0.5, cured at 23°C for 28 days. 

Samples taken from cube centers. P=Ca(OH)2, C=CaCO3, H=NaCl, K=KCl, F=Friedel's 

salt, E=ettringite (ICDD PDF=72-0646), AT=Substituted AFt, see text, 

Am=Ca2Al(OH)7∙3H2O (ICDD PDF=33-0255), Kz=Kuzel’s salt (ICDD PDF=19-0203) 

 

After 28 days’ curing considerable differences in the quantity of Ca(OH)2 and 

CaCO3 were present in the cement treated residues (Table 7.4). Such 

concentrations largely correlated with the contribution made by the initial 

residue (chapter 4.1). Residue A1 contained the greatest amount of Ca(OH)2 

and sample 2:3 A1 also contained the highest concentration. Similarly 

residue A3 contained the highest amount of CaCO3 which was reflected in 

the concentration in 2:3 A3 after 28 days. The Ca(OH)2 present would also  
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Figure 7.4 pH development during EA NEN 7375 for samples prepared with 

different APC residues, APC residue:CEM I=2:3, l/s=0.5, cured at 23°C 

 

 2:3 A1 2:3 A2 2:3 A3 2:3 A4 2:3 A5 

%Ca(OH)2  20.6 11.8 8.7 9.3 7.2 

%CaCO3  8.8 10.8 18.8 5.2 10.8 

Table 7.4 Ca(OH)2 and CaCO3 content in samples prepared with different APC 

residues, APC residue:CEM I=2:3, l/s=0.5, cured at 23°C for 28 days. Samples taken 

from centre of cubes. Concentrations presented as % of dry weight 

 

have been contributed to by the cement hydration which may have occurred 

at different rates in the different samples owing to the type and level of 

contaminants present. Despite residue A5 containing a higher concentration 

of Ca(OH)2 than residue A3 (Table 4.1), sample 2:3 A5 contained a lower 

Ca(OH)2 concentration than 2:3 A3. This may suggest a greater extent of 

cement hydration had occurred in sample 2:3 A3 than 2:3 A5. However, the 

density of the fresh mixes was not determined therefore it was not possible to 

quantify the Ca(OH)2 concentration supplied by the residue or produced by 

cement hydration. Effects of carbonation on the concentration of Ca(OH)2 

and CaCO3 observed after 28 days curing were considered to be negligable 
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due to curing in sealed plastic bags and taking samples from the centre of 

the cubes. 

 

The effects of the different Ca(OH)2 and CaCO3 concentrations were 

apparent in the ANC behaviour of the samples (Figure 7.5). Sample 2:3 A1 

showed a greater initial buffering plateau consistent with the greater Ca(OH)2 

concentration. Sample 2:3 A3 showed a slightly greater carbonate plateau 

(pH~6-4) [82]. Considering the ANC curves for cement, it seems likely that a 

true equilibrium would not be met for a very long time because the cement 

would continue to hydrate, producing Ca(OH)2 and C-S-H and therefore 

providing additional buffering capacity. Perhaps a true equilibrium could only 

be met once complete reaction of the cement clinker phases had occurred. It 

is known this had not occurred by 28 days in the current samples due to the 

continued strength development of the samples as a result of submersion, 

and because reflections associated with unreacted belite (~32-33°2θ) were 

observed in all samples by XRD (Figure 7.3).  

 

Figure 7.5 ANC titration curves for samples prepared with APC residue:CEM I=2:3 

and l/s=0.5 cured for 28 days at 23°C using different APC residues 
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STA and XRD showed no CaClOH to remain present in the samples. This is 

consistent with previous work working at similar waste:binder ratios [243], 

and the behaviour of the WC/PFA matrices. XRD analysis provided patterns 

very similar to those obtained in previous literature [243]. Predominant peaks 

belonged to Ca(OH)2 and CaCO3. Retention of NaCl and KCl from the 

original residues was also evident. Consistent with the diffraction patterns 

obtained for the as received residues, no KCl was evident in samples 

containing A1 or A5. Friedel’s salt was produced through the reaction with 

the calcium aluminate clinker phases (tri-calcium aluminate and tetra-caclium 

aluminoferrite) and was evident in all samples, however a number of other 

peaks corresponding to the hydration of these phases were also evident. 

Peaks corresponding to Ca2Al(OH)7·3H2O (0.5(4CaO·Al2O3·13H2O) (ICDD 

PDF=33-0255) were evident in all samples as also identified by Lampris et al 

[243] and previous studies utilising washed residues [239].  

 

Other peaks were evidenced corresponding to AFt phases. For samples 

containing residues A2-A4, peaks were identified as ettringite, as previously 

observed when blending MSWI fly ash with calcium aluminate cements [215] 

and APC residues with CEM I [166, 239]. The peaks for samples prepared 

with residues A1 and A5 were shifted to a slightly higher °2θ (Figure 7.6). 

Notably, A1 and A5 were the residues with the lowest sulphate 

concentrations, as evidenced by leaching tests (chapter 4.1). This change in 

the concentration of anions present in the systems could alter the 

composition of the AFt minerals produced. Peaks in the samples prepared 

with residues A1 and A5 showed a good match for the AFt mineral 

3CaO·Al2O3·3Ca(OH)2·32H2O (ICDD PDF=41-0216) i.e. complete OH 

substitution of SO4 in ettringite, but this mineral is readily carbonated [144] 

and therefore unlikley to be present. It seems likely that partial replacement 

of SO4 with OH or CO3 has occurred, resulting in the peak shift [428]. This 

would be a consequence of the reduced SO4 concentration of the residues. 

Cl substituted ettringite is reportedly unstable above 0°C [144] and therefore 

was unlikely to be present.  
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Figure 7.6 XRD patterns for samples prepared with different APC residues, APC 

residue:CEM I=2:3, l/s=0.5, cured for 28 days at 23°C. (Y axis range not normalised 

but adjusted for clarity). CO3 AFT=3CaO∙Al2O3∙3CaCO3∙32H2O (ICDD PDF=41-0215), 

OH AFT=3CaO∙Al2O3∙3Ca(OH)2∙32H2O (ICDD PDF=41-0216), 

Ettringite=3CaO∙Al2O3∙3CaSO4∙32H2O (ICDD PDF=72-0646) 

 

A solid solution would also be expected amongst the AFm phases which are 

readily substituted depending on the local chemical environment [198, 214]. 

Such minerals are readily altered to the extent that changes such as 

carbonation or dehydration may also occur during XRD analysis [214]. No 

solid solution occurs between Friedel’s salt and monosulphoaluminate [198] 

however an intermediate phase ‘Kuzel’s salt’ may occur 

(3CaO·Al2O3·0.5CaCl2·0.5CaSO4·10H2O) [198, 214]. Such a phase was 

identified in the diffraction pattern of sample 2:3 A5 (Figure 7.3 and Figure 

7.6). The tetra-calcium aluminoferrite phase may hydrate to produce an iron 

containing analogue of Friedel’s salt which may form a solid solution state 

with Friedel’s salt [144, 211, 213] or, in the presence of CaSO4, as would be 
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the case when blending the cement with APC residue, it has been reported 

that the tetra-calcium aluminoferrite phase hydrates to produce ettringite and 

an amorphous iron rich gel phase [144].  

 

XRD data were not quantified due to the difficulties of quantifying such 

complex patterns and the lack of RIR ratios for several of the matched 

patterns. Similar to the PFA blends, the matrices were very polycrystalline 

and therefore several overlapping reflections were observed as 

demonstrated in Figure 7.7. Patterns for samples 2:3 A2 and 2:3 A4 are 

included as examples in Figure 7.7, after correction to present data as 

collected with fixed divergence slits, for comparison of intensities with 

references patterns. 

 

 Considering the chloride concentration in the APC residue, and the amount 

of tricalcium aluminate and tetracalcium aluminoferrite which would be 

present in the CEM I (~19.9% weight [204] or 10-25% weight [144]), together 

with the fact that these phases hydrated to form a range of SO4, Cl, CO3 and 

OH containing AFm and AFt phases. It is clear that only a small proportion of 

the chlorides could have been immobilised as Friedel’s salt. Other chloride 

containing phases included NaCl and KCl. However, considering the peak 

intensities of the phases and the limited availability of Na and K in the mix, 

together with the chloride concentration known to be present in water soluble 

form by the release observed from leaching tests, it is likely that a large 

proportion of the chlorides were associated with the x-ray amorphous 

phases. Large amorphous contents were evident in all of the samples from 

the XRD baselines (Figure 7.3), the amorphous fraction would be expected to 

consist of C-S-H and perhaps residual amorphous fraction of the APC 

residue. It seems likely that the chloride is associated with the C-S-H [198, 

199]. Since the vast majority of chlorides associated with C-S-H are readily 

leachable by water [199] and NaCl and KCl are highly soluble, very little 

chemical immobilisation of chlorides occurs in these systems as was 

observed by the leach test results. 
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Figure 7.7 XRD patterns for samples 2:3 A2 and 2:3 A4 corrected to fixed 

divergence slits, and reference patterns for principal crystalline phases present. 

 

7.1 Summary of APC residue variability effects 

 

The majority of APC residues (4 out of 5 examined in this study) produced a 

gas when contact with NaOH was made. The nature of this gas remains 

unknown. Such behaviour precludes the use of alkali activated 

solidification/stabilisation treatments for APC residue since gas evolution 
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during mixing could be dangerous depending on the gas evolved, and 

resulted in a highly porous monolithic product. 

 

The variability in APC residue composition has implications for the 

performance of applied s/s treatment. Most notably the variability in the 

hygroscopic nature of the residues appeared to affect the water demand of 

the s/s blends. When working at a constant l/s and waste:binder ratio the 

workability may vary considerably, flow table spread for equivalent samples 

examined in the current study ranged from 145mm to a value which could not 

be determined by flow table due to excessively low viscosity. This variability 

also had small implications for the compressive strength and porosity of the 

resultant monoliths, and more significant implications for the setting times. 

Initial setting times observed ranged from 0.1-5.5 hours and final setting 

times from 0.2-5.9 hours. In addition to the implications of the physical 

properties of the pastes, setting times of APC residue/cement samples are 

also affected by the mineralogy of the residue, specifically the concentration 

of chloride salts which would determine the effect on cement setting. 

 

The variation in the concentration of chloride and sulphate salts in the 

residues also affected the mineralogy of the resultant samples, most notably 

varying the formation of AFt and AFm minerals. Such variation had little 

consequence regarding regulatory limits for the leaching of chloride and 

sulphate however. The magnitude of chloride release was highly variable but 

always exceeded hazardous WAC limits and occurred by a similar 

mechanism from all samples due to limited chemical or physical 

immobilisation. Sulphates were in contrast always below SNR WAC limits 

despite the considerable variability in the availability, due to binding in AFt 

minerals. Variability in the calcium salt availability in the residues was 

observed to significantly affect the ANC. Residues with a greater 

concentration of Ca(OH)2 owing to excess scrubber result in more alkaline 

s/s matrices when blending with CEM I.  
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8 Conclusions 

 

The study examined the possibility of treating hazardous air pollution control 

residues created during solid waste incineration in a modern energy from 

waste facility with other waste materials by solidification/stabilisation. The aim 

was to minimise the environmental impact of the hazardous waste whilst 

valorising other waste materials through their use as reagents. Such a 

treatment would offer an economical and resource efficient solution to 

hazardous waste management. 

 

Based on the characteristics of the air pollution control residues, two waste 

materials were identified which may be valorised as reagents. These were a 

pozzolanic pulverised fuel ash, classed as unsuitable for construction 

applications primarily due to an excessively high organic carbon and sulphur 

content, and a waste caustic solution, resulting from cleaning of aluminium 

dyes. The use of such materials was considered to offer the potential for 

development of a relatively high compressive strength, low porosity matrix via 

pozzolanic reactions with the excess lime present in the air pollution control 

residues. Additionally the high aluminium content in the pulverised fuel ash, 

coupled with that present in the caustic solution and the calcium in the air 

pollution control residue, were believed to be potentially beneficial for the 

production of large amounts of Friedel’s salt and therefore for chemically 

immobilising the high concentrations of chlorides present in the air pollution 

control residues. Chlorides have been shown to remain problematic when 

using other, more traditional binders such as cement. The use of the caustic 

solution was also considered to offer additional benefits including increasing 

the rate of the typically slow pozzolanic reactions, thereby reducing setting 

times and accelerating the rate of strength development to commercially 

attractive levels. Alkali activation has also shown potential for the production 

of zeolitic minerals which may have high cation exchange capacity and 

therefore offer benefits for immobilisation of the pollutant metal cation present 

in air pollution control residues.    
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Alkali activation was observed to reduce the setting time and increase 

strength development of the air pollution control residue/pulverised fuel ash 

blends. However, increased curing temperatures were also required to 

achieve commercially suitable setting times. Due to the calcium chloride 

hydroxide present in air pollution control residues, increasing the waste 

content also resulted in reduced reaction kinetics due to neutralisation of the 

alkali metal hydroxides present in the activator. Blends were observed to 

produce monolithic products which exceeded minimum regulatory 

compressive strength limits and remained cohesive when exposed to water 

for 64 days during regulatory monolithic testing. Such development was 

primarily a result of pozzolanic activity, producing calcium silicate hydrates 

similar to those responsible for the physical properties of hydrated cement. 

Crystalline zeolitic minerals were also observed. Zeolites were more 

prominent when working at low waste:binder ratios which are less attractive 

commercially due to cost implications. Due to the high concentration of 

calcium hydroxide and calcium chloride hydroxide in the air pollution control 

residues, increasing the waste:binder ratio resulted in more calcium rich 

hydration products such as calcium silicate hydrates and Friedel’s salt. 

Increasing the waste:binder ratio also resulted in excess unreacted calcium 

hydroxide and largely as a result of this, the acid neutralisation capacity of 

the samples was increased. A proportion of the chlorides were observed to 

be retained as Friedel’s salt and sodalite during granular leach testing. 

However, the majority of the chlorides were present as highly soluble sodium 

chloride, and, as such, chloride release remained high and essentially 

availability controlled. Waste acceptance criteria could only be met by means 

of dilution with reagents. Significant levels of dilution would be required which 

rendered the treatment unsuitable for immobilisation of air pollution control 

residues.  

 

Compared to more traditional cement based solidification/stabilisation 

treatment several disadvantages were observed including prolonged setting 

times, reduced workability and lower compressive strengths. Additionally 

sulphate release was higher from the alkali activated pulverised fuel ash 

matrices than the cement samples. Sulphates were predominantly retained 
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as ettringite in the cement samples. Ettringite was not evident in the 

pulverised fuel ash samples but sulphates were identified as vishnevite at 

later ages and after granular leach testing. The co-fired pulverised fuel ash 

had a very high sulphur concentration but did not appear to be the primary 

contributor to sulphate release because most of the sulphur appeared to be 

present in reduced or intermediate forms, possibly due to incomplete 

combustion which was also evidence by the high organic carbon content of 

the ash. 

 

The pozzolanic pulverised fuel ash matrices suffered an increase in 

permeability due to submersion in de-ionised water for 7 days. No 

permeability increase was observed for cement based matrices and an 

increase in compressive strength was apparent. This highlighted important 

differences between the types of matrices with regard to maintained physical 

encapsulation of contaminants. Additionally, because the samples did not 

maintain constant permeability during leaching, which is one of the boundary 

conditions for the use of the regulatory monolithic leach test employed for 

assessment against waste acceptance criteria, prediction of long term 

leaching based on diffusion coefficients calculated from monolithic leach 

testing should not be undertaken. 

 

Four of the five air pollution control residues examined produced an 

unidentified gas upon mixing with a sodium hydroxide solution. This gas was 

believed to be associated with the use of nitrogenous compounds to control 

nitrous oxide emissions because the only residue not to produce the gas 

resulted from an incinerator where such compounds were not employed. Gas 

production on exposure to sodium hydroxide solutions was therefore 

considered typical of air pollution control residues and as such alkali 

activated solidification/stabilisation treatment options were considered 

unsuitable. 

  

Despite the unsuitability of the treatment for application to air pollution control 

residues, the mineralogy and physical performance of the resultant products 

showed potential and the reagents could perhaps be applied to alternative 
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waste streams. Without the excess lime in the air pollution control residues, 

additional reagents including lime or cement would be necessary. Several 

factors may limit such application with lime addition. These factors included 

prolonged setting times. Setting time could be reduced by increased curing 

temperature or reduced l/s ratio. Reducing the l/s ratio also reduced the 

workability of the blended waste and therefore, to ensure ease of handling, 

this would require balancing with setting time. Increasing the curing 

temperature was observed to reduce ultimate compressive strength and 

prolonged exposure to increased temperatures resulted in cracking due to 

drying shrinkage, drastically reducing physical encapsulation. Curing at 80°C 

for 24 hours before allowing to cure at room temperature showed particular 

promise however, resulting in vastly improved retention of chloride and 

sulphate salts due to physical encapsulation during monolithic leach testing 

(although waste acceptance criteria limits were still exceeded) as well as 

reducing setting times and increasing the rate of compressive strength 

development. The durability of the products, including resistance to wetting 

and drying cycles and permeability variations as a result of leaching were 

also observed to be concerns. Durability of the pulverised fuel ash samples 

could perhaps be improved by the use of additional reagents, such as the 

replacement of a proportion of the pulverised fuel ash with cement. 

 

Air pollution control residues were observed to have significant variability in 

composition. Since the implications of this variability on the performance of a 

solidification/stabilisation treatment could not be fully studied by the alkali 

activated treatment option due to gas production, the implications were 

studied by solidification/stabilisation with cement and de-ionised water. Very 

variable workability and setting times were observed as well as highly 

variable chloride and total solids release during regulatory leach tests. This 

behaviour was consistent with highly variable qualities observed in the as-

received residues. Such behaviour suggested treatment options for air 

pollution control residues may require modifications, increasing difficulty and 

cost of operation unless residues were blended and homogenised before 

treatment. Solidified/stabilised products for all residues consistently exceed 

regulatory leach limits for chlorides. The inability of treatment by 
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solidification/stabilisation to immobilise the high levels of chlorides present in 

air pollution control residues at economical and resource efficient 

waste:binder ratios has been consistently demonstrated for a range of 

binders in this work and other literature. For this reason, 

solidification/stabilisation as a waste management option for air pollution 

control residues is considered unsuitable. Chlorides may be washed from the 

residues prior to treatment, however this adds expense to the treatment 

process, increasing water use and resulting in a secondary waste stream. 

9 Recommendations for further work 

 

Although not suitable for solidification/stabilisation of air pollution control 

residues, use of the co-fired pulverised fuel ash and the waste caustic 

solution as reagents for solidification/stabilisation showed some promise and 

could feasibly find application for treatment of other waste materials. Further 

work may include examining their suitability for use alongside cement or lime 

for immobilisation of waste materials with lower soluble salt contents, 

containing metals or other inorganic contaminants. The reaction products 

produced suggested potential for chemical immobilisation of such 

contaminants, and promising physical properties such as reasonable 

compressive strength development as well as low porosity and permeability 

were apparent when curing conditions and mix designs were correctly 

applied. Laboratory work may include examining the matrices potential for 

metal immobilisation via doping.  

 

Further durability studies and improvements would also be required to ensure 

physical integrity is maintained during such as wetting and drying and freeze 

thaw cycles. Additionally it would be of interest to further examine the 

implications of leaching on the pore structure of solidification/stabilisation 

products. Such work may examine variations over different periods of time 

than the 7 days examined in the current work. One possibility may be to 

subject samples to the monolithic leach test EA NEN 7375 and examine the 

pore structure after each leachant renewal by methods such as permeability 

testing, gas adsorption, mercury intrusion porosimetry and microscopy. 
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Analysis of leachate fractions would also provide information on the solids 

leached during the procedure which would help interpret the changes in pore 

structure observed. 

  

The bulk of the work focused on the very novel system combining the air 

pollution control residue, co-fired pulverised fuel ash, and waste caustic 

solution. With hindsight it is felt that the work would have been better 

conducted by starting with a more typical pulverised fuel ash and an 

uncontaminated NaOH solution of the same concentration as the waste 

caustic solution. The waste materials could then have been substituted into 

the blends individually and together which would have given a better 

indication of the implications of each waste material. 

 

Along with the effects of pulverised fuel ash variability, and the contaminants 

present in the waste caustic solution on the workability, setting time, 

compressive strength and mineralogy of the resultant product, the 

implications of the high sulphur content in the co-fired pulverised fuel ash 

may be further studied. Leach testing of equivalent blends containing the co-

fired ash and a lower sulphur ash meeting EN 450 criteria would better inform 

on the contribution made by the co-fired ash to sulphate release. The 

potential for oxidation of the sulphur and the implications this would have on 

the matrix chemistry, leaching and physical integrity is also of particular 

interest. Similarly, considering the organic carbon and reduced sulphur 

present, the implications of the co-fired pulverised fuel ash, compared to an 

ash with lower organic carbon and sulphur content, suitable for construction 

purposes, on the redox potential of matrices and the implications of this for 

the mobility of certain contaminants such as the oxyanions would be of 

interest. Results appeared to suggest that alkali activation may be 

detrimental for sulphate immobilisation, this can be further studied by 

granular leach testing of equivalent blends containing sulphate contamination 

cast with and without activation with an alkali metal solution.  

 

The interaction between chloride and sulphate leaching could also merit 

further work. Although it is known that sulphate salt solubility may be 
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increased in solutions of increased ionic strength, it would be of interest to 

determine the extent of this influence in the non-equilibrium conditions 

encountered in monolithic leach tests. It is thought an appropriate method for 

examining this interaction would be to perform a monolithic leach test on 

samples containing sulphate salts in varying concentration chloride solutions. 

 

Other more specific areas which would have been of interest to examine 

include the variability in the pore structure of the samples cured at high 

temperature for 24 hours as a function of the depth from the sample surface. 

It is thought that this would provide a better understanding of the leach 

performance observed for these samples. Likewise the calorimetry curves 

obtained may have been better understood by a more in depth study of the 

reaction product development over the time periods in which the main heat 

evolution peaks were observed. This study may have required 

characterisation of the amorphous portion of the samples utilising techniques 

such as infrared spectroscopy and nuclear magnetic resonance.  

 

A more detailed examination of the acid neutralisation capacity of samples 

containing similar reaction products would also be of interest, examining 

sample composition after more regular, and a greater range of acid addition 

intervals. This work would perhaps be better performed on ‘simplified’ 

samples, composed of less complicated mineralogy which would allow better 

identification of buffering plateaus associated with the individual minerals. 

Additionally comparison of the development of sample prepared with different 

binders and exposed to different acids would be of interest. 
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Appendix A. Hydration Stopping Techniques 

 

Figure A.1. Comparison of XRD patterns (y axis range normalised) for the same 

sample undried and after different hydration stopping techniques. H=NaCl. 

 

 

Figure A.2. XRD patterns (y axis range normalised) showing reduction in peak 

corresponding to C-S-H I due to oven drying at 105°C. CI=C-S-H I, F=Friedel's salt, 

X=sodalite, Vs=vishnevite, M= mullite, P=portlandite 
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Without drying peaks corresponding to NaCl were not visible (Figure A.1). 

This appeared to be due to the NaCl being solubilised. The sample analysed 

in Figure A.1 had a moisture content of 28.5%, enough to solubilise ≤10.17% 

NaCl (taking solubility of NaCl as 357g/l [209]) which was greater than the 

NaCl concentration in any of the samples studied.  

 

Oven drying is a simple and effective way to remove water from a sample 

however reactions continue during this drying process which may be 

accelerated by the increased temperatures. Drying at elevated temperatures 

may also remove chemically bound water from minerals such as gypsum and 

ettringite as well as removing interlayer water from C-S-H [144, 318, 319]. 

Unless CO2 is excluded, oven drying also leaves the sample exposed to 

carbonation and therefore mineralogical changes. Figure A.1 and Figure A.2 

show the effects of oven drying at 105°C on XRD analysis of typical samples 

studied in this work, reduction in the presence of peaks corresponding to C-

S-H (I) is apparent (Figure A.2) as is a reduction in the background intensity 

and intensity of all other peaks. Due to the significant variation imparted by 

the oven drying method it was not considered suitable for mineralogical 

analysis. Loss of the Ca(OH)2 peak when vacuum dried can be seen in the 

sample analysed in Figure A.2 due to carbonation resulting from the longer 

drying period necessary. Vacuum drying was therefore also not considered 

suitable. 

 

Other than the very conspicuous appearance of the NaCl peaks very little 

deviation from the pattern for the undried pattern was evident in the sample 

submerged in IPA for 24 hours followed by vacuum drying for a further 24 

hours (Figure A.1). This hydration stopping technique was therefore 

considered suitable for mineralogical analysis of the samples studied within 

this thesis. 
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Appendix B. Quantification methods for compounds observed by STA 
with overlapping weight losses. 

 

Due to the overlapping nature of the weight losses attributed to Ca(OH)2 and 

CaClOH in the as received APC residues, quantification by drawing tangents 

to the TGA curves as discussed in chapter 3.2.2.1 was not possible. Several 

alternative methods were therefore examined in order to quantify the 

concentrations of these compounds. These methods included 

 

• Differentiation of the TGA curve followed by subtracting a baseline, 

Gaussian peak fitting using Origin Pro software, and integration 

undertaken to determine the relative areas of the peaks. The ratio of 

these areas was then applied to the cumulative mass loss across the 

temperature range in which the overlapping peaks occurred. 

• Peak fitting and integration of the DTA curves. Areas of DTA peaks for 

dehydration of Ca(OH)2 and CaClOH could not be directly compared 

for quantification because the extent to which each reaction is 

exothermic would be different therefore a DTA peak area ratio of 1:1 

would not necessarily mean equal water loss from both compounds or 

a 1:1 weight ratio. However, although there is evidence that a number 

of factors including particle size and the degree of crystallinity effect 

the DTA peak area [144, 429], Figure B.1 demonstrates good linearity 

between DTA peak area and Ca(OH)2 concentrations between 0-

50%w/w as determined by TGA for several samples analysed during 

the present study. Quantification was therefore carried out by first 

subtracting a baseline, created by drawing a tangent across the 

overlapping DTA peaks, before fitting Gaussian peaks using Origin 

Pro software and integrating the peaks. The % weight Ca(OH)2 was 

then calculated assuming the linear relationship shown in Figure B.1 

from which the weight loss due to Ca(OH)2 could be calculated. The 

rest of the loss occurring within the range of the overlapping peaks 

was attributed to loss of water from CaClOH. 

• Integration of peaks detected by mass spectrometer and application of 

peak areas to the weight loss. 
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Figure B.1. Response of DTA peak area compared to %w/w Ca(OH)2 determined by 

analysis of TG curve 

 

Examples of the baselines and peaks fitted when performing the various 

methods on one of the APC residues examined within this study (A1) are 

shown in Figures B.2-B.4 with results presented in Table B.1. 

 

(a) (b) 

Figure B.2. (a) Baseline fitted and subsequently subtracted from DTG curve. (b) 

Gaussian peaks fitted to DTG curve using OriginPro 8.1 software. 
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(a) (b) 

Figure B.3. (a) Baseline fitted and subsequently subtracted from DTA curve. (b) 

Gaussian peaks fitted using OriginPro 8.1 software 

 

 
(a) (b) 

Figure B.4. (a) Baseline fitted and subsequently subtracted from mass 

spectrometer curve for H2O. (b) Gaussian peaks fitted using OriginPro 8.1 

software 

 

 TGA 

differentiation 

+Integration 

DTA integration Mass Spec 

Integration 

%Ca(OH)2 37.8% 39.6% 34.1% 

%CaClOH 16% 15.1% 25.3% 

Table B.1. Comparison of methods for quantification of Ca(OH)2 and CaClOH 

concentrations 

 

The method of differentiating the TGA curve proved impossible with some of 

the residues studied due to the poor resolution of the peaks achieved. The 

mass spectrometer was unavailable for analysis of several of the residues. 

The DTA integration method was therefore used because resolution of DTA 
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peaks for all materials was good enough to reliably fit peaks using Origin pro 

software. Clearly the methods resulted in significantly different values, 

particularly for the CaClOH phase due to the large molecular weight of the 

decomposition product (2CaClOH molecular mass=185) relative to the 

volatilised fraction (H2O molecular mass=18). The quantification was 

therefore only considered suitable for comparison of the relative 

concentration of compounds within materials to which the same analysis 

method was applied. This technique was only necessary for analysis of the 

APC residues as received. Quantification of the TGA curves for other 

samples could be undertaken by drawing tangents. 
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